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Removal of Platinum and Palladium from Wastewater by Means of Biosorption on Fungi
Aspergillus sp. and Yeast Saccharomyces sp.
Reprinted from: Water 2019, 11, 1522, doi:10.3390/w11071522 . . . . . . . . . . . . . . . . . . . . . 64
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Abstract: The development of civilization entails a growing demand for consumer goods. A side
eﬀect of the production and use of these materials is the production of solid waste and wastewater.
Municipal and industrial wastewater usually contain a large amount of various organic compounds
and are the main source of pollution of the aquatic environment with these substances. Therefore, the
search for eﬀective methods of wastewater and other polluted water treatment is an important element
of caring for the natural environment. This Special Issue contains nine peer-review articles presenting
research on the determination and removal of environmentally hazardous organic compounds from
aqueous samples. The presented articles were categorized into three major ﬁelds: new approaches to
the degradation of water pollutants, new methods of isolation and determination of the emerging
organic contaminants (EOCs), and the occurrence of EOCs in the water environment. These articles
present only selected issues from a very wide area, which is the removal of organic pollution in water
environment, but can serve as important references for future studies.
Keywords: emerging organic contaminants; water environment; EOCs determination; wastewater
puriﬁcation; advanced oxidation processes; electrochemical degradation; biosorption; liquid-liquid
continuous extraction; fractional distillation

1. Introduction
Water is essential for life, and although approximately 70% of the Earth’ surface is covered
with water, only a small fraction (2.5%) is freshwater compatible with terrestrial life. Nowadays,
a continuous increase in water demand is observed as a consequence of demographic growth, industry
demand, and living conditions. At present, the societies of developed countries are aware of the
importance of water quality, especially in western countries. It is a matter of concern that half of
the European countries are already facing water stress. According to the European Environmental
Agency Report, only around 40% of surface waters (rivers, lakes, and transitional and coastal waters)
are in good ecological status or potential, and 38% are in good chemical status [1]. An intensive use
of chemicals in everyday activities and unrestricted access to medicines has resulted in increased
waste production and an intense emission of typical as well as new organic compounds into the
surrounding environment. In recent years, the newly occurred compounds, called emerging organic
contaminants (EOCs), are becoming more and more observable. This is very heterogeneous group
of substances containing compounds from various chemical groups. They are created by natural as
well as anthropogenic compounds with a presence that was not previously detected due to the lack of
sensitive analytical methods, or their adverse health eﬀects were not known. Their impact on living
organisms is in general unknown, but the provided experiments have proved their negative inﬂuence
on vitality, life span, and reproductive success [2,3]. Some of them exhibit disrupting endocrine eﬀects
or are suspected to cause it. This group of compounds is distinguished by a separate group named
Water 2019, 11, 2017; doi:10.3390/w11102017
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the endocrine disrupting compounds (EDCs) [4]. Their presence in the environment arouses special
concern because they change the hormonal equilibrium not only of wild organisms but also of humans.
The EDCs are very ubiquitous in every element of environment such as surface and ground waters,
soil, and air. Despite their presence at low concentrations, they are considered as persistent due to
their continuous delivery to the environment.
A number of EOC emission sources have been identiﬁed, but discharges of eﬄuents from
wastewater treatment plants (WWTPs) are considered as the main ones. These substances are present
in all tested wastewater, both before and after the treatment process, usually in concentrations ranging
from ng/L to μg/L [5]. The composition and concentration of EOCs in waters supplied to WWTP
depend mainly on the socioeconomic characteristics of the population from which wastewater is
collected. The concentration of EOCs in the eﬄuents after the puriﬁcation process depends on both the
level of pollution of the incoming waters and the course of the puriﬁcation process. The concentration
ranges of selected groups of EOCs in raw and treated wastewater are presented in Table 1.
Table 1. Concentrations of compounds from the main groups of emerging organic contaminants (EOCs)
recorded in urban wastewater and the eﬃciency of their removal in conventional wastewater treatment
plants (WWTP) (based on ref [5–11]).
EOC Group
Hormones
Plasticizers
Insect repellents
UV ﬁlters
Surfactants
Antimicrobials
NSAIDs
Antibiotics

Concentration Range
Inﬂuent (ng/L)

Eﬄuent (ng/L)

<MQL*− 670
<MQL−5850
<MQL−42334
<MQL−7800
<MQL−8520
<MQL−8880
<MQL−611000
<MQL−303500

<MQL−275
<MQL−1840
<MQL−1663
<MQL−772
<MQL−3200
<MQL−5860
<MQL−62000
<MQL−37000

Removal Range (%)
0–100
32–100
27–100
0–97.5
42–99
0–100
0–100
0–100

* MQL—Method Quantiﬁcation Limit.

The fate and eﬀectiveness of removing organic pollutants are closely related to their
physicochemical properties (Henry’s constant (H), n-octanol/water partition coeﬃcient (Kow ), sorption
coeﬃcient (KD ), partition coeﬃcient between soil organic carbon and water (KOC )) [12]. Traditional
municipal WWTP applied two stages of treatment: mechanical and biological; the third stage
with advanced technologies is rarely used. The purpose of the mechanical stage is to remove
suspended matter by ﬁltration, sedimentation, and ﬂotation processes. In this stage, the adsorption
of pollutants on the suspension particles and absorption in the fats present in the wastewater takes
place. During mechanical treatment, hydrophobic compounds (log Kow > 3) undergo partial removal
from wastewater, while the eﬃciency of hydrophilic compound expurgation is very low [13,14].
Biological treatment is usually carried out using the conventional activated sludge (CAS) method
under aerobic and anoxic conditions. Removal of organic pollutants at this stage is associated with
biodegradation (biotransformation) and sorption on activated sludge [12]. Biodegradation can occur
through metabolism or co-metabolism. In order for metabolism to be possible, compounds must
have low toxicity, and their concentration must be high enough to support the life processes of
microorganisms [15,16]. Co-metabolism is the degradation of organic pollutants by microorganisms
when using other substances as a source of nutrients [17]. It is the basic mechanism of biodegradation
of EOCs due to their very low concentrations in wastewater. Acid and lipophilic compounds are
biodegradable to a much greater extent than polar, neutral, and basic compounds [18]. Removal of
organic pollutants from municipal wastewater can also take place by means of volatilization, i.e.,
transformation from the form dissolved in water to gaseous. The intensity of this process depends
on the H value and WWTP operating conditions (intensity of aeration and mixing of wastewater,
temperature, and atmospheric pressure).
2
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Conventional wastewater treatment methods are usually not suﬃciently eﬀective in removing
EOCs. There is demand for the use additional processes like precipitation and chemical coagulation,
ﬂocculation, desorption, neutralization, and reverse osmosis for more thorough puriﬁcation.
Unfortunately, these methods, in many cases, are not suﬃciently eﬀective in eliminating pollution,
or the economical side of carrying out prevents them from being used on a larger scale wastewater
treatment. Additionally, the application of physico-chemical processes causes a transfer of EOCs from
the water phase to the receiving material or solid phase, which are new wastes, the management of
which creates new environmental problems. Another approach is applied by the so called advanced
oxidation processes (AOPs) [19]. They are based on the oxidation of organic pollutants by strong
oxidants, mainly hydroxyl radicals generated by ozone, hydrogen peroxide, and others [19]. The best
oxidation results are achieved in synergistic processes using systems consisting of two or three
components, e.g., H2 O2 /UV or O3 /H2 O2 /UV [19,20]. The use of such systems improves the cleaning
eﬀects by increasing the eﬃciency of mineralization of EOCs and reducing the amount of products of
incomplete oxidation [21].
2. Overview of the Special Issue
The Special Issue consists of nine papers describing a wide spectrum of research related to the
removal of environmentally signiﬁcant pollutants from aqueous samples and their determination in
various matrices. The presented articles can be classiﬁed into three broad thematic sectors related to
the topic of the special issue: new methods of isolation and determination of compounds from the
EOCs group [22–24], occurrence of EOCs in the water environment [24,25], and new approaches to the
degradation of signiﬁcant water pollutants or their removal [26–30].
2.1. New Methods of EOCs Isolation and Determination
Mielech-Łukasiewicz and Starczewska [22] proposed a new electrochemical method for
determining the pharmaceutical residues in aqueous samples. The target pharmaceuticals were
two compounds from the fungicide group: itraconazole and posaconazole. Cyclic voltammetry and
square wave voltammetry with the use of boron-doped diamond (BDD) electrode were used for
determining the properties of analytes and in their analytical characterization. The developed method
is simple, fast, and sensitive, and its signiﬁcant advantage is that there is no need to isolate the analytes
from the matrix before the determination. The research carried out for river water and tap water
samples indicate that the proposed method can be used in the analysis of environmental samples as an
alternative to chromatographic methods, which are most often used in EOC determination in natural
waters and wastewater [5]. Hryniewicka et al. [23] described the use of high-performance liquid
chromatography with ultraviolet detection (HPLC-UV) for the determination of two pharmaceuticals,
budesonide and sulfasalazine, in water and wastewater. For the isolation of target compounds
from aqueous samples, dispersive liquid-liquid microextraction (DLLME) followed by solidiﬁcation
of ﬂoating organic droplet (SFOD) was used. The paper presents the optimization of extraction
parameters, such as the type of extraction solvent, pH, and sample ionic strength as well as extraction
time. Analysis carried out for spiked samples of river water and municipal wastewater conﬁrmed the
usefulness of the proposed method in aquatic environment research. A new, simple, and sensitive
method for determination of three hormones (β-estradiol, estrone, and diethylstilbestrol) and ten other
compounds from the EOC group (diclofenac, triclosan, propylparaben, butylparaben, benzophenone,
3-(4-methylbenzylidene)camphor, N,N-diethyltoluamide (DEET), bisphenol A, 4-t-octylphenol, and
4-n-nonylphenol) was proposed by Kotowska et al. [24]. Isolation of analytes by ultrasound-assisted
emulsiﬁcation microextraction with solidiﬁcation of ﬂoating organic droplet (USAEME-SFOD) was
done simultaneously with derivatization with acetic anhydride to enable determination of EOCs
using gas chromatography mass spectrometry (GC-MS). Good accuracy and precision as well as high
sensitivity of the developed method enabled its use for natural water samples.
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2.2. Occurrence of EOCs in the Environment
In addition to the new method, Kotowska et al. [24] present the results of the determination
of thirteen EOCs in groundwater collected at municipal solid waste (MSW) landﬁll sites and in
groundwater from wells distant from sources of pollution. Ten compounds were detected in
groundwater from MSW monitoring wells. Five compounds were detected in shallow groundwater
wells (depth: 3–8 m), and two compounds in deep drilling wells (depth: 15–46 m). Ferrari et al. [25]
described in their paper a well-documented study of the occurrence and concentration in aquatic
sediments of ten congeners of polybrominated diphenyl ethers (PBDEs). PBDEs belong to the group
of ﬂame retardants and are used for reducing the risk of ﬁres. These compounds are persistent
organic pollutants from the EOC group and are toxic to living organisms, including humans. In the
presented study, the isolation of PBDEs from sediment samples was done by ultrasound-assisted
solvent extraction followed by gas chromatography with electron capture detection (GC-ECD). Six out
of ten target compounds were detected in sediment samples taken from Guarani Aquifer in Brazil
in concentrations ranging from 0.24 to 2.7 ng/g. According to the authors, pollution of the examined
water reservoir with compounds from the PBDEs group is associated with improper management of
solid municipal waste.
2.3. New Approaches to Degradation of Water Pollutants
The removal of platinum and palladium from environmental samples by biosorption on fungi
Aspergillus sp. and yeast Saccharomyces sp. was described by Godlewska-Żyłkiewicz et al. [26].
The introduction of these metals into the aquatic environment is mainly associated with the production,
use, and recycling of automotive catalysts. Optimization of biosorption parameters such as solution
pH, biosorbent mass, and contact time of the solution with the extraction medium was performed
to determine the conditions in which the sorption eﬃciency is highest. The sorption kinetics was
tested, and the Langmiur and Freundlich adsorption isotherms were used for interpretation of
the process equilibrium. The research conducted shows that the proposed microorganisms can be
successfully used to remove platinum and palladium from contaminated waters and industrial waste.
Ambauen et al. [27] investigated electrochemical oxidation of the organic model pollutant salicylic
acid. Two anode materials, platinum and boron doped diamond, were used along with chloride and
sulfate electrolytes. The work presents a detailed kinetics analysis and identiﬁcation of oxidation
process products. Studies have shown that the products of salicylic acid electrochemical oxidation are
hydroxylated and chlorinated intermediates, and the dominance of one of the forms depends on the
composition of the electrolyte used. The best results of electrochemical degradation of salicylic acid
were achieved where the combination of BDD electrode and chloride electrolyte was used, and the
worst results were achieved when a platinum electrode was placed in the same electrolyte. A very
low oxidation eﬃciency of the test compound was observed when the sulfate electrolyte was used in
combination with both BDD and platinum electrodes. Karpinska et al. [28] describes detailed studies
on the kinetics of the degradation processes of doxazosin (DOX) under the inﬂuence of sunlight in
environmental conditions and some advanced oxidation processes (AOPs). Doxazosin is a biologically
active compound used for the treatment of some prostate complaints and hypertension. The authors
checked DOX photochemical behaviors and stated that it is a photoliable compound and its degradation
is a result of a direct photolysis. Its t1/2 in the presence of a natural matrix lasted from 1 h 30 min to
40 min depending on the chemical composition of the samples of surface water. The studies on DOX
behavior under the inﬂuence of examined chemical and photo-chemical processes (UV/H2 O2 , Fenton
and photo-Fenton process, and SO4 ·− radicals) were performed. It was stated that SO4 ·− radicals are
most eﬃcient and caused DOX degradation in a very short time. The application of a new photocatalyst
for the degradation of a selected organic compound was proposed by Regulska et al. [29]. The authors
examined the photochemical properties of crystalline NiAl2 O4 decorated with graphene quantum dots.
They characterized morphology and structure of a synthetized composite using thermogravimetric
methods as well as spectral techniques (XRD, ATR-FTIR, SEM, EXD, and UV-Vis diﬀuse reﬂectance
4
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spectra). Its photocatalytic activity in ratio to chosen model pollutants (rhodamine B, quinolone yellow,
eriochrome black, methylene blue, phenol, and thiran) was studied. It was stated that newly obtained
material exhibits photocatalytic activity under the inﬂuence of visible light. The detailed mechanism
of its operation was proposed and discussed. Its eﬃciency strongly depends on the presence of
electron and hole scavengers and the chemical properties of adsorbed organic compounds. The above
articles [27–29] concern the application of chemical processes for removal of organic pollutants. Another
approach to wastewater cleaning was proposed by Mendoza et al. [30]. The authors focused on
the problem of cleaning wastewater generated by the petroleum industry. They proposed the use
of continuous liquid-liquid extraction with dichloromethane (CLLEDCM ) and high-power fractional
distillation (HPFD) to resolve this problem. The eﬃciency of CLLEDCM and HPFD was examined
individually and in combination: CLLEDCM -HPFD and HPFD-CLLEDCM . The chemical parameters of
wastewaters were checked. It was stated that all processes remarkably improved the quality of the
samples used. The greatest achievements were obtained by HPFD.
3. Conclusions
The presented Special Issue concerns the problem of the appearance of new organic pollutants in
surface water bodies. At present, it is obvious that the chemical composition of the surface water is the
result of industrial, agriculture, as well as domestic activities of human population. As it mentioned in
the introduction, the wastewater treatment plants have been identiﬁed as the one of the main sources
of organic pollutions. Thus, much more eﬀort should be made for the improvement of wastewater
cleaning processes. The authors involved in the preparation of this Special Issue described the results
of examinations, at a laboratory scale, of the eﬃciency of chemical as well as physical processes for the
removal or degradation of selected model pollutants. However, it should be noted that extension of
the proposed processes for technological scale requires intense additional studies. The environmental
studies, especially those concerning the determination of trace impurities, require eﬀective isolation
and concentration procedures. The reagents used for this purpose should meet the requirements of
green chemistry. The DLLME-SFOD as well as USAEME-SFOD procedures described in this Special
Issue seem to be proper for environmental studies as they are eﬀective and environmentally friendly.
Another approach is based on the use of BDD electrodes for direct determination of the target analyte
in environmental samples. The described method allowed an assay of examined pharmaceuticals
without their isolation from liquid samples.
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Abstract: In recent years, the remains of chemical substances in water environments, referred to as
emerging organic contaminations, have been more and more often studied by analysts. This work
shows the possibility of using a boron-doped diamond electrode to determine low concentration levels
of remains of pharmaceuticals in environmental samples. The study focused on selected biocides from
the group of azole fungicides (itraconazole and posaconazole) and was performed using quick and
sensitive electrochemical methods. The cyclic voltammetry method was used in order to determine
the properties of these compounds, whereas analytical characterization was performed using square
wave voltammetry. The work involved the speciﬁcation of the optimum electrooxidation conditions
of the selected fungicides, their comparative characterization, and the development of a new, sensitive
methods of itraconazole and posaconazole assay. The proposed procedures allowed us to determine
itraconazole in the range from 7.9 × 10−8 to 1.2 × 10−6 moL·L−1 and posaconazole in the range from
5.7 × 10−8 to 8.44 × 10−7 moL·L−1 . The relative standard deviation of the measurements did not
exceed 5.85%. The developed procedures were successfully used to determine itraconazole and
posaconazole concentration in water samples and the assay recovery was between 93.5% and 102.8%.
Keywords: biocides; pollutants; water; boron-doped diamond electrode; electrochemical oxidation

1. Introduction
The issue of remains of pharmaceutical substances in water environments is becoming a global
problem. The development of the pharmaceutical industry, the advancement of medicine, the increasing
number of civilization diseases, the appearance of antibiotic-resistant bacteria and the growing
consumption of drugs as a part of disease prevention lead to a dramatic growth in the amount of
pharmaceutical contamination in water and wastewater. Particular attention is given to the remains of
chemicals referred to as “emerging organic contaminants”, such as active ingredients of pharmaceuticals,
cosmetics, preservatives, and surfactants. In surface water, wastewater, and even drinking water,
the remains of medicines and their active metabolites are more and more often found in amounts
expressed in ng/L or μg/L. Water contaminated by them is a serious threat for the life and health of
humans and animals. Classical methods of water puriﬁcation are not eﬀective in eliminating the broad
spectrum of newly emerging pharmaceuticals, which get to drinking water, groundwater or bottom
sediments. Therefore, studies related to the environmental impact assessment of pharmaceuticals
are needed. It is necessary to develop analytical methods for diﬀerent environmental matrices. The
development of analytical methods for validation of pharmaceuticals in environmental matrices is
becoming more and more important and necessary [1–6].
One group of compounds that have been given more and more attention recently is biocides [7].
Water contamination with these compounds results from their common use in daily life. They are used
as active substances in pharmaceutical preparations or body care products (e.g., creams, ointments or
shampoos) [8]. The presence of biocides has already been observed in sewage treatment plants and
Water 2019, 11, 1595; doi:10.3390/w11081595
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various environmental media [9–13]. For example, miconazole, ketoconazole and ﬂuconazole have been
detected in wastewater in concentrations up to 36, 90 and 140 ng/mL, respectively [14]. Itraconazole,
fenticonazole and tioconazole have also been detected in sludge from a sewage treatment plant in
real samples from the Northwest of Spain in concentrations of 204, 110 and 74 ng/g, respectively [15].
Pharmaceuticals in environmental samples are usually detected using gas or liquid chromatography
methods, sometimes combined with tandem mass spectrometry [16]. Spectroscopic methods such as
near infrared spectroscopy (NIR) or nuclear magnetic resonance (NMR) are also used [17].
Electrochemical methods and boron-doped diamond electrodes (BDD) are more and more often used
to assay pharmaceuticals in environmental samples. The BDD is a new electrode material, effective also in
the degradation and removal of contamination from water samples [18,19]. The BDD electrode allows us
to measure the analyzed samples quickly, and the low and stable current ensures the high sensitivity of the
measurements. Thanks to its unique physical and chemical properties [20–24], the boron-doped diamond
electrode is an alternative to traditional carbon electrodes. The BDD electrode ensures excellent chemical
resistance and stability in water environments. It has a very wide potential window, so it can be used in
various electrochemical reactions in water environment. In addition, it has poor adsorption properties and
high ability of oxidizing organic and inorganic compounds [25–30]. A conductive diamond has been used to
assay biologically active compounds in various water matrices. This electrode has been used, in other words,
to assay chemotherapeutics (e.g., ciprofloxacin) in natural waters and wastewater [31]. The BDD electrode
has been used to assay various antibiotics (tetracycline, erythromycin, sulfamethoxazole), antidepressants
(e.g., fluoxetine, viloxazine) and analgesics (e.g., naproxen) in environmental water samples [32–36].
In this work the use of the BDD electrode to assay selected biocides in water samples contaminated
with pharmaceutical substances is proposed (Figure 1).

(A)

(B)
Figure 1. Structure of studied biocides: (A) itraconazole, (B) posaconazole.

2. Experimental
Apparatus and Chemicals
All the experiments were carried out using the Autolab PGSTAT 128N potentiostat from Metrohm
Autolab B.V. with NOVA ver. 1.10 software, allowing for computer data collection and analysis of the
results. The set used in voltammetric measurements included three electrodes. The working electrode
was a D-035-SA boron-doped diamond electrode (BDD) from Windsor Scientiﬁc LTD, Slough, UK
(diamond doped with boron, around 0.1%, A = 0.07 cm2 ). The auxiliary electrode was a platinum plate
with the surface area A = 0.9 cm2 . The reference electrode was EK-602 saturated calomel electrode
(SCE) from Eurosensor.
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Before each measurement series, the surface of BDD electrode was activated through cathodic
reduction of hydrogen within the potential range of −2.9 V to 0.3 V. In the case of adsorption of the
studied substance on the surface of the working electrode, it was mechanically puriﬁed using an
MF-2060 polishing cloth from Bioanalytical System (USA) covered with aluminum oxide with grain
sizes of 0.05 μm or 0.01 μm. All the experiments were carried out at room temperature and in the
presence of oxygen. The studied solutions were not deoxidized before the voltammetric measurement.
In order to prepare the solutions, the analytes were weighted on a PB-153 scale (Mettler Toledo,
Greifensee, Switzerland). The solutions’ pH was measured with a pH-meter inoLab Level 1 from
WTW, Germany. All the substances used in the experiments—itraconazole (ITR), posaconazole
(POZ)—were purchased from Sigma-Aldrich, Hamburg, Germany. The solution of posaconazole
with the concentration of 5.7 × 10−4 mol/L and the solution of itraconazole with the concentration of
1 × 10−3 mol/L were prepared by dissolving the appropriate weighted amounts of those substances in
methanol. All the solutions were kept in a refrigerator.
The supporting electrolytes were 0.1 mol/L solution of potassium chloride, Britton-Robinson (B-R)
buﬀer solutions with pH: 1.81; 2.29; 2.87; 4.35; 5.33; 7.0; 8.36; 9.15; 10.38; 11.20. B-R solutions with these
pH values were prepared by mixing 0.4 mol/L H3 PO4 , 0.04 mol/L H3 BO3 and 0.04 mol/L CH3 COOH
with the appropriate amount of 0.2 mol/L NaOH.
The interferents were substances that may potentially occur in water, such as salts of sodium,
potassium, iron(II), magnesium, copper, lead, calcium, cadmium and zinc, ions: Cl− , SO4 2− , NO3 − ,
organic substances: Triton X-100, sodium dodecyl sulfate (SDS), tetrabutylamonium bromide,
ketoconazole, clotrimazole, voriconazole, triclosan and methylparaben. The solutions of these
salts with the concentrations of 2.8 × 10−4 mol/L were prepared by dissolving the appropriate weighted
amounts of relevant substances in water. All the solutions were prepared using deionized water
Milli–Q (Millipore Corp., Burlington, MA, USA).
3. Results and Discussion
3.1. Electrochemical Behavior of Selected Biocides
Azoles are the most popular and the most frequently used class of fungicides. First-generation
azoles are imidazoles (e.g., ketoconazole), while second- and third-generation azoles are triazoles
(e.g., posaconazole and itraconazole studied in the work). The selected azoles were studied using cyclic
voltammetry (CV). In order to determine the optimum conditions of oxidation of selected analytes,
the inﬂuence of the kind and pH of the used supporting electrolyte was studied. The experiments
were carried out in Britton-Robinson buﬀer in the pH range of 1.8 to 11.2. Figure 2 presents the cyclic
curves plotted in various buﬀer solutions for posaconazole.

Figure 2. Cyclic voltammograms of 2.7 × 10−5 mol·L−1 posaconazole in Britton-Robinson (B-R) buﬀer
in the pH 1.8–11.2 range; v = 100 mV·s−1 .
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Analogically, oxidation curves of itraconazole as a compound structurally similar to posaconazole
were plotted (Figure 3).

Figure 3. Cyclic voltammograms of 2.7 × 10−5 mol·L−1 itraconazole in B-R buﬀer in the pH 1.8–11.2
range; v = 100 mV·s−1 .

The voltammograms of all the studied compounds showed irreversible oxidation curves in the
potential range of 0.58 V do 0.70 V. Figures 2 and 3 show example curves from all the studied period, and
the complete characteristics of relationships between current and oxidation peak potential depending
on pH are presented in Figure 4.
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Figure 4. Eﬀect of pH on selected biocides: (A) anodic peak current and (B) anodic peak potential.
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The highest values of itraconazole oxidation peak were obtained in the B-R buﬀer with pH = 2.87,
and of posaconazole in the solution with pH = 4.35. As the pH of the electrolyte increased, the potentials
of recorded peaks of itraconazole and posaconazole moved towards lower values, and the current values
decreased. The obtained results conﬁrm literature data and earlier studies for ketoconazole [26,37].
The analysis of the above-mentioned azoles depending of the pH of the solution showed that the
compounds’ structure determines their electrochemical behavior. The comparable electrochemical
behavior of these azole fungicides may prove the similarity of electrochemical reactions.
The most probable mechanism of oxidation of these compounds is the loss of an electron in the
piperazine ring. Similar conclusions were also formulated for other substances containing a piperazine
ring [38,39]. That oxidation produced lower currents with decreasing pH values. Considering the
values: pKa, 3.6 for posaconazole and 3.7 for itraconazole [40,41], as well as the pH-dependence,
the deprotonated piperazine group can be regarded as an electroactive form. This is also proved by the
shift in the peak potential with the growth of pH. It shows that the deprotonated piperazine group
must be produced by the dissociation of the proton [42].
3.2. Eﬀect of Scan Rate
In order to determine the character of the recorded currents, the impact of the scan rate on the
values of recorded currents was investigated. The experiments were carried out at the scan rates: 5, 10,
25, 50, 75, 100, 200, 350 and 500 mV/s in the range of potentials from −0.2 V to 0.95 V. The measurements
were performed in Britton-Robinson buﬀer solutions with properly selected pH values at which the
highest current values were recorded for diﬀerent analytes.
The cyclic curves of itraconazole recorded at diﬀerent scan rates are shown in Figure 5.

Figure 5. Cyclic voltammograms of 2.44 × 10−5 mol·L−1 itraconazole in B-R buﬀer pH 2.87 at diﬀerent
scan inﬂuence of interferents rates (A); the dependence of Ip on the square root of scan rate (B); and the
plot for dependence of log Ip on log of scan rate (C).

The increase of the values of recorded currents along the increase of scan rate was observed
for all the studied compounds. In the case of measurements for posaconazole, the analysis of peak
current values of the studied compound depending on the root of the scan rate displayed a diﬀusion
character. In the case of itraconazole, a clear decrease of the recorded current values was observed in
successive cycles. This may be the evidence for itraconazole depositing on the surface of the electrode.
The analysis of the logarithm of peak current of scan rate conﬁrmed the diﬀusion character of currents

12

Water 2019, 11, 1595

in the case of posaconazole. The slope in the equations of curves was close to the theoretical value:
0.58 [43]. In the case of itraconazole, the slope of the curve was 0.77, which proves the mixed, diﬀusion
and adsorption character of the measured currents. Figure 5C shows the relationship between the
change in the logarithm of current and the logarithm of scan rate for the studied azole (itraconazole).
The equations describing these relationships can have the following form:
for itraconazole (ITR)
I (μA) = 3·10−7 v1/2 (mVs−1 )1/2 − 1·10−6
for posaconazole (POZ)
I (μA) = 9·10−8 v1/2 (mVs−1 )1/2 − 1·10−7
Based on the data from the obtained curves, the following equations were produced:
ITR
log Ipa (μA) = 0.7792 log v(mV/s) − 7275, R2 = 0.9958
POZ
log Ipa (μA) = 0.58 log v(mV/s) − 7295, R2 = 0.9996
3.3. Optimization of the Square Wave Parameters
The square wave voltammetry (SWV) technique was chosen to develop the procedure of assaying
a compound from the group of azoles (itraconazole). It is one of the most sensitive electrochemical
techniques, ensuring the high sensitivity of assays. The experimental parameters characteristic of
SWV were determined as part of the work. The optimization of the procedure involved the amplitude,
frequency and step potential. The amplitude was studied in the range of potentials from 5 to 100 mV.
The measurements were performed at constant values of frequency and step potential. The increase in
the amplitude value caused the increase in recorded currents, transition of peak potentials toward
negative values, but also increased width of the peaks. Therefore, the optimum value of amplitude
selected for further experiments is 25 mV. The impact of frequency on the height of recorded peaks
was checked for the values: 8, 15, 25, 50, 75, 100, 125 and 150 Hz. The increase in the measured current
was observed in the whole studied range. A linear relationship of current depending on the root of
frequency was observed for the range of 8 Hz to 100 Hz. Hence, the value of 100 Hz was adopted as the
best for further experiments. The study of the impact of step potential on the value of oxidation current
of itraconazole showed that, as this parameter increased in the range of 2 mV to 10 mV, the recorded
currents decreased. The value of 2 mV/s was chosen for further study. All the measurements were
carried out in the B-R buﬀer solution with pH = 2.87 in the potential range of −0.2 V to 0.95 V.
The same procedure was carried out for posaconazole. The experiments led to the determination
of the optimum amplitude value. Just like in the study of itraconazole, the best values were obtained
for 25 mV. Testing frequencies between 8 and 150 Hz led to the choice of the optimum value of this
parameter. The value of 100 Hz was chosen for the study, because as the frequency increased, the width
of the recorded peaks also grew. The tests of step potential showed that the most symmetric peak was
obtained for the value of 2 mV. The obtained values of parameters characteristic of the SWV method
and the B-R buﬀer with pH = 4.35 were used in further quantitative study of posaconazole.
3.4. Analytical Curve for Itraconazole and Posaconazole Using SWV
The SWV technique was used to develop the procedure of assaying itraconazole and posaconazole.
The study was carried out in experimentally conﬁrmed optimum measurement conditions. In order to
determine the relationship between the recorded current and concentration, currents were measured in
solutions with growing concentrations of itraconazole. Four series of measurements were carried out,
in the concentration range of 7.9 × 10−8 to 1.2 × 10−6 mol/L and with potentials from 0.2 V to 0.95 V.
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The diagram of relationship between current values and the concentration of itraconazole on BDD
electrode is presented in Figure 6.

Figure 6. Square wave voltammetry (SWV) voltammograms of diﬀerent concentrations of itraconazole
in B-R buﬀer pH 2.87 (range of concentration 7.9 × 10−8 to 1.2 × 10−6 mol·L−1 ) (A); Calibration curves
of itraconazole using SWV methods, on the boron-doped diamond (BDD) electrode (B).

An analogous study of the relationship between the recorded current and the concentration was
carried out for posaconazole. The measurements were carried out in the concentration range from
5.7 × 10−8 to 8.44 × 10−7 mol·L−1 and the potential range from 0.4 V to 0.75 V. The obtained calibration
curve of posaconazole determination and an example series of obtained voltammograms are presented
in Figure 7.

Figure 7. SWV voltammograms of diﬀerent concentrations of posaconazole in B-R buﬀer pH 4.35
(range of concentration 5.7 × 10−8 –8.44 × 10−7 mol·L−1 ) (A); Calibration curves of posaconazole using
SWV methods, on the BDD electrode (B).

The obtained curves are well deﬁned, sharp peaks. Increasing concentration results in higher
current values, while the potential does not change. The obtained calibration curves have a coeﬃcient
of determination close to one, which proves good correlation of the results. The limit of detection
(LOD) and limit of quantiﬁcation (LOQ) were calculated on the basis of background curves obtained
on BDD electrode using the SWV technique. The studied parameters were standard deviation from the
obtained background currents (S) and the slope of the calibration curves (m). The following equations
were used in the calculations [44]:
LOD = 3.3 S/m, LOQ = 10 S/m
14
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Values characteristic of the calibration curves of itraconazole and posaconazole are presented in
Table 1. The obtained data proves the high sensitivity of the proposed procedures.
The developed procedure determination of itraconazole was compared with other methods
described in the literature (Table 2). The data presented in Table 2 proves the high sensitivity of the
developed procedure against the methods proposed in the literature.
Table 1. Quantitative determination of itraconazole and posaconazole on the BDD electrode using the
SWV method.
Studied Substance

Itraconazole

Posaconazole

Peak potential/V vs. SCE
Peak width half/mV
Linearity range/mol·L−1
Slope/μA·L/mol
Intercept/μA
Correlation coeﬃcient
LOQ/mol·L−1
LOD/mol·L−1
Repeatability of Ip/RSD%
Reproducibility of Ip/RSD%

0.59
0.06
7.9 × 10−8 –1.2 × 10−6
1.32×106
0.046
0.9982
5.43 × 10−8
1.79 × 10−8
5.68
2.61

0.55
0.08
5.7 × 10−8 –8.44 × 10−7
1.65 × 106
0.2
0.9971
2.36 × 10−8
7.78 × 10−9
1.73
1.93

Note: SCE: saturated calomel electrode; LOQ: limit of quantiﬁcation; LOD: limit of detection.

Table 2. Comparison of linear range and detection limits for itraconazole to diﬀerent methods.
Linear Range
(mol·L−1 )
10−8 –2.9

10−7

2.2 ×
×
1.5 × 10−8 –2.3 × 10−7
−8
1.5 × 10 –1.5 × 10−7
2.2 × 10−8 –2.5 × 10−7
4.5 × 10−8 –2.3 × 10−7
1.5 × 10−8 –1.5 × 10−7
2.8 × 10−5 –1.4 × 10−4
5.0 × 10−7 –5.0 × 10−6
2.19 × 10−6 –6.33 × 10−5
7.9 × 10−8 –1.2 × 10−6

Detection Limit
(mol·L−1 )

Method

10−8

1.9 ×
1.2 × 10−8
8.5 × 10−9
1.5 × 10−8
1.2 × 10−8
1.1 × 10−8
7.27 × 10−7
1.79 × 10−8

AS-SWV

AS-DPV
CV
DPV
CV
SWV

Electrode

Ref.

UTG
PG
CP
UTG
PG
CP
GC
Hg
MWCNT/CP
BDD

[45]

[46]
[47]
[48]
This work

Note: UTG ultra-trace graphite, PG pencil graphite, GC glassy carbon, CP carbon paste, BDD boron doped diamond,
MWCNT multi-walled carbon nanotube, CV cyclic voltammetry, DPV diﬀerential pulse voltammetry, SWV square
wave voltammetry, AS-SWV anodic stripping square wave voltammetry, AS-DPV anodic stripping diﬀerential
pulse voltammetry.

The electrochemical procedure of posaconazole determination developed in the work is proposed
in literature for the ﬁrst time. It is a quick and simple procedure with high sensitivity, comparable with
other methods, especially chromatographic ones [49].
3.5. Precision and Selectivity of Itraconazole Using SWV
The precision of the developed procedures was tested. The study of repeatability involved
recording voltammetric curves of itraconazole with the concentration of 1.5 × 10−7 mol/L in the system
of several repetitions for the same conditions of analysis. The measurements were performed within
one day and over several successive days. The value of absolute standard deviation of measurements
obtained within one day was 5.68%, and in the case of ﬁve successive days, 2.61%. Analogous studies
for posaconazole solution with a concentration of 1.5 × 10−7 mol/L showed that the value of absolute
standard deviation of measurements obtained within one day was 1.73%, and in the case of ﬁve
successive days, 1.93%. The values of potentials of itraconazole or posaconazole oxidation peak did not
change, and the obtained RSD values did not exceed 1%. The obtained results prove the good precision
of the developed methods.

15

Water 2019, 11, 1595

In order to study the selectivity of the developed methods, the impact of electrochemically active
substances in the studied range of potentials and substances that can occur in environmental water
samples was studied. The analysis involved interferents such as: Na+ , K+ , Cu2+ , Ca2+ , Fe2+ , Mg2+ ,
Cd2+ , Zn2+ , Pb2+ , Cl− , SO4 2− , NO3 − , Triton X-100, sodium dodecyl sulfate (SDS), tetrabutylamonium
bromide, and methylparaben. In addition, experiments were carried out for other fungicides (triclosan)
and azole compounds (ketoconazole, clotrimazole, voriconazole). The tests were performed for
itraconazole (or posaconazole) solution with the concentration 1.5 × 10−7 mol/L. Then, 10, 50, 100, 200
and 500-fold excess of the analyzed interferent in relation to the analyte was introduced. The heights
of peaks on curves obtained in the presence of potentially interfering substances were compared with
the height of peaks obtained for studied biocide alone. It was assumed that the compound does not
cause interference if the approximation error of the assay does not exceed ±5%. Based on the obtained
results, it was found that itraconazole can be assayed in the presence of inorganic ions with 500-fold
excess of the interferent in relation to the concentration of the analyzed compound. Only in the case of
Pb2+ ions, it was 100-fold excess in relation to the assayed analyte. Organic compounds such as: Triton
X-100 (non-ionic surfactant), SDS (anionic surfactant), tetrabutylamonium bromide (cationic surfactant)
and methylparaben allow to assay itraconazole at 100-fold excess of the interferent in relation to the
assayed compound. The study of selectivity of itraconazole did not show the presence of new peaks on
SWV curves in the presence of interferents. The observed inﬂuence was only the increase or decrease
in the recorded peaks of the analyte in the presence of interferents (Figure 8).
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Figure 8. SWV voltammograms of itraconazole in B-R buffer pH 2.87 in the presents of selected interferents.

In the case of posaconazole, the recorded peaks increased at the 100-fold excess of Fe2+ and Cu2+ ions.
The other ions did not change the peak heights in the studied range. Just like in the case of itraconazole,
the study of surfactants showed interference at an over 100-fold excess, causing the increase in posaconazole
oxidation peak. The measurements performed for other fungicides, such as triclosan and ketoconazole,
showed the increase in the height of itraconazole and posaconazole oxidation peaks at a 5-fold excess.
The study showed that triclosan and ketoconazole have the highest oxidation peaks in solutions with
pH = 9. Both posaconazole and itraconazole can be assayed in the presence of azoles such as clotrimazole
and voriconazole. Due to the structure of those azoles, different from that of itraconazole or posaconazole,
oxidation peaks of these azoles are not observed in the studied potential range. The obtained results prove
that the proposed methods display good selectivity.
16
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3.6. Assay of Itraconazole and Posaconazole in the Water Samples
On the basis of the review of methods of assaying itraconazole described in the literature, we can
say that biological liquids [45], pharmaceuticals [46] and water samples [11,15] are used as matrices to
assay azole fungicides. So as to assess the practical utility of the developed procedure using square
wave voltammetry (SWV) and BDD electrode, measurements were carried out in water matrices.
The measurements were performed for samples of tap water and river water, which were enriched
with known amounts of itraconazole. Methanol solution of itraconazole was added to tap or river
water samples to obtain ﬁnal concentrations: 1.5 × 10−7 mol/L, 3 × 10−7 mol/L and 4.5 × 10−7 mol/L,
respectively. Three repetitions were performed for each prepared sample enriched with a speciﬁc
amount of itraconazole, and then, the mean value was calculated.
The sample of river water was collected from the Biała river in Białystok, ﬁltrated and kept in
a refrigerator before the analysis. The sample of tap water was collected from the waterworks and
analyzed without previous preparation. In order to assay itraconazole with the developed procedure
in a real sample, the solutions were prepared by adding 10 mL water enriched with itraconazole to
10 mL B-R buﬀer with pH = 2.87. SWV curves were recorded in the range of potentials from 0.2 V
to 0.9 V using previously optimized conditions (amplitude 0.025 V, frequency 100 Hz, step potential
2 mV). Figure 9 shows an example SWV curve of itraconazole assay in a real water sample.
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Figure 9. Square wave voltammogram of itraconazole in water samples.

Table 3 shows the results obtained for the assay of itraconazole in water samples. The experiments
showed that voltammetric curves obtained for samples of water enriched with itraconazole did not
diﬀer in the shape or peak potential values from the peak recorded for the studied analyte in previous
stages of the study. The rate of recovery in water samples ranged from 93.5% to 101%, which proves
the good precision and accuracy of the developed method.
Table 3. Results of itraconazole determination in spiked water samples.
Sample

Amount
Added/×10−7 mol/L

Amount Received a /×10−7 mol/L

Recovery a /%

RSD/%

Biała water

1.500
3.000
4.500

1.437 ± 0.069
2.882 ± 0.107
4.545 ± 0.102

95.8 ± 4.5
96.1 ± 3.6
101 ± 2.2

4.8
3.7
2.2

Tap water

1.500
3.000
4.500

1.403 ± 0.059
2.919 ± 0.056
4.350 ± 0.145

93.5 ± 3.9
97.3 ± 1.9
96.7 ± 3.2

4.2
1.9
3.3

a

Mean value (n = 3).
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The analysis of samples of tap water and river water enriched with known amounts of posaconazole
was performed in the same way. In order to assay posaconazole in water samples using the
developed procedure, we studied solutions with concentrations: 1.5 × 10−7 mol/L, 3 × 10−7 mol/L and
4.5 × 10−7 mol/L. SWV curves were recorded with the use of optimized apparatus parameters and
B-R buﬀer with pH = 4.35. The results of the assay are included in Table 4. The rate of recovery from
the measurements in water samples was between 94% and 102.8%. The obtained results conﬁrm the
analytical usability of the developed procedures of assaying itraconazole and posaconazole in samples
of environmental water.
Table 4. Results of posaconazole determination in spiked water samples.
Sample

Amount
Added/×10−7 mol/L

Amount Received a /×10−7 mol/L

Recovery a /%

RSD/%

Biała water

1.500
3.000
4.500

1.438 ± 0.052
2.821 ± 0.079
4.399 ± 0.115

95.8 ± 3.4
94.0 ± 2.6
97.7 ± 2.5

3.6
2.8
2.6

Tap water

1.500
3.000
4.500

1.447 ± 0.023
2.886 ± 0.102
4.627 ± 0.055

96.5 ± 1.6
96.2 ± 3.4
102.8 ± 1.2

1.6
3.5
1.2

a

Mean value (n = 3).

4. Conclusions
The presented work shows the possibilities of using a new electrochemical electrode
material—boron-doped diamond electrode—to assay compounds used as biocides (itraconazole and
posaconazole). The electrochemical analysis showed that the selected compounds are electrochemically
active and can well be studied and assayed on a BDD electrode. It is so because they undergo the
reaction of irreversible electrochemical oxidation, and recorded peaks in the range of potentials from
0.55 V to 0.6 V are well deﬁned and can be used in quantitative analysis. Experiments performed for
itraconazole and posaconazole allowed us to develop a fully validated procedures, whose usability
were veriﬁed for environmental water samples. The developed procedure had good sensitivity
in comparison with other electrochemical methods of assaying itraconazole recommended in the
literature [46,47]. Only the use of additional adsorption of the analyte on the electrode surface lowers
the range of assays, but it makes the analysis longer and more complex [45]. The simplicity, speed and
the lack of modiﬁcation stages of BDD electrode are signiﬁcant advantages of the proposed method.
The electrochemical procedure of posaconazole determination developed in the work is proposed in the
literature for the ﬁrst time. It is a quick and simple procedure with high sensitivity, comparable with
other methods, especially chromatographic ones [49]. Whereas, good rate of recovery (93.5–102.8%)
proves that the developed procedures can be successfully used to assay itraconazole and posaconazole
in water samples.
Author Contributions: Conceptualization, K.M.-Ł.; methodology, K.M.-Ł.; investigation, K.M.-Ł.; writing—original
draft preparation, K.M.-Ł., writing—review and editing, K.M.-Ł. and B.S.; supervision, B.S.
Funding: This research received no external funding.
Conﬂicts of Interest: The authors declare no conﬂict of interest.
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Abstract: Dispersive liquid–liquid microextraction based on solidiﬁcation of ﬂoating organic droplet
(DLLME-SFO) was applied to isolate budesonide (BUD) and sulfasalazine (SULF) from aqueous
samples. The eﬀects of diﬀerent parameters on the eﬃciency on the extraction such as type of extrahent
and dispersive solvent, ionic strength, pH of sample, and centrifugation time were investigated.
Moreover, the inﬂuence of foreign substances on a studied process was tested. The calibration
curves were recorded. The linearity ranges for BUD and SULF were 0.022–8.611 μg mL−1 and
0.020–7.968 μg mL−1 with the limit of detection (LOD) 0.011 μg mL−1 and 0.012 μg mL−1 , respectively.
The enrichment factors (EF) for two analytes were high: for BUD it was 145.7 and for SULF, 119.5.
The elaborated procedure was applied for HPLC-UV determination of these analytes in water and
wastewater samples.
Keywords: budesonide; sulfasalazine; 1-undecanol; DLLME-SFO; HPLC-UV

1. Introduction
Increasing production and consumption of medicines contributes to the presence of biologically
active substances in the environment and their concentration in surface waters. They aﬀect negatively
both the functioning of water reservoirs as well as living organisms despite the fact that pharmaceutical
residues are present in very low concentration levels from ng L−1 to μg L−1 . Surface waters are
important raw water sources for drinking water treatment plants, and a few studies have shown
that pharmaceuticals and/or their metabolites may pass the treatment process and end up even
in drinking water. In connection with the above, an important task for analysts is to monitor the
concentrations of residues of biologically active compounds in surface waters and wastewater. Among
the medicines often found in water and wastewater samples are: antibiotics, analgesics, beta-blockers,
anti-inﬂammatory, and antidepressants [1].
Budesonide (BUD) belongs to glucocorticoids with a strong anti-inﬂammatory and antiallergic
activity. It is used for the prevention and treatment of bronchial asthma and chronic obstructive
pulmonary disease [2]. The controlled-release tablets are intended for people with intestinal
inﬂammation or Crohn’s disease of mild to moderate severity. Moreover, it is frequently used
in veterinary medicine for the treatment of canine respiratory and bowel inﬂammatory diseases [3].
Sulfasalazine (SULF) is a synthetic drug and a combination of antibiotic (sulfapyridine) and
an anti-inﬂammatory agent (5-aminosalysilic acid) which is extensively used in the treatment of
inﬂammatory bowel diseases such as rheumatoid arthritis, Crohn’s disease and ulcerative colitis [4].
There are several analytical methods available for the separate determination of BUD and SULF.
BUD was determined in a variety of matrices using high-performance liquid chromatographic [5,6]
and liquid chromatography–mass spectrometry (LC–MS or LC–MS/MS) [2,3,7–9]. Similarly, SULF
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was quantitated in a range of diﬀerent matrices using high-performance liquid chromatography
with diode array detection or ultraviolet detection (HPLC-DAD and HPLC-UV) [10–12], thin-layer
chromatography densitometry [13], nuclear magnetic resonance (NMR) [14], spectroﬂourimetry [15] and
liquid chromatography/positive-ion electrospray ionization mass spectrometry (LC-ESI(+)-MS/MS [16].
None of the above methods attempted the simultaneous analysis of BUD and SULF in the same sample.
The literature review shows that budesonide assays were made in biological samples [7–9],
environmental samples [17,18], pharmaceutical formulations, and cosmetic products [19]. SULF was
determined in pharmaceutical preparations [13–15], human plasma [10,16], water, and wastewater
samples [20,21]. SULF was determined in river samples at the concentration of 15–76 ng L−1 and in
wastewater samples at 65 ng L−1 (inﬂuent) and 266 ng L−1 (eﬄuent) [20].
Traditionally, the sample treatment techniques used to isolate pharmaceuticals from water
samples have been the liquid–liquid extraction (LLE) and the solid-phase extraction (SPE) [21]. LLE
technique needs large volumes of toxic solvent, and the creation of emulsions is a common problem.
However, SPE technique requires column conditioning and a process that is sometimes complicated
and time-consuming. Therefore, the development of environmentally friendly pretreatment methods
is necessary to overcome such disadvantages. Currently, microextraction techniques are often used to
separate biologically active substances from aqueous solutions.
A novel dispersive liquid–liquid microextraction based on the solidiﬁcation of ﬂoating organic
drop (DLLME-SFO) was introduced by Leong et al. [22]. It involves the use of extraction solvent with a
density lower than the density of water and freezing point near to the room temperature. The mixture
of the dispersing and extracting solvent is injected into the water sample to form a turbid solution.
After centrifugation, the tube is placed in an ice bath to solidify the extractant. The solidiﬁed drop is
then collected and placed in a conical tube and allowed to melt. The liquid extract is analyzed by the
appropriate instrumental technique. DLLME-SFO oﬀers high analyte enrichment factors due to the
use of small volumes of extractants compared to the volume of the water sample being tested. This
method has gained recognition due to many advantages such as: simplicity of the procedure, high
recovery, low cost, short extraction time, and the fact that it is not harmful to the environment.
On the ground of the review of literature, the use of the DLLME-SFO technique for the separation of
organic [23–26], inorganic compounds and metal ions [27–30] was described in numerous publications
presenting procedures for pretreatment of samples, e.g., tap water, water from the lake, human serum,
urine, surﬁcial sediments or beverage samples. A much smaller number of literature reports show the
use of this technique for isolation of drugs. To the best of our knowledge, DLLME-SFO has not been
applied for the isolation of BUD and SULF from water samples.
The aim of this study was to optimize the DLLME-SFO technique for isolating BUD and
SULF from aqueous solutions. The eﬀects of various experimental parameters such as a suitable
extraction solvent and its volume, ionic strength, and centrifugation time were investigated. The
simultaneous determination of these pharmaceuticals was performed by ultrahigh performance liquid
chromatography-ultraviolet detection (HPLC-UV) method.
2. Experimental
2.1. Instrumentation
Thermo Separation chromatographic system with 2D Spectra System UV3000 (Panalytica,
San Jose, CA, USA), a low-gradient pump P2000, a Rheodyne injector with 20-μL sample loop,
and a vacuum membrane degasser SCM Thermo Separation were used (San Jose, California, CA, USA).
The phase-separation process was accelerated by the centrifuge MPW-251 (MPW-Med.Instruments,
Warsaw, Poland). A Hitachi U-1900 spectrophotometer (Panalytica, Tokyo, Japan) equipped with the
deuterium discharge lamp and quartz cuvette was used for the measurements. Vibrating platform
shaker (Heidolph, Vibramax 110, Schwabach, Germany) and magnetic stirrer hotplate (Heidolph
MR3001K, Schwabach, Germany) were also applied.
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2.2. Reagents and Standards
Budesonide (BUD, ≥99%, CAS 51333-22-3) and sulfasalazine (SULF, ≥98%, CAS 599-79-1) were
bought from Sigma-Aldrich (Steinheim, Germany). Stock solutions of BUD or SULF containing
10−3 mol·L−1 of an analyte were prepared in methanol. Working solutions of these drugs were prepared
freshly every day before analysis by diluting the standard solution with Milli-Q water and then it was
stored in a dark bottle at room temperature.
Other chemicals at analytical grade used in experiments, like NaCl, KCl, CaCl2 , MgCl2 , KBr,
Na2 SO4 , Fe(NO3 )3 , Na3 PO4 , and Na2 CO3 (POCh, Gliwice, Poland), were prepared by dissolving an
appropriate amount of salt in Milli-Q water. A working solution of HCl was prepared by successive
dilutions of appropriate volumes of concentrated acid in Milli-Q water. Organic substances (studied
interferences): diclofenac, ibuprofen, caﬀeine, acetylsalicylic acid, ascorbic acid, Levomepromazine,
naproxen, and ranitidine were bought from Sigma Aldrich. Solvents such as acetonitrile and methanol
at HPLC grade were purchased from J.T. Baker (USA).
2.3. Samples Preparation
The samples came from the Biała river, and the sewage was cleaned from the Municipal Sewage
Treatment Plant in Białystok (Podlaskie Voivodeship, Poland). All samples were collected at the depth
of 50 cm and were transferred to dark glass bottles. The total volume of each water and wastewater
sample was 2 L. In the laboratory, samples were ﬁltered through 0.22 μm pore size membrane ﬁlters to
remove solid particles and analyzed within 24 h. The sample preparation was performed during the
day in order to avoid the degradation of the analyte.
2.4. General DLLME-SFO Procedure
A mixture of methanolic solutions of BUD and SULF was introduced into 15 mL graduated tubes
(the same concentration of both analytes). Subsequently, 50 μL of 3 mol L−1 HCl solution and 300 μL
NaCl solution with a molar concentration of 1 mol L−1 were added. The tubes were supplemented
with redistilled water to a volume of 10 mL. Mixtures of 1000 μL of ethanol (dispersant) and 100 μL of
1-undecanol (extractant) were prepared. In order to obtain a turbid solution, it was injected vigorously
with a Pasteur pipette into the aqueous sample solution. The tubes were placed in a shaker (1500 rpm)
for 10 min and then placed in a centrifuge to separate the organic phase from the aqueous and
centrifuged for 15 min at 5000 rpm. The tubes were put into an ice bath for 10 minutes, the temperature
of which was 3 ◦ C. The solidiﬁed drop was collected and placed in another test tube for melting. The
ﬁnal volume of the extract was 70 ± 5 μL. The analysis was carried out using a high-performance liquid
chromatograph with UV detection. Schematic diagram of DLLME-SFO extraction before HPLC-UV
analysis was performed, as shown in Figure 1. The retention times for sulfasalazine and budesonide
extracts are tR1 = 0.9 min (λ = 366 nm) and tR2 = 2.0 min (λ = 241 nm).

Figure 1. Schematic diagram of DLLME-SFO extraction before HPLC-UV analysis.
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3. Results and Discussion
3.1. Primary Studies and HPLC Analysis
BUD (MW = 430.53 g mol−1 , log Kow = 2.4–2.7) and SULF (MW = 398.39 g mol−1 , log Kow = 3.7–4.8)
are soluble substances in methanol (Figure 2). The absorption spectrum of the methanolic solution
of these substances at a concentration of 5 × 10−5 mol L−1 were recorded. BUD has an absorption
maximum at 241 nm and SULF at 366 nm (Figure 3).

(A)

(B)

Figure 2. Molecule structure of: (A) budesonide (C25 H34 O6 , MW = 430.53 g mol−1 ) and (B) sulfasalazine
(C18 H14 N4 O5 S, MW = 398.39 g mol−1 ).

Ώmax = 241 nm
A=0.780

(A)

ȜŵĂǆ= 366 nm
A=0.451

(B)
Figure 3. The absorption spectrum of budesonide (A) and sulfasalazine (B) solution in methanol
(C = 5 × 10−5 mol L−1 ).

The chromatographic separation was performed on a Lichrospher 100 RP-18 column
(125 mm × 4.6 mm, 5 μm). In order to obtain optimal conditions for HPLC-UV chromatography analysis,
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a suitable mobile phase was chosen to ensure proper peaks in the chromatogram. The literature review
shows that the following phases were used for the determination of BUD: acetonitrile–phosphate
buﬀer (pH 3.2) (55:45, v/v) [5], methanol–water (80:20, v/v) [6], and for SULF: methanol–acetate buﬀer
(48:52, v/v) [11], acetonitrile–acetate buﬀer (gradient elution) [12]. It was decided to check such phases
as: methanol–water (70:30, v/v) and acetonitrile–water (50:50). The most symmetrical and highest
peaks were obtained when the methanol–water phase was used. The selected mobile phase was also
checked at various volumetric ratios of methanol and water. A ﬂow rate of 1 mL min−1 was maintained.
The injection volume was 50 μL. The typical chromatogram is presented in Figure 4.
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Figure 4. Chromatogram of extracts of BUD and SULF after DLLME-SFO.

3.2. Optimization of Extraction Parameters
The selection of appropriate DLLME-SFO extraction conditions is carried out in order to obtain the
highest possible process eﬃciency. The following factors were optimized: solvent selection, electrolyte
type and concentration, pH, and time and speed of shaking and centrifuging the sample.
3.2.1. Selection of Extraction Solvent and Its Volume
Optimizing solvents is critical for obtaining good extraction recoveries in DLLME-SFO method.
The extraction solvent signiﬁcantly inﬂuences the extraction eﬃciency. The selection of solvents for the
isolation of BUD and SULF using the DLLME-SFO technique from aqueous solutions was checked.
Solvents used for DLLME-SFO extraction have a density less than water and a freezing point close to
room temperature (Table 1). The following solvents were used to isolate BUD and SULF: 1-dodecanol
(C12 H25 OH) and 1-undecanol (C11 H23 OH). The density of these extractants is 0.83 g cm−3 , and the
pour point is 22–24 ◦ C (1-dodecanol) and 13–15 ◦ C (1-undecanol). It has been found that the extraction
of selected analytes can be used for both 1-dodecanol and 1-undecanol, however, the highest extraction
eﬃciency for BUD and SULF were obtained by using 1-undecanol (Figure 5). Recovery for BUD
was 70%, whereas for SULF it was 65%. It was decided to check its volume in order to obtain high
recoveries. The volume of 1-undecanol in the range of 25–200 μL was tested. A series of solutions were
prepared and injected with 1 mL of the dispersant (methanol) and variable volumes of the extractant
(Figure 6). The highest eﬃciency of DLLME-SFO extraction for both analytes was obtained using
100 μL of 1-undecanol. Increasing the volume of the extractant resulted in a decrease in recovery and a
simultaneous increase in the volume of the extract.
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Table 1. Extraction solvents used in DLLME-SFO.
Temperature of Solidiﬁcation (◦ C)

Chemical Formula

Density (g cm−3 )

n-hexadecane

CH3 (CH2 )14 CH3

0.77

18

2-dodecanol

CH3 (CH2 )9 CH(OH)CH3

0.80

17–18

Extractant

1-decanol

CH3 (CH2 )9 OH

0.83

6.4

1-dodecanol

CH3 (CH2 )11 OH

0.83

22–24

1-undecanol

CH3 (CH2 )10 OH

0.83

13–15

1-chlorooctadecane

CH3 (CH2 )16 CH2 Cl

0.85

20–24

1-bromohexadecane

CH3 (CH2 )15 Br

0.99

16–18

1,10-dichlorodecane

Cl(CH2 )10 Cl

0.99

14–16
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Figure 5. Recovery of analytes depending on the type of extractant.
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Figure 6. Recovery of analytes depending on the volume of 1-undecanol.

3.2.2. Selection of Dispersant Solvent and its Volume
Choosing the right dispersant is an important element in optimizing the extraction conditions.
The solvent must dissolve in both the organic and aqueous phase and cause the formation of a high
extractant dispersion when the extraction and dispersing solvent is injected into the water sample. It
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should also allow the analyte to enter the organic phase. The volume of the dispersing solvent used is
usually in the range of 0.5 to 2.5 mL or more. This aﬀects the degree of dispersion in the sample, and
therefore the extraction eﬃciency. Too large disperser volumes may reduce the extraction eﬃciency.
This is due to the increased solubility of analytes in water as the dispersant volume increases.
The eﬀect of such dispersants as acetonitrile, methanol and ethanol was checked. The highest
eﬃciency of extraction was obtained using ethanol. The optimal dispersant volume was also checked.
A series of solutions were prepared into which were injected mixtures of varying volumes of the
dispersing solvent from 250 to 1500 μL and 100 μL 1-undecanol (extraction solvent). The tubes were
then placed in a shaker and centrifuged at 5000 rpm for 10 minutes. The samples were sequentially
placed in an ice bath to solidify the extractant. The optimal volume of ethanol was determined to be
1 mL (Figure 7). Too small volume of the dispersant makes it impossible to obtain a high dispersion
of the extractant in the entire volume of the water sample. The reported decrease in the extraction
eﬃciency as the volume of ethanol increased is due to the increase in the aﬃnity of the analyte for the
aqueous phase.
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Figure 7. Recovery of analytes depending on the volume of ethanol (dispersing solvent).

3.2.3. Eﬀect of Ionic Strength
The addition of salt solution increases the eﬃciency of extraction because the ionic strength of
the solution is increased and the salting out eﬀect occurs, which promotes the separation of the two
phases and reduces the loss of the extractant. The eﬀect of the addition of 300 μL electrolyte solutions
at a concentration of 1 mol L−1 of the following salts was tested: sodium chloride (NaCl), potassium
chloride (KCl) and calcium chloride (CaCl2 ). The best extraction eﬃciency was observed using a
sodium chloride solution (Table 2). After electrolyte selection, the concentration in the water sample
was selected. A series of solutions were prepared to which variable volumes of NaCl solution with an
initial concentration of 1 mol L−1 were added. It was found that the optimal concentration of NaCl for
the extraction of both analytes is 3 × 10−2 mol L−1 . The eﬀect of sodium chloride addition before and
after injection of the dispersant and extractant mixture was also investigated. It has been found that
the order of the electrolyte additive does not aﬀect the eﬃciency of the extraction.
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Table 2. Inﬂuence of the type of electrolyte on the eﬃciency of analyte extraction.

BUD

SULF

Type of Electrolyte

Recovery (%)

NaCl

90

KCl

57

CaCl2

72

NaCl

78

KCl

64

CaCl2

73

3.2.4. Inﬂuence of pH of Sample
The choice of pH on the eﬃciency of DLLME-SFO of BUD and SULF was checked. An aqueous
sample containing BUD has a pH in the range of 5–6, and the water sample containing SULF has a pH
of about 2–3. This parameter was changed in the range 2–12 by the addition of an appropriate volume
of solutions of 3 mol L−1 of hydrochloric acid and 2 mol L−1 sodium hydroxide. The microextraction
was performed by adding to the aqueous samples the optimized volume of the dispersant (1 mL of
ethanol) and extractant (100 μL 1-undecanol) mixture. It was found that the addition of the NaOH
solution signiﬁcantly reduces the eﬃciency of extraction of both analytes, while the acidic environment
causes an increase in the recovery value. The greatest value is observed with the addition of 50 μL
3 mol L−1 hydrochloric acid solution. The ﬁnal pH of the sample was 2.4.
3.2.5. Eﬀect of the Time and Speed of Shaking and Centrifugation
Another parameter optimized during DLLME-SFO was the time and speed of shaking the sample.
This process results in thorough mixing of the sample components and determining the equilibrium
in the solution. Samples were shaken successively for 5 and 10 min at four speeds ranging from
750 to 1500 rpm. The extraction eﬃciency without the sample shaking step was also checked. After
optimizing, the samples were shaken in the further studies at 1500 rpm for 10 min.
The next stage of the DLLME-SFO procedure was the centrifugation of the solution in order to
separate the organic phase from the aqueous one. The eﬀect of spin time and speed was changed
by changing individual centrifugation programs. They were centrifuged successively for 5, 10 and
15 min at three centrifugation speeds. It was found that the optimal spinning speed for both analytes
is 5000 rpm for 15 minutes. Using this centrifugation program enables the highest eﬃciency of
DLLME-SFO extraction. Too short a centrifugation time contributes to inaccurate phase separation.
The use of too high spin speeds results in a lower extraction eﬃciency.
3.3. Selectivity
The selectivity of the DLLME-SFO procedure against other biologically active substances was
studied. These substances were: diclofenac, ibuprofen, metronidazole, caﬀeine, acetylsalicylic acid,
ascorbic acid, levomepromazine, naproxen, and ranitidine. These compounds belong to diﬀerent
therapeutic classes, e.g., anti-inﬂammatory, analgesic or neuroleptic drugs. There is a probability
of occurrence of these compounds in water and wastewater samples, which is why they have been
selected as potential interferents for the determination of BUD and SULF. Moreover, the inﬂuence of
foreign ions present in water and wastewater samples such as Mg2+ , Ca2+ , Fe3+ , SO4 2− , PO4 3− , and
CO3 2− was investigated (Table 3). The tolerance limits were deﬁned as the level of foreign substances
causing an error of ±5% in determination of analytes. It was observed that DLLME-SFO procedure is
tolerant to inorganic ions (acceptable excesses are usually in the range of 20–50) with the exception
of iron ions. In the case of pharmaceuticals, the developed procedure is resistant to the presence of
biological active compounds such as metronidazole or ranitidine. The literature review shows that
selected chemical compounds have low octanol–water partition coeﬃcients (log Kow), for caﬀeine it is
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−0.07, for acetylsalicylic acid 1.25 and for metronidazole −0.02. In the DLLME-SFO extraction, low
polarity solvents like 1-undecanol cannot extract polar compounds.
Table 3. The excess of interferences causes 5% error in HPLC-UV determination of BUD and SULF.
BUD (5 × 10−5 mol L−1 )

SULF (5 × 10−5 mol L−1 )

Diclofenac

5

15

Ibuprofen

5

5

Metronidazole

10

15
10

Interferent

Caﬀeine

10

Acetylsalicylic acid

20

3

Ascorbic acid

15

15

Levomepromazine

20

5

Naproxen

5

2

Ranitidine

20

10

Mg2+

20

15

Ca2+

20

20

Fe3+

3

2

SO4 2−

30

30

PO4 3−

50

40

2−

30

30

CO3

In summary, the developed method allows to determine BUD and SULF in the presence of other
compounds, so it is highly selective for selected chemical compounds.
3.4. Analytical Performance
The standard curves for the determination of BUD and SULF before and after the extraction were
recorded (ﬁve replicates). Chromatograms of extracts were recorded in which the concentration of
analytes ranged from 0.022–8.611 μg mL−1 and 0.020–7.968 μg mL−1 for BUD and SULF, respectively.
The calibration graphs for both analytes were linear over these concentrations. Correlation coeﬃcients
of curves equal to 0.999 ± 0.004 were obtained. Limit of detection (LOD) and quantiﬁcation (LOQ)
were calculated using standard deviation values (s) from 10 independent samples and the slope value
from the calibration graphs (a). The formulas: LOD = 3.3 s/a and LOQ = 10 s/a were used. Under the
optimum experimental conditions, the limit of detection (LOD) equal to 0.011 μg mL−1 for BUD and
0.012 μg mL−1 for SULF was achieved.
The enrichment factor (EF) was obtained from the ratio of the calibration curve slopes with and
without the preconcentration step. EFs were found to be 145.7 for BUD and 119.5 for SULF. The ﬁnal
amount of 1-undecanol after the DLLME-SFO process is 70 ± 5μL. Microextraction techniques allow
the use of small volumes of extractants. As a result, high enrichment factors are obtained, which allows
to reduce LOD and LOQ. The extraction recovery (R%) can be calculated as follows: R (%) = Vsed /Vaq
× EF × 100 where Vsed and Vaq are the volumes of the sedimented phase (0.07 mL) and sample solution
(10 mL), respectively [31]. High recovery rates were also obtained: 102% ± 7% and 84% ± 5% for BUD
and SULF, respectively.
The statistical evaluation of the recorded standard curves of BUD and SULF determination
after DLLME-SFO extraction was performed. The coeﬃcient of variation of the method for both
analytes does not exceed 5%, which proves the accuracy of the analytical procedure developed. The
precision of DLLME-SFO-HPLC-UV was evaluated over 10 independent replicates at a concentration of
1 × 10−5 mol L−1 during 1 day (intraday) and within 3 days (interday). The relative standard deviation
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(RSD) of the measurements was less than 4%. The analytical characteristic data for the proposed
method are summarized in Table 4.
Table 4. Analytical characteristic of DLLME-SFO-HPLC-UV method.

Beer’s low range (mol L−1 )

BUD

SULF

5 × 10−8 –2 × 10−5

5 × 10−8 –2 × 10−5

Beer’s low range (μg mL−1 )

0.022–8.611

0.020–7.968

Equation of calibration graph (n = 5)

y = 1.09 × 1011 x + 6 971

y = 1.15 × 1011 x − 6 390

Slope ± standard deviation SD

1.09 × 1011 ± 0.88 × 1010

1.15 × 1011 ± 0.98 × 1010

Intercept ± standard deviation SD

6 971 ± 1 102

6 390 ± 989
0.999 ± 0.004

Correlation coeﬃcient R2 ± standard deviation SD
Precision—intraday RSD (n = 10, %)

3.75

3.15

Precision—interday RSD (n = 10, %)

0.66

2.88

Limit of detection LOD (mol L−1 )

2.67 × 10−8

2.92 × 10−8

Limit of detection LOD (μg mL−1 )

0.011

0.012

Limit of quantiﬁcation LOQ (mol L−1 )

8.10 × 10−8

8.84 × 10−8

Limit of quantiﬁcation LOQ (μg mL−1 )

0.035

0.035

Enrichment factor EF

145.7

119.5

Recovery ± standard deviation SD (%)

102 ± 7

84 ± 5
70 ± 5

Volume of extract (μL)

In comparison with other techniques (Table 5), the developed method (DLLME-SFO-HPLC-UV) is
characterized by high EFs values (in other methods, this parameter is skipped) and relatively low values
of LOQ. Typically, the SPE technique is used to separate BUD and SULF from matrices using Oasis MCX
or HLB sorbents. These sorbents can be repeatedly used, but the necessary step is the conditioning of
the sorbent using relatively large amounts of solvents. The other microextraction techniques used to
isolate these drugs are unknown. So, it is the ﬁrst time that the microextraction technique (DLLME-SFO)
which requires the low consumption of organic solvent is used for simultaneous isolation of BUD and
SULF from environmental matrices. In addition, the LC-MS/MS method is a commonly used method
that allows to achieve lower LOD and LOQ values, but requires the use of solvents of higher purity
and consequently is more expensive in comparison with HPLC-UV.
Table 5. The comparison of elaborated procedure (DLLME-SFO-HPLC-UV) with other techniques.
Determination
Method

Sample

Isolation Technique

LOQ

EF

Lit.

Surface water, wastewater

SPE

Soils

SPE (Oasis HLB sorbent)

LC-MS/MS

4.2–5.8 ng L−1

nd

[17]

LC-MS/MS

2.84 ng g−1

nd

Surface water, wastewater
samples

[18]

DLLME-SFO

HPLC-UV

0.035 μg mL−1

145.7

This method

Surface water

SPE

Surface water, wastewater

SPE (Oasis MCX sorbent)

UPLC-MS/MS

5 ng L−1

nd

[21]

UPLC-ESI/MS/MS

1.5 ng L−1

nd

Human serum

nd

[20]

HPLC-DAD

0.1 ng μL−1

nd

Human serum

[10]

nd

HPLC-UV

0.5 μg mL−1

nd

Surface water, wastewater

[32]

DLLME-SFO

HPLC-UV

0.035 μg mL−1

119.5

This method

BUD

SULF

Nd - No data.
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3.5. Application to Natural Samples
The method was successfully applied for the determination of SULF and BUD in natural samples.
Two types of water (river water and wastewater samples) were analyzed by HPLC-UV after the
DLLME-SFO procedure. The samples came from the Biała river, and the wastewater samples from the
Municipal Sewage Treatment Plant (Poland).
The samples were then spiked with analytes standard solutions at diﬀerent levels to assess matrix
eﬀects and the corresponding relative recoveries. Three samples of river water and wastewater were
prepared, to which known amounts of budesonide and sulfasalazine were added (the concentration
of added analytes was 5 × 10−6 mol L−1 ). Subsequently, the DLLME-SFO extraction procedure and
HPLC-UV measurement were carried out. The results are summarized in Table 6.
Table 6. Results of BUD and SULF in Biała river and wastewater samples by the proposed
chromatographic method with isolation by DLLME-SFO extraction.

Sample

Added
Concentration
of Analyte
(mol L−1 )

Concentration
of Found
Analyte
(mol L−1 )

RSD (n = 3, %)

Average
Recovery ± SD
(%)

5.11 × 10−6 ± 3.97 × 10−7

7.8

102.1 ± 7.7

5.85 × 10−6 ± 1.02 × 10−7

1.7

117.1 ± 1.7

4.78 × 10−6 ± 4.03 × 10−7

8.4

95.5 ± 8.3

5.34 × 10−6 ± 3.06 × 10−7

5.7

106.7 ± 5.7

Average Concentration of
Found Analyte ± SD
(n = 3) (mol L−1 )
BUD

4.68 × 10−6
Biała river
5.00 ×

10−6

5.16 × 10−6
5.47 × 10−6
5.84 × 10−6

Wastewater

5.76 × 10−6
5.96 × 10−6

SULF
4.37 × 10−6
Biała river
5.00 × 10−6

5.17 × 10−6
4.79 × 10−6
5.15 × 10−6

Wastewater

5.69 × 10−6
5.17 ×

10−6

Based on the results, it can be concluded that the developed chromatographic procedure for the
determination of BUD and SULF combined with dispersive liquid–liquid microextraction based on
solidiﬁcation of ﬂoating organic droplet is an appropriate method. BUD and SULF are not found in
river water and wastewater samples in the range of concentrations tested.
4. Conclusion
A simple and practical preconcentration technique, dispersive liquid–liquid microextraction based
on the solidiﬁcation of a ﬂoating organic drop (DLLME-SFO) combined with HPLC-UV has been
evaluated for simultaneous extraction and determination of BUD and SULF. This is the ﬁrst time that
the DLLME-SFO technique was introduced for isolating these analytes from water and wastewater
samples. The eﬀective experimental parameters on the extraction eﬃciency such as extraction and
dispersive solvents, ionic strength, and pH were studied. Under the optimum experimental conditions,
the enrichment factors of 145.7 and 119.5 for BUD and SULF were obtained, respectively.
The calibration curves were linear for BUD and SULF in the range of 0.022–8.611 μg mL−1 and
0.020 –7.968 μg mL−1 with the limit of detection (LOD) 0.011 μg mL−1 and 0.012 μg mL−1 , respectively.
To the best of our knowledge, no method of determination of BUD and SULF described so far is
characterized by such high EF values. This is the main advantage of the described method. Moreover,
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high sensitivity, good isolation of analytes in less than 40 min method time and very low solvent
consumption (volume of extrahent equals 100 μL) were achieved. Additionally, a signiﬁcant reduction
in the usage of the mobile phase was achieved (the total time of HPLC-UV analysis was 5 min), which
further allowed the cost of analysis to be reduced. In conclusion, the HPLC-UV method was convenient,
precise and reproducible.
The developed method gives the possibility of detection of the analytes at low levels of
concentrations. The proposed method was successfully applied to the determination of BUD and SULF
in water and wastewater samples. As a result of the research, BUD and SULF were not found in the
analyzed samples.
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Abstract: Ultrasound-assisted emulsiﬁcation microextraction with solidiﬁcation of ﬂoating organic
droplet (USAEME-SFOD) has been applied to isolate hormones and other emerging contaminants
from groundwater samples. Simultaneously with the extraction process, derivatization in the matrix
was carried out using acetic anhydride. Quantiﬁcation of studied organic pollutants was done through
gas chromatography mass spectrometry (GC-MS). Hormones included β-estradiol (E2), estrone (E1),
and diethylstilbestrol (DES). Other compounds belonged to groups of pharmaceuticals (diclofenac
(DIC)), antiseptics (triclosan (TRC)), preservatives (propylparaben (PP) and butylparaben (BP)),
sunscreen agents (benzophenone (BPH), and 3-(4-methylbenzylidene)camphor (3MBC)), repellents
(N,N-diethyltoluamide (DEET)), industrial chemicals (bisphenol A (BPA), 4-t-octylphenol (4OP),
4-n-nonylphenol (4NP)). A non-toxic and inexpensive 1-undecanol was successfully used as the
extraction solvent. Volume of extractant and derivatization agent, ionic strength, and time of
extraction were optimized. Very low limits of detection (LoD) ranging from 0.01 to 5.9 ng/L were
obtained. Recoveries ranged from 90% to 123%, with relative standard deviation being lower than
17%. The developed procedure was used to determine target compounds in groundwater collected at
municipal waste landﬁlls as well as in groundwater from wells distant from sources of pollution.
Keywords: ultrasound-assisted emulsiﬁcation microextraction; solidiﬁcation of ﬂoating organic
droplet; gas chromatography-mass spectrometry; hormones; emerging contaminants; groundwater

1. Introduction
According to the most popular deﬁnition given by the United States Geological Survey, an emerging
contaminant (EC) is “any synthetic or naturally occurring chemical that is not commonly monitored in
the environment but has the potential to enter the environment and cause known or suspected adverse
ecological and/or human health eﬀects” [1,2].
NORMAN Network Europe (network of reference laboratories, research centers, and related
organizations for the monitoring and biomonitoring of emerging environmental substances)
diﬀerentiates between emerging substances and emerging pollutants. Emerging substances are
deﬁned as “substances that have been detected in the environment, but which are currently not
included in routine monitoring programs at EU level and whose fate, behavior, and (eco)toxicological
eﬀects are not well understood”. Emerging pollutants are deﬁned as “pollutants that are currently not

Water 2019, 11, 1638; doi:10.3390/w11081638

36

www.mdpi.com/journal/water

Water 2019, 11, 1638

included in routine monitoring programs at the European level and which may be candidates for future
regulation, depending on research on their (eco)toxicity, potential health eﬀects and public perception
and on monitoring data regarding their occurrence in the various environmental compartments” [3].
The EC group contains substances which vary in regard to their chemical structure, toxicity,
and environmental behavior and includes, among others, industrial additives and by-products,
personal care products, and human and animal pharmaceuticals (PPCPs), surfactants, ﬂame retardants,
hormones, and sterols [3]. This list is not complete and each year is extended with newly-detected
artiﬁcial contaminants as well as naturally occurring trace compounds. In recent years it has expanded
through the inclusion of nanomaterials and microplastic particles [4]. More than 2100 scientiﬁc studies
published between 2007 and 2016 have proven that ECs, as biologically active compounds, exhibit
a potential risk to humans, plants, and/or animals [2]. Many of them are able to alter the normal
hormone function of wildlife and humans by mimicking or magnifying the eﬀects of endogenous
hormones, disrupting their synthesis and activity or the operation of hormone receptors. Strongest
endocrine activity is demonstrated by natural and synthetic hormones which are introduced into the
environment with insuﬃciently treated wastewater [5,6]. Estrone (E1) and β-estradiol (E2) are two
common forms of natural estrogen secreted by the human body which are frequently found in aqueous
environments. This is especially true in respect to E2 due to its widespread use as a contraceptive and
in hormone replacement therapy (HRT). Another non-steroidal synthetic estrogen, diethylstilbestrol
(DES), has been formerly used medicinally to prevent stillbirths and as a growth stimulant in feed
given to poultry, cattle, and sheep. Despite the fact that its eﬀects have been proven harmful it is still
used in the treatment of breast and prostate cancer and, in some countries, in HRT [7,8]. Additionally,
it has been shown that compounds making up some personal care products and industrial chemicals
exhibit hormonal activity. The largest number of studies conﬁrming their eﬀect on the endocrine
system is related to bisphenol A (BPA). It is suspected that estrogenic activity of BPA increases the
risk of developing breast cancer in humans and may act as an antiandrogen causing feminizing side
eﬀects in men [9–12]. Other ECs, including, for example, propylparaben (PP), butylparaben (BP),
3-(4-methylbenzylidene)camphor (3MBC), 4-t-octylphenol (4OP), 4-n-nonylphenol (4NP), and triclosan
(TRC), have also been conﬁrmed or suspected of having endocrine disrupting eﬀects on the functioning
of estrogen, androgen, prolactin, insulin, or thyroid hormones. It is supposed that continuous exposure
to some ECs causes increased birth weight in children, adult fat gain, diabetes, and may potentially
aﬀect eating disorders [9,10,13–15].
In recent years, micro-extraction in the liquid–liquid system (LLME) has become one of the
most widely used techniques for the preparation of samples for EC determination [16,17]. The most
commonly used LLME modiﬁcation is a dispersive liquid–liquid microextraction (DLLME), developed
in 2006 by Rezaee et al. [18]. This technique uses a ternary system consisting of an examined
aqueous solution, an extraction solvent, and a dispersing solvent. The formation of the emulsion
results in an unlimited contact area between two aqueous and organic phases producing prompt
mass exchange. It is possible; however, to avoid the addition of a dispersing solvent to form the
emulsion through the use of ultrasonic radiation. In 2008, Regueiro et al. [19] used ultrasound for the
ﬁrst time to support microextraction in a liquid–liquid system, developing the ultrasound-assisted
emulsiﬁcation-microextraction technique (USAEME). In liquid–liquid microextraction techniques it is
usual to use solvents which are heavier than water, although these substances are mostly chlorinated.
This is due to the fact that after the extraction process the microdroplet of the organic solvent in which
the analyte is dissolved is located at the bottom of the tube. Its collection (e.g., with a syringe) is
relatively easy, especially if test tubes with a conical bottom are used. In case of solvents that are
lighter than water, it is much more diﬃcult to separate the microdroplet of the organic solvent from the
aqueous phase. One solution which facilitates work with such solvents uses the process of solidifying
the ﬂoating solvent drop. The technique using the process of solidiﬁcation of the ﬂoating organic drop
microextraction (SFODME) was introduced in 2007 by Khalili Zanjani et al. [20]. In this technique,
after the extraction process, the sample is placed in an ice bath to solidify the drop of the organic solvent
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in the upper part of the vessel in which the extraction is carried out. The drop is then transferred
to a vial where it melts at room temperature. The solidiﬁcation of the ﬂoating organic drop (SFOD)
technique is combined with various liquid–liquid microextraction variants and used to determine both
organic compounds and metal ions in various types of matrices [21–26].
In this study, a simple and sensitive analytical procedure for simultaneous determination of
hormones and other EC compounds most frequently detected in surface water bodies is optimized.
USAEME-SFOD is used for the separation and preconcentration of analytes, whereas GC-MS in the
selected ion monitoring (SIM) mode is applied for their quantiﬁcation. The inﬂuence of extraction
and derivatization parameters (i.e., the type of organic solvent and solvent volume, extraction time,
derivatization reagent volume, and amount of buﬀering salt) on analyte recovery is investigated.
The developed USAEME-SFOD/GC-MS procedure was used to assay target compounds in groundwater
samples from northeastern Poland. To our knowledge, this is the ﬁrst study utilizing USAEME with a
non-chlorinated solvent for the determination of studied compounds. The presence of compounds
from the EC group in groundwater has been largely unexplored, especially when compared to surface
and marine waters, and this work may provide important knowledge within this area.
2. Experimental
2.1. Reagents and Solvents
Materials, PP, BP, BPH, 3MBC, N,N-diethyltoluamide (DEET), OP, NP, TRC, BPA, diclofenac (DIC),
E1, E2, DES, tricosane, and 1-undecanol, were obtained from Sigma-Aldrich (Darmstadt, Germany).
Methanol and anhydrous disodium hydrogen phosphate (V) were provided by POCH (Gliwice,
Poland). Acetic anhydride was purchased from Chempur (Piekary Ślaskie,
˛
Poland). Stock solutions of
each analyte (at 1 mg/mL of each) were prepared separately in methanol and stored at −18 ◦ C for a
period not exceeding one month. Working solutions were prepared by diluting the stock standard
solution in methanol and storing them at −18 ◦ C not longer than two weeks. Deionized water was
obtained using a puriﬁcation system (Milli-Q RG, Millipore, Burlington, MA, USA) and stored in
glass bottles.
2.2. Groundwater Samples
Samples of groundwater were collected from six deep wells (the surface of water was at a depth of
15–46 m) and ﬁve shallow wells (the surface of the water was at a depth of 3–8 m) used for individual
water supply. The wells are located in a region which is not directly aﬀected by industrial sources of
pollution. Samples of groundwater from contaminated sites (twelve) were collected from monitoring
wells located in two municipal solid waste (MSW) landﬁll sites of non-hazardous and inert waste.
All the sampling points were located in northeastern Poland. The geological structure of areas from
which the samples were taken consists of clay–sand–gravel deposits. Samples were collected in glass
bottles with Teﬂon-lined caps that were rinsed with the sample water on site and immediately carried
to the laboratory where, upon arrival, they were ﬁltered through a 0.45 μm pore size membrane ﬁlter
and stored at −18 ◦ C.
2.3. The Procedure of Ultrasound-Assisted Emulsiﬁcation Microextraction with Solidiﬁcation of Floating
Organic Droplet (USAEME-SFOD) Coupled with In Situ Derivatization
For the simultaneous USAEME-SFOD and derivatization aliquots of 5 mL water samples were
placed in 10 mL glass centrifuge tubes containing previously weighted 0.25 g of sodium hydrogen
phosphate. The extraction solvent (1-undecanol, 20 μL) consisting of tricosane (5 μg/L) as an internal
standard and the derivatization reagent (acetic anhydride, 250 μL) were added to the water sample
and mixed. Immediately after, the tube was immersed in the ultrasonic Unitra Unima (Warsaw,
Poland) water bath. Extractions were performed at 42 kHz ultrasound frequency and 230 W power
for the duration of 8 min at room temperature. Emulsions were separated using centrifugation at
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4000 rpm/min for 4 min in an MPW-250 Med. Instruments (Warsaw, Poland) laboratory centrifuge.
After this process, the droplet of organic phase ﬂoated at the top of the test tube. The test tube was
then cooled in an ice bath. After ﬁve minutes, 1-undecanol solidiﬁed and was transferred into a 150 μL
micro vial with an integrated insert. It melted quickly at room temperature and GC-MS analysis of 1 μL
of obtained solution was then performed as described in Section 2.4. The course of the USAEME-SFOD
is shown in Figure 1.

Figure 1. Stages of ultrasound-assisted emulsiﬁcation-microextraction with solidiﬁcation of the ﬂoating
organic drop (USAEME-SFOD): (a) Placing test solution in a test tube; (b) adding acetic anhydride;
(c) adding 1-undecanol; (d) subjecting the sample to sonication; (e) sample after sonication; (f) placing
the tube in a centrifuge; (g) cooling in an ice bath; (h) a solid drop of solvent; (i) transferring the drop
into a chromatography vial; (j) sample ready for GC-MS analysis.

2.4. GC-MS Conditions
Analysis was performed with an HP 6890 gas chromatograph coupled with a MSD5973
mass spectrometric detector and an HP 7673 autosampler (Agilent Technologies, Santa Clara, CA,
USA). This device was equipped with an HP-5MS (5% phenylmethylsiloxane) column (size 30 m
length × 0.25 mm; i.e., coated with 0.25 μm ﬁlm thickness) and split/splitless injector. The injector
was set to work in the splitless mode. Helium of 99.999% purity was used as a carrier gas at a ﬂow
rate of 1 mL/min. The injector temperature was set at 250 ◦ C. The oven temperature program started
from 160 ◦ C and increased at increments of 2 ◦ C/min to 170 ◦ C (held for 2 min), 6.44 ◦ C/min to 226 ◦ C
(held for 1 min), 10 ◦ C/min to 233 ◦ C (held for 2.5 min) and 10 ◦ C/min to 300 ◦ C (held for 4 min).
The total run time was 26 min with the solvent delay time reaching 5.7 min. The MS detector worked
in selected ion monitoring (SIM) mode. The electron impact source temperature was 230 ◦ C with
electron energy of 70 eV. The quadrupole temperature was 150 ◦ C and the GC interface temperature
was 280 ◦ C. The chromatogram obtained during the GC-MS analysis of BPH, DEET, 3MBC, BPA, PP,
BP, DES, DIC, OP, NP, E1, E2, and TRC together with the internal standard after USAEME-SFOD with
in-situ acetylation is presented in Figure 2. The MS spectra of target compounds are given in Figure S1
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(Supplementary Material). The chromatographic parameters, molecular weights of target compounds,
together with quantiﬁcation and identiﬁcation ions are shown in Table 1. Based on the registered
chromatograms, the relative areas of the chromatographic peaks were determined by dividing the
values of the obtained peak areas of tested compounds by the peak area of the tricosane.

Figure 2. Chromatogram obtained during the GC-MS analysis: (1) N,N-diethyltoluamide (DEET),
(2) benzophenone (BPH), (3) propylparaben (PP), (4) butylparaben (BP), (5) 4-t-octylphenol
(4OP),(6) 4-n-nonylphenol (4NP), (7) 3-(4-methylbenzylidene)camphor (3MBC), (8) diclofenac (DIC),
(9) triclosan (TRC) (10) tricosane (internal standard), (11) bisphenol A (BPA), (12) diethylstilbestrol
(DES), (13) estrone (E1), (14) β-estradiol (E2).
Table 1. Retention times, molecular weights of target compounds, together with quantiﬁcation and
identiﬁcation ions.

Analyte

Group

Formula

Molar Weight
(MW), (g/mol)

Chemical
Abstracts
Service
Number

Retention
Time (min)

Quantiﬁcation
and
Identiﬁcation
Ion (m/z)

E2

Natural steroid
hormone

C18 H24 O2

272

50-28-2

25.05

43, 146, 272

E1

Natural steroid
hormone

C18 H22 O2

270

53-16-7

24.81

185, 270, 272

DES

Artiﬁcial
non-steroid
hormone

C18 H20 O2

268

56-53-1

21.87

268, 310, 352

DIC

Non-steroidal
anti-inﬂammatory
drug

C14 H11 Cl2 NO2

296

15,307-79-6

16.24

214, 242, 277

PP

Preservative

C10 H12 O3

180

94-13-3

6.71

121, 138, 180

BP

Preservative

C11 H14 O3

194

94-26-8

8.90

121, 138, 194

BPH

UV ﬁlter

C13 H10 O

182

119-61-9

6.41

77, 105, 182

3MBC

UV ﬁlter

C18 H22 O

254

36,861-47-9

14.47

128, 171, 254

DEET

Repellent

C12 H17 NO

191

134-62-3

5.46

91, 119, 190

4OP

Nonionic
surfactant

C14 H22 O

206

1806-26-4

10.96

43, 107, 206

4NP

Nonionic
surfactant

C15 H24 O

220

84,852-15-3

12.85

43, 107, 220

BPA

Substrate in the
production of
plastics

C15 H16 O2

228

80-05-7

19.53

213, 228, 270

TRC

Antiseptic

C12 H7 Cl3 O2

289.5

3380-34-5

16.39

218, 288, 290
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3. Results and Discussion
3.1. Optimization of Extraction and Derivatization Procedure
3.1.1. Selection of an Extraction Solvent
The eﬃciency of the liquid–liquid extraction process depends on the physico-chemical properties,
such as water solubility (it has to be as low as possible) and its polarity or aﬃnity to the isolated
compounds (it has to be as high as possible), of the solvent used. Additionally, the selected organic
solvent should exhibit low volatility and toxicity, and proper chromatographic behavior. The additional
feature of the chosen solvent required for its application in USAEME is the ability to form an emulsion
during the extraction procedure. To make solidiﬁcation of the solvent droplet possible the melting point
of the solvent should be near room temperature. Four solvents were tested (Table 2) for their usability
in the isolation of studied compounds. Based on an analysis of their physicochemical properties and
on preliminary tests, 1-dodecanol and n-hexadecane were eliminated. The former is characterized
by a melting temperature that is too high and becomes solid during extraction, which would require
conducting the experiments at an elevated temperature. The high boiling point of n-hexadecane
masked a large part of the obtained GC-MS chromatogram making determination of some analytes
impossible. As the extraction eﬃciency of 1-undecanol and 2-dodecanol were similar, 1-undecanol
was chosen for further studies due to its lower boiling point allowing the GC-MS determination of
more endocrine disrupting compounds (less chromatogram coverage).
Table 2. Solvents tested for target compounds extraction by USAEME-SFOD.
Solvent

CAS

Molar Mass (g/mol)

Melting Point (◦ C)

Boiling Point (◦ C)

Density (g/mL)

1-Undecanol
2-Dodecanol
1-Dodecanol
n-Hexadecane

112-42-5
10,203-28-8
112-53-8
544-76-3

172.31
186.34
186.34
226.41

13
18
24
18

243
250
259
286.8

0.830
0.829
0.831
0.773

3.1.2. Selection of Solvent Volume
The analyte extraction eﬃciency strongly depends on the volume of the solvent used. Usually,
a decrease in the volume of the organic phase produces higher enrichment of the analyte. The use of as
small as possible amount of organic phase improves the limits of detection (LoD) and quantiﬁcation
(LoQ) of the applied detection technique. What is more, using the smallest possible amounts of solvents
conforms to the guidelines of “green chemistry”.
In order to obtain the highest extraction eﬃciency of the USAEME-SFOD procedure, the volume
of extraction solvent was optimized. For this purpose, diﬀerent volumes of 1-undecanol within the
range of 20–70 μL were examined (Figure 3). The obtained results showed that a decrease in the
solvent volume resulted in the elevation of peak areas of analyzed compounds. It was determined
that the use of 20 μL of 1-undecanol, the smallest volume making the introduction of the sample into
the chromatograph with an autosampler possible, allowed the collection of 10 to 12 μL of solvent
after the extraction process. Therefore, a volume 20 μL of 1-undecanol was deemed to be optimal in
further studies.
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Figure 3. The inﬂuence of the 1-undecanol volume on isolation eﬃciency.

3.1.3. Eﬀect of Derivatization Reagent Volume
Ten of the thirteen examined endocrine compounds contain a hydroxyl or phenol group in their
molecule, requiring appropriate conversion increasing volatility and thermal stability to improve their
adaptation to GC-MS analysis. For this purpose, derivatization in the matrix using acetic anhydride
was chosen and was carried out simultaneously with the extraction procedure. Besides providing
chromatographic advantages, acetylation also improves the sensitivity of the method, as the extraction
eﬃciency of the acetates formed in the reaction is much higher than the yield of phenol extraction [27].
In-situ derivatization with acetic anhydride is simple as well as fast, having little eﬀect on the duration
and complexity of the analytical procedure [28]. The acetylation reaction has been conﬁrmed through
the appearance within the spectrum a peak of 42 (or 84) units higher than the molecular weight of the
compound being determined (see Figure S1, Supplementary Material). The eﬀect of the volume of
acetic anhydride on the relative peak area was studied in the range 60–250 μL (Figure 4). The results
indicated that the volume of acetic anhydride equal to 250 μL is optimum, providing the highest
eﬃciency of extraction. The use of large volumes of acetic anhydride is advantageous because it
provides eﬀective derivatization in the case of environmental samples with an unknown concentration
of analytes. In addition, during the isolation, a reaction between the acetic anhydride and the solvent,
which is the primary alcohol, undoubtedly takes place. A large stoichiometric excess of acetic anhydride
means that the occurring reaction does not aﬀect the process of derivatization of analytes, which is also
conﬁrmed by studies described in the literature [28].
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Figure 4. The inﬂuence of the volume of acetic anhydride on isolation eﬃciency.

3.1.4. Eﬀect of Type and Amount of Buﬀering Salt
The acylation reaction requires the presence of buﬀer salt with sodium hydrogen carbonate,
being most frequently used for this purpose. However, this substance turned out to be unsuitable
for the USAEME-SFOD procedure, since the use of NaHCO3 resulted in the appearance of carbon
dioxide bubbles which interfered with the agglomeration of the organic phase and was replaced with
sodium hydrogen phosphate. The addition of salt to the solution also causes a salting-out eﬀect which
positively aﬀects the eﬃciency of the extraction. To ﬁnd the optimal concentration of salt, a series of
experiments was performed using solutions with salt concentrations between 0% and 10%. Figure 5
shows the inﬂuence of sodium hydrogen phosphate concentration on the extraction eﬃciency of
target compounds. It can be seen that the best results were obtained with the 10% solution and this
concentration was used in subsequent experiments.
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Figure 5. The inﬂuence of sodium hydrogen phosphate concentration on isolation eﬃciency.

3.1.5. Eﬀect of the Simultaneous Derivatization/Extraction Time
Literary data indicates that acetylation is a fast process which can be conducted with 100%
eﬃciency within a time of two minutes [29]. Therefore, the rate of simultaneous derivatization and
extraction is mainly related to the time required to achieve equilibrium in the distribution of the analyte
between the aqueous and organic phases, which is of a great signiﬁcance in all extraction procedures.
When it comes to USAEME, extraction time is considered as the time between injection of the extraction
solvent and the end of the sonication stage [30]. In order to select a time interval that ensures the highest
eﬃciency of extraction, the isolation of studied compounds was done using varying sonication times
ranging from 2 to 15 min (Figure 6). For the majority of the examined compounds the time of 8 min
was enough to establish equilibrium between the aqueous and organic phases, a fact that can be clearly
seen on the graph. In case of BPH and 3MBC, equilibrium concentrations in the 1-undecanol–water
system were achieved after only two minutes of extraction. For DIC, TRC, and E1, slightly higher
extraction eﬃciency was registered after 12 min of sonication. Since it is known that the achievement
of equilibrium is not necessary for repetitive extraction in the liquid–liquid system, a time of 8 min was
chosen as suﬃcient to perform the sample preparation procedure. The choice of this extraction time
was also related to the fact that, for some acetylated compounds, a decrease of concentration in the
organic phase was observed with the extension of the sonication time. The negative eﬀect of extraction
time elongation on extraction eﬃciency suggests that the derivatives may have slowly hydrolyzed to
their free form after coming in contact with the aqueous phase.
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Figure 6. The inﬂuence of the extraction time on isolation eﬃciency.

3.2. Method Validation
Method validation was done using real groundwater samples, for which the absence of determined
compounds was conﬁrmed, as the sample matrix. Table 3 presents an overview of the method’s
linearity studies. Table 4 shows limits of detection and quantiﬁcation repeatability and trueness of
the developed method as well as a comparison with values obtained when USAEME is used with
solvent having a density higher than water. Within the studied concentration range 0.001–10 μg/L,
calibration graphs were linear and corresponded with the expected concentrations in groundwater.
It has been proven that conducting determinations based on a standard curve with a wide dynamic
range (above two orders of magnitude) leads to substantial errors at low concentrations. In order to
improve the accuracy of the determinations, the dynamic range was divided into two (low and high)
operating scopes—0.001–0.05 μg/L and 0.05–10 μg/L—and validation of both scopes was performed.
As can be seen in Table 3, the equations of the calibration curves for the low and high operating
scopes diﬀer, conﬁrming the correctness of the approach used. Good linearity with coeﬃcient of
determination (r2 ) ranging from 0.990 to 0.999 for the high operating scope, and from 0.985 to 0.997 for
the low operating scope, was obtained. Relative standard deviation (RSD) of the determination ranged
from 6.7% to 16.8%, depending on the compound being analyzed. Analyte limits of quantiﬁcation
deﬁned as a signal to noise ratio (S/N) equal to 10 ranged from 0.05 to 19.5 ng/L; the limits of detection,
deﬁned as S/N ratio equal to 3, were between 0.01 and 5.9 ng/L. Recovery obtained from groundwater
samples spiked at concentration levels of 0.03 μg/L were between 93% and 123%, while for samples
spiked at concentration 4 μg/L were between 90% and 112%. A comparison of parameters obtained
through the utilization of the USAEME-SFOD/GC-MS method developed using 1-undecanol as an
extractant, with those attained by applying the USAEME/GC-MS method using chloroform as an
extractant [31], shows that the accuracy and precision of both methods are similar, while the sensitivity
of the method developed in this work is much better, primarily resulting from the smaller volume
of 1-undecanol (20 μL) used for extraction compared to chloroform (70 μL), lower water solubility
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of 1-undecanol (5.7 mg/L) than chloroform (0.8 g/L), and, most likely, a higher solubility of target
compounds in 1-undecanol.
Table 3. Overview of the method’s linearity studies.
Equation of the Calibration Curve *
Analyte
E2
E1
DES
DIC
PP
BP
BPH
3MBC
DEET
4OP
4NP
BPA
TRC

Range I
(0.001–0.05 μg/L)
y = 2835.0x + 254.5
y = 7036.5x + 234.7
y = 3102.3 + 292.2
y = 6120.7x + 309.9
y = 30,653.4x + 1269.4
y = 191,925.7x + 7247.8
y = 4671.2x + 128.3
y = 8894.3x + 1231.8
y = 31,697.4x + 658.1
y = 10,575.9x + 236.2
y = 119,133.7x + 3285.2
y = 6070.4x + 215.5

Range II
(0.05–10 μg/L)

Coeﬃcient of Determination (r2 ) *
Range I
(0.001–0.05 μg/L)

Range II
(0.05–10 μg/L)

0.9970
0.9949
0.9894
0.9891
0.9872
0.9944
0.9901
0.9853
0.9935
0.9890
0.9916
0.9869

0.9982
0.9965
0.9974
0.9929
0.9993
0.9960
0.9993
0.9978
0.9988
0.9962
0.9904
0.9974
0.9994

y = 1940.2x − 144.7
y = 5214.1x − 570.5
y = 5105.1x − 861.9
y = 1490.7x + 500.0
y = 5807.8x + 799.4
y = 9395.7x + 2330.7
y = 7793.9x + 16284.3
y = 2580.6x + 113.7
y = 3955.3x + 1761.6
y = 18,968.0x − 298.7
y = 8932.6x + 293.0
y = 10,428.7x + 6435.3
y = 4535.3x + 674.8

* Real groundwater was used as the sample matrix in method validation.

Table 4. Limits of detection and quantiﬁcation, repeatability, and trueness of the developed method,
and its comparison with values obtained when the solvent with a density higher than water (chloroform)
is used.
USAEME-SFOD/GC-MS (This Work) *
Analyte

E2
E1
DES
DIC
PP
BP
BPH
3MBC
DEET
4OP
4NP
BPA
TRC

Recovery (%)
0.03 μg/L

4.00 μg/L

RSD
(%)

121.3
96.7
93.3
116.7
120.0
110.0
120.7
113.8
113.3
112.9
123.1
123.3

90.2
111.5
90.1
99.1
95.5
92.2
103.7
93.7
99.5
93.1
97.7
94.7
96.1

15.5
16.7
16.8
11.4
13.5
13.8
8.9
11.0
10.4
13.9
6.7
15.8
10.2

USAEME/GC-MS (From Literature [31]) *

LoD
(ng/L)

LoQ
(ng/L)

Recovery (%)
1 μg/L

RSD
(%)

LoD
(ng/L)

LoQ
(ng/L)

5.9
1.54
0.04
0.17
0.05
0.04
0.03
0.04
0.02
0.02
0.01
0.04
0.04

19.5
5.10
0.12
0.56
0.16
0.15
0.11
0.15
0.05
0.07
0.05
0.12
0.14

103
103
101
110
97
126
105
116
117
105
101
107
134

14.3
10.3
13.7
12.1
12.4
14.0
16.2
11.2
17.3
10.3
14.7
15.6
15.8

130.73
8.92
88.36
149.55
23.62
10.21
2.97
3.01
1.50
1.50
2.94
1.49
2.48

435.77
29.73
294.54
498.48
47.24
34.03
9.90
10.00
4.99
5.00
9.80
4.98
8.26

RSD—relative standard deviation; LoD—limit of detection; LoQ—limit of quantiﬁcation. * Real groundwater was
used as the sample matrix in method validation.

3.3. Groundwater Analysis
In order to complete the validation of the proposed procedure, it was applied for the determination
of PP, BP, BPH, 3MBC, DEET, OP, NP, TRC, BPA, DIC, E1, E2, and DES in groundwater samples
from deep wells and shallow wells used for individual water supply, as well as groundwater from
monitoring wells located in municipal solid waste landﬁll sites. Analysis results are shown in Table 5.
One hormone (E1) and nine other ECs (with the exception of 3MBC) were identiﬁed in the groundwater
samples in concentrations higher than LoD. The most frequently detected compounds were BPA
(detection frequency 78%), DEET (detection frequency 61%), and BPH (detection frequency 57%).
Literature information from other studies shows that BPA and DEET were identiﬁed as the most
commonly detected ECs in groundwater [32–36] with BPH being previously identiﬁed as one of the
most widespread ECs in groundwater located under MSW landﬁlls [31,37–39].
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Table 5. The ECs concentrations (ng/L; range and median) in groundwater samples from deep wells,
shallow wells, and monitoring wells located in two municipal solid waste (MSW) landﬁll sites with
detection frequencies.

Analyte

E2
E1
DES
DIC
PP
BP
BPH
3MBC
DEET
4OP
4NP
BPA
TRC

Groundwater Samples from
Drilling Wells (NS = 6)

Groundwater Samples from
Shallow Wells (NS = 5)

Groundwater Samples from MSW
Monitoring Wells (NS = 12)

Range
(ng/L)

Median
(ng/L)

d.f.

Range
(ng/L)

Median
(ng/L)

d.f.

Range
(ng/L)

Median
(ng/L)

d.f.

n.d.
n.d.
n.d.
n.d.
n.d.
n.d.
n.d.
n.d.
n.d.–2
n.d.
n.d.
n.d.–98
n.d.

2
53
-

0
0
0
0
0
0
0
0
2
0
0
2
0

n.d.
n.d.
n.d.
n.d.
n.d.
n.d.
n.d.–124
n.d.
n.d.–21
n.d.–17
n.d.–8
n.d.–689
n.d.

6
11
124
-

0
0
0
0
0
0
1
0
2
2
1
4
0

n.d.
n.d.–309
n.d.
n.d.–312
n.d.–0.5
n.d.–0.2
0.5–3300
n.d.
n.d.–3
n.d.–25
n.d.–9
0.2–1050
n.d.–38

107
280
0.2
33
2
10
7
79
28

0
2
0
3
1
2
12
0
10
3
2
12
3

NS = number of samples, d.f. = detection frequencies, number of samples with concentration higher than LoD;
n.d—not detected.

All ten compounds, in concentrations ranging from 0.2 to 3300 ng/L, were detected in groundwater
samples from MSW monitoring wells, with BPH and BPA present in all samples. Insuﬃcient insulation
of ﬁelds on which waste is stored and lack of completely watertight installations used for collecting
landﬁll leachate are, in this case, the main source of the above mentioned compounds. In shallow wells,
ﬁve compounds (BPH, DEET, 4OP, 4NP, BPA), in concentrations from 0.1 to 689 ng/L, were detected.
Water in shallow wells originate from the near-surface usable aquifer associated with the sandy
ﬂuvioglacial and glacial sediments of the Upper Pleistocene [40]. The presence of ECs in these waters
results from it being fed directly by precipitation and meltwater. DEET and BPA, in concentrations
ranging 0.1–98 ng/L, were both detected in two deep wells. Deep-well water comes from the ﬁrst main
usable deep water aquifer called the inter-renewable level. It occurs in ﬂuvioglacial works of the oldest
glaciation stages in Central Poland and in gravel and river sand interstadials [40]. The results indicate
that the two deep wells in which ECs were detected are aﬀected by seep water from shallow reservoirs
coming in contact with surface waters.
4. Conclusions
•

•

•

New analytical methodology based on ultrasound-assisted emulsiﬁcation microextraction with
solidiﬁcation of organic drop followed by GC-MS determination has been proposed for the
determination of three hormones and ten other ECs having a high environmental impact.
Scrutiny of the available literary sources showed that the present work is the ﬁrst to describe the
combination of the USAEME and SFOD methods for the extraction of target compounds from
any matrix.
High sensitivity of the developed procedure and satisfactory precision and accuracy enabled its
use for the determination of ECs in groundwater samples, which are usually characterized by low
contamination by anthropogenic compounds.
Analyses of groundwater have shown that even their deep seams can be contaminated with
compounds derived from industrial and everyday human activity. This is a particularly worrying
phenomenon since these resources are utilized as sources of high-quality drinking water.

Supplementary Materials: The following are available online at http://www.mdpi.com/2073-4441/11/8/1638/s1,
Figure S1: The MS spectra of target compounds registered after USAEME-SFOD with in-situ acetylation.
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Abstract: Polybrominated diphenyl ethers (PBDEs) are used as ﬂame retardants in several products,
although they can act as neurotoxic, hepatotoxic and endocrine disruptors in organisms. In Brazil,
their levels in aquatic sediments are poorly known; thus, concerns about the degree of exposure of
the Brazilian population to PBDEs have grown. This study aimed to quantify the presence of PBDEs
in sediment samples from an important groundwater water supply in Ribeirao Preto, Brazil, and to
contribute to studies related to the presence of PBDEs in Brazilian environments. Gas chromatography
coupled with Electron Capture Detection (GC-ECD) was used for quantiﬁcation after submitting
the samples to ultrasound-assisted extraction and clean-up steps. Results showed the presence of
six PBDE, BDE-47 being the most prevalent in the samples, indicating a major contamination of the
penta-PBDE commercial mixture. The concentration of ΣPBDEs (including BDE-28, -47, -66, -85,
-99, -100, -138, -153, -154 and -209) varied between nd (not detected) to 5.4 ± 0.2 ng g−1 . Although
preliminary, our data show the anthropic contamination of a direct recharge area of the Aquifer
Guarani by persistent and banned substances.
Keywords: PBDE; sediment; Guarani aquifer; persistent organic pollutants; ﬂame retardants

1. Introduction
Polybrominated diphenyl ethers (PBDEs) are a group of pollutants that has gained notoriety in
recent decades due to their increased level in biotic and abiotic samples, not to mention several “in vitro”
and “in vivo” assays that have evidenced their potential to cause damage [1–7]. PBDEs belong to the
group of brominated ﬂame retardants (BFRs) that were introduced in the 1970s as an alternative to
other banned ﬂame retardants such as polychlorinated biphenyls (PCB) and polybrominated biphenyls
(PBBs) [8,9].
PBDEs are applied as a security system to retard, suppress, or inhibit the combustion process,
thereby reducing risks of ﬁres [9–11]. They are used in electronic devices like televisions and computers,
circuit boards, cables, automotive components, and construction materials; they are also employed in
the textile industry [12,13]. The chemical structure of PBDEs comprises of two phenyl rings linked by
an ether bond, which enables up to 10 substitutions with bromine and leads to up 209 congeners with
Water 2019, 11, 1601; doi:10.3390/w11081601
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distinct physicochemical characteristics, depending on the order of chemical bromine substitution [2,14].
These compounds are also considered harmful persistent organic pollutants because they are little
soluble in water, have high octanol-water partition coeﬃcient (Kow ), can persist in the environment,
can accumulate in living organisms [15], and have shown toxicity to several organisms.
Dispersion of these compounds in the environment is aggravated by their weak chemical
interaction with the surface of polymers, which facilitates their removal from manufactured products as
well as their volatilization and dust formation during the use of treated products [8]. Their lipophilicity
and persistence contribute to their accumulation in biota, soil, air particles, sewage, aquatic particles,
sediments, and food [12,16]. PBDEs have been detected even in polar regions due to transport
mechanisms in diﬀerent trophic systems [17–19].
Once released into the environment, PBDEs can accumulate in house dust and food, and they can
be biomagniﬁed along the food chain [20–24]. Therefore, humans may be exposed to PBDEs when they
inhale dust [22,25] and/or ingest contaminated food. The absorption of PBDEs is worrisome because
these compounds are endocrine disrupting chemicals [26,27] and can thus lead to several diseases
of the endocrine system [28,29]. There have also been evidences of their neurotoxicity [30–32] and
hepatoxicity [5–7]. The toxic eﬀects of PBDEs to humans and other organisms are related to the original
substances and also to their metabolites, such as OH-PBDEs, that are formed by their metabolization
by cytochrome P450s enzymes [33–35].
Levels of PBDEs ranging from 0.04 ng g−1 to 527,000 ng g−1 have been found in sediment and
dust [36–40]. Such levels depend on factors that include local anthropogenic activities, presence of
degrading microorganisms, and environmental photodegradation [41–43].
The use of PBDEs has been restricted and/or prohibited in parts of the world, such as Europe
Union, United States of America, Japan and Australia and some congeners banished by the Stockholm
Convention on persistent organic pollutants (POPs), a convention aiming to protect human health and
the environment from POPs. However, there are no restrictions on the use of PBDEs in other locations,
such as Brazil, even though the country has already ratiﬁed its signature to the convention, which
has culminated to exposure to unknown concentrations of PBDEs in diﬀerent regions [44]. Currently,
knowledge of the levels of exposure to PBDEs in Brazil are limited because there are few reports about
their presence in abiotic and biotic samples [2,11,45].
In Brazil, some sites are interesting targets to evaluate the level of environmental contamination
with PBDEs. For example, the city of Ribeirao Preto in Brazil is located on a recharge area of the
Guarani Aquifer, a groundwater reservoir that supplies all the drinking water to the city [46] However,
this area is vulnerable to pollution due to the presence of strong agro-industrial activities in the region
that are able to release many toxic substances into the environment, consequently aﬀecting the quality
of water and sediments [47–50]. In this context, the presence of PBDEs in sediments from the Saibro
Lagoon, a recharge point of the Guarani Aquifer in the city of Ribeirao Preto, is a matter of concern
and the object of the present investigation.
2. Experimental
2.1. Chemicals and Reagents
All the reagents were of analytical grade or higher purity. Acetone, n-pentane, and isooctane were
pesticide grade, acquired from Tedia (Fairﬁeld, CT, USA). Anhydrous sodium sulfate and silica gel
60 (0.05 to 0.2 mm) were purchased from Vetec (Rio de Janeiro, Brazil). The Lake Michigan Study
standard (BDE-LMS) containing BDE-28, -47, -66, -85, -99, -100, -138, -153, and -154 was purchased
from AccuStandard (New Haven, CT, USA). A 10 μg mL−1 stock solution, prepared in isooctane was
used to prepare working solutions (0.01, 0.1, 1.0, 5.0, 10.0, and 20.0 ng mL−1 ) for the analytical curves.
The 50 μg mL−1 BDE-209 standard prepared in isooctane/toluene (9:1 v/v) was also obtained from
AccuStandard and used to prepare appropriate working solutions. Quantiﬁcation was carried out by
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external calibration curves. Figure 1 shows the structure of the 10 PBDEs investigated in this work that
are also among the main congeners investigated in environment and biological ﬂuids.

Figure 1. Structures of the 10 polybrominated diphenyl ethers (PBDEs) investigated in this work.

2.2. Study Site and Sampling
This work was carried out in the city of Ribeirao Preto, located in the northeastern portion of
the State of Sao Paulo, Brazil. It is typically urban, and its activities are focused on trade, services,
and sugarcane culture. Its climate is tropical humid, but the weather is dry in winter, when we collected
the samples. Samples of surface sediment of Saibro Lagoon were collected in accessible points as can
be seen in Figure 2.
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Figure 2. Map of the sampling site. In the bottom left, the red circle indicates the location of sampling
points in the Saibro Lagoon.

Samples were collected in June 2014 using a cylindrical corer. The obtained sediment pellet was
packaged in clean amber glass bottles and stored in a refrigerator at a temperature below 4 ◦ C until
further preparation steps. Dry sediments were obtained by transferring portions of the samples to
Petri dishes that were capped individually with aluminum foil to prevent cross contamination. Then,
small holes were made in the cover foil to allow water to evaporate under room temperature (25 ◦ C).
Petri dishes were set in an exhaust hood and allowed to rest for 48 h.
2.3. PBDE Extraction and Quantiﬁcation
The sediment was analyzed according to a method described and validated by
Annunciação et al. [51]. Brieﬂy, 3000 g of dried sediments and 10 mL of the extraction solvent
mixture (acetone/n-pentane, 1:1 v/v) were transferred to glass tubes. Tubes were sealed, agitated for
30 s and suspensions were sonicated in a Cole-Parmer 8893 bath (Vernon Hills, IL, USA) operating at
40 kHz for 5 min at 25 ◦ C and centrifuged (Kindly, KC5, São Paulo, Brazil) for 5 min at 1000× g. Then,
the supernatant was transferred to a 250 mL ﬂat-bottomed ﬂask. The remaining solid fraction was
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submitted to ultrasonic extraction four more times, to produce a ﬁnal composite extract. Isooctane was
added as solvent keeper (1.0 mL), and the extract volume was reduced to approximately 2 mL in a
rotary evaporator (Fisatom 801, São Paulo, Brazil). Interferences were minimized by eluting the extract
with 50 mL of n-pentane through a 30-cm column ﬁlled with acid, basic, and neutral silica gel (3 g, 2 g,
and 3 g, respectively) as well as with anhydrous sodium sulfate between the silica gel phases. Details
on the preparation of the silicas are available elsewhere [51]. After re-concentration to 1.0 mL of the
keeper, the extracts were treated with copper strips to avoid interference of sulfur species during the
quantiﬁcation of the analytes. Finally, in order to improve detectability, extracts volume was reduced
to 0.25 mL in a gently ﬂow of N2 .
The content of PBDEs in the ﬁnal extracts was assessed by gas chromatography with an electron
capture detector (Shimadzu GC 2010 Plus, Kyoto, Japan). The PBDEs were separated with a Zebron
ZB-XLB-HT (15 m × 0.25 mm × 0.25 μm, Agilent Technologies, Santa Clara, USA) chromatographic
column for BDE-209 and with a SLM TM-5ms (30 m × 0.25 mm × 0.25 μm, Supelco, Bellefonte, PA,
USA) column for the less brominated congeners. The PBDEs were quantiﬁed by external calibration in
triplicate. Limits of detection (LOD) were calculated by the signal-to-noise approach where ratios of
three corresponded to LOD. Table 1 summarizes selected analytical parameters of the method.
Table 1. Analytical parameters for the determination of the selected PBDE.
Congeners

Retention time/min

LOD/(ng g−1 ) b

LOQ/(ng g−1 ) c

Recovery/% d

BDE-28
BDE-47
BDE-66
BDE-85
BDE-99
BDE-100
BDE-138
BDE-153
BDE-154
BDE-209

28.1
33.1
34.1
40.4
38.0
36.9
45.6
43.0
41.4
23.5 a

0.14
0.15
0.17
0.17
0.2
0.17
0.24
0.21
0.17
0.14

0.48
0.52
0.57
0.58
0.67
0.57
0.80
0.72
0.57
0.48

98.5 ± 2.5
98.2 ± 4.3
97.8 ± 4.7
92.9 ± 6.0
97.9 ± 6.0
97.6 ± 6.5
89.8 ± 2.8
90.5 ± 4.5
92.4 ± 7.1
94.2 ± 5.3

a

In a single component analysis using a 15 m chromatographic column, b method limit of detection, c method limit
of quantiﬁcation, d for a fortiﬁed (5.0 ng g−1 ) blank sediment (n = 7).

It is important to point out that the analytical method was previously validated [51] using fortiﬁed
blank sediments and a certiﬁed reference sediment (RTC-SQC072) supplied by RTC (Laramie, WY,
USA) containing PCBs. In this case, intraday recoveries (n = 7) varied from 89.8 ± 2.8% (BDE-138) to
98.5 ± 2.5% (BDE-28), as shown in Table 1, and inter-day recoveries (n = 9) varied between 87.7 ± 6.6%
(BDE-138) and 98.7 ± 1.4% (BDE-28).
3. Results and Discussion
Figure 3 shows the chromatograms obtained during the determination of the less brominated
congeners in the sediment samples.
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Figure 3. Chromatograms of the sediment extracts ((A) P2 sample; (B) P3 sample) obtained during
determination of the less brominated PBDEs.

In Figure 3 it is possible to observe that PBDE were detected only in the samples collected in
Points 2 and 3. The sample collected at Point 1 did not present detectable concentrations of PBDEs
probably due to the texture of the collected material, which consisted mostly of sand with naturally
low speciﬁc surface area. Also, during the clean-up step, it was possible to notice that this sample
presented small quantities of organic carbon, which may contribute to the ﬁxation of PBDE in the
sediment matrix. Furthermore, it was already shown that both the size of the grains and the content of
organic matter can inﬂuence the absorption and accumulation of PBDEs in the sediments [52].
Chromatograms for the sediment samples from Points 2 and 3 revealed distinct analytical signals
for the investigated PBDEs. However, in both cases, it is possible to notice that peaks height were
near the chromatographic noise, revealing that low levels of PBDE were detected in the samples.
Chromatograms did not reveal the presence of BDE-209 during the single component analysis. Table 2
lists the concentration of the investigated PBDEs in the sediment samples.
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Table 2. Concentrations (ng g−1 dry weight) of the investigated congeners in the sediment samples
collected at the Saibro Lagoon.
Congeners

Point 1

Point 2

Point 3

BDE-28
BDE-47
BDE-66
BDE-85
BDE-99
BDE-100
BDE-138
BDE-153
BDE-154
BDE-209
Σ10 PBDE

nd
nd
nd
nd
nd
nd
nd
nd
nd
nd
-

0.68 ± 0.04
2.10 ± 0.06
0.76 ± 0.03
0.24 ± 0.02
0.25 ± 0.02
Nd
Nd
Nd
Nd
Nd
4.03 ± 0.09

0.58 ± 0.03
2.7 ± 0.1
nd
0.80 ± 0.05
0.94 ± 0.08
0.35 ± 0.02
nd
nd
nd
nd
5.4 ± 0.2

nd—not detected.

Six of the 10 investigated congeners were detected in the sediment samples, i.e., BDE-28, -47,
-66, -85, -99, and -100. The concentration of PBDEs in the Point 2 sample varied between 0.24 ± 0.02
(BDE-85) and 2.10 ± 0.06 ng g−1 (BDE-47). For the sample collected at Point 3, the concentrations
of PBDEs ranged from 0.35 ± 0.02 (BDE-100) to 2.7 ± 0.1 ng g−1 (BDE-47). In both samples, BDE-47
was the most prevalent congener indicating a major contamination of the penta-PBDE commercial
mixture [53,54]. This same conclusion was made by Annunciação et al. [51] investigating samples from
the Paranoá Lake in the Brazilian Federal District. Both results reveal an important contribution of the
penta-BDE mixture in the consumer goods used in Brazil.
In general, BDE-47, -99, -100, -153, -154, and -183 were the most commonly identiﬁed congeners
because they are the major compounds in the penta-BDE commercial mixture [55]. The congener
BDE-47 is most often employed in the furniture and upholstery industry [56]. The mixture penta-BDE,
which includes BDE-47, -99, -100, -153, and -154, is typically applied in furniture, whereas the octaand deca-BDEs mixtures are used in the manufacture of many types of polymers, especially those used
in televisions, computers, and cables [8,56].
The total concentration of PBDEs (expressed as Σ10 PBDE) was higher in the sample obtained at
Point 3 (5.4 ± 0.2 ng g−1 ) as compared to the value calculated for Point 2 (4.03 ± 0.09 ng g−1 ). In both
cases, BDE-47 accounted for more than 50% of the total concentration of PBDEs, which showed that
it was the most prevalent congener in the samples, followed by BDE-66 and BDE-99 in the samples
extracted at Points 2 and Point 3, respectively.
According to the literature, BDE-47 and -99 are the PBDE congeners that are most frequently
detected in environmental samples and biological ﬂuids [57–60]. These congeners have also been
identiﬁed in Brazilian biological samples reported by Dorneles and co-workers [61], who veriﬁed
methoxylated metabolites of BDE-47 and BDE-68 in cetaceans of the Brazilian marine coast. BDE-47
and BDE-85 have also been detected in dolphins in the Paraiba do Sul River in Brazil [62], and the
presence of PBDE commercial mixtures in whitemouth croakers from southeastern Brazil [45]. These
data show main accumulation of BDE-47 in environmental samples [63,64].
The presence of PBDEs in the investigated region is explained by the habits of the surrounding
population regarding the disposal of household waste. Weeks after the sampling takes place,
the municipal government of Ribeirão Preto reported that they removed half a ton of garbage, mostly
furniture and electronics, from the lake [65]. Although contamination of the environment may have
occurred by the disposal of municipal waste, it is important to consider other important routes of urban
water contamination by PBDE. In this context, much evidence indicates that PBDEs reach aquatic
environments by dumping sewage, whether raw or treated [66–68]. In this case, as described by
Annunciação et al. [11], the presence of PBDE in urban wastewater can be inﬂuenced by a sequence of
processes that begin with the cleaning of surfaces in domestic, commercial or industrial environments.
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Thus, dust particles are transferred to the washing waters and disposed either through drains, reaching
storm water or sewage systems, or through sewers, reaching rainwater drainage networks. Furthermore,
PBDEs can remain in the atmosphere in the form of particles that can precipitate with the rain, being
further deposited in sediments, where they accumulate [69,70].
Our data represent one of the ﬁrst involving the contamination of Brazilian aquatic sediments by
PBDE. Annunciação et al. [51] investigated the presence of nine congeners in samples from Paranoá
Lake, Brazil, collected in the proximity of two sewage treatment plants and evidenced the prevalence
of BDE -47 and -66. Other Brazilian research groups have also evidenced environmental contamination
of PBDE as they were able to quantify diﬀerent congeners in samples from ﬁsh and marine mammals
on the coast of the state of Rio de Janeiro, Brazil, as pointed out earlier [61,71].
In order to better visualize the results obtained in the present work, we compared the concentrations
of PBDEs found herein with the concentrations reported worldwide, as depicted in Table 3.
Table 3. Concentrations (ng g−1 dry weight) of PBDEs measured in this study in comparison with
those reported form aquatic sediments collected around the world.

a
c

Country

Aquatic System

na

Brazil
Brazil
Chile
China
China
China
China
South Korea
Canada
USA
USA
Italy
Russia

Saibro Lagoon
Paranoá Lake
Copncepción Bay
Baiyangdian Lake
Fuhe River
Shanghai rivers
Jiaojiang River
Shihwa Lake
Nigara River
White Lake
Muskegon Lake
Maggiore Lake
Olkhon Island

10
9
10
8
8
16
10
23
9
23
23
8
40

Number of PBDEs congeners analyzed in sample.
Not detected.

b



PBDEs b

References

nd c –5.4
2.5–8.1
0.02–21
0.05–5.03
0.13–6.39
0.44–12.0
8.93–45.0
1.13–18700
1.10–148
0.39–2,4
0.98–3.9
0.02–27.1
0.164–0.670

This Study
[51]
[72]
[73]
[73]
[74]
[42]
[39]
[75]
[76]
[76]
[70]
[69]

Sum of all target PBDE congeners except for BDE 209.

Compared to some regions in the Fuhe River, the Baiyangdian Lake, and the Chaohu Lake, all

of them in China, and on the Olkhon Island, in Russia, the mean concentrations of PBDEs without
BDE-209 detected in this study were higher. Cheng-Yu, an economic region in China, presented much
lower mean values of PBDEs as compared to the Saibro Lagoon investigated herein. Compared to
some regions in Korea (four major rivers) or even in China (Jiaojian River), our values were much
lower, which means that this lagoon in Ribeirão Preto was moderately contaminated with PBDEs.
The toxicity of PBDEs to living beings will also depend on the rate of absorption and on the
metabolic system of the exposed species. Nevertheless, we must keep in mind that exposure to
these pollutants or biomagniﬁcation through the food chain cause PBDEs to accumulate in lipids.
For example, Hites [63] has shown that the concentration of PBDEs in Canadian Arctic seals has
increased throughout the years, even though the Canadian Arctic is a remote region without direct
release of these compounds into the environment. The increased presence of this compound can be
related to its eﬃcient atmospheric transport and bioaccumulation [77].
4. Conclusions
PBDE congeners were found in samples collected from the Saibro Laggon (Ribeirão Preto, Brazil),
in a recharge point of Guarani Aquifer. The highest Σ10 PBDE concentration, i.e., 5.4 ± 0.2 ng g−1 ,
agreed with the lowest levels determined in sediments collected around the world. BDE-47 was the
most prevalent congener, accounting for more than 50% of the PBDE concentration in the samples
evidencing the major use of the penta-PBDE commercial mixture widely used as ﬂame retardant in
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furniture. Contamination of the aquifer recharge area probably occurs via inappropriate disposal
of municipal solid wastes. Our results have shown that this important recharge area of is already
contaminated with PBDEs, which may aﬀect local population due to their potential to bioaccumulate
and to induce damage in all exposed organisms. This contamination can still increase in the coming
years considering that the use of PBDE is not controlled in Brazil. As the preservation of this site is
vital, this work will help the scientiﬁc community to clarify the degree of exposure to PBDEs in Brazil.
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Abstract: The emission of platinum group metals from diﬀerent sources has caused elevated
concentrations of platinum and palladium in samples of airborne particulate matter, soil, surface
waters and sewage sludge. The ability of biomass of Aspergillus sp. and yeast Saccharomyces sp. for
removal of Pt(IV) and Pd(II) from environmental samples was studied in this work. The pH of the
solution, the mass of biosorbent, and contact time were optimized. The Langmuir and Freundlich
adsorption isotherms and kinetic results were used for interpretation of the process equilibrium of
Pt(IV) and Pd(II) on both microorganisms. The maximal eﬃciency of retention of Pt(IV) on yeast and
fungi was obtained at acidic solutions (pH 2.0 for Pt(IV) and pH 2.5–3.5 for Pd(II)). The equilibrium
of the biosorption process was attained within 45 min. The best interpretation for the experimental
data was given by the Langmuir isotherm. Kinetics of the Pt and Pd adsorption process suit well
the pseudo-second-order kinetics model. Fungi Aspergillus sp. shows higher adsorption capacity for
both metals than yeast Saccharomyces sp. The maximum adsorption capacity of fungi was 5.49 mg g−1
for Pt(IV) and 4.28 mg g−1 for Pd(II). The fungi possess the ability for eﬃcient removal of studied
ions from diﬀerent wastewater samples (sewage and road run-oﬀ water). It was also demonstrated,
that quantitative recovery of Pd from industrial wastes could be obtained by biosorption using
Aspergillus sp.
Keywords: biosorption; precious metals; selective sorbent; isotherm adsorption models; environmental
samples; run-off water

1. Introduction
Platinum and palladium due to their corrosion resistance, alloying ability and unique catalytic
properties are used in various chemical productions and metallurgy. The electrical conductivity and
durability of these metals are exploited in electronic applications for the production of multi-layer
ceramic (chip) capacitors, and plating connectors and lead frames. Components inside computers
and mobile phones are linked by connectors plated with a conductive layer of precious metal [1].
The production of PC computers, mobile phones and entertainment devices generates electronic waste
(e-waste) [2]. However, the most important application of Pt and Pd is connected with the production
of three-way catalytic converters for car engines [3]. The emission of these metals into the environment
is connected with the operation of vehicle catalysts and their recycling. Elevated concentrations of
Pt and Pd have been found in samples of airborne particulate matter, road and tunnel dust, and soil
close to the roads [4–6]. Discharges of anthropogenic contamination to surface waters include both
atmospheric deposition and stormwater runoﬀ. Analysis of sewage sludge, surface waters, and ditch
sediments demonstrated that the anthropogenic activity has resulted in elevated concentrations of
these elements in such samples [6–8]. Globally, Nuss and Blengini [9] have found that anthropogenic
Water 2019, 11, 1522; doi:10.3390/w11071522

64

www.mdpi.com/journal/water

Water 2019, 11, 1522

ﬂuxes of Pd and Pt induced by the EU-28 countries might be greater than the respective global natural
ﬂuxes. Therefore, methods and processes for the removal of precious metals from waste have become
necessary for the creation of the sustainable world [2]. To decrease the pollution with heavy metals,
many processes like adsorption, precipitation, coagulation, ion-exchange, electro-dialysis have been
developed [10]. One of the modern environmentally friendly technologies for the recovery of platinum
group metals is biosorption [11].
A literature survey shows that microorganisms and native biomaterials, such as industrial and
agricultural wastes and compounds derived from plant and animal tissues (e.g., lignin, tannin, chitin
and chitosan), have been used as eﬀective metal sorbents [11–15]. The majority of studies devoted
to biosorption of Pt and Pd have been performed on biomass derived from plants and marine
organisms [16–22] with various derivatives of chitosan preferred [16–18]. Very few microorganisms
(some strains of bacteria, algae, fungi) [23–30] and Tobacco mosaic virus [13] have been used for this
purpose. The recovery of platinum by a poly(ethylenimine) (PEI) modiﬁed biomass, prepared by
attaching PEI onto the surface of inactive Escherichia coli biomass was reported by Won et al. [23].
This sorbent was tested for the removal of Pt from wastewater collected from an industrial laboratory.
In the next paper Won et al. [24] used PEI-modiﬁed Corynebacterium glutamicum for recovery of Pd
from the hydrochloric acid solution. Diﬀerent species of Desulfovibrio, sulfate-reducing bacteria, have
an ability to remove Pd(II) at pH 3 with its further reduction to Pd(0). The potential of such bacteria
was also shown for the recovery of Pt and Pd from spent automotive catalyst leachates using hydrogen
as the reductant [25]. Turner et al. [28] studied the uptake of platinum group elements by marine
macroalgae, Ulva lactuta in sea water. Algae Chlorella vulgaris immobilized on cellulose have been used
for the selective separation of Pt and Pd from environmental matrices [29]. A sulfothermophilic red
microalga, Galdieria sulphuraria, living in hot sulfur springs, was used for simultaneous removal of
gold and palladium from model wastewater [30]. Competitive biosorption of Pt(IV) and Pd(II) by
Escherichia coli [26] and Providencia vermicola [27] was studied in model solutions.
Saccharomyces sp. is a single-cell yeast being used for the biofuel, bakery and beverage industries
or for the production of biotechnological products. Such biomass possesses an ability to accumulate
a broad range of heavy metals under a wide range of external conditions [31]. Mack et al. [32] have
studied a kinetic of the sorption of Pt by immobilized Saccharomyces cerevisiae under acidic conditions.
Godlewska-Żyłkiewicz [33] observed the highest retention of platinum (62%–65%) and palladium
(95%) on free cells of baker’s yeast at pH range from 1.6 to 2.2. A solid-phase extraction procedure
using yeast S. cerevisiae immobilized in calcium alginate beads was proposed for the determination of
Pd in road dust by electrothermal atomic absorption spectrometry (ETAAS) [34]. Yeast S. cerevisiae
immobilized on a cellulosic resin was also used for selective on-line separation of Pt(IV) from river
water prior to its chemiluminescent determination [35].
The fungal microorganisms are used extensively in a variety of large-scale industrial fermentation
processes and production of gluconic acid, citric acid and many enzymes [36]. Waste biomass of free
and immobilized cells of Aspergillus was used to remove heavy metal ions, such as cadmium, lead,
chromium, iron and nickel from diﬀerent matrices [37–39]. The ﬁrst report on the bioaccumulation
of platinum and other metals by fungi was published by Moore et al. [40]. The uptake eﬃciency of
Pt equal to 85% at pH 2–3 within 48 h was reported. It was also demonstrated that Aspergillus sp.
immobilized on cellulose resin Cellex-T could be used as a selective sorbent for solid-phase extraction
of Pt and Pd from the complex matrix of road dust [41].
In this work, the ability of biomass of Aspergillus sp. and yeast Saccharomyces sp. for biosorption of
Pt(IV) and Pd(II) from chloride aqueous solutions was studied. Studies comparing diﬀerent sorbents
will reveal the importance of metal-biomass speciﬁcity. The pH of the solution, the mass of biosorbent,
and contact time have been studied in order to ﬁnd the optimal parameters for biosorption of metals.
The Langmuir and Freundlich adsorption isotherms have been used for interpretation of the process
equilibrium of Pt(IV) and Pd(II) on Aspergillus sp. and Saccharomyces sp. The sorption kinetics of
both ions on these microorganisms was also studied. The method was tested for the removal of these
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precious metals from diﬀerent wastewater samples (sewage and road run-oﬀ water). Moreover, it
was demonstrated that the quantitative recovery of Pd from industrial wastes (anode slime) might be
obtained using fungal biosorbent.
2. Materials and Methods
2.1. Instrumentation and Measurement Conditions
A Solaar M6 (Thermo Electron Corporation, Gloucester, UK) atomic absorption spectrometer
equipped with an electrothermal atomizer (ETAAS) and a Zeeman background correction system
was used. Hollow cathode lamps (CPI International, Santa Rosa, USA) were operated at a current of
10 mA for Pt and 6 mA for Pd. The absorbance signals were measured with 0.5 nm spectral bandpass
at 265.9 nm and 247.6 nm for Pt and Pd, respectively. Pyrolytically coated graphite tubes were used
for atomization of analytes. The time/temperature program for the Pd determination was: drying
at 100 ◦ C for 30 s, 110 ◦ C for 20 s, ashing at 1100 ◦ C for 20 s and atomization at 2200 ◦ C for 3 s.
The time/temperature program for the Pt determination was: drying at 100 ◦ C for 30 s, 110 ◦ C for 20 s,
ashing at 1200 ◦ C for 20 s and atomization at 2500 ◦ C for 3 s.
An inoLab pH Level 1 (WTW, Weilheim, Germany) pH meter equipped with an electrode SenTix
21 (WTW, Weilheim, Germany) was used to measure the pH. A centrifuge MPW 312 (MPW Med.
Instruments, Warszawa, Poland) was used for separation of biomass from the supernatant. A Hitachi
Model S-3000N (Hitachi, Tokyo, Japan) scanning electron microscope equipped with an energy
dispersive X-ray microanalysis (EDX) was used to detect metals in the cells.
2.2. Reagents and Solutions
Standard solutions of Pt as a hexachloroplatinic (IV) acid (30%) (POCH, Gliwice, Poland) and Pd
as PdCl2 (1 g L−1 ) (SPC SCIENCE, Baie D’Urfé, Quebec, Canada) were used. Stock solutions of Pd(II)
and Pt(IV) (1 μg L−1 ) in 1 mol L−1 HCl were prepared daily from standard solutions. The appropriate
working solutions of Pd(II) and Pt(IV) used for biosorption studies were prepared by dilution with
Milli-Q water (Millipore, Burlington, USA). Hydrochloric acid (37% Trace Select, Fluka, Lyon, France)
and sodium hydroxide (analytical grade, Standard, Lublin, Poland) were used for adjustment of pH of
solutions. Nitric acid (65% Trace Select, Fluka, Lyon, France) and hydrochloric acid (37% Trace Select,
Fluka, Lyon, France) were used for digestion of samples.
A growth media were Czapek dox agar (Fluka, Buchs, Switzerland) containing sucrose (30 g L−1 ),
agar (15 g L−1 ), NaNO3 (3 g L−1 ), K2 HPO4 (1 g L−1 ), KCl (0.5 g L−1 ), MgSO4 ·7H2 O (0.5 g L−1 ),
FeSO4 ·7H2 O (0.01 g L−1 ), Yeast extract (Fluka, Buchs, Switzerland) (a mixture of amino acids, peptides,
water soluble vitamins and carbohydrates), YPG agar (Fluka, Buchs, Switzerland) and α-D-glucose
(Aldrich, Hamburg, Germany).
2.3. Preparation of Cells
Aspergillus sp. isolated from the soil was prepared according to the procedure described in
Reference [42]. In short, it was inoculated on solid nutrient medium onto Petri dishes and aerobically
incubated at 30 ◦ C for 72 h. The growth medium: 50 g L−1 of Czapek 146 dox agar and 3.89 g L−1 of
Yeast extract was sterilized by autoclaving (20 min at 121 ◦ C). Saccharomyces sp. (Saccharomyces cerevisiae,
Baker’s yeast, type II, (Sigma-Aldrich, Hamburg, Germany) was grown aerobically at 37 ◦ C for 96 h
in a pre-sterilized (20 min at 121 ◦ C) solid medium containing: yeast extract, 1% (w/v); peptone, 2%
(w/v); glucose, 2% (w/v) and agar, 2% (w/v). Biomass of fungi and yeast was scraped from the growth
medium and then washed with 5 mL of 0.12 mol L−1 HCl and 5 mL of Milli-Q water in order remove
growth solution residues and to stabilize the surface activity.
2.4. Biosorption Studies
The biosorption of Pt(IV) and Pd(II) was studied under batch experimental conditions using
0.1 g of wet mass (WM) of biosorbent (fungal or yeast cells) and 5 mL of 0.1 mg L−1 of Pt(IV) or
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0.075 mg L−1 Pd(II) solutions. The pH of Pt(IV) or Pd(II) solutions was adjusted to the desired value
with 0.1 mol L−1 HCl or 0.1 mol L−1 NaOH. Next, 0.1 g of wet biomass was added to 5 mL of such
solution. The suspension of biomass was stirred for 60 min at temperature (25 ± 1) ◦ C on a magnetic
stirrer and next centrifuged at 4000 rpm (550× g) for 10 min. Concentrations of Pd(II) and Pt(IV) in
supernatants were determined by ETAAS using external calibration graph. In some cases, the pH of
supernatants was also measured. The eﬀect of initial pH on the retention of analyte on biomass was
studied in the pH range from 0.5 to 11. The optimum pH of the Pt solutions was equal to 2 (for fungi
and yeast), while the optimum pH of the Pd solutions was 2.5 for yeast or 3.5 for fungi. These pH
values were used throughout all biosorption experiments. The eﬀect of biosorbent dosage was studied
in the range from 0.025 to 0.5 g (wet mass). The contact time was varied between 5 min and 24 h.
To examine the adsorption model, the solutions of Pt and Pd of initial concentration between
0.01 mg L−1 and 20 mg L−1 and optimal pH (pH 2 for Pt(IV) and pH 2.5 and 3.5 for Pd(II) on yeast
and fungi, respectively) were stirred with 0.1 g of wet biomass for 45 min at 25 ◦ C. Afterward, the
samples were centrifuged at 4000 rpm for 10 min. The initial and ﬁnal concentrations of Pt and Pd
in solutions were determined by ETAAS. Each experiment was conducted in triplicate. In order to
recalculate the obtained results for dry biosorbent mass, ﬁve portions of wet biomass (0.4 g) were dried
at 60 ◦ C overnight [37,38] and weighted. It was calculated that 0.1 g of wet biomass is equal to 0.013 g
of dry biomass.
The eﬃciency of retention of analyte on biomass and metal uptake by biomass were calculated
from the following equations [43]:
E(%) =

C0 − Ce
× 100%.
C0

(1)

V(C0 − Ce )
.
(2)
w
where E is the eﬃciency of analyte retention (in %), C0 is the initial concentration of metal in solution
(mg L−1 ), Ce is the equilibrium concentration of metal in solution after the biosorption process (mg L−1 ),
qexp is the experimental equilibrium uptake (mg g−1 of dry weight), V is the solution volume, and w is
the dry weight of biosorbent (g).
Modeling of the isotherm data was attempted using the Langmuir [44] and Freundlich [45] models,
which are represented by the following equations:
qexp =

Langmuir model : qe =

qmax bCe
1 + bCe
1

Freundlich model : qe = KF Cen

(3)
(4)

g−1 ),

where qe is the amount of adsorbed metal (mg
Ce is the equilibrium (ﬁnal) concentration of
the metal in solution (mg L−1 ), qmax is the maximum monolayer sorption capacity (mg g−1 ), b is the
Langmuir equilibrium constant (L mg−1 ), KF is an empirical constant that provides an indication
of the adsorption capacity of biomass, and n is the Freundlich constant, that indicates the intensity
of adsorption.
The sorption isotherms were plotted by varying the analyte uptake (q) by biosorbents to the ﬁnal
concentration of Pt or Pd in solution after the biosorption process (Ce ).
Kinetic models are used to identify the adsorption mechanism type in a studied system. Moreover,
kinetics studies are necessary to deﬁne the optimum conditions for the metal removal process.
The pseudo-ﬁrst and pseudo-second-order models are most often used for studies of biosorption
kinetics of platinum group metals [27].
Linear pseudo-ﬁrst-order model used in this study was:
ln(qe − qt ) = ln qe − k1 t
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Linear pseudo-second-order model was:
1
t
t
=
+
qt
qe
k2 q2e

(6)

where qt and qe (mg g−1 ) are the amounts of adsorbed ion a given time and at equilibrium state,
respectively, k1 —is the ﬁrst-order kinetic rate, k2 —is the second-order kinetic rate (g mg−1 min−1 ).
2.5. SEM-EDX Analysis
Scanning electron microscopy with energy dispersive X-ray (SEM-EDX) provides information
about the presence of various elements in the biosorbent. In this work, 5 mL of Pt(IV) or Pd(II) solutions
of 20 mg L−1 (100 μg) were added separately to 0.1 g (wet mass) of fungal cells and gently stirred for
72 h. Next, the cells were centrifuged and the supernatant was discarded. Before SEM-EDX analysis
all samples were frozen in liquid nitrogen.
2.6. Samples Used for Recovery Studies
Samples of sewage were obtained from the sewage treatment plant in Bialystok (Poland). Samples
of road run-oﬀ were taken from the retention reservoir at the ring road of Bialystok. Pt (100 ng mL−1 )
and Pd (75 ng mL−1 ) was added to the samples and left for 2 h for equilibration. Then samples were
ﬁltered through PVDF discs (0.45 μm, Whatman, Maidstone, Wielka Brytania), adjusted to the required
pH with 0.1 mol L−1 HCl and stirred with 0.1 g of wet biomass for 2 h. The biomass was separated by
centrifugation (10 min, 4000 rpm), washed with 0.01 mol L−1 HNO3 and digested in quartz crucibles
with concentrated HNO3 on a laboratory heater. The digested samples were diluted appropriately
with MQ water before determination of metals by ETAAS.
The samples of anode slime (200 mg) obtained from the Institute of Non-Ferrous Metals in
Gliwice (Poland) were digested in Teﬂon vessels in a closed digestion microwave system ETHOS
PLUS (Milestone, Sorisole, Italy) with 8 mL of aqua regia. The residue was separated and solutions
were transferred into quartz crucibles and evaporated at a hot-place near to dryness with concentrated
HCl (3 × 2 mL) and next diluted with Milli-Q water to 15 mL. Samples were ﬁltered through PVDF
ﬁlters, adjusted to the required pH and stirred with 0.1 g of wet biomass for 2 h. Next, the biomass was
separated by centrifugation (10 min 4000 rpm) and concentrations of Pt and Pd in supernatants were
determined by ETAAS.
3. Results and Discussion
3.1. Eﬀect of pH on Biosorption
The eﬀect of an initial pH on the biosorption of Pt(IV) and Pd(II) on fungal and yeast biomass was
studied at the pH range from 0.5 to 11.0 (Figure 1). The highest eﬃciency of biosorption of Pt(IV) ions
on yeast cells was observed at the pH range from 1.8 to 3.5, while on fungal cells was nearly quantitative
(90%–96%) at the pH range from 2.0 to 11.0. The maximal eﬃciency of biosorption of Pd(II) ions on
yeast (85%) was obtained at a very narrow range of pH from 2.0 to 3.0. Low biosorption of analyte
occurred both in a strong acidic medium and in solutions of pH above 4.0. The biosorption of Pd(II) on
fungal cells reached the highest values at a pH range of 4.0–11.0. In all cases, the biosorption of Pt(IV)
and Pd(II) was lower in strong acidic solutions (at pH < 1.8). It is apparent that diﬀerent attractions
are responsible for biosorption of metals on the studied microorganisms. Further experiments on
biosorption of Pt(IV) ions were performed at pH 2 on yeast and fungal cells, while of Pd(II) ions at
pH 2.5 on yeast and pH 3.5 on fungal cells.
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Figure 1. Inﬂuence of sample pH on the eﬃciency of biosorption of Pt (0.1 mg L−1 ) and Pd (0.075 mg L−1 )
on yeast Saccharomyces sp. and fungi Aspergillus sp. (contact time 60 min): a—Pt(IV) on yeast; b—Pt(IV)
on fungi; c—Pd(II) on yeast; d—Pd(II) on fungi.

Several researchers have also investigated the eﬀect of pH on the biosorption of Pt(IV) and Pd(II)
using diﬀerent microbial mass and comparable results have been reported (Table 1). For instance,
biosorption of Pt(IV) [32,33] and Pd(II) [33] on free cells of baker’s yeast was maximal in acidic media.
The similar eﬀect of pH on the Pd(II) biosorption was observed on yeast immobilized in calcium
alginate. The biosorption of Pd(II) ions on this sorbent reached the highest values at a pH range 1.0–2.5
and signiﬁcantly decreased for less acidic solutions [34].
During the course of the experiments, the pH of the suspensions before and after the biosorption
process of each metal was also measured. It was found that the pH of Pt(IV) and Pd(II) solutions
incubated with both microorganisms at pH 2–2.5 slightly increased (ΔpH ~0.14), while the pH of
suspension incubated without metal ions maintained almost constant (ΔpH ≤ 0.05). A dissimilar eﬀect
was observed during biosorption of Pd(II) ions by fungal cells (at pH 3.5), as the pH of suspension
decreased by 0.4 pH unit, while the pH of suspension incubated without metal ions decreases only by
0.3 pH unit. These phenomena should be discussed in terms of reactions of Pt(IV) and Pd(II) ions in
aqueous solutions.
It is known that the chemical form of platinum group metals in solutions at the equilibrium state
depends on the medium type, the concentration of chloride ions and temperature. In strong acidic
media anionic chlorocomplexes of Pt(IV) (as PtCl6 2− ) and Pd(II) (as PdCl4 2− ) predominate. With the
decrease in solution’s acidity, the proceeding aquation and hydrolysis reactions cause a formation of
diﬀerent aquachloro- and aquahydroxocomplexes of platinum and palladium (PtCl5 (H2 O)− , PdCl4 2− ,
PdCl3 (H2 O)− , PdCl+ and Pd(OH)2 ), as was shown in References [19,46]. Additionally, the chemical
composition and acidity of the solution inﬂuence the activity and accessibility of functional groups
present at the surface of the cell’s wall.

69

(Pd) R2 : 0.991
qmax : 141.1 mg g−1
b: 0.014 L mg−1
(Pd) R2 : 0.969
qmax : 265.3 mg g−1
b: 0.042 L mg−1
(Pt) R2 : 0.965
qmax : 108.8 mg g−1
b: 0.0014 L mg−1
(Pd) R2 : 0.962
qmax : 38.87 mg g−1
b: 0.48 L mg−1
(Pt) R2 : 0.991
qmax : 45.65 mg g−1
b: 0.58 L mg−1
(Pd)
qmax : 125.0 mg g−1
b: 1.21 L mg−1
(Pt)
qmax : 62.5 mg g−1
b: 0.50 L mg−1

Sample pH: 3
contact time: 24 h
biomass: 0.09 g
temperature: 25 ◦ C

Sample pH: extremely acidic
condition
contact time: 60 min
biomass: 0–1.8 g
temperature: 25 ◦ C

Sample pH: 1.2
contact time: 24 h
biomass: 0.06 g
temperature: 25 ◦ C

Sample pH: 3
contact time: 20 min
biomass: 0.0015 g
temperature: 30 ◦ C

Polyethylenimine
(PEI)-modiﬁed
Escherichia coli

Escherichia coli

Desulfovibrio
desulfufricans

Polyallylamine
hydrochloride modiﬁed
Escherichia coli

Escherichia coli

Tobacco mosaic virus-wild

(Pd) R2 : 0.95
qmax : 368.21 mg g−1
b: 0.36 L mg−1
(Pd) R2 : 0.98
qmax : 312.87 mg g−1
b: 0.12 L mg−1

Sample pH: 5–5.5
contact time: 1 h
biomass: 0.038 g L−1
temperature: 50 ◦ C

Tobacco mosaic virus

Langmuir

Biosorption Conditions

Microorganism
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(Pd)
KF : 69.7 L g−1
n: 4.24
(Pt)
KF : 24.2 L g−1
n: 3.43

(Pt) R2 : 0.952
KF : 1.465 L g−1
n: 1.835

-

-

-

Freundlich

Parameters of Equilibrium Isotherm Models

Standard solutions

Single and binary
standard solutions

ICP wastewater

Standard solutions

Standard solutions

Application

Table 1. Biosorption conditions and parameters of isotherm adsorption models of Pd(II) and Pt(IV) on various microorganisms.

[25]

[26]

[23]

[14]

[13]

Ref.
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(Pd) R2 : 0.78
KF : 1.27 L g−1
1/n: 1.07
(Pt) R2 : 0.72
KF : 0.16 L g−1
1/n: 1.06
(Pd) R2 : 0.797
KF : 0.095 L g−1
n:1.630
(Pt) R2 : 0.975
KF : 0.286L g−1
n: 1.505
(Pd) R2 : 0.805
KF : 2.842 L g−1
n: 1.485
(Pt) R2 : 0.962
KF : 1.766 L g−1
n: 1.164

(Pd) R2 : 0.9874
qmax : 0.042 mg g−1
b: 0.0204 L mg−1
(Pt) R2 : 0.9860
qmax : 0.185 mg g−1
b: 0.0068 L mg−1
(Pd) R2 : 0.9823
qmax : 4.277 mg g−1
b: 0.0021 L mg−1
(Pt) R2 0.0010
qmax : 5.488 mg g−1
b: 0.0006 L mg−1

Sample pH: (Pd) 2.5, (Pt) 2
contact time: 45 min
biomass: 0.1 g (wet), 0.013 g
(dry)
temperature: 25 ◦ C

Sample pH: (Pd) 3.5, (Pt) 2
contact time: 45 min
biomass: 0.1 g (wet), 0.013 g
(dry)
temperature: 25 ◦ C

Providencia vermicola

Saccharomyces sp.
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Aspergillus sp.

Run-oﬀ water,
sewage, anode
slime

Standard solutions

Single and binary
standard solutions

This study

[27]

Desulfovibrio vulgaris

(Pd) R2 : 0.95
qmax : 119 mg g−1
b: 0.1 L mg−1
(Pt) R2 : 0.97
qmax : 30.2 mg g−1
b: 0.13 L mg−1

[25]

(Pd)
KF : 41.9 L g−1
n: 3.73
(Pt)
KF : 16.8 L g−1
n: 5.92

(Pd)
qmax : 106.3 mg g−1
b: 0.66 L mg−1
(Pt)
qmax : 32.1 mg g−1
b: 0.42 L mg−1

Sample pH: 4
contact time: 3 h
biomass: 0.075 g
temperature: 30 ◦ C

[25]

Desulfovibrio
fructodivorans

Ref.

(Pd)
KF : 10.4 L g−1
n: 2.35
(Pt)
KF : 20.3 L g−1
n: 7.12

Application

(Pd)
qmax : 119.8 mg g−1
b: 0.12 L mg−1
(Pt) R2 :
qmax : 32.3 mg g−1
b: 1.17 L mg−1

Parameters of Equilibrium Isotherm Models
Freundlich

Biosorption Conditions
Langmuir

Microorganism

Table 1. Cont.
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The high biosorption of platinum and palladium on yeast cells at pH range from 1.8 to 3.0 occurs
probably through electrostatic attractions between the protonated functional groups of the sorbent and
their anionic chlorocomplexes. It was reported that the zeta potential of Saccharomyces sp. immobilized
on cone biomass was positive at pH 2.0 and the overall surface of the biomass was negatively charged
at the pH values between 3.0 and 7.0 [47]. Other studies [48] have shown, that the surface of free
cells of yeast was negatively charged for pH higher than 3.5 favoring adsorption of cationic species.
Lower sorption of Pt(IV) and Pd(II) observed in strong acidic medium is an eﬀect of competing of
chloride ions and anionic chlorocomplexes of platinum and palladium present in the solution for the
protonated functional groups of yeast’s cell wall. The results presented above imply that the biosorption
mechanism could be based on electrostatic attractions between analytes and microorganisms. In our
former studies [35] platinum was eﬃciently (83%) removed from immobilized yeast with 3 mol L−1
NaCl, showing that ion-exchange mechanism could be also involved in the metal binding to biomass.
However, in our opinion, other kinds of interactions may also participate in biosorption of Pt, as
above 91% of platinum was recovered from the same sorbent with an acidic solution of thiourea [34].
A complex mechanism, likewise, initial non-speciﬁc sorption of platinum ions due to electrostatic
attractions between protonated sorbent and platinum anions followed by chemical sorption of Pt(IV)
by S. cerevisiae was suggested by Mack et al. [32]. Kim et al. [26] stated that primary amines present
in the biomass are responsible for selective biosorption of Pd(II) and Pt(IV) by E. coli. Moreover, the
aﬃnity of amines toward the Pd(II) was much higher than for Pt(IV) ions.
The attractions between Pt(IV), Pd(II) and fungi cells are also complex in their nature including
electrostatic attractions of anionic complexes to the positively charged amino groups (at a lower pH
range) and complexation of neutral or cationic forms of their aqua- and aquahydroxochloro-complexes
to functional groups of cell wall from neutral and basic solutions. The eﬀect of modiﬁcation of a
fungal cell wall by acidic solution has to be also considered. The initial studies (data not shown)
were performed on the eﬀect of modiﬁcation of fungal cells (washing with MQ water, washing with
0.12 mol L−1 HCl and next MQ water, boiling with 0.5 mol L−1 NaOH and next washing with MQ
water) on the biosorption of platinum and palladium. The experiments showed that biosorption of
both metals from solutions of pH > 4 on the fungi washed with water and modiﬁed with NaOH was
signiﬁcantly lower (biosorption eﬃciency from 5% to 40%) than on the fungi modiﬁed with an acid
solution (biosorption eﬃciency > 90%). The eﬃcient retention of Pt and Pd on fungi treated by each
procedure occurred from solutions of pH 2–4. These results cannot be easily compared to literature
data as the research on biosorption of precious metals on fungi is mainly focused on gold [9]. Gold
and other heavy metals, e.g., copper, cadmium and lead, are retained on Aspergillus sp. biomass in
weakly acidic or neutral pH [2,37–39]. Hence, in our further work, in order to achieve better selectivity
of removal of precious metals from samples containing other metals, the studies were carried out at
pH 2.0 for Pt(IV) and 3.5 for Pd(II). At pH ≥ 3 biosorption of Pd(II) ions in the form of PdCl+ and
Pd(OH)2 species [19] may occur. The increase of the concentration of H+ ions in cells suspension after
the biosorption process suggests that Pd(II) ions could be bound by an ion-exchange mechanism.
3.2. Eﬀect of Contact Time and Biomass Dosage
The eﬀect of contact time on the biosorption of Pt(IV) and Pd(II) ions on yeast and fungal biomass
was studied in the range from 5 min to 24 h. About 60% of Pd(II) was taken up by yeast within the
ﬁrst 10 min, and after 45 min the amount of biosorbed Pd(II) reached a constant value of 90.1% ± 0.7%.
The biosorption of Pt(IV) on yeast was faster, as above 93% of the initial amount of ions was retained
within 5 min of contact time. These results are consistent with the results of Mack et al. [32], who
observed the rapid platinum removal during the ﬁrst 5 min. Next, the process, identiﬁed as chemical
sorption, was much slower. The eﬃciency of biosorption of Pd(II) and Pt(II) on fungi within 15 min
reached 97% and 91%, respectively. Figure 2a reveals that over 80% of biosorption of both ions
occurred within 15–20 min and the equilibrium was attained within 45 min. The reproducibility of
the biosorption process (n = 6) on fungal biomass was 89.0 ± 1.4% for Pt(IV) and 96.0 ± 3.8% for
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Pd(II), while on yeast biomass was 94.1 ± 1.6% for Pt(IV) and 84.3 ± 4.7% for Pd(II). There was no
remarkable change in the amount of metal taken up after 24 h of contact time. The time required
to reach the biosorption equilibrium of other metals ions on fungi Aspergillus sp. [37–39] and yeast
Saccharomyces sp. [47–49] was longer than that found in this work. The equilibrium time between
platinum or palladium and moss biomass was comparable [21] but this time was much longer for other
biomaterials (in the range 24–96 h) [17,20,22]. In practice, a sorbent with a faster uptake is better for
the removal of metals.

(a)

(b)
L−1 )

Figure 2. Dependency of the eﬃciency of biosorption of Pt (0.1 mg
and Pd (0.075 mg L−1 ) at
optimal pH conditions on Saccharomyces sp. and Aspergillus sp. on (a) contact time (b) biosorbent mass
(contact time 45 min); a—Pt(IV) on yeast; b—Pt(IV) on fungi; c—Pd(II) on yeast; d—Pd(II) on fungi.

The inﬂuence of biomass dosage on Pt(IV) and Pd(II) biosorption was studied in the range of
0.001–0.066 g of dry mass (0.025–0.5 g of wet mass) (Figure 2b). The biosorption eﬃciency of both ions
increases along with the increasing mass of biomass to a value of 0.013 g (0.1 g of wet mass). This is
probably an eﬀect of a higher number of binding sites on the surface of the biosorbent. The eﬃciency of
biosorption was constant in the range of 0.013–0.066 g of biomass dosage demonstrating the formation
of an equilibrium between the ions bound to the biosorbent and those remaining in the solution.
3.3. Biosorption Isotherms
The equilibrium biosorption isotherm is of importance in the design of sorption systems.
The Langmuir isotherm is based on the monolayer adsorption on the active sites of the adsorbent.
The Freundlich isotherm explains the adsorption on a heterogeneous (multiple layers) surface with
uniform energy. Although the empirical models cannot provide any mechanistic understanding of the
adsorption phenomena, these models may be used to conveniently estimate the maximum uptake of
precious metals from experimental data.
The experimental sorption isotherms obtained under optimal conditions and the sorption isotherms
predicted by the Langmuir and Freundlich models along with the determination coefficients (R2 ) are
shown in Figure 3. The calculated Langmuir and Freundlich parameters are listed in Table 1. The values
of R2 , which were found to be above 0.982, indicating that the biosorption of Pt and Pd on the fungi and
yeast biomass is consistent with the Langmuir model. In other words, monolayer adsorption took place
at the binding sites of both microorganisms. Both types of microorganisms have a higher affinity for
Pd(II) than for Pt(IV) ions. The highest affinity of the sorbent for the sorbate was observed between
the yeast and the Pd(II) ions (the highest b constant). Fungi Aspergillus sp. show a higher adsorption
capacity then yeast Saccharomyces sp. for both metals. According to the Langmuir model, the fungi
achieved a maximum platinum uptake of 5.488 mg g−1 that was 30-fold higher than that of the yeast
biomass (0.185 mg g−1 ). The specific palladium sorption capacity of fungi (4.277 mg g−1 ) was 100-fold
higher than that of yeast. This is most likely related to the composition of the cell wall of Aspergillus sp.,
which enhances the adsorption capacity. As can be seen, fungi exhibit an advantage in the removal
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of Pt and Pd compared with yeast. Hence, further studies were performed on Aspergillus sp. cells.
The specified sorption of Pt(IV) and Pd(II) to fungi cells was confirmed by EDX analysis (Figure 4b,c).
The signal of Pt is seen at 2 keV and Pd at 2.8 keV and 0.2 keV (covered by the peak of C).
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Figure 3. Sorption isotherms of Pt and Pd on (a) Saccharomyces sp. and (b) Aspergillus sp. Biosorption
of Pt on yeast and fungi at pH 2, biosorption of Pd on yeast at pH 2.5, on fungi at pH 3.5, dry biomass
0.013 g, contact time 45 min.
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Figure 4. SEM-EDS spectra of (a) free fungi cells, (b) fungi after incubation with Pt(IV), (c) fungi after
incubation with Pd(II).

The review of biosorption conditions and parameters of isotherm adsorption models of Pd(II) and
Pt(IV) on various microorganisms as well as results obtained in this work are given for comparison in
Table 1. As can be seen, the maximum biosorption capacities of fungi observed in our experiment are
lower in comparison with the sorption capacities of other microorganisms. However, the time required
to obtain the equilibrium of the biosorption process was shorter than in other works.
3.4. Biosorption Kinetics
In order to complete evaluation of the sorption mechanism of examined biomaterials, the kinetic
parameters of the sorption process were determined. For this purpose, sorption studies of Pt or Pd
ions were carried out under optimal conditions using 0.1 g (wet biomass) of the currently tested
biosorbent. The applied concentration of Pt was 0.1 mg L−1 , while Pd was 0.075 mg L−1 . Every 15 min
an appropriate amount of the tested suspension was taken and the current content of the studied ion was
determined. The pseudo-first (PFO) and -second (PSO) models of adsorption kinetics were assumed
and checked [50]. Basic kinetic parameters such as the amount of adsorbed metal ions at equilibrium
(qe ) and the adsorption rate constants (k1 and k2 ) were determined experimentally using the graphical
dependence of log (qe –qt ) vs. t for the PFO and 1/qt vs. 1/t for the PSO models of adsorption kinetics.
The suitability of experimental data to the assumed model of adsorption kinetics was determined based
on the regression coefficient. The obtained kinetic parameters of examined processes are presented in
Table 2.
The obtained data show that the kinetics of the Pt and Pd adsorption process suit well the
pseudo-second order kinetics model. This means that rate-limiting step most likely involves chemical
interactions leading to the binding of metal ions to the adsorbent surface such as, among others, ion
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exchange or complexing processes [50]. This conclusion conﬁrms results obtained by the examination
of adsorption isotherms. The mass of adsorbed ion at equilibrium state calculated for the dry mass of
biosorbent was 7.819 × 10−2 mg g−1 and 5.864 × 10−2 mg g−1 for Pt and Pd ions, respectively.
Table 2. The kinetic parameters of Pt and Pd adsorption by examined biosorbents (qe —the amount of
adsorbed ion at equilibrium state (mg g−1 ), k1 —the ﬁrst order kinetic rate (min−1 ); k2 —second order
kinetic rate (g mg−1 min−1 ).
Studied Ion

Microrganism
Saccharomyces sp.

Pt
Aspergillus sp.

Saccharomyces sp.
Pd
Aspergillus sp.

Pseudo-First Order Kinetics Model

Pseudo-Second Order Kinetics Model

qe

4.670 × 10−3

qe

4.601 × 10−3

k1

8 × 10−5

k2

830.173

R2

0.145

R2

0.999

qe

0.358 × 10−4

qe

4.122 × 10−3

k1

2.2 × 10−3

k2

210.474

R2

0.373

R2

0.999

qe

1106.0

qe

3.188 × 10−3
226.254

k1

5.1 × 10−3

k2

R2

0.515

R2

0.990

qe

3.218 × 10−3

qe

3.092 × 10−3

k1

2 × 10−4

k2

280.620

R2

0.491

R2

0.996

3.5. Recovery of Platinum and Palladium from Wastes
The presence of matrix components of the samples, inorganic ions as well as organic matter,
may inﬂuence the speciﬁc biosorption of analyte. Hence, in this work, the recovery of platinum and
palladium ions from samples containing complex matrix was studied. As the content of Pt and Pd in
samples of crude sewage obtained from municipal sewage treatment plant and road run-oﬀ was not
determined, they were spiked with diﬀerent amounts of analytes and left for equilibration. Next, they
were pretreated and analyzed according to the procedure described in Section 2.6. The eﬃciencies of
retention of analytes and their recoveries from biomass were calculated and the results are given in
Tables 3 and 4.
Table 3. Application of fungi Aspergillus sp. for separation of Pt(IV) from various samples (sample pH
2, mass of biosorbent 0.1 g, contact time 2 h, washing agent: 0.01 mol L−1 HNO3 , n = 3).
Sample Type

Pt(IV) Amount, μg

Retention ± SD, %

Recovery ± SD, %

Standard solution

100
200
500
1000

89.1 ± 1.1
81.3 ± 0.8
68.1 ± 6.0
56.5 ± 1.7

70.9 ± 2.5
65.3 ± 4.3
66.5 ± 4.3
51.3 ± 5.2

Road run-oﬀ

0.5
100
200
500
1000

95.6 ± 0.9
90.7 ± 0.7
82.0 ± 0.9
70.7 ± 5.9
47.4 ± 0.0

68.9 ± 2.1
62.9 ± 6.2
51.2 ± 0.1
50.9 ± 4.7
-

Sewage

0.5
0.5
1000

62.3 ± 7.5 a
89.4 ± 0.5
36.7 ± 0.0

37.5 ± 3.4 a
82.7 ± 3.4
-

1.2 b

-

74.8 ± 5.7

Anode slime

mass of biomass 0.013 g, constituent content of anode slime: Pt—6 μg g−1 , Ag—40%, Pb—30%, Sb—1%–3%,
Se—1%–2%, Cu—1%–2%, S—6%, Au—200 μg g−1 , Pd—7 μg g−1 .
a

b
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Table 4. Application of fungi Aspergillus sp. for separation of Pd(II) from various samples (sample
pH 3.5, mass of biosorbent 0.1 g, contact time 2 h, washing agent: 0.01 mol L−1 HNO3 , n = 3).
Sample Type

Metal Amount, μg

Retention ± SD, %

Recovery ± SD, %

Standard solution

1000

98.1 ± 0.2

95.2 ± 3.3

Road run-oﬀ

0.5
1000

93.7 ± 0.2
99.4 ± 0.0

98.8 ± 3.4
82.4 ± 4.8

Sewage

0.5
0.5
1000

99.4 ± 0.3 a
91.2 ± 1.0
88.6 ± 0.9

95.8 ± 5.1 a
86.4 ± 1.1
65.7 ± 6.2

Anode slime

1.4 b

-

97.9 ± 7.7

mass of biomass 0.013 g, b constituent content of anode slime: Pd—7 μg g−1 , Ag—40%, Pb—30%, Sb—1%–3%,
Se—1%–2%, Cu—1%–2%, S—6%, Au—200 μg g−1 , Pt—6 μg g−1 .
a

The mean eﬃciency of retention of Pt (500 ng) from sewage on 0.013 g of fungal biomass was about
60%. Therefore, higher biomass dosage (0.1 g) was used in further experiments. It was observed that
the eﬃciency of biosorption of the same amount of Pt on higher biosorbent mass from sewage samples
increased to 89% and from run-oﬀ samples achieved 95%. The recovery of Pt from digested fungal
biomass was lower, in the range of 69%–82%, indicating that part of the Pt(IV) ions was non-speciﬁcally
bound to the cells’ surface. For 20 mL of standard and samples solutions containing Pt content in the
range of 100–500 μg, the retention eﬃciency was in the range 95%–70%, while the recovery was in the
range 70%–50%, decreasing with increasing Pt concentration (Table 3). The retention of analyte from
samples containing 1000 μg of Pt decreased to about 57% from standard solutions and even below
50% for complex samples. In this case, the platinum uptake was only about 2.8 mg g–1 , not exceeding
the maximal capacity of the sorbent. Probably the biosorption of high amounts of Pt was restricted
by some factors. Competition between Pt and other ions, organic matter in sewage and road run-oﬀ
samples, cannot be neglected.
Under the same conditions the recovery of Pd from biomass for all samples type was quantitative
(Table 4). These results proved that Pd was speciﬁcally bound to fungal cells and no competition in
biosorption was observed.
Owing to the presence of valuable metals and metalloids in the anode slime, products obtained
from electrolytic reﬁning of copper, numerous approaches have been made by the researchers to extract
them following metallurgical routes [51]. The samples of anode slime were digested and pretreated
according to the procedure described in Section 2.6. The content of Pt in anode slime determined by
XRF method was 6 μg g−1 , while the content of Pd was 7 μg g−1 .
The experiment has shown that the recovery of precious metals from fungal biomass was excellent
for Pd (97.9 ± 7.7%, n = 3) and good for Pt (74.8 ± 5.7%, n = 3). In this work, the biomass was digested
by means of high temperature in concentrated acid. The obtained results show that the biomass of fungi
can be applied for the quantitative recovery of palladium from wastewater and industrial samples.
As for the recovery of precious metals from biomass an incineration process could be used [24], we
also plan to examine the eﬃciency of this process in the future.
4. Conclusions
Yeast Saccharomyces sp. and fungi Aspergillus sp. have been used to investigate the biosorption of
trace amounts of Pt(IV) and Pd(II) from chloride solutions in a batch system. The maximal eﬃciency
of retention of Pt(IV) on yeast and fungi was obtained at pH 2.0 ± 0.2. The biosorption of Pd(II) was
performed at pH 2.5 ± 0.2 on yeast, and pH 3.5 ± 0.2 on fungi. The biosorption process is very fast as
the equilibrium was attained within 45 min. The best interpretation for the experimental data was
given by the Langmuir isotherm and pseudo-second-order kinetics model. Fungi Aspergillus sp. show
a higher adsorption capacity for both metals than yeast Saccharomyces sp. The maximum adsorption
capacity of fungi was 5.49 mg g−1 for Pt(IV) and 4.28 mg g−1 for Pd(II). This microorganism was used
for eﬃcient removal of Pt and Pd from environmental samples (sewage, road run-oﬀ). The method
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could be also applied for the recovery of Pd from industrial samples (anode slime). The results revealed
that, although this new biosorbent has a relatively low capacity, it is a promising candidate for removal
of palladium from contaminated aquatic environments and industrial wastes. If the amount and value
of metal recovered and if the biomass is plentiful, metal loaded biomass can be incinerated thereby
eliminating further treatment.
Author Contributions: B.G.-Ż. conceptualization, writing, supervision, S.S. investigation, data calculation and
preparation of ﬁgures, J.K. calculation of kinetics parameters.
Funding: This research received no external funding.
Conﬂicts of Interest: The authors declare no conﬂict of interest.
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Abstract: The present study investigated the kinetics and formation of hydroxylated and chlorinated
intermediates during electrochemical oxidation of salicylic acid (SA). A chloride (NaCl) and sulfate
(Na2 SO4 ) electrolyte were used, along with two diﬀerent anode materials, boron doped diamond
(BDD) and platinum (Pt). Bulk electrolysis of SA conﬁrmed the formation of both hydroxylated and
chlorinated intermediates. In line with the density functional theory (DFT) calculations performed in
this study, 2,5- and 2,3-dihydroxybenzoic acid, 3- and 5- chlorosalicylic acid and 3,5-dichlorosalicylic
acid were the dominating products. In the presence of a chloride electrolyte, the formation of
chlorinated intermediates was the predominant oxidation mechanism on both BDD and Pt anodes.
In the absence of a chloride electrolyte, hydroxylated intermediates prevailed on the Pt anode and
suggested the formation of sulfonated SA intermediates on the BDD anode. Furthermore, direct
oxidation at the anode surface only played a subordinate role. First order kinetic models successfully
described the degradation of SA and the formation of the observed intermediates. Rate constants
provided by the model showed that chlorination of SA can take place at up to more than 60 times
faster rates than hydroxylation. In conclusion, the formation of chlorinated intermediates during
electrochemical oxidation of the organic model pollutant SA is conﬁrmed and found to be dominant
in chloride containing waters.
Keywords: electrochemical oxidation; organic pollutant; salicylic acid; disinfection by-products;
boron doped diamond; hydroxyl radicals; chlorinated intermediates; density functional theory

1. Introduction
Mono- and polycyclic aromatic compounds present in wastewaters such as landﬁll leachate, pose
a special challenge when it comes to their removal from the water matrix. Greater parts of them are
non-biodegradable, persist in the aquatic environment and demand a dedicated treatment step for
their removal. Such persistent organic pollutants can be produced intentionally, such as pesticides,
or are unintentionally produced during water disinfection [1]. They may enter the human body
through the food chain via bioaccumulation [2]. Many persistent organic pollutants are suspected to
be carcinogenic or have other detrimental eﬀects on the aquatic environment [3]. Studies have shown
that advanced oxidation processes (AOP) in general [4], and thereof electrochemical oxidation (EO) [5]
speciﬁcally, are eﬀective treatment processes for the removal of persistent organic pollutants. AOPs
mainly focus on the formation of hydroxyl radicals by diﬀerent means [6,7]. Hydroxyl radicals are
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non-selective, highly reactive oxidants and their presence leads to partial degradation or even complete
oxidation to CO2 of organic pollutants. During EO, adsorbed hydroxyl radicals are formed via the
electrolytic discharge of water in the electrochemical cell (Equation (1)) [8]:
MOx + H2 O → MOx (·OH) + H+ + e−

(1)

A competing side reaction may occur during the electrolytic discharge of water, the so-called
oxygen evolution (Equation (2)) [8]:
1
MOx (·OH) → MOx + O2 + H+ + e−
2

(2)

The occurrence of oxygen evolution is subject to the oxygen evolution over-potential of the anode
material. In the same way, the transfer of oxygen from the adsorbed hydroxyl radicals to the organic
compound (R) depends on the anode material [9]. Commonly, two diﬀerent electrochemical oxygen
transfer reaction (EOTR) mechanisms are distinguished [8]. The ﬁrst EOTR mechanism takes place at
anodes that have a low oxygen evolution over-potential, also known as active anodes (e.g., platinum,
Pt) [8]. Hereby, the adsorbed hydroxyl radical reacts with the anode surface, forming higher oxides
(MOx+1 ), which in turn react with the organic pollutant (Equation (3)):
MOx (·OH) → MOx+1 + H+ + e−
MOx+1 + R → MOx + RO

(3)

where MOx+1 /MOx is the surface redox couple and also called active oxygen. The second EOTR
mechanism takes place at anodes with high oxygen evolution over-potential, also known as non-active
anodes (e.g., BDD). Hereby, no formation of higher oxides occurs. Instead, the adsorbed hydroxyl
radicals react directly with the organic compound, which at best leads to its complete combustion to
CO2 (Equation (4)):
MOx (·OH) + R → MOx + mCO2 + nH2 O + H+ + e−

(4)

Depending on the anode material, the active oxygen is called chemisorbed (active anodes) or
physisorbed (non-active anodes). In order to be able to conduct EO, the sole presence of an organic
pollutant and water molecules is not enough. Electrolytes need to be present, to transfer the charge
across the electrochemical cell. Almost all wastewaters contain electrolytes of diﬀerent natures and thus
facilitate the treatment via EO. However, electrolytes do not only transfer charges, but electrochemically
active electrolytes may also undergo oxidation at the anode surface. Halide electrolytes will form
active halide species under such circumstances, for example NaCl will react to active chlorine. These
active species will in turn react with the organic pollutants, resulting in their partial chemical oxidation,
a process also known as mediated oxidation (MEO) [10]. Bonfatti et al. [11] proposed the following
mechanisms for active chlorine mediated electrochemical oxidation:
2Cl− → Cl2 + 2e−

(5)

Cl2 + 2OH− → ClO− + Cl− + 2H+ ↔ HOCl + H+ + Cl−

(6)

MOx (·OH) + Cl− → MOx (HOCl)ads

(7)
−

MOx(HOCl)ads + R → CO2 + H2 O + Cl

(8)

Halogenated organic pollutants however are not favored reaction products, since they are generally
more toxic than the mother compound and thus disadvantageous for the treatment process [12]. In the
same way as the electrolytes, the organic pollutants can also be directly oxidized at the anodes surface,
via a direct electron transfer (DET) between the organic pollutant and the anode [13]. DET is restricted
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and only occurs within the particular electrochemical window speciﬁc to a certain anode material,
which in turn is limited by the above-mentioned oxygen evolution over-potential.
In this study, salicylic acid (SA) is used as a model compound for organic pollutants. SA is
the main metabolite of acetylsalicylic acid, a commonly known and widely used painkiller. SA has
aromatic properties and can be used to represent organic pollutants during electrochemical oxidation.
Furthermore, chlorinated SA intermediates have been recently assigned to the group of disinfection
by-products (DBP), which are not only of concern due to their cytotoxicity and growth inhibition ability
but also because they act as a precursor to form regulated DBPs such as trihalomethanes (THMs).
Consequently, this study investigates the degradation of SA in chloride and non-chloride electrolytes
and investigates the diﬀerent oxidation processes and the corresponding formation of intermediates.
Degradation pathways for SA during EO have been reported on previously. Guinea et al. [14]
proposed a degradation pathway via hydroxylation of SA, using a BDD anode and cathodic generation
of hydrogen peroxide. In the ﬁrst oxidation step, SA reacted with the hydroxyl radicals originating from
the hydrogen peroxide to form three diﬀerent dihydroxybenzoic acids (dHBAs): 2,3 dihydroxybenzoic
acid (23dHBA), 2,5 dihydroxybenzoic acid (25dHBA) and 2,6 dihydroxybenzoic acid (26dHBA).
The diﬀerent dHBAs were next proposed to be further oxidized to lower molecular weight carboxylic
acids such as maleic or α-ketoglutaric acid. In a third oxidation step, the low molecular weight
carboxylic acid was then degraded to oxalic acid and ﬁnally carbon dioxide (CO2 ). Others suggested
trihydroxybenzoic acids (tHBA), namely 234tHBA, 235tHBA and 246tHBA as possible degradation
products of SA [15]. However, chlorinated products of SA formed during EO have not been reported.
It is anticipated that chlorine atoms originating from the MEO primarily substitute at the para position
of the hydroxyl group of SA, followed by a second substitution at the ortho position [16]. This
assumption is endorsed by Broadwater et al. [17], where they identiﬁed diﬀerent chlorinated SA
intermediates by the simple chlorination of SA via the addition of NaOCl. Thus, it is expected that we
will mainly ﬁnd 3-chlorosalicylic acid (3ClSA) and 5-chlorosalicylic acid (5ClSA) and the combined
product 3,5-dichlorosalicylic acid (35dClSA). The uncertainty that comes along with the expected
chlorinated SA products can be reduced further by the implementation of preliminary density function
theory (DFT) computations. These computations will help us to anticipate possible reaction products
and thus facilitate the analytical process for their identiﬁcation. The oxidation pathway of SA via DET
is also included in this study as only a few studies investigated the DET of SA. Torriero et al. [18], used
cyclic voltammetry (CV) to demonstrate irreversible DET of SA on a glassy carbon (GC) electrode, and
Wudarska et al. [19] reported on the electro-reduction behavior of SA and acetylsalicylic acid during
CV using a Pt electrode
The aim of this study is to gain more insight into the degradation of SA during EO with emphasis
on the formation of chlorinated SA intermediates. Chlorinated intermediates, unlike their mother
compound SA, belong to newly deﬁned DBPs and therefore it is essential to elucidate their formation
during EO and ﬁll this gap of knowledge. Hydroxylated intermediates are also investigated, since they
originate from the reaction with hydroxyl radicals, which are important for the removal of persistent
organic pollutants. Kinetic models for the degradation of SA and the formation of intermediates are
developed using DFT and tested through bulk electrolysis in diﬀerent electrolytes. Model results
provided rate constants that are used to assess the importance of diﬀerent oxidation processes
contributing to the degradation of SA. In addition, CV on BDD electrodes for SA are reported and
add valuable information on the electroactive behavior of SA, which has been previously reported for
diﬀerent electrode materials and electrochemical reduction by [18,19], respectively.
2. Materials and Methods
Investigation of EOTR and MEO for SA was done by bulk electrolysis. Diﬀerent mechanisms were
identiﬁed via the reaction products of the parent compounds. The expected reaction products during
bulk electrolysis were anticipated based on DFT computations for both EOTR and MEO. In addition,
two diﬀerent anode materials were tested, BDD and Pt, due to EOTR being highly dependent on the
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anode material. MEO is greatly aﬀected by the supporting electrolyte, hence two diﬀerent electrolytes
were compared (NaCl and Na2 SO4 ). A kinetic model has been developed in order to predict the
degradation of SA and the formation of the reaction products during bulk electrolysis. Furthermore,
CV was used to gain information about the electro-activity of SA. Its fate during CV was assessed by
using diﬀerent supporting electrolytes and anode materials. The CV results allow for conclusions to be
drawn about the presence or absence of the DET mechanism during bulk electrolysis of SA.
2.1. Cyclic Voltammetry
SA and the two electrolytes (NaCl and Na2 SO4 ) were purchased from VWR international AnalaR
NORMAPUR. Stock solutions of SA were prepared with demineralized water with a concentration of
1 g/L. The stock solution was kept up to a month and stored in the dark at 4 ◦ C. Electrolyte solutions
were prepared with demineralized water. Cyclic voltammetry experiments were carried out with an
μAUTOLABIII/FRA2 (Metrohm) using a 7.07 × 10−6 m2 platinum rotating disc electrode (Pt-RDE,
Metrohm), a 1.24 × 10−5 m2 boron doped diamond rotating disc electrode (BDD-RDE, neoCoat) and
a 1.19 × 10−4 m2 glassy carbon rod (GC-rod) electrode (Metrohm AG, Hersiau, Switzerland). A Pt
wire was used as an auxiliary electrode. The speed of the rotating disc electrode was set to 100 rpm
for all experiments. A platinum wire served as a counter electrode and an Ag/AgCl (3M) was used
as a reference electrode. All experiments were performed at room temperature (20 ◦ C) using 25 mL
electrolyte at a concentration of 0.1 M and a SA concentration of 500 mg/L. The scanning rate was 1 V/s
and 5 consecutive scan cycles were run at the time and the potential was swept between −1 and 2 V.
CV results were analyzed using NOVA 2.0 software (Metrohm).
2.2. Bulk Electrolysis
The same chemicals as for CV were used and stock solutions were prepared and stored likewise.
Bulk electrolysis experiments were carried out, using a micro ﬂow cell (ElectroCell Europe AS,
Denmark). Experiments were conducted in galvanostatic mode with an applied current density
(japp ) of 43 mA/cm2 . Two diﬀerent anode materials were used, platinum (Pt) with titanium (Ti), as
supporting material and a boron doped diamond (BDD) with niobium (Nb) as supporting material
together with a stainless-steel cathode. Both, cathode and anode had an active area of 10 cm2 . Two
polytetraﬂuoroethylene turbulence-enhancing meshes were placed between the anode and cathode
(4 mm inter-electrode cap). The working- and counter-electrode were cooled during the experiment
with a tab water stream (ca. 7 ◦ C) from the rear side. The solution (2500 mL) in the tank was
magnetically stirred and pumped with a peristaltic pump (Masterﬂex Cole-Parmer Instrument Co.,
Vernon Hills, IL, USA) via Teﬂon tubing to the micro ﬂow cell with a ﬂow rate of 380 mL/min. A cooling
coil (stainless steel) immersed into to the solution and connected to a chiller (FP50-ME, Julabo GmbH,
Seelbach, Germany) assured a stable temperature (25 ◦ C) during all experiments. The electrolyte
concentration used during bulk electrolysis was 0.05 M for both, NaCl and Na2 SO4 . Figure 1 depicts
the scheme of the electrolysis set up.

Figure 1. Scheme of electrolysis setup; a: chiller; b: tank; c: cooling coil; d: peristaltic pump; e:
electrolytical cell; f: power supply.
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The mass transfer coeﬃcient (km ) was obtained by the diﬀusion limiting current technique [20]
according to Chatzismyeon et al. [21]. Diﬀerent concentrations (4–24 mM) of potassium ferro cyanide
(K4 [Fe(CN)6 ]) and ferri cyanide (K3 [Fe(CN)6 ]) in 2:1 ratio were anodically oxidized and polarization
curves were generated. The limiting currents were determined by the formula:
Ilim = (AnFkm )Cb

(9)

where Ilim : limiting current (A), A: electrode surface (m2 ), n: number of exchanged electrons (n = 1 for
ferro/ferri cyanide couple), F: Faraday constant (C/mol), km : mass transfer coeﬃcient (m/s), Cb : bulk
concentration of ferro cyanide (mol/m3 ). The ratio of Ilim to Cb is obtained from the slope when plotting
diﬀerent ferro/ferri cyanide concentration versus the limiting current (plateau) from the polarization
curves. The calculated km value is inserted into the following Equation (10), describing the initial
limiting current density (jlim (t = 0)) for the given experimental conditions when BDD anodes are
used [22]:
(10)
jlim (t) = nFkm COD(t)
where: n: number of electrons exchanged with anode (n = 4 when considering chemical oxygen
demand (COD)), COD (t): initial bulk COD concentration at time t = 0).
2.3. Sample Analysis
Samples obtained from bulk electrolysis were analyzed using an UPLC (Waters, Milford, MA,
USA) with XEVO TQ-XS triple quadrupole mass spectrometer (Waters) with a 2.1 mm × 100 mm high
strength silica T3 column (Waters). The UPLC-MS/MS was operated in multiple reaction monitoring
mode using electrospray ionization. Water (HPLC grade, VWR) with 2 mM ammonium formate
(Sigma-Aldrich, Merck KGaA, Darmstadt, Germany) and 0.1% formic acid (VWR International LLC,
Radnor, PA, USA) was used as solvent A and acetonitrile (HPLC grade, VWR) with 2 mM ammonium
formate (Sigma-Aldrich) and 0.1% formic acid (VWR) was used as solvent B. For the SA method, a
ﬂow of 0.4 mL/min was constantly maintained and deuterated SA (SA-d6, Sigma-Aldrich) was used as
an internal standard. Standards for the selection of expected SA products 23dHBA, 25dHBA, 26dHBA,
3ClSA, 4ClSA, 5ClSA and 35dClSA were purchased from Sigma-Aldrich, all analytical grade. Data
processing was carried out using the ‘Targetlynx’ software (Waters).
Active chlorine in bulk electrolysis samples was measured with the DPD (N, N-diethylp-phenylenediamine) colorimetric method using DPD powder pillows for 5 mL (Hach, Loveland, CO,
USA) and a portable DR300 colorimeter (Hach).
2.4. Density Functional Theory Simulations
DFT simulations were performed to study the relative stability of diﬀerent products, as well as
the electronic property of SA in reaction. All calculations were done with the Gaussian 09 package [23].
Unrestricted spin calculation using Lee-Yang-Parr (B3LYP) [24] functional and def2-TZVPP basis
set [25,26] were employed. An implicit solvation model for water was considered using a solvation
model based on the quantum mechanical charge density (SMD) [27]. Natural bond theory (NBO) [28]
was used to analyze the spin and charge density of the molecules (Figure 2). The default values of
Gaussian 09 were used for the convergence of energy and force in the DFT calculations. A similar set
up was successfully employed to study to electro-chemical reaction [29].
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Figure 2. Electronic structure of salicylic acid (SA) radical: ppin density calculated by natural bond
theory (NBO) method (left) and highest occupied molecular orbital—lowest unoccupied molecular
orbital (HOMO-LUMO) (right).

2.5. Kinetic Modelling
A mathematic model predicting the degradation of SA and its intermediates with diﬀerent
electrode materials was developed. A degradation mechanism of SA with NaCl as the supporting
electrolyte is proposed in Figure 3. Note that in the case of using Na2 SO4 as supporting electrolyte, the
formation of chlorinated intermediates does not take place.

Figure 3. Simpliﬁed chemical kinetic model for the degradation of SA.

A ﬁrst order kinetic equation was chosen to describe each reaction rate (Equation (11)). Calculations
were performed in Matlab (version 2017, The MathWorks, Inc., Natick, MA, USA) to ﬁnd the numerical
solution to the set of ordinary diﬀerential equations. Reaction rate constants were determined by ﬁtting
the experimental data to the model using the least squares method. The ﬁtting quality was estimated
by the correlation coeﬃcient R2 .
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d[SA]
dt = −(k1 + k2 + k3 + k4 + k5 )[SA]
d[SA]
dt = −(k1 + k2 + k3 + k4 + k5 )[SA]
d[23dHBA]
= k2 [SA] − k6 [23dHBA]
dt
d[25dHBA]
= k3 [SA] − k7 [25dHBA]
dt
d[3ClSA]
= k4 [SA] − (k8 + k10 )[3ClSA]
dt
d[5ClSA]
= k5 [SA] − (k9 + k11 )[5ClSA]
dt
d[35dClSA]
[3ClSA] + k11 [5ClSA] − k12 [35dClSA]
=
k
10
dt

(11)

3. Results and Discussion
3.1. Prediction of Salicylic Acid Intermediate Formation by DFT Simulations
Considering the formation of hydroxylated and chlorinated products, there are six possibilities to
bond to a carbon atom (from C1–C6) of SA (Figure 2). However, due to steric eﬀects, the attacking
position at C1 and C2 is very unstable, hence the possibility to bond with OH− and Cl− at position
C3, C4, C5, and C6 was investigated. Table 1 presents the relative stability of the products, the most
stable one (relative energy = 0.00 kJ/mol) was chosen as reference. For both the hydroxylated and
mono-chlorinated products, the most stable structure is at position C4, while position 4,5 and position
3,5 are the most stable structures for di-chlorinated species. When looking at the experimental data, it
shows that the most favorable attacking positions are at C3 and C5 position (discussed in Section 3.2.2
& 3.2.3). Thus, the most favorable intermediates observed during the experiments cannot be fully
explained by the relative stability of products based on DFT calculations. It is therefore proposed that
the mechanism and kinetics play an important role here. Consequently, further investigations of the
electronic structure of the radical SA by DFT and NBO theory were performed. In particular, the spin
density (Figure 2) shows that its maximum is at position C3 and C5. The spin density corresponds
to the reactivity of the SA radical in the electrochemical oxidation reaction. Simply based on this
assessment, it is possible to predict that the attraction of OH− and Cl− will be favorable at the C3
and C5 position. This is in agreement with the experimental data, where the byproducts for both
hydroxylation and chlorination were observed at the C3 and C5 position.
Table 1. Relative energy of hydroxylated and chlorinated products.
Position
Hydroxylate
Product

Relative
Energy
(kJ/mol)

Position
Mono-Chlorinated
Product

Relative
Energy
(kJ/mol)

Position
Di-Chlorinated
product

Relative
Energy
(kJ/mol)

4
6
5
3
n/a
n/a

0.0
10.8
15.7
18.2
n/a
n/a

4
5
3
6
n/a
n/a

0.0
3.9
9.7
29.6
n/a
n/a

4,5
3,5
3,4
4,6
3,6
5,6

0.0
0.1
4.8
17.0
25.5
32.6

3.2. Oxidation of Salicylic Acid and Intermediate Formation
3.2.1. Electro-activity of Salicylic Acid
CV has been used to evaluate the electro-activity of SA. First, a GC rod was used as a baseline
for the later comparison with diﬀerent anode materials. GC is not prone to fouling, unlike the Pt
electrode, yet it has an active surface, unlike BDD, meaning that compounds contained in the water
matrix have a proper aﬃnity to the anode surface. In a second step, the electro-activity of SA was
assessed with a Pt and BDD electrode, which corresponded to the anode materials used for the bulk
electrolysis experiments. CV using a GC anode revealed that SA is electro-active, as indicated by the
anodic oxidation peak potential Epa observed during the forward scan (Figure 4a).
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Figure 4. Cyclic voltammetry (CV) for SA in diﬀerent supporting electrolytes and diﬀerent anode
materials (1V/s, 5 consecutive scan, current normalized for working electrode area). (a) GC, (b) Pt,
(c) BDD.

No reversibility of the oxidation peak was observed during a reverse reduction scan of SA. This is
in agreement with electrochemical irreversibility being a typical feature for phenolic compounds [30].
The use of two diﬀerent supporting electrolytes, NaCl and Na2 SO4 , indicates that NaCl leads to a
higher anodic peak current ipa (Figure 4a, peak nr. 1) than Na2 SO4 (Figure 4a, peak nr. 2) for SA.
A higher anodic peak current for one supporting electrolyte indicates that the diﬀusion of the model
compound towards the electrode surface is more eﬃcient in NaCl than in Na2 SO4 , which can be
associated to the diﬀerent size of anions (Cl− and SO4 2− ) [31]. Looking at the Epa for GC and Pt anode,
there is a slight shift towards a more positive potential for SA when NaCl is used instead of Na2 SO4 .
The exact values for Epa for each electrode material and supporting electrolyte are presented in Table 2.
Table 2. Overview of peak potentials Epa (V) vs. Ag/AgCl (3M) for diﬀerent anode materials and
supporting electrolytes (scan rate: 1 V/s).
Anode
Electrolyte
Epa (V) SA

GC
NaCl
1.20

Pt
Na2 SO4
1.07

NaCl
1.22
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BDD
Na2 SO4
1.15

NaCl
n/a

Na2 SO4
n/a
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In addition, SA exhibits a higher ipa and a shift in Epa in the ﬁrst scan cycle compared to scan
cycles 2–5 when using GC (Figure 4a) and Pt (Figure 4b, peak nr. 3 & 4) anodes. A lower Epa in the
second and more consecutive scan cycles can be attributed to the formation of a polymeric layer during
the EO, which covers the electrode surface [32]. This results in a decreased ipa for the consecutive scan
cycles. Only a slight or no decrease of ipa is observed after the second scan cycle which suggests that
the polymeric layer is not developing any further. CV of SA on the BDD anode exhibited no oxidation
peak Epa (Figure 4c), which shows that SA does not undergo oxidation by DET. This is attributed to
the non-active nature of BDD anodes, and results in a low aﬃnity towards compounds contained in
the water matrix. This behavior makes BDD anodes less prone to polymeric fouling than the active
Pt anodes [8]. Contrary to our ﬁndings, Louhichi et al. [33] observed that SA is electro active on
BDD electrodes during CV. They further state that a decreasing oxidation peak with increasing cycle
numbers suggests a polymeric layer built up on the BDD anode. Furthermore, Montilla et al. [34]
observed an anodic oxidation peak of the structurally similar benzoic acid on BDD anodes during CV.
Diﬀerences in both studies include higher analyte concentrations, a diﬀerent electrolyte (1M H2 SO4 or
0.5 M HClO4 ) and a considerably lower pH. In addition, the setup used in this study includes an RDE
while it was not speciﬁed in the above-mentioned studies. Despite the fact that DET of SA on BDD
electrodes was not observed in this study, BDD anodes are expected to outperform Pt anodes during
bulk electrolysis of SA due to less electrode fouling and the formation of the more freely available
physisorbed hydroxyl radicals [8].
CV results could verify the electro-activity of SA on active anodes (GC and Pt). The results conﬁrm
that electrons are directly exchanged between SA and these anodes, which contributes to the partial
oxidation of SA. Thus, the use of diﬀerent anode materials and electrolytes emphasized their impact
on DET. Recorded anodic peak currents on Pt and GC electrodes showed that NaCl facilitated the
transport of SA towards the electrode transport compared to Na2 SO4 .
3.2.2. Formation of Hydroxylated Salicylic Acid Intermediates
Bulk electrolysis was performed to investigate the oxidation of SA via EOTR. The original
experimental data can be found in the supporting material (Tables S1–S4). With the NaCl-BDD setting,
two hydroxylated products (23dHBA and 25dHBA) could be identiﬁed and quantiﬁed whereas the
third expected hydroxylated product (26HBA) could not be detected at any time. Detected dHBAs
were present after 10 min and they remained at a constant concentration throughout the experiment
(Figure 5b). A concentration of 1.07 × 10−6 M and 4.85 × 10−6 M for 23dHBA and 25dHBA, respectively
suggests a balanced formation and degradation during EO. Guinea et al. [14] also identiﬁed 25dHBA to
be the most abundant among the three investigated dHBAs. A higher SA concentration (1.20 × 10−3 M)
and cathodically generated hydrogen peroxide were used in that study, resulting in a signiﬁcantly
higher amount of each dHBA product. This explains why 26dHBA (limit of quantiﬁcation (LOQ)
of 10 nM) was not found in the present study but was found as a degradation product of SA by
Guinea et al. [14].
When the NaCl-Pt setting was used, both, 23dHBA and 25dHBA could be identiﬁed and quantiﬁed,
but 26dHBA could not be detected. In contrast to the BDD anode, the hydroxylated products do not
show a constant production rate but do reach a maximum concentration after 60 min with 0.24 × 10−5 M
and 0.69 × 10−5 M for 23dHBA and 25dHBA, respectively (Figure 5d). It is also notable that, after
reaching a maximum concentration, both hydroxylated products are only eliminated again to a certain
extent, similar to the observation on the BDD electrode. The ﬁnal concentration was 0.13 × 10−5 M for
23dHBA and 0.56 × 10−5 M for 25dHBA. It should be noted that the absolute concentration of dHBAs
detected was considerably higher than with the BDD anode, speciﬁcally 18% higher for 23dHBA and
13% higher for 25dHBA. This behavior can be attributed to the quasi freely available physisorbed
hydroxyl radicals on BDD, which readily react with SA and lead to its complete mineralization
(Equation (4)). However, on Pt anodes the hydroxyl radicals are chemisorbed (Equation (3)) and thus
exhibit a lower oxidation power, which results in a lower amount of complete mineralized SA and
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a higher amount of the intermediate degradation products such as 23dHBA and 25dHBA. Similar
ﬁndings have been reported by Madsen et al. [35].

Figure 5. Experimental data and model with chloride (NaCl) as the supporting electrolyte: boron
doped diamond (BDD) anode (a) and (b), Pt anode (c) and (d); normalized concentrations with respect
to initial SA concentration.

Using the Na2 SO4 -BDD setting, 23dHBA and 25dHBA could also be identiﬁed and are depicted
in Figure 6a,b, but 26dHBA was not detected. Both hydroxylated compounds were present as when
NaCl was used. 23dHBA is present after 10 min at constant concentration of 1.3 × 10−6 M. 25dHBA
shows the same pattern as 23dHBA with a concentration of 5.7 × 10−6 M.
With the Na2 SO4 -Pt setting, 23dHBA and 25dHBA could be observed yet 26dHBA could not
be detected. However, the hydroxylated products diﬀer in the concentration proﬁle from the results
obtained with the other three settings. A clear increase over time of both 23dHBA and 25dHBA is
shown in Figure 6d with 3.24 × 10−6 M and 1.24 × 10−5 M as ﬁnal concentrations for 23dHBA and
25dHBA, respectively.
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Figure 6. Experimental data and model with sulfate (Na2 SO4 ) as the supporting electrolyte: BDD anode
(a) and (b), Pt anode (c) and (d); normalized concentrations with respect to initial SA concentration.

3.2.3. Formation of Chlorinated Salicylic Acid
On the BDD anode with NaCl as the supporting electrolyte, the formation of 3ClSA, 5ClSA and
35dCLSA was observed instantly after the beginning of the experiment (Figure 5a). 3ClSA reached the
maximum concentration (4.10 × 10−5 M) after 45 min and was further oxidized completely after 180 min.
Likewise, 5ClSA reached its peak concentration (6.72 × 10−5 M) after 45 min and was almost completely
oxidized (4.64 × 10−6 M) by the end of the experiment. 35dClSA reached its peak concentration
(5.80 × 10−5 M) after 120 min and exhibited a ﬁnal concentration of 2.56 × 10−5 M. The observed
chlorinated salicylic acid products were formed as expected based on the previous DFT calculations
and as suggested by Farinholt et al. [16] and Broadwater et al. [17].
Using a Pt anode showed the same chlorinated product formation i.e., 3ClSA, 5ClSA and 35dClSA
(Figure 5c). All three identiﬁed chlorinated products were observed right after the beginning of
the experiment. 3ClSA reached its peak concentration (4.17 × 10−5 M) after 150 min and decreased
thereafter to a ﬁnal concentration of 3.19 × 10−5 M. The peak concentration of 5ClSA (6.90 × 10−5 M)
was reached after 180 min and decreased to a ﬁnal concentration of 6.49 × 10−5 M. For 35DClSA a
steady formation and no point of concentration inﬂection was reached until the end of the experiment
where the ﬁnal concentration amounted to 4.11 × 10−5 M.
Comparing the formation of the chlorinated products on BDD and Pt electrode (Figure 7) it shows
that the maximum concentration of 3ClSA (BDD: 4.10 × 10−5 M, Pt: 4.18 × 10−5 M) and 5ClSA (BDD:
6.77 × 10−5 M, Pt: 6.90 × 10−5 M) are about equal. The LOQ corresponds to 1.50 × 10−7 M for both,
3ClSA and 5ClSA. For 35dClSA, a peak concentration (5.80 × 10−5 M) was only detected with the BDD
electrode (Figure 5a). The experimental time of 240 min was too short to detect a peak concentration of
35dClSA with the Pt electrode and no apparent plateau was reached by the end of the experiment
(Figure 5c).
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Figure 7. Normalized concentration proﬁles with respect to initial molar SA concentration [C0]: SA
(a) chlorinated degradation products (b–d) on BDD and Pt electrodes.

3.2.4. Inﬂuence of Electrolyte Mediated Bulk Oxidation on Intermediate Formation
The two electrolytes form diﬀerent reactive species that contribute to the MEO of SA. According
to the reactivity of the oxidizing species formed, they also have a major impact on the degradation
kinetics. The production of free chlorine was lower with the NaCl-Pt than with the NaCl-BDD
setting. A ﬁnal concentration of 9.3 mg Cl2 /L was measured with the Pt anode by the end of the
experiment compared to 166 mg Cl2 /L with the BDD anode. This demonstrates that BDD not only
favors the production of quasi-free hydroxyl radicals [8], but also favors the production of active
chlorine Equations (7) and (8) and the consequent chlorine oxidation of organic compounds, which is
the governing oxidation mechanism during EO when using NaCl as a supporting electrolyte. However,
the similar production of hydroxylated products of SA on NaCl-BDD, NaCl-Pt and Na2 SO4 -BDD
indicates that the hydroxylation takes part to the same extent regardless of electrolyte and anode
material for the three mentioned parameter combinations. These ﬁndings show that in all three cases,
hydroxylation competes with MEO since the formation of hydroxylated products does not increase.
That leads to the further conclusion that despite the hydroxylation of SA there is also an MEO process,
which governs the oxidation of SA on Na2 SO4 -BDD. This assumption is endorsed by the results of
Farhat et al. [36] whereby they conﬁrmed the important role of sulfate radicals formed on BDD anodes
on the degradation of organic pollutants. Farhat et al. [36] suggested two possible pathways of sulfate
radical formation on BDD anode, either via DET of SO4 2− or by the reaction of H2 SO4 or HSO4 −
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with the anodically generated hydroxyl radicals. Further, they suggest a nonradical activation of
persulfate (S2 O8 2− ) that involves increasing the oxidation rate of organic contaminants. The Na2 SO4 -Pt
parameter setting diﬀers in its result compared to the other three parameter settings with regards to
the concentration proﬁle of the two hydroxylated compounds. The maximum concentration of both
23dHBA and 25dHBA diﬀer by more than a factor 2 compared to the obtained concentration with the
three other parameter settings. Since hydroxyl radical production is less on Pt than on BDD there
is less mediating oxidizing species formed, as conﬁrmed above concerning active chlorine species.
Additionally, sulfate active species are not present when the Pt anode is used since the oxidation
potential of sulfate (2.01 V vs. standard hydrogen electrode) exceeds the potential window of the Pt
anode (depicted in Figure 4b) and oxygen evolution starts before sulfate oxidation. Thus, oxidation of
SA at the Pt anode and Na2 SO4 supporting electrolyte is governed by the higher oxides formed at
active electrode surfaces, which are less reactive than the physically adsorbed hydroxyl radicals at
the BDD anodes. This is reﬂected in slower overall degradation kinetics. Thus, the lack of oxidative
species other than the higher oxides at the Pt anode surface explains why the partial oxidation of
23dHBA and 25dHBA is governing the process and not complete mineralization.
3.3. Overall Degradation Kinetics of Salicylic Acid
A degradation of 50 mg/L (362’004 nM) SA was followed over time for all four parameter settings
and the apparent ﬁrst order rate constants (kSA ) are presented in Table 3. Figure 5a depicts the results
using BDD in combination with NaCl as the supporting electrolyte. SA could not be detected after
120 min (LOD of 30 nM). The kinetic behavior observed for SA was in accordance with the theory
of the chosen mass transfer limiting conditions on BDD electrodes [22], where the applied current
was higher than the limiting current (8 mA/cm2 ). Oxidation of SA on Pt followed the same pattern
as on the BDD anode and is depicted in Figure 5c. However, no complete degradation of SA was
achieved during the experimental time whereby 7% of the initial SA concentration was still present at
the end of the experiment. When Na2 SO4 is used as the electrolyte the degradation of SA proceeds at a
more moderate rate than with NaCl. For the Na2 SO4 -BDD setting, 66% of the initial SA concentration
could still be observed at the end of the experiment (Figure 6a). The Na2 SO4 -Pt setting leads to a
nearly constant concentration of SA with a ﬁnal concentration corresponding to 84% of the initial SA
concentration (Figure 6c).
The proposed chemical kinetic model (Figure 3) was ﬁtted to the experimental data of SA,
hydroxylated and chlorinated products and the corresponding computed results are depicted in
Figures 5 and 6. In addition, Table 3 summarizes the rate constants (k) and the ﬁtting quality (R2 ) for
the four diﬀerent parameter settings.
The formation of hydroxylated products (k2 and k3 ) of SA are adequately described by the model
and exhibit a R2 between 77% and 88% for all four parameter settings. The only exception is 25dHBA
with the Na2 SO4 -Pt setting and a R2 of 64%, which means a less adequate ﬁt of the model and the
experimental data. This discrepancy can be explained by the scattered experimental data of SA and in
consideration of the low amount of 25dHBA that is produced, i.e., less than 3% of SA is degraded to
25dHBA (Figure 6d). Because the kinetic model is assuming ﬁrst order kinetics and the experimental
data of 25dHBA does not exhibit clear ﬁrst order kinetics, the ﬁtting of the model to the experimental
data is less accurate. Looking at the rate constants of the hydroxylated degradation products, it is
evident that 25dHBA is formed faster (k3 ) than 23dHBA (k2 ) for all four parameter settings. These
results are supported by the DFT calculation where the relative energy for 23dHBA was calculated to
be higher than for 25dHBA, which means that 25dHBA is the more stable product. The degradation
of the hydroxylated products to other organic products or complete combustion to CO2 is expressed
through k6 and k7 for 23dHBA and 25dHBA, respectively and is generally faster than their formation.
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Table 3. Summary rate equations and ﬁtting quality of the kinetic model.
Rate Constants (1/min)

NaCl/BDD

NaCl/Pt

Na2 SO4 /BDD

Na2 SO4 /Pt

k1
k2
k3
k4
k5
k6
k7
k8
k9
k10
k11
k12
kSA , Σ(k1 –k5 )

1.28 × 10−2
1.75 × 10−4
7.62 × 10−4
8.56 × 10−3
1.10 × 10−2
3.63 × 10−3
2.89 × 10−3
2.22 × 10−14
9.81 × 10−3
2.59 × 10−2
3.55 × 10−3
9.96 × 10−3
3.33 × 10−2

2.24 × 10−3
2.89 × 10−4
8.17 × 10−4
2.27 × 10−3
2.75 × 10−3
2.53 × 10−2
1.80 × 10−2
2.22× 10−14
2.22 × 10−14
5.96 × 10−3
2.53 × 10−3
7.71 × 10−3
8.37 × 10−3

3.32× 10−14
2.41× 10−4
1.71 × 10−3
n/a
n/a
5.07 × 10−2
8.70 × 10−2
n/a
n/a
n/a
n/a
n/a
1.95 × 10−3

2.22 × 10−14
3.87 × 10−5
7.82 × 10−4
n/a
n/a
3.20 × 10−13
3.05× 10−2
n/a
n/a
n/a
n/a
n/a
8.21 × 10−4

SA
23dHBA
25dHBA
3ClSA
5ClSA
35dClSA

98%
77%
78%
94%
96%
93%

95%
87%
88%
n/a
n/a
n/a

92%
88%
64%
n/a
n/a
n/a

Fitting Quality, R2 (%)
96%
88%
80%
95%
97%
96%

Formation and degradation of chlorinated products of SA are described to an exceeding extent by
the suggested kinetic model. R2 for both, BDD and Pt anode are between 93% and 97%. The formation
of 5ClSA proceeds at a faster rate (k5 ) than the formation of 3ClSA (k4 ) on both anode materials.
Similar to the hydroxylation of SA, this can also be explained by the preliminary DFT calculations
with the predicted relative energy for each compound (Table 1). The relative energy is lower for 5ClSA
than for 3ClSA making 5ClSA the more stable product. The decrease of 3ClSA and 5ClSA consists
of the formation of 35dClSA (k10 & k11 ) and the degradation to other organic products or complete
combustion to CO2 (k8 & k9 ). The sums of k8 and k10 for 3ClSA and k9 and k10 for 5ClSA represent
their degradation rate and show that 5ClSA is degraded at faster rate than 3ClSA on both anode
materials. The degradation rate (k12 ) of 35dClSA is slower than the one of the mono chlorinated SA on
both, BDD and Pt anode.
When comparing the rate constants of hydroxylation and chlorination of SA it becomes evident
that chlorination takes place at considerably faster rates than hydroxylation. On BDD anodes, the
formation of 3ClSA is a factor 49 and 11 faster than the formation of 23dHBA and 25dHBA, respectively.
Likewise, the formation of 5ClSA is a factor 63 and 14 faster than the formation of 23dHBA and 25dHBA,
respectively. The same pattern can be observed for when the Pt anode is used yet the hydroxylation
and chlorination rates diﬀer less than with the BDD anode. 3ClSA is formed by a factor 8 and 3 faster
than 23dHBA and 25dHBA, respectively. According to this, the formation of 5ClSA is a factor 10 and 3
faster than the formation of 23dHBA and 25dHBA, respectively. In conclusion, chlorination governs
the degradation of SA during electrochemical oxidation, no matter the electrode material.
Finally, the kinetic model also provided the apparent rate constant of the SA degradation (kSA ),
which consists of the sum of k1 to k5 . Whereby k1 accounts for the formation of other, not investigated
organic products, the oxidation product of SA resulting from DET or other oxidation mechanisms of
SA (Figure 3). Further, the degradation of SA to hydroxylated (k2 and k3 ) and chlorinated (k4 and k5 )
products are also accounted for in the apparent rate constant kSA . The proposed kinetic model does
not provide an individual rate constant for DET and thus its contribution to the degradation of SA is
out of scope of this study. However, when NaCl is used instead of Na2 SO4 , k1 is more than a factor
1.01 × 1011 higher for both anode materials and thus contributing to a higher degree to kSA as when k1
is obtained with Na2 SO4 . It indicates that if chlorination is not contributing to k1 in terms of complete
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combustion of SA to CO2 or by the formation of other, not investigated chlorinated compounds the
value of k1 becomes signiﬁcantly lower. This suggests that DET of SA, remains a mechanism that
contributes to k1 but plays a minor role in its degradation pathway. By comparing the diﬀerent values
for kSA for the four parameter settings (Table 3) it becomes evident that the degradation of SA is in
general faster with NaCl is used than with Na2 SO4 . However, among experiments using the same
electrolyte, the use of a BDD anode resulted in a higher kSA than with a Pt anode. On a BDD anode, the
kSA is a factor 17 higher for NaCl than for Na2 SO4 , and on a Pt anode the kSA is a factor 10 higher for
NaCl than for Na2 SO4 . Regardless of the parameter settings, the proposed kinetic model describes the
experimental data of the SA degradation via kSA to an exceeding extent with an R2 of 92% or higher.
4. Conclusions
•

•

•

•

•

This study conﬁrms the formation of chlorinated intermediates. Three diﬀerent chlorinated
oxidation products were identiﬁed, 3ClSA, 5ClSA and 35dClSA, whereby 5ClSA was more
frequently detected than 3ClSA and 35dClSA.
Hydroxylation of salicylic acid via anodically generated hydroxyl radicals was conﬁrmed via the
identiﬁcation and quantiﬁcation of 23dHBA and 25dHBA. 25dHBA was more frequently formed
than 23dHBA.
Density functional theory and natural bond theory computations revealed the highest spin density
at the C3 and C5 atom of salicylic acid. This explains the formation of the observed chlorinated
and hydroxylated intermediates of salicylic acid, and why other intermediates like 26dHBA or
4ClSA were not detected.
In chloride electrolyte, oxidation via mediating oxidizing species was found to be the governing
oxidation process on both tested anode materials, whereas hydroxylation took place but at much
lower rates than chlorination.
Cyclic voltammetry conﬁrmed of direct electron transfer of salicylic acid on Pt anodes, but not on
BDD electrodes. The proposed kinetic model adequately describes the degradation of salicylic
acid, and the formation of its chlorinated and hydroxylated intermediates and corresponding rate
constants could be derived.
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Abstract: The photochemical behavior of doxazosin (DOX) in simulated environmental conditions
using natural waters taken from local rivers as a solvent was studied. The chemical characteristics of
applied waters was done and a correlation analysis was used to explain the impact of individual
parameters of matrix on the rate of the DOX degradation. It was stated that DOX is a photoliable
compound in an aqueous environment. Its degradation is promoted by basic medium, presence
of environmentally important ions such as Cl− , NO3 − , SO4 2− and organic matter. The kinetics of
DOX reactions with OH− and SO4 − radicals were examined individually. The UV/H2 O2 , classical
Fenton and photo-Fenton processes, were applied for the generation of hydroxyl radicals while the
UV/VIS:Fe2 (SO4 )3 :Na2 SO2 system was employed for production of SO4 − radicals. The obtained
results pointed that photo-Fenton, as well as UV/VIS:Fe2 (SO4 )3 :Na2 SO2, are very reactive in ratio
to DOX, leading to its complete degradation in a short time. A quantitative density functional
theory (DFT) mechanistic study was carried out in order to explain the molecular mechanism of DOX
degradation using the GAUSSIAN 09 program.
Keywords: doxazosin maleate; advanced oxidation processes; hydroxyl radical; sulfate radical;
photodegradation; DFT study

1. Introduction
Recent environmental studies show an appearance of new atypical compounds in aquatic
ecosystems on a global scale. Called Emerging Organic Contaminants (EOC), they are created by
hundreds of organic compounds belonging to diﬀerent chemical classes [1]. Some of them are natural
components of an environment, making their presence detectable due to advancements in sample
preparation procedures [2–4], as well as new detection techniques [5–7]. They have been detected
in clean surface waters at few ng dm−3 levels while in polluted waters in the range from a few to
hundreds of μg dm−3 [8,9]. Many EOC-s compounds do not cause acute toxicity, but their presence
in the environment entails a number of adverse changes, including interference in animal as well as
human endocrine systems [1]. Compounds that exhibit such activity or are suspected of it are named
Endocrine Disrupting Compounds (EDC). According to the deﬁnition given by The Endocrine Society,
EDCs are: “an exogenous chemical, or mixture of chemicals, that interferes with any aspect of hormone
action” [10]. One of the more numerous groups belonging to EDCs are traces of pharmaceuticals [1,8].
The main identiﬁed source of pharmaceuticals in surface freshwater environments are from wastewater
treatment plants (WTP) [11]. Some compounds from the EDC-s group, especially pharmaceuticals,
possess biocidal properties or are resistant to biodegradation, so the WTP-s based on activated sludge
technology are unable to remove all of them [12]. Therefore, the search for improvements that can be
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made to the water puriﬁcation process is still currently a problem. The following modiﬁcations of the
water technology were developed and introduced into practice: membrane bioreactors, puriﬁcation
ponds with aquatic plants, application of new microorganisms, enzymatic treatments [12] or advanced
oxidation processes (AOPs) [13,14]. The advanced oxidation units are based on oxidation reactions
of reactive chemical species such as hydroxyl, sulfate, chlorine and other radicals with organic
pollutants [13,14]. Although AOPs are considered to be the most eﬀective way for water treatment,
their eﬃciency depends on many factors such as type of process, type and composition of the polluted
water, and chemical properties of degraded contaminants [15,16]. Additionally, cost of operation as
well as environmental implications should be considered [16]. Therefore, the introduction of AOP into
the treatment process requires the optimization of the chemical conditions of an applied reaction and
recognition of the chemical behavior of a main organic pollutant.
This paper presents the results of studies on kinetics of doxazosin (DOX) degradation under
inﬂuence of light and some selected AOPs. Doxazosin mesylate [(4-amino-6,7-dimethoxy-2quinazolinyl)-4-(1,4-benzodioxan-2-yl-carbonyl)-piperazine monomethansulphonate] (Figure 1)
belongs to the group of (α1 )-adrenoreceptor antagonists [17]. It is used for the treatment of benign
prostatic hyperplasia [17,18] and blood hypertension [18]. It is well absorbed by the digestive tract after
oral administration. Afterwards, it is partially metabolized and excreted with urine in the unchanged
form (about 4.8%) and in the form of metabolites: products of demethylation (23%) and hydroxylation
(12%) [19]. To the best of our knowledge, DOX chemical behavior under the inﬂuence of light or
AOPs has not been reported yet. Among many available AOPs reactions, the runs of UV/Vis direct
photolysis, UV-H2 O2 , classical and photo-Fenton processes, and oxidation by SO4 · were studied [16].
Attempts have been made to assess the persistence of DOX in aquatic environment and indicate the
environmental factors aﬀecting the rate of its vanishing. For this purpose, DOX degradation rate under
irradiation of sunlight in the presence of natural matrix was determined.

Figure 1. Chemical structure of doxazosin mesylate.

2. Materials and Methods
2.1. Chemicals
Doxazosin mesylate, DOX (Sigma-Aldrich, Germany), a stock solution at the concentration
2 × 10−3 mol dm−3 was prepared by dissolving an appropriate weight in 25 mL of MilliQ water.
Working solutions at the concentrations 1.0 × 10−6 , 2.5 × 10−6 , 5.0 × 10−6 , 10−5 , 1.5 × 10−5 and 2 × 10−5
mol dm−3 were prepared by dilution in MilliQ water. Ferric sulfate (Fe2 (SO4 )3 ) and anhydrous sodium
sulﬁte (Na2 SO3 ) were purchased from Chempur, Poland. Standard solution of ferric sulfate (2.5 × 10−3
mol dm−3 ) was freshly prepared every day by the dissolution of an exact weighted amount in 50 mL of
MilliQ water. Stock solution (5 × 10−3 mol dm−3 ) of anhydrous sodium sulﬁte was freshly prepared
every day from the pure product by dissolving an appropriate amount in 100 mL of MilliQ water.
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Acetonitrile and methanol of HPLC grade were supplied by Sigma-Aldrich.
Tert–butyl alcohol (TBA) were purchased from Honeywell, Riedel-de HaënTM .
Hydrogen peroxide (CHEMPUR, Poland) at the concentration of 10−1 , 5 × 10−2 , 10−2 , 2 × 10−2 ,
2 × 10−3 and 10−3 mol dm−3 were prepared daily by suitably diluting its 30% solution in MilliQ water.
Other reagents used were: Concentrated acetic acid (Sigma-Aldrich, St. Louis, MO, USA),
concentrated ammonium (Sigma-Aldrich), sodium hydroxide and sulfuric acid solutions at the
concentration 1 mol dm−3 (POCh, Gliwice, Poland).
2.2. Irradiation Systems
All irradiation experiments were carried out using UV lamps and solar light simulator.
UV lamps—standard 16AV, (Cobrabid, Poznan, Poland) equipped with two light sources emitting
radiation at 254 and 365 nm was used. All examined samples were irradiated by radiation at 365 nm as
a representation of natural solar radiation UV-A.
Solar light simulator (SUNTEST CPS+, ATLAS, Champaign, IL, USA) emitting radiation in the
range of 300–800 nm was used for experiments in simulated natural conditions.
The intensity of light sources was measured using potassium Reinecke’s salt actinometer.
The intensity (Es) of radiation emitted by UV lamp was found to be 17.39 W m−2 while for the
solar light simulator it was 19.53 W m−2 .
2.3. Absorbance Measurements
Monitoring of the current concentration of DOX was carried out spectrophotometically by reading
the absorbance at 246 nm. For qualitative assessment of changes in DOX concentration, a calibration plot
(ABS = 5.2 × 104 ± 1.4 × 102 (DOX) + 0.8 × 10−2 ± 4.1 ×10−3 , r2 = 0.999, where ABS—absorbance, (DOX)
—concentration of DOX in mol dm−3 ) was constructed for concentrations in the range 10−6 –2.0 × 10−5
mol dm−3 . The developed spectrophotometric method of DOX determination was characterized by low
LOQ and LOD values equal 7.7 × 10−7 and 2.3 ×10−7 mol dm−3 , respectively. All spectrophotometric
measurements were conducted with a Hitachi U-2800A spectrophotometer (Hitachi High-Technologies
Europe GmbH (Mannheim Oﬃce), Mannheim, Germany). The following working settings of the
device were used: scan speed 1200 nm min−1 and spectral bandwidth 1.5 nm.
2.4. Experimental Procedures
All irradiation experiments were conducted in a crystallization dish with 100 mL capacity with
surface area open to atmosphere.
2.5. Direct Photolysis
50 milliliters of working solution of DOX at the concentration of 2.0 × 10−5 mol dm−3 was subjected
to irradiation by a UV-lamp emitting radiation at 336 nm or to solar light in a solar simulator chamber.
The spectrum of the solution was recorded every 10 min. A mixture of reagents without DOX irradiated
at the same period of time was applied as a blank.
The pH of the aqueous solution was adjusted with 0.1 mol dm−3 H2 SO4 or 0.1 mol dm−3 NaOH.
pH was measured with an Elmetron CP-501 pH-meter (produced by ELMETRON, Zabrze, Poland)
equipped with a pH-electrode EPS-1 (ELMETRON, Zabrze, Poland). The examination of photolysis
in the environmental condition was done in the same manner as described above, using samples of
surface water as a solvent.
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2.6. H2 O2 —Assisted Photodegradation Process
H2 O2 -assisted photodegradation was studied using a working solution of DOX at the concentration
2.0x10−5 mol dm−3 . For this purpose, an appropriate volume of DOX aqueous solution was mixed
with varying volumes of hydrogen peroxide so as to obtain ﬁnal concentration of the oxidant in the
range 10−1 –10−3 mol dm−3 . The pH of prepared mixtures was adjusted by adding a proper portion
of NaOH or H2 SO4 solution at the concentration 0.1 mol dm−3 . Mixtures prepared in this way were
thereafter subjected to irradiation by UV lamp (λ = 365 nm) for 120 min. The spectrum of the reaction
solution was recorded every 10 min using the irradiated mixture of reagents without DOX as a blank.
2.7. Fenton and Photo-Fenton Processes
The run of Fenton of photo-Fenton process was studied using an aqueous solution of DOX at
concentration 2.0 × 10−5 mol dm−3 . For this purpose, a volume of 50 mL of working DOX solution
acidiﬁed to an optimal pH by 0.1 mol dm−3 H2 SO4 solution was mixed with variable volumes of H2 O2
(10−2 mol dm−3 ) and FeSO4 (10−2 mol dm−3 ). The molar ratio of Fenton reagent ingredients was kept
1:1, and their ﬁnal concentrations were 10−4 , 5 ×10−5 , 10−5 and 5 × 10−6 mol dm−3 . Every 10 min,
the spectrum of the reaction mixture was recorded against the mixture of reagents without DOX as
a blank.
In the case of examination of the photo-Fenton process, the prepared mixtures were subjected to
irradiation by UV light at 365 nm.
2.8. Photo Sulﬁte System
The following procedure was applied: initially, 0.456 mL of the doxazosin standard solution at
the concentration of 2.0 × 10−3 mol dm−3 was introduced into a 50 mL volumetric ﬂask. Next, a small
volume of water was added followed by the introduction of 1 mL of ferric sulphate (VI) at the
concentration of 2.5 × 10−3 mol dm−3 and 1 mL of sodium sulphite at the concentration of 0.05 mol
dm−3 . After adding individual reagents, the 50 mL ﬂask was ﬁlled to the mark with Milli-Q water.
The prepared mixture was then subject to the irradiation by simulated solar light or UV light at
λ = 365 nm. Like previously, the spectrum of the irradiated mixture was recorded using the irradiated
mixture of reagents without DOX as a blank.
3. Results and Discussion
3.1. Initial Studies
At the beginning of the performed experiments, a UV spectrum of doxazosin aqueous solution
was recorded. Its spectral characteristics possessed three distinct maxima: sharp and intense at 196 and
246 nm, and broad and less intense at 328 nm (Figure 2). The kinetics of doxazosin decay was observed
by monitoring the changes at 246 nm.
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Figure 2. The changes in UV spectrum of aqueous doxazosin solution (c = 2.0 × 10−5 mol dm−3 )
subjected to irradiation by simulated solar light at native pH 5.56 versus MilliQ water as a blank.

3.2. Direct Photolysis in Laboratory Conditions
The photostability of doxazosin in laboratory conditions was checked ﬁrst. For this purpose,
a portion of 50 mL of an aqueous solution of DOX at the concentration 2.0 × 10−5 mol dm−3 was
subjected to irradiation by UV (λ = 365 nm) or simulated solar light. It was stated that DOX is
a photoliable compound. The following changes in its spectral characteristics were observed: the
intensity of the band at 246 nm was gradually decreased while at 328 nm was growing (Figure 2).
The rate of the DOX photodegradation process is aﬀected by the type of light, pH of the reaction
solution, and the kind of accompanied matrix. It was observed that the process of direct photolysis
is more evident under the inﬂuence of UV radiation. The obtained results are gathered in Table 1.
Additionally, it was noticed that basic pH promotes DOX decomposition, presumably due to the
hydrolysis process. Stability experiments were performed in order to conﬁrm this assumption. For this
purpose, a series of aqueous solutions of DOX with diﬀerent pH (in range 1–13) were prepared and
thermostated in 0, 30 and 80 ◦ C for 6 h. The used test tubes were wrapped with aluminum foil in
order to protect them against light. The UV spectrum of an examined solution was recorded every
20 minutes. It was stated that DOX is stable in an absence of stressed conditions in acidic, neutral
and basic medium [20]. Slight signs of hydrolysis were observed in basic solutions heated at the
temperature of 80 ◦ C. The assayed value of the hydrolysis rate constant at a temperature of 80 ◦ C and
in a basic medium was equal to 3 × 10−5 min−1 .
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Table 1. The kinetics parameters of doxazosin photodegradation in laboratory solutions and in the presence of natural matrix.
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3.3. Factors Inﬂuencing Photolysis of Doxazosin in Environmental Conditions
The stability of doxazosin under simulated environmental conditions was checked next. The goal
of this experiment was to answer what the persistence of this compound in natural conditions was.
As the chemical composition of natural surface waters is very complex and diﬃcult for reconstruction,
real samples of water taken from local rivers were used as solvents for preparing working solutions
of DOX. The chemical assessment of the quality of the applied waters showed that the rivers from
which the samples were supplied were unpolluted (Table 2). Only in the case of river 3 did the levels
of SO4 2− and NO3 − ions exceed the acceptable reference values. This river ﬂows through agricultural
areas and the elevated levels of these ions may be caused by run-oﬀs of fertilizers from ﬁelds.
Table 2. Chemical characteristics of the used waters.
River 1

River 2

River 3

River 4

Parameter

53◦ 7 N;
23◦ 7 E

53◦ 29 N;
22◦ 44 E

52◦ 20 N;
23◦ 03 E

52◦ 57 N;
22◦ 57 E

Reference
Value

Ref.

pH

7.94

8.23

7.54

7.29

3–11

44, 45

Conductivity/μS/cm

530

560

330

460

10–4000

46

SO4 2− /mg L−1

15.16

77.33

116.40

14.10

10–80

47

L−1

70.00

22.84

21.88

35.58

<50

44, 45, 48

Cl− /mg L−1

41.40

10.70

199.00

35.50

0.4–170

49

HCO3 − /mval L−1

5.80

5.00

4.80

5.60

<14

45

Ca/mg L−1

101.70

9.29

9.29

75.80

<250

50

Mg/mg L−1

5.98

2.82

2.57

6.20

<150

50

NO3

− /mg

Fediss /mg L−1

0.33

0.23

0.04

0.77

<2

51

TOC (total organic
carbon)/mg L−1

4.40

1.74

1.69

1.62

<40

52

O2(diss) /mg L−1

10.88

54.70

37.30

15.40

>4

53

The photochemical experiments proved that natural waters created an eﬀective chemical
system [21]. The observed decomposition rates were similar and strongly dependent on the kind
of irradiation used. It was observed that rates of the degradation of DOX under inﬂuence of solar
light ran two to ﬁve times faster than those of the UV-induced process (Table 1) and varied in the
range of 7.0 × 10−3 –14.5 × 10−3 min−1 . The photolysis experiments with laboratory solutions of
DOX in the presence of carbonate ions (pH 8.3) implied that DOX is photoliable compounds and
its photodecomposition proceeds mainly via direct photolysis. The created intermediate products,
radicals, were initiating a chain process which is inhibited in the presence of radical quenchers such
as organic matter or carbonate ions. It was observed that the presence of carbonate and bicarbonate
ions did not aﬀect the rate of studied process. This observation allowed us to conclude that the
degradation of DOX was independent of changes in the concentration of free radicals in the irradiated
solution, but a situation in natural environment was more complicated. This medium is rich in organic
matter and a variety of inorganic ions. It is known that dissolved organic matter is photoliable and its
products launch a series of reactions with accompanied chemical species [22,23]. If the decomposition
of DOX occurs as a result of direct photolysis alone, the rate of its decomposition in the presence of
such complex matrix should decrease due to competition for light access. The observed rate of DOX
degradation was at least twice higher than this for laboratory solutions. Not so high acceleration of
the degradation rate in the presence of the matrix from river 1 could be attributed to a decrease in an
energy ﬂux attained by the doxazosin molecules. The acceleration of the decomposition rate, especially
visible in the water from river 3, was probably caused by the presence of a variety of inorganic ions
which are photosensitive. The photochemical reactions of chloride, nitrate and sulfate ions created a
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complicated chain of radical reactions which led to the generation of hydrogen peroxide and hydroxyl,
sulfate and nitrate radicals, as well as other radicals [24–27]. The high rate of DOX disappearance in
the presence of matrix from the river 3 can be explained as a synergistic action of the system rich in
reactive species derived from inorganic ions and organic matter. Chloride radicals can be generated as
a result of the direct photolysis:
Cl− + hν → Cl· + e−
(1)
Cl· + Cl− ↔ Cl2

(2)

or as the result of their interaction with other oxidants, among other excited triplet states of organic
sensitizers (3 SENS*) [25]:
OH· + Cl− ↔ HOCl− ↔ OH− + Cl
(3)
HOCl·− ↔ H+ ↔ H2 O + Cl
·−

−

+ Cl ↔ O + Cl2

HOCl

·

SO4 → SO4
3

−

2−

+ Cl

SENS* + Cl− → SENS·− + Cl· or 3 SENS* + 2Cl− → SENS·− + Cl2

(4)
(5)
(6)
(7)

The photochemical reactions of NO3 − contribute to an increase of the overall concentration of
reactive species in the reaction environment as a consequence of the following processes [27,28]:
NO3 − + hν → NO3 −* → NO2 − + O(3 P)

(8)

or NO3 − + hν → NO3 −* → NO2 · + O·−

(9)

O·− + H+ ↔ · OH

(10)

The following equilibria are established in the presence of sulfate ions [29]:
H+ + SO4 2− ↔ HSO4 −

(11)

SO4 2− + Cl· ↔ SO4 ·− + Cl−

(12)

The HSO4 − ion reacts with OH· radical producing less reactive sulfate radical which however,
is involved in the production of more reactive species [29]:
SO4 ·− + H2 O → H+ + SO4 2− + HO

(13)

SO4 ·− + OH− → SO4 2− + HO

(14)

The acceleration of the decomposition rate of the DOX solution with matrix from river 4 can be
assigned to the photo-Fenton process occurring in the presence of dissolved organic matter which is
responsible for production of the reactive radicals (HO, O(3 P), O− , H2 O2 ) [30,31].
The obtained results pointed out that the decomposition of doxazosin in a natural environment is
a very complex process that depends on the chemical composition of an accompanied matrix. It can be
stated that the photoreactions of the matrix lead to the increase of the overall concentration of highly
reactive radicals such as HO·, which is predominant and mainly responsible for the acceleration of
DOX decomposition rate [32].
3.4. Kinetics of DOX Decomposition Under Inﬂuence of Some Advanced Oxidation Processes
Four advanced oxidation systems: UV/H2 O2 , classical, and photocatalytic Fenton reaction,
and photo-sulﬁte systems were chosen from among a number of possible AOPs methods, and their
eﬃciency in DOX degradation were examined. The kinetics of DOX decomposition under the inﬂuence
of UV/H2 O2 , system was studied ﬁrst. The inﬂuence of an oxidant concentration in the range 10−4 –10−2
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mol dm−3 and pH (3.85–8) was checked. It was stated that the degradation of DOX in the UV/H2 O2
system ﬁt the pseudo-ﬁrst order reaction. An addition of hydrogen peroxide caused a three-to-eight-fold
increase in the reaction rate in comparison to the direct photolysis process. The observed enhancement
depends on the used light, concentration of oxidant, and pH (Tables 1 and 3). It was noted that the
increase in hydrogen peroxide concentration increased the reaction rate, but this augmentation was
rather slight. The 100-fold reinforcement in the oxidant concentration ampliﬁed the reaction rate by
only 7%. Analogically, as in the case of direct photolysis, the basic pH promoted the studied process,
as the acidic pH of the rate of reaction was almost negligible. The role of the oxidant and light was
checked next. For this purpose, two series of DOX aqueous solutions at pH 8 with the concentrations
2.0 × 10−5 mol dm−3 and 2.5 × 10−5 mol dm−3 were prepared. Appropriate volumes of H2 O2 working
solutions were added to each test tube so that the concentration of the oxidant was in the range
10−5 –5 × 10−4 mol dm−3 . Each test tube was wrapped with aluminum foil in order to protect against
light and subsequently left at ambient temperature for 24 h. Thereafter, the spectra of each mixture
were recorded. No changes in the spectral characteristics of doxazosin were observed, which proves
the important dual role of light in this process. On the one hand, light induces the process of direct
DOX photolysis, while on the other hand it breaks down the dihydrogen peroxide into hydroxyl
radicals according to the reaction [33]:
H2 O2 + hν → 2OH·

(15)

Considering the above ﬁndings, it could be concluded that the observed enhancement in the rate
of DOX degradation is a sum of the two above processes.
The classical Fenton system consisting of a solution of inorganic ferrous salt and hydrogen peroxide was
examined next. The operation of the Fenton system is very complex and not fully known yet. The reaction
mechanism involves the generation of hydroxyl radical according to the following reaction) [34]:
Fe2+ + H2 O2 → Fe3+ + OH· + OH−

(16)

Its efficiency in the degradation of organic pollutants is affected by the concentration of reagents, their
molar ratio, and pH of reaction medium. In order to select the optimal concentrations of Fenton reagent
components allowed to follow DOX degradation kinetics, a series of experiments were carried out using
different concentrations of ingredients at their molar ratio of 1: 1. For this purpose, the concentrations in
the range 5 × 10−6 –5 × 10−4 mol dm−3 were applied. The second order kinetics was assumed for studied
Fenton and photo-Fenton systems. It was stated that at the lowest examined concentration, the observed
process proceeded too slowly, but when the highest one was used, the total disappearance of the drug was
observed in five minutes after the initiation of the reaction. The Fenton reagent with the concentration of
10−4 mol dm−3 of the components was selected for further testing, resulting in the determination of the
kinetic parameters of DOX degradation with good precision. The influence of pH was checked next; it is
known that the optimal working pH for the studied process is contained in the range 2–5 [34]. At an excess
of hydrogen ions, less reactive positively charged ferrous species are formed [35]. Additionally, the surplus
of hydrogen ions act as radical scavengers according to the following reaction:
H+ + ·OH → H2 O

(17)

The precipitation of Fe(II) and Fe(III) hydroxides is observed at pH > 5. In order to select the best
pH for the DOX degradation, rates of reaction at various pH values in the range 2–5 were measured.
The obtained output showed that pH 3.5 was optimal for the studied process.
The inﬂuence of molar ratio of the Fenton reagent constituents on kinetics of DOX degradation
was checked. The following molar ratios of nH2O2 :nFe(III) = 1:1, 2:1, 10:1, and 1:2, 1:5, 1:10 were used.
The obtained results demonstrated (Table 3) that the use of an excess of hydrogen peroxide in ratio to
ferrous ions promotes the degradation process while the reverse ratio is unfavorable for the course
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of the reaction. Following this, the eﬀect of UV radiation on the course of the DOX decomposition
reaction with the Fenton reagent was examined. The results shown in Table 3 proved that application
of light enhanced the eﬃciency of the Fenton process due to the following process [34]:
Fe3+ + hν + H2 O → Fe2+ + ·OH + H+

(18)

The regeneration of ferrous ions increased the overall concentration of hydroxide radicals and
slowed down an increase in pH of reaction medium [34].
Recently, the use of sulphate radicals to remove organic compounds from waters has attracted more
attention due to their stability and high oxidation potential (2.5–3.1 V vs. NHE) [36]. Additionally, they
can work in a wide range of pH, so a rigid control of this parameter is not necessary [37,38].
The prevailing type of oxidant in the reaction environment depends on value of the initial pH. It was
found that SO4 ·− radicals predominate at the acidic pH, while at the basic pH ·OH radicals are
responsible for oxidation of organic compounds [37,38]. The only disadvantage of using sulphate
radicals is the necessity to activate precursors to obtain the right concentration of the oxidant [37,38].
An alternative to conventional methods for production of SO4 ·− radicals ferric sulphate-sodium sulphite
system in the presence of light was proposed [39]. This system is based on Fe-catalyzed sulphite
oxidation and photochemical cycle of Fe(III)-Fe(II) species. For this reason, it can be considered a
modiﬁcation of the Fenton system [39]:
Fe3+ + HSO3 − ↔ FeSO3 + + H+

(19)

FeSO3 + → Fe2+ + SO3 ·−

(20)

SO3
SO5

·−

SO5

·−

+ O2 → SO5
−

+ HSO3 → SO4
·−

+ SO5

·−

·−

↔ 2SO4

·−

+ SO4

·−

(21)
2−

(22)

+ O2

(23)

SO5 ·− + SO5 ·− ↔ SO3 ·− + HSO5 −

(24)

Fe2+ + HSO5 − → SO4 ·− + Fe3+ + OH−

(25)

FeSO3 + + light → Fe2+ + SO3 ·−

(26)

FeOH

2+

+ light → Fe

2+

+ ·OH

(27)
·−

The results of the above chain of reactions is a mixture of a variety of radicals where SO4 and
·OH are predominant [39].
The kinetics of DOX degradation under the influence of UV/Vis-Fe(III)-sulphite system was examined.
For this purpose, a series of DOX solutions at concentration 2.0 × 10−5 mol dm−3 were mixed with variable
volumes of ferric sulphate solution at the concentration 2.5 × 10−3 mol dm−3 and sodium sulphite at the
concentration 5 × 10−2 mol dm−3 . The applied concentrations of reagents are shown in Table 3.
The obtained results showed that the eﬃciency of light- Fe(III)-sulphite system depends on the
molar ratio of reagents and the applied light. It was observed that the use of 10-fold excess of Na2 SO3
in ratio to Fe2 (SO4 )3 and irradiation by solar light resulted in total DOX decomposition in 90 minutes.
In order to recognize the main oxidizing agent in the light- Fe(III)-sulphite system the scavenging
experiments for the degradation of DOX were performed by adding tert-butyl alcohol (TBA) to the
reaction medium. The applied ﬁnal concentration of TBA was 0.5 mol dm−3 while ferric sulphate and
sodium sulphite were 10−3 , respectively. The kinetic graphs of DOX concentration changes without
the presence of TBA outlined in Figure 3, show that DOX degradation by the Fe(III)-sulphite process is
mainly caused by sulphate radicals’ oxidative action. At the presence of tert-butyl alcohol, the lesser
extent of DOX decay was achieved by approximately 20%. This eﬀect was particularly pronounced in
an initial stage of the reaction. As the rate of TBA reaction with hydroxyl radicals is approximately
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1000-fold greater than that with sulphate radicals [39], it could be concluded that SO4 ·− radicals are the
major reactive species responsible for DOX degradation.
Table 3. Kinetic parameters of DOX degradation in advanced oxidation systems.
k/min−1

t1/2 /min

% of
Degradation

5 × 10−4

11.6 × 10−3

59.7

72

10−4

11.9 × 10−3

58.5

73

12.10 × 10−3

57.2

73.5

12.50 × 10−3

55.5

74.5

Studied Process

Concentration of
H2 O2 /mol dm−3

UV/H2 O2

10−2

Concentration of
Fe2+ /mol dm−3

-

pH

8

5 × 10−2

k/min−1 mol−1 dm3
10−4
Classical Fenton
reaction

Photo-Fenton
reaction

UV/Fe(III)-SO3

2−

10−4

52.5

982

15

10−4

127.6

535

27

10 × 10−4

10−4

332.8

200

48

10−4

2 × 10−4

51.2

956

12

10−4

5 × 10−4

45.0

1351

11

10−4

10 × 10−4

5.5

9823

1.5

10−4

10−4

86.6

657

25

2 × 10−4

10−4

296.0

244

46

10 × 10−4

10−4

3308.0

31

100

10−4

2 × 10−4

71.8

785

21

10−4

5 × 10−4

265.0

239

50

53.0

1002

17

61

2×

10−4

3.5

10−4

10 × 10−4

Concentration of
Fe2 (SO4 )3 /mol dm−3

Concentration of
Na2 SO3 /mol dm−3

5 × 10−5

10−3

2538

22

10−5

2 × 10−3

1324

41

63

5 × 10−5

3 × 10−3

715

77

59

5 × 10−5

4 × 10−3

394

58

58

10−4

10−3

7892

7

75

1.5 × 10−4

10−3

587

93

66

5×

2 × 10−4

10−3

544

100

64

Vis/Fe(III)-SO3 2

10−4

10−3

1986

3

100

Vis/Fe(III)-SO3 2 /TBA

10−4

10−3

75

Figure 3. Changes in DOX concentration under inﬂuence of Vis-Fe(III)-sulphite system in presence and
without TBA.
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3.5. A DFT Mechanistic Study of the DOX Decomposition
In order to gain a deeper understanding of the initial stages of the process of molecular degradation
of doxazosin, a quantitative DFT mechanistic study was carried out. The calculations were performed
with the GAUSSIAN 09 program [40]. To accurately capture properties of the transition states, a DFT
functional M06-2X [41], designed especially for the chemical kinetics, was utilized in combination
with a Dunning’s correlation consistent basis set cc-pVDZ. This theory level is suﬃcient to capture the
physical change along the reaction coordinate for processes investigated here. To model the solvent
(water) eﬀect, the CPCM approach was used [42], as implemented in the G09 program. The reaction
course is outlined in Figure 4, and all the species involved are pictured in Figure 5. As seen from
Figure 4, the reaction is initialized by the addition of the –OH group to the aromatic carbon (atom 7). It is
well known that such processes go through short-lived intermediate (thermodynamically controlled
step) and transition states (kinetic control) to form an adduct vulnerable to further degradation. It starts
with breaking the bond between the addition center and neighboring nitrogen (N10), which is followed
by the internal H transfer to form an intermediate (IM3) with keto and amino groups on the bond
breaking sites (atoms C7 and N10). The actual destruction of the molecular structure occurs via
breaking bond between N3 and C7. Recently, a scheme of the DOX decomposition based on the
B3LYP results was proposed [43]. The favorable pathway takes place by cracking bonds N12-C15 and
N12-C16. We tried to reproduce this scheme; however, at the M06-2X/cc-pVDZ theory level, no proper
transition states leading to ring degradation were found despite many attempts. Nevertheless, since
the molecule break-up proposed here starts at the closest vicinity of the bonds N12-C15 and N12-C16
(see Figure 5), our results led to the products with similar molecular masses as those proposed in [43].
As such, their experimental analysis supports both proposed pathways.

Figure 4. Energy proﬁle of the proposed reaction mechanism (in terms of ΔG values, kcal/mol).
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Figure 5. The optimized (at the M06-2X/cc-pVDZ level) geometries of the species involved in the
reaction scheme from Figure 4.

4. Conclusions
The obtained results show that doxazosin is a photoliable compound. Experiments done with
laboratory solutions demonstrated that DOX direct photolysis is promoted by the basic medium and
proceeds faster under the inﬂuence of UV light. It was stated that observed degradation of DOX is the
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result of direct photolysis. The presence of natural matrix acted as a photosensitizer and accelerated
the degradation process. The presented surface waters natural radicals made DOX more sensitive to
visible light. The run of DOX degradation under inﬂuence of some AOP-s were examined. Among the
processes taken under consideration, photo-Fenton reaction and Vis/Fe(III)-SO3 2− appeared to be the
most eﬃcient.
The DFT mechanistic study provided an understanding of the role of OH− ion in the photolysis
process and pointed out which transformations of molecule lead to its decomposition. It was stated
that the initial step of the process is the formation of unstable adduct by bonding the −OH group to
the C7 carbon of the aromatic ring. The calculation pointed to the dissociation of the bond between
N3 and C7, which lead to molecule disintegration, followed by the internal H transfer and formation
of the IM3 intermediate.
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Abstract: Pristine nickel aluminate and the one decorated with graphene quantum dots were prepared
via a cost-eﬀective co-precipitation method. Both were fully characterized by thermogravimetry
(TGA), diﬀerential scanning calorimetry (DSC), attenuated total reﬂectance Fourier transform
infrared (ATR-FTIR) spectroscopy, X-ray diﬀraction (XRD), scanning electron microscopy (SEM),
energy-dispersive X-ray (EDX) spectroscopy, transmission electron microscopy (TEM), and UV–Vis
techniques. The photocatalytic activity of nickel aluminate under simulated solar light irradiation
was demonstrated towards potential pollutants, including a series of dyes (rhodamine B, quinoline
yellow, eriochrome black T, methylene blue), toxic phenol and fungicide (thiram). Further profound
enhancement of the photocatalytic activity of nickel aluminate was achieved after its decoration with
graphene quantum dots. The mechanism of the photocatalytic degradation in the presence of the
NiAl2 O4 /graphene quantum dots (GQDs) composite was investigated; hydroxyl radicals were found
to play the leading role. This work oﬀers new insight into the application of the conjunction of the
inorganic spinel and the carbon nanostructure (i.e., GQDs), but also provides a simple and highly
eﬃcient route for potential water remediation from common pollutants, including dyes and colorless
harmful substances.
Keywords: graphene quantum dots; nickel aluminate; photocatalysis; spinel; water remediation

1. Introduction
Nanocrystalline spinel aluminates with the general formula of MAl2 O4 (M = Ni, Zn, Mn, Co,
Mg, etc.) attract research interest due to their versatile properties. Aluminates have high thermal
stability, mechanical resistance, hydrophobicity and low surface acidity. Nickel aluminates are one of
the most important aluminate materials, and have been studied for their many applications, including
electrochemical sensing [1], pigments [2], catalysts [3–7], photocatalysts [8–12], magnetic [13] and
refractory materials [14]. NiAl2 O4 has also attracted attention as a hydrogen storage material [15,16],
oxygen carrier in combustion loop reactors [17] and as a component of supercapacitor electrode
materials [18]. Very recently, attention has been focused on its photocatalytic performance [10–12].
First reports described the utilization of nickel-aluminum layered hydroxides for carbon dioxide
conversion [19,20] and for dye degradation [21,22]. However, to the best of our knowledge the
photocatalytic activity of the nickel aluminate of the spinel structure was demonstrated for the ﬁrst
time in 2015 by A. Sobhani-Nasab et al. [8]. The catalyst was synthesized via sol-gel method, to
then be applied for methyl orange degradation under visible light irradiation. M. Rahimi-Nasrabadi
et al. [9] performed analogous experiments using ultraviolet light. The photocatalytic activity of
the nickel aluminate spinel against a series of dyes (i.e., rhodamine B (RhB), methylene blue (MB),
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methyl orange (MO), methyl red) was demonstrated by T. Tangcharoen et al. [10]. In the past year,
the enhanced photocatalytic performance of NiAl2 O4 was achieved by its substitution with copper,
nickel and magnesium ions [11,12]. These photocatalytic tests were run against MB, MO and Congo
red, both using ultraviolet and solar light irradiation.
In our studies we decided to utilize carbon nanostructures, namely graphene quantum dots
(GQDs), to decorate spinel nickel aluminate in order to achieve enhanced photocatalytic performance
of the composite. Carbon nanoforms, including fullerenes [23–26], carbon nanotubes [27], graphite [28],
graphene [29], graphene oxide [30] and graphene quantum dots [31], have already been used for this
purpose. GQDs are nanoscale (diameter < 100 nm) fragments of graphene, revealing size-dependent
luminescence. Due to their extended π-electron system, GQDs broaden the spectral range that can
be harvested by the composite. Additionally, thanks to discrete electronic levels, they allow for hot
electron injection and eﬃcient charge separation. Moreover, GQDs can be prepared from cheap and
accessible precursors [31,32]. Therefore, GQDs have already been used to form composites with
inorganic semiconductors, which exhibited photocatalytic activity [33,34]. Nevertheless, to the best
of our knowledge nickel and aluminum oxides or mixed Ni/Al oxides have not been examined in
that context.
On the other hand, the constantly rising production of municipal and industrial wastes and a
constant struggle with ineﬀective methods of water remediation requires us to seek new eﬃcient and
economically attractive procedures of wastewater treatment. Heterogenous photocatalysis utilizing
solid catalysts that are active under solar light irradiation provides hope that it is possible to meet
all mentioned requirements. Therefore, we decided to combine the attractive properties of spinel
nickel aluminate and graphene quantum dots by preparing a NiAl2 O4 /GQDs composite for superior
photocatalytic performance. Our report aimed to achieve several goals: (i) reveal the universality of
nickel aluminate as a photocatalyst; reveal its capability to degrade pollutants, forming both colorful
and colorless aqueous solutions; (ii) enhance its photocatalytic activity by decorating it with graphene
quantum dots (GQDs); (iii) assess photocatalyst activity under solar light irradiation; (iv) examine the
photodegradation mechanism in the presence of the NiAl2 O4 /GQDs composite.
2. Materials and Methods
2.1. Materials
Ammonium oxalate, aluminum nitrate nonahydrate, dimethyl sulfoxide, isopropyl alcohol,
nickel(II) nitrate hexahydrate, phenol, quinoline yellow, RhB, terephthalic acid and thiram were
purchased from Sigma-Aldrich (Warsaw, Poland). MB was supplied by Park Scientiﬁc (Northampton,
UK). Aqueous ammonia, citric acid monohydrate, eriochrome black and sodium hydroxide were
obtained from POCh (Gliwice, Poland).
2.2. Synthetic Procedures
2.2.1. Synthesis of NiAl2 O4
Nickel aluminate catalyst was prepared by a coprecipitation method. Nickel and aluminum
were coprecipitated from an aqueous nitrate solution (5 mmol·L−1 ) by adding an aqueous ammonia
(1 mol·L−1 ) solution to produce a pH of about 8. The molar ratio of Al/Ni in the solution was
2.0. The precipitates were collected by ﬁltration, washed with water and dried at 100 ◦ C for 6 h.
The as-synthesized nickel aluminate was subjected to calcination in air at 400, 600 and 800 ◦ C for 3 h to
obtain the crystalline spinel.
2.2.2. Synthesis of GQDs and NiAl2 O4 /GQDs
GQDs were prepared according to the procedure described elsewhere [32]. The NiAl2 O4 /GQDs
composite was formed by introducing the crystalline NiAl2 O4 spinel during the synthesis of GQDs.
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Brieﬂy, 0.62 mmol of citric acid monohydrate and 0.85 mmol of the crystalline spinel were heated to
200 ◦ C for 30 min until the transparent liquid changed color through yellow to amber. Subsequently,
the heating temperature was reduced to 140 ◦ C, and 10 mL of deionized water were added. The obtained
mixture was heated under stirring until the complete evaporation of water.
2.3. Methods
DSC and TGA analyses were performed by Thermal Analyzer TGA/DSC 1 (METTLER TOLEDO,
Giessen, Germany) with a heating rate of 15 ◦ C·min−1 under a nitrogen environment with a ﬂow rate of
20 mL·min−1 . All runs were carried out from 25 to 1550 ◦ C. The measurements were made in alumina
crucibles with lids.
The powder X-ray diﬀraction data were measured at 293 K using a SuperNova diﬀractometer
(Rigaku, The Woodlands, TX, USA) with a charge-coupled device (CCD) and a Cu-Kα radiation source
at a150 mm sample-to-detector distance.
Scanning electron microscopy images were recorded by secondary-electron SEM with the use of
an INSPECT S50 scanning electron microscope (FEI, Hillsboro, OR, USA). The accelerating voltage of
the electron beam was 15 keV and the working distance was 10 mm. Images were also obtained with a
TEM system (FEI Teknai T20 G2 X-TWIN, Hillsboro, OR, USA) operating at 200 kV, equipped with an
LaB6 source.
The ATR-FTIR spectra (3200–500 cm−1 ) were obtained using a Nicolet Model 6700 FT-IR
spectrometer with a DTGS detector (Thermo Scientiﬁc, Madison, WI, USA). The crystal-diamond
spectra were obtained with 4 cm−1 resolution, and 32 scans for each sample spectrum were obtained.
Diﬀuse reﬂectance UV–Vis spectra (DRS) were recorded on a Jasco V-30 UV–Vis/NIR spectrophotometer
(Jasco, De Meern, Netherlands) equipped with an integrating sphere 60 mm in diameter using BaSO4
as a reference.
The UV–Vis spectra were recorded with a HITACHI U-2800A UV–Vis spectrophotometer (Hitachi,
Tokyo, Japan) equipped with a double monochromator and a single-beam optical system (190–700 nm).
A SUNTEST CPS+ (ATLAS, Mount Prospect, IL, USA) solar simulator apparatus was used to perform
photocatalytic degradation experiments. The emission spectra were recorded on a Hitachi F-7000
ﬂuorescence spectrophotometer (Hitachi, Tokyo, Japan): excitation bandwidths 5.0 nm; emission
bandwidths 5.0 nm; scan speed 1200 nm·min−1 .
2.4. Photocatalysis Experiments
The photocatalytic degradation experiments were investigated in a 50-mL glass cell. The reaction
mixture consisted of 20 mL of the model pollutant RhB (2 × 10−5 mol·L−1 ), quinoline yellow (QY,
2 × 10−5 mol·L−1 ), eriochrome black (EB, 4 × 10−5 mol·L−1 ), MB (8 × 10−5 mol·L−1 ), phenol (PH,
10−4 mol·L−1 ) or thiram (TM, 8 × 10−5 mol·L−1 ), aqueous solution and a photocatalyst (1.5 g·L−1 ).
Prior to photocatalytic experiments, the catalyst was settled in suspension for 60 min in the dark for
the adsorption–desorption equilibrium. All the above-mentioned chemicals were analytical-grade
reagents and used without further treatment. All solutions were prepared using deionized water,
which was obtained by a Polwater apparatus (Polwater, Cracow, Poland).
2.5. Terephthalic Acid Probe Method
The generation of hydroxyl radicals as a consequence of the irradiation of the aqueous suspension
of NiAl2 O4 catalyst with the simulated solar light was examined using the terephthalic acid (TPA)
probe method [35]. The nickel aluminate particles (2 mg·mL−1 ) were dispersed in a 3 mmol·L−1
TPA solution prepared in a 10 mmol·L−1 NaOH solution. Afterwards, the obtained suspension was
sonicated for 10 min and exposed to sunlight for 2 h while vigorous stirring continued. After a given
time the suspension was centrifuged, and the ﬂuorescence emission spectrum was measured at the
excitation wavelength of λ = 312 nm.
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2.6. Reactive Species Scavenging
The generation of electron holes, hydroxyl radicals and electrons was determined by treating the
reaction suspensions with ammonium oxalate (AO), isopropyl alcohol (IPA) and dimethyl sulfoxide
(DMSO) as respective scavengers [36].
3. Results and Discussion
3.1. Structural and Morphological Study
3.1.1. NiAl2 O4
Thermogravimetric studies were performed to examine the temperature required for the
formation of the crystalline form of nickel aluminate. Figure 1 presents DSC, TGA and derivative
thermogravimetry (DTG) curves of the as-synthesized NiAl2 O4 before annealing. The TGA curve
shows distinct mass loss in the temperature range of 230–400 ◦ C, represented by the peak on the DTG
curve at 284 ◦ C. In the same temperature window, exothermic peaks on the DSC curve were attributed
to the decomposition of the Ni(Ac)2 ·4H2 O and the following structural ordering of the nickel aluminate
spinel phase. Therefore, it was concluded that 400 ◦ C should be the lowest temperature used for the
annealing to obtain the stable ﬁnal inorganic crystalline product. Accordingly, the as-synthesized nickel
aluminate was divided into three portions, which were annealed respectively at 400, 600 and 800 ◦ C.

Figure 1. Diﬀerential scanning calorimetric (DSC), thermogravimetric (TGA) and derivative
thermogravimetric (DTG) curves of the as-synthesized NiAl2 O4 before annealing.

XRD images of the NiAl2 O4 annealed at 400, 600 and 800 ◦ C (Figure 2) showed that the contribution
of the spinel structure increased with increasing applied temperature. Nickel oxide was observed
at lower temperatures (400 and 600 ◦ C), as indicated by diﬀraction patterns assigned to [200] and
[220] lattices (JCPDS No. 47-1049). The pure spinel crystalline form of nickel aluminate (well-matched
with JCPDS No. 44-0160), with no remaining cubic NiO, was obtained after annealing at 800 ◦ C.
The apparent crystallite diameter (Dc ) of NiAl2 O4 particles was found to be of 3, 4 and 8 nm for samples
annealed at 400, 600 and 800 ◦ C, respectively. The latter numbers were calculated according to the
Scherrer equation: Dc = kλ/βcosθ, where β is the full width at the half maximum of the diﬀraction
peak, k is the empirical constant (0.9), θ is the angular position of the diﬀraction peak, and λ is the
wavelength of the X-ray source (here 1.5405 Å). The observed increase of crystallite sizes with the
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increase of the annealing temperature was in agreement with the ﬁndings of others reported for
inorganic semiconductors (e.g., nickel oxide) [37].

Figure 2. X-ray diﬀraction (XRD) patterns of NiAl2 O4 annealed at 400, 600 and 800 ◦ C.

ATR-FTIR spectroscopy studies were undertaken to conﬁrm the purity of nickel aluminate
nanoparticles and to investigate the presence of the functional groups on their surface. ATR-FTIR
spectra of the samples annealed at 400, 600 and 800 ◦ C were registered in the range of 500–3600 cm−1
(Figure 3). The bands observed at low frequencies within 500–700 cm−1 were attributed to the stretching
vibrations of Ni–O, Al–O and Ni–O–Al bonds [8,38]. Moreover, the bands observed in the range of
3200–3500 cm−1 indicated the presence of the O–H surface bonds on the catalyst surface. The bands
depicted in Figure 3 were observed for the samples annealed at all applied temperatures, from 400 to
800 ◦ C. However, their intensity increased alongside the increase of the applied annealing temperature,
indicating well-developed crystalline structures for nickel aluminate annealed at 800 ◦ C.

Figure 3. Attenuated total reﬂectance Fourier transform infrared (ATR-FTIR) spectra of NiAl2 O4 after
annealing at (a) 400, (b) 600 and (c) 800 ◦ C.
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The morphology of the NiAl2 O4 particles was evaluated based on SEM analysis. Figure 4
demonstrates that as-synthesized nickel aluminate formed agglomerates with particle sizes in the
range of 50–200 μm. However, after annealing the size of the agglomerates decreased with increasing
temperature. The highest homogeneity was observed for the material annealed at 800 ◦ C (Figure 4(4a,b)).
The chemical composition and purity of the synthesized nickel aluminate were evaluated using
EDX analysis. As shown in Figure 4(1c–4c), Ni, O and Al were the only observed elements in all of the
registered curves. Moreover, the decrease of the intensity of the peak attributed to the O element was
noticed after annealing. This was due to the formation of the crystalline form of the spinel structure.

Figure 4. Scanning electron microscopy (SEM) images and X-ray (EDX) spectra of NiAl2 O4 without
(1a–c) and after annealing at (2a–c) 400, (3a–c) 600 and (4a–c) 800 ◦ C.

3.1.2. GQDs and NiAl2 O4 /GQDs Composite
The pristine GQDs exhibited structure of high porosity, as shown in SEM images (Figure 5(1a,b)),
as distinguished from the crystalline NiAl2 O4 (Figure 4(4a,b)). Therefore, an increase in the porosity of
the NiAl2 O4 /GQDs composite compared to the pristine spinel was observed, as shown in Figure 5(2a,b).
TEM images of GQDs particles (Figure 5(1c,d)) demonstrated their uniform sizes ranging from 2 to
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7 nm. However, due to profound diﬀerences in the size of GQDs and metal oxide particles, carbon
nanostructures could not be distinguished in the TEM image of the NiAl2 O4 /GQDs. Nevertheless,
their presence in the composites led to an increase in the dispersity of the spinel nanoparticles
(Figure 5(2c)). The TEM image of the pristine NiAl2 O4 (Figure 5(3)) shows an agglomerated structure
with particles having an average size of 20 nm. On the other hand, the particles of the NiAl2 O4 /GQDs
(Figure 5(2c)) had smaller diameters (between 7–10 nm) and appeared to be separate from each other.
The carbon content in GQDs and in the NiAl2 O4 /GQDs composites was examined by EDX (see Figure 6).
This showed that GQDs presented a moderate oxygen content of 16%. The value of the latter is relevant
for photocatalytic activity since surface oxygen groups contribute to the photocatalytic activity on
defect sites [39].

Figure 5. Images of graphene quantum dots (GQDs). (1a,b) SEM, (1c,d) transmission electron
microscopy (TEM); NiAl2 O4 /GQDs: (2a,b) SEM, (2c) TEM; and NiAl2 O4 : (3) TEM.

Figure 6. EDX spectra of (a) GQDs and (b) NiAl2 O4 /GQDs.
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The UV–Vis diﬀuse reﬂectance spectrum (Figure 7) of the crystalline NiAl2 O4 (after annealing at
800 ◦ C) displayed a signiﬁcant absorption in the ultraviolet spectrum range. Additionally, absorption
in the visible region, due to the d–d transition of Ni(II) and Al(III) was seen. As typical for the normal
spinel structure with the tetrahedrally coordinated Ni(II) in the NiAl2 O4 lattice absorption, a maximum
around 650 nm was found. However, a presence of the inverse spinel structure was also revealed,
as indicated by the absorption appearing around 380 and 770 nm. This is known to arise from the
octahedral Ni(II) ions [40]. Based on the extrapolation of the linear part of the Kubelka–Munk vs.
energy plot, the energy bandgap was calculated to be 2.9 and 2.5 eV for NiAl2 O4 and the NiAl2 O4 /GQDs
composite, respectively. The calculated Eg value of the pristine nickel aluminate was close to that
reported for spinel (see Table 1). Meanwhile, the synthesized NiAl2 O4 /GQDs composite showed a
signiﬁcantly narrower band edge, which corresponded to 470 nm. This wavelength was in the solar
spectrum range of the highest intensity [41], indicating a signiﬁcant potential to harvest renewable
solar energy.

Figure 7. UV–Vis diﬀuse reﬂectance proﬁle of the (a) NiAl2 O4 and the (b) NiAl2 O4 /GQDs composite
annealed at 800 ◦ C.
Table 1. Energy band gap (Eg) of the NiAl2 O4 /GQDs composite and NiAl2 O4 reported in this work
and elsewhere.
Catalyst
Ref.
Eg/eV

NiAl2 O4 /GQDs

NiAl2 O4
[8]
2.85

[11]
3.0

[9]
3.1

[10]
3.45

[13]
3.41

This work
2.9

This work
2.5

3.2. Photocatalytic Activity Study
The photocatalytic activity of the NiAl2 O4 nanoparticles was tested against a series of potential
water pollutants. These included a series of dyes (i.e., RhB, QY, EB and MB), along with PH and the
commonly used fungicide TM. The degradation eﬃciency is illustrated in Figure 8A as a decrease
of the residual concentration ratio (Ct /C0 ) of each compound during the time of irradiation with the
simulated solar light. All examined model contaminants were found to decompose under the applied
conditions. The degradation of all model pollutants followed pseudo–ﬁrst-order kinetics. Therefore,
based on the plots presented in Figure 8B, the pseudo-ﬁrst-order rate constants were calculated and are
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compared in Table 2. The determined k values increased in the following order: RhB < QY < EB < PH
< TM < MB. Among dyes, the most resistant turned out to be RhB, while MB decomposed the easiest.
The resistance to photocatalytic decomposition of MB was close that of TM. Tetramethylthiuram
disulﬁde, unlike PH—which represents aromatic compounds—underwent photo-oxidation easily.

Figure 8. (a) Residual concentration ratio (Ct /C0 ) and (b) apparent ﬁrst-order kinetic lines of rhodamine
B (RhB), quinoline yellow (QY), eriochrome black (EB), methylene blue (MB), phenol (PH) and thiram
(TM) as a function of time under simulated solar light irradiation in the presence of NiAl2 O4 .
Table 2. The apparent ﬁrst-order rate constants k (min−1 ) for the degradation of RhB, QY, EB, MB, PH
and TM under simulated solar light irradiation in the presence of NiAl2 O4 .
Sample
NiAl2 O4

Rate Constants k/h−1
RhB

QY

EB

MB

PH

TM

0.068

0.282

0.354

1.044

0.401

0.852

The photocatalytic activity of the NiAl2 O4 /GQDs was examined towards RhB as a representative
dye and towards PH (representative of toxic compounds forming colorless aqueous solutions). Each of
the chosen model pollutants from the two examined groups exhibited the most resistance to degradation.
The results of the photocatalytic studies obtained in the presence of the synthesized composite were
compared with those performed using pristine spinel (see Figure 9).
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Figure 9. Residual (1a and 2a) concentration ratio (Ct /C0 ) and (1b and 2b) kinetic curves as a function
of time under the simulated solar light irradiation of (1) RhB and (2) PH aqueous solutions in the
presence of (a) NiAl2 O4 and (b) NiAl2 O4 /GQDs.

To examine the mechanism of the photocatalytic activity of NiAl2 O4 /GQDs, a composite hydroxyl
radical generation probe method with TPA was applied. Figure 10 shows ﬂuorescence spectra as
observed for the supernatant solution of the NiAl2 O4 /GQDs catalyst suspension irradiated with
terephthalate (TP) for various durations. A strong ﬂuorescence emission peak was observed at
λem = 426 nm. This was assigned to the formation of an adduct (hTP) between TP and hydroxyl radical
(Scheme 1), indicating the formation of • OH species in the irradiated suspension. The intensity of
the observed emission peak increased linearly within the irradiation time, as shown in the inset of
Figure 10.
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Scheme 1. Formation of ﬂuorescent 2-hydroxyterephthalate (hTP) via the reaction of hydroxyl radicals
with terephthalate (TP).

Figure 10. Fluorescence spectra of the solution of terephthalic acid (TPA) under simulated solar light
irradiation in the presence of the NiAl2 O4 /GQDs catalyst within 2 h. Inset: time dependence of the
ﬂuorescence intensity at 426 nm.

In order to investigate which other active species were contributing to the photocatalytic activity
of NiAl2 O4 /GQDs, a series of experiments with established scavengers was performed. Ammonium
oxalate (AO), isopropyl alcohol (IPA) and dimethylsulfoxide (DMSO) as electron hole, hydroxyl radical
and electron scavenger, respectively, were separately mixed with the reactant mixture containing RhB
and NiAl2 O4 . RhB was subjected to photocatalytic degradation under simulated solar light. As shown
in Figure 11, the biggest inﬂuence on the photocatalytic degradation of RhB was observed in the
presence of hydroxyl radicals. However, since AO (being the hole scavenger) also had a signiﬁcant
inﬂuence, it indicated that hydroxyl radicals were generated involving both valence band holes and
conduction band electrons. The smallest eﬀect was observed in the presence of DMSO, which may
point to the instant reaction of the electrons in the conduction band after excitation of the semiconductor.
These observations indicated the low electron–hole recombination eﬀect in the synthesized catalyst.
The suggested mechanism of the photocatalytic degradation of the organic pollutants in the presence of
the NiAl2 O4 /GQDs composite is presented in Scheme 2. It shows that after GQDs harvest the sunlight,
they give rise to the generation of the electron–hole pairs. The same phenomenon occurs in NiAl2 O4
since it also absorbs light from the visible spectrum range. Subsequently, the electrons injected in the
conduction band of NiAl2 O4 may react with oxygen and lead to the generation of hydroxyl radicals,
as shown in the Scheme 2. GQDs prolong the recombination rate of the charge carriers. They also
contribute to harvesting the sunlight and are responsible for the adsorption of the pollutants, which
ultimately decompose.
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Figure 11. Photocatalytic degradation of RhB in the presence of the NiAl2 O4 /GQDs composite under
simulated solar light irradiation without and in the presence of scavengers: ammonium oxalate (AO),
isopropyl alcohol (IPA) and dimethyl sulfoxide (DMSO) used to capture holes, hydroxyl radicals and
electrons, respectively.

Scheme 2. The proposed mechanism of photocatalysis using the NiAl2 O4 /GQDs composite.

The reusability of NiAl2 O4 /GQDs was studied in four successive recycling experiments for
the photocatalytic degradation of RhB. The catalyst was separated from the reaction suspension by
centrifugation, washed with ethanol and water (four times each) and dried in the oven at 100 ◦ C.
As shown in Figure 12, NiAl2 O4 /GQDs retained its photocatalytic activity after four successive
experimental runs. A slight decrease was observed after the ﬁrst use. However, in consecutive runs
the photocatalytic activity remained unchanged and retained 96% of its original eﬃciency.
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Figure 12. Reusability of the NiAl2 O4 /GQDs composite.

4. Conclusions
Highly eﬃcient nickel aluminate nanoparticles with spinel crystal structures were successfully
synthesized via a simple and cost-eﬀective co-precipitation method. A comprehensive study of the
photocatalytic performance of the degradation of diﬀerent water pollutants, including a series of
dyes (i.e., rhodamine B, quinoline yellow, eriochrome black T, methylene blue), phenol and fungicide
(thiram) under simulated solar light irradiation was carried out in this study. Moreover, we succeeded
in improving the photocatalytic performance of NiAl2 O4 by decorating it with GQDs. We presented the
physicochemical characterization of the obtained photocatalyst alongside studies of its photocatalytic
activity towards rhodamine B and phenol degradations. The mechanism of the photocatalysis in
the presence of the NiAl2 O4 /GQDs composite was studied using the TPA method and a series of
scavengers. Hydroxyl radicals were found to play a leading role in the photocatalytic activity of the
investigated composite. This work not only oﬀers new insight into the application of the conjunction of
the inorganic spinel and the carbon nanostructure (i.e., GQDs), but also provides a simple and highly
eﬃcient route for potential water remediation from common pollutants, including dyes and colorless
harmful substances. Moreover, the synthesized composite exhibited multifunctionality, which will be
further investigated in an upcoming paper.
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Abstract: This is the ﬁrst study to carry out a laboratory-scale assay to assess the potentiality of
continuous liquid–liquid extraction with dichloromethane (CLLEDCM ) and high-power fractional
distillation (HPFD) as a treatment to decontaminate the wastewater generated by the petroleum
industry (WW). The analytical parameters of treated wastewater (TWW) evidenced a remarkable
quality improvement compared to the original WW. CLLEDCM –HPFD yielded 92.4%–98.5% of the WW
mass as more environmentally friendly water. Compared to the original values determined in the WW,
total petroleum hydrocarbon (TPH) decreased by 95.0%–100.0%, and the chemical oxygen demand
(COD) decreased by 90.5%–99.9%. Taking into account the yield of the treated water, the amount of
pollutant removed, and the risks of each process, the order of the potentiality of these treatments, from
highest to lowest, was HPFD > CLLEDCM –HPFD > CLLEDCM . CLLEDCM treatment alone produced
TWW with poorer quality, and the CLLEDCM –HPFD sequence involved the greatest consumption of
time and energy (0.390–0.905 kWh/kg). CLLEDCM -only was the least eﬀective treatment because the
TWW obtained failed to comply with the regulations of oil-producing countries.
Keywords: continuous liquid–liquid extraction; fractional distillation; removal of organic compounds;
total petroleum hydrocarbon; chemical oxygen demand

1. Introduction
The production of crude oil (particularly heavy crude oil) involves the coproduction of process
waters. In nondomestic wastewater, the petroleum industry generates a signiﬁcant load of leachate
(WW) with diverse compositions, depending on the geographical location of the exploitation, the crude
type, and the method for the extraction of the petroleum, among other factors. The petroleum industry
generates large amounts of contaminated WW (Table 1). The United States has oﬃcial data for the
years 2007 and 2012, and Colombia has oﬃcial data for the year 2015 [1–3].
The WW generated during the production of crude oil usually contains dissolved gases (CO2 , H2 S),
salts, suspended solids, radioisotopes, hydrocarbons, and metal ions. In accordance with the guidelines
in the Standard Methods for the Examination of Water and Wastewater™ [4] REF, the parameters
measured to analyze WW and treated wastewater (TWW) are pH, salinity, electrical conductivity (EC),
total alkalinity (TA), total suspended solids (TSSes), total dissolved solids (TDSes), chlorides, total
hardness (TH), chemical oxygen demand (COD), biological oxygen demand (BOD), copper, nickel,
and other compounds [4].
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Table 1. A few indicative records of the amounts of nondomestic wastewater (WW) generated by the
oil industry.
Country/Company

Stage or Process (Year)

WW Amount

References

EE. UU.
Colorado
Norway (Norwegian Oil and Gas
Association)
Mexico (Pemex)
Brazil (Petrobras)
Colombia (Ecopetrol)
Oman (Petroleum Development Oman)
Iran (Marun petrochemical complex)
Iraq (North Rumaila ﬁeld)
Qatar (Qatari North ﬁeld)
United Arab Emirates (Al Ruwais reﬁnery)
World total

Up, on, oﬀ (2009)
NR (2016)

21 billion BW/year
300 MMBW/year

[1,2,5]
[6]

Oﬀ (2012)

130 million m3 /year

[7]

NR (2010)
Oﬀ (2005)
Oﬀ (2015)
Up, On (2008)
Do, Ref
NR
NR (2014)
Do, Ref (2002–2003)
Up

12.04 × 106 m3 /year
73 million m3 /year
12.45 BWPD
800 000 m3 /day
200 m3 /h
290 000–800 000 BBL/day
23 554 BBLS/D
150 m3 /h
210–300 MMBWD

[8]
[9]
[3]
[10]
[11]
[12]
[13]
[14]
[3,5,15–17]

Note: Up: Upstream, On: Onshore, Oﬀ: Oﬀshore, Do: Downstream, Ref: Reﬁning, NR: Not reported, MMBW:
Millions of water barrels, BW o BBL o: Barrels of water, BWPD o BBLS/D: Barrels of water per day.

Diﬀerent regulations in oil-producing countries establish the maximum limits of pollutants in
WW that is discharged into surface water bodies (Table 2). The environment ministries and secretariats
of Colombia, Mexico, Brazil, Peru, Venezuela, Asturias (Spain), and China and the World Bank Group
(WBG) members’ oil-producing countries were consulted to compare diﬀerences and similarities
between their maximum limits of eﬄuents.
WW can be discharged into surface water bodies and public sewage if it meets the requirements
established in the regulatory norms that are in eﬀect in a country, e.g., Spain [18], China [19],
Colombia [20], Mexico [21], Brazil [22], Peru [23], Venezuela [24], and the World Bank Group
(WBG) [25,26]. As a consequence, the petroleum industry has tested diﬀerent strategies to regulate
pollutant discharge into water bodies, marine water, and water used in households, industry, agriculture,
water sports, and in power generation, among other applications.
The results of a detailed review indicated that there are a variety of methods to remove
pollutants from wastewater, including (a) physical methods, such as adsorption, cyclones, enhanced
ﬂotation [16,27], ﬂocculation [28], and activated carbons [29]; (b) chemical methods, such as
precipitation, electrochemical techniques, [16,30], oxidation [27,31], photocatalytic techniques [32], and
demulsiﬁers [33]; (c) biological methods, such as bioreactors [16,30,34]; (d) membrane techniques,
such as polymeric, ceramic, or inorganic membranes, microﬁltration, ultraﬁltration, reverse osmosis,
membrane distillation, and nanoﬁltration [16,27,30,35–39]; and (e) combined or hybrid methods, such as
coagulation–ﬂocculation and ﬂotation, biological treatment with activated carbon and reverse osmosis
(RO), and bioelectrochemical reactor and coagulation membrane processes [30,35,40,41] for reducing
the COD, total petroleum hydrocarbon (TPH), and other contaminants present in petroleum WW.
Among physical treatments, the ﬂocculation with zero-valent iron–ethylenediaminetetraacetic
acid (EDTA) and air (ZEA) process and granular-activated carbon removed 92% of COD and 97% of
TPH and 72.7%–88.2% of TPH, respectively [28,42,43]; and shaking extraction recovered about 60% of
TPH from oil [44]. Of the chemical treatments used, electrocoagulation removed 85.81% of COD [45],
and electrochemical removed 85%–96% of COD [46,47].
On the other hand, biological treatment studies have shown that rotating biological contactor
(RBC) discs removed 78%–97% of COD and 95%–99% of TPH [48–51], and a membrane bioreactor
(MBR) removed 96% of COD [11]. Nevertheless, new technologies have been tested, such as membrane
in reverse osmosis (RO) and ﬁltration membranes (which removed 82%–99% of COD [52–55]) and a
hybrid microﬁltration (MF)/ultraﬁltration (UF) process (which removed 94.4%–98.8% of COD [56]).
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Table 2. National regulations in some oil-producing countries on permissible maximum limits (PMLs)
of pollutants in WW for its environmentally safe discharge.
Analytical Parameter—Units

PML

Norm—Country

6.5–9.0

5.0–9.0
5.0–10.0

Supreme Decree 004-2017—Peru [23]
WBG member’s [25,26]
Resolution 631 of 2015—Colombia [20]
Decree 883 of 1995—Venezuela [24]
Law 5/2002—Spain [18]
GB 8978—1996—China [19]
Resolution 430 of 2011—Brazil [22]
NOM-001 of 1996—Mexico [21]

EC (μS)a

1000
5000

Supreme Decree 004-2017—Peru [23]
Law 5/2002—Spain [18]

Chlorides (mg/L)

1.000
1.200
1.200

Decree 883 of 1995—Venezuela [24]
Resolution 631 of 2015—Colombia [20]
WBG member’s [25]

COD (mg /L O2 ) b

60
125
180
350
1600

GB 8978—1996—China [19]
WBG member’s [25,26]
Resolution 631 of 2015—Colombia [20]
Decree 883 of 1995—Venezuela [24]
Law 5/2002—Spain [18]

TPH (mg/L) c

0.5
5
10
10
15
20

Supreme Decree 004-2017—Peru [23]
GB 8978—1996—China [19]
WBG member’s [25]
Resolution 631 of 2015—Colombia [20]
Law 5/2002—Spain [18]
Decree 883 of 1995—Venezuela [24]

TSSes (mg/L) d

30-35
50
60
70
80
≤100
1000

WBG member’s [25,26]
Resolution 631 of 2015—Colombia [20]
NOM-001 of 1996—Mexico [21]
GB 8978—1996—China [19]
Decree 883 of 1995—Venezuela [24]
Supreme Decree 004-2017—Peru [23]
Law 5/2002—Spain [18]

pH

6.0–9.0

a

Electrical conductivity, b chemical oxygen demand, c total petrogenic hydrocarbon, d total suspended solids, WBG
member’s: World Bank Group.

The oil industry uses fractional distillation (FD) or extraction with solvents, and the emphasis of
the technique is on obtaining the optimal beneﬁt for the crude oil in reﬁning or recovery operations.
However, the use of distillation or extraction as a decontamination treatment of wastewater still
requires further research and data. In this respect, catalytic vacuum distillation has been shown to
reduce COD by 99% [57]. In addition, distillation has been investigated for the treatment of seawater.
On the other hand, an extraction technique used to treat pond sludge removed 67.5% [58] and 40%–60%
of COD using the solvents methyl ethyl ketone (MEK) and ethyl acetate (EA) [44].
To date, there have been no publications on the systematic use of continuous liquid–liquid
extraction (CLLE) or FD, either individually or in sequence, as preliminary treatments for the
decontamination of WW (including decontamination in sedimentation ponds during production).
This work presents and discusses the results of laboratory-scale assays using CLLE with
dichloromethane (CLLEDCM ) and high-power fractional distillation (HPFD), individually and in
sequence, on authentic WW to produce TWW of better quality than the original water to illustrate
the potentiality of these techniques for decontaminating WW. CLLEDCM and HPFD were speciﬁcally
chosen due to preliminary trials showing that extraction with DCM removed more contaminants
from WW and that distillation while heating low- or medium-potency WW prolonged the time of
experimentation without appreciable improvement in the yield or quality of the TWW obtained.
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2. Materials and Methods
2.1. Samples and Reagents
According to Protocol No. 1060 in the Standard Methods for the Examination of Water and
Wastewater™ [4], 60 L of WW was collected from an oil company located in the Department of Meta
(Colombia) and stored at 4 ◦ C to perform physicochemical analyses on the initial WW and to treat it
through CLLEDCM , HTFD, or CLLEDCM –HTFD to obtain the corresponding TWW. Analytical-grade
dichloromethane (DCM) from Dongyue Chemical was used in the CLLE.
2.2. Sample Characterization
The initial WW and TWW obtained were analyzed according to the Standard Methods for the
Examination of Water and Wastewater ™ [4] to determinate the pH (4500B), salinity (2520A), electrical
conductivity EC (2510B), total alkalinity (TA) (2320B), total suspended solids (TSSes) (2540D), total
dissolved solids (TDSes) (2540C), chlorides (4110B; D), total hardness (TH) (2340C), and COD (5220B,
C, and D). WW and TWW were also analyzed according to the Environmental Protection Agency (EPA,
Washington, DC, USA) of the United States to determinate total petroleum hydrocarbon (TPH) (EPA
8015D-EPA 3510C). The data obtained on COD, TPH, TSSes, TDSes, EC, TH, pH, TA, salinity, and
chlorides were analyzed to compare water quality on the basis of the regulatory norms in force in the
countries discussed in this study.
WW and TWW were also subjected to gas chromatography (GC) on a Hewlett Packard 5890
series II chromatograph operated with ultrahigh-purity nitrogen as the carrier gas, an injector (at
558.15 K), a ﬂame ionization detector (at 593.15 K), an Hewlett-Packard (HP) 3396 series II integrator,
and a reverse-phase capillary column DB5 (dimethylpolysiloxane; 30 m × 0.25 mm ID, 0.25 μm)
at a temperature ramp of 276.15 K/min from 558.15 to 593.15 K. Phytane and pristine were used
as standards.
The estimated energy consumed by the CLLEDCM and HPFD methods was calculated in
kilowatt-hours (kWh) from the speciﬁc heat of liquid water. The speciﬁc heat was determined
by measuring the energy required to heat a mass of liquid water (from the initial temperature T1
to the ﬁnal temperature T2 ) contained in the extract collector of the equipment for CLLEDCM or in
the distillation ﬂask of the HPFD assembly at identical conditions to those in the assays for WW.
In particular, the heating power and losses of energy through thermal insulation were kept constant.
2.3. Experimental Design and Procedure
2.3.1. CLLEDCM
The assembly used for extraction is presented in Figure 1A. Equal and previously weighed
volumes of 0.35 L of DCM and WW were subjected to processing in the extraction chamber. From the
extract collector agitated at 800 min−1 at a temperature of <312.75 K (heated by a bath at 333.15 K), cold
extract batches were collected during the process at 1200, 2400, 3600, 5400, 7200, 10,800, and 14,400 s
after the beginning of solvent condensation on the extraction chamber after the extract collector was
replenished with a volume of DCM equal to that of the collected extract. The initial WW, each batch
of extract, solvent-free extract obtained by distillation in a rotary evaporator and by vacuum-drying
(333.15 K, 2933.1 Pa), and the ﬁnal raﬃnate were weighed to within a 0.0001-g accuracy. In this way,
CLLEDCM and CLLEDCM –HPFD were repeated four and six times, respectively. Estimated energy
consumption and operation time were measured from the onset of heating the system until the last
condensation drop fell into the extraction chamber for the extract batch at 1200 s and from the ﬁrst to
the last drop that fell for all other batches of extract. The quality improvement in the TWW obtained
was assessed through the analytical parameters of the sample.
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Figure 1. (A) Laboratory assembly used for the continuous liquid–liquid extraction with
dichloromethane (CLLEDCM ) and (B) high-power fractional distillation (HPFD) of the wastewater
(WW).

2.3.2. HPFD
Approximately 0.30 L of previously weighed WW or raﬃnate from CLLEDCM (TWW) was
deposited into the distillation ﬂask of the assembly (shown in Figure 1B) and distilled using a Vigreux
fractionation column and a heating mantle at its highest potency. Distillate fractions were collected at
357.15–363.15 K (1–5 mL, head), 363.15–364.15 K (0.24–0.25 L, body), and 364.15–365.15 K (1–5 mL,
tail). The feed, WW, or raﬃnate distillate fractions and each ﬁnal distillation bottom were weighed to
within a 0.0001-g accuracy. In this way, HPFD and CLLEDCM –HPFD were repeated 16 and 6 times,
respectively. Estimated energy consumption and operation time were measured from the beginning of
system heating to the collection of the last drop of distilled TWW. The quality improvement in the
TWW obtained was assessed through the analytical parameters of the sample.
2.4. Statistical Analysis
Masses, times, yields, and estimated energies that were recorded during the repetitions of
CLLEDCM , HPFD, and CLLEDCM –HPFD of WW were subjected to descriptive and inferential statistical
analysis using parametric and nonparametric statistics according to the results of the tests for data
normality (Shapiro–Wilk test and χ2), variance homogeneity (Bartlett, Levene, or Welch test for data not
adjusted to normality), and analysis of variance (ANOVA and Tukey’s test if ANOVA was signiﬁcant).
All analyses were performed using Statistical Package for the Social Sciences software (IBM SPSS®
version 25.0) [59], at a level of signiﬁcance of 5%.
2.5. Calculation of Estimated Energy Consumption
The estimated energy consumption (ΔEs ) of each system for the CLLEDCM or HPFD of a determined
mass of WW during the operation time (ts ) was calculated from the energy (ΔE) required to heat a
mass (m) of liquid water with a determined speciﬁc heat (sh ) from an initial temperature (T1 ) to a ﬁnal
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temperature (T2 ) for a measured time (t) using the same system. Operations were assumed to have
identical conditions as much as possible. Thus, the following equation was used:
ΔEs = m(sh )(T2 − T1 )

 
 
ts
ts
= ΔE
,
t
t

(1)

where ΔEs or ΔE can be expressed as kWh equivalent to 3.6 × 106 J.
3. Results and Discussion
3.1. Guidelines on the Permissible Limits of Pollutant Discharge from WW
The maximum permissible limits of COD and TPH in the norms of China, Peru, WBG members,
and Colombia are stricter than those in other countries. In Colombia, the norms regulating the quality
of water discharged into water bodies include more analytical parameters than those of Venezuela and
Asturias (Spain), and they have less rigorous limits for TSSes, TPH, and COD than do WBG members
(Table 2). Regulations in Brazil and Mexico do not require the evaluation of most of the analytical
parameters included in the norms of other countries.
3.2. Physicochemical Analysis of WW
Previous studies [28,43,60,61] have presented results on the analytical characterization of WW but
have not speciﬁed the type of operation or the production stage in which the samples were collected.
Table 3 shows data from the physicochemical analysis of the WW sampled from the sedimentation
pond of the production area of an oil company in Colombia. The values of the physicochemical
parameters in the WW were analyzed and found to exceed the permissible limits for eﬄuent discharge
into surface water bodies according to any of the norms of the countries mentioned in this study.
Table 3. Physicochemical properties of the nondomestic wastewater (WW) and the treated wastewater
(TWW) obtained through CLLEDCM , HPFD, or CLLEDCM -HPFD for samples of WW from the
sedimentation pond of a petroleum production area.
Test
TPH (mg/L) b
COD (mg /L O2 ) c
pH
Salinity (mg/L)
EC (μS/cm)
TA (mg /L CaCO3 ) d
Chlorides (mg/L)
TH (mg /L CaCO3 ) e
TDSes (mg/L) f
TSSes (mg/L) g

Permissible
Limit by Norm

WW

0.5 [23]
60.0 [19]
6.5–9.00 [23]
NR [18–26]
1000 [23]
AR [20]
1000.0 [24]
NR [20]
NR [18–26]
30 [26]

69,287
83,100
6.08 (19.7) a
7410 (19.7) a
12,810 (19.7) a
1880
3203.5
1380
7788
333

TWW Obtained by
HPFD

CLLEDCM

CLLEDCM –HPFD

<0.007
324
5.22 (23.8) a
59.9 (23.9) a
132.3 (23.5) a
58
<2.0
<4
-

40.88
7900
9.36 (17.6) a
346 (17.6) a
726 (17.6) a
-

2.05
108
7.50 (19.5) a
100 (19.5) a
226 (19.5) a
88
2.0
<4
-

NR: Not required, AR: analysis and report required. a Temperature (◦ C), b total petrogenic hydrocarbon, c chemical
oxygen demand, d total alkalinity, e total hardness, f total dissolved solids, g total suspended solids.

The peaks corresponding to aliphatic isoprenoid hydrocarbons (pristane (n-C17) and phytane
(n-C18)) in the GC chromatogram of the WW (Figure 2A) are indicative of TPH of marine origin [62]
(contaminants in the sample). In the GC chromatogram of WW, the unimodal distribution of peak
intensities corresponded mainly to n-alkanes of low molecular weight (Cn, n ≤ 25), which ranged from
n-C10 to n-C32, from n-C13 to n-C31, and from n-C17 to n-C31 [63]. These results were evidence of the
presence of aliphatic and aromatic contaminants.
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Figure 2. Gas chromatography (GC) (A) nondomestic wastewater (WW), (B) the treated wastewater
(TWW) obtained through HPFD, (C) the TWW obtained through CLLEDCM , and (D) a raﬃnate (partially
treated water) produced through CLLEDCM –HPFD of the nondomestic wastewater (WW). Markers:
n-alkanes, pristine, and phytane.

In the WW and GC chromatograms of TWW (Figure 2A–D), pentacyclic triterpenes (hopanes)
(n-C27–C32) were identiﬁed. They included steranes (n-C27–C29), with a predominance of n-C27 [64],
and an n-C30/n-C29 ratio higher than 1.0 [65]. All of these species were remnants of pollutants present
in the original WW, and they were found in notably minor concentrations in the TWWs obtained by
using any of the tested treatments (CLLEDCM , HPFD, or CLLEDCM –HPFD).
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3.3. Physicochemical Analysis of TWW by CLLEDCM , HTFD, or CLLEDCM –HTFD
Columns 4–6 in Table 3 show the values of the physicochemical parameters characterizing each
TWW obtained by performing CLLEDCM , HPFD, or CLLEDCM –HPFD on WW. Except for the pH,
the other values of the physicochemical parameters in the analysis of the TWW generally decreased
signiﬁcantly. Judging by the appearance of the TWW obtained and by the decrease in TPH, COD,
and chloride, the HPFD and CLLEDCM –HPFD treatments were more eﬀective than CLLEDCM in the
removal of the pollutant load from WW. Nonetheless, CLLEDCM removed most of the TPH (>99%) and
diminished the COD in the WW by more than 90% (Table 4).
Table 4. Decrease of total petroleum hydrocarbon (TPH) and chemical oxygen demand (COD) by
HPFD, CLLEDCM , or CLLEDCM –HPFD (on a laboratory scale) in the nondomestic wastewater sampled
in the sedimentation pond of the petroleum production area (WW).
TPH (mg/L)

Treatment
HPFD
CLLEDCM
CLLEDCM –HPFD
CLLEDCM –HPFD
CLLEDCM –HPFD

WW

TWW

69,287
69,287
69,287
40.88 *
69,287

<0.007 **
40.88 *
40.88 *
2.05 **
2.05 **

COD (mg O2 /L)

ΔTPH (%)
99.9
99.9
99.9
95.0
100.0

ΔCOD (%)

WW

TWW

83,100
83,100
83,100
7900 *
83,100

324 **
7900 *
7900 *
108 **
108 **

99.6
90.5
90.5
98.6
99.9

TWW = treated water obtained, ΔTPH = decrease of TPH, ΔCOD = decrease of COD, * raﬃnate, ** distillate.

Similar or higher decreases in COD and TPH from decontamination treatments of wastewater
have been reported in the literature by only a few other studies using more expensive and sophisticated
treatments that require special equipment and more controlled conditions than those of HTFD or
CLLEDCM [42,66–68].
The pH of the TWW obtained by HTFD or CLLEDCM did not comply with the requirement of most
regulations (Tables 2 and 3). These pH values are explainable as an eﬀect of the treatments changing
the concentrations of chemical species in acid–base equilibria that were present as pollutants in the
WW [69,70]. An example of such a mechanism is considered in Scheme 1.
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Scheme 1. Acid–base equilibria between carbonate ions (CO3 = (aq.) ), bicarbonate ions (HCO3 – (aq.) ), and
carbon dioxide (CO2(g) ), and between sulﬁde ions (S= (aq.) ), disulﬁde ions (S= (aq.) ), and hydrogen sulﬁde
(H2 S(g) ).

With the HPFD treatment, CO2(g) and H2 S(g) went from the hot bottom to the steam phase.
Cooling these compounds resulted in their redissolution and concentration, and the pH of the distillate
decreased (pH 5.22). The solubility of CO2(g) and H2 S(g) in the extract decreased as the extract warmed,
and these gases were then lost from the gas phase during solvent evaporation–condensation cycles
in the CLLEDCM treatment. The ions in equilibrium, as dissolved species, were concentrated in the
raﬃnates, and the pH increased (pH 9.36).
The raﬃnates of the CLLEDCM treatment with scarce CO2(g) and H2 S(g) products were subjected
to HPFD, which produced distillate with an appropriate pH (pH 7.50). In other words, the TWW
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obtained by CLLEDCM –HPFD complied with the current legal requirements of the countries examined
in this study [18–26].
The conductivity, salinity, and alkalinity of the raﬃnates obtained by CLLEDCM or CLLEDCM –HTFD
directly related to the high concentrations of Cl– , Na+ , and Ca2+ in the original WW [69,70].
These characteristics are unfavorable for the quality of the TWW yielded from these treatments.
The peak intensities in the GC chromatograms of the TWW product of CLLEDCM , HPFD, or
CLLEDCM –HPFD treatments of WW (Figure 2B–D) evidenced a lower TPH content than in the
starting WW (Figure 2A). The peaks between n-C13 and n-C31 in their GC chromatograms decreased
(Figure 2C,D) or practically disappeared (Figure 2B). The persistence of the peaks corresponding to
pristane and phytane (tR ≈ 21.7 and 23.2 min) and the increase in the pristane/phytane ratio, particularly
in the GC chromatograms of the TWW obtained as raﬃnates (Figure 2C,D), indicated the presence of
n-alkanes, as well as methyl palmitate and methyl oleate (residuals of biodiesel, tR ≈ 24.9 and 27.1 min),
in the TWW.
Since their peaks were absent in the chromatogram of the extracts, the transfer of those species
from the feed to the extracts in the CLLEDCM process must have been incomplete. The similarities
between the GC chromatograms of WW and the raﬃnates conﬁrmed the common origin of the
pollutants found in those samples (Figure 2A,C,D). The prevalence of a few of such peaks in the GC
chromatograms of the distillates obtained by HPFD or CLLEDCM –HPFD indicated that a tiny fraction
of the contaminant load was transferred from the WW to distillates during the process. The absence of
the majority of such peaks in the GC chromatogram of the distillate showed the potentiality of HPFD
for decontaminating WW (Figure 2B).
3.4. Operation Time, Energy Consumption, and Performance of CLLEDCM , HPFD, and CLLEDCM –HPFD
Table 5 shows the average duration and the average mass of the TWW relative to the yields
obtained. The average energy consumption (kWh) and time (h) required to obtain a unit of mass (kg)
of the respective TWW are also shown, which were calculated after being subjected to n measured
durations and masses according to the statistical treatment described in Section 2.4. Such measures and
estimates (Tables 4 and 5) were established at the given laboratory conditions described in Section 2.3.
Table 5. Yields and average estimated consumption of time and energy per unit mass of treated water
(TWW) obtained by CLLEDCM , HPFD, or CLLEDCM –HPFD (on a laboratory scale) of nondomestic
wastewater (WW) of sedimentation ponds in the petroleum production stage.
Treatment
HPFD
CLLEDCM
CLLEDCM –HPFD
CLLEDCM –HPFD
CLLEDCM –HPFD

n
16
28
42
6
6

Average
Duration (min)

TWW Mass
¯
(g) m ± SD

51 ± 3.4
240 ± 0.1
240 ± 0.1
50 ± 1.6
290 ± 1.7

247.7 ± 64.0 a
342.5± 15.0 b
334.5 ± 7.0 b
244.1 ± 18.5 a
244.1 ± 18.5 a

Estimated Consumption
kWh/kg

h/kg

0.360 ± 0.125 a
0.390 ± 0.018 b
0.400 ± 0.009b
0.358 ± 0.029 a
0.905 ± 0.007 c

3.4 ± 0.8
11.7 ± 0.0
12.0 ± 0.2
3.4 ± 0.2
19.8 ± 0.5

Yield (%)
97.3
98.5
98.5
94.1
92.4

n: Number of data points; m: Average mass; SD: Standard deviation; g: Grams; a distillate average mass; b raﬃnate
average mass; c average mass of raﬃnate plus distillate.

The CLLEDCM treatment recovered 98.5% of the initial WW mass, indicating an approximate yield
of 50.0 kg/kWh of TWW at a rate of 0.1 kg/h. CLLEDCM produced yellowish and opalescent water
with a pH of 9.36, and TPH and COD decreased by 99% and 90.5%, respectively, compared to the
starting WW: That is, CLLEDCM did not achieve percentages of removal of TPH, COD, TH, TDSes, and
TSSes that would allow the TWW obtained by this method to meet the regulatory requirements of the
countries in this study.
The inferential statistical analysis (Shapiro–Wilk test) of the mean weight of solvent-free extracts
collected at 20, 40, 60, 90, 120, 180, and 240 min in the four CLLEDCM replicates (28 values) and six
CLLEDCM –HPFD replicates (42 values) indicated that these data ﬁt a normal distribution (p > 0.05)
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(Table 6A). The results of the χ2 test indicated that the mean weights of the solvent-free extracts
collected at diﬀerent time points in these replicates were independent (p > 0.05) (Table 7).
Table 6. Statistics of the (A) normality test (Shapiro–Wilk) and of (B) multiple comparisons (HSD
Tukey) applied to the data from the CLLEDCM and CLLEDCM –HPFD of industrial wastewater (WW).
A

Statistics of Normality

B

CLLEDCM

CLLEDCM –HPFD

four data points

six data points

ST a

Sig. A. Bil b

ST a

Sig. A. Bil b

0.89
0.75
0.88
0.92

0.266
0.130
0.212
0.470

0.86
0.86
0.86
0.85
0.87
0.90

0.139
0.155
0.156
0.112
0.188
0.359

Diﬀerences of Averages

Time (min) *

CLLEDCM

CLLEDCM –HPFD

40
60
90
120
180
240

0.21
0.65 **
1.27 **
1.51 **
1.69 **
1.75 **

0.37 **
0.84 **
1.36 **
1.80 **
1.88 **
1.89 **

a Statistical test; b Sig. A. Bil: bilateral asymptotic signiﬁcance; * in relation to a minimum processing time of 20 min;
** the diﬀerence of averages in relation to the target is signiﬁcant at the 0.05 level, HSD: Honestly-signiﬁcant-diﬀerence.

Table 7. Sample of results of the inferential and descriptive statistics of the application of CLLEDCM
and CLLEDCM –HPFD in decontaminating the industrial wastewater (WW) of a sediment pool.
Treatment/Test
CLLEDCM
CLLEDCM –HPFD
a
d

EP a
SAB b
EP a
SAB b

χ2 by
Pearson c

Bartlett’s
Sphericity d

Levene
Test d

Welch Test d

ANOVA
(F) e

84.0
0.388
210.0
0.391

35.7
0.000
52.9
0.000

3.6
0.014
9.2
0.000

66.0
0.000
122.6
0.000

47.9
0.000
110.9
0.000

Statistical test; b sig. asymptotic (bilateral); c from 24 to 34 boxes (100.0%) have expected frequencies less than 5;
homogeneity of variance; e univariate analysis of variance.

The Welch test (p < 0.05) was applied in cases of violation of the homoscedasticity assumption
in the Levene and Bartlett tests. There were no signiﬁcant diﬀerences in the mean weights of the
extracts, and this is a requirement for the ANOVA test. The ANOVA analysis indicated that there were
signiﬁcant diﬀerences (p < 0.05) in the mean weight of the extracts collected at diﬀerent time points
(Table 7).
The results of Tukey’s test demonstrated that the data on the mean weight of the solvent-free
extracts from four CLLEDCM replicates and ﬁve CLLEDCM –HPFD replicates were signiﬁcantly diﬀerent
(p < 0.05) and that the highest percentage of contaminants was removed in the ﬁrst 40 min using
CLLEDCM and in the ﬁrst 20 min using CLLEDCM –HPFD (Table 6B).
The HPFD treatment recovered 94.1%–97.3% of the initial WW mass, indicating an approximate
yield of 2.8 ± 0.7 kg/kWh at a rate of 0.3 ± 0.1 kg/h. HPFD produced colorless, transparent water with a
pH of 5.22 (a low value), and TPH and COD decreased by 95.0%–99.9% and 98.6%–99.6%, respectively,
compared to the starting WW. The TWW obtained by HPFD presented the lowest residual values of
the analytical parameters for TPH, EC, TA, TH, TDSes, TSSes, chlorides, and salinity measured in the
original WW analysis (Table 3 and Figure 2B).
The CLLEDCM –HPFD treatment recovered 92.4% of the initial WW mass, indicating an approximate
yield of 9.1 ± 0.2 kg/kWh of TWW at a rate of 0.05 kg/h. CLLEDCM –HPFD produced colorless and
transparent water with a pH of 7.50, and TPH and COD decreased by 100.0% and 99.9%, respectively,
compared to the starting WW. The TWW obtained by CLLEDCM –HPFD met the requirements of
current regulations in WBG countries, except for Peru and China, but presented appreciable remnants
of salinity, TH, TDSes, and TSSes. Among the three treatments, this method also had the highest
estimated average consumption of time and energy required.
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Nonetheless, energy consumption decreased and performance slightly increased (98.5%) as the
operation time of HPFD increased (Table 5). Therefore, it is still better to produce TWW with the
quality achieved by individual HPFD process than wastewater with slightly better quality that meets
the regulations of the analyzed countries and WBG member’s for eﬄuent discharge (Tables 2 and 3)
at a relatively lower yield (92.4%), longer operation time, and higher energy consumption (using
CLLEDCM –HPFD) (Table 5).
A duration of 100 min for the CLLEDCM operation, as either an individual treatment or as part of
the CLLEDCM –HTFD sequence, is recommended in order to remove a relatively high fraction of the
pollutants from WW with a reasonable minimal consumption of time and energy (Figure 3).

Figure 3. Average mass of solvent-free extracts obtained in relation to the time of process during the
CLLEDCM of WW.

The recommended total duration of operation for the other treatments (HPFD or CLLEDCM –HPFD)
and the yields of TWW depend on the boiling regime, particularly at the end of the process. When the
boiling was aﬀected by the concentration or even the crystallization of poorly soluble contaminants in
the distillation bottom, material projections could propagate from the bottom to the distillate collector.
Obviously, the yields, and probably the quality, of the TWW obtained by using any of these
treatments can be optimized by using better-controlled conditions than those used in this ﬁrst instance of
laboratory-scale experiments. The laboratory conditions in this study that can be optimized include the
control of losses due to handling, heating, the use of a vacuum, temperature control, and improvements
in the energy transfer and utilization in each treatment system. Such optimization is outside the scope
of this work, but it could be of some engineering interest to take advantage of the demonstrated
potential of these treatments for decontaminating the WW generated by the petroleum industry or
other sources.
4. Conclusions
This work constitutes the ﬁrst systematic assay on a laboratory scale determining the potential for
using CLLEDCM , HPFD, or CLLEDCM –HPFD as treatments to decontaminate wastewater generated in
sedimentation ponds in the production stage of the petroleum industry (WW). The results of using
these treatments demonstrated signiﬁcant yields (94.1%–97.3% by HPFD, 98.5% by CLLEDCM , and
92.4% by CLLEDCM –HPFD) of water, in which decreases in TPH ranged from 95.0% (HPFD) to 100%
(CLLEDCM –HPFD), decreases in COD ranged from 90.5% (CLLEDCM ) to 99.9% (CLLEDCM –HPFD), and
most of the other pollutants decreased compared to the starting WW: That is, water treated by HPFD
and CLLEDCM –HPFD met the requirements of the permissible limits of TPH and COD in national and
international regulations, including Colombia and China.
Among the tested treatments to decontaminate WW, HPFD was a more eﬀective treatment
than CLLEDCM –HPFD or CLLEDCM because it produced at least a 92.4% yield of water with an
acceptable quality (only slightly less than the quality achieved by CLLEDCM –HPFD and higher than
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that obtained using CLLEDCM ). Furthermore, HPFD neither demands the long process time or large
energy consumption typical of CLLEDCM –HPFD nor produces the low water quality obtained by
CLLEDCM , and its pH of 5.22 can be easily adjusted to meet all the requirements of the norms.
The demonstrated potential of HPFD could be attractive as an engineering optimization study.
If the scarcity of water of good quality in the world becomes critical, humanity will need to meet
the strictest regulations on the disposal and environmentally safe use of wastewater to satisfy water
demand and thus preserve life on the planet, which will supersede concerns for economic and energy
costs. The factors that currently render the use of HPFD prohibitive for the decontamination of WW
will be comparatively minor problems among the others that engineers will have to solve in the future.
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