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Preface to “Fire Regimes: Spatial and Temporal
Variability and Their Effects on Forests”
Fire regimes (occurrence, cycle, severity, size, etc.) are key factors in many forest ecosystems, as they
are often critical drivers of forest composition, dynamics, and ecosystem processes. Fire regimes vary in
space and time according to climatic, physical and biological factors. A better understanding of the
interacting factors controlling fire regimes may contribute to improving fire and forest management and
their future projection in the context of global change. Knowledge of how fire regimes affect natural
landscapes is also used in forestry as a template to manage the forest for wood production. This book
aims to synthesize current understanding of factors affecting fire regime characteristics, to present recent
research on fire regimes and their effects on forest ecosystems, and to illustrate how this knowledge could
be translated into forest or fire management strategies. The book is divided into three sections. The first
one (Fire Regime) includes papers that described the different parameters of fire regime and how fire
regime is controlled by climate, landscape features, fuels, and human impact. The second section includes
papers on how fire regimes control vegetation composition and its spatial distribution. Finally the third
section includes papers that discussed how fire regimes may influence forest health, forest regeneration,
ecosystems processes and carbon emissions. The last paper discusses a wildfire mitigation strategy.
Overall the papers present a large spectrum of current research on fire regime and their impacts on
vegetation and ecosystems. It provides background information for maintaining forest productivity and
resilience in the face of climate change.
Yves Bergeron and Sylvie Gauthier
Guest Editors
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Abstract: Quantifying ﬁre regimes in the boreal forest ecosystem is crucial for understanding the
past and present dynamics, as well as for predicting its future dynamics. Survival analyses have
often been used to estimate the ﬁre cycle in eastern Canada because they make it possible to take into
account the censored information that is made prevalent by the typically long ﬁre return intervals and
the limited scope of the dendroecological methods that are used to quantify them. Here, we assess
how the true length of the ﬁre cycle, the short-term temporal variations in ﬁre activity, and the
sampling effort affect the accuracy and precision of estimates obtained from two types of parametric
survival models, the Weibull and the exponential models, and one non-parametric model obtained
with the Cox regression. Then, we apply those results in a case area located in eastern Canada.
Our simulation experiment conﬁrms some documented concerns regarding the detrimental effects
of temporal variations in ﬁre activity on parametric estimation of the ﬁre cycle. Cox regressions
appear to provide the most accurate and robust estimator, being by far the least affected by temporal
variations in ﬁre activity. The Cox-based estimate of the ﬁre cycle for the last 300 years in the case
study area is 229 years (CI95: 162–407), compared with the likely overestimated 319 years obtained
with the commonly used exponential model.
Keywords: accuracy; boreal forest; coverage; Cox regression; dendrochronology; exponential;
ﬁre cycle; precision; survival analyses; time since ﬁre; Weibull

1. Introduction
Fire is a fundamental process in the natural dynamics of the boreal forest of North America.
Quantifying ﬁre regime characteristics is therefore crucial to the understanding of past and present
dynamics of the boreal ecosystem as well as for predicting its future dynamics. It has also become a
necessary step for many important forest management planning issues. Over the last few decades,
there has been a shift from a commodity production-oriented approach to an ecosystem-based approach
in forest management that aims to maintain ecological integrity of the boreal forest [1,2]. Fire regimes
are central to this paradigm shift as new management strategies are being developed that are better
aligned with the characteristics and relative importance of stand-initiating disturbances (ﬁre) and
other types of natural disturbances that usually occur at ﬁner spatial scales or that are more selective
in nature (e.g., wind and insects). In addition, a total exclusion of ﬁre and replacement by harvesting is
economically unrealistic and ecologically questionable [3]. Consequently, there is a growing interest in
incorporating ﬁre a priori in strategic forest management planning to prevent eventual shortage in
timber supplies caused by ﬁre [4–6]. Furthermore, ﬁre is a key element of the carbon cycle in the boreal
Forests 2016, 7, 131
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forest, which makes the quantiﬁcation of the ﬁre regime necessary to the assessment of the carbon
budget of countries and industrial sectors related to the boreal forest [7]. Such assessments can directly
affect the effort and levels of mitigation needed to reach atmospheric CO2 stabilization targets in a
carbon economy.
An important characteristic of the ﬁre regime is the ﬁre cycle (FC), deﬁned as the number of years
required to burn an area equal to the total area surveyed. The FC is equivalent to the mean ﬁre return
interval when used from a point-based perspective, and both concepts are also reciprocal to the mean
burn rate or ﬁre frequency, depending on whether the term is used from an area-based or point-based
perspective [8]. In this study, we will mainly use the term ﬁre cycle.
The FC is generally difﬁcult to accurately and precisely quantify in eastern Canada for several
reasons: First, typical ﬁre return intervals are relatively long [9–15] compared with the maximum
longevity of most tree species (generally between 100 and 300 years). In addition, the area burned
annually is associated with a large interannual and interdecadal variability as well as subject to
observed or suspected long-term trends. Those difﬁculties are exacerbated by the fact that burned
areas only started to be identiﬁed, delineated and organized in provincial or national databases in the
last few decades [16]. Moreover, aging and “overburning” of the forest gradually erase traces of past
ﬁre events. In eastern Canada, most ﬁres typically are stand-replacing, and multiple ﬁre scars are only
exceptionally encountered The most reliable estimates of FC currently available for the eastern boreal
forests of Canada are those obtained from dendroecological reconstructions, in which the age of the
ﬁrst post-ﬁre tree cohort (most commonly) or ﬁre scars (seldom) are sought to infer the time elapsed
since the last ﬁre (TSF) and are then processed in survival analyses (SA). Representative surveys of
large landscapes are also sometimes made difﬁcult because of limited road access, which reduces the
number of points that can be visited for random or systematic sampling. Aside from allowing us to
quantify the FC and relate it to environmental covariates that create spatiotemporal heterogeneity,
SA allows us to consider the ﬁre intervals that are known only to a limited extent. That happens when
no trace of past ﬁre events can be detected or dated with a sufﬁcient level of conﬁdence, in which
case only a minimum amount of TSF can be attributed to the site. The probability of observing such
a minimum interval increases with TSF and, consequently, the proportion of such stands across the
landscape increases with the length of the FC. They usually become dominant in the landscape when
FC reaches or exceeds 200–300 years. It has been shown that those minimum intervals, which are
referred to as censored observations in SA literature [17–19], represent incomplete but meaningful
information that cannot be dismissed as missing observations without introducing major biases [20].
However, an important proportion of censored observations decreases the precision of FC estimates
in a way that is similar to decreasing the sampling effort [19], and it may affect accuracy if censoring
does not occur in all stands in the same fashion.
Several analytical approaches involving SA have previously been described and used to quantify
FC or other closely related metrics [8,21] without necessarily yielding the same results. The general
objective of this paper is to assess and compare the accuracy and precision of three different SA-based
methods for estimating FC from dendroecological reconstructions of ﬁre history by means of a
modeling experiment designed to simulate a range of conditions that are representative of what
is typically encountered in such studies [10,11,14,22–24]. More speciﬁcally, we compare the robustness
of three methods in the face of three sources of uncertainty that interfere or limit the estimation
of historical FCs: (1) the length of the FC, which, when put in relationship with longevity of the
main three species, directly affects the proportion of censored observations; (2) the sampling effort,
which is a ubiquitous constraint in empirical ﬁeld studies; and (3) past variation in ﬁre activity,
which has been recognized as a potential bias and source of assumption violation for some analytical
approaches [25–28]. Most of these criticisms are related to the assumption that the disturbance process
is stationary, which has been suggested to be unrealistic. We try to assess the extent to which this
affects the validity of FC estimation in eastern Canada. The ﬁrst two methods assessed consist in ﬁtting
the negative exponential [29] and the Weibull [30] distributions to the TSF distribution obtained from a
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representative sample of an area of interest. The third one consists in using the baseline, non-parametric
hazard function of a Cox regression model [31] to quantify the length of the FC. Although we provide
a brief description of these three methods, the interested reader is invited to refer to specialized
literature for a more complete description of the mathematical grounds as well as a wider spectrum
of applications of these methods [17–19]. Here, our main focus is on the practical implications of
using these methods to estimate FC from dendroecological studies. The second objective is to apply
the resulting outcomes of this modeling experiment to a case study of a 1.5 Mha boreal landscape of
eastern North America.
Before presenting the modeling approach used in this study, we ﬁrst present some general aspects
of SA applied to ﬁre ecology, and the three SA-based methods used to estimate FC. Then, we present
the modeling approach and a case study in the Côte-Nord region of Quebec, in eastern Canada.
2. Materials and Methods
2.1. Theoretical Background
2.1.1. Time Intervals, Censoring and Truncation in the Context of FC Estimation Based on the
TSF Dataset
Generally, SA involves the modeling of time to event data. Ideally, the date of “birth” and “death”
of a subject are both known, in which case the lifespan is unambiguous. However, it is relatively
common in survival data to know the length of the lifespan only to a limited extent, i.e., it is at least a
certain duration (when the birth is known but not the death, or the reverse situation). This is called a
censored observation. The most common type of censoring is right-censoring, and it typically occurs
when an experiment is terminated before the event of interest could be observed (the time axis is
represented from left to right). Left-censoring is also possible, and it occurs when the lifespan of an
individual began prior to the beginning of the experiment with no way of retrospectively determining
the moment at which it began. In the present situation, the event of interest is a stand-replacing
ﬁre and, in an ideal dataset, two successive ﬁre events would have to be known to observe a closed
interval, i.e., uncensored information, e.g., [28,32]. Most of the time, however, it is not possible to
obtain such complete information with landscape-scale dendroecologically reconstructed ﬁre history
data, especially in regions where ﬁre-free intervals are long. In fact, in a stand-replacing ﬁre context,
only one past ﬁre event can usually be dated on each site using archives or dendroecological methods.
Fire history is reconstructed by conducting a cross-sectional ﬁeld survey, sometimes combined with
archival data, to obtain a “snapshot” or static image at the time of sampling based on a representative
sample or a complete ﬁre map. This approach is mostly applicable to ﬁre regimes that are dominated
by stand-replacing ﬁres. A TSF distribution is then obtained and used as survival data.
In eastern Canada, it has been shown that, in the absence of ﬁre for more than 100–150 years,
the post-ﬁre cohort is gradually replaced by new trees in the canopy [33,34], a process that erases all
traces of the initial post-ﬁre cohort whose age is used to infer TSF. This causes left censoring because the
beginning of the lifespan is unknown except for the fact that it occurred prior to the age of the oldest
trees, assuming they did not survive the last ﬁre. In the case of cross-sectional ﬁeld surveys, the entire
TSF distribution can also be considered to be censored at the time of sampling because no other ﬁre
event has yet to occur. This right-censoring affects all observations. With the type of datasets that are
available for the boreal forest of North America, where there is already a relatively high percentage of
left-censored observations because of the typically long ﬁre-free intervals and rare complete intervals,
we usually consider the time of sampling as time t = 0 to avoid the issue of right censoring, mainly
because of the lack of alternatives. In fact, at least one complete time-to-event observation is needed
for survival function ﬁtting. Then, we work in reverse time [35,36] to transform cases of left censoring
into right censored observations, which is relatively straightforward using standard SA, but it may
have important repercussions as it will be discussed below.
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2.1.2. Survival Analyses
Survival datasets can be described using several interrelated functions. In statistical terms,
the three most important are the cumulative density function, the probability density function and the
hazard function. Following the terminology used by Johnson and Gutsell [8], who put these functions
in the context of stand-replacing ﬁre regimes, the cumulative density function corresponds to the
survivorship distribution function A(t), which is the probability of having gone without ﬁre (survived)
longer than time t, that is:
A ptq “ P pT ă tq , t ě 0

(1)

The probability density function corresponds to the ﬁre interval distribution f (t), which is the
probability of having a ﬁre in the interval t to t + Δt:
f ptq “

dA ptq
dt

(2)

Finally, the hazard function, or hazard of burning function, is the chance that each element
survived to time t and burned in the interval t to t + Δt:
λ ptq “

f ptq
A ptq

(3)

2.1.3. Estimating FC Using Parametric Survival Models
Survival data can be ﬁt using parametric models based on many distributions, upon which
the most commonly used for FC estimations are the negative exponential and the two-parameter
Weibull distribution, the former being a special case of the latter. When ﬁt to the more general Weibull
distribution, the survivorship distribution is:
A ptq “ e´ptbq

c

(4)

where e is the Napierian base, t is time, b is dimensioned in time and is the scale parameter, and c is
dimensionless and is known as the shape parameter. The negative exponential is a special case of
the Weibull distribution where c = 1. Modeled using a Weibull distribution (or negative exponential).
The ﬁre interval (probability density) distribution is:
f ptq “

c tc´1 ´ptbqc
e
bc

(5)

c t c ´1
bc

(6)

and the hazard of burning function is:
λ ptq “

Here, we can easily see the special case of the negative exponential where c = 1 makes the hazard
constant through time (1/b).
From these distributions, it is possible to estimate FC (area-based), or the average ﬁre interval
(element-based), which is:
˙
ˆ
1
`1
(7)
FC “ bΓ
c
where Γ is the gamma function. Then again, the equation is considerably simpliﬁed when c = 1 as FC
equals b. When not ﬁxed to 1, the shape parameter c is adjusted in order to allow the hazard of burning
to change over time. The hazard increases with time when c > 1, and decreases with time when c < 1.
In this study, we use the survreg function in R package “survival” [37], which provides maximum
likelihood estimates of Weibull and negative exponential parameters.
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2.1.4. Estimating FC Using Non-Parametric Models
The Cox regression [31] is the most widely used type of survival regression in general, but it is
only recently that it has been more broadly applied to forest ﬁre studies [13,14,24,25,38,39]. The Cox
regression is a semi-parametric survival model. One interesting feature of the Cox regression that
explains its enormous popularity in other ﬁelds is that it does not require that we choose some
particular probability distribution to represent survival times. In other words, the underlying hazard
function is left unspeciﬁed at ﬁrst, except that it cannot be negative, and it can take any form depending
on the empirical observations [19]. The hazard function is the non-parametric portion of the model.
Although the baseline hazard (null model) is unspeciﬁed, the covariates’ inﬂuence, which is the
parametric portion of the model, can still be estimated by the method of partial likelihood developed
by Cox [31] and presented in the same paper in which he introduced the Cox regression model.
Even though the resulting estimates are not as efﬁcient as maximum-likelihood estimates for a correctly
speciﬁed parametric hazard regression model, not having to make arbitrary (and possibly incorrect)
assumptions about the form of the baseline hazard is a compensating feature of Cox’s speciﬁcation. It is
also relatively straightforward to ﬁt a Cox model using the coxph function in R package ”survival” and
extract the baseline hazard function using the basehaz function, also part of the R package ”survival” [37].
By default, basehaz yields Nelson–Aalen cumulative hazard estimates [37]. To estimate FC, we simply
identify the time t at which the cumulative hazard reaches its maximum value, which makes the
calculation of FC quite simple:
FC “

Λ ptq
t

(8)

where t is the time at which the cumulative hazard reaches its maximum value and Λ(t) is the
corresponding cumulative hazard.
2.2. Modeling Approach
To assess and compare the three above-mentioned SA-based methods for estimating FC,
we simulated the aging and burning of a virtual landscape. This allowed us to record a “true”
ﬁre history and the associated FC. At the end of each simulation, we simulated the censoring process
that naturally occurs around the stand break-up of a post-ﬁre cohort, sampled it, and conducted SA to
estimate FC in conditions similar to those that prevail in a real ﬁeld sampling. Then, we analyzed the
differences between SA-based estimates of FC and true FC statistics as a function of the length of the
simulated FC, the sampling effort and long-term trends in ﬁre activity.
2.2.1. Aging and Burning
In this study, we simulated a forest landscape as a two-dimensional grid of square pixels that
aged at a yearly time step. All pixels (stands) were considered equally susceptible to burn as long
as they were at least 1 year old, i.e., they could not burn twice during a single time step. Fires were
simulated using simple cellular automata that “ignited” randomly within the simulated landscape
and that could spread following queen’s case (eight adjacent unburned neighbors of each ignited cells)
until a predeﬁned ﬁre size was reached. We paid no particular attention to the realism of the ﬁre shape,
although we set the probability of ﬁre spreading from an ignited cell to an adjacent unburned one to
0.32 to produce irregular shapes that are typical of forest ﬁres.
Virtual landscapes were initiated by randomly assigning to each pixel an age (time since ﬁre; TSF)
drawn from an exponential distribution of mean equal to the length of the simulated FC. Simulations
ran for 300 years, and TSF values were reset to zero in pixels affected by ﬁre.
The virtual landscape was 2.1025 Mha in size (145 km ˆ 145 km) with a 1-km resolution (100-ha
pixels). A 10-cells (10 km) band was cropped out at the end of simulations on the periphery to
avoid edge effects that make marginal cells less susceptible to burning if ignition is made random.
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Consequently, only the 1.5625 Mha central portion of the landscape was considered in downstream
sampling and analyses, which roughly corresponds to the size of our case example.
The size of individual ﬁre events was modeled as a serially independent draw from a log-normal
probability distribution. The log-normal distribution that we used to approximate burned area size
distribution [40] has the following probability density function:
f px; μ, σq “

1
?

xσ 2π

e

r

´plnpxq´μq2
s
2σ2

,x ą 0

(9)

where x is the ﬁre size, μ is the mean of the natural logarithm of the ﬁre size, and σ is the standard
deviation of the natural logarithm of the ﬁre size. The parameters were estimated from the empirical
size distribution of all ﬁres ignited by lightning within a 100-km distance from the outermost
boundaries of the case study area (n = 123) during 1959–1999 obtained from the Large Fire Database [16].
We modeled different FCs to assess their inﬂuence on subsequent survival-based estimators.
FC can be calculated as:
FC “

T¨A
S¨N

(10)

where A is the size of the study area, T is the length of the simulation (years), S is the mean ﬁre size,
and N is the number of ﬁres. Isolating N allowed us to determine the number of ﬁre events that must
be drawn from the log-normal ﬁt of the ﬁre size distribution in order to stimulate each FC scenario.
The ﬁre series was then distributed in time following different temporal patterns, random or
structured, allowing for multiple ﬁres in the same years, in which case individual ﬁre sizes were
summed up to obtain the annual area burned.
More details about the different ﬁre regimes simulated can be found below, in the Experimental
Design section, while additional details about the implementation of the experiment in R can be found
in the in the online repository [41].
2.2.2. Censoring and Sampling
At the end of each simulation, the virtual landscape was randomly sampled with varying efforts
in order to assess the impact of the sampling effort on survival-based estimates of the FC. To model the
loss of information that is caused by the aging of the forest, when traces of the initial post-ﬁre cohort
gradually disappear, thus making it impossible to date the last ﬁre event from the within-stand age
structure, we applied a linear censoring function (Figure 1). This function determines the probability
that a sample of particular TSF will be censored. It was decided from the authors’ personal experience in
reconstructing ﬁre history in eastern North America that a linearly increasing probability of censorship
between TSF = 100 and TSF = 300 was a valid approximation of what is generally observed in the
boreal forest of eastern North America. Stand break-up usually occurs between 100 and 150 years,
depending on the species [34], but a successful determination of TSF is often possible for several
decades after the initial post-ﬁre cohort breaks up as veteran stems are targeted in dendroecological
sampling. Fires that occurred over 250 to 300 years earlier are almost never dated as this period of
time roughly corresponds to the longevity of the longest-living and most common species in the area
covered by our case study, i.e., black spruce (Picea mariana Mill. BSP).
The implementation of the censoring function is straightforward: for each TSF observation
between 100 and 300 years, one value is drawn from a uniform set ranging between the same values,
indicating the time at which TSF would become censored. If the true TSF value is lower than the
drawn value, it remains unchanged and uncensored. On the contrary, if the drawn value is equal or
lower than the true TSF, it replaces it as the minimum measurable TSF (censored observations).
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Figure 1. Cumulative probability function of time since ﬁre (TSF) censorship.

2.2.3. Experimental Design
We simulated FCs of four different lengths (62.5, 125, 250 and 500 years) to assess their inﬂuence
on subsequent survival-based estimators. The range of FCs covered was partly based on the range
of conditions that can be found in ﬁre-driven North American boreal forests, but also on the range
within which SA can actually be useful considering the inherent limits of dendroecological ﬁre history
reconstruction methods in those systems.
Because considerable temporal variations in ﬁre activity have been documented in most regions,
we also wanted to assess the impacts of such patterns on the survival-based estimation of FC. Thus,
for each FC length, we simulated three different ﬁre regimes that followed distinct temporal trends in
ﬁre activity. First, constant ﬁre regimes were simulated for each FC, i.e., the ﬁre series drawn from
the log-normal ﬁre size distribution were distributed randomly during the course of the 300-year
simulations. We also generated ﬁre series that were correlated with the simulated years, i.e., some
simulations were subject to increasing ﬁre activity, while others were subject to decreasing ﬁre activity,
although they presented the same ﬁre activity when averaged over the entire simulation. To implement
that, we imposed a 0.5 and a ´0.5 correlation coefﬁcient between annual area burned and simulated
years for regimes with increasing and decreasing ﬁre activity, respectively.
A total of 12 distinct ﬁre regimes were thus simulated (4 distinct FCs ˆ 3 distinct
temporal patterns).
For each of those treatments, we conducted 100 independent simulations, at the end of which we
drew 100 independent samples for each predeﬁned sample size (Table 1).
Table 1. Summary of simulation parameters.
Total area/Pixel size of simulated landscape (ha)

1,562,500 ha*/100 ha

Spatial resolution
Simulation duration
Fire size distribution
Length of the FC (years, averaged over the entire simulation)
Temporal trends in ﬁre activity
Number of independent simulation replications
Number of independent samples for each simulation
Simulated sampling effort (random points)

1 km
300 years
Log-normal (ﬁt from empirical records)
62.5, 125, 250 and 500 years
Increasing, constant or decreasing
100
100
25, 50, 75, 94*, 250 and 500

* Similar or equal to the empirical dataset from the case study area.
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2.3. Analysis
2.3.1. Assessment of Accuracy and Precision of the Estimated FC
To assess the accuracy of each survival-based method of estimation, we ﬁrst recorded the exact
true FC over the course of the entire 300 years, which varied around the target FC because of the
stochasticity of the ﬁre series drawn. Then, we computed the three survival-based estimates (Cox,
Weibull and Exponential) with varying sampling efforts. By analyzing how the residuals (estimated
minus true value) were distributed as a function of the ﬁre regimes simulated and the sampling effort,
we produced a ﬁrst general assessment of the accuracy and precision of each method and its relative
sensitivity to the conditions under which estimates were obtained.
We also wanted to assess whether it was possible to report valid quantiﬁcation of the uncertainty
associated with the estimated FC. Thus, we computed 95% conﬁdence intervals (CI95) by bootstrapping
(10,000 resamplings). The CI95 were computed using the “boot.ci” function of the R package “boot” [42],
which implements various types of non-parametric conﬁdence interval. Here, we present four of
those: Basic bootstrap intervals (basic), ﬁrst-order normal approximations (norm), bootstrap percentile
intervals (perc), and adjusted bootstrap percentiles (BCa ). More details about each method can be
found in the package documentation, and the formulae on which the calculations are based on can
be found in Davison and Hinkley [43]. We used those CI95 and veriﬁed whether they achieved the
advertised nominal level of coverage of 95%, i.e., whether the reported CI95 indeed included the true
FC 95% for the time period. Higher coverage (> 95%) would indicate that the reported CI95 are too
wide (conservative), and inversely.
2.3.2. Case Study
We also aimed to quantify FC in a coniferous boreal landscape of eastern Canada in light of
the information that was sought about the accuracy and precision of the three above-mentioned
SA-based methods. The case study area covers 15,961 km2 (1.5961 Mha) of boreal forest in eastern
Quebec, speciﬁcally in the Côte-Nord region, between longitudes 67.00˝ W and 69.00˝ W and between
latitudes 49.00˝ N and 50.25˝ N (Figure 2). This region has a cold, maritime climate with an average
annual temperature of 1.7 ˝ C and average precipitation of 1001 mm, measured in Baie-Comeau, in the
southwest corner of the study area. Precipitation is evenly distributed during the year, and is about
70% rain [44]. The topography is moderately uneven with high hills with rounded summits and many
rocky escarpments. The highest hills, located in the northeastern part of the area, are just over 700 m
high, while other sparsely distributed hills are above 500 m high. The average elevation ranges within
landscape subunits vary between 150 m and 200 m. Three of these landscape subunits, as described
by Robitaille and Saucier [45], make up for almost the totality of the case study area. The average
slope is 15%. The hydrography is complex with numerous small lakes and rivers of varying sizes,
some of them very large. The conﬁguration of the topography produces a drainage system with a
mainly north–south orientation [45]. There are rocky outcrops on slightly more than a third of the total
land area, while the rest of the land area consists mainly of shallow tills on sloping areas and deep tills
at the bottom of slopes. To a lesser extent, there are glacioﬂuvial deposits on valley ﬂoors [45].
Black spruce and balsam ﬁr (Abies balsamea (L.) Mill.) are the dominant species, making up a very
well connected coniferous matrix, along with white spruce (Picea glauca (Moench) Voss) and white
birch (Betula papyrifera Marsh.). Also found in the region, but more sporadically, are trembling aspen
(Populus tremuloides Michx.) and jack pine (Pinus banksiana Lamb.), mainly in recently burned areas.
Tamarack (Larix laricina (Du Roi) K. Koch) can also be found along with black spruce in a few rare
hydric stations in the region.
Information from various sources has been used to compile the ﬁre history of this area. All ﬁres
affecting a surface area of one or more hectares that have occurred since 1941 are listed in Quebec’s
Ministère des Forêts, de la Faune et des Parcs’s archives (MFFPQ-Direction de l'environnement et
de la protection des forêts), and aerial photographs dating back to 1931–1932 were interpreted in
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order to map two older ﬁres (1923 and 1896). In some areas, dendroecological surveys conducted
for decadal forest inventories of the MFFPQ were used to assess the amount of time elapsed since
the most recent ﬁres. In order to take full advantage of these available data and focus our efforts
on ground sampling in areas where the ﬁre history was less known, a preliminary TSF map of the
area was created. This rough demarcation included recently mapped ﬁres and sections of the study
area covered mainly by even-aged forests of black spruce, which were determined with the help of
dendroecological surveys carried out during the MFFPQ’s forest inventory campaigns.

Figure 2. Case study area and empirical dendroecological survey (n = 94). Stand age can be associated
with either a known TSF (uncensored) or a minimum TSF (censored). Topography is ampliﬁed 10 times.

A total of 94 points made up the ﬁnal sample. The MFFPQ map archives were used to directly
assign a ﬁre date to some recent ﬁres, i.e., 12.8% of cases. Dendroecological analyses were used to
estimate the time interval elapsed since the most recent ﬁres for the rest of the sample, based on data
gathered in the MFFPQ’s decadal inventories (37.2%) and during the sample-gathering campaign
carried out for this study (50%). The time intervals since the most recent ﬁres, estimated with the help of
the dendroecological surveys, were inferred based on the conventional methods of Arno and Sneck [46].
At each site, between 10 and 15 dominant trees were cut at the root collar and dated. Fire dates were
deemed sufﬁciently reliable if they concerned even-aged stands of a pioneer species that commonly
establishes itself after ﬁre. A minimum age (censored data) was assigned to uneven-aged stands, i.e.,
where a 20-year interval included less than 60% of the sampled dominant trees. However, a visual
examination of each stand’s age structure suggested that this 20-year interval was too restrictive in
the case of some of the older stands that seemed in fact even-aged, probably because of an increasing
imprecision of dating with stand age, and we thus chose to extend it to 30 years for stands older than
200 years. A minimum age was also assigned to stands consisting primarily of one species that usually
does not establish itself after ﬁre, such as balsam ﬁr, independently of their age structure.
In that data set, no points where two distinct ﬁre dates are known were present. Thus, there were
no closed ﬁre intervals.

11

Forests 2016, 7, 131

The median ﬁre-free interval was estimated at 191 years in a previous study [47], and a preliminary
estimate of FC based on a negative exponential ﬁtting of the survival data was 295 years, with 53.2%
of the observed TSF censored.
Fire behavior in the study area is known to be characterized by large, intense, stand-replacing
ﬁres. The largest ﬁre that occurred in the area in recorded history was a little over 200,000 ha in size
and partly affected the southwestern portion of the case study area [16]. Some exceptional sites show
multiple-scarred jack pines that suggest an alternative, more frequent and less severe ﬁre regime.
However, this possible alternative ﬁre regime will be ignored in the present study because the scarcity
of evidence suggests that it does not play a major role in structuring the landscape in general. However,
it might explain in part the distribution of ﬁre-dependent jack pine in that area, which is otherwise
characterized by generally long ﬁre-free intervals.
2.3.3. Estimation of FC in the Case Study Area
The empirical survival data obtained from the ﬁeld survey in the case study area was
submitted to the three above-mentioned methods to estimate FC (negative exponential ﬁtting,
Weibull ﬁtting, and Cox regression). Associated CI95 were computed by means of bootstrapping
consisting of 10,000 resamplings of the original empirical sample using the same methods as those
assessed in the simulation experiment presented here, i.e., basic, normal approximations, percentiles,
and adjusted percentiles.
3. Results
3.1. Empirical Fire Size Distribution
Fire size distribution is the only part of the simulation experiment that directly depends on
empirical data. The mean size of recorded ﬁres ignited by lightning within a 100-km radius of
the case study area is 6365 ha. The maximum likelihood estimates of the log-normal distribution
that was ﬁt to the empirical size distribution of individual ﬁre sizes are μ = 7.406 (SE = 0.136) and
σ = 1.511 (SE = 0.096) (units: ln (ha); Figure 3). Individual ﬁre sizes were drawn from this log-normal
distribution for all simulations.

Figure 3. Empirical and ﬁtted cumulative ﬁre size probability distribution (n = 123).
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3.2. General Description of Simulation Dataset
A total of 1200 simulations made up the dataset on which subsequent processing and analyses
were conducted. In these simulations, aging and burning occurred in a relatively simple manner that
produced a pixelated mosaic of “stands” to each one of which was attributed a TSF value. Even though
we aimed at producing speciﬁc ﬁre regimes, the resulting FC varied because of the stochastic approach
we adopted for simulating ﬁres (Figure 4). Nevertheless, all treatments were contrasting enough to
nicely cover the range of landscape conditions that we wanted to simulate and submit to simulated
dendroecological samplings and FC estimation.

Figure 4. Simulated ﬁre activity for all treatments (length of ﬁre cycle and temporal patterns). Final
mean TSF is computed at time t = 300. The true FC is computed over the entire course of the simulations,
and is also computed for shorter periods of time toward the end of the simulations (last 150 and 50 years)
to illustrate temporal patterns. Dotted lines indicate average values.

Generally, mean TSF roughly equals the length of the FC when the ﬁre regime is constant.
Alternatively, the shorter the FC is, the more mean TSF is linked to recent ﬁre activity, i.e., increasing
or decreasing trends in ﬁre activity will affect the age of the simulated mosaic in a similar fashion.
Moreover, the link between recent ﬁre activity and mean TSF will be stronger when the length of
the FC is shorter. A given landscape can be made drastically younger by more frequent large ﬁres
whatever its age previous to the burn, and while it can only get older one year at a time, one year is
proportionally more important in younger landscapes, all of which is reﬂected in Figure 4.
Once FC statistics had been recorded, we mainly worked with the TSF raster produced at the
ﬁnal time-step of our simulations, i.e., at time t = 300 (e.g., Figure 5a). On those rasters, we randomly
sampled true TSF values of varying efforts and applied a censoring function to simulate the loss of
information available through dendroecological ﬁeld surveys. Although we only applied censoring
to our samples in order to minimize the computing time and data storage requirements, we applied
censoring to an entire landscape for the sake of an example (Figure 5b), in which we can visualize
how youngest patches can still be easily identiﬁed while older patches get increasingly more difﬁcult
to decipher.
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Figure 5. Example of a simulated landscape subject to a constant ﬁre regime of 250 years: (a) true TSF at
time t = 300; (b) minimum TSF at time t = 300 after the censoring function was applied; and (c) location
of pixels where only a minimum age can be inferred from simulated dendroecological sampling. For all
panels, the inner rectangles indicate the region that was subject to simulated samplings. (Patch contours
were accentuated for the sake of illustration and may appear to be of an intermediate age. This does
not reﬂect the true TSF values that were considered in our simulations.)

3.3. Accuracy and Precision of the Three Survival-Based Estimators of FC
For all three methods, FC estimates that were applied to samples on which the censoring function
was applied appear relatively unbiased when ﬁre activity is constant as there is no notable departure
from 0 for the mean residuals (Figure 6).

Figure 6. Fire cycle estimation error from simulated forest ﬁre history reconstruction affected by
censoring. Boxes contain 95% of the variations, while whiskers extend to cover 99% of the variations.
Black lines within boxes indicate mean residuals.

The picture changes considerably when simulated ﬁre regimes present increasing or decreasing
ﬁre activity. All methods of estimation may become biased, to different extents, toward the most
recent ﬁre activity, i.e., longer FC when ﬁre activity is decreasing, and inversely. However, there
are some differences, with exponential- and Weibull-based estimates being the most sensitive by far.
While exponential-based estimates seem to simply become more representative of the most recent ﬁre
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activity instead of that affecting the entire statistical population, Weibull-based estimates react in a
more complex manner. In fact, they react similarly to the exponential-based estimates for the shorter
FCs. However, when global FC becomes greater than or equal to 250 years, estimates become very
unstable, with many values so much higher than the true ones that we could not plot them without
making other patters impossible to visualize. Cox regression-based estimates are much less sensitive
to temporal variations in ﬁre regimes and seem to describe in the most accurate way the ﬁre regime
affecting the entire statistical population under analysis.
Sampling effort mainly affects how variable the estimates are around the true values (Figure 6).
The decrease in variability with an increase in sampling effort is fairly gradual, presents no notable
thresholds, and appears to follow a similar pattern for all three means of estimation. The narrower
distribution of residuals with a greater sampling effort combined with the biases observed for
parametric methods, especially the exponential one, resulted in the entire ranges covered by 99% of
the estimates often not even including the true FC when ﬁre activity was not constant, a result that is
even better illustrated below, in the section describing the performances of the CI95.
3.4. Performance of the Non-Parametric CI95
Although the different types of conﬁdence intervals that we computed differ in terms of
performance, i.e., by their coverage being different from the nominal value of 95%, those differences
are subordinate to those associated with the ﬁre regime simulated, mostly the temporal patterns, and
to the survival model used to estimate the FC (Figure 7).

Figure 7. Coverage rate of bootstrap CI95 (10,000 resamplings). Black dashed lines indicate the nominal
coverage rate of 95%.

When estimating FC in a context of increasing or decreasing ﬁre activity, all types of conﬁdence
intervals perform very badly when based on parametric survival models (exponential or Weibull),
mainly because of the considerable biases that are associated with those methods. The CI95 associated
with the estimates obtained using Cox regressions actually are the only ones that behave in a consistent
manner when increasing the sampling effort or under different temporal patterns of ﬁre regimes.
However, even Cox-based CI95 provide coverage that is narrower than the nominal one in almost
every situation, although they approach the nominal value when recent ﬁre activity is not too high, i.e.,
when it is generally decreasing or when it is constant and FC ě 125 years. In those situations, all types
of CI95 are roughly equivalent in terms of coverage performances for Cox-based estimates.
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3.5. Fire Cycle Estimation in the Case Study Area
The Weibull ﬁt and Cox regression estimates of FC for the case study area are very similar and are
considerably shorter than those obtained from the negative exponential ﬁt (Figure 3), although their
CI95 overlap. Overall, the CI95 are narrower for Weibull estimates, but all CI95, irrespective of the
survival method or type of CI, are considerably wide relative to central estimates.
Among the different types of non-parametric CI95 that were computed, two differ notably. First,
the bias-corrected and accelerated (BCa ) method tends to extend the CI95 by 50 years or more in the
upper range compared to the others, while the percentile-based method (perc) does the same, to a lesser
extent, in the lower range (Figure 8). The other two methods, i.e., the basic and normal approximation
(norm) methods, report CI95 that are very similar and intermediate to the two others.

Figure 8. Fire cycle estimates and CI95 for the Côte-Nord case study area, eastern Canada.

4. Discussion
In our simulation experiment, we tried to incorporate the most important sources of uncertainty
that affect estimation of FC based on dendroecologically reconstructed ﬁre history. In the context
of ﬁre history reconstruction obtained from cross-sectional ﬁeld surveys, such as those simulated
in the present study for our case study, sources of uncertainty in the estimation of FC are multiple
and include: (1) the variation inherent to sampling; (2) the spatial stochasticity of the phenomenon,
which involves the random burning of a landscape in which stands with various TSF values are affected;
and (3) temporal variations in ﬁre activity, which interfere with the stationarity assumption that is
needed to substitute observed TSF for complete ﬁre intervals [28]. By integrating those sources
of uncertainty and by testing a variety of estimation methods in a range of conditions that are
representative of the ﬁeld conditions for which those reconstructions can be useful, we managed
to identify the most accurate and robust method as well as the factors that limit its application
and reliability.
We deﬁned the scope of this experiment so that the most commonly raised issues would
be addressed, but we acknowledge that other factors may be of interest to consider in some
particular contexts. That is why we made the experiment entirely reproducible and tried to make it
easily adaptable.
With no surprise, all methods are affected by the quality and quantity of information available as
input. However, they are not equal, as Cox regression clearly comes out as the most reliable method
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for the estimation of FC. It is in fact much more robust in the face of the most common sources of
uncertainty and is therefore less likely to be affected by the potentially misleading biases that often
affect parametric methods such as Weibull- and exponential-based estimates.
4.1. Assessment of Estimators and Their Reported CI
Our simulations allowed us to single out temporal variations in ﬁre activity as the most important
factor interfering with estimation of FC from cross-sectional sampling, which conﬁrms previous
criticism made in that regard [25,28]. That is because survival analyses are based on TSF data and
not on complete ﬁre-return intervals, which can be treated interchangeably only if the failure process
(ﬁre) is assumed to be stationary [28]. For all methods, increases in ﬁre activity are associated with
an underestimation of the length of the FC, and vice versa, although this bias is almost negligible for
the FC obtained using Cox regressions. Those biases are related to the gradual loss of information
that is caused by overburning and/or censoring, which create conditions where the most recent ﬁre
activity gets a better representation in the samples that are used for estimating FC. This appears to
be particularly problematic when using parametric methods, with the exception of Weibull-based
estimates in some very speciﬁc situations, an aspect that we will develop below. Substantial increases
in ﬁre activity mean that records of lower amounts of area burned in previous periods (older stands)
get “erased” from the landscape. In the opposite situation, when ﬁre activity decreases, it is censoring
that gradually erases records of the higher proportions of stands that were initiated in earlier decades
when ﬁre activity was higher, when the interval between ﬁres allows it.
Compared with parametric methods, which appear to have biases that are comparable in
magnitude in situations where ﬁre activity increases or decreases, Cox regression-based estimation
does considerably better in situations of decreasing ﬁre activity. This suggests that although the a
priori unspeciﬁed hazard function of the Cox regression, i.e., its non-parametric component, deals
very well with varying “failure” rates, it is still sensitive to trends induced by the most intense, recent
burning, which simply “erases” traces of past ﬁre activity on the landscape.
The Weibull-based estimates show some distinct patterns that are worth discussing a little further.
In situations of low ﬁre activity, the large ﬁres events that actually occur once in a while strongly affect
the estimation of the shape parameter c of the Weibull distribution (see equation 4), which determines
how the hazard of burning increases or decreases along the time axis. Weibull ﬁt on survival samples
affected by a recent increase in ﬁre activity, or even by a punctual peak in an otherwise relatively
constant ﬁre activity, will typically yield a survival model associated with a decreasing hazard of
burning along the time axis (in reverse time), a trend that is perpetuated to inﬁnity. This is of course
unrealistic as it implies that older forests see their vulnerability to ﬁre decrease in a monotonous
manner down to zero at inﬁnity, and it thus generates overestimates of FC. Instability in the estimation
of the shape parameter explains why we had to simply discard all Weibull-based estimates for FC ě 500
as well as those with smaller sampling sizes (n ď 25) when FC ě 250. In other set-ups, the actual
length of the FC at which this becomes an issue could vary as a function of the size of the area being
analyzed compared with the average size of ﬁres, the age at which censoring occurs and starts erasing
traces of past ﬁre events, and the sampling effort. The distribution of Weibull-based estimates becomes
well-centered around true values at FC = 250 with an increasing ﬁre activity, likely because the shape
parameter c fortuitously ﬁts well that speciﬁc temporal trend in ﬁre activity.
One interesting feature of Weibull-based survival models in ﬁre ecology is related to their ability
to formally test the age-dependency of hazard of burning within a parametric framework [30,48].
This has been a commonly used approach to test the effect of fuel loading as an endogenous source of
variation in hazard of burning, especially in ﬁre prone Mediterranean types of ecosystems [27,32,49].
In the context of the boreal forest of eastern Canada, however, typical ﬁre return intervals are usually
long enough that exogenous factors affecting the hazard of burning, such as climate, may change
concurrently with potential endogenous factors, which considerably complicates the interpretation of
the shape parameter that deﬁnes how hazard of burning changes along the time axis. Some ecological
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limits where fuel can become insufﬁcient to support a higher level of ﬁre activity are possible in the
boreal forest of eastern Canada, although it has only been observed north of the limit of commercial
forestry [50]. However, it appears unrealistic that any relationship between age and fuel loading would
be monotonically increasing (or decreasing) on the entire typical lifespan of a boreal stand [51]. In fact,
one would rather expect to ﬁnd thresholds related to the delay in establishment of a fuel load sufﬁcient
to carry ﬁre, as well as to succession from broadleaved species to coniferous ones, or the reverse [52,53].
In this context, the potential advantages related to the use of Weibull-based survival models to estimate
FC compared with the negative exponential model are likely outweighed by the aforementioned
artifacts that were observed in our simulations. We also suggest that it might be more appropriate to
incorporate such empirically and independently developed relationships as the one between age and
fuel loading [51] within a Cox regression model as time-dependent covariates, which would allow
exogenous factors such as climate and land use to be treated separately by the unspeciﬁed hazard
function. To sum up, for this reason and because the Cox regression does not require that we choose
some particular probability distribution to represent survival time, we recommend the use of Cox
regression to estimate FC from cross-sectional ﬁeld surveys such as those modeled in our study. In our
opinion, the slight underestimation of FC by Cox regression, which is very small compared with the
width of the CI95, is a minor drawback considering its vastly superior robustness in terms of accuracy
and CI95 performance.
Regardless of the method used, it is important to highlight the fact that a wide conﬁdence interval
must be associated with estimates of FC for the last 300 years. In many cases, the type of bootstrap
CI95 does not seem to make any difference in terms of their coverage performance. However, here we
suggest the use of the bias-corrected and accelerated bootstrap CI95 (BCa ) for the following reasons:
(1) the estimate bootstrap distribution is moderately biased and skewed toward higher values (data not
shown), which corresponds exactly to the situation for which BCa bootstrapping has been developed
in the ﬁrst place [54]; and (2) all other methods, i.e., basic, percentile and normal approximation bootstrap
CI, have been shown not to perform well in those types of situation, especially the percentile bootstrap,
which, by inverting the lower and higher percentiles in the calculation of the conﬁdence interval [43]
may create artifacts such as the considerably lower limit produced from the present case study. For all
three of those methods, biased and skewed bootstrap distribution may cause conﬁdence interval
coverage to be lower than the nominal value. We have not investigated why some of those latter types
of conﬁdence interval seem to perform better when the landscape being analyzed has been subject to
an increase in ﬁre activity, but we suspect this may be caused by some fortuitously convenient bias
similar to that related to the surprisingly good performance of Weibull under very speciﬁc conditions
that cannot a priori be assumed with empirical data.
4.2. Estimation of the FC in the Study Area
The three estimates of FC for the last 300 years in the case study area of eastern Canada range
between 229 and 319 years, with CI95 that considerably extend the range of possible values. However,
given the results of our simulations, the Cox regression-based estimates of FC for the last 300 years
is by far the most credible, which implies that the true FC is more likely closer to 229 years than to
the 319 years the exponential model yielded. Moreover, a decreasing trend in ﬁre activity has been
observed at the scale of the last 300 years in areas of the boreal forest of eastern Canada where ﬁre
history has been reconstructed (see, [12]). According to the results of our simulation experiment for
a global FC of 250 years, which is the treatment that is the most similar to our case study, this trend
over such a time frame is associated with considerable overestimation of the length of the FC by the
negative exponential model, thus supporting the use of Cox regression-based estimation.
In the most likely and empirically supported situation where ﬁre activity has been decreasing
during the last 300 years, all types of CI95 that we tested seem to perform similarly in terms of
coverage. Because of the mathematical construct and properties of BCa conﬁdence intervals that have
been discussed above, we believe that the best available CI95 for the case study area are covered by
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values ranging from 162 to 407 years. Our simulations suggest that it should probably be even wider
since the actual coverage of all the tested bootstrap intervals is in fact slightly less than the nominal
value of 95%.
4.3. Implications
The TSF distributions obtained from natural ﬁre regimes that make up boreal landscapes are
often suggested as “guidelines” for forest management because they constitute a very integrative
characteristic of boreal landscapes that also directly and indirectly determines the relative inﬂuence
of ﬁner-scale types of disturbances [2]. Reproducing these natural patterns through harvesting is
therefore believed to act as a coarse ﬁlter for the conservation of biodiversity [2,55] and other known
and unknown ecosystem services [56,57]. With such an approach, FC is the key parameter deﬁning
the respective proportions of young and old forests, as well as the relative importance of silvicultural
practices that better emulate their dynamics and maintain important processes and functions. However,
the age structure at the landscape level from which the survival sample is obtained is only one result
of the stochastic process [41] and, for this reason, some criticisms arose that argued that using FC as
one strict reference may be too restrictive and does not adequately recognize the changing nature
of ﬁre-regulated boreal forests [26,58]. Our results show that the estimation of FC itself is subject
to considerable imprecision. However, in the boreal forest of eastern North America, the idea that
stands with TSF exceeding the length of typical harvesting rotations under low-retention harvesting
regimes (60–100 years) made up the vast majority of large productive landscapes remains unchallenged.
Even with a FC at the lower limit of the CI95 (« 160 years), the expected proportion of stands older
than 100 years would be around 54%. Considering the central measure of the estimated FC for the
last 300 years (229 years), the expected proportion of old forests would be around 65%. Of course,
these proportions vary more at ﬁner spatiotemporal scales, but there are no indications whatsoever
from any kind of proxy (e.g., dendroecological or paleoecological) that boreal landscapes made up by
a majority of young stands (TSF < 100 years) are the norm rather than the exception in eastern North
America, south of what is today considered as the northern limit of commercial forestry [59]. Moreover,
our results illustrate that FC estimated from periods of reference longer than what is available in
provincial archives and that fully takes advantage of dendroecologically reconstructed ﬁre history, i.e.,
a minimum of 150 years and, ideally, 300 years, is more closely related to the true mean TSF of the
forest, especially in eastern Canada where ﬁre free intervals are typically long. The use of mean TSF
to set targets for age structure and composition has indeed previously been suggested [12,60], as it
better summarizes the overall age-class distribution at the landscape level than FC estimated from
short reference periods and because it takes the inertia of large landscapes into better consideration.
The uncertainty associated with FC estimates, however, may impose more restrictive limits to
other applications of the knowledge of the length of the FC that require a more precise quantiﬁcation.
For instance, it may considerably complicate the detection of changes in ﬁre regime in the past and
near future because of the great variability inherent to the process [61], which is an important issue
on many levels in the context of climate change. Average annual area burned has shown long-term
trends in the past in relation to climate change and is expected to increase in most of the boreal forest,
but these changes will very likely need to be quite dramatic to be statistically discernible. Consequently,
not only is the baseline contribution of ﬁre disturbance to the global carbon cycle difﬁcult to assess,
but recent and future changes in ﬁre regime that might need to be documented are also considerably
uncertain [62]. This also applies to the effect of ﬁre on annual allowable cut predictions in strategic
forest management planning [6]. This is why we stress the importance of integrating uncertainty into
the management decision-making process by using a wide array of scenarios.
There are other sources of uncertainty or potential issues related to the use of survival-based
estimates of FC. First, we did not assess how temporal partitioning of dendroecologically reconstructed
ﬁre history [12,35] could temper the bias associated with the parametric estimation of FC. Nevertheless,
such temporal partitioning must generally be made a priori and consequently generates a certain level
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of subjectivity. This increases the risk of highly “volatile” period-speciﬁc estimates becoming mostly
linked to a few spikes in ﬁre activity, although it is generally agreed upon that even relatively constant
ﬁre regimes are characterized by considerable temporal variability.
In this study, we basically use null models to obtain estimates of FC for entire landscapes. It is
often relevant from an ecological perspective as well as from a risk management one, i.e., for timber
supply, infrastructures and human lives, to test for the inﬂuence of covariates that may inﬂuence ﬁre
hazard in forested landscapes. Several studies suggest that the power of survival models is somewhat
limited when applied to dendroecological reconstructions of ﬁre history obtained from cross-sectional
surveys [13,63]. Based on the present simulation experiment, it would be possible to actually quantify
their power and experiment procedures that aim to improve it.
5. Conclusions
The simulation approach used in this study is a transparent way to incorporate multiple types
of uncertainty and to provide an integrative assessment of the accuracy and precision of survival
model-based estimates of FC. We have shown that even with an increased sampling effort, large
conﬁdence intervals are obtained.
Our study conﬁrms some of the statistical issues that were put forward with the use of survival
analyses for estimating FC from a cross-sectional sample of the landscape, mainly the inﬂuence
of temporal variations in ﬁre activity [25,28]. However, the length of the FC remains important
information for many practical management issues, and sources of information are limited, especially
where typical ﬁre return intervals are long. Using a modeling approach allowed us to better quantify
the impact of current methodological limitations and showed that SA conducted on cross-sectional
sampling of large boreal landscapes can provide valid estimates of FC even though they are associated
with large conﬁdence intervals.
Although all methods remain subject to irreducible levels of uncertainty, Cox regressions comes
out as a clear winner as it is by far the least sensitive to the most common sources of error, to the point
where a reassessment of many existing estimations of FC obtained using parametric methods could
be justiﬁed.
Supplementary Materials: All code, input data, and future development directly based on the present study can
be found in DC’s personal Github repository: https://github.com/dcyr/survFire.
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Abstract: Fire is the main disturbance in North American coniferous boreal forests. In Northern
Quebec, Canada, where forest management is not allowed, the landscape is gradually constituted
of more opened lichen woodlands. Those forests are discontinuous and show a low regeneration
potential resulting from the cumulative effects of harsh climatic conditions and very short ﬁre intervals.
In a climate change context, and because the forest industry is interested in opening new territories
to forest management in the north, it is crucial to better understand how and why ﬁre risk varies
from the north to the south at the transition between the discontinuous and continuous boreal forest.
We used time-since-ﬁre (TSF) data from ﬁre archives as well as a broad ﬁeld campaign in Quebec’s
coniferous boreal forests along four north-south transects in order to reconstruct the ﬁre history of
the past 150 to 300 years. We performed survival analyses in each transect in order to (1) determine if
climate inﬂuences the ﬁre risk along the latitudinal gradient; (2) fractionate the transects into different
ﬁre risk zones; and (3) quantify the ﬁre cycle—deﬁned as the time required to burn an area equivalent
to the size of the study area—of each zone and compare its estimated value with current ﬁre activity.
Results suggest that drought conditions are moderately to highly responsible for the increasing ﬁre
risk from south to north in the three westernmost transects. No climate inﬂuence was observed in
the last one, possibly because of its complex physical environment. Fire cycles are shortening from
south to north, and from east to west. Limits between high and low ﬁre risk zones are consistent
with the limit between discontinuous and continuous forests, established based on recent ﬁre activity.
Compared to the last 40 years, ﬁre cycles of the last 150–300 years are shorter. Our results suggest that
as drought episodes are expected to become more frequent in the future, ﬁre activity might increase
signiﬁcantly, possibly leading to greater openings within forests. However, if ﬁre activity increases
and yet remains within the range of variability of the last 150–300 years, the limit between open and
closed forests should stay relatively stable.
Keywords: ﬁre history reconstruction; ﬁre cycle; ﬁre risk; black spruce–moss forests; lichen
woodlands; boreal ecosystems; ﬁre weather; survival analyses
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1. Introduction
By controlling structural and compositional attributes, ﬁre is the main disturbance shaping the
North American boreal forest [1,2]. Fires affect the forest’s structure by creating a mosaic of stands
of different ages and sizes [3,4], thus constantly rejuvenating stands and landscapes. Fire cycles,
deﬁned as the time required to burn an area equivalent to that of the study area [5,6], determine the
age structure of forest stands [7,8] across the landscape. Fires also inﬂuence stands’ composition
by controlling succession patterns, for instance, by favoring ﬁre-adapted species such as jack pine
(Pinus banksiana) or black spruce (Picea mariana) [9–11]. Fire regimes are highly variable in space as a
result of various environmental factors acting on different scales [12–14]. Climate acts as a top-down
factor from regional to continental scales. In Canada, for instance, the increasing gradient of ﬁre
activity observed from east to west is caused by the spatial variability in the frequency of drought
events [15,16]. However, topography [14,17], surﬁcial deposits and drainage [18], or fuel type and
availability [19] are bottom-up factors which act from stand to regional scales. Fire regimes also vary
in time; for example, the end of the Little Ice Age that occurred around 1850 represents a well-known
transition to lower ﬁre cycles in eastern Canada [8,20]. Temporal variations in ﬁre activity are mainly
driven by climatic factors such as shifting air masses responsible for dry conditions [20–22].
The coniferous boreal forest of Quebec, eastern Canada, experiences a gradient of dense,
continuous forests to the south that transition to discontinuous, less productive forests [23,24],
and ﬁnally to the forest tundra in the north [2]. The northern open forests are mainly constituted of
lichen woodlands resulting from numerous factors such as limited post-ﬁre regeneration due to low
seed production [25], unfavorable climate, short intervals between successive ﬁres [26–29], and high
severity of large ﬁres [30].
Transition ecosystems are known to be extremely vulnerable to climate change [31], and particularly
so for the boreal forest where fire activity is expected to increase [32]. Because the opening of these forests
is closely related to ﬁre activity, studying their ﬁre regime is crucial. In Quebec, there is evidence that
current ﬁre activity is higher in northern discontinuous forests than in the commercial boreal forest
further south [24]. However, it is not clear whether climate is responsible for this latitudinal gradient,
or if the underlying climate factors are constant.
Moreover, from a forest management perspective, it is important to understand how ﬁre regimes
vary depending on the latitude. In Quebec, northern discontinuous forests are protected from
commercial forest harvesting by the legal limit of the commercial forest. It is thought that forest
management could worsen the problem of regeneration failures at high northern latitudes under
climatic inﬂuence. However, the spatial and temporal variability of ﬁre regimes along the latitudinal
gradient is still poorly known. The zonation of ﬁre activity is also of interest, as zones with high annual
area burned can jeopardize forests’ post-ﬁre recovery [29], although recent studies have shown that
the boreal forest could express a certain resistance toward high burn rates [33]. Learning more about
the spatial consistency of high ﬁre risk zones is particularly important in the context of the northern
limit of the commercial forest because their expansion to the south could lead to a reduction in the
area available for forest management.
The objective of this research is to assess the latitudinal variability of ﬁre regime at the transition
between continuous and discontinuous coniferous boreal forests in Quebec over the last 150–300 years,
and its relation to climatic conditions. Even if a zonation of ﬁre activity had been developed in
previous studies based on current ﬁre regimes [24], the spatiotemporal consistency of the ﬁre zones
over a longer temporal scale has not been explored. The ﬁrst step of this study was to reconstruct the
ﬁre history along four north-south roads almost equally distributed over the black spruce forest of
Quebec, using ﬁre archives and dendroecological surveys. We used survival models to assess whether
climate was inﬂuencing ﬁre risk—deﬁned here as the relative hazard of burning compared with the
road average—along each road. The latitudinal distribution of ﬁre risk was then used to delimit
homogeneous ﬁre risk zones for each road. Then, the ﬁre cycle of each ﬁre risk zone was calculated
allowing for an assessment of ﬁre risk variability along the longitudinal gradient. Finally, ﬁre cycles
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were compared to previous estimates based on the recent ﬁre history in order to highlight the temporal
variability of the ﬁre regime in the study area.
2. Materials and Methods
2.1. Study Area
The study area is located in the boreal zone of Quebec and lies between latitudes 49.5◦ N and
53◦ N. The region is mainly coniferous and dominated by black spruce. It covers a gradient from
closed, dense forests in the spruce-moss domain to the south, to more open and fragmented forests in
the spruce-lichen domain to the north (Figure 1b). The limit of the commercial forest crosses the study
area separating managed forests in the south from unmanaged ones in the north.

Figure 1. Maps of the study area showing the four transects being analyzed, along with (a) the elevation
proﬁle and (b) the live aboveground biomass in tons per hectare from Beaudoin et al. [34] of the study
area. The northern limit of the commercial forest in Quebec is also shown.
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In order to cover the latitudinal gradient and because access is difﬁcult in the north of the study
area, four north-south roads that are almost evenly distributed from west to east were chosen as a
means in which to reach forest stands and served as a basis for our sampling design. Those roads were
divided into consecutive 2500 ha-cells (5 km long by 5 km wide) and will hereafter be referred to as
transects (Figures 1 and 2).

Figure 2. Detailed maps of the four transects showing the corresponding 2500 ha-cells. Fire archives
(from 1924 to 2014) and the northern limit of the commercial forest in Quebec are also shown. Each cell
that is not overlapped by a recent ﬁre has been subject to a dendroecological survey at a randomly
located point in order to determine its time-since-ﬁre (TSF). Latitudinal breakpoints between the ﬁre
risk zones are also presented; the two smaller lines in panel (b) delimit the mountainous area excluded
for the calculation of ﬁre cycles.
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The transects are located in the James Bay region (A), the Chibougamau area (B), the North
Shore (C), and along the Romaine River (D). They are 81, 94, 83, and 34-cell-long, respectively.
Transect D comprises less cells because of a shorter road. However, 28 cells were added to the
original dataset using plots previously sampled for the Northern Forest Inventory Program of the
Ministère des Forêts, de la Faune et des Parcs (MFFP) (NFIP; 2005 to 2009). These additional cells are
located at a maximum distance of 45 km on either side of the transect.
2.2. Time-Since-Fire Data
As the study area is remote and not easily accessible, we developed a data collection strategy
which attempts to maximize the use of ﬁre archive data available for the area between 1924 and 2014
and to complement it with ﬁeld sampling.
2.2.1. Fire Archive Data (1924–2014)
First, ﬁre archives for the 1924–2014 period obtained from the MFFP were used to reconstruct the
most recent ﬁre history (Figure A1). However, this database may gradually become less complete or
lose dating precision with time, particularly towards the northern areas, as it becomes more likely
that some ﬁres were either overlapped by most recent ﬁres, or not detected, reported, and archived.
The database precision is excellent after 1972 [24], very good after 1940, but some small ﬁres can be
missing or not perfectly delimited between 1924 and 1940. In some cases—mainly in the north and for
the oldest ﬁres recorded—the ﬁre date is noted to the nearest ﬁve- to ten year interval. For those ﬁres,
the middle year of the range was used in the analyses.
Using ArcGIS 10.0, ﬁres at least partially overlapping a cell were identiﬁed for each transect.
The corresponding time-since-ﬁre (TSF) was then assigned to the cells regardless of the relative
importance of the area burned in the cell. When more than one ﬁre partly overlapped a cell, only the
most recent TSF was kept. This last situation concerned mostly areas where ﬁres are recurrent (Figure 2).
2.2.2. Field Sampling Design
The ﬁeld campaign took place in 2013 for transects A, B, and C, and in 2014 for transect D. In the
north of transect A, from the top of the transect to Broadback River, the TSF data from Héon et al. and
Erni et al. [33,35] collected along a 200 km long transect was used. The data was adapted to our study
design and sampling effort by rescaling their original 2 km by 1 km sampling cells.
In each cell where no TSF was assigned from the ﬁre archives, a point corresponding to a sampling
plot was randomly generated from 100 m to 750 m on either side of the road. We assumed that those
random points are representative of their corresponding cells in terms of TSF because in our study
area, the mean ﬁre size—calculated over the 1924–2014 period—is 5200 ha while our cells are 2500 ha.
For this reason, a random point is very likely to capture the most representative ﬁre that occurred in
a cell.
In our effort to compare our results with those of Gauthier et al. [24] who studied the ﬁre regime
between 1972 and 2009, all cells that burned between 1972 and 2014 needed to be assigned with a
pre-1972 TSF. Therefore, an additional point was sampled outside the polygon of the post-1972 ﬁre in
those cells if no pre-1972 ﬁre date was recorded in the ﬁre archives.
For each plot, 10-dominant trees were sampled (section or core taken as close to the ground
as possible), with priority given ﬁrst to jack pine (Pinus blanksiana), and then to black spruce
(Picea mariana), paper birch (Betula papyfera), trembling aspen (Populus tremuloides) and, lastly, to balsam
ﬁr (Abies balsamea). This order of priority was determined based on the rapidity of these species to
regenerate after a ﬁre in order to better approximate the real TSF. The trees’ age was determined
by counting their annual growth rings. In a given cell, if all trees were the same age plus or minus
20 years, the TSF of the cell was considered equal to the age of the oldest tree. Otherwise, the age of
the oldest tree was considered a minimum TSF, and therefore right-censored. Because post-ﬁre trees
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are eventually replaced by new ones as succession proceeds, assessing the exact TSF becomes more
difﬁcult as a stand ages.
2.2.3. Relative Importance of Recent Fires
Road layout depends on different physical attributes of the landscape as they are usually built on
speciﬁc surﬁcial deposits. They are also more used by humans than the rest of the landscape. Both these
particularities of our transect roads, which have all been built after 1924, can bias the TSF distribution
toward more recent ﬁres, thereby affecting estimations of burn rate. Moreover, in some areas, ﬁres can
be rare and yet very large. When roads cross such large ﬁres, it can lead to an overestimation of the
number of burned cells compared with the average burn rate of the corresponding region. For all those
reasons, we computed for each transect the proportion of recent ﬁres (after 1924) in the cells as well
as in a 45 km-wide buffer around the transect. Because recent ﬁres were slightly overestimated in all
transects comparatively to the 45 km-wide buffers, the cells that burned after 1924 were down-weighted
in the analyses. Weights were calculated in each transect in order to match the relative frequency
of recent ﬁres with the relative area recently burned in the surrounding landscape. Weights of cells
burned between 1924 and 2014 of transects A, B, C, and D are 0.57, 0.41, 0.36, and 0.46, respectively;
while all other cells were assigned a weight of 1.
2.3. Climate Data
The Fire Weather Index (FWI) System consists of six indices derived from meteorological
observations—namely temperature, relative humidity, wind speed, and 24-h rainfall—which provide
numeric ratings of relative potential for wildland ﬁre. The Fine Fuel Moisture Code (FFMC), the Duff
Moisture Code (DMC), and the Drought Code (DC) constitute the fuel moisture codes, and the Initial
Spread Index (ISI), the Buildup Index (BUI), and the Fire Weather Index (FWI) constitute the ﬁre
behaviour indices. We extracted the value of these indices for each cell within each transect using the
BioSIM 9 software [36]. BioSIM allows the user to compensate for the scarcity of weather stations in a
study area by interpolating climate data from nearby weather stations, with adjustments for elevation,
latitude, and longitude [36]. We extracted the mean value of each index in the FWI system over the
period of 1971 to 2000 at the cell’s centroids. Means of each index in each cell were calculated for spring
months (April to June), summer months (July to September), and ﬁre season months (May to August).
2.4. Statistical Analyses
Survival analyses are often used in ﬁre studies because of their ability to examine the time
required for an event to occur, which in our case refers to the TSF, and its relationship with one or
more covariates. They produce a survival distribution function corresponding to the probability of
having gone without ﬁre at each time t, from which a ﬁre cycle can be calculated. Not only are survival
analyses adapted to time to event data, but they also allow for censored observations in the modelling
process. This is a major advantage compared to regular ﬁre cycle analyses, which strictly assume that
TSF is given by the stand age, with no distinction in stands that have been attributed a minimum
age. This often leads to an underestimation of the ﬁre cycle that can be attenuated with survival
analyses [37].
Among the different types of survival analyses available, we selected a semi-parametric model
known as the Cox proportional hazard regression [38]. Although this model is one of the most
commonly used for survival analyses in other ﬁelds—mainly in medicine—still very few ﬁre studies
have explored its potential (e.g., [39,40]).
The Cox proportional hazard model is made of two distinct parts. The ﬁrst part corresponds to the
baseline hazard function (cumulative hazard function when all covariates values are set to zero), i.e.,
the non-parametric portion of the model, which is initially left unspeciﬁed. This has great advantage
over parametric models (such as the Weibull distribution, which has been widely used in ﬁre cycle
studies) because it avoids making arbitrary and possibly incorrect assumptions about the form of
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the baseline hazard function. Instead, it is derived from the empirical TSF distribution. In terms of
ﬁre history, it means that since the model does not assume a constant risk of burning through time,
it allows for variations in the ﬁre regime that could have happened in the past, resulting, for example,
from human activities or climate change. Those variations are therefore taken into account while
calculating the ﬁre cycle, giving a more precise ﬁre history estimate [37]. The second part of the Cox
model is parametric and is estimated using the method of partial likelihood [38]. It is used to evaluate
the relationship between the tested covariates and survival. Our survival models were built using the
coxph function of the survival R package [41].
Cox proportional hazard models were used all along the analysis process. They were built either
with covariates in order to test the effect of climate on ﬁre risk and delimitate ﬁre risk zones along
the transects, or as null models in order to calculate the ﬁre cycle of each ﬁre risk zone previously
determined. Analyses were performed for each transect separately, as four independent entities,
each representative of their surrounding region. Indeed, the four transects are under very different
climatic regimes, and merging them into the same analysis process would make impossible the
estimation of the climate effect at the scale of one particular transect. Moreover, we wanted to identify
variables affecting the ﬁre risk independently for each transect. Although analyses are realized per
transect and allow for the latitudinal assessment of the ﬁre risk variability, calculating ﬁre cycles
provides a means of assessing the longitudinal variability by comparing ﬁre activity among transects.
2.4.1. Climate Inﬂuence on Fire Risk
For each transect, survival models were built in order to examine the inﬂuence of the different
FWI indices—hereafter referred to as climate variables—on TSF. A supervised forward model selection
was conducted in order to select the climate variables that best explained the ﬁre risk. This multi-step
process was conducted using the Akaike Information Criterion (AIC). Figure 3 summarizes the
different steps of the model selection process. First, univariate models were built in order to test
for each climate variable individually. For each model, the AIC and ΔAIC (i.e., the difference from
the model having the lowest AIC) were calculated. Models with a ΔAIC higher than 6 from the best
univariate model were discarded [42]. The second step consisted in adding a second variable to
each model selected. Only variables that were not collinear with the ﬁrst one (threshold: correlation
coefﬁcient of Pearson < 0.7) were tested as second variables. A second variable was kept only if the
model with two variables showed a lower AIC value by at least 2 than the AIC of the corresponding
univariate model, in which case the univariate model was discarded. The same process of adding
variables was repeated until the model could not be improved by any additional variable. The AIC of
all selected models were compared and those having a ΔAIC value higher than 2 from the best model
were discarded. Among all models having a ΔAIC lower than 2, only the most parsimonious ones were
retained, and the one with the lowest AIC value was kept as the ﬁnal model. The AIC of this model
was ﬁnally compared with the AIC of a null model to ensure the overall improvement. Bootstrap was
then applied by randomly sampling with replacement (1000 iterations) the original dataset containing
TSF and climate variables to extract a 95% conﬁdence interval on the variables’ estimates using the
lower and upper percentiles.
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Figure 3. Diagram summarizing the different steps of the model selection process using Akaike
Information Criterion (AIC). This procedure is applied to each transect individually. The set of
univariate survival models is built using each climate variable separately.

2.4.2. Relative Fire Risk and Latitudinal Risk Zonation
For each transect, the predicted ﬁre risk of each cell was extracted from the ﬁnal best-ﬁtted model
containing the selected climate variables (Figure 3). A 95% conﬁdence interval on the ﬁre risk was
calculated using the same bootstrapping process detailed in the previous section. Because the Cox
model is a relative risk model, the predicted risk is relative to the sample used in the model, so it can
only be interpreted within a transect. The mean risk of a transect is set to one, and is associated with
the mean value of the variables used in the model. The value of the risk can then take any positive
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value and show how many times the risk equals the mean risk of the transect. We chose to graphically
represent the results using the log-transformed values of the predicted risk. This scale indeed implies
the same range of risk values on both sides of the mean risk value, which on this scale equals zero.
For each transect, the log-transformed predicted ﬁre risk variations along the latitudinal gradient
allowed us to identify ﬁre risk zones where the ﬁre risk was diverging signiﬁcantly from the mean risk
of the transect. Each transect was thereby separated into different zones, where each was attributed
either a low, moderate, or high ﬁre risk relative to the mean risk of the entire transect.
2.4.3. Fire Cycle
Calculating the ﬁre cycle of each transect zone allows for the comparison of ﬁre activity between
transects, as we are no longer dealing with relative estimates within transects. Fire cycles can therefore
be used to assess the ﬁre activity variability along both latitudinal and longitudinal gradients. Moreover,
in order to compare our results with those of Gauthier et al. [24] who regionalized the entire coniferous
boreal vegetation domain based on ﬁre cycles over the period 1972–2009, ﬁre cycles were calculated for
two different periods (i.e., previous to 2014 and to 1972). Calculating ﬁre cycles with and without the
1973–2014 years also allows for the ability to highlight the impact of recent years (post-1972) on past
ﬁre regimes, and therefore to assess the temporal variability of ﬁre activity over these two periods.
In order to calculate the observed ﬁre cycle of each transect zone, a stratiﬁed null Cox model
was built for each transect. No variables were added to the models in order to capture the observed
ﬁre cycle per zone, as opposed to a predicted ﬁre cycle, based on the prevailing climate conditions.
A special strata term specifying which cell belongs to which transect zone was added to the models
in order to take into account how transects were split into different zones. The estimated cumulative
hazard of burning (baseline hazard function) could then be extracted for each transect zone [41],
representing the accumulated hazard of burning through time. The time it takes for the cumulative
hazard to reach 1 is equivalent to the ﬁre cycle [37,39]. To estimate the ﬁre cycle, the time at which
the cumulative hazard reached or exceeded 1 was then divided by its associated cumulative hazard.
In case the cumulative hazard never reached 1, the ﬁre cycle was calculated as the time at which the
cumulative hazard reached its maximum value, divided by this maximum cumulative hazard value.
A 95% bootstrap conﬁdence interval on the ﬁre cycle was calculated using 1000 randomizations with
replacement of the original TSF dataset. The conﬁdence interval was computed using the lower and
upper percentiles.
3. Results
The frequency distributions of TSF (Figure 4) show that whereas most recent ﬁres are dated to
the year, they are mostly dated with a minimum TSF beyond 90–100 years. Transects A, B, C, and D
show 26%, 32%, 43%, and 44% of minimum TSF data, respectively, thus underlining the importance
of considering censored data in survival analyses. Transects C and D are located in the North Shore
region of Quebec where the proportion of balsam ﬁr, a ﬁre-sensitive species, is much greater than in
the other transects, suggesting that these stands did not establish themselves immediately after a ﬁre
event. In these old stands, it is usually difﬁcult to date the TSF precisely, which explains the higher
percentage of censored data in these two transects. The minimum dates we recorded for transects A, B,
C, and D are 1719, 1703, 1731, and 1663, respectively.
Peaks of TSF can sometimes correspond to single ﬁres. For example, the most recent peak in
transect A results at 80% from a very large 2013 ﬁre, although immense ﬁres are common in this
region [33,35]. In transect D, a large ﬁre occurred in the 1940s in its southernmost part that covered
close to 26% of the entire transect. Unlike in transect A, this ﬁre appears as an exceptional event when
compared to the surrounding landscape. It is not only the largest, it also covers more than 31% of
the area burned since 1924 within a 200 km-wide area centered on the transect and delimited in the
north by the breakpoint in the latitudinal zonation section (see below), and in the south, by the bottom
of the transect. Moreover, the ﬁre is about 16 times larger than the mean size of all ﬁres that have

32

Forests 2016, 7, 211

occurred in this area since 1924. For this reason, the cells associated to this particular ﬁre were either
removed or re-associated with a previous TSF (obtained from ﬁeld data or ﬁre archives). We will refer
to this conﬁguration as transect D2. This approach also allows for a clearer demonstration of how
this ﬁre is inﬂuencing our results, as it could either lead to an overestimation of the ﬁre risk or to a
misinterpretation of the climate’s inﬂuence on the ﬁre risk.

ȱ
Figure 4. Decadal weighted frequency distribution of TSF for each transect. Weights are calculated in
the same way that they were in the survival analyses in order to compensate for the over-representation
of recent ﬁres (after 1924) in transects. The non-weighted frequency distribution of TSF is presented in
Figure A2. The proportion of right-censored data (minimum TSF) and real TSF are shown in grey and
black, respectively.

3.1. Climate Inﬂuence on Fire Risk
In all transects, the selected models have a lower AIC than the null models with ΔAIC values
higher than 7 (Table 1), meaning that null models can be discounted [43]. Moreover, in all transects
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except B, the ΔAIC values with null models are higher than 10, a threshold indicating with high
certainty that the selected models are highly plausible [44]. Pseudo-R2 are all above 0.35, except for
transect B.
Table 1. Best models according to the supervised forward model selection procedure for each transect.
AIC of the best and null models are given as well as their difference (ΔAIC ). Cox and Snell’s pseudo-R2
of best models, their associated maximum value, and the corresponding pseudo-R2 value for max
pseudo-R2 = 1 are also shown.
Pseudo-R2
(Max Pseudo-R2 )

Pseudo-R2 for Max
Pseudo-R2 = 1

Transect

Best Model

AIC

AIC Null
Model

ΔAIC

A

~DC ﬁre season
~DC max spring
+ DMC ﬁre season
~DC spring + DC
ﬁre season
~FWI ﬁre season
+ FFMC ﬁre season
~FFMC ﬁre season

206.11

262.03

55.92

0.51 (0.96)

0.53

213.11

220.49

7.38

0.16 (0.91)

0.18

110.34

133.34

23.00

0.28 (0.80)

0.35

90.78

111.73

20.95

0.39 (0.82)

0.48

55.46

96.12

40.66

0.43 (0.81)

0.53

B
C
D
D2

DC, Drought Code; DMC, Duff Moisture Code; FWI, Fire Weather Index; FFMC, Fine Fuel Moisture Code.

All variables in AIC selected models have signiﬁcant effects on the ﬁre risk (Table 2). In transect A,
the Drought Code (DC) during the ﬁre season increases the ﬁre risk. In transects B and C, models with
two variables were selected. The ﬁrst variables (lowest p-value) with the most important positive effect
on the ﬁre risk, are maximum DC and DC during spring, respectively. The second variables selected
show a slight negative effect on the ﬁre risk for both transects, suggesting an adjustment to the positive
effects of the ﬁrst variables. In transects D and D2, the main climatic factor selected is the Fine Fuel
Moisture Code (FFMC) during ﬁre season. In contrast to the other transects, FFMC decreases the ﬁre
risk even though it is an indicator of sustained ﬂaming ignition and ﬁre spread [45,46].
Table 2. Coefﬁcients of models presented in Table 1. The 95% conﬁdence interval (CI95) for each
coefﬁcient was obtained after 1000 randomizations with replacement of the original dataset. p-values
and exponentiated coefﬁcients with their CI are also shown.

Variables

Coefﬁcient (CI95)

exp (Coefﬁcient)
exp (CI95))

p-value

A

DC ﬁre season

0.16 (0.13; 0.19)

1.17 (1.14; 1.21)

3.61e−11

B

DC max spring
DMC ﬁre season

0.30 (0.21; 0.40)
−0.61 (−0.89; −0.35)

1.35 (1.23; 1.49)
0.54 (0.41; 0.70)

9.32e−5
5.67e−4

C

DC spring
DC ﬁre season

0.75 (0.55; 1.00)
−0.23 (−0.38; −0.08)

2.12 (1.73; 2.72)
0.79 (0.68; 0.92)

8.59e−6
3.08e−2

D

FFMC ﬁre season
FWI ﬁre season

−3.97 (−5.42; −2.88)
4.11 (1.66; 6.80)

0.02 (0.00; 0.06)
60.95 (5.26; 897.85)

1.14e−5
1.25e−2

D2

FFMC ﬁre season

−2.73 (−3.62; −2.14)

0.07 (0.03; 0.12)

2.10e−6

Transect

In the Cox proportional hazard model, the relevant estimates are the exponentiated coefﬁcients,
which represent the multiplicative effect on the risk of burning. Thus, if we take the example of
transect C (Table 2), when holding the DC ﬁre season constant, an increase of 1 in the DC spring value
increases the risk of burning by an average factor of 2.12. Likewise, an increase of 1 in the DC ﬁre
season value decreases the risk of burning by a factor of 0.79 on average.
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3.2. Relative Fire Risk and Latitudinal Risk Zonation
For each transect, we deﬁned homogeneous ﬁre risk zones based on whether or not the predicted
risk diverged from the mean ﬁre risk of the transect (Figures 2 and 5). Because the predicted ﬁre risks
extracted from the models are relative to each transect, relative risk values cannot be compared from
one transect to another.

ȱ
Figure 5. Log-Transformed predicted ﬁre risk according to latitude for each transect. Zero represents
the mean ﬁre risk of each transect. Vertical lines separate ﬁre risk zones where for each transect the
relative ﬁre risk differs from the mean ﬁre risk of the transect. 95% bootstrap conﬁdence intervals (CI95)
are represented by shaded areas. CI95 were obtained after 1000 randomizations with replacement of the
original dataset. The two vertical dashed lines in panel (b) delimit the non-representative mountainous
area excluded for the calculation of ﬁre cycles.

In transect A, the ﬁre risk gradually increases from south to north, thus allowing two zones
(north and south) to emerge. On average, the northern zone shows a ﬁre risk 15.61 times higher than
the mean risk of the transect, while the southern zone shows a risk 3.33 times lower. 95% conﬁdence
intervals (CI95) for the average relative ﬁre risk of each zone can be found in Table A1.
In transect B, the predicted ﬁre risk increases from moderate (not signiﬁcantly different from
the mean ﬁre risk of the transect) in the south to high in the north, except within the zone between
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latitudes 51.707◦ N and 52.105◦ N (coinciding with the plateau located between the Otish Mountains
to the east and the Tichegami Mountains to the west, Figure 1a), where the risk abruptly drops
(dashed lines in Figure 5b). The ﬁre regimes of high elevation areas are often idiosyncratic because
hilltops and upperslopes can be subject to lower ﬁre frequency [40] due to shorter ﬁre seasons and lower
temperatures. Because those mountains are not representative of the regions they cross, this section
has been removed from the rest of the analyses. Transect B was divided into a southern zone with
an average ﬁre risk similar to the mean risk of the transect (1.05 times higher), and a northern zone
with a ﬁre risk 3.70 times higher than the mean risk of the transect (excluding the plateau near the
Otish Mountains).
In transect C, the predicted ﬁre risk increases stepwise from south to north. This transect was
therefore split into a high risk zone in the north, with a risk 10.48 times higher than the mean risk of
the transect, a moderate risk zone in the center, with a risk 1.92 times higher than the mean risk, and a
low risk zone in the south, showing a risk 2.63 times lower than the mean risk.
In transect D, the ﬁre risk increases from south to north, although the southernmost portion was
highly inﬂuenced by the 1940s ﬁre (Figure 5d,e). The transect was thus split into three zones when
this ﬁre is included in the analysis, with the southernmost zone—almost exclusively inside the 1940s
ﬁre area—showing a moderate to high ﬁre risk 3.75 times higher than the mean risk of the transect.
The rest of the transect includes a high ﬁre risk zone in the north and a low ﬁre risk zone in the
center, showing ﬁre risks 48.14 times higher and 1.75 times lower than the mean risk of the transect,
respectively. When removing the 1940s ﬁre from the analysis, transect D2 could be split into two zones
(north and south) with risks 21.30 times higher and 1.45 times lower than the mean risk of the transect,
respectively. The breakpoint separating the northern and southern zones in D2 was located 4.4 km
south of the northern breakpoint in D. This slight difference results from the increased mean ﬁre risk
of the transect due to the 1940s ﬁre in transect D.
3.3. Fire Cycles
In all transects, ﬁre cycles (Table 3) calculated over the whole period are seen to lengthen from
north to south. Globally, there is also a lengthening from west to east. Fire cycles were calculated
over two different periods, prior to 1972 and prior to 2014, in order to check for recent changes in
ﬁre regimes. Except for zones A north and B north, the ﬁre cycles calculated for the period before
1972 are shorter in all zones than those calculated over the whole period (prior to 2014). The temporal
variability in ﬁre activity in each transect zone (Figure A3) also shows that over the last 300 years most
ﬁre activity recorded in each transect zone occurred before 1972, except for A north and B north.
Table 3. Fire cycle (FC) of each transect zone calculated from the cumulative baseline survival function
of stratiﬁed null models. For each transect zone, we assume that the FC calculated is representative of
a period starting with the 10th percentile of the TSF data (i.e., from that date on, 90% of the cells in
that particular transect zone were burned). The 95% bootstrap conﬁdence interval (CI95) was obtained
after 1000 randomizations with replacement of the original dataset and computation of the FC for each
transect using the upper and lower percentiles. FC are calculated for the entire period (prior to 2014)
and for the period prior to 1972. FC calculated over the 1972–2009 period by Gauthier et al. [24] in the
corresponding regions are also given.
Transect

Zone

Starting Date of
Period Covered

FC (CI95)
(<2014)

FC (CI95)
(<1972)

FC (CI95)
(1972–2009) [24]

A

North
South

1994
1756

5 * (2; 9)
168 (104; 263)

44 (23; 57)
125 (71; 219)

94 (85; 105)
712 (636; 816)

B

North
Plateau
South

1836
1739
1822

33 (11; 71)
408 (101; 1544)
233 (144; 354)

38 (9; 102)
145 (37; 264)
154 (109; 218)

183 (155; 221)
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Table 3. Cont.
Transect

C

D
D2

Zone

Starting Date of
Period Covered

FC (CI95)
(<2014)

FC (CI95)
(<1972)

FC (CI95)
(1972–2009) [24]

North
Center

1957
1800

37 (22; 50)
183 (29; 396)

8 (4; 10)
143 (26; 361)

South **

1763

720 (326; 1515)

361 (71; 1014)

183 (155; 221)
712 (636; 816)
712 (636; 816)/
1668 (1286; 2380)

North
Center
1940s ﬁre
North

1924
1725
1929
1927

60 (35; 112)
785 (290; 1970)
57 (26; 98)
53 (32; 83)

20 (11; 32)
170 (72; 404)
18 (10; 29)
19 (10; 29)

South **

1737

732 (201; 1747)

177 (65; 543)

272 (239; 312)
712 (636; 816)
1668 (1286; 2380)
272 (239; 312)
712 (636; 816)/
1668 (1286; 2380)

* 89% of the cells in this zone have a TSF of <13 years; the remaining 11% have a TSF of <40. Moreover,
an important ﬁre that occurred in 2013 burned 51% of the cells, also highly inﬂuencing the FC estimate. As large
ﬁres are common in this region, the size of the transect zone is small when taking the full variability of the ﬁre
regime of that region into account when using TSF data. We thus consider the ﬁve-years FC observed here to be
highly underestimated. ** As both C South and D2 South cross two ﬁre regions delimited by Gauthier et al. [24],
two corresponding FC values are shown for each of these zones, respectively.

4. Discussion
4.1. Climate Inﬂuence on Fire Risk
The Drought Code (DC) signiﬁcantly increased the ﬁre risk in the three westernmost transects
(i.e., A, B, and C) while no climate inﬂuence was detected in transect D. This result is consistent with
other studies that have shown a similar effect of the DC on ﬁre risk [16,21,47] and on the number of ﬁres
and annual area burned [48] in the Canadian boreal forest. The DC is a numeric rating of the average
moisture content of deep, compact organic layers and is an indicator of seasonal droughts [45,46].
This suggests that drought conditions are partly responsible for the variability of the ﬁre risk along the
latitudinal gradient over most of our study area. However, the better model ﬁt for transects A and C
compared with transect B may indicate that climate is not the only factor inﬂuencing the ﬁre risk.
In particular, the large Mistassini Lake to the west and the Tichégami and Otish Mountains to the
southern and northern zones (Figure 1a), respectively, may have acted as large ﬁrebreaks. Indeed,
in Quebec, prevailing winds blow predominantly from west to east. These geographical features may
thus be accompanied by large ﬁre shadows that attenuate the effect of climate in this region.
As Cox survival models from both transects D and D2 show good ﬁts (pseudo-R2 ≥ 0.48),
the negative, counterintuitive effect of the FFMC on the ﬁre risk could reﬂect the inﬂuence of some
bottom-up drivers. For instance, this region is known for its complex topography, from plains on
the edge of St. Lawrence River to mountains toward the north [49] (Figure 1a). The region is also
characterized by an important variability of surﬁcial deposits, from organic deposits and bedrock to
till dominance from south to north [49]. Topography and surﬁcial deposits are two signiﬁcant factors
of ﬁre risk because they inﬂuence the drying potential of the forest ﬂoor as well as fuel composition
and structure [14,18,40]. Well-drained stands are more likely to burn [18], and the slopes found in the
northern portion of the transect could, for example, help with draining and thus drying the forest
ﬂoor, thereby facilitating ﬁre spread. Moreover, a limited ﬁre ignition due to a very low occurrence of
lightning strikes [50] is an additional factor that may explain the low ﬁre activity of this region, as well
as the difﬁculty to detect any climate effect on ﬁre risk. When lightning strikes happen in conjunction
with weather favorable to ﬁre spread, the accumulated fuel can, therefore, allow for very large ﬁres to
occur. This control over ﬁre activity could therefore prevail over other factors in this transect.
4.2. Fire Cycle
The computation of the ﬁre cycle of each ﬁre risk zone allowed the assessment of the
spatiotemporal variability of ﬁre activity within the study area. Although recent ﬁres (after 1924)
were over-represented in our transects, we trust the down-weighting applied to recently burned cells
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signiﬁcantly reduced this bias and allowed for the calculation of realistic ﬁre cycles. On a broad scale,
other studies have shown the same gradient of increasing ﬁre activity from south to north [24,48] and
from east to west [21,24,48,51] in eastern Canada.
On a narrower spatial scale, our ﬁre cycle estimates are consistent with values calculated for
similar regions over the same time period. In the southern zone of transect A, our ﬁre cycle is consistent
with previous estimates made in the commercial forest further south [51–53]. In the northern zone of
the same transect, one of the most ﬁre-prone regions of boreal Canada where very large ﬁres occur
at a high frequency [33,35], we estimated a ﬁre cycle of ﬁve years. However, compared to the size of
those ﬁres, our transect zone is relatively small, meaning that individual ﬁres can intersect a large
fraction of the transect (Figure 2a). In this particular region where very large ﬁres occur, thus regularly
erasing marks of older ﬁres, a method using TSF data over a relatively short transect in order to
estimate ﬁre cycles does not appear to be well suited. In this situation, the use of archive data to
compute annual area burned, or a different sampling design covering a larger area better adapted to
accounting for immense ﬁres could be used instead. Based on ﬁre interval data for the same transect
zone, Héon et al. [33] estimated a ﬁre cycle of 42 years for the time period 1910–2013. With such
a short ﬁre cycle, shifts of vegetation from black spruce- to jack pine- dominated stands can occur
in this area [54,55]. Short ﬁre intervals are also likely to limit stand regeneration and consequently
lead to an opening of the forest [55,56], possibly into lichen-woodlands [55]. However, recent studies
have shown that a negative feedback between fuel availability and ﬁre activity has strongly limited
the occurrence of these short intervals during the last two centuries [33,57]. The whole landscape
could nonetheless burn regardless of the fuel continuity if either the number of ignition points or the
frequency of extremely severe weather events are high enough. The northern zone of transect A thus
constitutes a very interesting area to monitor in the future in order to better understand how strong
the forest’s resilience to high ﬁre activity is in this boreal ecosystem [35].
Our ﬁre cycle estimates along transect B are similar to values obtained in previous studies
of the same region. Indeed, in the southern zone and in the plateau near the Otish Mountains,
Mansuy et al. [18] calculated ﬁre cycles of 205 (CI95: 128; 502) and 237 (CI95: 136; 929), respectively.
Southeast of the transect, Bélisle et al. [39] also found a similar ﬁre cycle (247 (CI95: 187; 309)) to our
southern zone. Mansuy et al. [18] did estimate a longer ﬁre cycle (129 (CI95: 86; 257)) in the region
corresponding to the northern zone of our transect. However, our estimate may have been highly
inﬂuenced by the most recent decades as 60% of the cells in this zone have a TSF of <14 years.
Transects C and D are both located in the North Shore region where ﬁre cycles have been shown
to lengthen on an eastward course. Previous studies have estimated ﬁre cycles varying from 250 years
around the southern and center zones of transect C [9] to between 295 (40,51,58) and 600 years [9]
further east, toward transect D. Those values are in agreement with our results as they are included
within the conﬁdence intervals of our ﬁre cycle estimates of these regions. Furthermore, our study is
one of the ﬁrst that analyzes the ﬁre regime from empirical data in the area covered by the northern
zones of transects C and D, thus making it difﬁcult to compare our results with others. However,
we assume our ﬁre cycle estimates are realistic based on the overall consistency between our results
and those of other studies as well as the reliability of the estimates produced by the Cox analyses [37].
4.3. Fire Risk Zonation and Temporal Variability
Our study indicates that the ﬁre risk increases from south to north, either gradually as in transects
A, B, and D2, or stepwise as in transect C. In all transects, high and low ﬁre risk zones could be
delimited in the north and south, respectively. The localization of the breakpoints between ﬁre risk
zones is generally consistent with the regional boundaries set by Gauthier et al. [24] based on the
recent ﬁre regime (1972–2009), except for transect B which they consider to be more homogeneous.
The ﬁre cycles estimated by Gauthier et al. [24] are longer than ours for all transect zones (Table 3).
Temporal variations in the ﬁre regime can explain these differences. Indeed, our ﬁre cycle estimates for
the time period prior to 1972 are generally shorter than estimates for the entire study period, suggesting
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a decrease in ﬁre activity during the last four decades. Similar shifts were previously observed in
Quebec around the middle of the 20th century, thus f the decrease in ﬁre activity experienced since the
end of the Little Ice Age that occurred around 1850 [51,58,59]. Moreover, previous studies targeting
the ﬁre activity of the last 150–300 years (e.g., [9,18,39,40,53]) have estimated ﬁre cycles similar to
ours. In the northern zone of transect A however, the difference between our estimates and the ones
calculated by Gauthier et al. [24] seems to results from the most recent years (i.e., after 2009) when
most of this zone was burned (Figure A3). This is consistent with previous studies showing that ﬁre
activity has been increasing since 1980 in this area [35].
All indices of the FWI, particularly the DC, are expected to increase in the future in response
to climate change [60,61]. During the last few decades, the northern zone of transect A, which is
the driest sector of the study area, has experienced very high ﬁre activity (Figure 2a and Figure A3).
With climate change, this phenomenon could propagate over the whole study area, leading to a large
scale increase of ﬁre activity in the near future [48], possibly returning to the ﬁre regime levels of the
last 150–300 years.
The relative stability of ﬁre zone boundaries in the past may have resulted either from top-down or
bottom-up processes. The climatic zonation may have remained somewhat constant with proportional
changes among regions. Alternatively, bottom-up factors, such as fuel availability or surﬁcial deposits,
may have determined the observed spatial variability. As these factors are spatially stationary,
they could account for the inertia of the limit between ﬁre risk zones regardless of any changes
in climate, provided that future ﬁre risks remain in the range of past ones. In both cases, this could
suggest that if climate and ﬁre regimes are predicted to change in the future, the limits between ﬁre
risk zones might remain stable. This has great implications for forest management planners, as if they
have to adjust for future changes in ﬁre activity they will nonetheless be able to rely on the stability of
their management unit layout in regards to ﬁres. However, this should be accepted with caution as
Boulanger et al. [48] have shown that in the future slight changes in ﬁre regions could occur based on
the projected area burned and the number of ﬁres.
5. Conclusions
Considered as a whole, the latitudinal breakpoints separating our ﬁre risk zones are largely
consistent with the recent evaluation of the northern limit of the commercial forest. This limit has been
drawn across the coniferous boreal forest of Quebec to delineate the more opened forests to the north
from the tall and dense forests that are suitable for forest management to the south [23,62]. As there is a
direct link between high ﬁre activity and the opening of forests [26–29], as we have shown that ﬁre risk
appears to be higher in the northern zones over the last 150–300 years, and as these zones have been
relatively stable through time, it seems reasonable to conclude that the limit between open and closed
forests has also been somewhat stable. If the expected climate change leads to a ﬁre activity level that
remains in the same range of variability as the last 150–300 years, which Girardin et al. [63] consider a
plausible scenario, this limit may also remain stable in the future. Indeed, boreal forests south of the
northern limit of the commercial forest seem to be well-adapted to large changes in ﬁre activity [63,64].
However, if ﬁre activity increases beyond its range of variability in the south, dense forests could start
opening [2,56] and thus eventually change the location of the limit.
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Appendix A

Figure A1. Map of the study area showing the four transects being analyzed, along with the recent
ﬁres from 1924 to 2014. The northern limit of the commercial forest in Quebec is also shown.
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ȱ
Figure A2. Decadal frequency distribution of TSF for each transect. No weights are applied to cells
where a ﬁre occurred between 1924 and 2014. The proportion of right-censored data (minimum TSF)
and real TSF are shown in grey and black, respectively.
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Figure A3. Reverse weighted cumulative proportion of cells that burned per decade in each transect
zone. Weights are calculated in the same way that they were in the survival analyses in order to
compensate for the over-representation of recent ﬁres (after 1924) in transects. The shaded area shows
the 1972–2009 period covered by the ﬁre cycle estimates calculated by Gauthier et al. [24].
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Table A1. Mean relative ﬁre risk of transect zones compared to mean risk of the transect with 95%
bootstrap conﬁdence intervals (CI95) (e.g., zone north of transect A has a risk 15.61 times higher than
the mean risk of the transect, while zone south of the same transect has a risk 3.33 times lower or
equals to 0.30 times the mean risk of the transect). Relative ﬁre risk values take into account the
down-weighting of recently burned cells.
Transect

Zone

Mean Relative Risk

CI95

A

North
South

15.61
0.30 (−3.33)

(7.96; 34.91)
(0.18; 0.47)

B

North
Plateau
South

3.70
0.33 (−3.03)
1.05

(2.16; 6.76)
(0.18; 0.59)
(0.75; 1.56)

C

North
Center
South

10.48
1.92
0.38 (−2.63)

(5.29; 24.09)
(1.00; 4.09)
(0.19; 0.70)

D

North
South

48.14
0.57 (−1.75)

(14.66; 306.15)
(0.29; 1.06)

1940s ﬁre

3.75

(1.59; 11.64)

North
South

21.30
0.69 (−1.45)

(8.40; 98.19)
(0.43; 1.16)

D2
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Abstract: Fire regimes are ultimately controlled by wildland fuel dynamics over space and time;
spatial distributions of fuel inﬂuence the size, spread, and intensity of individual ﬁres, while
the temporal distribution of fuel deposition inﬂuences ﬁre’s frequency and controls ﬁre size.
These “shifting fuel mosaics” are both a cause and a consequence of ﬁre regimes. This paper
synthesizes results from two major fuel dynamics studies that described the spatial and temporal
variability of canopy and surface wildland fuel characteristics found in US northern Rocky Mountain
forests. Eight major surface fuel components—four downed dead woody fuel size classes (1, 10, 100,
1000 h), duff, litter, shrub, and herb—and three canopy fuel characteristics—loading, bulk density
and cover—were studied. Properties of these fuel types were sampled on nested plots located within
sampling grids to describe their variability across spatiotemporal scales. Important ﬁndings were
that fuel component loadings were highly variable (two to three times the mean), and this variability
increased with the size of fuel particles. The spatial variability of loadings also varied by spatial scale
with ﬁne fuels (duff, litter, 1 h, 10 h) varying at scales of 1 to 5 m; coarse fuels at 10 to 150 m, and
canopy fuels at 100 to 600 m. Fine fuels are more uniformly distributed over both time and space and
decayed quickly, while large fuels are rare on the landscape but have a high residence time.
Keywords: range; semi-variogram; fuel deposition; decomposition; fuel component; vegetation
development

1. Introduction
Fire regimes are created by the interaction of bottom–up and top–down controls [1]; bottom–up
controls, such as vegetation, topography, and disturbance history, often dictate ﬁre spread, intensity,
and severity at ﬁne scales, while coarse scale, top–down controls, such as climate and weather,
dictate ﬁre frequency, duration, and synchrony [2]. Of all bottom–up controls, wildland fuels are
important because they govern most of ﬁre’s combustion processes [3]. The spatial and temporal
variability of wildland fuel directly impacts ﬁre regimes which, in turn, has major implications for ﬁre
management [4]. Landscape patches that have minimal fuels, such as recently treated or burned areas,
form fuel breaks that may limit growth, reduce intensity, and minimize severity for future ﬁres [5].
This self-organizational property of wildland ﬁre is incredibly important in predicting future ﬁre
dynamics under climate change [6,7]. Fire and fuel management should use the changing fuel mosaic
to develop management plans that effectively integrate wildﬁres, controlled wildﬁres, prescribed
ﬁres, and fuel treatments to minimize ﬁreﬁghting costs and maximize ecosystem resilience while still
protecting homes and people [8].
Wildland fuels are live and dead organic matter called biomass [9]. The forest fuelbed is vertically
stratiﬁed into three fuel layers—ground, surface, and canopy fuels (Figure 1). Surface fuels are all biomass
within 2 m above the ground surface. Ground fuels are all organic matter below the litter and above
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the mineral soil, which is called duff in most upland forests. Canopy fuels are the biomass above the
surface fuel layer. Fuelbed layers are composed of ﬁner-scale elements called fuel components, which
are fuel types that are deﬁned for speciﬁc purposes, mostly for ﬁre behavior and effects prediction.
A woody fuel type, for example, might be deﬁned as a fuel component based on particle diameter size
range (Table 1). The ﬁnest scale of fuelbed description is the fuel particle, which is a general term that
deﬁnes a speciﬁc piece of fuel that is part of a fuel type or component of a fuelbed (Figure 1); a fuel
particle can be an intact or fragmented stick, grass blade, shrub leaf, or pine needle. There are many
physical properties that can describe fuel particles, such as speciﬁc gravity, heat content, weight, and
shape, and statistical summaries of these particle properties are often used to quantify coarser fuel
component properties. However, the fuel property most used in ﬁre management is loading or amount
of biomass per unit area (kg¨ m´2 in this paper).

Figure 1. Illustration of a wildland forest fuelbed showing the three major strata: ground, surface, and
canopy fuels from Keane [9] and drawn by Ben Wilson.

An often overlooked feature of wildland fuelbeds is that they are always changing in space
and in time; live and dead biomass are constantly being added, modiﬁed, and removed by various
ecological processes, thereby changing particle, component, and layer properties [10]. The annual
shed of leaves and small woody twigs from trees, for example, creates signiﬁcantly different spatial
distributions than the infrequent toppling of tree boles to create logs or coarse woody debris (CWD).
As a result, wildland fuel landscapes can be thought of as shifting mosaics of hierarchically intersecting
fuel characteristics [9]. This dynamic and complex character of fuelbeds across space and time is
responsible for the great variability found in wildland fuel characteristics [11–13] and is perhaps
the single most important concept to understand in ﬁre management today because it inﬂuences
strategic fuel management considerations such as fuel treatment longevity and effectiveness, ﬁre
return intervals, and smoke potential [9].
Numerous ecological processes inﬂuence fuel dynamics, but four are particularly important in
controlling spatial and temporal distributions of wildland fuels—vegetation development, deposition,
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decomposition, and disturbance—the four “Ds” [9]. Wildland fuels accumulate as a result of the
establishment, growth, and mortality of vegetation (development). Rates of biomass accumulation, often
called productivity, are dictated by the interactions of the plant species available to occupy a site and
the site’s physical environment (e.g., climate, soils, and topography) [14]. Over time, portions of living
biomass are shed or die and get deposited on the ground to become dead surface fuels or necromass.
Below- and above-ground necromass is eventually decomposed by microbes and soil macrofauna.
Disturbances, such as ﬁre, insects, and disease, act on living and dead biomass to change the magnitude,
trend, and direction of fuel dynamics in space and time. These four fuel processes interact, but they
are often inﬂuenced by different environmental factors depending on the ecosystem. In wildland fuel
science, for example, many assume fuels are closely related to vegetation characteristics [15], but this
would be true only if the ﬁrst two processes (development and deposition) were considered thereby
ignoring the role of decomposition and disturbance in fuelbed development.
The landscape ecology of wildland fuels is the interaction of the above processes across multiple
space and time scales to create the shifting mosaics of fuel conditions [16]. Understanding the spatial
and temporal dynamics of fuels may provide a better grasp of the impact of various wildland fuel
management activities on fuel properties [17] and it also might help explain unexpected ﬁre behaviors
and effects (e.g., [18]). It may also aid in developing effective fuel applications that integrate spatial
variability in their design such as new fuel classiﬁcations, sampling methods, and geospatial data [9].
Patterns of fuel characteristics will be important inputs to the ﬁre effects and behavior models of the
future [18,19].
Few have explored spatial and temporal relationships of the wildland fuels. Reich et al. [20]
evaluated the spatial variability of several fuel components over a large landscape in the US Black
Hills and found that the variability was governed by topography and vegetation. Hiers et al. [21]
measured small-scale variations in surface fuel using LiDAR and found that fuelbed depths become
spatially independent after small distances (~0.5 m2 ). Spatial variability of grasslands have been
described in the context of population dynamics and restoration potential but have not been related
to fuel characteristics [22]. Theobald [23] found that while ﬁne scale variation in fuels dictated ﬁre
behavior, the distribution of CWD dictated germination in longleaf pine ecosystems. Kreye et al. [24]
described the spatial structure of duff near tree boles using Moran’s I and found duff depth had high
spatial correlations at short distances (<1 m). While some studies described fuel distributions across
landscapes [25,26], few have actually quantiﬁed the variability of fuel properties across space [19,27,28].
And, while many have identiﬁed fuel continuity as an important spatial characteristic of wildland
fuels [29,30], few studies have addressed the structure of fuel spatial variation at landscape scales.
This paper is a synthesis of two long-term projects that were designed to understand the spatial
and temporal dynamics of wildland fuelbeds. Spatial fuel characteristics were measured for eight fuel
components (Table 1) in an extensive study called FUELVAR that assessed fuel component properties at
various distances in a 1 km sampling grid installed in six US northern Rocky Mountain stands [11,16].
Temporal fuel dynamics were measured on 28 plots across the northern US Rocky Mountains over a
period of 10–12 years to assess deposition and decomposition rates for ﬁve fuel components in the
FUELDYN study (Table 1) [31,32]. While these two studies were not directly linked, many methods
and analyses overlap, and as a result, the ﬁndings can be described in a similar context. In this paper,
the two studies are used to demonstrate the variability and complexity of wildland forest fuelbeds
over time and space.
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Table 1. Descriptions of the three canopy fuel characteristics, eight surface fuel components, and one
ground fuel components included in this paper. FWD is ﬁne woody debris, a term often given to wood
fuel particles less than 8 cm in diameter. CWD is coarse woody debris, a term used to woody fuel
particles greater than 8 cm in diameter. Those fuel components in bold indicate that they were included
in the FUELDYN project, while all fuel components were included in the FUELVAR project.
Fuel Type

Fuel
Component/Attribute

Common Name

Size

Description

Canopy Fuels
Canopy bulk density
(kg¨ m´3 )

CBD

<3 mm diameter

All canopy material
less than 3 mm
diameter

Canopy fuel loading
(kg¨ m´2 )

CFL

<3 mm diameter

All canopy material
less than 3 mm
diameter

Canopy cover (%)

CC

All material

Vertically projected
canopy cover

<0.6 cm (0.25 inch)
diameter

Detached woody fuel
particles on the ground

Canopy

Surface Fuels
1 h woody

Twigs, FWD

10 h woody

Branches, FWD

0.6–2.5 cm
(0.25–1.0 inch)
diameter

Detached woody fuel
particles on the ground

100 h woody

Large Branches,
FWD

2.5–8 cm (1–3 inch)
diameter

Detached woody fuel
particles on the ground

1000 h woody

Logs, CWD

8+ cm (3+ inch)
diameter

Detached woody fuel
particles on the ground

Shrubs

Shrub

Shrubby

All shrubby
material less than
5 cm diameter

All burnable shrubby
biomass with branch
diameters less
than 5 cm

Herbaceous

Herb

Herbs

All sizes

All live and dead grass,
forb, and fern biomass

Litter

Litter

Litter

All sizes, excluding
woody

Freshly fallen
non-woody material
which includes leaves,
cones, pollen cones

All sizes

Partially decomposed
biomass whose origins
cannot be determined

Downed Dead
Woody

Ground Fuels
Duff

Duff

Duff

2. Methods
2.1. Spatial Methods
In the FUELVAR study, a nested grid design within a square 1 km2 area was installed in the
center of six selected study sites [11] (Figure 2a). Sites sampled included a second-growth dry mixed
conifer stand of ponderosa pine (Pinus ponderosa), Douglas-ﬁr (Pseudotsuga menziesii), and western
larch (Larix occidentalis) that had been thinned, a ponderosa pine-Douglas-ﬁr stand that had been
prescribed burned, a lodgepole pine (Pinus contorta) stand with a history of non-lethal surface ﬁres, a
pinyon pine (Pinus edulis) and juniper (Juniperus occidentalis) woodland, a ponderosa pine savanna,
and a sagebrush grassland. Sides of the sampling grid were oriented along the four cardinal directions.
Transects were established at each corner and at 100-m intervals along each grid side (Figure 2a).
Sampling was intensiﬁed around four central grid points to increase the number of distances between
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sample points by installing a nested sampling grid of 16 additional sampling points centered around
one of the four grid points using a 100-m square (eight sampling points) and 50-m square (another
eight points) design (Figure 2b). These additional sampling points were placed at the corners and side
mid-points for the two nested squares. This intensive grid provided the additional distances, including
25, 35, 50, and 100 m.

Figure 2. The sampling design of the FUELVAR study showing (a) the 1 km2 sampling grid, (b) the
intensiﬁcation of the grid, and (c) the nested plot sampling scheme in the upper right.

A 400-m2 circular macroplot was established at each grid sample point for sampling trees greater
than 10 cm DBH (diameter breast height) and canopy cover (Figure 2c). Using the same sample point
as plot center, we installed a 100-m2 circular subplot on which we sampled logs (woody fuel particles
greater than 8 cm diameter) and sapling trees (trees greater than 1.37 m tall and less than 10 cm DBH).
We then centered a 1-m2 square microplot over the grid sampling point, within which we measured
shrub, herb, and ﬁne woody (wood fuel particles less than 8 cm diameter; twigs and branches) fuel
characteristics. Last, a 0.25-m2 (50 by 50 cm) square nanoplot was installed in the northwest corner of
the microplot to measure duff and litter fuels.
Spatial variability of the measured fuel loadings of each component (Table 1) was described using
semi-variograms; a descriptive technique that graphically represents the spatial continuity and spatial
autocorrelation of a spatial data set [33,34]. Semi-variogram range, the distance where the variance
curve ﬁrst ﬂattens, is important in landscape ecology because it represents the spatial scale at which
the entity of concern is best described in space, often called the inherent patch size [35].
2.2. Temporal Methods
In 1993, a set of litter traps were installed on four plots on each of two sites in western Montana to
parameterize and validate two ecosystem models [31]. Then, in 1995, four new sites were established
along elevational and aspect gradients within the larger US Northern Rockies study area (Figure 3a).
Plots were established only in mature stands that had no evidence of disturbance. Forest types
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represented by these sites include stands dominated by ponderosa pine, Douglas-ﬁr), western red
cedar (Thuja plicata), subalpine ﬁr (Abies lasiocarpa), and whitebark pine (Pinus albicaulis). In 1996,
a seventh site was established in the ubiquitous lodgepole pine ecosystem that occurs east of the
Continental Divide (Figure 3a).

Figure 3. The sampling design of the FUELDYN study showing the (a) seven sampling sites; (b) the four
plots per sampling site placed at high and low elevations and north and south aspects; (c) the littertrap
placement within the 400 m2 plot; and (d) the decomposition bag placement on the 400 m2 plot.

Four plots were established at each site established along major topographic gradients of
elevation and aspect to capture the diversity of the important direct environmental gradients such
as productivity, moisture, and temperature (Figure 3b). A number of topographic, vegetation, and
ecosystem characteristics were measured on the 0.1 acre (0.04 ha) circular plots, and then an inventory
of all trees within plot boundaries was conducted. A network of 30 m fuel transects to estimate fuel
loadings for ﬁve fuel components was also used in this study.
At each plot, we installed nine 1 m by 1 m litter traps in the star pattern to collect fallen biomass
(Figure 3c) but two were removed (NW, SE) after statistical analysis revealed they weren’t needed.
Each plot was visited once a month during the snow-free periods of the year and all material in each
trap was placed into heavy paper bags, transported to the laboratory, and the labeled bags were placed
in an oven set at 90 ˝ C for two to three days. The weight of each fuel component was recorded to the
nearest 0.01 g along with the date, site, plot, and trap information written on the bag. A small sample
of the dried material was set aside for the decomposition experiment. We measured litterfall in these
traps for 10–12 years depending on the site.
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Litter bags were used to estimate the rate of decay for four fuel components of freshly fallen
foliage, twigs, branches, and large branches [31]. Approximately 100–150 g of the material taken
from the litter traps was put into each bag and then the bag was sewn closed. Decomposition rates
for logs and other canopy material were not measured because of limited time, lack of appropriate
equipment, and incompatible methods. At each plot, three sets of three bags for the three ﬁne woody
fuel components (1, 10, and 100 h) and three sets of six bags for the foliage material were installed in
the pattern shown in Figure 3d. Decomposition was measured over three years by taking one foliage
bag from each wire set every 6 months and one woody bag from each woody fuel set every 12 months.
The litter bags were then placed in paper bags, dried at 80 ˝ C for 3 days, and then weighed to the
nearest 0.01 g with the weight.
Two estimates of decomposition were calculated. A mass loss rate (percent year´1 ) was calculated
from differences in bag weights over the three year period. Then, we estimated the decomposition
parameter k in the Olson [36] equation using a linear mixed effects model whose form is as follows:
ˆ
ln

xij
xi0

˙
“ p´k ` bi qt j ` ε ij

(1)

where xij is the weight of the ith trap at time j (tj ) and xi0 is the initial weight of the ith trap; bi is the
random effect of trap i representing the deviation of the slope from the ﬁxed effect for trap i; and εij are
the random errors assumed to be independently distributed with a normal distribution.
3. Results
3.1. Spatial Dynamics
Using semi-variogram analysis, Keane, Gray and Bacciu [11] estimated the spatial scale of
individual canopy and surface fuel components and found that the smaller the fuel component,
the ﬁner the scale of spatial distribution. Fine woody debris (FWD, Table 1) varied at scales of 1–5 m,
depending on the size of fuel particle; CWD varied at 22–160 m; and canopy fuel characteristics varied
at 120–600 m scales (Table 2). In fact, Keane, Gray, BacciuandLeirfallom [16] related fuel particle
diameter with semi-variogram range and found that an increase in 1 cm in fuel particle diameter
resulted in an increase of the range (inherent patch size) by 4.6 m (Figure 4). Results from the FUELVAR
study showed that each fuel component has its own inherent spatial scale and that this scale varies by
biophysical environment, vegetation structure and composition, and time since disturbance.
Table 2. Semi-variogram range statistics for all surface fuel components and three canopy fuel variables
across the six FUELVAR sites. Empty cells indicate no spatial model could be ﬁt to the data. Canopy
fuel attributes: CBD-Canopy bulk density, CFL-Canopy fuel load, and CC-Canopy cover.
Fuel
Component

Sagebrush
Grassland

Pinyon
Juniper

1h
10 h
100 h
1000 h
Shrub
Herb
Litter + Duff
CBD
CFL
CC

4.7
6.6
No 100 h
No Logs
2.4
0.7
0.5
No trees
No trees
No trees

2.5
2.4
2.5
No Logs
15.1
1.1
1.4
440.0
560.0
407.0

Ponderosa Pine
Savanna

Ponderosa
Pine-Fir

PineFir-Larch

Lodgepole
Pine

16.3
4.9
4.6
22.0
1.8
3.5
1.3
412.0
600.0
-

8.9
2.2
2.4
87.3
3.6
0.5
0.5
100.0
310.0
230.0

6.0
11.1
4.1
157.0
2.7
1.8
0.9
120.0
560.0
300.0

Range (m)
2.8
0.9
2.5
84.0
0.9
0.8
2.5
-
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There were several other ﬁndings of the FUELVAR study that warrant mention. First Keane, Gray
and Bacciu [11] found high variability in a number of fuel properties both across and within sites;
coefﬁcients of variation (variation expressed as a percent of the mean) exceeded 200% for loading of
most woody fuel components and that variation was correlated with particle size (R2 = 0.6). They also
found that this variability was not normally distributed, but instead, highly skewed (skewness statistic
>2.0 for most components) because many microplots were missing fuel components. Next, Keane,
GrayandBacciu [11] found that none of the surface fuel components were correlated with each other;
correlation coefﬁcients were <0.4 for the loading of all combinations of surface fuel components. Even
more important was the fact that none of the surface fuel components correlated with canopy fuel
components or numerous other stand characteristics, such as tree density, basal area, and tree diameter.
Each fuel component was distributed independently of all other components.

Figure 4. Relationship of semi-variogram range (m) with the size of fuel particle represented by
diameter (cm).

3.2. Temporal Dynamics
3.2.1. Deposition
In the FUELDYN study, Keane [31] found that rates of deposition (litterfall) varied by fuel
component with foliage having the greatest deposition rates (0.05–0.15 kg¨ m´2 ¨ year´1 ) and the
largest woody fuel components (100 and 1000 h) having the slowest rates (<0.03 kg¨ m´2 ¨ year´1 )
(Figure 5a). Moreover, fuel deposition varied greatly by site, from less than 0.05 kg¨ m´2 ¨ year´1 on
unproductive sites (hot, dry and cold, wet) to ten times more (over 0.5 kg¨ m´2 ¨ year´1 ) on warm mesic
sites (Figure 5b). These deposition rates were more closely correlated to vegetation characteristics
than to environmental or climatic factors (e.g., temperature, elevation, and precipitation). In addition,
deposition rates of each fuel component differed by site (Figure 5b); woody fuel deposition rates varied
widely across all sites (an order of magnitude for 10, 100 h).
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Figure 5. The amount of fuel deposited each year (litterfall) by (a) fuel component and (b) the 28 sites
in the Keane [31] study. Site descriptions ID numbers on the X axis can be found in Keane [31]. Sites are
arranged in order of productivity from highest to lowest.

Keane [31] also found that the temporal pattern (i.e., annual variation) of deposited biomass
differed by fuel component (Figure 6). It appeared that approximately the same amount of litter and
1 h woody fuels were deposited each year with little year-to-year variability, but the deposition of
coarser woody fuels (10, 100 h) was more highly variable in time, with most coarse fuels deposited in
one year (Figure 6). Keane [31] also found that only the foliage material was evenly deposited across
the littertraps; all woody fuel components were unevenly distributed across both space and time.
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Figure 6. Coarser fuels have higher interannual variability. The amount of deposited biomass by
fuel component on the Coram site over 12 years of collection (a) foliage (litter); (b) 1 h; (c) 10 h; and
(d) 100 h.

3.2.2. Decomposition
Similar to litterfall, decomposition also varies by fuel component and site (Figure 7). The smallest
fuel particles (foliage) decayed at the fastest rates, often losing more than a ﬁfth of their mass per year,
while the coarser woody particles lost less than 5% of their weight each year (Figure 7a,d). Also, the
rate of decomposition was greatly driven by an elevation gradient with the high elevation sites having
the fastest decomposition (k values > 0.3 year´1 ) and the dry, hot low elevation sites had the slowest
decomposition (k > 0.1 year´1 ). In fact, Keane [32] found decomposition rates were best correlated with
climate gradients of temperature and moisture. To add to the complexity, measured decomposition
rates for each fuel component also differed by site with rates of woody fuel decomposition often
unrelated to foliar decomposition rates, and some larger woody fuels having k values greater than
smaller woody fuels (Figure 7c).
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Figure 7. Rates of decomposition expressed as (a) k values for each fuel component, (b) mass loss rates
for each fuel component; and (c) k values for each site by fuel component. Site descriptions ID numbers
on the X axis can be found in Keane [31]. Sites are arranged in order of elevation from highest to lowest.
Some sites did not have decomposition estimates [31].
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4. Discussion
4.1. The Wildland Fuel Mosaic
Results from these two studies indicate that the landscape mosaic of wildland fuel is much more
complex than we once thought [9]. Fuel components are distributed differently in space with ﬁne
fuels changing over spatial scales that are an order of magnitude smaller than coarse woody fuels
and canopy fuels (Table 2). Fine fuel components are more uniformly distributed in space with lower
variabilities than the high variability coarse fuels. The primary reasons for this complexity is that fuel
components are deposited on the ground at different rates and patterns (Figure 4), and after they land
on the ground, they decompose at different rates (Figure 7), and this deposition and decomposition
are governed by different factors (vegetation controls deposition, climate controls decomposition).
Fine fuels are added to the surface fuel layer at the greatest rates, but they may decompose quicker,
whereas CWD particles are more scattered across space, and it may take decades to centuries for it to
decompose depending on site factors.
A framework for understanding spatiotemporal surface and canopy fuel dynamics can be
constructed from ﬁndings of these two studies [9,31]. First, the spatial locations of the plants that
contribute both live and dead fuels provide the coarse template for spatial fuel dynamics. Existing
plants grow and die, and new plants are always becoming established. The phenological, physiological,
and morphological characteristics of the plants dictate the types of fuels (i.e., live and dead components)
available for combustion. Dead material from these plants gets deposited on the ground in patterns
based on particle size and weight, height of release, intercepting vegetation, and wind dynamics [25];
small particles may be blown great distances while large heavy particles tend to drop straight down.
A greater amount of smaller particles, such as foliage and twigs, are deposited than the large particles,
such as branches and logs (Figure 4). Once on the ground, the process of decay acts on these particles
to further fracture and decompose organic components [37,38]. Rates of decomposition also depend
on the size of the particle with smaller particles decomposing faster than large materials (Figure 6).
So, while large particles are rarer than small particles, they have a longer residence time and they tend
to be found near the parent plants [39]. Disturbance alters development and deposition rates by killing
and maybe consuming whole plants and plant parts, and they can also change the pattern of surface
dead fuel by consuming necromass and altering decomposition. The interactions of disturbance and
decomposition processes with vegetation development and deposition controls wildland fuelbed
properties thereby creating the dynamic fuel mosaic, and this changing fuel mosaic ultimately controls
ﬁre regimes.
Two factors that control fuel dynamics were not directly assessed in these two studies—vegetation
development and disturbance. Rates of live fuel growth were not included in FUELDYN study because
of time and cost considerations, and disturbance was ignored because FUELDYN sites were selected
based on their lack of disturbance [31]. Had these two factors been studied, they probably would have
revealed even greater complexity and corresponding variability in wildland fuel dynamics. In fact, the
two sites in the FUELVAR study that were thinned had twice the variability in loading as the other
sites. Live plant biomass accumulates at rates much greater than decompositional losses, and the
diversity of species, sizes, and coverage of plants contributes to a diverse and complex set of canopy
and surface fuel characteristics. And while biomass accumulation is slow and gradual, the effects
of disturbance on wildland fuelbed dynamics may be immediate and extensive. Wildland ﬁre, the
most pervasive disturbance in the US northern Rocky Mountains [40,41], causes major changes in
wildland fuelbeds through fuel consumption and ﬁre-caused plant mortality. Disturbance impacts are
also manifest differently by fuel component; most ﬁne fuels are consumed in wildﬁres, for example,
while the coarse fuels may only partially be consumed [42].
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4.2. Implications
Findings from the FUELVAR and FUELDYN studies have sweeping implications for all of ﬁre
management. Traditional methods and sampling designs that are used to describe and inventory
fuels may be fundamentally limited if they don’t recognize the high variability of fuel attributes
across space and time [43]. Planar intersect sampling of woody fuel loadings, for example, may be
inappropriate for describing spatial variability of woody fuel loading [44]. Conventional fuel inventory
techniques, such as photo series [45], may be inappropriate because fuels vary at scales different from
the scales represented by the picture in the series; the limited area of evaluation, for example, may be
too small to accurately assess loadings for CWD [44]. Inappropriate sampling methods may result
in higher uncertainty in fuel loadings that may mask subtle treatment effects [46]. Remotely sensed
products used to map fuels, such as Landsat Thematic Mapper, may have resolutions that are
inappropriate for capturing the spatial distribution of fuels, especially FWD [47]. Fuel classiﬁcations
may be ineffective because fuel components vary independently of each other and the high variability
of fuel characteristics within a site may overwhelm unique fuelbed identiﬁcation across sites [43].
Keane et al. [48], for example, found that the high variability of fuel loadings within a classiﬁcation
category resulted in the inability of that category to be accurately mapped. Many ﬁre hazard and risk
analyses assume fuels do not change over time [49–51], yet temporal changes in surface and canopy
fuels can be large enough to inﬂuence ﬁre behavior predictions (Figure 7). High deposition rates,
coupled with disturbance effects, may rapidly change fuelbed characteristics and quickly render fuel
maps out-dated [47]. Each year, the US spends millions of dollars on fuel treatments that may fast
become ineffective because the design failed to account for temporal fuel dynamics [52].
These ﬁndings also provide valuable insight into why it is so difﬁcult to create accurate
fuel applications and products for ﬁre behavior modeling—complex ecological interactions create
high spatiotemporal variability of fuel component characteristics that may compromise predictions.
This variability is different for each fuel component and it is so high that it often overwhelms
most statistical analyses and classiﬁcation schemes [48]. Traditional approaches of over-simplifying
fuel descriptions for ﬁre simulations may rarely be appropriate, if they ever worked at all [9,46].
Fire behavior fuel models, for example, may provide acceptable results in a one-dimensional
application, such as the BEHAVE model [53], but three-dimensional ﬁre behavior models may need
more realistic inputs of spatial fuel distributions [18].
Future wildland fuel applications and tools must account for high spatiotemporal variability
to be effective in ﬁre management. Instead of managing for average fuel conditions, the ranges and
variations must be used to better approximate the highly variable stand conditions. Fire hazard
and risk models must have the ability to simulate changes in the fuelbed due to the 4 D’s described
above [54]. Fuel inventory and monitoring methods must have the ability to sample fuel components at
their inherent spatial scale of distribution [44]. Fuel classiﬁcations must be designed to account for high
variability in loading over multiple scales; Lutes et al. [55], for example, created a fuel classiﬁcation
of potential ﬁre effects using ﬁeld sampled fuel component loadings but failed to include measures
of variability. Fuel maps must be designed to successfully link fuel component spatial scales with
mapping methods, and these maps should be linked to fuel dynamics models to simulate potential
changes that may render the map quickly outdated.
5. Summary
The ecological processes of vegetation development (succession), deposition, decomposition,
and disturbance interact to create complex wildland fuel mosaics in the forests of the US northern
Rocky Mountains. This fuel mosaic provides a template for future ﬁre patterns, and its shifts over time
inﬂuence the intrinsic ﬁre regime that eventually emerges from the interactions of the fuel mosaic, ﬁre
ignition, and climate [41,56]. The fuel mosaic is constantly changing at rates dictated by the biophysical
environment, the vegetation, and disturbance interactions. This dynamic character of fuel mosaics
contributes to high spatiotemporal variability that confounds development and use of wildland fuel
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applications in ﬁre management. Future wildland fuel applications must address both the spatial and
temporal variability of wildland fuels to ensure accurate fuel inputs to ﬁre management applications.
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Abbreviations
The following abbreviations are used in this manuscript:
FUELVAR
FUELDYN
1h
10 h
100 h
1000 h
FWD
CWD

A comprehensive project aimed at quantifying the spatial variability of fuels
A 12 years study quantifying litterfall and decomposition rates for US northern Rocky Mountain
undisturbed stands
downed, dead woody fuel particles less than 6 mm in diameter
downed, dead woody fuel particles less than 25 mm in diameter
downed, dead woody fuel particles less than 76 mm in diameter
downed, dead woody fuel particles greater than 76 mm in diameter
all dead fuel particles below 76 mm in diameter
all dead fuel particles greater than 76 mm in diameter
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Abstract: Severe crown ﬁres are determining disturbances for the composition and structure of boreal
forests in North America. Fire cycle (FC) associations with continental climate gradients are well
known, but smaller scale controls remain poorly documented. Using a time since ﬁre map (time scale
of 300 years), the study aims to assess the relative contributions of local and regional controls on
FC and to describe the relationship between FC heterogeneity and vegetation patterns. The study
area, located in boreal eastern North America, was partitioned into watersheds according to ﬁve
scales going from local (3 km2 ) to landscape (2800 km2 ) scales. Using survival analysis, we observed
that dry surﬁcial deposits and hydrography density better predict FC when measured at the local
scale, while terrain complexity and slope position perform better when measured at the middle and
landscape scales. The most parsimonious model was selected according to the Akaike information
criterion to predict FC throughout the study area. We detected two FC zones, one short (159 years)
and one long (303 years), with speciﬁc age structures and tree compositions. We argue that the
local heterogeneity of the ﬁre regime contributes to ecosystem diversity and must be considered in
ecosystem management.
Keywords: forest ecology; ﬁre cycle; multi-scale models; survival analysis; physiographic drivers

1. Introduction
Patterns and processes of boreal forests are highly determined by large-scale disturbance
regimes [1,2]. In North America, stand-replacing crown ﬁres [3–5] shape landscapes in patchworks
where forest stands differ in their age, internal structure and composition [6,7]. Disturbance regime
parameters are used as benchmarks by forest managers concerned with ecosystem management and
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the natural range of variability [8,9]. Understanding ﬁre regime drivers and their consequences on
forest landscapes is hence a key issue for boreal landscape ecology, resilience and management [10–13].
Fire frequency, or rate, is a parameter of ﬁre regime expressing the mean proportion of area that
is burned yearly in the region of interest [14]. It can also be expressed by the concept of ﬁre cycle
(FC), having both area- and point-based meanings and interpretations [15]. From the area-based
perspective, it is deﬁned as the time required (year) to burn an area equivalent to the region of
interest and is mathematically the inverse of annual burn rate [15]. It thus assumes homogeneity over
the entire region of interest. From the point-based perspective, FC is the mean time interval (year)
between ﬁres during a certain period of time (e.g., the Holocene) for a single location. FC in a region
drives landscape age-structure [16], species composition [17] and succession pathways [18–20]. Easily
transferable to forest ecosystem management, FC and associated landscape age-structure are useful to
compare harvested and natural landscapes [10,21]. For example, FC was used to describe old-growth
forests’ natural range of abundance and to highlight their depletion in managed landscapes of eastern
Canada [22]. In this research, we stress the homogeneity assumption and propose a way to deal with a
heterogeneous area.
FC spatial variability depends on the interactions between top-down controls, such as weather
(regional to global scales), and bottom-up controls, such as fuel availability, quality and connectivity
(local to landscape scale) [23–25]. In boreal North America, large ﬁres, even if infrequent compared
to small ﬁres, are responsible for most of the burned area (3% of the ﬁres account for 97% of burned
area in Canada) [3]. Their occurrence and distribution are generally assumed to be driven by weather
conditions [26,27]. FC hence follows a continental climate gradient, going from the dry inland continent
where ﬁres are recurrent to the wet East Coast where ﬁres are rare [28]. Additional spatial variability
in FC is observed at the regional scale and may be explained by soil drainage and regional ﬁre
weather [28,29]. It is a more complicated task to identify local drivers of FC because of large and
severe ﬁres, making it impossible to compare for instance the number of ﬁres or the area burned in
localities. Researchers interested in bottom-up drivers of FC need to turn towards historical ﬁre data
collected with dendrochronology or soil and lake charcoal deposits [30–33]. Local variability may also
be captured with simulations based on ﬁre behavior models [24,34]. The ﬁrst presents the advantage
of describing an empirical reality, but requires greater effort for historical data acquisition. The second
allows covering greater spatial extents and taking into account the mechanisms involved, but relies
mostly on simulations.
In eastern North America, FC is generally assumed to be regionally homogeneous. It ranges
from ~100 years–>500 years for the last 300 years and from 388–645 for the recent period
(1940–2003) [29,35,36]. However, vegetation patterns are sometimes in apparent contradiction with
the estimated FC within the homogeneous FC assumption. For instance, FC reported for jack pine
(Pinus banksiana Lamb.) stands is often shorter than regional FC, partly because of low-severity ﬁre
occurrence (e.g., [33,37]. Moreover, jack pine should theoretically be excluded from zones where
ﬁre frequency is low because of its serotinous cones, which need extreme heat to open [18,32,38].
Otherwise, its distribution extends on sandy soils of regions where historical FC exceeds species
longevity [36,39]. Driving factors of FC recently appeared to be highly scale dependent, making
studies undertaken on a single scale unable to capture FC spatial complexity [40–43]. A multi-scale
approach is necessary to investigate the inﬂuence of both local and regional factors on FC. Measuring
and understanding this relation is important for ﬁre ecology, modeling and forest management.
The objective of this research is to assess the relative contributions of local versus regional controls
on FC and to describe the relation between FC and vegetation succession patterns in boreal forests of
Eastern Canada. We hypothesize that: (1) FC is primarily inﬂuenced by bottom-up processes driven by
coarse topographic features, especially valleys where dry soils in conjunction with wind corridors may
enhance ﬁre frequency [44,45] and hills that may act as ﬁre breaks [46]; (2) FC is locally shorter where
soils are well drained [29,47] and longer where ﬁre breaks are abundant [48]; and (3) the vegetation
succession pathway spatial distribution goes along with the FC spatial distribution.
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In this paper, we assess the relationship between FC and physiographic variables for a boreal
region of eastern Canada. We used survival analysis to model FC with time since ﬁre data covering
the last 300 years. We addressed the scale issue by partitioning the study area into ﬁve scale classes,
from local to landscape, based on watershed Strahler order. All physiographic variables were thus
measured for ﬁve scales in order to identify the most accurate to predict FC. Model selection based on
the Akaike information criterion was performed to choose the “best” variable scale combinations.
2. Materials and Methods
2.1. Study Area
The study area (Figure 1) covers 540,300 ha in the continuous boreal forest of eastern North
America (71˝ 151 W–72˝ 451 W, 49˝ 361 N–50˝ 591 N). Black spruce (Picea mariana Mill.) feather moss
forest is the most abundant ecological type [49]. Jack pine, paper birch (Betula papyrifera Marsh.)
and trembling aspen (Populus tremuloides Michx.) are present in some young forests. Balsam ﬁr
(Abies balsamea Mill.) is co-dominant with black spruce in some old-growth forests [39]. Elevation
ranges between 120 m and 870 m, striking a contrast between the typical rounded hills of the Boreal
Shield and the valleys of the deeply embedded rivers [50,51]. Hydrography is structured by two
north-south-oriented rivers (Mistassibi and Mistassibi Nord-Est). Surﬁcial materials are mainly
composed of glacial tills with rocky outcrops and ﬂuvioglacial sands following river beds. Some
depletion moraines are located on the northern part of the study area; organic surﬁcial materials are
also common [51,52]. Mean temperature ranges between a minimum of 6 ˝ C–19 ˝ C and a maximum of
21 ˝ C–25 ˝ C in July and between a minimum of ´29 ˝ C–´25 ˝ C and a maximum of ´14 ˝ C–´10 ˝ C in
January (1971–2001). Average annual precipitation ranges between 900 mm and 1200 mm, 30%–35% of
which falls as snow [50,53].
As elsewhere in the boreal forest of eastern North America, the landscape is subject to severe
crown ﬁres [4]. FC in the region is estimated at 247 years for the last 300 years and at 375 years for the
recent period (1949–2009). The mean ﬁre size was 10,000 ha between 1970 and 2010 [13]. Most of the
burned area is attributable to four ﬁre decades: the 1820s, 1860s, 1920s and 2000s [13]. The study area
is located in a homogeneous ﬁre region according to [28]. No inﬂuence of latitude and longitude on
FC has been observed [39].
Located on public tenures, the study area has been partly, but extensively managed for wood
supply since the 1970s [54,55]. Before 1950, the landscape remained almost free from human activities,
with a native population density estimated at 0.005 individuals/km2 [56]. The closest villages are
located 70 km south and were settled between 1870 and 1930 [57].
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ȱ
Figure 1. Stand origin map [21] within the study area, including ﬁre delineation (1900–2010) from
aerial photos and time elapsed since last ﬁre (TSF) sampling points.

2.2. Environment Delineation and Scaling
We designed environment delineation and scaling according to the drainage network and
associated watersheds. Watersheds rely on water bodies with a hierarchical drainage network, making
them embedded and scalable. Strahler order [58] is used to classify rivers and their catchment areas
according to their importance (see Appendix A Figure A1). Moreover, contrary to administrative
borders or the circular buffers generally used (e.g., [30,40]), they rely on real physiographic features [59].
Watersheds were delineated using the ArcGIS 10.1 (Esri, Redlands, CA, USA) Hydrology toolbox
(see Table A1). Strahler orders were computed using a 20-m ﬂow accumulation raster in which a cell
was considered a river when its ﬂow accumulation was greater than 16 ha (400 cells, as suggested
by the ArcGIS 10.1 help module). Order 1 rivers were fuzzy and did not ﬁt well with previously
mapped rivers, so we only considered Orders 2–6, reported as 1–5. We delineated watersheds for
every river (manual pour-point distribution, Watershed tool), deﬁned by their hierarchical importance.
We consider Orders 1 and 2 as local scale, Order 3 as middle scale and Orders 4 and 5 as landscape scale.
The number of watersheds exponentially decreases when the scale gets coarser, ranging from
3736 watersheds of Order 1 to 6 of Order 5 (Figure 2). Conversely, mean watershed size increases
exponentially with order, ranging from 2.9 km2 (Order 1) to 1782.5 km2 (Order 5). Watersheds generally
present an elongated shape and follow a north-south axis, especially at the middle and landscape scales.
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Figure 2. Watershed delineation for Strahler Orders 1–5, grouped into local (Orders 1 and 2), middle
(Order 3) and landscape (Orders 4 and 5) scales. n = number of watersheds, x = mean area (km2 ).

2.3. Data Collection
The method used to study the spatial distribution of FC uses historical time since ﬁre data. When
assessing FC, spatial extent can be traded for temporal depth and vice versa. For example, to assess
FC for a precise location (point-based), paleoclimatic data are needed. Alternatively, to assess FC
for a whole region (area-based), annual burn rate (area burned/year) by itself allows calculating FC.
This research is at the mid-point between both perspectives. Using historical data allowed us to divide
the study area into smaller zones according to their speciﬁc FC.
We used a stand-origin map to derive FC from the time elapsed since last ﬁre (TSF)
distribution [60]. This methodology has proven to be useful for regimes of severe and infrequent
ﬁres where ﬁre scars are rare and long time series are needed [31,32,36,61]. TSF point data (n = 144,
density = 1 point every 36 km2 ) are derived from government ﬁre registers (Direction de la protection
des forêts, 1950–2010), vegetation databases [62], aerial photographs (1948) and tree ring analysis
(see [21] for details on data collection) (Figure 1). TSF data are scattered on a grid (resolution: 6 km)
with one random point in every cell. TSF is considered real when traces of the last ﬁre make it possible
to determine a ﬁre year (˘ 10 years) (from aerial photos or even-aged tree distribution); otherwise,
a minimum and censored TSF, corresponding to the age of the oldest tree sampled, is attributed [62].
In order to test the effect of physiographic factors on FC, we built scale-dependent metrics of soil
drying potential, ﬁre break density, terrain complexity and slope position (Table 1). This means that
for a single location in the study area, those metrics take on different values depending on the scale at
which they are measured. Spatial analyses were processed on ArcGIS 10.0 using a 20-m raster from
which water bodies were excluded (except for ﬁre break density calculation).
lnh ptq “ lnh0 ptq ` β1 X1 ` . . . ` βp Xp p1q

(1)

h(t), Hazard to survive (not to burn) to time t; h0 ptq, Unspeciﬁed baseline hazard; P, Number of
predictor variables; β, Coefﬁcient estimate; X, Predictor value.
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Table 1. Deﬁnition of explanatory (predictor) variables (p in the Cox proportional hazard model, see
Equation (1)).
Symbol

Variable

Deﬁnition

Units

DRY
HD
ESD
TPI

Dry surﬁcial deposits density *
Hydrographic density
Elevation standard deviation
Topographic position index

The ratio between dry deposit area and watershed area
The ratio between lake and river area and watershed area

%
%
m
-

Standardized local elevation deviation from the mean elevation

* Dry materials of the study area were mainly composed of sandy textured ﬂuvioglacial and juxtaglacial deposits,
disintegration moraines and rocky outcrops.

We hypothesized that well-drained soils enhance combustible dryness and inﬂammability and
thus shorten FC. We used a surﬁcial materials classiﬁcation [29] to make the distinction between
high and low soil drying potential. Dry materials of the study area were mainly composed of sandy
textured ﬂuvioglacial and juxtaglacial deposits, disintegration moraines and rocky outcrops. Dry
surﬁcial material density (DRY) is thereby deﬁned as the proportion of an area occupied by dry deposits
on a given area. Hydrology density (HD) is deﬁned as the proportion of an area occupied by water
bodies (lakes and rivers) and is used as an indicator of ﬁre break abundance [48]. HD was computed
using a water body map (1:50,000) provided by the Government of Canada [50]. Literally deﬁned as the
elevation standard deviation, Elevation standard deviation (ESD) is an index of topography ruggedness
and may also be associated with ﬁre break density. The more the terrain presents slopes and hills,
the higher the ESD. Finally, the topographic position index (TPI) is a measure of slope position [63]
and is deﬁned as the difference between local elevation and mean environment elevation, divided
by environment ESD. High slope position locations may be less prone to ﬁre because of a colder and
wetter climate creating a persistent snow cover during spring [46]. A TPI below ´1 indicates valleys
and down-slopes; a TPI between ´1 and 1 indicates mid-slopes; and a TPI greater than 1 indicates
up-slopes and mountain tops.
The variable distribution changes with scale, so for a single point in space, the same variable can
take on different values according to the scale. DRY, HD, ESD and TPI distributions throughout the
study area are presented for all ﬁve scales (Figure 3). The range of DRY and HD narrows when the
scale gets coarser, so their distribution follows small patches in the study area. ESD range increases
with scale, so the topography is characterized by coarse features. TPI range remains the same as
expected because this metric is normalized. For TPI, HD and ESD, watershed is described by a unique
value, so for Order 5 watersheds, they can take on only six possible values.
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Figure 3. Dry surface deposits density (DRY) (%), Hydrographic density (HD) (%), Elevation Standard
Deviation (ESD) (m) and Topographic position index (TPI) (%) distributions (see Table 1) for Orders
1–5 (see Figure 2). Horizontal lines represent the 25th, 50th and 75th percentiles, and whiskers indicate
the range. Dots represent values for which the distance from the box is 1.5-times greater than the length
of the box.

2.4. Survival Analysis
Survival analysis tests the relation between two or more variables and includes censored data
that are only partially known [64]. TSF is censored when the year of the last ﬁre is unknown so the
only information we have is a minimum time elapsed without ﬁre. We used the Cox proportional
hazard model (Equation (1)), a semi-parametric survival analysis, to model the inﬂuence of physical
environment on ﬁre frequency [30,31,64]. Statistical analyses were computed in the software R
(version 2.15.1, The R Foundation for Statistical Computing, Vienna, Austria), package survival [65].
We ﬁrst tested the effect of environmental variables and scales on ﬁre hazard using and comparing
single-variable survival analysis (see Table 2 for the FC modeling main steps). We tested 20 proportional
hazard models (function coxph) (4 variables ˆ 5 scales) [66]. DRY was log-transformed to meet the
proportional hazard model assumption, i.e., the relative risk for each stratum must remain the same
over time. Models were performed with a single dataset of 144 TSF points.
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Table 2. Main steps for the model selection and projection.
1.

Univariate survival models

Figure 5

2.

Selection of variable scales (ΔAICcNull < 2)

Figure 5

3.

Removal of correlated variable scales

-

4.

Modeling all possible combinations of variables and scales

-

5.

Analysis of variable scales contributions using model averaging

6.

Selection of the model used for FC prediction based on:
(a) ΔAICc
(b) Simplicity criteria (number of variable-scales involved)

7.

Projection of FC for the whole study area

8.

Classiﬁcation of the study area according to FC zones

9.

Validation with independent vegetation data

Table 3
Table A1
Figure 6
Table 5, Figure 7
Table 6

Model accuracy and performance were compared on the basis of their second-order Akaike
information criterion (AICc), informing on the balance between model complexity and predictivity [67].
Wald test and log-likelihood ratio test scores (p < 0.05) inform on the goodness of ﬁt compared to
the null model [64]. Linear predictors indicate the sense and the relative magnitude of the relation.
Conﬁdence intervals (95%) on linear predictors were computed with bootstrapping (1000 resamplings
with replacement from the original dataset, n = 144). We also suspected an overwhelming effect
of recent ﬁres, so we sequentially excluded ﬁre years (2009, 2007, 2005) to check their inﬂuence on
results [68]. Only relevant variable-scale combinations, with an AICc difference with null model
(ΔAICcNull) > 2 [69], were considered for multi-scale models. If two variable scales were correlated
(Pearson’s coefﬁcient >0.7), one of them was removed in further analysis. After selecting signiﬁcant and
uncorrelated variables and scales, we then tested existing combinations of variables and scales (CRAN
R package MuMin) [70]). The potential best models were identiﬁed by an AICc difference with the
lowest AICc (ΔAICc) <2, indicating a balance between model complexity and predictivity [67,69].
Variables relative contributions, or cumulated weights, were calculated by model averaging
(Σ (linear predictor ˆ model weight)) [67].
2.5. FC Prediction and Distribution
In accordance with the parsimony principle, we selected the simplest model (i.e., involving the
lower number of variables and scales) among the set of potential best models. For instance, Fictive
Model 1 (DRY1 + HD1) would be chosen over Model 2 (DRY1 + HD3) or Model 3(DRY1 + HD1 +
ESD1). Mean annual hazard was estimated for the 200 ﬁrst years (1810–2010) of the baseline hazard
function (basehaz in package survival [66]) and multiplied by the hazard ratio:
e Xi β
hi ptq
“ X β
hm ptq
e m

(2)

( hm ptq = mean hazard at time t, Xm = mean predictor) to predict annual burn rate, which is the inverse
of FC. We predicted FC with the previous equation both for the original dataset and for the whole study
area raster. For interpretation and validation purposes, FC was grouped into classes in accordance
with the shape and the extent of FC distribution. The number of classes was dictated by the number
of modes and their limits by the breakpoints between modes. FC was calculated for each class of the
TSF dataset using their speciﬁc basehaz functions. We calculated a 95% conﬁdence interval on FC by
bootstrapping (1000 resamplings with replacement from the original dataset, n = 144).
Landscape age structure directly depends on FC [16]. We validated the model by testing if
observed vegetation age-structures in the study area were consistent with the predicted FC. We used
the photo-interpreted vegetation database (SIFORT) [52], which provides information on stands’ time
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since disturbance and composition with a resolution of 14 ha [71]. Although inventories exist for the
decades of 1980, 1990, 2000 and 2010, we restricted analysis to the 1980s data to minimize the inﬂuence
of forest management. Early succession forests (TSF < ~100 years) were recognized by delineated ﬁres
or by the presence (or dominance) of post-ﬁre species (jack pine, paper birch (Betula papyrifera Marsh.),
trembling aspen) [17,39]. Late succession forests were recognized by the presence of old-growth
species, such as balsam, and by traces of insect outbreaks affecting speciﬁcally this species [72]. Pure
black spruce stands, which can grow in all succession stages, were considered early-succession when
the photo-interpreted age was below 90 years; otherwise, their status remained unknown. We expect a
higher abundance of young forests where FC is short and a higher abundance of old-growth forests
where FC is long. Succession stage abundances were compared between short and long FC with
contingency table analysis (chi-square and Freeman–Tukey deviate).
2.6. Vegetation Composition
We hypothesized that forest composition is inﬂuenced by FC, especially in young forests.
We identiﬁed post-ﬁre cohorts throughout the study area according to the ﬁre map described previously
(1900–2010). We classiﬁed young forests into composition groups, corresponding to different succession
pathways: jack pine (presence), broadleaf (presence) and black spruce (pure) [39]. Young forest
succession pathway distributions were compared between short and long FC with contingency table
analysis using chi-square and Freeman–Tukey deviate. Jack pine should theoretically be restricted to
young forests in areas where FC is <200 years [18].
3. Results
3.1. Time since Fire Distribution

20

TSF is estimated for 144 locations throughout the study area. We were able to date the last ﬁre
(˘10 years) for 60% of these locations, while a minimum TSF, generally based on the age of the oldest
tree, was determined for the remaining 40% (Figure 4). TSF (including both real and minimum age)
ranges from 0–340 years.
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Figure 4. Real and censored (minimum) TSF distributions, grouped in 10-year age classes (n = number
of TSF data).

3.2. FC Modeling
Single variable models are compared to the difference of AICc with the null model (ΔAICcNull)
(Figure 5). ln(DRY + 1) at local and middle scales has the best predictive power (ΔAICcNull between
´11.5 and ´11.8). HD performs better at the local scale with ΔAICcNull of ´4.5. For ESD at local
and middle scales, ΔAICc ranges between ´2.5 and ´3.0. Finally, TPI has not shown any explicative
power except at the landscape scale (Order 4), where ΔAICc is ´1.9. Coefﬁcients, conﬁdence intervals,
signiﬁcance tests and controls for bias associated with recent ﬁres are available in the Supplementary
Material (Figure A2).
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Figure 5. AICc difference with the null model (ΔAICcNull) for the Cox univariate models with four
variables (ln(DRY + 1), HD, ES, TPI) (see Table 1) and scale Orders 1–5 (see Figure 2). The dotted lines
indicate ΔAICc = ´2. Dots under the line are better than the null model [67,69], and full dots indicate
variables qualiﬁed for model selection (Table 3).

Signiﬁcant variable-scale associations according to ΔAICcNull are ln(DRY + 1)1 , ln(DRY + 1)3 ,
HD1 , ESD1 and ESD3 . We also kept HD3 and TPI4 in the process, even if their performance was under
the ΔAICcNull to avoid missing signiﬁcant interactions or patterns while knowing that they would
be excluded from further analyses if no pattern emerged. Despite good individual performances, we
excluded ln(DRY + 1)2 , HD2 and ESR2 because they were too correlated with other variables. From
all possible combinations, ﬁfteen had a ΔAICc < 2 and were thus considered as potential best models
(Supplementary Material). Model averaging shows that the parameters that contribute the most are
HD1, ln(DRY + 1)1 and ln(DRY + 1)3 , which all had a cumulated weight greater than 65% (Table 3).
From the 15 potentially best models, we selected the simplest one to predict FC, in accordance with the
parsimony principle. The selected model thus includes the proportion of dry surﬁcial deposits and
hydrologic density, both at the local scale, to predict FC (Table 4).
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Table 3. Relative importance of parameters (cumulated weight), coefﬁcient averaged estimate and 95%
conﬁdence interval from multi-model inference for the DRY, HD, ESD and TRI selected orders.
95% Conﬁdence Interval

Explanatory
Variables

Watershed
Order

Relative Importance
(Cumulated Weight)

Model-Averaged
Estimate

Lower

Upper

ln(DRY + 1)

1
3

0.73
0.68

0.1940
0.2789

´0.0073
´0.0315

0.5097
0.7927

HD

1
3

0.83
0.32

´0.0337
´0.0043

´0.0830
´0.1039

´0.0020
0.0471

ESD

1
3

0.45
0.38

0.0026
0.0014

´0.0029
´0.0038

0.0143
0.0109

TRI

4

0.36

´0.0426

´0.3868

0.0543

Table 4. Coefﬁcients and conﬁdence intervals (CI), Wald test score (z) and p-values for the
selected model.

ln(DRY + 1)1
HD1
ΔAICc

Coefﬁcients

CI (2.5%)

CI (97.5%)

z

Pr (>|z|)

0.355
´0.0430

0.170
´0.0827

0.546
´0.0154

3.798
´2.510

0.000146
0.012063

0.66

Likelihood ratio test = 21.94 on 2 df, p = 1.724-5 . Wald test = 18.82 on 2 df, p = 8.177-5 .

3.3. FC Distribution
For the original TSF dataset (n = 144), predicted FC ranges between 74 and 2041 years with a
mean of 241 years (Figure 6a). For the entire study area, it ranges from 60–8000 years with a mean of
224 years (Figure 6b). The FC distribution has a bimodal shape for both the TSF dataset and the whole
study area, so FC is classiﬁed into two groups, short and long. The break between modes is estimated
to be located at 275 years according to the entire study area, so 73% belongs to the short FC zone while
27% belongs to the long FC zone. The difference between the FC of each zone is conﬁrmed when FC
and conﬁdence intervals are estimated from the TSF distribution (Table 5).

Figure 6. Predicted ﬁre cycle (FC) (years) distribution according to the model detailed in Table 4 for
(a) the TSF dataset (n = 144) and (b) the whole study area. The dotted line shows the division between
short and long FC zones estimated with the whole study area (b). FC for each zone is calculated using
the TSF dataset (see Table 5 for details).
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Table 5. FC (year) and conﬁdence intervals (CI) for the period 1810–2010 for the short and long FC
zones, calculated from Cox regressions using the TSF dataset.

Short
Long

n

FC

CI (2.5%)

CI (97.5%)

100
44

159
379

126
238

198
590

3.4. Model Validation
Pearson’s chi-square test conﬁrms that age-structure is younger where FC is short.
The Freeman–Tukey deviate shows that each observed deviance is signiﬁcant (p < 0.001) (Table 6a).
Young forests compose 38% of short FC zones, which is 11.8% more than expected from a homogeneous
distribution. They compose 26% of long FC zones, which is 20% less abundant than expected from a
homogeneous distribution. We did not perform statistics on old-growth forest distribution because
for certain types of vegetation composition, it was impossible to distinguish mature from old-growth
forests. However, both old-growth and unknown age classes were underrepresented in short FC zones
(respectively 15% and 46%) and overrepresented in long FC zones (respectively 21% and 46%).
3.5. FC and Succession Pathways
Pearson’s chi-square test conﬁrms that there are differences in the composition of young forests
according to FC (Table 6b). In short FC zones, 59% of young forests are pure black spruce stands;
broadleaf species are present in 12% and jack pine in 29%. In long FC zones, 67% of young forests
are pure black spruce stands; broadleaf species are present in 11% and jack pine in 22%. Jack pine is
especially rare (´20% less than expected for a random distribution) among young forests in the long
FC zones.
Table 6. Contingency tables and chi-square (X2 ) test of observed frequencies and their deviance from
expected frequencies (in parentheses) for (a) young, unknown (mature or old-growth) and old-growth
forest types and (b) young forest compositions in short and long FC areas.
Predicted FC (Year)

Forest Age
Young

(a)

Short (159)
Long (379)
X2 = 873.5
df = 2

16 301 (+11.8%)
4 093 (´21.2%)

Predicted FC (Year)
Short (159)
Long (379 year)
X2 = 19.33
df = 2

Old-Growth

19 874 (´5.6%)
6575 (´8.1%)
8 544 (+8.8%)
3389 (+12.2%)
p < 0.001
Critical distance = 13.82

Young Forest Composition
Black Spruce

(b)

Unknown

2864 (´1.9%)
555 (+11.2%)

Broadleaf

Jack Pine

609 (+1.6%)
1408 (+3.4%)
93 (´9.2%)
186 (´20.0%)
p < 0.001
Critical distance = 13.82

4. Discussion
4.1. FC Physical Drivers and Scales
Results show that physical environment inﬂuences local FC length. As hypothesized, FC is shorter
where soil drainage is locally high (Orders 1–3) and river density is low (Orders 1, 2). Contrary to
the original hypothesis, landscape terrain complexity (Orders 4, 5) is positively associated with short
FC. In the study area, terrain complexity arises along rivers, which are both associated with sandy
deposits and rocky outcrops. Contrary to the initial hypothesis, topographic features may not act as
ﬁre breaks, but rather, as ﬁre corridors. Riverbeds are embedded in rocky outcrops and covered by
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sandy and dry soils, which may contribute to combustible ﬂammability and ﬁre propagation in wind
corridors [44,45]. We also observed that landscape slope position (Order 4) is associated with long FC,
meaning valleys burn more than hills, which may act as ﬁre breaks [25,73].
Our results show the importance of bottom-up controls on FC in the study area. Similar
phenomena are observed in many ﬁre-prone ecosystems (e.g., [48,74–76]), but ﬁndings remain scarce
for the boreal forest. Some studies highlight the association between FC and local soil drying
potential [47,48,68,77], ﬁre-break conﬁguration [34] and topography [30,46,78], while others did not
ﬁnd any or very low bottom-up controls on ﬁre frequency (e.g., [31,79]). As proposed by [76], the lack
of consistency between results may be due to different sensitivities depending on FC. The longer FC
is, the more inﬂuence bottom-up controls should have [29,80]. In another vein, we observed that we
can miss some variable effects if we measure them at the wrong scale. We thus argue that single-scale
approaches may not be suitable for observing both bottom-up and top-down controls [81,82]. The study
area division according to watershed and river orders performed well with identifying FC drivers and
their optimal measurement scales.
4.2. A Local FC Model
We built a spatially-explicit and scale-relevant FC model, driven by local physical factors. Model
selection based on AICc allowed us to order models from the best to the worst with little ambiguity.
We ﬁrst expected to build a multi-scale model whose performance would include different drivers
measured at their optimal scale. However, from the pool of possible models, ΔAICc indicated a
good performance from a model based solely on the local scale for both HD and DRY variables.
We identiﬁed two possible explanations for the better performance at the local scale. First, local FC
could be bottom-up controlled, primarily inﬂuenced by local environment. This idea is however not
in accordance with the generally accepted idea that ﬁre regimes are driven by top-down, regional
factors [78,83]. In that sense, we acknowledge that top-down drivers provide regional trends of FC,
but we can argue that local physiography creates non-negligible variability. The second explanation
concerns a suspected low performance of landscape-scale watersheds to ﬁt landscape physiography
compared to local-scale watersheds. We observe that short and long FC local-scale watersheds are
aggregated in patches (Figure 7). We thus understand that local measurement of variables is the best
to predict FC according to our scaling design, but this is not interpreted as the absence of coarser
scale patterns.
Two ﬁre regimes co-occur in the study area, as shown by the bimodal distribution of predicted FC.
Heterogeneity in FC distribution can be caused either by temporal or spatial variability in FC. If only
temporal variations occurred, FC would be randomly distributed throughout the study area, and no
spatial patterns could be observed. However, we observe that zones where ﬁres are frequent follow
latitudinal valleys, while zones where ﬁres are rare are mainly concentrated in inter-valley corridors
(Figure 7). As observed by [44], valleys in this region may be prone to ﬁre because dry deposits follow
riverbeds, whose orientation goes along with wind direction, enhancing combustible drought and
ﬁre propagation.
4.3. Model Validation
Predicted zones of short and long FC were validated with independent vegetation data. Landscape
age-structure theoretically ﬁts a negative exponential distribution whose scaling depends on FC [16].
Following this rule, young forests (TSF < 100 years) should account for 47% of the short FC zone
(FC = 159 years) and for 23% of the long FC zone (FC = 379 years). We have observed more abundant
young forests where predicted FC is short (vegetation maps from the 1980s [52]), but young forests are
still less abundant than expected (38%). We explain this gap by the ﬁre occurrence temporal pattern.
Large ﬁres are not equally distributed in time, but occur in some decades of ﬁre-prone weather [21].
Landscape age-structure thus changes in steps, facing signiﬁcant rejuvenation following ﬁre decades
and getting gradually older until the next one. Considering that when vegetation data were collected,
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there had been no large ﬁres in the study area since the 1920s, we assume that the 1980s landscape was
more at the end than at the beginning of this continuum.

ȱ
Figure 7. Predicted FC spatial distribution as presented in Figure 6b, grouped into short (159 years)
and long (379 years) FC zones. Topography is presented in background hillshade.

4.4. FC and Vegetation
The initial hypothesis that jack pine, a pioneer ﬁre-dependent species [38,84], is restricted to zones
of short FC is only partly veriﬁed. Jack pine is more abundant where FC cycle is short, but is not
excluded from zones where FC is long. Theory says jack pine should be restricted to sectors where FC
< 220 years [18]. In the whole study area, mean FC is 224 years, and most burned areas are attributable
to rare and large ﬁres (>10,000 ha), so the time lapse between ﬁres may be too long to sustain an
abundant jack pine population. We thus suspect short FC zones to be a reservoir of jack pine during
prolonged periods without ﬁre. When large ﬁres occur, jack pine may spread outside short FC zones,
helped by post-ﬁre colonization adaptations such as seed abundance and dispersal, fast growth and
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serotinous cones [38,85,86]. Paleo-ecological researchers [33,87] observed a stable jack pine and black
spruce local co-occurrence during the Holocene. Their relative abundance depends on time elapsed
since last ﬁre. We suspect this stable co-occurrence is speciﬁc to short FC zones. Further research is
needed to investigate local composition changes during the Holocene along a local FC gradient.
Our results suggest disturbance regime heterogeneity allows different habitats to co-occur in the
study area and thus contribute to species diversity. Jack pine is adapted to short FC [86]. It is abundant
in western Quebec where FC is generally short and rare in eastern Quebec where FC is long [88].
On the other hand, balsam ﬁr is a shade-tolerant late-succession species [17,89] generally associated
with long FC, such as in eastern Quebec [90,91]. Both species are abundant throughout the study area,
located in central Quebec [39].
Broadleaf species distribution, although associated with ﬁre frequency [92], was not analyzed
because it is mainly restricted to the southern extreme of the study area.
4.5. Implications for Forest Management
FC spatial heterogeneity challenges the scale at which forest management is planned.
Ecosystem-based management inspired by natural disturbance regimes aligns harvest rates with
historical FC and associated age-structures [12,35,93]. While we showed that ﬁre regime is locally
variable, forest management and harvest rates are mostly planned at the landscape or management
unit scale [94]. Moreover, depending on available data, FC may be only available for an even wider
scale or for a neighboring area (e.g., [61,95]). We found that FC is complex and heterogeneous at a
smaller scale than management units.
We argue for the consideration of local FC variability in forest ecosystem management. Different
issues affect different locations in a single management unit. On the one hand, zones where FC
is short are especially vulnerable to the expected increase in ﬁre frequency due to climate change
(e.g., [17,96,97]). The resilience of these forests should be a main management concern, as successive
disturbances lead closed forests to turn into open lichen woodlands [98–101]. On the other hand, zones
where FC is long face issues associated with old-growth forest depletion, due to a shorter time lapse
between harvests than between natural ﬁres [21,22,102]. Strategies for old-growth preservation, such
as conservation zones [103], extended harvest rotation time [104] and adapted cutting designs for
old-growth structure maintenance [105], should thus be concentrated in long FC zones.
5. Conclusions
FC is widely used for the basic description of boreal forest ecology and has a crucial place in
ecosystem management. However, FC relies on the assumption that ﬁre hazard is homogeneous
throughout the region of interest. In this research, we demonstrated that homogeneity should
not be systematically presumed, and we adapted the FC concept to make it relevant also for
heterogeneous regions.
Ecological functions of the patchwork landscape structure and interactions between short and long
FC zones remain unknown, although we expect them to contribute to forest diversity and resilience.
Each zone may act as a reservoir of species adapted to speciﬁc ﬁre intervals, such as jack pine in short
FC zones and balsam ﬁr in long FC zones. This may enhance the adaptation potential to changes in
the ﬁre regime and, subsequently, to climate change.
Finally, our results suggest that FC drivers are scale dependent, so we argue for further
consideration of scale issues in ﬁre regime studies. Research in the area of FC spatial heterogeneity
is needed to address the question of the mechanisms involved. In that sense, comparing the results
from statistical models as we did and from ﬁre behavior models is an interesting avenue to explore.
Assessing the heterogeneity of other parameters of ﬁre regimes, such as ignition patterns and ﬁre
severity, could also provide useful insights.
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Abbreviation
The following abbreviations are used in this manuscript:
FC
TSF
DRY
HD
ESD
TPI

Fire cycle
Time since last ﬁre
Dry surﬁcial deposit density
Hydrographic density
Elevation standard deviation
Topographic position index

Appendix

ȱ
Figure A1. Rivers’ Strahler order (1–4) inside an Order 4 watershed. Order 1 rivers connecting together
make an Order 2 river; Order 2 rivers connecting together make an Order 3 river, etc.
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Table A1. Model comparisons based on AICc. Results for the 15 candidate models (ΔAICc < 2) are
presented. The selected model is shaded.

1
2
3
4
5
6
7
8
9
10
11
12
13
14
15

Model

Degrees of Freedom

Loglikelihood

AICc

ΔAICc

Weight

log(DRY1) + log(DRY3) + HD1
log(DRY3) + HD1 + ESD1
log(DRY1) + log(DRY3)3 + HD1 + ESD1
log(DRY1) + HD1 + ESD3
log(DRY1) + HD1
log(DRY1) + log(DRY3) + HD1 + ESD3
log(DRY1) + log(DRY3) + HD1 + TPI4
log(DRY3) + HD1 + ESD1 + TPI4
log(DRY1) + HD1 + TPI4
log(DRY1) + log(DRY3) + HD1 + ESD1 + TPI4
log(DRY1) + HD1 + ESD3 + TPI4
log(DRY3) + HD1 + HD3 + ESD1
log(DRY1) + HD1 + ESD1
log(DRY3) + HD1 + ESD1 + ESD3
log(DRY1) + log(DRY3) + HD1 + HD3

3
3
4
3
2
4
4
4
3
5
4
4
3
4
4

´357.8589
´357.8718
´356.8615
´358.1568
´359.2333
´357.1722
´357.3373
´357.4987
´358.5942
´356.5770
´357.7217
´357.7719
´358.8381
´357.7942
´357.8120

721.8892
721.9151
722.0108
722.4850
722.5517
722.6322
722.9624
723.2851
723.3597
723.5888
723.7312
723.8315
723.8476
723.8762
723.9117

0.0000
0.0259
0.1217
0.5958
0.6626
0.7430
1.0732
1.3959
1.4706
1.6997
1.8421
1.9423
1.9584
1.9870
2.0225

0.0575
0.0568
0.0541
0.0427
0.0413
0.0397
0.0336
0.0286
0.0276
0.0246
0.0229
0.0218
0.0216
0.0213
0.0209

Steps for watershed computation from a digital elevation model (20 m resolution). Hydrology tools in ArcGIS
are indicated in italics. 1. Fill; 2. Flow direction; 3. Identify streams: Reclass, >16 ha = 1; 4. Snap Pour points + edit
pour points by visual inspection; 5. Stream order (Strahler); Order 1 is excluded for fuzziness; 6. Compute
Watersheds separately for all Strahler orders; 7. Visual inspection and corrections if needed (e.g., one cell
watersheds).
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Abstract: Throughout much of eastern North America, quantitative records of historical ﬁre regimes
and interactions with humans are absent. Annual resolution ﬁre scar histories provide data on ﬁre
frequency, extent, and severity, but also can be used to understand ﬁre-climate-human interactions.
This study used tree-ring dated ﬁre scars from red pines (Pinus resinosa) at four sites in the Northern
Sands Ecological Landscapes of Wisconsin to quantify the interactions among ﬁre occurrence and
seasonality, drought, and humans. New methods for assessing the inﬂuence of human ignitions
on ﬁre regimes were developed. A temporal and spatial index of wildland ﬁre was signiﬁcantly
correlated (r = 0.48) with drought indices (Palmer Drought Severity Index, PDSI). Fire intervals varied
through time with human activities that included early French Jesuit missions, European trade (fur),
diseases, war, and land use. Comparisons of historical ﬁre records suggest that annual climate in this
region has a broad inﬂuence on the occurrence of ﬁre years in the Great Lakes region.
Keywords: anthropogenic ﬁre regimes; humans; red pine; ignition; drought

1. Introduction
In much of eastern North America, the quantitative data describing historical ﬁre regimes over
the last several centuries hinge on ﬁre-scarred wood and trees. Annual resolution ﬁre scar histories
provide data and perspective on past ﬁre intervals, ﬁre extent, ﬁre severity, and forcing factors that
inform forest management and restoration [1]. For ﬁre history, northern Wisconsin is a unique study
region because of the considerable body of early written human history and the abundance of dateable
and ﬁre scarred wood. With these sources, excellent potential exists to study interactions among
humans, climate, and ﬁre.
Although droughts tend to occur infrequently in this cool-wet climate region, they have been
associated with occurrences of high severity and culturally signiﬁcant ﬁre events (e.g., Peshtigo Fire
of 1871). Attribute data from the 1800s General Land Ofﬁce survey notes describe the historically
complex vegetation patterning of northern Wisconsin ecosystems and the inﬂuence of drought and
ﬁre [2,3]. Multi-century ﬁre scar records in the Great Lakes Region indicate that increased ﬁre frequency,
extent, and severity were associated with both past drought conditions and human activity [4,5].
Predisposing factors such as drought and weather combined with frequent (e.g., daily) human ﬁre
use (whether accidental or purposeful) made large areas prone to recurring ﬁres. Approximately ﬁfty
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percent of Wisconsin’s vegetation and landscapes are estimated to have been inﬂuenced by Native
American ﬁres [6,7].
Depending on the ignition source, ﬁre scars on trees can be viewed as both natural and cultural
resources. In many forested ecosystems with hundreds, if not thousands, of years of human activity,
a large proportion of basal injuries can result from human ignitions [8,9]. In the case where probability
for anthropogenic ignitions is high, ecosystem conditions may be byproducts of human activity.
Landscapes cultured by anthropogenic ﬁre are recognized throughout North America [10–12].
Before about 1800 CE, reliable records of early human population, cultures, and ﬁre are difﬁcult
to obtain or are unavailable for much of North America. In the Great Lakes region, early and literate
travelers (Jesuits missionaries and French traders) provided records of population, culture, and
trade [9]. These records are particularly important for understanding historical ﬁre regimes since
changes in populations and cultures often coincide with changes in ﬁre frequency [10–12]. Thus,
considering human history in analyses of ﬁre regimes and ﬁre ecology is imperative, especially in
regions where anthropogenic ﬁre has been deemed an important ignition source [12,13].
During at least the last three and a half centuries, historical records indicate that the Great
Lakes region has been inﬂuenced by diverse cultures and population densities [14,15]. Generally,
signiﬁcant environmental changes occurred in response to cultures switching from subsistence to
market economies [16]. In northern Wisconsin speciﬁcally, several Native American populations circa
1650 are estimated at 2000–3000 Menominee, several thousand Ojibwa, with additions by French and
Indian ‘fur traders’ [15,16]. Driven by distant European markets, the trade of animal furs had an early
and widespread inﬂuence on the number and locations of humans in this region [17]. Fire regimes
changed in a multitude of ways during European settlement and development. Increased wildﬁre
activity occurred, particularly along railways (due to increased ignitions embers from wood- and
charcoal-burning railroad engines, sparks from railroad tracks, deliberate burning to clear lands by
prospective farmers) while decreased ﬁre activity occurred with EuroAmerican settlements (e.g., fuel
alterations [6] and ﬁre suppression) and continued to do so due to ﬁre suppression policies [18,19].
The primary objective of this study was to describe and quantify the historical ﬁre regime
characteristics in the Northern Sands Ecological Landscapes of Wisconsin [20]. The second objective
was to examine the relative inﬂuences of climate and humans on ﬁre regimes. We hypothesized
that: 1) interactions between human ignitions and drought changed ﬁre frequency and extent,
and 2) ﬂuctuating human populations, cultures interacting with ‘climate’ were major factors inﬂuencing
ﬁre occurrence over the last three and a half centuries.
2. Data and Methods
2.1. Site Descriptions
Study sites were established in the Chequamegon-Nicolet National Forest (CNNF), northern
Wisconsin, USA (Table 1). Three sites were located in the Northeast Sands Ecological Landscape
in Oconto County (Lakewood District) and one site was located in the Northwest Sands Ecological
Landscape in Bayﬁeld County (Washburn District) (Figure 1). The climate of northern Wisconsin is
characterized as humid-continental with cold winters and warm summers [21]. The three eastern-most
sites have a mean maximum temperature of 11.7 ◦ C, an average annual temperature of 5.5 ◦ C and
an annual precipitation of 83 cm. The northwestern site is slightly cooler with a mean maximum
temperature of 10.5 ◦ C, an average temperature of 4.9 ◦ C, and an annual precipitation of 84 cm.
Sites occurred on pitted outwash glacial deposits characterized by sandy and gravely soils [22]. The
topography at all sites is variable with undulating glacial terrain and sandy outwash ﬂats interspersed
with lakes, ponds, and wetlands. Site areas ranged from 0.3 to 3 km2 .
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Figure 1. Locations of ﬁre history sites (white circles) in Wisconsin’s Ecological Landscapes [20].
Numbers in circles refer to site numbers in Table 1.
Table 1. Descriptions of site locations, vegetation, current dominate tree species, area, topography, and
ﬁre history records.
Site name

Grindle Lake

Waubee Lake

Airport Road

Moquah Barrens

Site number
Tree species
Community
structure

1
Red pine

2
Oaks and MH

3
MH & red pine
Forest, Woodland,
Wetlands
N 45◦ 10.92’
W 88◦ 19.57’
3 km2
Low hills, ﬂatlands,
& wetlands
23
110
23
1650–2009

4
MH & red pine

Location
Site area
Topography
Number trees
Number scars
Number ﬁre years
Period of ﬁre record

Woodland & Wetland

Forest

N 45◦ 13.89’
W 88◦ 21.46’
1 km2
Gentle slopes
and wetlands
28
141
25
1650–2008

N 45◦ 21.30’
W 88◦ 26.13’
0.3 km2
Hummocky terrain,
steep slopes
15
68
24
1638–1873
MH = Mixed Hardwoods.
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Woodland & Forest
N 46◦ 36.17’
W 91◦ 17.89’
0.6 km2
Steep &
gentle slopes
32
146
27
1585–2009
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Three of the four study sites share similar current vegetation and site characteristics with pine and
mixed-hardwood forest types growing on well to excessively drained, sandy outwash plains (Table 1).
Somewhat differently, the Waubee Lake site has the greatest topographic variability and is presently
a northern red oak (Quercus rubra) forest type with abundant red pine remnant wood (i.e., stumps,
dead trees) but few living red pines. The Grindle Lake and the Airport Road sites have relatively
gentle slopes, are interspersed with wetlands, and are more heavily covered in red pine. The Moquah
Barrens site has the greatest relief and is adjacent to a large grassy area of jack (Pinus banksiana) and
red pine barrens.
Historically, the four study sites had varied proximities to human activities associated with trading
centers, camps, and villages. The Ojibwa (Chippewa) and other native peoples lived on Madeline
Island about 40 km northeast of the Moquah Barrens site. About 1660 CE, French fur traders arrived
in the region and by 1690 CE a trade center at La Point, Madeline Island was established. The fur
trade likely resulted in increased probability and distribution of anthropogenic ignitions. Although
the northeastern study sites were further from Lake Superior trade routes [23], they were also within
the trade network associated with Lake Michigan. These three sites (1–3; Table 1) are within 30 km of
the present day Menominee Indian Reservation and 60 km from the Menominee River.
2.2. Fire Scar Collection and Data
Cross-sections from ninety-six ﬁre-scarred red pine stumps, snags, and live trees were cut from
the four study sites. Location (GPS coordinates), slope, and aspect were recorded for each tree sampled.
Surfaces of cross-sections were sanded with successively ﬁner sandpaper (80–1200 grit) until the
cellular detail of annual rings and ﬁre scar injuries was revealed. A radius (pith-to-bark tree-ring series)
of the cross-section with the least amount of ring-width variability due to ﬁre injuries was chosen for
ring-width measurement and crossdating. Ring-width series from each sample were plotted and used
for visual crossdating and signature year identiﬁcation [24]. Visual matching of ring-width patterns
allowed for the weighting of important “signature years” over years with low common variability
among trees. Ring-width plots aided in identifying errors in measurement, missing rings, and/or
false rings which can be associated with injury or drought. The samples and dating chronology were
crossdated and veriﬁed using a master red pine chronology developed from the Cathedral Pines
Natural Area (Oconto County; unpublished data) and live trees within the study sites. Computer
program COFECHA [24,25] was used to check the accuracy of crossdated tree-ring series. Fire scars
were identiﬁed by the presence of callus tissue, charcoal, traumatic resin canals, liquefaction of resin
and cambial injury. Calendar years of ﬁre events represented the year of the tree’s response to cambial
injury. Fire events (year, season based on scar position) were recorded in standard FHX2 format [26].
Fire-free periods associated with red pine survival were estimated when possible.
2.3. Reconstructed Drought Data
Reconstructed Palmer Drought Severity Indices (PDSI) [27] during the period of the ﬁre scar
records were collated for use in analysis with ﬁre events. Indices were averaged for the northern
Wisconsin region (PDSI grid points: 198, 207, 215, and 216).
2.4. AnthroFire Index (AFI)
An AnthroFire Index (AFI) has been developed to detect changes in the ﬁre regime that reﬂect
human ignition inﬂuence [28,29]. The AFI was calculated using reconstructed drought [27] and ﬁre
occurrence data. The AFI operates under two assumptions concerning the relationship between
drought and anthropogenic ﬁres: 1) the absence of ﬁres during drought years was due to a lack of
human ignitions and, 2) the occurrence of ﬁres in wet years resulted from increased human ignitions
(accidental or purposeful). Assumption 1 relates to identifying the potential human ignition inﬂuence
in an ecosystem and that, during drought conditions, ﬁre probability is increased. Assumption 2
relates to ﬁres occurring in ‘wet’ years; ﬁres occurring in wet years are limited to burning during
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short, dry periods and require abundant or ‘smart ignition’ by humans. No human data (population,
cultures, or others) are used in the AFI calculation and are limited to periods without modern ﬁre
suppression technology.
To calculate the AFI, ﬁres occurring in wet years (PDSI > 0) were assigned increasing values
from 1 to 2.5 corresponding with increased wetness. Dry years (PDSI < 0) without ﬁre were assigned
decreasing values from −1 to −2.5 corresponding to increased dryness. Fire occurring in dry years
(PDSI < 0) and wet years without ﬁre were not assigned values nor used. The time series of AFI
values was then smoothed using moving averages of two lengths, 11 and 21 years, due to the irregular
occurrence of AFI values through time and the need to include a sufﬁcient number of observations
to reduce spurious, short-term (e.g., <4 years) wet-dry variability. We scaled the AFI time series to
a mean value of zero by subtracting the series mean. Thus, increasing AFI values were interpreted
as increasing human inﬂuence (‘smart ignitions’) and decreasing AFI values were interpreted as
decreasing human inﬂuence.
2.5. Fire Extent Index (FEI)
We developed a coarse-scale annual Fire Extent Index (FEI) to examine the relationship between
drought and the potential sites burned and trees scarred [11,28]. The FEI was not developed for
estimating the area burned but rather to estimate a relative spatial extent variable that could be related
to PDSI. We calculated the FEI from data of the number of sites scarred in a year (range = 0 to 4, a value
reﬂecting regional spatial extent of ﬁre in a year) and the percent of trees scarred at a site (range = 0–90,
a value reﬂecting the scale of ﬁre severity at a site). The FEI is the product of the number of sites
scarred and the percent of trees scarred at all the sites (Equation (1)).
FEI for year x = #ﬁre − scarred sites x% trees ﬁre − scarred

(1)

2.6. Fire Scar Data Analysis
For each site we summarized ﬁre event data including ranges of ﬁre intervals, mean ﬁre return
intervals, seasonality of ﬁres, and ﬁre severity (based on percentages of trees scarred) [30,31]. Data
summaries were developed for the full periods of records and for sub-periods separated based on
known changes in the ﬁre environment (e.g., humans, climate, land use). The quality of the ﬁre scar
record can vary by the size of the site area and the number of recorder trees in the record at any time. We
estimated the effects of sample size on ﬁre frequency by comparing the decade-to-decade relationship
between sample depth and the number of ﬁre years detected. The asymptote of the relationship
between sample depth and number of ﬁre years was assumed to be an indicator of the sample depth
required to adequately characterize ﬁre events (i.e., quality of the ﬁre scar record at any year).
Correlation analysis was used to determine if PDSI was signiﬁcantly related to ﬁre frequency,
percentage of trees scarred, or the FEI. Regression analysis was conducted to relate PDSI to FEI and
develop a model predicting variability in the FEI [31]. FEI was transformed utilizing a natural log prior
to regression analysis to adjust for the non-linear relationship with PDSI. SAS/STAT software [32] was
used for statistical summaries, analysis of means, and regression and correlation analyses. We collated
nine other existing ﬁre scar records from the Great Lakes Region [5,13,29,33] and compared them to
the northern Wisconsin ﬁre scar record. Comparisons among sites included regional ﬁre years (years
in which many sites burned), percent trees scarred, and the FEI. In addition, we compared the ﬁre
frequencies derived from the study sites with those predicted by a model of historic ﬁre frequency
based on climate parameters [34].
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3. Results
3.1. Fire Scar Data
We dated a total of 465 ﬁre scars on 98 red pine remnant and living trees from the four study sites
(Table 1). Ninety percent or more of the ﬁre scar years was captured by as few as 11 trees (Figure 2).
Fire scar dates spanned the period 1591–1948 (Figure 3). The number (and extent) of ﬁres was lowest
from 1665 to 1718 and highest from 1719 to 1820. Prior to 1780, mean ﬁre intervals ranged from 8.9 to
29 years at all sites (Table 2). The four most frequently occurring ﬁre years were 1664, 1743, 1756, and
1780 (i.e., occurring during the fur trade era and prior to EuroAmerican settlement). The occurrence
of ﬁre scars decreased sharply in the 1920s (Figure 3). In the pre-EuroAmerican settlement period
(1650–1864), about 25 percent of the years had a ﬁre recorded in at least one study site (Figures 3
and 4). Of these 54 ﬁre years, 30 occurred during drier years (PDSI <0) and 24 occurred during wetter
years (PDSI > 0).

ȱ
Figure 2. Relationship between the number of trees sampled and new ﬁre years detected based on data
collected at the four study sites. The beginning of the asymptote of the curve reﬂects the minimum
sample depth needed in a given area for a high-quality ﬁre scar record.
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Figure 3. Fire history diagrams showing ﬁre scar dates (vertical short lines) and composite ﬁre scar
records (bottom line with dates) at the four study sites. Each horizontal line represents the tree-ring
record of a red pine remnant or living tree.
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Figure 4. (a) Bar plot of the Fire Extent Index (FEI) for Sands Ecological Landscapes of Wisconsin
(n = 98 red pine trees), (b) percentage of trees scarred at each of the four study sites through time.
Table 2. Fire frequency statistics for study sites. Time periods were selected based on characteristics of
ﬁre frequency, human history, and ﬁre history record overlap. Precise time periods vary slightly owing
to ﬁre intervals that span the boundaries between time periods. Model predicted MFIs (2nd to last row)
are from Guyette et al. 2012. Periods not covered by the ﬁre scar record are represented by “na”.
Period
Mean ﬁre interval
(~1660–1780)
Mean ﬁre interval
(~1780–1864)
Mean ﬁre interval
(~1852–1925)
Mean ﬁre interval
(~1925–2010)
Mean ﬁre interval
(start to <1937)
Mean ﬁre interval
(climate model
predicted MFI [33])
Range of pre-1925
intervals

Grindle Lake

Waubee Lake

Airport Road

Moquah Barrens

9.7 years

9.9 years

29.0 years

8.9 years

12.0 years

5.1 years

14.4

14.6 years

10.1 years

na

6.4 years

14.2 years

>87 years

na

>44 years

>43 years

10.4 years
1664–1923

6.3 years
1707–1864

12.9 years
1655–1925

12.8 years
1591–1937

14–18 years

14–18 years

14–18 years

20–22 years

2–35 years

3–21 years

2–54 years

2–35 years

Fire scar seasonality was determinable for 316 scars (68 percent of scars). Dormant season
(between growth rings) ﬁre scars were the most common among sites with the exception of the Airport
Road site which had more growing season ﬁres than dormant season ﬁres (Table 3). For all sites
combined, 65 percent of the ﬁres occurred during the dormant season (inter-ring and early earlywood
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scars), whereas 35 percent occurred during the growing season (middle earlywood, late earlywood and
latewood scars; Table 3). Mixed seasonality ﬁres (i.e., individuals years with trees recording different
seasons of ﬁres at a site) occurred during several years at three of the sites (Table 3). The dramatic ﬁre
year of 1780 [4] had the highest variability in ﬁre seasonality both within and between sites.
Table 3. Fire scar positions within annual rings and their related ﬁre seasonality. Season of ﬁres are the
percent of scars in each scar class.
Grindle Lake

Waubee Lake

Airport Road

Moquah Barrens

All Sites & Years

Scar location within annual ring
Between rings
(dormant season)
Early earlywood
Middle earlywood
Late earlywood
Latewood

52%

88%

10%

72%

56%

24%
16%
5%
3%

0%
0%
0%
12%

7%
17%
22%
43%

6%
3%
1%
17%

9%
9%
7%
19%

76 %

88%

17%

79%

65%

24 %

12%

83%

21%

35%

29%, 5

0%, 0

16%, 3

5%, 1

12%, 2

Season of ﬁre
Late fall, winter, &
early spring scars
Late spring &
summer scars
Mixed seasons ﬁres
at site (percent and
number years)

3.2. Tree Age and Recruitment
The youngest ages of red pine trees surviving ﬁres ranged from 6 to over 30 years. The average
age of trees at time of ﬁrst scar was 15 years. Red pine overstory recruitment appeared to have occurred
primarily as single trees or in small groups. However, at least two sites had two periods of major
regeneration and recruitment, indicative of major disturbance. At Grindle Lake 52 percent of the trees
sampled had established circa 1670–1685 and at the Airport Road site 44 percent of the trees were
established circa 1660.
3.3. Fire Extent Index and Climate
Reconstructed drought indices [27] were a better predictor of the FEI than ﬁre interval length.
The FEI was highest during drought years (PDSI < 0). However, between 1650 and 1864 (i.e., the most
replicated period of record) about 70 percent of drought years had no evidence of ﬁre. When ﬁres did
occur (n = 54 years), drought (PDSI) explained about 24 percent of the variance in the FEI (Equation (2),
Figure 5). A model predicting the FEI as a function of drought for ﬁres years between 1650 and 1864
was given as:
Ln(FEI) = 1.84 − (0.32 × PDSI)
(2)
where: ln(FEI) = natural log of (Fire Extent Index), PDSI = reconstructed drought [27], n= 54, r2 = 0.23,
p < 0.001 for model and variable.
Based on the FEI, ﬁres in 1780, 1774, 1756, and 1664 were extensive. These years were dry with
the exception of 1756. The year 1756 was incipient wet (PDSI = 0.98) and ﬁre scars were limited to the
northeastern sites (#’s 1, 2, 3; Table 1). The average PDSI of the ﬁre years 1780, 1774, and 1664 was
−1.9 (mild drought).
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Figure 5. Scatterplot of the Fire Extent Index (FEI) and reconstructed Palmer Drought Severity Index
(PDSI) for 54 historical ﬁre years in the Northwest and Northeast Sands Ecological Landscapes of
northern Wisconsin (Figure 1). Data are from the period 1660–1864. The regression indicates prediction
of FEI from reconstructed drought (ln(FEI) = 1.84 − (0.32 × PDSI), Equation (2), r2 = 0.23). Decreasing
values of PDSI relate to increasing dryness.

3.4. Human Population, Culture, and Fire Frequency
Native American populations plummeted soon after European encounters. In 1634, Jean
Nicolet [35] wrote ‘Already in 1644, the smallpox had reached the Winnebago in Green Bay where the
rotting corpses caused great mortality and they could not bury the dead’ [36]. Although we identiﬁed
few ﬁre years before the 1660s, this could be partly due to the reduced sample size in the record. The
study ﬁre regime, as described by the AFI (Figure 6), was increasingly inﬂuenced by humans from
1660 to 1755 after Native American populations increased upward as the Fox and Sauk immigrated to
northern Wisconsin [36]. Continued human land use in the region occurred from 1755 to 1860, but was
interrupted with short decadal decreases in circa 1775–1785 and 1810–1825 (Figure 6a). The lowest
levels of the AFI occurred during 1770s and 1780s and corresponds with the “Great Smallpox Epidemic
of 1775–1782” [37] and the population recovery thereafter.
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Figure 6. (a) Running means (21- and 11-year) of the AnthroFire Index (AFI). Larger AFI values indicate
increasing human inﬂuence based on the occurrence of ﬁre in ‘wet’ years and the absence of ﬁre in
drought years. The text identiﬁes possible factors and periods of regional human inﬂuence in the
ﬁre regime of Northeastern Sands Ecological Landscape [23,38,39]. (b) Time series of the percent of
trees scarred and reconstructed drought conditions (blue for wet years (PDSI > 0 and red for dry
years PDSI < 0).

Early trends of increased ﬁre frequency were associated with increased human population density,
movement, and trade. Shipping records of the tonnage of trade goods in and out of the Great Lakes
Region [23] were associated with ﬁre frequency during the period 1640 and 1785 (Figure 7). The
signiﬁcance of the relationship between ﬁre and trade could not be tested due to autocorrelation in the
time series data and the lack of independence of the observations in trade records. Perhaps the most
profound change in the ﬁre regime occurred after 1925 when ﬁre frequency was diminished to a rate of
only two ﬁres in an 85-year period (<0.6 ﬁres per 25 years). Despite the low number of sample trees
during this period, the ﬁre record is fairly accurate because of the abundance of younger trees and
trees not sampled (they had no ﬁre scars) and the observation that 11 trees should capture much of the
ﬁre record (Figure 3).
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Figure 7. Trends in Great Lakes fur trade per ﬁve-year period [23] plotted with a ﬁve-year moving
average of the number of ﬁres at the study sites. The 1760–1765 trade data is missing from Harris [23].
The similar trends in trade and ﬁre regimes support the 1650–1785 increase in human inﬂuence as
calculated by the AnthroFire Index.

3.5. Climate-Fire Comparison in Other Fire History Records
We compared the northern Wisconsin ﬁre scar record with nine ﬁre scar records from the Great
Lakes Region [5,13,29,33]. The synchrony of years reveals the probable inﬂuence of large-scale climate
inﬂuence on regional ﬁre activity (Figure 8). The temporal and spatial synchrony of percentage of trees
scarred is signiﬁcant (r = 0.55, p < 0.01). Curiously, ﬁre scar records outside of northern Wisconsin, but
in the Great Lakes region, are a stronger predictor of ﬁre in Wisconsin than reconstructed drought [27].
Estimates of historical ﬁre extents were based on the FEI (Figure 7); an index developed from
a spatially limited (<6 km2 ) collection area. In an attempt to overcome this limitation and to add
support or refute extrapolating the characteristics of Wisconsin ﬁre record to larger spatial extents,
we compared the Wisconsin ﬁre records to historical ﬁre records in the Midwest and Great Lakes
regions. Many of the years calculated as having large FEI values in northern Wisconsin were also
extensive ﬁre years in more northerly and eastern regions. For example, in 1780 all sites in Wisconsin
burned and three of seven sites (43 percent) were burned in the Huron Mountains of Michigan (175 km
northeast) [28]. Similarly, in 1664 ﬁres also coincided in the Huron Mountains and in Wisconsin.
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Figure 8. Comparison of the ﬁre records from the Northwest and Northeast Sands Ecological Units of
northern Wisconsin (98 trees, this study) plotted with separate ﬁre records in the Great Lakes region
including Ontario, Upper Peninsula of Michigan, and Minnesota (239 trees). Correlation analysis
includes all years. Removal of no ﬁre years increases the correlation coefﬁcient.

In 1780, 9300 hectares were estimated to have burned in the Ontario’s Algonquin Park Barron
Township along with other ﬁres in the eastern Algonquin Highlands [4,5,32]. The 1780 ﬁre year is
also represented 150 km northwest in northern Minnesota [40] and other areas [41]. Remarkably,
1000 kilometers to the south, sites across Missouri, Arkansas, and Oklahoma (an estimated 56 percent
(122,000 km2 ) of the Ozarks Highlands) burned in 1780 [11]. Fires in these studies are hypothesized to
have resulted from the interactions between human ignitions and drought.
Mean ﬁre intervals from northern Wisconsin sand ecosystems (Table 2, data rows 1 and 2) tend to
be shorter than climate modeled ﬁre intervals for the region (PC2FM [33], Table 2, data row 6). Two of
the Wisconsin ﬁre history records (Grindle and Waubee Lakes) were included in a dataset of 170 North
American sites used to construct and calibrate this model [33]. Generally, mean ﬁre intervals in this
study (Table 2, data rows 1 and 2) are from 5 to 11 years shorter than this climate model estimates. This
difference may result from more frequent human ignitions or landscape inﬂuences such as reduced
topographic roughness.
4. Discussion
4.1. Fire Intervals
Red pine stumps, snags, and trees provided a ﬁre scar record spanning three centuries. The
length and quality of ﬁre records provided by this wood was comparable to ﬁre histories from Ontario,
Michigan, Minnesota, and Wisconsin [18,41–45]. The ﬁre scar record that the northern Wisconsin
remnant wood provides is decaying and will probably be unavailable in a few decades. Much of the
remnant wood used in this study was sampled near ground level with decay advancing from the
stump top. Because sample trees were not randomly located and represent a small portion of the
landscape, the detection of small ﬁres may be less well represented than that of larger ﬁres.
Fire intervals were more temporally variable within sites (Figure 3) than between them (Table 2).
We hypothesize that this indicates strong local ﬁre control (probably ignition abundance) on the study
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sites. For example, the Airport Road site, with the exception of a single ﬁre scar (1702, growing season)
had a 92-year ﬁre interval (1664–1756). Also, drought explained only about one quarter (23 percent) of
the variance in ﬁre extent. This could be due to strong anthropogenic ignitions during windy and dry
weather. The short length of the ﬁre intervals at the Waubee Lake site may also be due to relatively high
human activity. As is the case in many areas of the U.S., the greatest change in MFI at the sites resulted
from ﬁre suppression after about 1910. This is probably the most radical change from the historical ﬁre
regime in the record. Although this period appears low on ﬁre scar data, during ﬁeld collection we
observed an absence of ﬁre scars or charcoal on thousands of younger live trees (<100 years in age)
across all sites indicating that few if any recent ﬁres had occurred.
Most ﬁres were likely single event ﬁres with short durations (a few days as opposed to months).
This conclusion is based on the consistency of ﬁre scar positions within the dated annual rings when
compared among different trees at the study sites. Little is known about the causes of ﬁre years with
mixed seasonality of ﬁre scar positions. We surmise that this indicates either variability in the timing
of ﬁres or a difference among trees in the timing of wood formation and dormancy (Table 3). Scar
seasonality differences within a year at a single site may indicate that ﬁre burned very slowly, burned
as ground ﬁres (the study sites often included small areas of peat) that “ﬂared up” again throughout
the dormant and growing seasons, or there were multiple ﬁres within a site within the year.
Often, intra-ring ﬁre scar seasonality data has limitations due to the unknown differences in the
timing of wood formation among trees and through time. Additionally, the effects of site conditions
on the timing of cambial dormancy and physiology account for differences in the timing and rates
of wood formation among trees. The timing of historical ﬁres at Waubee Lake appears unique based
on the preponderance of dormant season ﬁres (88 percent, Table 3). Several factors unique to this
site may be important. First, the ﬁre history data are from red pine remnants scattered within a
forest currently dominated by northern red oak (Quercus rubra). If this site was dominated by oak
during the period of ﬁre record, then deciduous leaf litter may have promoted dormant season ﬁres.
However, the composition of the prior stand is in question as northern red oak has beneﬁtted greatly
in northern Wisconsin since European settlement [19]. A second hypothesis is that Native Americans
were actively using the site and conducted dormant season burns for their beneﬁt such as harvesting
acorns in the fall [46]. Dormant season and frequent burning could also have been used to promote
the growth of nearby extensive areas of blueberries [47]. A trading post located at Waubee Lake in
the mid-1800s and an early Native American presence in the region make it probable that abundant
anthropogenic ignitions existed which would have been necessary to maintain frequent ﬁre in the
hummocky topography of the site.
4.2. Climate, Humans, and Fire
During ﬁre years, the best predictor of ﬁre severity (i.e., percentage of trees scarred during ﬁre
events) and extent of ﬁre at the study sites was drought [27]. However, reconstructed drought
was a poor predictor (<0.06 percent variance explained) of percentages of trees scarred alone.
From this, we infer that between 1650 and 1864 the ﬁre regimes of the study region were in an
ignition-limited stage [10] and that ﬁre frequency was primarily controlled by non-climatic factors
such as ignition frequency.
Through time, the ﬁre scar record deﬁnes a ﬁre regime that had strong but variable anthropogenic
inﬂuence. Compared to ﬁre frequencies of other eastern and southern ﬁre regimes [33], study sites
had a higher frequency of ﬁres than might be expected based on climate conditions (temperature and
precipitation). As has been found elsewhere, anthropogenic inﬂuences on the ﬁre regimes are expected
to have been caused by multiple factors such as changes in human population density, cultures, and
values. In northern Wisconsin, changes in commerce, land use, war, conﬂict, material culture, and
even spirituality likely inﬂuenced the ﬁre regime. Ignitions from ﬂint and steel were brought to
northern Wisconsin by Jesuit missionaries in the early 17th century as documented by Jean De Brebeuf
in 1633 [48]: “You should love the Indians like brothers, with whom you are to spend the rest of your
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life. Never make them wait for you in embarking. Take a ﬂint and steel to light their pipes and kindle
their ﬁre at night...”.
The French fur trade and material culture developed quickly with the European religious missions.
Material culture soon increased in inﬂuence over the religious mission, the fur trade soon dominated,
and the Jesuits were expelled for a time (1712–1738) during the Fox Wars [36]. The material culture
driven by the economics of the fur trade (Figure 8) and ﬁre technology of Europe (e.g., ﬂint and steel,
riﬂes, metal pots) modiﬁed the ﬁre regime and resulted in new human trails beyond the traditional
waterways and into the “wilderness”. During the most replicated period of our ﬁre history data
(1650–1864), commerce in the northern Wisconsin economy was centered on the fur trade. For over
200 years, the European demand for furbearers, especially beaver, likely affected ignitions (i.e., rates,
seasons). In summary, in northern Wisconsin this period of the ﬁre regime may have been inﬂuenced by
climate conditions and commercial activity including the politics and material demands from Europe.
Early commercial activities inﬂuencing the ﬁre regime include the increased movement of humans
(and potential ignitions) during the fur trade. In this case, ignitions may have occurred in remote
regions (i.e., low human population density) where beaver and their habitats were abundant. Fires
may have been set to alter habitat for beaver and other furbearers [49,50] and encourage an increase
small woody (e.g., willow, birch, aspen) and herbaceous vegetation that are a primary source of food
for beaver and other wildlife. By the 1820s, overharvesting of beaver in northern Wisconsin began to
reduce the fur trade and perhaps ignitions. Beginning in the 1850s, land use in northern Wisconsin
changed to include extensive commercial activities (i.e., ‘The Great Cutover’) [51] of logging and
agriculture. Vegetation conversion with ﬁre and axe altered the fuel environment (fuel types, fuel
fragmentation, and fuel loading) while human population density continued to increase.
Movements of human ignitions can create complex, abrupt, and potentially rapidly changing
characteristics in ﬁre regimes and vegetation [11]. Although many native cultures had remarkable
abilities to travel, few had the transport technology of the Ojibwa birch-bark canoe [52]. Canoes
allowed travel for trade and the migration of human populations. Native American oral histories
indicate long-distance movements by water of tribal groups from east to west during the early period
of European contact. Ojibwa tradition indicates that they lived near the Saint Lawrence River and
about 1660 C.E. the Ojibwa migrated westward in the Great Lakes region [53]. Early population shifts
of humans with ‘intelligent ignitions’ (i.e., ignited through a thought process) may have altered the
vegetation of the study region with a design of subsistence ﬁre use.
Primary among Ojibwa was the use of paper birch (Betula papyrifera) bark. The bark was
incorporated into shelter (i.e., hogans) and canoe construction, thus, incentive for burning existed to
increase this critical resource when and where it was needed [52]. Paper birch is a shade intolerant early
successional tree species that requires bare mineral or organic soil for seedling reproduction [54,55],
conditions that are enhanced by ﬁre. Forest canopy and litter disturbance such as that from ﬁre are
accountable for the establishment of many stands. In addition, Native Americans had many other
reasons for manipulating vegetation for their use and beneﬁt.
4.3. Human Conﬂict, War, and Fire
The Potawatomi, Ojibwa, Sauk, Fox, and Ottawa groups moved into Wisconsin as early as the
1600s, near the beginning of our ﬁre history. The early ﬁre history of Wisconsin cannot be separated
from war and conﬂict among the cultural groups, commercial enterprises, and the societies that lived
there. Fire has long been a tool of war and conﬂict [56,57]. Groups that vied for power, land, furs,
inﬂuence, and ‘souls’ included the Menominee, Sioux, Ojibwa, French, English, Americans, and Jesuits.
Many conﬂicts occurred in Wisconsin during the Iroquois-French wars (~1701), Fox Wars (1712–1738),
the French and Indian War (1754–1763), and the War of 1812 [36]. Generally, with the exception of
the French and Indian War, these conﬂict periods do not appear to be associated with changes in ﬁre
regime characteristics, even despite new Native American groups moving into Wisconsin as a result.
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Characteristics of ﬁre scars in 1756 suggest that it may be pronounced due to the ‘French and
Indian War’ (1754–1763) or ‘Seven Years War’. During the War, the Menominee and others were allied
with the French while the Iroquois were allied with the British. The year 1756 is an extreme outlier
because of a high proportion of trees scarred (55 percent), sites with ﬁre (3), and occurrence during
incipient wet conditions (PDSI +0.98) [27]. Over the full period of the ﬁre scar record, 1756 ranked
third in numbers of ﬁre scars. In the Northeastern Sands Ecological Landscape of Wisconsin (near
present Menominee tribal lands), 81 percent of the trees were scarred in 1756. Alternative hypotheses
for the magnitude of the 1756 ﬁre year are 1) weather, not summer season drought conditions, was the
major and sole factor for the pronounced ﬁre year, and/or 2) the interaction of weather and abundant
human ignitions were predisposing and inciting factors.
4.4. Diseases and Population
Perhaps a greater factor affecting anthropogenic ﬁre regimes than wars or conﬂicts was the
devastation of Native American populations by diseases introduced from Europe. Disease has been
linked to depopulations and changes in ﬁre activity at multiple sites [5,10]. Jean Nicolet visited
thousands of the Ho-Chunk in Wisconsin in 1634 [57]. Twenty years later, French fur traders found
only 700 people remaining. In northern Wisconsin, smallpox was introduced by Europeans in the
mid-1600s and continued as a serious episodic epidemic until at least the 1830s [34,58,59]. The later
medical history of smallpox among the Ojibwa indicates that this disease was brought by British fur
traders in 1770. We observed declines in the AnthroFire Index (Figure 6) circa 1780 and 1830 coincident
with documented smallpox out breaks further implicating humans in regional ﬁre activity.
Although written history rarely provides the data needed for systematic analysis, it does provide
important context to the ﬁre scar data. Hunting and gathering activities often utilize landscape-scale
ﬁres. Studies on hunting patterns and fur trade of Native Americans document human locations,
timing, and activities [36]. Kay [36] references European’s ﬁrst encounter with the Menominee Indians
at the mouth of the Menominee River (south of sites 1–3). By 1720, sites 1–3 may have been inﬂuenced
by the Menominee, Fox, and Sauk (see Figure 1 in [36]).
4.5. Management Implications
Knowledge of ﬁre history is often a ﬁrst step in ecosystem restoration activities that incorporate
ﬁre management. Data of historical ﬁre intervals, severity, and extent provides a wealth of information
for consideration in management. Paired with knowledge of species and ecosystem ecology, past
vegetation composition, structure and change may be realized. The historical range of variability in ﬁre
disturbance provides a sense for landscape dynamics through space and time [1]. Coupled with other
historical and ecological information, such as Public Land Survey notes [60], county records, aerial
photography, soil surveys, and ecological land type maps, it is possible to set targets such as forest
patch sizes, structure diversity, and stem density. In red pine and oak forest ecosystems, ﬁre intervals
and tree regeneration and successful recruitment may be linked to ﬁre. Identiﬁcation of extreme
ﬁre events and their inciting factors (e.g., drought, humans) can be important examples beyond the
potential future management opportunities.
5. Conclusions
Fire histories developed from ﬁre scars are capable of revealing numerous and varied details of
the long-term changes in ﬁre, forests, and land use that are otherwise unobtainable by other methods.
We expect these ﬁre history data and analyses provide land managers, ﬁre practitioners, policymakers,
and the public a greater perspective on the ecology and historical role of ﬁre in northern Wisconsin.
In northern Wisconsin Sands Ecological Landscapes, ﬁres were highly variable through time, ranging
from uncommon to frequent and spatially limited to extensive. A temporal understanding of ﬁre
regimes aids in realizing not only factors that inﬂuence ﬁre but also the full range of potential ﬁre
conditions. In the Lake States, historical ﬁre events are among the most powerful and dangerous
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(rate of spread, energy release) experienced in the U.S. (e.g., 1871 Peshtigo Fire, 1980 Mack Lake
Fire) [61]. From the current network of ﬁre history data in the Great Lakes region and expansive
unstudied areas, high potential exists to further describe the landscape variability in historical ﬁre
frequency and, speciﬁcally, the climatological conditions associated with high severity ﬁre event years
(ex. 1664, 1756, and 1780).
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Abstract: Fire is a dominant mechanism of forest renewal in most of Canada’s forests and its activity
is predicted to increase over the coming decades. Individual ﬁre events have been considered to be
non-selective with regards to forest properties, but evidence now suggests otherwise. Our objective
was therefore to quantify the effect of forest properties on ﬁre selectivity or avoidance, evaluate
the stability of these effects across varying burn rates, and use these results to map local ﬁre risk
across the forests of Canada. We used Canada-wide MODIS-based maps of annual ﬁres and of forest
properties to identify burned and unburned pixels for the 2002–2011 period and to bin them into
classes of forest composition (% conifer and broadleaved deciduous), above-ground tree biomass
and stand age. Logistic binomial regressions were then used to quantify ﬁre selectivity by forest
properties classes and by zones of homogeneous ﬁre regime (HFR). Results suggest that ﬁre exhibits
a strong selectivity for conifer stands, but an even stronger avoidance of broadleaved stands. In terms
of age classes, ﬁre also shows a strong avoidance for young (0 to 29 year) stands. The large differences
among regional burn rates do not signiﬁcantly alter the overall preference and avoidance ratings.
Finally, we combined these results on relative burn preference with regional burn rates to map local
ﬁre risks across Canada.
Keywords: boreal forest; Canada; ﬁre selectivity; MODIS; wildﬁres

1. Introduction
Fire is a dominant disturbance across boreal forests, with surface ﬁres and stand-replacing canopy
ﬁres dominating in the Eurasian and North-American boreal forests respectively [1]. In Canada, the
rate at which boreal and Montane forest burn, and the inter-annual variability in area burned affect all
ecological processes, from landscape diversity to carbon sequestration [2]. Wildﬁres are also a threat to
communities and infrastructures, and their frequency is predicted to increase during this century with
climate change [3]. Because of this, improved maps of local ﬁre risks are now needed to help inform
management actions for risk mitigation.
Fire was initially studied in terms of its behaviour based on the detailed analysis of individual
ﬁres, with results showing the importance of weather conditions, and tree species on variables such as
crowning, rate of spread and fuel consumption, e.g., [4,5]. This knowledge base was later extended
to ﬁre frequency using regional studies. In general, ﬁre frequency or ﬁre risk was found to be
related to a host of factors, including longitude and latitude, topography, surﬁcial deposits and forest
properties [6,7], often dependant on the scale at which the study was conducted. In particular, ﬁre was
shown to strongly select conifer stands as compared to stands with a large deciduous component [8,9].
Forests 2016, 7, 157
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Finally, over the past decade, efforts have included national evaluations of ﬁre risk and projections of
such risks over time as a function of climate scenarios [10,11]. Because of their national coverage, these
studies have been based exclusively on historical ﬁre records and regional climate data and projections.
In the studies and approaches described above, the shift from understanding behavior to mapping
risks at the national level has entailed the use of a data at coarse resolution, and an associated shift
from local to regional drivers of ﬁre dynamics. However, the mapping of ﬁre risks across Canada’s
forests at a scale relevant to management decisions requires a merging of regional climatic drivers
of burn rates and local drivers of ﬁre risk. Possibly the only study that tackled this scale issue was
that of Parisien and colleagues [12] who looked at drivers of ﬁre dynamics across Canada’s forests
within 10,000-km2 hexagonal pixels. In that study, the authors extracted both regional (climate) and
local (forest type) drivers of burn rates in the same analysis, and concluded that the climate variables
largely dominate the explained variation in regional burn rates.
Recent developments described below now enable us to use a different approach for getting at a
much ﬁner evaluation of local forest ﬁre risks across Canada. Regional ﬁre risks, in terms of annual
area burned and burn rate have been evaluated by Boulanger and colleagues [11] across 16 zones of
homogeneous ﬁre regimes (HFR) across Canada’s vegetated landscape. At the same time, Canada-wide
maps of forest properties for base year 2001 and of ﬁre for years 2001 to 2011 were created by Beaudoin
and colleagues [13] and by Guindon and colleagues [14] respectively at a 250 m (6.25 ha) resolution
corresponding to the pixel grid of the space-borne MODIS sensor. These last two products offer the
possibility to quantify vegetation controls on ﬁre risk with a massive dataset of ﬁre and forest property
observations. The goal of this study was therefore, by capitalising on this new information, to create
a map of local (pixel-level) ﬁre risk by combining quantiﬁed effect of vegetation properties on ﬁre risk
and the regional, climate-driven burn rates.
More speciﬁcally, the objectives of this study were (1) to quantify the effect of forest properties
on ﬁre selectivity; and (2) to assess the stability of this selectivity by forest property class across the
range of regional burn rates found in Canada’s forests; and (3) to combine regional burn rates and ﬁre
selectivity by forest property class into a map of current ﬁre risk at a 250 m resolution. We chose forest
age, biomass and composition as forest properties, with age and biomass used as equivalent proxies to
fuel loads, and composition used as a proxy to fuel ﬂammability. In this analysis, forest composition
is expressed as the percent composition in either coniferous evergreen (including Larix species) or
broadleaved deciduous tree species. Across Canada, coniferous species are mostly represented by the
genus Picea, Abies and Pinus, while broadleaved deciduous tree species in ﬁre-prone areas are mostly
represented by species from the genus Populus and Betula, while forest zones in south-eastern Canada
with very limited ﬁre activity have additional and often dominant components in trees of the genus
Acer, with a large number of other broadleaved deciduous genus at various level of representation.
2. Materials and Methods
2.1. Region of Interest and Source of Data
The study was conducted across all forests of Canada using the 16 Homogeneous Fire Regime
(HFR) zones from which we selected the percent annual area burned, or burn rate, as our regional ﬁre
risk metric [11] (Figure 1). These historical (1959–1999) annual burn rates range from less than 0.1% in
the broadleaved-deciduous dominated forests of the Eastern Temperate zone, to nearly 1.5% in the
conifer-dominated Lake Athabaska zone, for a 50-fold difference across the HFR zones.
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Figure 1. Homogeneous ﬁre regime zones of Canada [11] with their associated burn rate, expressed as
the mean annual area burned, in percent of their total area, and with the number of pixels from each
homogeneous ﬁre regime (HFR) used in the present analysis.

Forest composition, age and biomass were obtained at a pixel resolution of 250 m ˆ 250 m (6.25 ha)
from the Canada-wide maps of forest properties of Beaudoin and colleagues [13]. These maps were
created for base year 2001 using the non-parametric k-nearest-neighbour as the statistical estimation
method, the National Forest Inventory photoplot data [15] as reference information, and a set of
Canada-wide variables including MODIS spectral reﬂectance at 250 m (6.25 ha) pixel resolution as
predictors. For our analysis, pixels in which the forest was identiﬁed as recently disturbed in 2001 and
pixels with <80% of vegetation cover were eliminated. The analyses were carried out on the remaining
76,678,906 pixels, referred below as the “full set”.
Yearly Canada-wide maps of ﬁre and harvest were produced for years 2001–2011 by Guindon and
colleagues [14], also on the 250 m MODIS grid (available as supplementary material b of the original
publication). These maps were created by analysing the pixel-level change in spectral properties over
a moving 4-year window with the use of models trained on a large representative set of pixels that had
been either harvested or burned. We used these maps to extract from our full set of pixels those that
had burned in years 2002 to 2011. This led to the identiﬁcation of 2,739,728 pixels distributed across all
the HFR zones in which a ﬁre had taken place in those years, with the ﬁre extending across the full
extent of the pixel in nearly 80% of the cases. The pre-burn composition, age and biomass of these
burned pixels had been extracted earlier from the 2001 forest properties maps. The ﬁre map product
was speciﬁcally designed to minimize commission errors [14], and all pixels thus identiﬁed as having
burned were retained for the analysis.
All pixels within the full set and the burned subset were binned into four composition classes,
three age classes and three biomass classes based on their 2001 properties. Composition classes were:
pure conifers (more than 75% conifers), conifer-dominated mixtures (between 50% and 75% of conifers),
deciduous-dominated mixtures (between 25% and 50% of conifers), and pure deciduous (less than 25%
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of conifers). Age classes were: young (0 to 29 years), mature (30 to 89) and old (90+). Biomass classes
were divided so as to contain the same number of pixels across the full dataset: low: (less than
19 tons/ha), medium: (19–55 tons/ha) and high (more than 55 tons/ha). The analyses were to be
carried out on two combinations of independent variables: “composition and age”, and “composition
and biomass”. Preliminary tests showed no signiﬁcant correlation between composition and age or
biomass across the HFR zones.
2.2. Analytical Methods
We used logistic binomial regressions to examine the pixel-level ﬁre selectivity to biomass or age
and composition. The full set of pixels was used as the trial set from which ﬁre could select whereas the
burned subset of pixels was used as the event set that was selected by the ﬁre. Pixels in the full set and
in the burned subset were processed by HFR zone using logistic regressions in which “composition
and age” or “composition and biomass” were the independent class variables, and tested with or
without interaction among them. Calculations were done using the glm function as programmed in the
R open software [16]. Models were compared based on the smallest area under the Receiver Operating
Characteristic (ROC) curve obtained using the pROC procedure of [17] programmed within the R
open software.
Probabilities derived from the logistic models inherently reﬂect the 10-year burn rate in each
individual HFR zones, which is thought to be in large part driven by climatic conditions (top-down
factors). This effect had to be removed in order to compare the relative selectivity of ﬁre for each
“composition ˆ age” or “composition ˆ biomass” class across all HFR zones. Within each HFR zone,
we therefore divided the burn probability of each class by the mean probability of the 12 classes,
thereby transforming the probabilities into a set of normalised selection ratios in which a value of
1 represents a random selection process [18]. This normalisation enabled us to extract the effect of
forest composition and age (or biomass) on ﬁre selectivity within each HFR zone, as required by the
ﬁrst objective of this study.
For the second objective, two approaches were used to test whether or not the selectivity of ﬁre
with respect to forest composition and age or biomass changed with the regional burn rate. In the
ﬁrst approach, we used the hypothesis from [9] that an increased burn rate would decrease ﬁre
selectivity, and thus reduce the variability in selection ratios among the 12 “composition ˆ age” or
“composition ˆ biomass”. To test this, we determined the signiﬁcance of both a linear and a non-linear
relationship between the burn rate (Rb ) and the standard deviation among the 12 selection ratios (Ssr )
across the 16 HFR zones. The linear and non-linear functions tested were:
Ssr “ aRb ` b

(1)

1
aRb ` b

(2)

Ssr “

where a and b are parameters to be adjusted, using the nls function of the R open software.
In a second approach, we evaluated the relative contribution of composition, age (or biomass)
and HFR zones in classifying the selection ratios within a regression tree. Since mean yearly burn rates
vary by about 50-fold across the 16 HFR zones, we hypothesized that the HFR zones would be a strong
classifying variable should burn rates inﬂuence the selection ratios of the 12 different forest classes.
The selection ratios were used as response variable, and age or biomass, composition type and HFR
zone were included as predictor variables. The analysis was carried out using the party procedure
of [19] within the R open software with Bonferonni correction applied at p < 0.01.
As we will see in the results section, selection ratios were unaffected by ﬁre regime and were
therefore averaged by forest property class across Canada into national selection ratios. We combined
these national selection ratios and the HFR zone burn rates of [11] to map pixel-level ﬁre risk as
a function of pixel-level forest properties. The national selection ratios provide a relative measure
of ﬁre selectivity among forest property classes, but their application at the pixel level must account
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for the relative abundance of these classes within each HFR zone (Table S1a,b). For this reason, we
performed the following calculations by HFR zone. We ﬁrst calculated a “ﬁre risk adjustment factor”
by forest property class as the national selection ratio of that class divided by the weighed mean of the
12 national selection ratios (Table S2), where the weights are the relative abundances (proportion of
HFR zone pixels) of their respective forest property class. The ﬁre risk of each forest property class was
then computed as the product of its “ﬁre risk adjustment factor” and the burn rate of [11] (Table S3a,b),
and mapped by pixel across each HFR zone based on the forest property maps of Beaudoin and
colleagues [13].
3. Results
In each of the 16 HFR zone, the interaction between the independent variables
(i.e., “age ˆ composition” or “biomass ˆ composition”) were non-signiﬁcant, and the logistic
regression model with both independent variables performed better than the model with only one
variable (Table S4a,b). The exceptions to this were two HFR zones, the low-ﬁre conifer-dominated
North Atlantic (NA) and the sub-arctic Western James Bay (WBJ) (see Figure 1 for location), in which
models with age only were the best. The pixel-level probability of burning increased consistently with
age class (or biomass) within each HFR zone, and with the proportion of conifers in all HFR zones
other than NA and WBJ. Predicted 10-year probability of burning and corresponding standard errors
for each of the 12 “composition ˆ age” (or “composition ˆ biomass”) classes for the 2002 to 2011
period are shown by HFR zone in Table S5a,b. The probability values were normalized into selection
ratios by HFR zone (Table S6a,b) as described in the Methods section so as to express the relative effect
of composition and age (or biomass) while controlling for the HFR annual burn rate on ﬁre selectivity.
Overall, we found no strong evidence of a relationship between selection ratios and ﬁre regime.
In spite of a 50-fold span of burn rates across the 16 HFR zones, we found no signiﬁcant linear or
non-linear relationship (p > 0.55) between the standard deviation of the mean in selection ratios and
the burn rate (Figure 2), thereby invalidating our hypothesis of a regional burn rate effect on ﬁre
selectivity. Furthermore, only composition and age were necessary to classify the selection ratios of
forest composition and ages classes within a regression tree analysis, with p < 0.01 (Figure 3; note
that NA and WJB were not included in these analyses). The patterns were the same when using
biomass classes instead of the age ones, with the exception of a modest HFR zone effect on selection
ratio classiﬁcation of the combined mixed-deciduous and deciduous composition classes (Figure S1).
This effect is very modest in that it affects only a small part of the classiﬁcation tree for composition
types that are less abundant, and was therefore disregarded in the remainder of the analysis.
The lack of a consistent burn rate effect on selection ratios allowed us to compute national selection
ratios as the mean of all HFR zone selection ratios by “composition ˆ age” or “composition ˆ biomass”
classes (Figure 4A,B, Table 1). Only these national values are referred to hereafter. When averaged
across all age classes, pixels of pure conifer forests were selected by ﬁre 1.9 times more, and pixels
of pure deciduous avoided (avoidance = 1/selection) 2.6 times more, than what would be expected
from a random selection process. Averaged across all composition classes, pixels of old forests were
selected by ﬁre 1.6 times more, and young forests avoided by ﬁre 2.5 times more, than would be
expected from a random selection process. Results suggest that old conifer forests were selected
2.9 times more and young deciduous forests avoided 6.6 times more than what would be expected
from a random ﬁre selection process. Age (Figure 4A) and biomass (Figure 4B) performed nearly
interchangeably as controls of ﬁre selectivity or avoidance. Although the regression tree analysis was
unable to separate old from mature age classes in the pure conifer composition, and mixed deciduous
from deciduous compositions across all three age classes (Figure 3), their respective national selections
ratios are reported and were used in the mapping exercise.
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Figure 2. Standard deviations of the selection ratios of the 12 classes of composition and age across
the 16 homogeneous fore regime (HFR) zones of [11] as a function of the annual burn rate of each
HFR zone.

Figure 3. Regression tree classiﬁcation of selection ratios among the 12 composition ˆ age classes
across the 14 homogeneous ﬁre regime zones (HFR), using class variables composition, age and HFR
as classiﬁers. Box-and-whiskers plots show values of the median, ﬁrst and fourth quartiles and the 95%
conﬁdence interval of the selection ratios within each classiﬁcation. The regression tree in which age
is replaced by biomass is shown in Supplementary Material Figure S1. Note that NA and WJB zones
were excluded from these analysis.
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Figure 4. Values of the national selection ratios and avoidance ratios for (A) classes of
“composition ˆ age”; and (B) classes of “composition ˆ biomass”. A value of 1 is expected if ﬁre
selectivity is random. Selection ratios < 1 indicate ﬁre avoidance and are therefore expressed as
avoidance ratios (1/selection ratio) for this graphical representation. The national selection ratios are
means across the 16 homogeneous ﬁre regime (HFR) zones. Also shown are the standard deviations of
the selection and avoidance ratios among HFR zones.
Table 1. Mean selection ratios and corresponding standard errors (SE) of the mean calculated from
the 16 homogenous ﬁre regime zones for (A) composition ˆ age classes, and (B) composition ˆ
biomass classes.
A
Young

Mature

Old

Forest Type

Ratio

SE

Ratio

SE

Ratio

SE

Conifer
Mixed-conifer
Mixed-deciduous
Deciduous

0.80
0.43
0.22
0.15

0.15
0.05
0.04
0.04

2.00
1.16
0.57
0.40

0.26
0.16
0.08
0.10

2.90
1.79
0.96
0.63

0.35
0.26
0.20
0.16

B
Low

Medium

High

Forest Type

Ratio

SE

Ratio

SE

Ratio

SE

Conifer
Mixed-conifer
Mixed-deciduous
Deciduous

1.10
0.52
0.28
0.18

0.18
0.07
0.05
0.05

2.28
1.16
0.61
0.42

0.27
0.14
0.11
0.12

2.82
1.41
0.77
0.46

0.37
0.20
0.16
0.12
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The ﬁre risk map resulting from the incorporation of local vegetation effect on regional burn rates
shows the extent to which burn rates by HFR zone still dominate the national picture, with abrupt
transitions between contrasting HFRs (Figure 5). However, the details shown in the cut-outs emphasize
the extent to which accounting for pixel-level forest properties creates signiﬁcant within-HFR zone
modulation of local ﬁre risk. The most striking within-HFR zone features are the lower ﬁre risks
(longer return intervals) areas associated with the recent ﬁre scars in the western cut-out, but also with
the agricultural areas around the near-circular Lac St-Jean in the eastern cut-out.

ȱ
(A)ȱ

(B)ȱ

Figure 5. Map of local (pixel-level) ﬁre risks in which the HFR-level ﬁre risks of [11] have been
modulated at the pixel level by ﬁre selectivity given the pixel’s composition and age. For the sake of
clarity, ﬁre risk is presented in terms of ﬁre return interval (1/burn rate), and where long intervals
represent a low ﬁre risk. Cut-outs show in greater details the within-HFR degree of modulation as well
as the abrupt transitions at HFR zone borders for regions across (A) western and (B) eastern forest
regions of Canada.
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4. Discussion
Our results demonstrate that ﬁre selectivity or avoidance with respect to stand properties can be
described in terms of forest composition and age (or biomass). Composition in terms of conifers or
deciduous species was used as a proxy for ﬂammability, while age or biomass was used as a proxy
for fuel load. Both proxies proved to be powerful and independent classiﬁers of ﬁre selectivity.
These results agree with studies that found lower ﬁre risks in young or deciduous stands [9,20–22] in
regional analyses of ﬁre statistics and forest composition. Our results also complement those of [23] on
the relationship between forest composition and regional burn rates, by providing an evaluation at
a local level and as a function of both composition and age (or biomass).
The absence of interaction between composition and age (or biomass) with respect to ﬁre risk in
our analysis contrasts with results from studies that have highlighted such interactions [8] or shown
differences in ﬁre risk among different coniferous species [24,25]. These studies were apparently able
to capture subtleties in ﬁre behavior induced by local vegetation composition and age at the within-ﬁre
scale. Such effects may simply be too local to be captured in our national-scale analysis.
The absence of interaction between burn rates and the forest property-based selection ratios is
in line with the regional results of [9] and suggests that our results capture the general ﬂammability
and loading within our generic species classiﬁcation. Conifer species dominance across Canada
ranges from Abies balsamea, (L.) Mill. a ﬁre avoider (sensu [1]) in the wet North Atlantic HFR
zone to the ﬁre-embracing Pinus banksiana Lamb. in the high-burn rate Lake Athabaska HFR zone.
Such a difference in species dominance does not seem to affect the selection ratios, and may suggest
a low impact of the dominant conifer species on the regional burn rate. By contrast, [1] linked the
prevalence of canopy versus ground ﬁres in North America versus Eurasia to trait differences between
dominant conifer tree species. It is apparent that the fundamental differences in tree architecture linked
to ﬁre types in the intercontinental comparison do not seem to be prevalent within Canada’s forests.
Many studies have found small scale differences in ﬁre behavior among conifer species, with
results for Canada’s forests encapsulated in the 16 fuel types of the Canadian Forest Fire Behavior
Prediction (FBP) System [26]. Studies have also shown the temporally or locally dominant effects of
weather and of ﬁne-scale variables such as topography or surﬁcial deposits [7,27] on ﬁre occurrence.
Our analysis is based on empirical “realized” ﬁre occurrence, and, as in [28], yields results that may
differ from those from process-based analysis of ﬁre potential or behavior. Such a difference, however,
is likely a matter of scale and optics as we do not attempt to capture elements ﬁre behavior such as the
rate of spread or the energy of the ﬁre front, but rather assess the ﬁre risk of pixel-level forest types
independently of their neighbors. Also, our choice to perform this analysis at the scale of Canada and
at the resolution of 250 m pixels means a near impossibility to reconcile our national-level results with
highly local effects other than forest properties. Nevertheless, the quantitative evaluation of forest
selectivity or avoidance based on our independent variables provides a level of information and spatial
resolution that can be used to support management decisions.
5. Conclusions
The projections of future regional ﬁre risk as performed by [11] and others assume that the
inﬂuence of vegetation is stationary, based on the assumption of complete ﬁre randomness within
a ﬁre regime zone. However, it is now apparent that there is a negative feedback process between
ﬁre regime and vegetation dynamics, as suggested by [21] and [29], on account of the avoidance of
regenerating stands by ﬁre, and even more so if hardwood regeneration is enhanced. Although not
perfect, our results should help improve the evaluation of landscape-level ﬂammability [30], the design
of ﬁre management activities and the development of adaptation measures to an increased ﬁre risk.
Supplementary Materials: The following are available online at www.mdpi.com/1999-4907/7/8/157/s1,
Figure S1: Regression tree classiﬁcation of selection ratios among the 12 composition ˆ biomass classes across
the 14 homogeneous ﬁre regime zones (HFR), using class variables composition, age and HFR as classiﬁers.
Box-and-whiskers plots show values of the median, ﬁrst and fourth quartiles and the 95% conﬁdence interval
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of the selection ratios within each classiﬁcation. Note that the homogeneous ﬁre zones NA and WJB were not
included in the analysis, Figure S2: Map of the homogeneous ﬁre regime (HFR) zones of [11] in which the
HFR-level ﬁre risk has been modulated at the pixel level by ﬁre selectivity given the pixel’s composition and
biomass. The legend refers to the ﬁre return interval, in years, which is equal to 1/(fractional annual burn
rate), Table S1a: Relative abundance of each composition and age class, expressed as a fraction of total pixel
numbers, within each of the 16 homogeneous ﬁre regime (HFR) zones, Table S1b: Relative abundance of each
composition and biomass class, expressed as a fraction of total pixel numbers, within each of the 16 homogeneous
ﬁre regime (HFR) zones, Table S2: Abundance-weighed mean of the 12 national selection ratios for Age and
composition and for Biomass and composition Age ˆ Composition forest property classes, Table S3a: Adjusted
burn rate for each forest property classes of each HFR region for Age ˆ composition forest property classes,
Table S3b: Adjusted burn rate for each forest property classes of each HFR region for Biomass ˆ composition forest
property classes, Table S4a: Values of “Receiver Operating Characteristic” (ROC) used to compare regression
models to explain the pixel-level occurrence of ﬁre within the homogeneous ﬁre regime zones of [11], and
using forest composition (conifer, mixed-conifer, mixed-deciduous and deciduous) and age (0–30, 31–90, 91+) as
independent variables. Values in bold indicate the model used to compute the regional selection ratio based on the
logistic regression results obtained with glm, Table S4b: Values of “Receiver Operating Characteristic” (ROC) used
to compare regression models to explain the pixel-level occurrence of ﬁre within the homogeneous ﬁre regime
zones of [11], and using forest composition (conifer, mixed-conifer, mixed-deciduous and deciduous) and biomass
(low: <19 tons/ha; medium: 19–55 tons/ha; high: >55 tons/ha) as independent variables. Values in bold indicate
the model used to compute the regional selection ratio based on the logistic regression results obtained with glm,
Table S5a: Predicted 10-year probabilities of burning (2002–2011) and their corresponding standard error for each
combination of composition and age from logistic binomial regression models. Homogeneous ﬁre regime (HFR)
zones and their annual burn rates (BR; %) are from [11]. HRF zone names are detailed in Figure 1 of the main
text, Table S5b: Predicted 10-year probabilities of burning (2002–2011) and their corresponding standard error
for each combination of composition and biomass from logistic binomial regression models. Homogeneous ﬁre
regime (HFR) zones and their annual burn rates (BR; %) are from [11]. HRF zone names are detailed in Figure 1
of the main text, Table S6a: Selection ratios by homogeneous ﬁre regime (HFR) zone for the 12 composition
and age classes, Table S6b: Selection ratios by homogeneous ﬁre regime (HFR) zone for the 12 composition and
biomass classes.
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Abstract: The fuel characteristics that inﬂuence the initiation and spread of wildﬁres were
measured in Keteleeria fortune forest (FT1), Pinus yunnanensis forest (FT2), P. yunnanensis and
Platycladus orientalis (L.) Franco mixed forest (FT3), P. yunnanensis Franch and K. fortunei (Murr.)
Carr mixed forest (FT4), Tsuga chinensis forest (FT5), and P. orientalis forest (FT6) in southwest Sichuan
Province, China. We compared vertical distributions of four fuel classes (active fuel, ﬁne fuel, medium
fuel and thick fuel) in the same vertical strata and in different spatial layers, and analyzed the ﬁre
potential (surface ﬁre, passive and active crown ﬁres) of the six forest types (FT). We then classiﬁed
the six forest types into different groups depending on their wildﬁre potential. By using the pattern
of forest wildﬁre types that burnt the most number of forests, we identiﬁed four ﬁre susceptibility
groups. The ﬁrst two groups had the lowest susceptibility of active crown ﬁres but they differed in
the proportion of surface and passive crown ﬁres. The third group was positioned in the middle
between types with low and extremely high ﬁre susceptibility; while the fourth group had the highest
susceptibility of active crown ﬁres. The results of this study will not only contribute to the prediction
of ﬁre behavior, but also will be invaluable for use in forestry management.
Keywords: stand characteristics; ﬁre susceptibility; forest types; canonical component analyses

1. Introduction
Wildﬁre is a primary source of natural disturbance in forest ecosystems, and it plays an important
role in determining the landscape structure and plant community composition. Wildﬁres are classiﬁed
into ground, surface, and crown ﬁres, based on the strata where the burning occurs [1]. For example,
the shrub and small trees stratum act as a “ladder fuel” that forms a continuous ladder fuel from
the surface fuel up to the canopy fuel, which can turn low-intensity surface ﬁres into severe canopy
ﬁres, potentially resulting in active crown ﬁres [2,3]. Crown ﬁres include active crown ﬁres when a
solid ﬂame develops in the crown of trees where the surface and crown phases advances as a linked
unit dependent on each other. Passive crown ﬁre is where a ﬁre in the crown of the trees in which
a tree or group of trees torch, ignited by the passing front of the ﬁre [1,4,5]. Fire susceptibility is
determined by the distribution, type and continuity of fuel [6]. Assessing the potential of wildﬁres is
an important factor for ﬁre prevention and suppression planning. Forest managers are expressing a
growing interest in proactively reducing an area’s susceptibility to ﬁres, yet ﬁres remain responsible
for a large proportion of the annual area burned in ﬁre-prone ecosystems. Our knowledge of wildﬁre
prevention and its relationship with forest type is lacking [7–9].
Fuels, weather, and terrain are key factors inﬂuencing the initiation and spread of wildﬁres [10],
and of these three factors, only fuels can be actively managed [11]. The term “fuel” does not stand for
a single object but is a complex multi-layered system, which includes the following layers from surface
to canopy: a semi-decomposed layer, an active/ﬁne fuel layer, a large fuel layer, a herb layer, a shrub
Forests 2016, 7, 52
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layer and a tree layer [12]. The spatial characteristics of fuel include the quantity, size, and continuity,
which mainly affect behavior of the ﬁre, such as the rate of spread and ﬁre intensity [13,14]. It would
be prohibitively difﬁcult to maintain an inventory of all fuel characteristics because fuel is structurally
complex and varies widely in its physical attributes. Thus, an orderly method of classifying fuels and
inferring fuel properties from limited observations is needed.
A classiﬁcation and characterization method simpliﬁes the complexity to a reasonable degree and
does not oversimplify the description of forest fuel [15,16]. Since the 1930s, Hornby [17] classiﬁed fuels
based on their potential rate of spread in the United States. Rothermel [10] developed a mathematical
model that allowed consideration of the intensity and rate of spread of ﬁres among reasonably
homogenous fuels types, including ﬁre behavior prediction systems. Increasing characterization of
different forest types has allowed for the establishment of 13 fuel models to simulate ﬁre intensity
and the spread of surface ﬁres through grass, shrub, timber, and logging slash forest types [18]. The
BEHAVE model [19] was developed to provide standardized numerical fuelbed descriptions in order
to generate reasonable and accurate ﬁre behavior predictions using Rothermel’s spread model. This
model is the most widely used to predict ﬁre behavior, today, and it greatly increased the demand for
quantitative data of different forest types.
Fire spread models were tentatively established by Chinese scholars using the Rothermel
model [9,20,21]. These models incorporate an assessment of surface and crown ﬁre potential and
enable the user (the forest manager) to create and catalogue fuel classes. However, the limitations of
these fuel models and the frequent change of forest types make it difﬁcult to apply fuel models that
were developed for other regions.
Fires are a natural part of the landscapes of Sichuan Province in southwestern China, so the
dynamics of burning are part of their natural ecosystems [22,23]. In Sichuan province, the forested area
until the Fifth Forest Resources Inventory was 13,301,500 ha, and was 11.6 ha per capita [9]. During the
29-year period, from 1979 to 2008, there were 4774 wildﬁres; 90 percent of all wildﬁres in a given year
occur from January to May [9]. Therefore, wildﬁres are an integral part of the region’s ecology and
botanical diversity, which makes understanding their dynamics essential for forest management in
Sichuan. When a ﬁre occurs, it poses a serious threat to property and safety in regions where natural
areas are adjacent to urban areas. Thus, the importance of predicting wildﬁre behavior in assessing ﬁre
potential is a prerequisite for evaluating the effectiveness of fuel management during ﬁre prevention
planning [24,25].
Since the 1980s, studies on forest fuel in southwestern Sichuan have assessed the main vegetation
types according to ﬁre danger classes [26], the inﬂuence of extreme climate on fuel distribution [23],
the combustion characteristics of Pinus yunnanensis Franch [20], and control measures for wildﬁres [27].
However, previous studies did not take into consideration the different forest types that are found in
the region, mainly due to the difﬁculty of determining the potential ﬁre behaviour by forest managers
during daily observations. To improve fuel management and ﬁre suppression planning, there is a
clear need for additional information on the spatial distribution and classiﬁcation of fuel types in
Sichuan Province.
In this study, we conducted ﬁeld measurements of forests to classify coniferous forests into forest
types as a function of their ﬁre potential. Our study includes detailed ﬁeld classiﬁcations in every
layer where different diameters of fuel were found, and their implications for the potential of ﬁre
spread at the stand scale. The study objectives were to: (1) compare the spatial distribution of fuel
loadings in different coniferous forest types, (2) analyze the ﬁre potential of different conifer forests,
and (3) classify the different forest types into different fuel types depending on the pattern of ﬁre types
that burned them.
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2. Materials and Methods
2.1. Study Area
The study area was conducted in the southwestern region of Sichuan Province (between
101˝ 081 –103˝ 531 E and 26˝ 051 –29˝ 271 N), China, which included two regions, the Liangshan
Autonomous Prefecture and Panzhihua City (Figure 1). The region has a dry, subtropical monsoon
climate typiﬁed by hot summers, warm winters, and slightly more precipitation during the summer
than the winter and spring. The annual average temperature of 15 ˝ C is one of the highest in Sichuan
Province, with mean daily temperatures ranging from 13 ˝ C in winter to 26 ˝ C in summer. Mean
average annual rainfall ranges from 820 to 1160 mm and is concentrated in the summer, with winter
rainfall representing only about 7% of the annual total. Average annual sunshine ranges between 2000
and 2700 h, relative humidity ranges from 56% to 71%, while the mean annual average wind speed
is 1.75 m¨ s´1 .
The study site contained 74.2% mountain, 10.3% hilly, 8.2% plain and 7.3% plateau regions. The
elevation is between 186 and 6511 m, and the average slope is 18˝ [28]. By the end of 2014, the human
population was 81,400,000. Vegetation mainly includes four types, they are cold-temperate zone
coniferous forest, temperate broad-leaved coniferous mixed forest, north-subtropical deciduous and
evergreen broad-leaved mixed forest, and mid-subtropical deciduous and evergreen broad-leaved
mixed forest.

ȱ
Figure 1. Study area in Sichuan Province, China.

2.2. Site Selection and Measurements
During the initial stage of the research, we evaluated candidate sites where wildﬁres had
occurred more than twenty years prior and where no fuel treatment activities had been carried
out within the perimeter of the wildﬁre. We consulted with ofﬁcials from the Forest Fire Prevention
Headquarters Ofﬁce of Sichuan Province and reviewed wildﬁre records to determine the suitability of
sites, identifying six forest types (hereafter, FT) that met our selection criteria: Keteleeria fortune forest
(FT1), Pinus yunnanensis forest (FT2), P. yunnanensis and Platycladus orientalis (L.) Franco mixed forest
(FT3), P. yunnanensis Franch and K. fortunei (Murr.) Carr mixed forest (FT4), Tsuga chinensis forest (FT5),
and P. orientalis forest (FT6). We avoided selecting locations with confounding inﬂuences that likely
changed the wildﬁre potential, such as roads, rivers, or constructed ﬁrelines. For each selected forest
type, three to ﬁve transects that spanned the area were placed parallel to each other and 100 meters
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apart [15]. We aimed to locate different stands with the same species composition and to minimize
differences due to topography and local climate by selecting transects that were in close proximity to
each other. Three to ten fuel plots were established at 100-m intervals along each transect based on
the size of the forested area and variability in landforms. A plot area covering 400 m2 (20 m ˆ 20 m)
was used to measure the fuel composition [14]. A total of 5 transects (45 plots) were sampled in
FT1, 4 transects (37 plots) in FT2, 5 transects (44 plots) in FT3, 5 transects (48 plots) in FT4, 4 transects
(36 plots) in FT5, and 5 transects (43 plots) in FT6. A total of 28 transects (253 plots) were sampled in
the six forest types.
We considered all trees higher than 3 m in each plot and we classiﬁed them into three classes: small
(3–5 m), medium (5–8 m) and large trees (>8 m). Then, we measured the following: diameter at breast
height, height, age, canopy closure, canopy base height and canopy width. The initial classiﬁcation
of stands was based on site speciﬁc data including elevation, slope, and aspect. Total height and the
height to the live crown base were measured with a hypsometer laser Vertex III [29]. The canopy
closure in each plot was estimated using a spherical densitometer [30], and the slope was measured
with a forest compass [31]. The elevation was estimated by GPS.
2.3. Forest Fuel Proﬁles
2.3.1. Crown Layer
We estimated the crown fuel loading using the following steps:
(1) Selection of standard wood: In each plot, two trees in the forests composed of single species
and three to ﬁve trees in mixed forests were randomly chosen as standard wood (SW) from each
representative forest (FT1–FT6). The selection criteria were as follows: (1) the difference was no more
than ˘10% between the diameter of standard wood and the average diameter; (2) the difference was
no more than ˘5% between the height of standard wood and average height [14].
(2) Selection of standard branches (SB): We selected three live and three dead standard branches
(SB) for each species of SW in each plot, and calculated the average wet weight of an SB for each species.
An SB was representative of the size and distribution of other branches. Then, standard branches were
divided into six components (see (4)) based on diameter. Determining standard branches provides an
advantage by providing information about the amount of fuel per tree without cutting down the trees.
For other examples of standard branches used in forestry studies, see Zhang [28], and Niu [14].
(3) The crown fuel was divided into 11 vertical layers: 0–1, 1–2, 2–3, 3–4, 4–5, 5–6, 6–7, 7–8, 8–9,
9–10, and above 10 m. The number of live and dead SBs (N) in every layer of the tree was recorded.
(4) SBs were divided into six components, based on diameter (D): (1) dead fuel, (a) 1-h fuels
(D < 0.64 cm), (b) 10-h fuels (woody biomass 0.64 ď D < 2.54 cm), (c) 100-h fuels (2.54 ď D < 7.6 cm),
and (d) 1000-h fuels (D ě 7.6 cm); and (2) live fuel, (a) foliage and twig (ď1 cm), and (b) big branch
(1< D ď 10 cm) [32]. All the SB harvested material was weighed by size class to the nearest gram using
a digital scale in the ﬁeld [33]. After that, subsamples of each SB size class were taken back to the
laboratory to be weighted, and oven dried at 105 ˝ C [34], then weighed again [14].
(5) Calculations
Formula 1 was used to calculate the ratio of the fresh and dry (R) material.
R“

WD
WN

(1)

where R is fuel ratio of the wet and dry (g), W N is the wet weight of the fuel (g), and WD is the dry
weight of the fuel (g).The fuel loading (W) was calculated with Equation (2).
N
W“

n
ř
i “1

Fi R

1000SH
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where W is the canopy bulk density (kg¨ m´3 ), Fi is the fresh weight of the ith SB fuel classes (g), N is
the number of SBs, and S is the area of the site (m2 ), H is the height of every layer.
2.3.2. Shrub and Herb Layer
We determined the shrub and herb species, the total number of each species, and their height (cm)
and weight (g) in 2 m ˆ 2 m quadrats for shrubs and 1 m ˆ 1 m quadrats for herbs within the plots at
each of the four corners and in the center using the clear cut method. All shrub and herb harvested
material was weighed by their size classes to the nearest gram using a digital scale [33]. After that,
subsamples of each the shrub and herb size class were taken back to the laboratory to be weighed and
dried at 105 ˝ C [34], then weighed again [14].
2.3.3. Surface Dead Layer
In 1 mˆ 1 m sampling quadrats, we investigated the thickness and type of litter layers (leaves,
cones, and bark) and dead fuels (1-h, 10-h, 100-h,and 1000-h) [35]. All litter and dead fuel harvested
material was weighed by their size classes to the nearest gram using a digital scale [33]. After
that, subsamples of each litter size class were taken back to the laboratory to be weighed and dried
at 105 ˝ C [34], then weighed again [14].
We calculated the loading of shrubs, herbs and surface dead fuel with Equation (3):
W“

Fi R
1000S

(3)

where W is the fuel loading (kg¨ m´2 ), S is the area of the quadrats, and Fi is the fresh weight of the
shrubs, herbs and dead surface fuel (g), R is the ratio of the fresh to dry material.
2.4. Data Analysis
We separated surface and crown fuel into four fuel classes: (1) active fuel (litter layers and 1-h),
(2) ﬁne fuel (herbs, foliage and 10-h), (3) medium fuel (branches (D ď 1 cm) and 100-h), and (4) thick
fuel (branches (1 < D ď 10 cm) and 1000-h) [36–39] (1-h, 10-h, 100-h, 1000-h from the tree or dead
surface fuels). There are many factors that affect the combustion characteristics of fuel, such as species,
continuity, and moisture content; however, we focused on the diameter of the fuel in this paper.
The homogeneity of variances and the normality of distribution were determined for the six forest
types and four fuel classes using the least signiﬁcant difference (LSD) multiple comparison method.
To clearly illustrate the spatial distribution of surface fuel, we analyzed the surface fuel loading as a
variable using descriptive statistics—frequencies. The statistical analyses were performed with SPSS
software (version 18.0), and differences were considered signiﬁcant at the level of α = 0.05.
2.5. Fire Behavior Simulations
We consulted with ofﬁcials from the Forest Fire Prevention Headquarters Ofﬁce of Sichuan
Province, reviewed wildﬁre records, and the meteorological conditions to determine three burning
conditions: low (fuel moisture of 15% and a wind speed of 5 km¨ h´1 ), moderate (fuel moisture
of 10% and a wind speed of 15 km¨ h´1 ), and extreme (fuel moisture of 5% and a wind speed of
30 km¨ h´1 ). We conducted separate analyses for each plot depending on plot location and the three
burning conditions. All of the wind values refer to 10-m open windspeeds. The wind adjustment factor
was considered as 0.3, which was applied to all fuel models. Heat content values for all simulations
were obtained from Niu’s [14] work. Fire intensity and spread rate of a crown ﬁre were evaluated using
Rothermel's [10] surface ﬁre spread model and Rothermel's [40] crown ﬁre spread model, respectively,
using BehavePlus v. 5.0.4 [41]. We used the custom fuel model and set many parameters (surface fuel
loading, crown fuel density of each plot, moisture content, heat content values, canopy base height,
wind speed and slope). According to the simulated effects of the ﬁre on the plot and the neighboring
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plot, we distinguished three ﬁre types (surface ﬁres, passive crown ﬁres, and active crown ﬁres) by
Alvarez’s [29] criterion.
We used canonical component analyses (CCA) to evaluate the differences among the six forest
types in terms of outcome of ﬁre type under extreme ﬁre weather conditions. The environmental
dataset included tree age, height, elevation, slope, aspect, density, canopy closure, and diameter at
breast height (DBH) in each plot. The environmental data were measured in the ﬁeld except aspect
need to be converted by digitizing in the calculation process [13]. Additionally, the ﬁre type in each
plot (under extreme burning conditions) was considered the “species” in the data matrix. From
these analyses, we identiﬁed the groups of forest types that showed a similar response, yet could be
considered different ﬁre types. We did not measure ground ﬁres because in these unmanaged forests,
ground ﬁres are commonly absent.
3. Results
3.1. Description of Six ForestTypes
We described each forest type with statistics on surface fuel horizontal continuity, canopy closure,
and fuel horizontal (which had been measured through the density and canopy width) and vertical
continuity (which had been measured through the proportion on trees in different height class and
vertical distribution of fuel classes). Results are summarized in Tables 1–3 and Figures 2 and 3.
Forest Type 1 (FT1) had three layers, a high density of stems (Table 1) that contributed to its very
high horizontal continuity, vertical continuity and high canopy fuel loading (Figure 3). As the height
of trees increased, active fuel declined gradually, while ﬁne fuel, medium fuel, and thick fuel increased
gradually. Only ﬁne fuel, medium fuel, and thick fuel were distributed above 7 m (Figure 3). This gap
in the canopy also led to a high understory density. The surface continuity had a loading between 0.50
and 0.75 kg¨ m2 , which accounted for about 80% of the total loading, while more than 0.90 kg¨ m´2
accounted only for 6.7% (Figure 2).
Table 1. Mean of the variables used to describe the six forest types identiﬁed in southwest Sichuan
Province, China.
Forest
types

N

Canopy
Closure

Diameter
at Breast
Height (cm)

Height
(m)

Crown
Width
(m)

Small
Trees
(%)

Medium
Trees (%)

Large
Trees (%)

Slope(˝ )

Elevation
(m)

FT1
FT2
FT3
FT4
FT5
FT6

45
37
44
48
36
43

0.8
0.7
0.7
0.6
0.8
0.6

11.8 (4.6)
16.5 (3.6)
10.9 (3.2)
14.6 (4.1)
12.0 (5.3)
7.4 (2.9)

10.7 (0.7)
10.9 (1.1)
12.7 (2.1)
10.3 (1.7)
12.8 (0.9)
10.5 (0.8)

3.5 (0.3)
4.1 (0.9)
2.2 (0.3)
2.6 (0.5)
3.2 (1.6)
1.6 (0.5)

20 (6)
0
27 (4)
26 (3)
17 (2)
33 (7)

15 (4)
6 (2)
4 (1)
23 (3)
65 (7)
33 (9)

65 (16)
94 (11)
71 (10)
51 (12)
18 (8)
44 (9)

28 (2)
30 (1)
27 (2)
35 (2)
34 (1)
30 (3)

1507 (20)
1598 (21)
1609 (27)
1509 (32)
3014 (25)
1551 (35)

Aspect
NW
SW
NE
SW
NE
NW

Tree
Age
37 (1)
30 (2)
28 (2)
35 (3)
30 (1)
40 (5)

The number in parentheses is the standard deviation. We classiﬁed trees into three classes based on total height:
small (3–5m), medium (5–8 m) and large trees (>8 m). N: number of plots.

Forest Type 2 (FT2) was a simple structure that was characterized by a layer of large trees (>90%)
with lower values of surface structure, canopy fuel loading, and tree density (Tables 1 and 2 and
Figure 3). FT2 had the lowest small-sized trees, the lowest canopy base height, the highest value
of DBH, and largest crown width. Therefore, FT2 had low vertical and high horizontal continuity.
The total surface fuel loading was signiﬁcantly lower than the other two forests that contained
P. yunnanensis forests (Table 2). FT2 contained three fuel classes (active fuel, ﬁne fuel, and thick fuel)
on the surface. Thick fuel was signiﬁcantly different from the other forests at the p-value of 0.05. The
active fuel loading in FT2 was more than 0.14 kg¨ m´2 , which accounted for 41% of the total loading.
The horizontal distributions had mid-continuity (Figure 3). Due to its large crown width and the low
light levels at the forest ﬂoor, FT2 had the lowest understory density.
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Table 2. Loadings of surface fuel classes (active fuel, ﬁne fuel, medium fuel and thick fuel) by six forest
types (unit: kg¨ m´2 ).
Forest types

Active Fuel

Fine Fuel

Medium Fuel

Thick Fuel

Total

FT1
FT2
FT3
FT4
FT5
FT6

0.30 (0.07)
0.14 (0.04)
0.63 (0.16)
0.25 (0.06)
1.11 (0.25)
0.16 (0.04)

0.04 (0.01)
0.07 (0.01)
0.05 (0.01)
0.08 (0.01)
0.60 (0.17)
0.02 (0.01)

0.08 (0.03)
0.00
0.00
0.18 (0.04)
0.06 (0.01)
0.00

0.20 (0.07)
0.13 (0.05)
0.36 (0.14)
0.16 (0.05)
0.57 (0.17)
0.05 (0.01)

0.62 (0.10)
0.34(0.08)
1.04 (0.15)
0.67 (0.07)
2.34 (0.72)
0.23 (0.07)

The number in parentheses is the standard deviation.

Table 3. Percent of ﬁre types (surface (S), Passive crown ﬁre (P) and Active crown ﬁre (A) from
simulation of different ﬁre weather scenarios at 10 m wind speed (U), and fuel moisture content (M f )
for the six forest types. Fire types were derived according to Alvarez [29] ﬁre spread criteria and
Rothermel’s [10] surface ﬁre spread model and Rothermel’s [41] crown ﬁre spread model.
Forest
types
FT1
FT2
FT3
FT4
FT5
FT6

Low
(U = 5 km¨ h´1 , Mf = 15%)

Moderate
(U = 15 km¨ h´1 , Mf = 10%)

Extreme
(U = 30 km¨ h´1 , Mf = 5%)

S

P

A

S

P

A

S

P

A

78
100
80
79
95
87

22
0
20
21
5
13

0
0
0
0
0
0

33
85
32
30
40
27

38
15
47
35
45
65

29
0
21
35
15
8

22
70
0
0
0
0

45
30
25
39
8
17

33
0
75
61
92
83

ȱ
Figure 2. Observed (bar) and ﬁtted (curve) distributions of surface fuel loading by six forest types.
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ȱ
Figure 3. A vertical proﬁle of the aboveground canopy bulk density of four fuel classes in six
forest types.

Forest Type 3 (FT3) was a structure with a layer of large trees (percent of large trees was 50%) and
a second layer of medium and small trees that contributed to its higher vertical continuity. FT3 had
a higher tree density and canopy base height than FT2. The crown distribution of the various fuel
classes in each layer was different (Figure 3), but the total fuel loading increased sharply above 10 m.
However, there was a small quantity of loading between 6 m to 7 m. Active fuel was only distributed
between 4 m and 9 m (Figure 3). Surface fuels were also distributed relatively heterogeneously, though
not to the degree as we observed in FT5 (Figure 3).
Forest Type 4 (FT4) had three layers, the ﬁrst layer was composed of large trees, small trees and
medium trees were almost identical (26% versus 23%). Almost all fuel classes were distributed in each
canopy layer, which reached a maximum between 5 and 8 m; however, there was a small quantity of
loading between 1 m and 5 m. The loading of active fuel was 0.25 kg¨ m´2 ,which accounted for 37% of
the total loading in the type (Table 2). The surface fuel distribution was continuous enough to allow
for the spread of a surface ﬁre.
Forest Type 5 (FT5) was an irregular structure that contained three layers (each with a proportion
of 17% to 65%), and had a medium tree density (>60%) and high vertical continuity (Figure 3).
Structure and loading in the crown were similar in the layers above 1 m. The moss attached to branches
acted as a ladder that allowed the ﬁre to climb up to the crown. The surface loading of active fuel
(1.11 kg¨ m´2 ), ﬁne fuel (0.60 kg¨ m´2 ), and thick fuel (0.57 kg¨ m´2 ) reached a maximum among the
six forests (Table 2). Surface fuels had the lowest horizontal discontinuity compared with the other
forest types, and we observed a large area of bare grounds (Figure 3).
Finally, Forest Type 6 (FT6) was also a three-layer structure, with high vertical continuity and
a low density of stems that resulted in this forest type having the lowest horizontal continuity and
canopy loading. The majority of crown loading was ﬁne fuel and medium fuel (>70%). Active fuel
declined gradually as the height of the trees increased, while ﬁne fuel and medium fuel increased
gradually with an increase in tree height. Although the high horizontal continuity of surface fuels in
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these plots would be conducive to ﬁre spread (Figure 2), the low fuel loadings would only support low
intensity surface ﬁres.
3.2. Pattern of Fire Types Burning in the Different Forest Types
We compared the pattern of ﬁre types between different forests types under three burning
conditions (low, moderate and extreme) in Table 3. In the low burning condition, there were only
surface ﬁre and passive crown ﬁres. Under low burning conditions, only surface ﬁres occurred in FT2
because the fuel structure had the lowest vertical continuity and highest horizontal continuity. In FT5,
ﬁve percent of the ﬁres were passive crown ﬁres and the remaining were surface ﬁres (Tables 1 and 3,
Figure 3). FT4 and FT3 had similar proportions of surface ﬁre, while FT1 and FT6 had similar ﬁre types.
Compared to low burning conditions, a proportion of passive crown ﬁres occurred in all forest types
under moderate burning conditions and extreme burning conditions because of low moisture content
and high wind alignment. Under extreme burning conditions, there were high proportions of plots
burning with active crown ﬁres in all forests except FT2. There was no active crown ﬁres in FT2 and
70% of the ﬁres remained as surface ﬁres burning under extreme conditions.
3.3. The Differences among the Six Forest Types Using CCA
Figure 4 illustrates the differences in ﬁre type outcome among the six forest types as viewed
using CCA. The ﬁrst axis of this analysis explained 78.9% of the variance in ﬁre type under extreme
conditions. Four groups could be differentiated based on our CCA (Figure 4A). FT1 was signiﬁcantly
different from all of the other forest types and was located at the positive end of axis 1, and is likely in
this location due to the higher surface fuel (Table 2), canopy fuel loading (Figure 3) and tree density
(Table 1).The lower left of the diagram contained FT5 and FT6, showing that the interaction between the
environmental factors and stand structure inﬂuenced the entire fuel “system”. FT4 and FT3 emerged
to the right of axis 2, and FT2 was located on the bottom right of the diagram. According to Figure 4B,
the ﬁrst axis contained positive values that were associated with density (r = 0.865), diameter at breast
height (r = 0.623), and canopy closure (r = 0.616); the second axis contained positive values that were
associated with height (r = 0.605) and negative values associated with aspect (r = ´0.668), The slope,
tree age and diameter at breast height had a lesser inﬂuence as indicated by the small arrow length
compared to height, density, elevation and canopy closure.

ȱ
Figure 4. Representation of (A) plots of the six forest types and (B) environmental factor variables on
the ﬁrst two axes of the canonical component analysis. n = 253 plots.
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4. Discussion
Our results indicated that the distribution and structure of four fuel classes, the total loading
and ﬁre potential differed among the six forest types. Using CCA analysis, four groups of FT were
differentiated (FT1), (FT2), (FT4 and FT3), and (FT5 and FT6), had characteristics in common that
determined the type of ﬁres that burned them under the extreme burning condition. The results of
the predicted ﬁre potential indicated that the presence of a particular forest type could increase the
susceptibility of active crown ﬁres. Thus, less understory loading at the plot level but continuous
distribution and lower fuel moisture could have the same effect in initiating crown ﬁres as a higher
amount of understory. It is possible that wind speed and continuity are the key elements for the
transition from a surface ﬁre to a passive crown ﬁre and, later, to an active crown ﬁre. Niu [14]
suggested that the highest increase in size and severity of ﬁres occur with higher vertical and horizontal
fuel continuity. Larger crown width, higher canopy fuel loading, and higher density of trees increase
the horizontal continuity and created favorable opportunities for the spread of crown ﬁre. Vertical
continuity increased with the presence of three tree layers and the “ladder fuel” that provides continuity
from the surface fuel to canopy fuel. The FT1 has an increased susceptibility of having active crown
ﬁres due to a high tree density and canopy fuel loading, which result in high horizontal continuity
and high density as well as a lower live crown with vertical continuity of branches that result in a
high vertical continuity. However, FT1 did not generate the highest percentage of active crown ﬁres
(Table 3). This may be due to unsuitable conditions to initiate crown ﬁres, such as the proportion of
medium fuel and thick fuel being higher than 68%, which can raise the ignition point [14], or due to a
lower wind speed as a consequence of it being a dense forest [42]. Thus, FT1 had a high mineﬁeld of
potential susceptibility for generating active crown ﬁres, but the conditions for crown ﬁre initiation
were lower.
Compared to FT1, the susceptibility of having active crown ﬁres in FT5 can increase by the
increment of ladder fuels (represented by medium trees, or small trees, especially with epiphytic moss)
(Tables 1 and 3). Thus, irregular understory density and lower fuel moisture can lead to the highest
susceptibility of surface ﬁres transiting to active crown ﬁres. According to the historical ﬁre record,
surface, ground and crown ﬁres occurred simultaneously, which caused irreversible damage. Only
two ﬁres (with burn areas of 948 and 666 ha, both in March 1999) occurred in FT5 in March 1999 when
there was little rainfall. In meteorological records, there were 74 consecutive days without rain fall in
our study area. Therefore, the identiﬁcation of FT5 is important for suppression planning, because it
generate ﬁres with behavior exceeding the extinction capacity. It would be best to reduce the amount of
ladder fuels by thinning from below, as well as small diameter trees, cutting shrubs and herbs [43,44].
Additionally, pruning the crown to a half or third of the height of the tree could help to reduce ladder
fuels. It is possible to also immediately fell a few trees to reduce the canopy density and break the
horizontal continuity.
FT2 had a single layer with large trees, low surface fuel loading, and a high canopy base height
that originated the most surface ﬁres without any active crown ﬁre initiation (Tables 2 and 3, Figure 3).
The fuel quantity, structure and continuity of four fuel classes in FT2 makes the transition to crown
ﬁre more difﬁcult (Table 3, Figure 3). However, combined with the higher horizontal continuity of the
surface in this type, contributes to greater spreading for surface ﬁres (Figure 2). Therefore, cleaning the
surface fuel could help suppress the initiation of surface ﬁre.
The type that resulted in the highest instances of passive and active crown ﬁres was FT6 (Table 3),
which had a structure with three layers of small trees, medium trees and large trees (Table 1), and
higher vertical continuity (Figure 3). In addition, FT6 only included three fuel classes in the crown:
active fuel, ﬁne fuel and medium fuel (active fuel + ﬁne fuel > 60%). As a consequence, crown ﬁres can
consume more biomass due to the presence of active fuel and ﬁne fuel above a critical rate. This critical
spread sustains passive crown ﬁres, which increases the spread, and causes a larger consumption of
trees, including active fuel and ﬁne fuel [45]. FT6 would beneﬁt from the removal of some “ladder
fuels” to reduce the canopy density. This could be effective in stopping passive crown ﬁres and
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preventing the start of new ﬁres, especially if it was combined with patchy canopy and vertical layer
management [13,14,29].
The increment of fuels conﬁrms that types similar to FT6, but with higher vertical continuity
(e.g., FT3 and FT4) caused by ladder fuels and higher canopy loading, can increase the susceptibility
of having active crown ﬁres (Figure 3). The two types that caused moderate passive crown ﬁres and
active crown ﬁres were FT4 and FT3, which had middle-range canopy fuel loading (Figure 3) and tree
density (Table 1). FT3 and FT4 had higher spreading for surface ﬁres compared to FT6, which could be
caused by higher continuity (Figure 2) and the large quantity of active fuel and ﬁne fuel, which can
cause easy spreading [22]. It had a high spread of surface ﬁre that climbed up to the canopy because
of the distribution of active fuel and ﬁne fuel between 0 m and 1 m. FT3 and FT4 are effective in
stopping active crown ﬁres and preventing the start of new active crown ﬁres if the canopy continuity
is lessened by the removal of small trees.
5. Conclusions
Loading and continuity of surface fuels are an important element in determining the spread of
surface ﬁre and the transition. The higher continuity of certain forest types results in higher spreading
susceptibility of crown ﬁre spread. Ladder fuels result in vertical continuity, which can increase the
susceptibility of having active crown ﬁres; large crown width, high canopy fuel loading and tree
density increase horizontal continuity and create favorable conditions for burning.
As a consequence, the six forest types have two effects on ﬁre behavior: on one hand they favor
the ignition of an active crown with vertical continuity of fuels classes, which determines crown ﬁre
initiation; on the other hand, there could be a point of a new crown ﬁre run because of horizontal
continuity through the canopy layer, which determines crown ﬁre spread. Forestry managers should
take into consideration fuel management and preventive silviculture to estimate the susceptibility of
wildﬁre for the following two reasons. Firstly, this strategy can be effective to stop passive crown ﬁres
and also prevent new ﬁres when combined with surface/crown patchiness, understory management
and “ladder fuel” management. Several measures can be taken to achieve this goal, such as reducing
surface fuel (needles, leaves, grass, dead and down branch wood) [46], and reducing the amount
of ladder fuels (small trees and shrubs) [14,28,29]. The pruned plant material can be masticated or
chipped and left on site, which is an option an increasing number of forest managers are using [24,28].
The pruning can increase the gap between the surface fuel and the crown base height up to 3 m,
effectively breaking the continuity of the distribution of the surface fuel [14,26]. Secondly, this strategy
could be effective in stopping active crown ﬁre if combined with canopy patchiness of low density and
canopy fuel loading management. According to Hall and Burke [47], crown fuel structure is a critical
factor determining whether crown ﬁres occur. Treatments to reduce crown ﬁre susceptibility often
focus on reducing canopy fuels and interrupting the surface-canopy fuel continuum. Combining this
with a lower vertical and horizontal continuity makes the transition to crown ﬁre more difﬁcult [29].
Horizontal patchiness of the canopy will reduce the spread of ﬁre within the canopy layer [29], using
measures such as cleaning up litter (active fuel and ﬁne fuel) [24], increasing canopy gaps [48], and
decreasing tree density [28].
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Abstract: Human-caused wildﬁres are often regarded as unpredictable, but usually occur in
patterns aggregated over space and time. We analysed the spatio-temporal conﬁguration of
7790 anthropogenic wildﬁres (2007–2013) in nine study areas distributed throughout Peninsular
Spain by using the Ripley’s K-function. We also related these aggregation patterns to weather,
population density, and landscape structure descriptors of each study area. Our results provide
statistical evidence for spatio-temporal structures around a maximum of 4 km and six months.
These aggregations lose strength when the spatial and temporal distances increase. At short time
lags after a wildﬁre (<1 month), the probability of another ﬁre occurrence is high at any distance
in the range of 0–16 km. When considering larger time lags (up to two years), the probability of
ﬁre occurrence is high only at short distances (>3 km). These aggregated patterns vary depending
on location in Spain. Wildﬁres seem to aggregate within fewer days (heat waves) in warm and
dry Mediterranean regions than in milder Atlantic areas (bimodal ﬁre season). Wildﬁres aggregate
spatially over shorter distances in diverse, fragmented landscapes with many small and complex
patches. Urban interfaces seem to spatially concentrate ﬁre occurrence, while wildland-agriculture
interfaces correlate with larger aggregates.
Keywords: inhomogeneous spatio-temporal point patterns; Ripley’s K-function; spatio-temporal
point patterns; wildﬁres

1. Introduction
Human-caused ﬁres (HCFs) do not occur randomly, they follow spatio-temporal patterns that
change depending on the socioeconomic activity linked to the use or misuse of ﬁre triggering
ignitions [1]. Ignition points have been proved to show broadly identiﬁable spatial and temporal
patterns [2]. For instance, ﬁre starts have occurred most often near roads [3], near urban- and
cropland-forest interfaces [4] and in areas with an extensive presence of shrubs or conifers [5]. Fire starts
also showed clustered temporal structures due to the seasonal distribution of the risk of ignitions [6].
The number of HCFs can vary widely between locations and time spans. Thus, the characterization
of spatio-temporal patterns of ﬁre ignition can provide important information for optimizing resource
allocation in strategic ﬁreﬁghting [7]. Fire management strategies usually focus on the control of
potential multiple-ﬁre situations in areas and periods with high risk of ﬁre [8]. Because of budgetary
restrictions and rising ﬁreﬁghting costs, it is usually impossible to maintain sufﬁcient resources to
cope with all potential multiple-ﬁre occurrences. In fact, under extreme weather conditions, available
ﬁreﬁghting resources may be overloaded beyond suppression capacity. In these cases, the ability to
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anticipate high-risk wildﬁre conditions and take preventive actions, or to pre-position ﬁreﬁghting
resources in advance, can reduce the damages and optimize the use of the suppression resources [7,9].
A number of previous studies have focused on the spatial and/or temporal distribution of
wildland ﬁres. For instance, [10] identiﬁed the most signiﬁcant spatial variables for analysing
human-caused wildﬁre occurrences using non-spatially explicit models (autoregressive Poisson
and logit processes). Other studies have used spatially explicit models to explain patterns of
ﬁre occurrence, for instance, geographically weighted regression models [11], ignition density
estimates [12], log-Gaussian Cox processes [13,14], scan statistics permutation [15], or Ripley’s
K-function [16–18]. A few studies have focused on the temporal pattern of ﬁre ignitions; [19] found
temporal aggregations using temporal trajectory metrics of wildﬁre ignition densities, while [20] found
temporal aggregations when analysing the ﬁre weather indices of summer ﬁre ignitions in Finland.
In addition, time series of the ﬁre occurrence models of [6] included temporal and spatio-temporal
lags lasting up to 2–3 days.
Wildﬁre occurrences have also been analysed as points placed within a spatio-temporal region
using point process statistical tools. These tools include, for instance, analysis of inhomogeneous
spatio-temporal structures of wildﬁre ignitions [21], cluster analysis [15,22], modelling of ﬁre locations
by spatio-temporal Cox point processes [23], and spatio-temporal analysis of ﬁre ignition points
combined with geographical and environmental variables [2]. For instance, [21] analysed space-time
conﬁguration of forest ﬁres assuming spatial tools for each year of study separately, and they did not
consider a continuous space-time approach for the ﬁre occurrence.
Here we consider inhomogeneous spatio-temporal point processes to analyse the point pattern
conﬁguration of human-caused wildﬁre ignition points of several data sets in Spain. We applied the
inhomogeneous spatio-temporal counterpart version of Ripley’s K-function proposed by Gabriel
& Diggle [24]. This approach was adopted because of the apparent inhomogeneous structure
of the spatio-temporal point patterns suggested by the analysis of available ofﬁcial ﬁre reports
from the Spanish Ministry of Environment. The analysis of these point conﬁgurations would be
valuable for interpreting the space-time dependencies of ﬁre ignition points in order to understand
wildﬁre dynamics.
The expected spatial and temporal aggregation patterns of HCFs should be related to the
underlying ﬁre risk factors [10] found in previous work such as weather or population. Land use
has been used often as a proxy variable for distribution of vegetation/fuels and the presence and
activity of human sources of ignition [25,26]. However, the spatial structure of the land mosaic is rarely
considered [26], although its composition, conﬁguration, and length of land use interfaces should be of
special interest in spatial processes like this. Advances in landscape ecology provide abundant indices
to measure mosaic characteristics [27]. Consequently, we also test linear correlations between spatial
and temporal parameters derived from the ﬁre patterns and relevant spatial variables linked to the
structure of the ﬁre environment with the Pearson product-moment correlation coefﬁcient [28].
2. Materials and Methods
2.1. Study Area
This study analysed nine regions in windows of 40 km × 40 km distributed over forested areas
(at least >20% forest area) in Peninsular Spain (Figure 1). These study areas comprise a wide range
of forest environments with different landscape structures, but all have ﬁre use levels conducive to
signiﬁcant ﬁre occurrence (at least 100 ﬁres over the study period).
Most of peninsular Spain is dominated by a Mediterranean climate, and only 15% of the land
area, located in the north, has an Atlantic climate. These climatic zones and the complex topography
combined with human socio-economic development over millennia have given way to a very uneven
spatial distribution of the vegetation, combining the presence of medium-scale farming areas, areas
with scarce natural vegetation cover (grasses, rangelands), extensive shrub-lands, park-like open
forest structures (dehesas) with undergrowth, and high forests of variable densities [29]. Tables 1
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and 2 include a subset of the total number of independent variables that were generated to capture
weather, socioeconomic, and landscape composition and conﬁguration traits of the nine study areas;
these variables were selected for their potential relation to the spatio-temporal aggregation of ﬁres.
Population density was derived from the municipal registry of 2014 available on the website of the
National Institute of Statistics of Spain (http://www.ine.es) and is weighted by the township area
included in each study area. Annual climate data was derived from the Digital Climate Atlas of the
Iberian Peninsula (1971–2000) (http://www.opengis.uab.es). Landscape ecology indices (landscape
and class levels) [27] were calculated with Patch Analyst 5.2 [30] extension of ArcGis 10.3 over a land
use reclassiﬁcation (Figure 2) of the Forest Map of Spain (digitized at 1:50,000 from 1997 to 2006)
from Ruiz de la Torre and available on the website of the Spanish Nature Databank of the Ministry
of Agriculture, Food and Environment (http://www.magrama.gob.es). Woodland-urban interfaces
(WUI), woodland-agriculture interfaces (WAI), and urban-agriculture interfaces (UAI) were evaluated,
ﬁrstly, calculating a 100 m-buffer of each land use [31] and intersecting them, and secondly, by dividing
the area of each interface by all interface areas.

ȱ
Figure 1. Location of the nine study areas in the Spanish peninsula. 1. Ourense; 2. Asturias; 3. La Rioja;
4. Tarragona; 5. Alicante; 6. Guadalajara; 7. Caceres; 8. Badajoz; 9. Jaen.
Table 1. A subset of independent variables for general characterization of each study area.
Location
Ourense
Asturias
La Rioja
Tarragona
Alicante
Guadalajara
Caceres
Badajoz
Jaen

Pp
37.1
275.4
112.7
89.9
135.9
298.3
32.7
29.6
78.9

Weather

Land Use

Interfaces

Landscape Metrics

Tmax

P

Wil

Agr

Urb

WUI

WAI

UAI

NP

MdPS

MPE

PAR

SDI

17.8
16.9
17.4
18.9
20.3
19.6
18.4
22.3
20.4

1076
1169
606
583
541
478
1073
580
568

67.0
56.1
36.9
45.3
53.6
24.5
81.0
49.1
40.9

31.5
39.4
59.9
50.9
42.0
68.7
17.5
49.0
57.2

1.0
4.3
2.9
3.7
4.0
6.6
0.9
1.3
1.8

4.3
4.7
4.2
3
7.5
3.8
3.9
4.4
3.4

90.4
82.8
81.9
86.6
65.7
85.1
88.7
80
86.2

2.9
10.9
10.6
4.8
12.2
9.8
6.9
12.3
8.8

493
1516
4469
1542
1401
1023
782
441
966

21.7
8.8
0.6
6.3
5.3
8.2
7.6
12.7
5.2

16.1
10.5
3.1
9.2
8.2
10.8
8.4
12
7.5

0.37
0.66
1.54
0.83
0.55
0.54
0.43
0.31
0.54

0.71
0.84
0.80
0.83
0.85
0.79
0.55
0.79
0.77

Pp: Population density (inhab/km2 ); Tmax: Annual maximum temperature (◦ C); P: Annual precipitation (mm);
Wil: Forest, shrubs and pastures (%); Agr: Croplands (%); Urb: Urban (%); WUI: Wildand-Urban interface (%);
WAI: Wildland-Agriculture interface (%); UAI: Urban-Agriculture interface (%); NP: Number of patches; MdPS:
Median patch size (ha); MPE: Mean patch edge (km); PAR: Perimeter-Area ratio (km/ha); SDI: Shannon’s
diversity index.
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Table 2. Landscape ecology metrics at the land use class level by study area.
Location

Land Use

CA

NP

MPS

MdPS

PSSD

MPE

ED

PAR

MSI

Ourense

Agriculture
Wildland
Urban
Water

31.5
67
1
0.5

316
127
44
6

159.6
843.9
37.7
124.1

28.7
11.2
10.6
25.2

0.705
7.136
0.086
0.207

11.6
30.4
6.5
16

23
24.2
1.8
0.6

324.7
508.3
284.1
438.2

2.896
2.386
2.434
4.157

Asturias

Agriculture
Wildland
Urban
Water

39.4
56.1
4.3
0.2

793
422
289
12

79.5
212.6
23.7
31.8

11.2
9.5
3.8
19.3

0.795
2.594
0.216
0.030

9.4
16.7
4.5
10.6

46.8
44
8.1
0.8

773.8
569.9
472.3
412.0

3.015
2.904
2.445
5.084

La Rioja

Agriculture
Wildland
Urban
Water

59.9
36.9
2.9
0.4

1494
2302
621
52

64.1
25.7
7.4
11.1

0.8
0.4
0.9
1.5

0.952
0.668
0.044
0.030

4.3
2.7
16.4
4.5

40.2
38.9
6.4
1.5

916.4
2198.3
679.3
543.8

1.814
2.047
1.860
2.470

Catalonia

Agriculture
Wildland
Urban
Water

50.9
45.3
3.7
0.1

722
616
199
5

112.8
117.7
30.1
21.0

6.4
5.5
9.4
20

0.123
2.206
0.079
0.012

9.4
10.6
3.8
7.8

42.6
40.7
4.8
0.2

580.8
1290.5
340.1
376.6

2.565
2.920
2.184
4.676

Alicante

Agriculture
Wildland
Urban
Water

42
53.6
4
0.3

804
352
226
19

83.6
243.8
28.5
29.0

6.5
3.1
7.1
9.8

0.342
4.228
0.115
0.042

6.7
14
4.3
9.6

33.9
30.7
6
1.2

487.1
810.5
345.3
620.1

2.369
2.255
2.219
5.406

Guadalajara

Agriculture
Wildland
Urban
Water

68.7
24.5
6.6
0.1

388
460
165
10

283.4
85.4
64.4
13.4

8.3
7.1
12.1
11.6

2.251
0.468
0.401
0.009

13.7
10.7
4.6
7.3

33.2
30.8
4.7
0.5

726.3
501.5
195.9
473.7

2.323
2.833
1.861
5.040

Caceres

Agriculture
Wildland
Urban
Water

17.5
81
0.9
0.6

493
138
110
41

56.7
939.2
13.1
24.7

9.5
4.5
6.2
6.6

0.201
10.875
0.022
0.066

6.1
22.9
2.4
4.3

18.7
19.7
1.6
1.1

381.4
745.2
268.5
354.2

2.407
2.153
1.962
2.846

Badajoz

Agriculture
Wildland
Urban
Water

49
49.1
1.3
0.6

202
135
62
42

387.9
582.0
34.3
22.7

13.4
10.9
16.4
12.3

1.409
4.315
0.077
0.042

11.2
15.8
8.3
8.9

14.1
13.4
3.2
2.3

243.8
421.2
239.4
420.7

2.014
2.507
2.911
4.471

Jaen

Agriculture
Wildland
Urban
Water

57.2
40.9
1.8
0.1

298
524
123
21

306.9
124.8
23.8
9.4

5.1
5.3
5.5
4.7

2.659
2.353
0.086
0.025

11.8
6.2
3.6
2.6

21.9
20.3
2.7
0.3

686.2
513.5
323.5
487.3

2.093
2.273
2.043
2.658

CA: Land use class (%); NP: Number of patches; MPS: Mean patch size (ha); MdPS: Median patch size (ha); PSSD:
Patch size standard deviation (ha); MPE: Mean patch edge (km); ED: Edge density (km/ha); PAR: Perimeter-Area
ratio (km/ha); MSI: Mean shape index.
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Figure 2. Land use map of the study areas.

2.2. Fire Data
The Spanish Forest Service of the Ministry of Environment and Rural and Marine Affairs
(MAGRAMA) provided the ﬁre records for the study. The nine study areas held a sufﬁcient number
of ﬁre ignition points to study the spatio-temporal dynamics of ﬁre ignition: at least 100 ﬁres over
the study period. Our data sets involved historical records of daily human-caused ﬁre occurrences
during the period 2007–2013. The period of study was restricted to seven years due to data availability
(precise GPS locations available), but this period was considered appropriate because it surpassed the
usual time framework for ﬁre prevention planning in Spain [32]. This period included a variety of
weather conditions, with mild years but also years with high risk weather conditions, i.e., 2006 in NW
Spain (1900 ﬁres set in just 12 days in August) [33].
The spatio-temporal point pattern analysed consisted of 7790 ﬁre ignition points located in nine
square areas of 40 km × 40 km for the seven years, with 877 ignitions in 2007, 1060 in 2008, 1298 in
2009, 1032 in 2010, 1308 in 2011, 1478 in 2012, and 903 in 2013. Figure 3 displays their distribution by
study area, monthly.
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Figure 4 shows the HCFs spatial pattern of the nine selected study regions. Visual inspection of
the point pattern in the nine plots suggests that the point structures are inhomogeneous, with areas of
high point intensity juxtaposed to areas of low point intensity. This ﬁgure also highlights the presence
of point clusters, suggesting that ﬁre events aggregate in space and in time.

Figure 3. Human-caused wildﬁre frequency for the period 2007–2013 given by study area and month.

Figure 4. Spatial positions of the 7790 human-caused ﬁres (HCFs) in the study. The biggest and darkest
points correspond to recent ﬁres while the lightest points occurred earlier.
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2.3. Spatio-Temporal Statistics
To analyse the spatio-temporal structure of inhomogeneous point patterns representing ignition
point ﬁres, we used the spatio-temporal counterpart version of Ripley’s K-function proposed by [24].
For a review about space-time point processes see [34]. Consider a stationary and anisotropic
spatio-temporal point process Φ on 2 ×  whose elements form a countable set Si = ( Xi , ti ),
for i = 1, . . . , n and Xi = ( xi , yi ) ∈ 2 and ti ∈  in a bounded region M = W × T. This M region
contains all the ignition ﬁres for a given planar region W for a time interval T ∈ [ T0 , T1 ]. Now, the point
pattern should be assumed as a set of points in a continuous tridimensional space. The inhomogeneous
spatio-temporal Ripley’s K-function proposed by [24] assumes that the point pattern under analysis is
second-order intensity reweighted stationary and isotropic or, in other words, it assumes a weaker
form of stationarity and, therefore, relaxes the hypothesis of homogeneity. A point process is stationary
and isotropic if its statistical properties do not change under translation and rotation, respectively.
Informally, stationarity implies that one can estimate properties of the process from a single realization
on W × T, by exploiting the fact that these properties are the same in different, but geometrically similar,
subregions of W × T; isotropy means that there are no directional effects. Function Kst (u, v) is the
expected number of further points in a spatio-temporal region delimited by a cylinder whose bottom
surface area is centred at an arbitrary point of Φ (a point process) with radius u (a spatial distance) and
height 2v (a time interval). For any inhomogeneous Poisson process (i.e., a Poisson process where the
constant intensity is replaced by a spatially varying intensity function) with spatio-temporal intensity
function bounded away from zero, Kst (u, v) = 2πu2 v, and hence Kst (u, v) − 2πu2 v (i.e., the empirical
spatio-temporal Ripley’s K-function minus this function under the hypothesis of no spatial-temporal
structure, ﬁre ignitions are independently distributed) can be considered a measure for detecting
spatio-temporal point dependences [24]. Values of Kst (u, v) − 2πu2 v < 0 will indicate regularity, while
Kst (u, v) − 2πu2 v > 0 will suggest spatio-temporal clustering. Moreover, Kst (u, v) can also be used to
detect the absence of spatio-temporal interaction. In particular, separability of Kst (u, v) into purely
spatial and temporal components, Kst (u, v) = Ks (u)Kt (v), suggests the absence of spatio-temporal
dependency [35]. The lack of spatio-temporal interaction indicates that ignition point locations and
ignition times are independent, i.e., there is no correlation between where a ﬁre happens and when
it happens. However, in real life one may expect these two components to be correlated, so the time
occurrence of a ﬁre will depend on the spatial location. An edge-corrected estimator of Kst (u, v) can be
deﬁned via [36].


n n
1
1 I (uij ≤ u) I (t j − ti  ≤ v)
(1)
K̂st (u, v) =
∑ω v
|W × T | i∑
λ̂(Si )λ̂(S j )
=1 j=i ij ij
where n is the total number of points in M, uij =  Xi − X j , I (·) is the indicator function where
I ( F ) = 1 if F is true and I ( F ) = 0 otherwise, |W × T | denotes the volume of this region and λ̂(·) is
an estimator of the spatio-temporal intensity function at the location Si or, in other words, an estimator
of expected number of points per unit volume at this exact location. To correct spatial edge effects we
use Ripley’s factor ωij [37] and to deal with time-edge effects we consider vij . This vij equals 1 if both


ends of the interval of length 2 t j − ti  centred at t j lie between T, and it equals 1/2 otherwise [36].
Note that correctors for edge-effects are necessary to deal with window sampling where information
outside this space-time window (unobserved points) is lost, introducing, usually, a negative bias for
K̂st (u, v). Edge-effect correctors such as the Ripley’s factor and the time correction considered here
are standard approximations to reduce these bias effects based on mathematical arguments. Usually
these arguments consider that the unobserved numbers of points outside the observation windows are
proportional to those inside these windows.
In order to obtain (1), we need to obtain an estimator of the spatio-temporal intensity function.
Here we adopted a kernel-based estimator for this space-time function. First we need to assume
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that ﬁrst-order effects (i.e., the intensity function) are separable from the space and the time domain,
as suggested by Gabriel & Diggle [24], i.e.,
λ( X, t) = m( X )μ(t)

(2)

and thus any non-separable effects can be considered as second-order effects (i.e., related to the variance
of the process) rather than ﬁrst-order effects. Then from Equation (2) we can estimate λ(·) [38] as:
λ̂( X, t) = m̂( X )μ̂(t)/n
as:


W

m̂ ( X )d ( X ) =



μ̂ (t)d (t) = n

(3)

(4)

T

Now, we can estimate both the space and the time intensity function separately. For the space
point intensity m( X ), we used a Gaussian kernel-based estimator, with bandwidth initially chosen to
minimize the estimated mean-square error of m̂( X ), as suggested in [39]. In some cases, this optimal
bandwidth was slightly increased to provide a good visual ﬁtting to the point patterns. Moreover,
for time point intensity, we adopted a Gaussian kernel estimator since we did not consider covariate
information related the ﬁre locations.
Note that a kernel-based estimator for the time intensity does not assume any previous knowledge
of the time series, while providing a reasonable approximation for the intensity function. After some
experimentation, we considered σμ = 10.0 as it provides a good visual ﬁtting to the data while
reproducing quite well some of the outliers observed in the time series.
To test for evidence of spatio-temporal clustering or regular structures, we compared the estimator
K̂st (u, v) with estimates obtained for simulations under a suitable null hypothesis. Here the null
hypothesis is that the underlying point process is an inhomogeneous Poisson process, and, therefore,
the empirical spatio-temporal pattern is compared with a spatio-temporal Poisson process with point
intensity (3) based on a Monte Carlo test. This is a space-time Poisson process where the constant
intensity is replaced by a spatially varying intensity function estimated by (3).
We simulated 1000 spatio-temporal point patterns under this null hypothesis and for each one an
estimator of Equation (1) was obtained. This set of functions was then compared with the resulting
estimator for the empirical data under analysis. Under this test, we rejected the null hypothesis
(spatio-temporal point independence) if the resulting estimator of this function lay above the 95th
percentile of estimates calculated from the 1000 simulations of inhomogeneous Poisson point process
with intensity (3). This 95th percentile of estimated values formed the tolerance envelopes for our test.
In this case, we should accept spatio-temporal clustering of ﬁre locations.
All the spatio-temporal statistical analyses were computed using the stpp statistical package [36]
for the R statistical environment [40].
2.4. Spatio-Temporal Aggregation Trends
In order to explain possible spatio-temporal HCFs aggregations, the Pearson product-moment
correlation coefﬁcient was selected to measure the strength of the linear dependence between the
spatial and temporal aggregation patterns of HCFs and the independent weather, socioeconomic, and
landscape composition and conﬁguration variables (Tables 1 and 2). This estimator ranges from +1 to
−1, where the positive and negative values indicate, respectively, positive and negative correlation
(data-pairs best regression ﬁt), and 0 indicates no signiﬁcant correlation between variables [12].
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3. Results
3.1. Spatio-Temporal Aggregation of HCFs
In Figure 5, we compare K̂st (u, v) − 2πu2 v and tolerance envelopes suggesting the presence of
different spatio-temporal structures for time lags of less than two years and ignition point distances
in the range of 0–16 km. In particular, this ﬁgure provides results on clustering patterns in the nine
regions under analysis; black values indicate spatio-temporal clustering for these space-time scales.
We used these maximum time and space intervals to avoid edge effects that may not be corrected by
the mathematical assumptions made here. The maximum scale of the spatio-temporal aggregation of
HCFs was found to be around 4–4.5 km and 5.5–6 months in Tarragona, and the minimum, less than
one month and one km, in La Rioja. The spatio-temporal structures generally lose strength as the time
lag increases; at the time lag of six months or higher, these dependencies are only observable for short
inter-ignition point distances of less than 3 km.
However, in the NW of Spain with Atlantic climate (Ourense and Asturias), the spatial pattern
shows a cyclical aggregation trend of around one year (a hump in the plot around the 12-month value).
These Atlantic areas also display aggregation up to the maximum spatial distance considered (16 km)
for all time lags under three months. This means that once a ﬁre happens, the probability that another
takes place within a wide area around the ﬁrst one (up to 16 km in radius) persists for a period close to
three months. In the other study areas, the probability that an additional ﬁre occurs once one takes
place, only persist for the maximum distance (up to 16 km in radius) for short time lags (less than
1–2 months).

ȱ
Figure 5. Comparison between K̂st (u, v) − 2πu2 v and tolerance envelopes indicating spatio-temporal
clustering (black values) for each study area. Reference of 3 km and three months in grey dotted line.

3.2. Trends of the Spatio-Temporal HCFs Pattern
The values found in each plot at the limits of the maximum intervals considered or axis—the x for
24 months, x24; the y for 16 km, y16—were taken as descriptors of spatial and temporal aggregation.
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x24 is the spatial lag for aggregation at any time lag (spatial lag of aggregation independent of the
time lag). y16 is the time lag for aggregation at any spatial lag considered (time lag of aggregation
independent of the space lag). Table 3 shows the Pearson’s correlation between those aggregation
parameters, the number of ﬁres of Figure 3 and the descriptive variables of Table 1 at the landscape
level. The number of HCFs shows a positive correlation with the time-independent spatial aggregation
values x24, even higher with the distance-independent temporal aggregation values y16. Therefore,
the higher the ﬁre occurrence caused by humans, the more likely ﬁres aggregate over longer distances
and longer time frames, and vice versa.
Table 3. Pearson product-moment correlation coefﬁcient between each variable of Table 1 and the
descriptors of spatial and temporal aggregation. In bold, values over 0.5.
Variable

Spatial x24

Temporal y16

Variable

Spatial x24

Temporal y16

FF
Pp
Tmax
P
Wil
Agr
Urb
WUI

0.609
−0.218
−0.123
0.696
0.683
−0.681
−0.422
−0.221

0.813
0.391
−0.688
0.693
0.327
−0.371
0.198
0.154

WAI
UAI
NP
MdPS
MPE
PAR
SDI

0.539
−0.562
−0.768
0.648
0.649
−0.744
−0.627

0.192
−0.418
−0.162
0.488
0.514
−0.157
0.035

FF: Fire frequency; Pp: Population density (inhab/km2 ); Tmax: Annual maximum temperature (◦ C); P: Annual
precipitation (mm); Wil: Forest, shrubs and pastures (%); Agr: Croplands (%); Urb: Urban (%); WUI:
Wildand-Urban interface (%); WAI: Wildland-Agriculture interface (%); UAI: Urban-Agriculture interface
(%); NP: Number of patches; MdPS: Median patch size (ha); MPE: Mean patch edge (km); PAR: Perimeter-Area
ratio (km/ha); SDI: Shannon’s diversity index.

According to the results, higher population density causes distance-aggregation or spatially closer
ﬁres and dilates the time lag for wildﬁre occurrence, but the correlation is not high. Drought weather
conditions (higher Tmax and lower P) inﬂuence wildﬁre aggregates by decreasing the distance and
time lags. Weather, mean patch edge (MPE), and ﬁre frequency (FF, the occurrence of other ﬁres) seem
to be the variables mainly related to temporal aggregation of ﬁres.
Proportions of land covers (Wil, Agr, Urb) indicate an effect on spatial aggregation of ﬁres, linked
by larger distances in landscapes with higher wildland cover and closer distances in landscapes
with a higher relative proportion of agriculture and urban areas. Interfaces between land covers are
correlated to the time-independent spatial aggregation of ﬁres, particularly, urban interfaces (WUI and
UAI) seem to spatially concentrate ﬁre occurrence, while WAI correlates with larger aggregates.
The time-independent spatial lag for aggregation x24 is clearly inﬂuenced by landscape
composition and conﬁguration, being negatively correlated to SDI, NP and PAR and positively to MPE
and MdPS. In other words, wildﬁres aggregate over closer distances in diverse, fragmented landscapes
with many patches, where patches are small and with complex shapes.
Table 4 shows the Pearson’s correlation between the descriptors of spatial and temporal
aggregation and the variables in Table 2 for landscape structure analysed at the land use class level.
Higher relative proportion of wildland organized in larger patches (MPS, MdPS), with more edges
(MPE), and lower complexity (PAR) and number of patches (NP) favour larger spatial aggregation
distances. In general, ﬁre spatial aggregates grow in coarse-grained landscapes, with decreasing
number of patches (NP) and compact shapes (PAR) in all land use classes. The temporal lag for
aggregation of ﬁres seems to be positively related to the presence of larger and complex agriculture
patches (MdPS, MSI), and wildland edges (MPE).
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Table 4. Pearson product-moment correlation coefﬁcient between each variable in Table 2 with the
descriptors of spatial and temporal aggregation. In bold, values over 0.5.
Class

NP

MPS

MdPS

PSSD

MPE

ED

PAR

MSI

Spatial x24

Agr
Wil
Urb

−0.696
−0.769
−0.761

0.042
0.711
0.107

0.659
0.580
0.200

−0.108
0.709
−0.054

0.378
0.777
0.245

−0.444
−0.403
−0.597

−0.521
−0.712
−0.575

0.635
0.109
0.204

Temporal y16

Agr
Wil
Urb

0.009
−0.257
−0.089

−0.459
0.163
0.174

0.572
0.389
−0.200

−0.344
0.145
0.304

0.161
0.569
0.062

0.421
0.459
0.227

0.073
−0.241
0.040

0.915
0.364
0.044

Wil: Forest, shrubs and pastures (%); Agr: Croplands (%); Urb: Urban (%); NP: Number of patches; MPS: Mean
patch size (ha); MdPS: Median patch size (ha); PSSD: Patch size standard deviation (ha); MPE: Mean patch edge
(km); ED: Edge density (km/ha); PAR: Perimeter-Area ratio (km/ha); MSI: Mean shape index.

4. Discussion
The methodology used appears to be suitable for identifying differentiated patterns of
spatio-temporal aggregation for HCFs in environments with different ﬁre incidence, such as Peninsular
Spain, even though the inﬂuence of window size (40 km × 40 km) and study period remains to be
explored in future research. This method is especially useful in regions with enough observations
because its negative simulations’ bias decreases as the number of observations increases [24].
The largest spatial and temporal distances for wildﬁre aggregation were found with increased ﬁre
occurrence, which is coherent with higher risk levels that cause more ﬁres over longer time spans and
greater distances (i.e., Galicia, Asturias).
Our results provide statistical evidence for spatio-temporal structures around a maximum of
4 km and three months, but these aggregated structures lose strength when the spatial and temporal
distances increase. These results agree with previous work [2,17,22,41–43] which detected spatial and
temporal structures in wildﬁre occurrence in Portugal and Spain, and the general state-of-knowledge
on ﬁre occurrence in Spain; at short time lags after a wildﬁre (<1 month), the probability of another ﬁre
occurrence is high at any distance in the range of 0–16 km. This is in agreement with the fact that in the
short term, weather is the main driver of ﬁre occurrence, and its effects are regional. When considering
larger time lags (up to two years, or 24 months), the probability of ﬁre occurrence is high only at
short distances, closer than 3 km, which is consistent with the presence of local structural risk factors
independent of the season or weather condition (i.e., arson, [13]). These results agree with [15,22],
which mention that aggregations between ﬁres are more often at the local level and are not visible in
larger distances (15 or 50 km).
Nevertheless, these aggregated patterns vary depending on location in Spain, suggesting the
existence of varied spatio-temporal aggregation patterns of HCFs throughout the country, mainly
related to ﬁre frequency, weather, and landscape structure variables, and hence, ﬁre regimes.
Patterns in Atlantic (Ourense, Asturias) and Mediterranean Spain (the other areas) differ, which
should be expected given their climatic and landscape structure characteristics that determine different
ﬁre regimes [5]. The spatial aggregation found (up to the maximum distance considered, 16 km) for
all time lags under three months is likely determined by the duration of the bimodal ﬁre season in
the milder Atlantic region (February–April, June–August, three months), but also a consequence of
a fragmented landscape and a generally high human risk and occurrence all year round. This pattern
has also been identiﬁed in Portugal [42] linked with the annual cycle of weather and vegetation
phenology. Relatively stable conditions with higher rainfall (>1000 mm) and lower maximum
temperatures extend risk over longer periods than in the Mediterranean (around 550 mm). Variations
of weather events occur gradually in the NW, so the range of variation in temperature and precipitation
is low within each Atlantic study area. In areas with higher precipitation there are more rainy days
and, therefore, the number of ﬁre-days decreases [44,45], so ﬁres aggregate over longer time lags [24].
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Wildﬁres seem to aggregate within fewer days in warm and dry Mediterranean regions
(0–1.5 months). The annual weather cycle [46] favours multiple ﬁres per day or in a few days
in the summer ﬁre season [47]. Fire suppression resources sufﬁcient to manage one ﬁre may be
challenged on high temperature days with simultaneous occurrences [48], which require exhaustive
ﬁreﬁghting personnel management [49]. During high temperature days, the temporal aggregation
of HCFs decreases, since the occurrence of new ﬁres is associated to those spells of extreme
weather conditions [10,46,50]. Our temporal results are coherent with the occurrence of heat waves
(high-temperature days (HTDs) [46]) that combine with more uneven human risk levels over coarser
landscapes to render a lower ﬁre occurrence, though these ﬁres may have catastrophic results in terms
of burned area.
Previous studies done in the Iberian Peninsula [43,50], found direct relations between population
density and HCF occurrence; we found that higher population density causes distance-aggregation
or spatially closer ﬁres and dilates the time lag for wildﬁre occurrence, though the correlations were
not very high. We used a single population density value for each study area (40 km × 40 km),
but considering mean distances to towns [3,10,13], access by road [3,51,52], and trails [43,53]
could also be adequate to account for the combined effect of population and access on HCF
spatio-temporal aggregation.
Landscape structure clearly inﬂuences spatio-temporal patterns in wildﬁre occurrence. We found
that wildﬁres aggregate spatially in closer distances in diverse, fragmented landscapes with many
patches, where patches are small and have complex shapes. Ignitions have been found before to
concentrate in highly fragmented landscapes [4,54] or, in other words, in areas with a larger number of
small patches [25,26] in anthropic environments where patches are more compact [25,26] with shorter
edges [19], raising doubts about the role of patch shape on ignition. We propose that patch shape is
relevant in combination with landscape composition, depending on the class under consideration and
its dominance in the landscape. Landscapes with a higher relative proportion of wildland coverage
organized in larger patches (MPS, MdPS), with more edges (MPE), and lower complexity (PAR) and
number of patches (NP) favour larger spatial aggregation distances. In general, ﬁre spatial aggregates
cover larger distances in coarse-grained landscapes, with decreasing number of patches (NP) and
compact shapes (PAR) in all classes. These forest landscapes are typically created by land abandonment
processes [55] which have been expanding in all the Southern European Mediterranean countries for
the last 60 years.
Landscape composition and patch shapes determine the presence of interfaces between land use
classes. Urban interfaces with wildlands and crops (WUI and UAI) seem to spatially decrease the
distance for ﬁre clustering, while increasing percentages of wildland-agriculture interfaces correlate
with larger aggregates, effectively showing a spatial extension in risk. Previous studies in HCF
prediction [43,56] have linked wildﬁres to agricultural cover over wildland [13,45,51] and urban
covers [57]. Fires in Spain often occur at the wildland-agriculture interface [52]. The study areas
with a lower proportion of wildland-agriculture interface have wildﬁres clustered at shorter distances
and they seem to aggregate on patch perimeters between these classes (WAI). This ﬁnding agrees
with [57,58] who have also associated a higher proportion of wildland-agriculture interface with
an increase of ﬁre occurrence in Spain. Interestingly, the temporal lag for aggregation of ﬁres seems
to be positively related to the presence of larger and complex agriculture patches (MdPS, MSI),
and wildland edges (MPE) pointing again to the importance of WAI interfaces in ﬁre occurrence.
Beyond supporting previous ﬁndings in the ﬁeld of ﬁre occurrence prediction related to ﬁre
frequency, weather, and landscape structure variables, we would like to point out that our analysis
contributes additional information that is useful for ﬁre management. The descriptors of spatial
and temporal aggregation (x24, y16) have different values in different study areas, and may serve as
indicators for diverse applications, for instance, ﬁre regimes classiﬁcation concerning ﬁre occurrence.
A better knowledge of factors related to occurrence is useful for prevention and suppression,
but the spatial and temporal dimensions added for each window of analysis have direct operational
applications. Wildﬁre suppression performance in the ﬁre season depends on the number and
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behaviour of active ﬁres [49]; ﬁre managers must make crucial decisions on the amount, type,
and allocation of the ﬁre suppression resources required. For instance, risk levels and probability of
new ﬁre occurrences remain high in Ourense for up to three months, which allows for less mobility
in the positioning of initial attack crews than in Badajoz with no temporal aggregation, or La Rioja
(<1 month). Spatial risk at any time lag occurs under 0.75 km distance in La Rioja, but reaches 2.75 km
in Caceres or Ourense, with implications for the design of the detection network. This persistent local
risk is related to complex socioeconomic factors [6], but can be linked to landscape structure, which can
also be used to inform general prevention and land planning to avoid risky structures.
5. Conclusions
This study demonstrates the existence of spatio-temporal aggregation patterns of human-caused
ﬁres in Peninsular Spain. This aggregation reaches maximum values around 4 km and six months,
but decreases with increasing temporal and spatial distances, and varies in different study areas.
The probability of an additional ﬁre is higher at any distance in the range of 0–16 km for short periods
after a ﬁre. In the long term, the probability of ﬁre occurrence is higher at distances closer than
3 km from the location of a ﬁrst ﬁre. Temporal aggregation is mainly related to meteorology (annual
rainfall and maximum temperature), while spatial aggregation is mainly linked to the structure and
composition of the landscape. Our results suggest that wildﬁres temporally aggregate in fewer days
in warm and dry Mediterranean regions than in milder Atlantic areas; wildﬁres spatially aggregate
in fewer kilometres in highly fragmented wildland and agriculture landscapes with high land use
diversity, and spatially disperse comparatively more in forest coarse-grained landscapes resulting
from abandonment. Our results also suggest the existence of local risk conditions that persist over
time, probably related to land structure and complex socioeconomic factors.
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Abstract: Wildﬁre number and burned area temporal dynamics within all of Siberia and along
a south-north transect in central Siberia (45˝ –73˝ N) were studied based on NOAA/AVHRR (National
Oceanic and Atmospheric Administration/ Advanced Very High Resolution Radiometer) and
Terra/MODIS (Moderate Resolution Imaging Spectroradiometer) data and ﬁeld measurements
for the period 1996–2015. In addition, ﬁre return interval (FRI) along the south-north transect was
analyzed. Both the number of forest ﬁres and the size of the burned area increased during recent
decades (p < 0.05). Signiﬁcant correlations were found between forest ﬁres, burned areas and air
temperature (r = 0.5) and drought index (The Standardized Precipitation Evapotranspiration Index,
SPEI) (r = ´0.43). Within larch stands along the transect, wildﬁre frequency was strongly correlated
with incoming solar radiation (r = 0.91). Fire danger period length decreased linearly from south
to north along the transect. Fire return interval increased from 80 years at 62˝ N to 200 years at the
Arctic Circle (66˝ 33’ N), and to about 300 years near the northern limit of closed forest stands (about
71˝ + N). That increase was negatively correlated with incoming solar radiation (r = ´0.95).
Keywords: wildﬁres; drought index; larch stands; ﬁre return interval; ﬁre frequency; burned area;
climate-induced trends in Siberian wildﬁres

1. Introduction
Siberia is within the region of observed and predicted future accelerated climate change [1].
Increased air temperature may lead to an increase in wildfire frequency and burned area. According to
some previous publications, the annual burned area in Russia was estimated as 4 to 20 MHa [2,3].
According to ofﬁcial data, the annual burned area was 0.55–2.4 MHa (http://www.gks.ru; [4]).
More than 70% and up to 90% (i.e., 2–14 MHa annually) of the total area burned in Russia occurred
in Siberia [3,5]. The majority (>50%) of wildﬁres in Siberia were observed in larch (Larix sibirica,
L. gmelinii), because it dominated forest communities and due to its low crown closure which spread
surface ﬁres. The dense lichen and moss ground cover can support severe groundﬁres covering up to
several million hectares. Due to the shallow root zone (limited by permafrost) those wildﬁres were
mostly stand-replacing ﬁres [6]. Thus, the largest area of stand-replacement ﬁres (0.58 MHa) in the last
decade occurred in Yakutia (Northeast Siberia) [7]. Non stand-replacement ﬁres were most common
in the forests of southern Siberia. Gauthier et al. (2015) found that at high-latitude areas in Canada
and Siberia the mean annual fraction burned was similar and ranges within 2%–2.5% of the forested
area [8].
The Siberian taiga is expected to become more prone to forest ﬁres [3,9]. This may result in
an increase in both ﬁre frequency and carbon emissions, and may convert this area to a source for
greenhouse gases [1]. Surprisingly, the important issue of climate impact on the wildﬁres and burns
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dynamics in Siberia has been discussed in only a few papers [3,5,7,10,11]. It was also shown that the
occurrence of extreme ﬁre events in Central Siberia and the Trans-Baikal region were related to soil
moisture and precipitation anomalies [5,10]. Recently, Ponomarev and Kharuk [11] showed an increase
in both ﬁre frequency and size of the burned area in the Altai-Sayan region of southern Siberia [11].
The goal of this paper is an analysis of climate impacts during recent decades on ﬁre frequency
and burned area in Siberia. We sought answers to the following questions:
(i)

what is the ﬁre frequency and burned area within (a) all of Siberia and (b) along a “south-north”
gradient? How do these relate to climate variables?
(ii) what is the ﬁre return interval dependence on the “south-north” climatic gradient?
2. Materials and Methods
2.1. Study Area
The study covered the whole territory of Siberia. In addition, a south-north transect was selected
for detailed analysis as shown in Figure 1. The whole Siberia polygon covers 1000 MHa with a forested
area of about 600 MHa. Maps of forest types (with 1000 m spatial resolution) within the area were
derived from the forest map of Bartalev et al., 2011 [12].

Figure 1. Study area and forest map. 1–6: 5-degree latitudinal zones within the south-north transect.
Background: forest map [11].

The territory of Siberia includes the following forest types: Light coniferous taiga composed
of larch (50%), Scots pine (Pinus sylvestris) (about 18%) and mixed stands; “dark coniferous stands”
composed of ﬁr (Abies sibirica), spruce (Picea obovata), and Siberian pine (Pinus sibirica) (area < 17%
of total), and deciduous/mixed forests (Betula sp., Populus tremula) (about 10% of total area). Forests
dominated by larch (Larix sibirica, L. gmelinii) range over an area 270–300 MHa; the area of Scots pine
was 120 MHa, dark coniferous were about 100 MHa and mixed forests about 77 MHa.
Within the “south-north” transect we considered wildﬁres within larch forests only. This was
done for consistency, i.e., excludes the impact of different forests types on the ﬁre patterns along the
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south-north transect. The transect area is divided into six zones with a width of 5-degrees latitude
(Figure 1). The transect length was 2900 km with an area of about 400 MHa. The transect includes the
known range larch stands—from the southern border in Mongolia to northern boundary of closed
forests (about 72˝ + N).
2.2. Methods
The Sukachev Institute of Forest wildﬁres database was used in this study. This database
was generated based on National Oceanic and Atmospheric Administration’ Advanced Very High
Resolution Radiometer (NOAA/AVHRR) (1996–2003) and Terra/Aqua/MODIS (Moderate Resolution
Imaging Spectroradiometer) (2003–2015) scenes acquired directly by Sukachev Institute of Forest
receiving station. The database contains daily wildﬁre information over all of Siberia. Both satellites
used have similar overlapping characteristics. Thus, we used similar (1000 m) pixel size and
wavelength bands. In earlier studies (e.g., Loboda et al., 2004 [13]) it was shown that burned area
estimation based on NOAA/AVHRR and Terra/MODIS sensors were highly correlated. We processed
satellite scenes using threshold-based software “Fire Processor 4.03” which was elaborated in the
Sukachev Forest Institute. A threshold method was used for detecting “active pixels” based on
reﬂectance in near-infrared (0.8–0.9 μm) and emission in medium-infrared (3.5–4.0 μm) and long wave
infrared (11–12 μm) spectral bands. The method used enables detection of each wildﬁre based on only
one satellite record. Typically, for large-scale ﬁres, 50–100 satellite records were used in the analysis.
Annual polygonal layers for the years 1996–2015 were obtained using GIS software (ESRI ArcGIS).
All active ﬁre pixel data were preprocessed and aggregated into ﬁre polygons based on spatial and
temporal thresholds. The resulting wildﬁre database also included wildﬁres’ coordinates, date, area
burned, and energy characteristics.
Landsat/TM/ETM scenes with higher (pixel size = 30 m) resolution were used for burned area
correction. For this purpose, a sample size of 5% of the total burned area in Siberia was used. Based on
the comparison of Landsat vs. AVHRR/MODIS burned area, the regression equations were generated
to correct AVHRR/MODIS estimates. The latter were used for the burned area database correction.
Along with this, a geometric correction of the ﬁre polygons was also performed [14].
A larch cover map was obtained from a vegetation map (consisting of areas with larch
presence >80%) [12]. The map was used to locate wildﬁres within larch forests. Every burn polygon
was intersected with layer of Larch forest polygons in the GIS. Only part of a burn included in the
Larch class was used for further analysis. Then, the burned area was normalized with respect to the
larch area within each transect cell (i.e., the burned area was divided by the larch area).
The following parameters were calculated:
(a) Normalized wildﬁres number (NFN) for areas with larch only, deﬁned as:
NFN “

n
ˆ 100%
N

(1)

where n—ﬁres number within given latitude range; N—total ﬁres number within transect for areas
with larch only.
(b) Relative ﬁre frequency (RFF, number of ﬁres per 105 ha per given time interval), deﬁned as:
RFF “

n
ˆ 105
S Larch ˆ t

(2)

where n—number of ﬁres within the latitude zone for areas with larch only; Slarch —larch forests area
within the latitude zone, t—time interval, 105 —normalizing coefﬁcient.
(c) Relative burned area (RBA, %):
RBA “

Sburnedpiq
S Larch ˆ t
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where Sburned —total larch burned area within given latitude zone (i); Slarch (i) —area of larch forests
within given latitude zone (i), t—time interval.
The “effective” ﬁre danger period was used in this study, which was deﬁned as the time interval
in which 90% of burns occurred.
Monthly averaged air temperature and precipitation data (0.5˝ ˆ 0.5˝ cell size) for the whole of
Siberia were taken from Climatic Research Unit (http://www.cru.uea.ac.uk; [15,16]). Monthly drought
index SPEI (Standardized Precipitation Evapotranspiration Index) data were obtained from SPEI Global
Drought Monitor (http://sac.csic.es/spei/map/maps.html; [17]; grid cell size was 0.5˝ ˆ 0.5˝ ). SPEI
was calculated as the difference between precipitation (P) and potential evapotranspiration (PET) [18]:
SPEIi “ Pi ´ PETi

(4)

Solar radiation values were taken from the Solar Radiation and Climate of the Earth database
at (http://www.solar-climate.com; [19]). The data were averaged with 1-degree latitude resolution.
Data were corrected with respect to solar zenith angle, daylight length and air mass impact along meridian.
Along with satellite data, ﬁre return intervals (FRI) were analyzed within the northern portion of
the transect (62˝ –71˝ + N). FRI were calculated based on the dendrochronology analysis of samples
taken from trees with visual evidence burn on the bole. FRI was deﬁned as the time interval between
consecutive stand-replacing ﬁres. In spite of periodic wildﬁres, some old trees (>300 year) were present
with several ﬁre-scars. Trees were sampled until at least 12 samples were collected. In this study
we used earlier obtained data on FRI in northern larch forests [6,20,21] which were analyzed against
insolation along the meridian. Test sites where FRI data were obtained are shown on Figure 1.
ESRI ArcGIS software was used for GIS analysis. Statsoft Statistica was used for statistical analysis.
3. Results and Discussion
3.1. Long-Term Wildﬁre Statistics
Long-term statistics of annual wildﬁres area and the number of ﬁres in Siberia showed a positive
trend (R2 = 0.69 and 0.47, respectively; p < 0.05) (Figure 2). The correlation of annual burned area
with air temperature anomalies was the highest during the June–July period (r = 0.67); correlation
with temperature anomalies during the whole ﬁre season (April–September) was lower (r = 0.56).
Similarly, correlations between wildﬁres numbers and air temperature anomalies were higher for
June–July (r = 0.60 vs. r = 0.55 for April–September) (Figure 3).
Correlation with long-term precipitation anomalies within all Siberia was non-signiﬁcant, also
these correlations should be signiﬁcant at a smaller scale.
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Figure 2. Temporal trends in number of wildﬁres (a); (R2 = 0.69) and burned areas (b); (R2 = 0.47) in
Siberia (p < 0.05). Linear trends are shown by a solid line.

Figure 3. Correlation between wildﬁre numbers and June–July air temperature (a) (r = 0.60) and
April–September Standardized Precipitation Evapotranspiration Index (SPEI) (b) (r = ´0.43) anomalies
for the forested area in Siberia.

3.2. Wildﬁres vs Latitude along Transect
The wildﬁres distribution along latitude was a quasi-normal type (Figure 4). The ﬁre location
maximum was observed at about 52˝ N with an exponential decrease as latitude increased (Figure 4a).
The distribution of wildﬁres number along the south-north transect (52˝ –71˝ N range) was strongly
correlated with incoming solar radiation along the latitudinal gradient (r = 0.81; Figure 4a).
Wildﬁres number (as well as relative ﬁre frequency and relative burned area; Figure 4b) showed an
exponential decrease southward (latitude range <52˝ ), which is attributed to the extreme topography
of the high southern mountains, which is atypical of the northward area. However, along with
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dependence on solar radiation, ﬁre frequency was also linked to the level of anthropogenic impact [22].
The relative burned area (RBA) and relative ﬁre frequency (RFF) were correlated with solar radiation
(r = 0.87 and r = 0.89, respectively) and were strongly decreased from south to north along the transect
(Figure 4b). Mean RBA for the transect is 1.19%. In western Canada, for comparison, RBA was reported
to be 0.56% [19]. RFF at high (60˝ + N) latitudes (0.065–0.22 per 105 ha ﬁres/year) were similar to the
ﬁre frequency value for western Canada (about 0.09 per 105 ha/year) [23], and considerably higher for
the southern part of the transect (0.98–2.67) (Figure 4b).

Figure 4. (a) Wildﬁres number (normalized) distribution along transect (1) and incoming solar radiation
(2). Correlation between these two datasets is r = 0.81. (b) Distribution of relative ﬁre frequency (RFF; 1)
and relative burned area (RBA; 2). Wildﬁres parameters correlations with incoming solar radiation
are r = 0.81 (for wildﬁres number), r = 0.87 (for RBA) and r = 0.89 (for RFF) (within 52˝ –71˝ N range).
Analyzed period was 1996–2015 year.

The spatial and temporal variations of relative ﬁre frequency and relative burned area along the
transect is shown on Figure 5. The seasonal histogram of relative ﬁre frequency and burned area
had two maximums within the range 45˝ –55˝ N (corresponding to spring-early summer and to late
summer-early fall; both maxima are statistically signiﬁcant based on Fisher’s criteria). Northward of
55˝ N, seasonal ﬁre frequency and burned area distributions become unimodal (Figure 5a,b).
3.3. Fire Danger Period and Fire Return Intervals
Along the south-north transect the ﬁre danger period decreased from 130 (˘32) days in the south
to 29 (˘10) days in the north (Figure 6a). That decrease is strongly correlated with incoming solar
radiation (r = 0.97), as well as the number of wildﬁres, RBA and RFF (Figure 4). Meanwhile, we did
not ﬁnd signiﬁcant temporal trend in ﬁre danger period duration which was characterized by high
variability. For example, the date of the ﬁrst ﬁre varied by up to 30 days.
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Figure 5. Seasonal distribution of the relative ﬁre frequency (a) and relative burned area (b) along the
transect (see Figure 1). Bars were calculated for mean 10-day period (numbered 1 to 3) from March (III)
to October (X) (mean for period 1996–2015). Note: within transect zone 1 (70˝ + N) only one wildﬁre (in
3rd decade of July) was detected (not shown on the graph).
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Figure 6. (a) Fire danger period dependence on latitude (correlation with solar radiation is r = 0.97);
(b) ﬁre return interval (FRI) dependence on (1) latitude and (2) incoming solar radiation (r = ´0.95;
p < 0.05). Bars show 95% conﬁdence level.

The ﬁre return interval (we obtained earlier [6,20,21]) increased along the latitudinal gradient
(Figure 6b). It varied from 80 years at 64˝ N to about 200 years at the latitude of the Arctic Circle.
The maximum values (about 300 years) were detected for stands at the northern limit of closed larch
stands (i.e., 71˝ + N). That increase was negatively correlated with incoming solar radiation (r = –0.95).
For a south-north transect in western Canadian forests (about 60˝ –70˝ N 90˝ –130˝ W), de Groot et al.,
2013 found an FRI value of about 180 years [23], which was similar to FRI in Siberia at the latitude of
the Arctic Circle. However, no FRI dependence on the latitude was studied in that paper.
4. Conclusions
The main conclusion is that the number of ﬁres, ﬁre frequency, burned area and the ﬁre danger
period, as well as ﬁre return intervals along a south-north transect in Siberia were strongly correlated
with incoming solar radiation (r = 0.81–0.97). The ﬁre frequency and burned area distributions along
the transect were bimodal within 45˝ –55˝ N and unimodal at higher latitudes. The ﬁre frequency
exponentially decreased northward, whereas ﬁre return intervals increased from 80 years at 62˝ N
to 200 years at the Arctic Circle, and to about 300 years near the northern limit of closed stands
(about 71˝ + N).
The second main conclusion is that climate-induced ﬁre frequency and burned area are increasing
within Siberian forests. During recent decades, positive trends were observed for both number of
wildﬁres (R2 = 0.69) and size of burned areas (R2 = 0.47). Wildﬁre frequency was also correlated
with air temperature anomalies and drought index, SPEI. This result is similar to observations within
the North American portion of boreal forests [24,25], and supports the hypothesis of climate-driven
increase of ﬁre frequency in boreal forests with the possible turning of boreal forests from carbon sink
to a carbon source.
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Abbreviations
The following abbreviations are used in this manuscript:
NOAA
AVHRR
MODIS
TM
ETM
GIS
RFF
RBA
SPEI
PET
NIR
MIR
TIR
FRI

National Oceanic and Atmospheric Administration
Advanced Very High Resolution Radiometer
Moderate Resolution Imaging Spectroradiometer
The Landsat Thematic Mapper
Enhanced Thematic Mapper
Geographic Information System
relative ﬁre frequency
relative burned area
The Standardized Precipitation Evapotranspiration Index
potential evapotranspiration
near-infrared
mid-infrared
thermal infrared
ﬁre return interval
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Abstract: In central Canada, long ﬁre history reconstructions are rare. In a context where both
anthropogenic and climate inﬂuences on ﬁre regime have changed, Parks Canada has a mandate
to maintain ecological integrity. Here we present a ﬁre history derived from ﬁre-scarred jack pine
(Pinus banksiana Lamb.) trees growing at their southern distribution limit in Riding Mountain
National Park (RMNP). In Lake Katherine Fire Management Unit (LKFMU), a subregion within
the park, ﬁre history was reconstructed from archival records, tree-ring records, and charcoal in
lake sediment. From about 1450 to 1850 common era (CE) the ﬁre return intervals varied from 37
to 125 years, according to models. During the period 1864–1930 the study area burned frequently
(Weibull Mean Fire Intervals between 2.66 and 5.62 years); this period coincided with the end of
First Nations occupation and the start of European settlement. Major recruitment pulses were
associated with the stand-replacing 1864 and 1894 ﬁres. This period nevertheless corresponded to a
reduction in charcoal accumulation. The current ﬁre-free period in LKFMU (1930–today) coincides
with RMNP establishment, exclusion of First Nations land use and increased ﬁre suppression.
Charcoal accumulation further decreased during this period. In the absence of ﬁre, jack pine exclusion
in LKFMU is foreseeable and the use of prescribed burning is advocated to conserve this protected
jack pine ecosystem, at the southern margins of its range, and in the face of potential climate change.
Keywords: ﬁre history; boreal mixedwood; Pinus banksiana; dendrochronology; ﬁre scars;
lake sediment charcoal; First Nations; European settlement; ﬁre exclusion; paleoecology

1. Introduction
1.1. Fire and Prescribed Fire in Central Canada
Wildland ﬁre across boreal Canada remains a primary ecological process, despite ﬁre suppression
being the dominant management paradigm [1,2]. In Manitoba, prescribed ﬁre (hazard reduction,
silvicultural site preparation, enhancement of wildlife habitat, range burning, and insect/disease
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control or ecosystem conservation) has not been as widely used as in other Canadian provincial
and federal legislations [3]. Prescribed ﬁre has been primarily used to reduce forest encroachment
in native prairie ecosystems, to maintain tall-grass prairie [4,5], and to study its impact as a site
preparation tool following clear-cutting of jack pine (Pinus banksiana Lamb.) stands [6]. In 1983, the
use of prescribed ﬁre in National Parks started in Banff and Jasper with the objective of maintaining
the natural age-classes distribution of lodgepole pine (Pinus contorta Dougl. ex. Loud.) and Douglas-ﬁr
(Pseudotsuga menziesii (Mirb.) Franco) populations [1,7]. In 2007, the Riding Mountain National
Park (RMNP, Manitoba) management plan identiﬁed ﬁre regime alteration as one of its ecological
integrity concerns [8]. Maintaining or improving ecological integrity by approximating historical
long-term ﬁre cycles and minimizing ecological risk has also been identiﬁed as a goal in the National
Fire Management Plan [9]. Restoration of long-term ﬁre regimes is thus becoming a critical part of
land management, particularly in parks and protected areas [1]. Achieving this objective requires an
understanding of historical ﬁre regimes and of the extent and degree to which they have been altered.
In many landscapes, ﬁre regime characteristics were also inﬂuenced by cultural values that dictate
human practices such as: Land use, impacts of settlement, forestry practices, and ﬁre suppression
policies [10–12]. In addition, uncertainty and controversy still remain about the importance of ﬁre
usage by First Nations, Metis, and European settlers [1].
1.2. Jack Pine Distribution and Fire Regime
In North America, jack pine has a wide distribution and the species is typical of ﬁre-prone
habitats [13,14]. In RMNP, jack pine forms marginal populations reaching their southern limit of
distribution. South of this natural limit in Manitoba, jack pine plantations can be however found [15].
In the boreal forest, the species distribution is regulated by ﬁre [16–18] and populations are usually
referred to as even-aged originating from stand-replacing ﬁres. At the northern distribution limit of the
species in northern Québec, ﬁre intervals have been short enough to prevent jack pine exclusion [19].
A key requirement for the long-term maintenance of jack pine populations is a ﬁre return interval
(FRI) shorter than average life span of individual trees [19,20]. In the absence of ﬁre, jack pine would
disappear as a natural component of the boreal landscape [7,16]. Lethal ﬁres that are too frequent will
also affect long-term maintenance by preventing regeneration. Less frequently, uneven-aged jack pine
populations have been associated with lack of ﬁres [21,22] or non-lethal surface ﬁre regime [17,23].
In northern Québec, jack pine trees growing in contrasting ﬁre regime (mainland versus lake islands)
were found to express different serotiny levels, this character being less expressed in non-lethal
surface ﬁre regime [17]. In north-central Manitoba, old open uneven-aged mixed jack pine/northern
white-cedar (Thuja occidentalis L.) stands associated with a non-lethal surface ﬁre regime can be
found [24]. In southwestern Manitoba (north of RMNP), open jack pine stands bearing ﬁre scars were
also observed [25] in upland meadows in the Duck Mountain Provincial Forest (DMPF).
1.3. Fire Regime in the Boreal Plains of Western Manitoba
In central Canada, little research has been conducted with regards to disturbance dynamics in the
boreal and mixedwood forests [25,26]. A study conducted in the boreal plains (e.g., DMPF) indicated
the prevalence of stand-replacing ﬁres associated with major drought periods and a lengthening of
the ﬁre cycle since pre-European Settlement [25]. Large ﬁres in 1885 were reported in the DMPF [27]
and large ﬁres were also reported north in Porcupine Mountain at the end of the 19th century and in
1919 [28]. Some of the most notable ﬁres occurred during the period 1885–1895, which burned almost
half of the forested area of the uplands region [25,27,29].
In RMNP, limited speciﬁc information exists on ﬁre history [30]. Some authors (i.e., [31,32])
attributed the major ﬁres of 1822, 1853–1855, 1889–1891, and 1918–1919 to RMNP, but these were
actually reported for the “B18 mixedwood section of the boreal forest,” with study sites located
from Manitoba to Saskatchewan [33]. The only ﬁre speciﬁcally associated with RMNP was the 1915
Whirlpool ﬁre [33]. In RMNP, various reports have identiﬁed ﬁres as having been most prevalent
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during European settlement (1885–1895) as land was cleared for farming [34]. Two large ﬁres in
the early 1890s were reported to have burned over 70% of the western portion of the park and ﬁres
in circa 1830 and 1895 burning in the eastern portion [35]. Jack pine stands in the southeastern
portion of RMNP were also reported to have burned repeatedly at the turn of the 20th century [34,36].
Even-aged pine stands failing to regenerate due to repeated ﬁre causing open prairie lands were also
reported [35,37]. Since the creation of RMNP in 1930, numerous ﬁres have burned into the park from
surrounding farmland areas [30,34]. Nonetheless, a lengthening of the ﬁre cycle was reported [20,36].
Fire prevention/suppression policies were implemented from the time of Forest Reserve establishment,
up to 1979. In 1979, the Parks Canada policy changed from protection to management and permitted
under certain conditions “active management or manipulation of the ecosystems” [38].
1.4. Objectives
In a context pertaining to protected area management, the main objectives of this study were
(i) to document the historical variability in ﬁre regime in marginal jack pine populations located at
their southern limit of distribution and (ii) to translate this knowledge into ecosystem management
strategies. An understanding of the past ﬁre regime and historical legacies could lead to restoration
and/or to the identiﬁcation of factors that would warrant it. First, the characteristics of the recent
ﬁre regime (interval, seasonality, and spatial distribution) were reconstructed using exact ﬁre scar
dates coupled with establishment/mortality records. Second, indices regarding the anthropogenic
or climatic nature of the ﬁre regime were analyzed. Third, macroscopic charcoal particles (>125 μm)
recovered from Lake Katherine sediment were quantiﬁed to determine changes in the ﬁre regime at
a time frame beyond that provided by the archival and tree-ring records. The presence of jack pine
stands in RMNP with trees bearing multiple ﬁre scars offered a unique opportunity to reconstruct the
ﬁre regime of a portion of the park and to address the anthropogenic or climatic nature of these ﬁres.
2. Materials and Methods
2.1. Study Area
The study area lies within RMNP located in southwestern Manitoba about 250 km northwest
of Winnipeg (Figure 1). The park covers 2969 km2 and constitutes the southeastern extent of the
Mixed Wood Section of the Boreal Forest Region [39]. Riding Mountain is part of the Manitoba
Escarpment, which rises approximately 300 m from the eastern Manitoba lowlands. The park is
primarily on the plateau, transitioning from the ﬁrst prairie level (the Manitoba Plain) to the second
prairie level (Saskatchewan Plain). Riding Mountain also forms the southern limit of the Mid Boreal
Uplands ecoregion, which also includes Duck Mountain Provincial Forest (DMPF) and Porcupine
Provincial Forest (PPF) to the north [40]. Outside RMNP boundaries, the landscape is dominated by
agricultural development.
The vegetation of RMNP is characteristic of the mixed boreal forest [20,31]. The present-day
boreal forest existed since about 2500 BP with a parkland phase of grassland and deciduous species
dominating from 6500 to 2500 BP [41]. In the well-drained upland portion of RMNP the characteristic
boreal forest association predominates with trembling aspen (Populus tremuloides Michx.), balsam
poplar (Populus balsamifera L.), white spruce (Picea glauca (Moench) Voss), and balsam ﬁr (Abies balsamea
(L.) Mill.) dominating. On the sandier, drier, nutrient poor sites, jack pine is found; on moister sites,
black spruce (Picea mariana (Mill.) B.S.P.) and tamarack (Larix laricina (DuRoi) K. Koch) increase in
dominance. On the exposed edges of the region, bur oak (Quercus macrocarpa Michx.) dominates
and, where black chernozemic soils are present, grasslands are embedded in the mixedwood forest.
Trembling aspen is the prevalent species across the transition zone, taking the form of small scattered
clumps in the grasslands to large stands in the boreal forest [20,31,37,39]. In RMNP, jack pine is
conﬁned to an area of approximately 250 km2 in the SE portion (Figure 1D) and is separated from the
contiguous boreal forest by about 80 km [20,42].
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The RMNP lies within a mid-boreal climate with short, cool summers and cold winters.
At Wasagaming (50◦ 39 18 N, 99◦ 56 31 W, elevation 627.4 m.a.s.l.) for the period 1981–2010, average
annual precipitation was 488 mm, with 372 mm falling as rain. June is the wettest month with a mean
rainfall of 80 mm [43]. The temperature ranges from −17.5 ◦ C (mean January) to 17.0 ◦ C (mean July),
with a mean annual daily temperature of 0.7 ◦ C with extremes ranging from −47.8 ◦ C to 36.5 ◦ C.

Figure 1. Location of the study area in Canada (A) and of Riding Mountain National Park (RMNP)
in Manitoba (B). The star indicates the location of the city of Winnipeg and the dark grey shaded
area represents Pinus banksiana range of distribution. The upper right inset (C) shows RMNP and the
location of the Lake Katherine Fire Management Unit (LKFMU). Clear Lake can be seen left of LKFMU.
The lower right inset (D) indicates the P. banksiana sites (black circles) that were sampled within and
outside LKFMU. Lake Katherine can be seen in the lower left corner of LKFMU (arrow), with Clear
Lake to the west.

2.2. RMNP History
The history of the Riding Mountain region is not fully documented but human occupation started
with the retreat of the Wisconsin ice sheet and the formation of Glacial Lake Agassiz. Clovis projectile
points were found on Rolling River [44], about 15 km from our study area. The highlands of RMNP,
being transitional parkland with both forest and grassland ecosystems, provided optimum resource
and habitat availability on a seasonal basis [45]. During the historical period, the resource-rich base
was exploited for seasonal rounds and year-round use by First Nations, with Assiniboine, Cree, and
Ojibwa having traditionally occupied portions of the park [30,46]. The Ojibwa moved into the area
in the 1700s as a response to the fur trade and by the early 1800s were established as the dominant
society of the Riding Mountain region [30,32].
In the Riding Mountain region, European settlement, lumber milling, and land clearing occurred
from 1870 to 1930. Timber was sought after for building materials, fuelwood, and railway ties [44].
Intensive logging of the southeastern portion of RMNP was triggered by the construction of the railway
to Dauphin in the early 1890s [20], with ﬁre being a continuous issue because of its careless use by
settlers clearing homesteads [30]. In 1895, the Riding Mountain Forest Reserve was established to
protect the remaining forest and timber supply from exploitation and destruction by ﬁre. In 1906,
the Dominion Forest Reserve Act was passed marking the beginning of regulated harvesting and
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organized ﬁre protection. National Park establishment was in 1930, with timber harvest, grazing, and
haying continuing up to the mid-1960s. Strict ﬁre prevention/suppression policies were implemented
from the time of Forest Reserve establishment, up to 1979. Prior to its regulation, numerous ﬁres from
careless slash and disposal operations burned a large portion of the reserve [30]. In the early days,
Forest Rangers also frequently created ﬁre guards along the park boundary by burning meadows early
in the spring [1].
In Riding Mountain, European settlement, the establishment of Indian reserves in the 1870s and
the creation of the Riding Mountain Forest Reserve were all instrumental in restricting First Nations’
use of the area [30]. One reserve at Clear Lake, belonging to the Keeseekoowenin Ojibwa First Nation,
fell within the boundaries of the National Park, and in 1936, the people were evicted by Park staff and
their homes burned [32,47]. Currently six First Nation communities are located adjacent to or within
RMNP on Indian Reserve lands, with the Keeseekoowenin and Rolling River [46] located closest to the
study area.
2.3. Field Procedures
Sampling occurred in the southeastern portion of RMNP where jack pine stands predominate.
More precisely, sampling mainly took place in Lake Katherine Fire Management Unit (LKFMU;
14U 437000, 5613000), a 30 km2 zone adjacent to Clear Lake on the southeastern portion of RMNP
(Figure 1D). The landform is mainly hummocky to undulating stagnation moraine, at an elevation of
620–695 m.a.s.l., and covered by orthic gray luvisol soils. The LKFMU is located on the boundary of
the park at the southwestern edge of the jack pine range which was mapped by Zoltai [42].
Data collection for the tree-ring portion of the study came from two independent studies. First a
ﬁre study was initiated by Parks Canada in 2008–2009 following standard methods [48–50]. Jack pine
stands were identiﬁed and located from 1928, 1959, 1979, and 2004 aerial photos (Figure 2A,B) and 1937
forest inventory maps and systematically surveyed for evidence of ﬁre disturbance. Cross-sections
were taken from the ﬁre-scarred trees and remnants (snags, logs, and stumps) with the most numerous
scars (Figure 2C). A total of 89 trees with apparent ﬁre scars were cut. Sampled trees were not
evenly distributed across the study area. For each sampled tree, the number of visible scars, number
of cross-sections taken, number of pieces per cross-section, height of cross-sections above ground,
azimuth in degrees of ﬁre-damaged cat faces, live or dead specimens, and Universal Transverse
Mercator (UTM) location were recorded. Fire scars were assigned a compass bearing for the direction
of the middle of the arc of the killed cambium. Direction of ﬁre spread was estimated by converting
the compass bearing for the ﬁre scar orientation to a cardinal direction. The scars were assumed to
have formed on the leeward side of the tree during a ﬁre event [23,51]. Only the ﬁrst scar was used for
the direction analysis because subsequent scarring is often more likely to occur after the ﬁrst burn due
to exposed cambium and thinner bark in the region of the ﬁrst scar [23]. It must be noted that local
fuel conditions, weather, and topography also need to be taken into consideration when analyzing the
direction of spread [52].
Second, a study initiated in 2009 by the University of Winnipeg DendroEcology Laboratory
(UWDEL) aimed at developing long tree-ring chronologies for multi-species including jack pine [53].
Collected samples included both living and dead jack pine trees distributed within RMNP including
LKFMU. Given that the objective of this study was to locate old living and dead trees, ﬁve to
10 trees (two cores per tree) were usually sampled per site except in young stands and/or where
jack pine trees were in low abundance. Cross-sections were collected from dead material when
available. This sampling added 110 trees from sites distributed in LKFMU. Another 100 jack pine
trees located outside LKFMU were also used in the development of tree-ring chronologies and their
establishment/mortality dates were considered for comparison (Figure 1D).
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Figure 2. Aerial photographs from a portion of the LKFMU taken in 1929 (A) and in 2007 (B) showing
some of the sampling points and vegetation densiﬁcation. Pinus banksiana trees showing ﬁre scars (C).

2.4. Fire Scar and Chronology Development
All cores and disks were prepared following standard procedures including drying, gluing,
sanding, and crossdating [25,50,52]. Samples were ﬁrst visually crossdated using pointer years [53].
For each tree, all ﬁre scar dates as well as tree establishment/mortality dates were recorded (Figure 3A).
Determining ﬁre years from tree scars followed standard techniques [54], with visual crossdating
performed both before and after the events. Injury scars that were discovered a posteriori and did not
correspond to a typical ﬁre scar (Figure 3A) were not included. In addition, the relative position of
the ﬁre scar within the annual rings was determined (EE: Early earlywood, ME: Middle earlywood,
LE: Late earlywood, LW: Latewood, D: Dormant, or U: Undetermined) to assess the season of ﬁre
occurrence [55]. Tree diameter (four radii) and tree age at the ﬁrst ﬁre scar were also determined
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in the laboratory for each tree bearing the pith to determine the mean minimum tree size (age) at
time of injury. This information allowed for determining the minimum tree size for ﬁre survival [51].
For samples that did not intersect the pith, the distance to it was estimated using a circle template
that best ﬁt the curvature of the innermost ring [22]. The number of years to the circle center was then
estimated using an age–radius curve derived from samples for which the pith was intercepted. All age
structures are thus presented to the year despite presenting a slight bias.
Given that the absence of ﬁre scars does not necessarily imply that an area did not burn at a given
time [52], white earlywood rings (WER; [56]) were also systematically compiled. White earlywood
rings were observed in both jack pine trees bearing ﬁre scars and in unscarred trees within
LKFMU (Figure 3B,C). The presence of WER could provide an indication of crown scorch as they
have been associated with crown damages during the dormant season, presumably leading to a
carbohydrate deﬁcit responsible for the production of earlywood tracheids with thin secondary
walls [56]. The absence of WER in jack pine trees growing outside the LKFMU would support
this hypothesis.

ȱ
Figure 3. Pinus banksiana cross-section presenting six ﬁre scars (A); P. banksiana cross-section showing a
ﬁre scar in 1911 (B), and another one showing a white earlywood rings (white arrow) in 1911 (C).

A tree-ring reference chronology was also developed from jack pine trees collected within and
outside LKFMU. For each sample, annual growth increments were measured along two radii at
a precision of 0.001 mm using a Velmex measuring stage coupled with a computer. Both visual
crossdating and measurements were statistically validated using the program COFECHA [57], which
calculates cross-correlations to a lag of 10 years between each individual standardized measurement
series and a reference chronology. All measurement series were then standardized using a 53-year
(or more ﬂexible for a few series) cubic smoothing spline using program ARSTAN (Ver 4.4, [58]).
2.5. Analyses of Tree-Ring and Climate Data
The software FHX2 and FHAES Ver. 2.0.1 [59,60] were used to develop the ﬁre chronology
and summarize ﬁre intervals statistics. Mean ﬁre return interval (mFRI), Weibull mean ﬁre return
interval (WmFRI) and descriptive statistics were computed for both the composite and individual
tree ﬁre intervals. The mFRI is the average number of years between ﬁre dates in the composite
chronology [48,61]. Results are presented for individual tree intervals and for composite chronologies
at multiple scales. Fire statistics for LKFMU were computed for three sets of data: (i) entire ﬁre years
(no ﬁlter); (ii) ﬁre recorded by 10% or more of the sample trees; and (iii) ﬁres recorded by 25% or more
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of the sample trees. This approach aimed at highlighting spatial variation among locations, assuming
that ﬁres present in more than 10% and 25% of the samples were more widespread [62]. The FHAES
program was also used to analyze the seasonality of ﬁre and analyses.
To determine the potential impact of climate on LKFMU ﬁre regime, the association between
the jack pine tree-ring chronologies and the reconstructed Canadian Drought Code (CDC) was
assessed using correlation analyses. This analysis was done using the CDC derived from a network of
chronologies developed for DMPF located about 125 km north of RMNP [63]. Running correlations
were also used to assess the association between LKFMU jack pine chronology and the one developed
outside LKFMU.
2.6. Lake Katherine Charcoal Sediment Analyses
In addition to the tree-ring studies, a paleoecological study was conducted in the winter of 2010
to quantify macroscopic charcoal particles in Lake Katherine sediment. Lake Katherine is located
in the southwest section of LKFMU (Figure 1D). It has an area of 26.7 ha and a depth of 8.5 m [64].
Lake Katherine is also a small closed basin, presumably ground water fed, with no signiﬁcant water
courses in or out. Unconsolidated sediment was extracted with a Glew gravity corer [65] down to 40 cm
depth and dated with 13 210 Pb samples using a constant rate of supply model [66,67]. The procedure
followed for 210 Pb dating was that outlined by MyCore Scientiﬁc Inc., (Dunrobin, ON, Canada).
(http://mycore.ca). Underlying consolidated lake sediments were extracted with a Livingston Piston
corer [68] down to 673 cm and dated with four 14 C samples. Dating of the deeper sediments was
undertaken on organic material using the 14 C Accelerator Mass Spectrometry (AMS) method [69]
following the procedure outlined by Beta Analytic (Miami, FL, USA) (http://www.radiocarbon.com).
In this study, the upper 1.4 m of sediment was analyzed and the age-depth model was thus derived
using the ﬁrst two radiocarbon dates and the ﬁrst eleven 210 Pb dates. The two 14 C dates were derived
from (i) charred spruce needles located at a depth of 259 cm and dated to 1710 BP ± 30 years and
(ii) from a piece of wood at a depth of 476 cm and dated to 5035 BP ± 30 years. The dating of the
sediment (210 Pb and 14 C) allowed the development of an age-depth model providing a calendar
date for each centimeter of the sediment core. The age-depth model ﬁrst required 14 C dates to be
calibrated using program CALIB 7.0 [70] based on IntCal13 [71]. An age–depth model was developed
using MCAgeDepth program [72] following 1000 Monte Carlo simulations to generate conﬁdence
intervals (Figure S1).
The Lake Katherine charcoal record was generated by sub-sampling the upper 140 cm of sediment
(ﬁrst 105 cm) at ~1 cm intervals and the remaining sediment at ~4 cm) with a calibrated (1 cm3 )
brass subsampler. Samples were soaked in a 10% Sodium Pyrophosphate solution for two days
before being wet-sieved at 125 microns. Next, the sieved residue was soaked in a 3% Hydrogen
Peroxide solution for six hours before again being wet sieved at 125 microns [73]. Residues were
then transferred to a channeled Bogorov tray, where charcoal pieces >125 microns were identiﬁed
and counted using a stereomicroscope at 10–50× magniﬁcation. Charcoal particles were compiled
using three size classes (125–250, 250–500, >500 microns), with the total count representing their sum.
Among the particles, the number pertaining to the grass cuticle morphotype [74] was also determined.
Based on the age–depth model, total charcoal counts were reported as charcoal accumulation rate
(CHAR, particles/cm2 /cal year).
The CHAR series was analyzed using the CharAnalysis program [75] to identify ﬁre events and
calculate FRIs. In this study, the period ~1450–2010 CE was analyzed and CHAR series was interpolated
(Cinterpolated ) to equal time steps (four years, i.e., median sample resolution), containing a low frequency
(Cbackground ) and a high frequency (Cpeak ) component [76,77]. The Cbackground was determined using
the Lowess smoother robust to outliers using a window width of 300 years. Cpeak series were identiﬁed
by subtracting Cbackground from Cinterpolated . The Cpeak series were further decomposed into a Cnoise
and Cﬁre , with the latter representing in theory signiﬁcant peaks associated with local ﬁres [66,76].
The Gaussian mixture model was used to determine Cnoise distribution and a locally deﬁned threshold
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was used to identify signiﬁcant Cpeak . The 90th, 95th, and 99th percentiles of the Cnoise distribution were
considered as a possible threshold separating Cpeak into ‘ﬁre’ and ‘non-ﬁre’ events. The minCountP
value was set to 0.99 in all runs given the short FRIs characterizing the recent RMNP ﬁre history.
The ﬁnal determination of the peak analysis parameters were based on maximization of the signal to
noise (SNI) index (typically >3) and goodness of ﬁt (GOF; p < 0.05) [66,77].
3. Results
3.1. Recent Fire History in LKFMU
The tree-ring reconstructed ﬁre history covers the period 1812 to 2009 (Figure 4). Two hundred
and seventy-nine crossdated ﬁre scars were recorded. A total of 28 ﬁre years were recorded, with the
ﬁrst event recorded by two trees or more being observed in 1864 and the last one in 1930. During this
period, 17 ﬁres were recorded by more than two and up to 44 scarred trees: 1864, 1882–1883, 1887–1888,
1891, 1893–1894, 1903–1904, 1910–1911, 1915, 1917, 1923, 1925, and 1930. More than 48% of the
91 recording trees displayed a ﬁre scar in 1915 (Figure 4). Prior to 1859 (one scarred tree), no ﬁres
were recorded despite sample depth reaching about 20 trees. The 1864 ﬁre was recorded by few
trees and this event was followed by an important recruitment pulse lasting from about 1865 to 1875
(Figure 4). The 1880 decade also marked an increase in recorder trees, with 14 trees recording the 1883
ﬁre. The 1894 and perhaps 1887–1888 ﬁres were also followed by important jack pine recruitment,
occurring within a decade of few or no ﬁres. Of the recorded ﬁres, numerous ones also occurred
consecutively (e.g., 1882–1883, 1887–1888, 1893–1894, 1903–1904, and 1910–1911; see Figure 4).
A total of 181 ﬁre intervals originating from ﬁre scars were recorded in LKFMU (30 km2 ) ranging
from 1 to 38 years with a mean ﬁre return interval (mFRI) of 10.98 years and a Weibull mean ﬁre
return interval (WmFRI) of 11.03 years (Table 1). During the period 1850–1930 the mFRI derived from
composite chronologies (no ﬁlter, ≥10% and ≥25% of the tree scarred) was 2.63, 4.18, and 5.60 years,
respectively. The WmFRI values were 2.66, 4.19, and 5.62 years, respectively (Table 1). No ﬁre has
been recorded in LKFMU over the last 85 years (a ﬁre-free period) corresponding to the period of First
Nations land use exclusion, the National Park establishment, and active ﬁre exclusion.

ȱ
Figure 4. Percent of Pinus banksiana trees scarred per ﬁre year. Sample depth (number of trees) is
indicated. Percentage of scarred trees (black bars) is calculated from recorder trees (black line), with
all sampled trees in the LKFMU indicated by the dashed grey line. No ﬁre scars recorded by at least
two trees were observed prior to 1864 or after 1930. The break in the x-axis from 1932 to 1989 is simply
intended to better capture the ﬁgure’s details.
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Table 1. Descriptive statistics and ﬁre intervals for Lake Katherine Fire Management Unit in Riding
Mountain National Park.

Year of coverage
Minimum number of sample
Total intervals
Mean ﬁre interval
Median ﬁre interval
Fire frequency
Weibull mean interval
Weibull median interval
Weibull ﬁre frequency
Minimum ﬁre interval
Maximum ﬁre interval
Lower exceedance interval
Upper exceedance interval
Including WER
Total intervals
Mean ﬁre interval
Median ﬁre interval
Fire frequency
Weibull mean interval
Weibull median interval
Weibull ﬁre frequency
Minimum ﬁre interval
Maximum ﬁre interval
Lower exceedance interval
Upper exceedance interval

LKFMU

LKFMU

LKFMU

LKFMU

All Sampled
Trees

Composite: 1%
Recording Trees
Scarred

Composite: 10%
Recording Trees
Scarred

Composite: 25%
Recording Trees
Scarred

1850–1930
1
181
10.98
10.00
0.09
11.03
10.19
0.10
1
38
4.19
18.44

1850–1930
1
27
2.63
1.00
0.38
2.66
2.10
0.48
1.00
13.00
0.55
5.17

1850–1930
1
17
4.18
4.00
0.24
4.19
3.42
0.29
1.00
13.00
0.96
7.98

1850–1930
1
10
5.60
4.50
0.18
5.62
4.36
0.23
1.00
18.00
1.08
11.05

189
10.75
10.00
0.09
10.79
9.96
0.10
1
38
4.08
18.05

No Change
No Change
No Change
No Change
No Change
No Change
No Change
No Change
No Change
No Change
No Change

No Change
No Change
No Change
No Change
No Change
No Change
No Change
No Change
No Change
No Change
No Change

No Change
No Change
No Change
No Change
No Change
No Change
No Change
No Change
No Change
No Change
No Change

In the bottom portion of the table white earlywood rings (WER) were added to the ﬁre scar data.

The jack pine age structure (establishment/mortality) within LKFMU indicated continuous
recruitment since the early 1800, with important pulses being observed in the late 1860s and the late
1890s (Figure 5A). These establishment peaks corresponded to periods with longer ﬁre intervals that
followed the 1864 and the 1894 ﬁres (Figure 5A). Establishment was also observed around 1810, 1850,
and 1920. While our study did not include the quantiﬁcation of recruitment after 1930, qualitative
ﬁeld observations indicate little to no jack pine regeneration in LKFMU. Regeneration and inﬁll of
forest gaps is mainly associated with white spruce and trembling aspen. Jack pine mortality has also
been continuous during the reference period and increasing mortality was observed since the late
1970s (Figure 5A). The jack pine age structure outside LKFMU revealed distinct features (Figure 5B).
Little indications of past ﬁres were observed in these sites with the exception that some did burn
in the spring of 1980 (ﬁeld observations). Outside LKFMU, recruitment pulses may have occurred
in the 1810s, 1830s, and 1890s, as indicated by pith dates. Similarly to LKFMU, jack pine mortality
also increased around the late 1970s (Figure 5B), with that observed in 1980 being a consequence of a
documented forest ﬁre burning outside LKFMU.
In LKFMU, jack pine trees recorded their ﬁrst scar at a mean diameter of 4.3 cm at cross-section
height (standard deviation: 2.33, range 1.07–15.00, n = 93) and at a mean age of 20.61 years
(standard deviation: 12.07, range 6–66, n = 93). These numbers also reached lower values during
the two periods of clustered ﬁre scars starting in the early 1860s and late 1880s (Figure 3A; Figure 6).
The diameter (age) distribution at which trees recorded their ﬁrst ﬁre scar also indicated a signiﬁcant
decrease with time in those parameters, suggesting an intensiﬁcation of ﬁre frequency in the
late 1800s (Figure 6).
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ȱ
Figure 5. Age structure distribution of Pinus banksiana trees sampled within (A) and outside (B) Lake
Katherine Fire Management Unit (LKFMU). The location of sampling sites located inside and outside
of LKFMU can be seen in Figure 1D. For the age structure (A and B), the bottom bars are associated
with recruitment whereas the top bars are associated with mortality. The frequency of trees with the
pith date (bottom bars in A and B) and with the last ring complete (upper bars in A and B) are gray,
whereas the white ones indicate the innermost and outermost dates.

ȱ

Figure 6. Diameter (A) and age (B) at ﬁrst recorded scar as a function of origin date for Pinus banksiana
trees. The r2 value associated with a second-order polynomial regression is indicated. The regression
lines (with 95% CI) suggest that the ﬁrst ﬁre scar was recorded at a larger diameter (older age) in trees
recruited prior to the 1860s. The horizontal dashed lines indicate the mean value.
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3.2. Seasonality and Direction of Fires
The seasonal analysis of ﬁre years indicated that the great majority of the ﬁres were recorded
in the dormant season (79.6%), followed by earlywood ﬁres (14.5%; Table 2). Overall, 92.1% of the
scars indicate dormant season or spring ﬁres. The majority of the scars identiﬁed to the dormant
season also had a few trees recording them in the earlywood (Figure 7A). Intriguingly, the ﬁre years
1894 and 1915 stand out with scars recorded from the dormant period to the mid-earlywood position
(Figure 7A). Numerous ﬁre scar years were also associated with the production of WER (Figure 7B).
Agreement between both proxies was observed in 1883, 1887–1888, 1894, 1910–1911, 1923, and 1930,
whereas the WER years 1943 and 1954 did not correspond to any ﬁre scars (Figure 7B).
Table 2. Seasonality of ﬁre scars based on relative intra-annual position of ﬁre scar within the annual
growth rings.

Total ﬁre scars
Scars with season determined
Scars undetermined
Dormant (D)
First third earlywood (E)
Second third earlywood (M)
Last third earlywood (L)
Latewood (A)
DEM
LA

Number

%

279
269
10
214
39
16
0
0
269
0

100
96.4
3.6
79.6
14.5
5.9
0.0
0.0
100.0
0.0

ȱ
Figure 7. Frequency of ﬁre scars with location within tree rings (A) and of white earlywood rings (B).
The break in x-axis from 1955–1989 is simply intended to better capture the ﬁgure’s details.

The distribution of ﬁre-scarred trees in LKFMU revealed large spatial variability from one ﬁre
to another (Figure 8). For example, the 1888, 1903, and 1911 ﬁre scars were mainly restricted to
the southeastern portion of LKFMU. Scarred trees were also observed close to Lake Katherine in
1864, 1883, 1887, 1894, 1904, 1910, 1915, and 1917. The distribution of WER also matched that of
ﬁre scars very well. While few scars dating from 1864 were found, the 10-year period following this
event was characterized by intensive jack pine recruitment. The 1894 (and possibly 1887–1888) ﬁre
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was also followed by abundant recruitment. Some of the larger ﬁres in LKFMU were observed in
1864, 1887, 1894, 1910, and 1915. The frequency of WER was highest in 1910, a year corresponding
to widespread ﬁre occurring mainly during the dormancy period. The 1915 ﬁre was widespread
and apparently burned for a long period in the growing season, having been recorded from the
dormant season to the early and mid-earlywood (Figure 7). Interestingly, the spatial distribution of ﬁre
scarred trees also suggests that LKFMU may have been burned over a two-year period. For example,
the position of the scarred trees in 1887–1888, 1903–1904, and 1910–1911 suggested that different
portions (northwest versus southeast) of the area were burned each year (Figure 8). In LKFMU, the
wind rose with the frequency of spread directions suggested the prevailing ﬁre spread was from the
southwest (Figure 8).

ȱ
Figure 8. Spatial distribution of sampling sites and ﬁre-scarred Pinus banksiana trees for 13 major ﬁre
years in the LKFMU. Fire scars, white earlywood rings (WER), and regeneration as well as combinations
of them are indicated in the legend. A wind rose depicting the frequency of ﬁre spread directions is
also presented. The arrow indicates the location of Lake Katherine.

3.3. Drought and Fire
The tree-ring chronology developed from jack pine trees from inside and outside LKFMU covers
the period 1812–2008 and 1804–2008, respectively (Figure 9A). These chronologies were signiﬁcantly
correlated (r = 0.798, p < 0.001, n = 189) for the period 1820–2008 and they were both also signiﬁcantly
correlated with the reconstructed CDC index (r = −0.513 and r = −0.504, p < 0.001, n = 177) for the
boreal plains of Manitoba (Figure 9). The running correlation between the inside and outside LKFMU
chronologies also presented a strong degradation of the common signal from about 1840 to 1910;
the correlation reached a minimum during the interval 1855–1904 (Figure 9B). In LKFMU, ﬁre years
occurred when the CDC values ranged from 194 to 312, indicating that ﬁres occurred in years when
the drought code was high to extreme [78]. Among all ﬁres, the 1915 ﬁre occurred in a very dry
summer (Figure 9C).
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ȱ
Figure 9. Pinus banksiana standard tree-ring chronology and sample depth (A) developed from trees
inside (gray line) and outside (black line) the LKFMU. The upper lines represent their respective 11-year
moving average. Thirty-year running correlations between the two chronologies are plotted with
95% CI (B). The dashed line indicates the mean correlation value. Reconstructed Canadian Drought
Code (with 11-year moving average) for the Manitoba boreal plains [63] and recorded ﬁre scar within
LKFMU (C).

3.4. Lake Katherine Charcoal Chronology
The CHAR (Charcoal Accumulation Rate) proﬁle for Lake Katherine indicated a stepwise and
substantial reduction in charcoal concentration starting around 1850 (Figure 10A). CHAR from the
early record until about 1850 was relatively stable, with a mean count of 100.5 particles (cm−2 ·year−1 ).
From 1850 to 1930, CHAR decreased to a mean of 32.8 particles and after RMNP establishment (1930),
it decreased to a mean of 7.9 particles. After about 1850, both the contribution of grass cuticles and of
large charcoal particles (>500 microns) to total CHAR also decreased abruptly (Figure 10B). Over the
period analyzed, the number of ﬁre events detected varied according to the threshold used (90th,
95th, and 99th percentiles). The number of ﬁres identiﬁed was 9, 7, and 4, respectively (Figure 10A).
With ﬁve ﬁre intervals detected prior to 1850, the mFRI (90th percentile) was estimated to be 58 years,
ranging from 13 to 113 years. Numerous ﬁre events were also detected using the grass morphotype
CHAR and the 90th percentile threshold (Figure 10B). The CHAR peak analysis in this study failed to
identify the numerous ﬁres that occurred between 1850 and the RMNP establishment (Figure 10A).
Between 1850 and 1930, ﬁre events at the 90th percentile were detected in 1858, 1990, and 2002, whereas
at the 95th only ﬁres dated to 1858 and 1990 were detected. A ﬁre in 1982 was identiﬁed from the
grass particle CHAR (Figure 10B). At the 99th percentile, two ﬁre events were detected in the early
1800s. The smooth FRI (600 years smoothing) associated with each percentile indicated long-term FRIs
ranging from about 50 to 133 years (Figure 10C).
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Figure 10. Cinterpolated (four years) with Cbackground curve using a 300-year window (A). The ﬁre events
identiﬁed using the 0.90, 0.95, and 0.99 thresholds are identiﬁed. The gray triangles indicate ﬁre years
determined from ﬁre scars occurring in two or more trees. The vertical dashed line indicates the
establishment of Riding Mountain National Park. The contributions of grass cuticle morphotype and
that of charcoal particles above 500 microns are also indicated, as well as the ﬁre events identiﬁed in the
former at the 90th percentile (B). The signal to noise ratio with SNI = 3 threshold value (short dashed
grey line); (C) and the ﬁre return intervals (600 years smoothing) associated to each threshold (D) are
also indicated.

4. Discussion
4.1. LKFMU Fires: European Exploitation/Settlement Period (1850–1930)
The tree-ring evidence suggests that a mixed ﬁre regime may have dominated LKFMU, with
dominance of frequent low intensity surface ﬁres during the period 1850–1930. Major recruitment
pulses followed two of the largest, most severe ﬁres (1864 and 1894) and periodically followed a number
of less severe ﬁres. The absence of repeated and/or widespread ﬁres in the decade following these two
ﬁres may have been determinant of successful jack pine establishment. The ﬁre regime during this
period had characteristics of both grassland and boreal forest—a transitional regime where ecosystems
with frequent light surface ﬁres meet ecosystems with less frequent, high intensity, stand-replacing
ﬁres. The LKFMU, due to its position between grasslands and boreal mixedwood, may present
characteristics of both regimes [79]. Some of the ﬁre years (e.g., 1864 and 1894) also corresponded
to prairie ﬁre years documented by Rannie [80], but it remains unclear whether these would have
reached Riding Mountain. During this period, the mFRI was among the shortest documented for jack
pine forests (e.g., [18,81–85]).
This period of intense ﬁre activity, however, is not typical of boreal mixedwood and coincided
with exploration, the demise of the fur trade, First Nations displacement, European settlement,
and forest reserve establishment. The causes for these frequent ﬁres can be traced in the local
history and are similar to ﬁndings in other areas and parks along the southern edge of the boreal
forest [10,11,18,25,26,86]. Conducting forest surveys from 1906 to 1908, Dickson [35] described the
ﬁres and resulting forests of the Riding Mountain Forest Reserve. He wrote that “The damage done
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to this reserve by ﬁre has been enormous. Large areas have been crossed and recrossed by the most destructive
ﬁres. For miles and miles alongside the old Indian trails stretch open prairies and desolated wastes of blackened
stumps”. He speciﬁcally makes reference to the study area, “the work of recurrent ﬁres is apparent over
large areas, shown particularly in the denuded semi-prairie conditions all about Clear Lake” and further added
that “ . . . ﬁre in the previous 20 years (were) due to careless lumber men, settlers, half-breeds and Indians”
adding that “ground ﬁre around the outskirts of the reserve, especially those bordering settlement, are annual
inﬂictions” [35]. Forest rangers also created ﬁre guards along the park boundary, with mention of
burning 90 miles (~144 km) of meadows around Riding Mountain in 1911 [87].
These descriptions are sustained by the 1929 aerial photos, indicating that LKFMU
was characterized by grassland, aspen parkland, and scattered jack pine stands (Figure 2).
Interestingly, despite CHAR peak analysis being unsuitable to capture ﬁres that occurred during
this period of very short ﬁre intervals, it corresponded to a drastic decrease in CHAR, suggesting
a reduction in biomass burned and/or ﬁre intensity in close proximity to the lake. The few CHAR
peaks observed (e.g., 1858) could reﬂect some of the largest ﬁres that occurred and this within the
built-in conﬁdence intervals associated with sediment dating. Given the robust dating of the upper
sediment, the low production of charcoal by low-intensity ﬁres (low CHAR values) may have limited
the ability to detect ﬁre peaks. Fire event detection from CHAR was reported to work best when large,
low-frequency, and high-intensity ﬁres dominate a landscape and also when FRI is at least ﬁve times
that of the sediment sample resolution [76]. In our case, this would represent ﬁre intervals of about
20 years. Taphonomic processes related to transport and deposition of charcoal may also be involved.
Factors like minimal relief and small watershed may have played a role in delaying the delivery of
charcoal to Lake Katherine, thereby smoothing the signal associated with low-intensity ﬁres.
Outside LKFMU, the jack pine age structure displayed little similarity with that of the LKFMU.
The scarce occurrence of ﬁre scars in these sites suggests the predominance of a crown ﬁre regime.
This area was, however, presumably also affected by anthropogenic activities and the logging impacts
on these jack pine forests remains unknown. Maps of logging occurrences in the area between 1900
and 1920 exist [20] but little detail was given on species, exact locations, or volumes removed. The high
demand for jack pine railway ties in the early 1890s was associated with intensive logging in the
southwestern portion of Riding Mountain [20]. No evidence of logging was, however, observed in
the ﬁeld. According to historical accounts, these jack pine stands could have burned in ca. 1830 and
1895 (supported by recruitment centered around these dates) during ﬁres that affected the eastern
portion of RMNP [35], and post-ﬁre logging could have removed this evidence. The differences in ﬁre
dynamics within and outside LKFMU further suggest that the period 1850–1930 was likely a time of
First Nations ﬁre use that transitioned into a time of European ﬁre use. The open forests/grasslands
were easier to burn than closed forests and Europeans may have intensiﬁed their imprint on an already
existing landscape.
4.2. LKFMU Fires: Fire-Exclusion Period (1930 to the Present)
Since the creation of RMNP in 1930, no ﬁre has occurred in the LKFMU [30,36]. Generally the
ﬁre-exclusion period corresponds to park establishment, changing land use, end of resource extraction,
and park management. This lack of ﬁres also corresponds to a drastic reduction in CHAR.
About 200 km southwest of RMNP, a quasi-total elimination of grass ﬁres was also documented
following Euro-Canadian settlement [88]. There are a number of possible explanations for the length
of the current ﬁre-free interval in LKFMU: (i) due to land use change, ﬁres no longer start in the
south and spread northward into the park; (ii) ﬁre prevention and suppression policy within the
park has eliminated ﬁre; and (iii) the 20th-century climate may have been less conducive to ﬁre
than in the past. While no ﬁres were observed in LKFMU, a number of smaller ﬁres were observed
elsewhere in RMNP during the 1930s and 1940s and these were thought to have been deliberately set
by farmers [20]. The recent ﬁre record of RMNP (1937–2015) has 382 ﬁres burning a total of 973 km2
(Cornelsen, unpublished data). Only 7.3% of the ﬁres and 1.4% of the area burned was attributed to
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lightning ﬁres, with the remainder being human caused. Lightning ﬁre ignitions have been uncommon
despite the region receiving an abundance of thunderstorm activity (30 thunderstorm days per year, or
1.5–2.0 lightning strikes/km2 /year) [89]. Despite active ﬁre suppression, large ﬁres have occurred in
RMNP in 1940, 1961, and 1980, corresponding to major drought years (Figure 9C). The last signiﬁcant
wildﬁre occurred in May 1980, when a human-caused ﬁre burned 200 km2 , including most of the
parks’ mature jack pine stands located outside LKFMU. The CHAR analyses identiﬁed a ﬁre in the
late 20th century (1982, 1990, or 2002, according to the model) and could reﬂect a small input from
the 1980 ﬁre. This 1980 ﬁre came within 3 km of Lake Katherine and outside its drainage basin, with
the lake being downwind for the three days of major ﬁre spreads. Extremely low CHAR background
during this period of ﬁre suppression could have enhanced the ability to record ﬁre events, although
the signal may be inﬂuenced by the addition of even a few dozen charcoal particles that could also be
attributed to other factors such as erosion, heavy rain, and sediment delivery.
4.3. LKFMU Fires: Early Period (1450–1850)
The jack pine trees that were established in LKFMU prior to the 1860s did not record any ﬁre scars
(or datable ones), but the tree samples for which the pith was present suggest continuous recruitment,
with most of these trees dying in the late 19th century. The sparse indications left by jack pine trees
that were established in the early 1800s also suggest that ﬁre intervals may have become shorter in
the mid-1850s, with trees registering scars at a younger age and a smaller diameter. Supporting this
interpretation is the sudden decrease in CHAR from the mid-1800s. The high and relatively stable
CHAR values observed during the period 1450–1850 suggests increased ﬁre intensity and/or biomass
burned compared to the period 1850–1930. The best estimate of the FRI during this period varies
from about 50 to 133 years. Because of the stepwise change in sedimentation rate at the interphase
of the two sediment cores, we exercise caution in over-interpreting the increase in CHAR that occurs
abruptly at this transition. Interestingly, however, large CHAR peaks occurred in the late 1700s, early
1800s, overlapping the period when Anishinaabe people moved into the Riding Mountain region in
the 1700s and were established as the dominant society by the early 1800s [30,32]. We speculate that
both the high CHAR values observed during this period as well as the high grass morphotype values
may be indicative of recurrent burning to the lake margins, increasing charcoal inputs and background.
The practice of burning around lakes, streams, and rivers increases access to numerous plant species
and other resources [90]. In Alberta, systematic burning of meadows, river edges, lake shores, and
other areas by indigenous peoples was also reported to increase productivity and biodiversity at the
landscape level by creating small patchworks of early successional plant communities within later
seral stage communities [91].
Little information could be gathered regarding the magnitude of the eco-cultural use of ﬁre
by First Nations, Metis, and early white settlers prior to 1850; both uncertainty and controversy
exist regarding their impact [1,30,87]. Numerous historical accounts of eco-cultural ﬁres burning
in the southeastern Canadian prairies from the latter 18th to the latter 19th century exist [80,88].
Indigenous burnings to promote berry patches may have involved burning on a cycle of 3–5 years,
whereas regeneration of aspen and willows around beaver ponds may have been maximized with a
10–12-year ﬁre interval [90,91]. In addition, a substantial number of forest ﬁres in the boreal must have
originated from campﬁres, signal ﬁres, or ﬁres set for the gumming of canoes, hunting, in warfare, or
combating insect pests [92]. Numerous examples of the use of prescribed burning by indigenous and
white people during the fur trade period in Alberta were also documented [93].
Little information is available describing the use of ﬁre by First Nations in LKFMU.
Historical accounts indicate that the occupation of the area by Anishinaabe people started around
1800–1850. In a study of the traditional land and resource use of Riding Mountain, Lake Katherine
was often referred to as being a highly valued and visited place [46]. Berries were picked and roots
harvested, and people stayed and camped by the lake. In this resource-rich environment, man-made
ﬁre was not referred to as a management tool [46]. The author speculated that traditional ecological
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knowledge of ﬁre usage has been lost given evidence of ﬁre usage by Anishinaabe First Nations [46].
Miller [94] documented the use of controlled ﬁre by the Pikangikum First Nation (Anishinaabe) in
northwestern Ontario and the fact that this practice was largely stopped by provincial forest managers
in the 1950s, leading to young people having little knowledge of these former ﬁre practices. This pattern
appears to be similar to that observed by Tardif (unpublished data), who observed a drastic reduction
in ﬁre scars in a disjunct red pine (Pinus resinosa Ait.) stand located on Black Island, Manitoba.
This reduction in ﬁres coincided with the settlement of the mainland in the late 1870s, the exploitation
of Black Island resources, the opening of a pulp mill in Pine Fall in 1927, and the creation of Hecla
Provincial Park in 1969. Despite the Hollow Water Anishinaabe referring to the area as a berry picking
ground [95], no recollection of past ﬁre usage was communicated.
4.4. Seasonality and Directional Spread of Fire
In LKFMU, the majority of ﬁre scars occurred during the dormant season and the earlywood
portion of tree rings. Local observations about cambial growth initiation in jack pine trees from
RMNP (Cornelson, unpublished data) and elsewhere [96,97] indicate that production of earlywood
tracheids began in late May and that of latewood in mid-July. Fire scars formed in the dormant season
may thus be from late April or early May and those in the earlywood from late May or early June.
Dormant season ﬁres were assumed to be spring ﬁres due to the relative absence of ﬁres or area
burned in the fall in the recent written ﬁre record (Cornelsen, unpublished data). This interpretation is
supported by the occurrence of WER, which was often synchronized with ﬁre years, and this anomaly
has been associated with crown and/or foliage damage during the dormant season prior to the onset
of radial growth [56]. Their high frequency in ﬁre years suggests crown damages associated with low
intensity ﬁres prior to the onset of growth. This interpretation is also supported by the absence of
WER in jack pine trees growing outside the LKFMU. This is in contrast with the WER of 1943 and
1954, which were also observed outside the LKFMU (and in DMPF and PPF), and were most probably
associated with winter and/or spring regional frost damages [56]. Fire data indicate that RMNP has a
spring-dominated ﬁre regime, with 6% of ﬁres occurring in April, 90% in May, and 3% in June [36].
In RMNP, the dormant season ﬁres and early spring ﬁres (May) are typically outside of the main
lightning season.
The direction associated with the ﬁre scars indicated that in the LKFMU ﬁres mainly spread into
the park from the S/SW. This direction of spread is consistent with historical accounts of ﬁres coming
off the prairies and up into mountains [34] and the fact that LKFMU is proximate to grasslands, travel
corridors, areas of occupation, and hunting/gathering locations of the Anishinaabe First Nations [46].
4.5. LKFMU Fires, Regional Climatic Inﬂuences, and Implications for Management
The seasonality results, the recent ﬁre record, and the historical ﬁre record support the suggestion
that the majority of the LKFMU ﬁres were human caused. No distinction was made as to exact
cause and whether the ﬁre was accidental or purposeful. The period 1850–1930 was characterized
by frequent ﬁres and coincided with First Nations ﬁre use transitioning into European settlement
and ﬁre use; it is not necessarily typical of boreal mixedwood ﬁre regimes. Interestingly, none of the
major ﬁre years corresponded to major light ring years observed in RMNP (1866, 1868, 1873, 1875,
1880, 1885, 1890, 1892, 1907, 1935, and subsequent; [53]), which suggests that cooler-than-average
summer temperatures (late spring and late summer) may not have been conductive to natural or
anthropic ﬁre ignition. None of the ﬁres were also associated with major ﬂood years of the Red River
(1747, 1762, 1826, 1852, 1862, 1950, and 1997; [98]) indicating that heavy snow load in winter and/or
a wet spring may also not have been conductive to spring ﬁre ignition. Some of the major ﬁre years
(1864, 1894, and/or 1915) were, however, associated with dry conditions [99–101]. Some of these ﬁre
years were also observed among others in Saskatchewan [102], Manitoba [25,27], Minnesota [81,103],
and Ontario [104–106]. Within central North America, the Hudson Bay Company’s archival records
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for northwestern Ontario indicated that the 1860s marked a transition towards increasing ﬁres up to
the end of the 19th century [104].
In LKFMU, the potential implications of the long current ﬁre-free interval (ﬁre exclusion) are
greater stand density, accumulation of fuel on the forest ﬂoor, encroachment of ﬁre-susceptible species,
loss of jack pine and associated species, and increased vulnerability to a stand-replacing ﬁre of high
severity and a post-ﬁre vegetation community outside the natural range of variation in reference
conditions [7,20,107,108]. Our results indicated that jack pine mortality has been increasing, with
the ﬁre-free interval nearing the end of the normal life expectancy of individual trees. In LKFMU,
small (young) trees rarely had scars because their cambium may be killed by a passing ﬁre or their
foliage killed by crown scorch [51]. Results support this view, with few trees <4.3 cm in basal diameter
(<20.6 years) bearing a ﬁrst ﬁre scar. These ﬁndings have implications for the application of prescribed
ﬁre treatments. Fire intervals should be short enough to promote regeneration, but sufﬁciently long
to allow survival and continued recruitment [35,79]. Jack pine is known as a proliﬁc cone producer,
with trees bearing cones as early as 6–8 years [13,37] and viable seeds being reported in 3–5-year-old
stems, with 50% seed germination in 20-year-old stands [16]. Jack pine growing in the open also
produced more seeds than in closed stands, where cones may be initiated between 10 and 25 years on
average, with the greatest production occurring in 70- to 80-year-old stands [14]. Young jack pine trees
also mainly produce non-serotinous cones, with serotinous ones being produced when trees reach a
diameter at breast height of about 10 cm [109].
A proposed management prescription for ﬁre restoration in LKFMU would need to adopt a diverse
approach with a mixture of intervals, severities, and sizes that create a patchy mosaic. This could be
produced with an FRI of 5–10 years, burning only portions of the 30 km2 study area in any one year,
with low-intensity surface ﬁre. This is supported by the presence of scars and of WER, suggesting that
many jack pine trees recorded and survived crown scorching without recording scars. Once every
25–30 years (or longer), the application of higher intensity surface ﬁre burning larger areas would
create preferential regeneration conditions, assuming an adequate seed bank is present. More frequent
surface ﬁre of any intensity could be used to manage fuel loads and increase crown ﬁre resistance,
subsequently reducing the risk to adjacent property. Such a prescribed burn program would emulate a
dynamic ﬁre regime (historical and anthropogenic) with regards to ﬁre frequency, severity, seasonality,
patch size, and extent that can adequately regenerate the jack pine stands and maintain functional
ecosystems. Ecological and social objectives could be achieved by restoration of historic ﬁre regimes,
even if they are anthropogenic in nature. Such a ﬁre regime would also be in line with current park
management objectives. Given the proximity of LKFMU to signiﬁcant values at risk (Wasagaming and
Onanole communities), a frequent, low-intensity, surface ﬁre regime would be safer to manage than
an infrequent, high-intensity, crown ﬁre regime (typical of boreal jack pine). From an ecological
perspective, the number of small diameter and/or young jack pine trees that survived frequent surface
ﬁres until recently indicated successful recruitment.
5. Conclusions
The LKFMU was characterized by short FRIs during the end of First Nations occupation and
European settlement period and a long ﬁre exclusion period following the establishment of RMNP.
The ﬁre regime in jack pine stands located within LKFMU and at the southern extent of their range
indicated that during the period 1850–1930 a surface ﬁre regime predominated with short FRIs.
Fire severity was presumably mixed, with two ﬁres (1864 and 1894) accounting for most of the
recruitment. Part of LKFMU did burn almost every other year, with the two periods with longer
interval corresponding to most of the recruitment. While acknowledging that some of the ﬁres detected
may have been of climatic origin, we speculate that the bi-annual nature of many ﬁres may have
corresponded with the needs of First Nations or European settlers. Given the age of the jack pine trees,
little information is available prior to European settlement, rendering it difﬁcult to assess the use of
ﬁre by First Nations.
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Despite its limitation in temporal range, the tree-ring data suggested that longer FRIs may
have existed in LKFMU prior to the 1850s. In this study, an imperfect calibration existed between
ﬁre years derived from tree-ring ﬁre scars and charcoal records. Nonetheless, changes observed in
background CHAR have been more revealing than those associated with ﬁre frequency. Prior to
1850, more charcoal biomass was produced per year, with a higher fraction of grass morphotype
and of large charcoal particles potentially indicative of more frequent/less distant ﬁres to the lake.
Frequent grass/shrub burning at the lake margins intermixed with high-severity ﬁres may provide a
different CHAR signature than that associated with more distant burning in jack pine stands. From the
tree-ring record, the short FRI and presumably low-intensity ﬁres associated with European settlement
corresponded to a major CHAR reduction starting around 1850, which was followed by another CHAR
reduction after RMNP establishment. More work will be needed with regards to the identiﬁcation of
ﬁre signatures in a context where total CHAR and/or ﬁre regime have changed. In this study, adopting
a sub-sampling strategy of the upper sediment with a ﬁner resolution (less than 1 cm intervals) may
have provided a better calibration between the datasets. The addition of a radiocarbon date close
to the interphase between the two cores (Glew and Livingston) may also have provided a better
estimation of the sedimentation rate. Future pollen quantiﬁcation from Lake Katherine may also
provide needed information regarding the changes in ﬁre regime, allowing us to better decipher the
signatures associated with climate and anthropogenic inﬂuences. The results of this study provide
information about the ﬁre history that has shaped the ﬁre regime of the narrow vegetation community
of LKFMU, which transitions from aspen parkland into boreal mixedwood forest. The presence of an
island population of jack pine at its southern extent presents an interesting management challenge in
that too frequent ﬁres and ﬁre exclusion will both eventually eliminate the species from the region.
While historical knowledge and an understanding of the ﬁre regime are of central importance for
ﬁre regime restoration, an important question remains: should an era of more frequent cultural ﬁre
be included in restoration discussions, either from an ecological or a management perspective [1]?
Concurrently, predictions about a warmer climate leading to shorter ﬁre cycles and increasing forest
disturbances have been made [110,111], and concerns about climate change and its potential impact
on the boreal landscape are increasing worldwide.
Supplementary Materials: The following are available online at http://www.mdpi.com/1999-4907/7/10/219/s1,
Figure S1: Age-depth model for Lake Katherine based on 11 210 Pb and two radiocarbon dates. The two sub-ﬁgures
on the right show the sediment accumulation rate and the sample resolution. The period of analysis presented in
this study corresponds to the ﬁrst 140 cm of sediment.
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Abstract: Many ﬁre-adapted ecosystems in the northeastern U.S. are converting to ﬁre-intolerant
vegetation communities due to ﬁre suppression in the 20th century. Prescribed ﬁre and other
vegetation management activities that increase resilience and resistance to global changes are
increasingly being implemented, particularly on public lands. For many ﬁre-dependent communities,
there is little quantitative data describing historical ﬁre regime attributes such as frequency, severity,
and seasonality, or how these varied through time. Where available, ﬁre-scarred live and remnant
trees, including stumps and snags, offer valuable insights into historical ﬁre regimes through tree-ring
and ﬁre-scar analyses. In this study, we dated ﬁre scars from 66 trees at two sites in the Ridge and
Valley Province of the Appalachian Mountains in central Pennsylvania, and described ﬁre frequency,
severity, and seasonality from the mid-17th century to 2013. Fires were historically frequent, of low to
moderate severity, occurred mostly during the dormant season, and were inﬂuenced by aspect and
topography. The current extended ﬁre-free interval is unprecedented in the previous 250–300 years at
both sites.
Keywords: Pennsylvania; dendrochronology; ﬁre scars; ﬁre severity; humans

1. Introduction
Natural community restoration is of increasing interest to land managers and scientists throughout
the U.S. [1]. Many of these communities are ﬁre dependent and have greatly declined in area
due to decades of ﬁre suppression. Prescribed ﬁre and other vegetation management activities
(e.g., commercial and non-commercial forest cuttings, mowing/mulching, chemical treatments) are
increasingly being applied to increase resilience and resistance to global changes, particularly on public
lands [2]. In forests, these activities inﬂuence succession and are often applied with the goal of reducing
tree density and promoting early successional species and native seedbanks [3]. An understanding of
historical ecology, past environmental changes, and long-term ecosystem dynamics is fundamental to
such management, and thus provides a reasoned scientiﬁc foundation for developing a restoration
context [4–6].
Fire disturbances are integral to creating and sustaining diverse ecosystems throughout the
eastern U.S. [7–10]. Many ﬁre-dependent ecosystems in the eastern U.S. have remained unburned for
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nearly a century due to ﬁre-suppression policies initiated in the early 20th century [11–14]. As a result
of this current era of ﬁre suppression, ﬁre-dependent plant species and communities are declining in
abundance and failing to regenerate throughout the eastern U.S. [15–19], leading to regional losses in
biodiversity and habitat quality [10,20–24].
Restoring ﬁre regimes can create unique communities and species assemblages across taxonomic
levels of plants and animals in eastern U.S. ecosystems [3,7,10,25,26]. Restoration of historically
ﬁre-dependent ecosystems is essential for creating or improving wildlife habitats [27–29]. There is
little quantitative data describing historic ﬁre regime attributes such as frequency, severity, and
seasonality, or how these varied through time and across regions and habitats in these ecosystems [30].
Deﬁning such ﬁre regime characteristics necessitates regionally-based information because ﬁre regimes
vary due to factors such as topography, climate, vegetation, and ignition sources [31,32].
Recurring ﬁres were historically important for maintaining ﬁre-dependent communities in the
eastern U.S., particularly pine and/or oak forests, woodlands, and scrublands [33–36]. For the region of
interest in this study, the Ridge and Valley Province of central Pennsylvania, the widespread exclusion
of ﬁre is deemed as a “major threat” to key habitats for species of greatest conservation need in
Pennsylvania’s State Wildlife Action Plan [28]. Under its mandate to provide hunting opportunity and
conserve wildlife habitat, the Pennsylvania Game Commission (PGC) is embarking on landscape-scale
habitat restoration using prescribed ﬁre as a primary tool [37]. Success of these ecological restoration
efforts will be enhanced by a greater understanding of the ﬁre regime conditions that maintained
functionality of these ecosystems [38].
In this study, we used dated ﬁre scars on cross-sections of dead and live pitch pine (Pinus rigida)
trees to describe the historical and current ﬁre regimes of two sites in the Ridge and Valley Province
of central Pennsylvania. Dating ﬁre scars on old or preserved trees is recognized as one of the best
methods to reconstruct ﬁre regimes. Despite little use in previous studies, pitch pine is ideal for
reconstructing historical ﬁre events because of its longevity, ability to survive and record multiple ﬁres,
and potential for preservation after death due to high resin content. Multiple characteristics of pitch
pine indicate that it is a ﬁre-adapted tree species, including basal and epicormic sprouting ability, thick
bark, and cone serotiny [39–42].
The objectives of this research were to: (1) quantify historical ﬁre regime characteristics; (2) identify
associations among ﬁre frequency/occurrences and major ﬁre environment factors (human populations,
climate conditions, drought, topography); and (3) discuss the implications of these ﬁndings to
restoration efforts and ﬁre and vegetation management.
2. Materials and Methods
2.1. Study Site Descriptions
From ﬁeld reconnaissance conducted during 2010 and 2011, two study sites were identiﬁed based
on the presence of ﬁre-scarred pitch pine remnants (stumps and dead trees). These sites are located in
the Appalachian Mountain Section of the Ridge and Valley Province [43] of Juniata and Perry Counties,
Pennsylvania, USA (Figure 1). In this region, annual mean precipitation is between 107 and 112 cm,
and mean annual temperature is 12 ◦ C (source: NOAA). Mean annual snowfall ranges from 79 to
102 cm and occurs from mid-October to late April (source: NOAA). This region is characterized by
long paralleling ridges and adjacent valleys (trending west-southwest, approximately 250◦ ) and is
currently comprised of a mixture of agricultural lands, forested ridges, and rural communities.
Study sites are separated 25 km north to south by the Juniata River valley on lands owned
and managed by PGC (State Game Lands 088 and 107, hereafter SGL 088 and SGL 107). The SGL
088 study site (40◦ 27 17.8 N, 77◦ 25 26.4 W) is located on the south side of the Juniata River on
ridgetop, opposing shoulder, and mid-slope positions of Tuscarora Mountain, straddling the boundary
of Perry and Juniata Counties (Figure 1). The topography is characterized as a relatively ﬂat ridgetop,
approximately 320 m wide, running SW/NE and providing slopes with NW and SE aspects. The SGL
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107 study site (40◦ 40 21.8 N, 77◦ 19 52.0 W) is located on the opposite (northern) side of the Juniata
River in Juniata County. The site is positioned on a sub-apex bench on the south-facing slope of
Shade Mountain, at the top of a minor drainage (Laurel Run). According to PGC records, the lands on
which the study sites occur were acquired by PGC in the early 1930s, and both sites are comprised of
closed-canopy forests that initiated circa 1900.

ȱ
Figure 1. Top panel: Maps showing the two ﬁre history study sites (black triangles) in relation to
Pennsylvania (top inset map showing counties), the contiguous United States (bottom inset showing
states, Pennsylvania in red), and the regional/local topography. Bottom panels: Topographic maps
(25 m contour interval) of the two ﬁre history sites; red dots indicate the locations of ﬁre-scarred pitch
pine remnants included in the ﬁre-scar analysis. For SGL 088 topographic map, the blue line marks the
Juniata/Perry County boundary, separating samples for analysis by aspect.

Both mountains are capped by resistant Tuscarora Formation quartzite and rise approximately
500 m above the Juniata River valley [44]. Both sites were classiﬁed by PGC’s ecological classiﬁcation
system as Dry Oak—Heath Forests, noted to occur on xeric, acidic soils with the forest overstories
typically dominated by chestnut (Quercus montana), black (Q. velutina), scarlet (Q. coccinea), and
white (Q. alba) oak, along with other species, including black gum (Nyssa sylvatica) and sweet birch
(Betula lenta) [45]. Based on site inventory data, the forest overstories of both sites are currently
fully stocked and dominated by chestnut oak and black gum; 67% and 68% combined for SGL 088
and SGL 107, respectively. At SGL 088, the remaining composition is sweet birch (12%), red maple
(Acer rubrum, 10%), black oak (7%), and 2% or less of eastern hemlock (Tsuga canadensis), serviceberry
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(Amelanchier arborea), and sassafras (Sassafras albidum). The remaining composition at SGL 107 is
occupied by northern red oak (Quercus rubra, 11%), red maple (10%), white oak (10%), and eastern
hemlock (2%). Very minor components of pitch and white pine (Pinus strobus), and American chestnut
(Castanea dentata) were observed at both sites. In PGC’s classiﬁed Dry Oak—Heath Forests, shrub
layers are commonly dominated by ericaceous species, including mountain laurel (Kalmia latifolia) and
other genera (e.g., Gaylussacia, Vaccinium) at such densities that the resulting herbaceous layer is sparse
and the primary ground cover is leaf litter [45].
The paucity of living pitch pine, and abundance of pitch pine remnants and ﬁre-intolerant tree
species (i.e., red maple, birch) at these sites are indicative of recent prolonged ﬁre intervals [16,46].
The apparent ‘mesophication’, sensu Nowacki and Abrams (2008) [10], of these ecosystems is of
concern to PGC habitat managers because wildlife habitat quality, hunting opportunity, and ecosystem
resiliency are decreased. This concern applies to management areas across the Ridge and Valley
Province, not just the two sites studied here.
2.2. Data Collection
Fire-Scar Data
Study sites were surveyed for living and dead (stumps and snags) ﬁre-scarred pitch pine trees
in May 2014. Full and partial basal cross-sections (~20 cm thick) were removed from trees using
a chainsaw (Figure 2). Cross-sections were collected from 39 trees at SGL 088; seven of which were
excluded from the study due to rot and/or too few annual growth rings for dendrochronological
dating. Cross-sections were collected from 40 trees at SGL 107, six were excluded due to rot and/or
too few annual growth rings. The sampling area encompassed approximately 0.70 km2 for SGL 088,
and 0.61 km2 for SGL 107, measured using the Minimum Bounding Geometry Tool (Convex Hull
type) in ArcGIS (v. 10.3). On some trees, multiple cross-sections were collected at different heights
above ground to capture the most complete ﬁre record possible. Cross-sections were assigned a sample
number, aspect, orientation, and geographic location. Cross-sections were transported to the Missouri
Tree-Ring Laboratory at the University of Missouri (Columbia, MO, USA) for surface preparation
and analysis.

ȱ
Figure 2. (A) Fire-scarred pitch pine (Pinus rigida) stump (sample no. 107032) with charcoal, inset
shows side view. (B,C) Cross-sectional views of rings and ﬁre scars from this sample, arrows denote
ﬁre-scar years. This tree had 27 ﬁre scars during the time period of 1734–1898, with most scars occurring
in the dormant season tree-ring position.
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2.3. Fire-Scar Data Analysis
Top and bottom surfaces of cross-sections were prepared using an electric orbital sander with
progressively ﬁner sandpaper (80 to 1200 grit) to reveal cellular detail of annual rings and ﬁre scars.
A radius (pith-to-bark) of each cross-section with the least amount of ring-width variability due to
callus was chosen for tree-ring width measurement. All rings were measured to 0.01 mm precision
using a binocular microscope and a Velmex measuring stage (Velmex, Bloomﬁeld, New York, NY,
USA). Tree ring-width series from each sample were visually cross-dated using ring-width plots [47].
Cross-dating was statistically veriﬁed with the COFECHA computer program [48,49]. Fire scars were
dated to the year of cambial response to injury and, if possible, to a within-ring location following
Kaye and Swetnam (1999) [50]. The number of years with a growing-season ﬁre scar were tallied.
Fire scars were identiﬁed by the presence of callus tissue, traumatic resin canals, liquefaction of resin,
and cambial injury [51].
We used FHX2 software [52] to construct the ﬁre event chronology, analyze ﬁre-scar years, and
graph individual tree and composite ﬁre intervals (years between ﬁre events). Fire-scar statistical
analysis was restricted to only include time periods which included at least 3 trees in the tree-ring
record, resulting in a 349-year record (1663–2013) for SGL 088, and 369-year record (1644–2013) for
SGL 107. Mean ﬁre intervals (MFIs), standard deviations, and lower/upper exceedance intervals
were computed. The exceedance intervals indicate if a ﬁre interval is signiﬁcantly longer or shorter
than the mean (per time period). Kolmogorov-Smirnov (K-S) Goodness-of-ﬁt tests conducted on the
frequency distribution of ﬁre intervals were used to determine whether a Weibull distribution modeled
the interval data better than a normal distribution [53]. Weibull median ﬁre intervals were recorded
when appropriate. The percentage of trees scarred in ﬁre years and the average per time period (mean
percentage of trees scarred) were calculated. K-S tests were conducted using SAS statistical software
version 9.4 [54] to determine if MFIs or mean percentage of trees scarred were statistically different
(α < 0.05) between sites and time periods (intra-site).
The locations of ﬁre-scarred remnant pitch pine wood at SGL 088 on Tuscarora Mountain were
well-suited to be divided to test for ﬁre regime differences by aspect. The center of the broad plateau
top of Tuscarora Mountain (~320 m wide) marks the boundary between Juniata (to the north) and Perry
Counties, and served as the line to divide the ﬁre-scar data for comparison, resulting in 12 samples
from the north-facing slope and 20 from the south-facing slope. There is interest among research
and land management communities regarding how ﬁre regimes differed by aspect and landscape
position [55].
The time period recorded by samples was divided into three sub-periods based on cultural
and land-use changes: pre-1754 (pre-European settlement), 1755–1914 (European settlement), and
1915–2013 (ﬁre suppression). We identiﬁed 1754 as a division year for the pre-European settlement
time period based on the Albany Purchase whereby the region was sold to the United States by the
Iroquois [56]. The Albany Purchase led to increased colonial settlement and conﬂict with Native
Americans in the study region [56,57]. The pre-European settlement period included in ﬁre interval
analyses (SGL088: 1663–1754; SGL107: 1644–1754) does not reﬂect a Native American ﬁre regime
entirely free of European inﬂuence. Colonial settlement along the eastern seaboard of the United States
and contact through fur trade activities had already led to displaced Native American populations
and increased intra-native conﬂicts [58,59]. In addition, Native American populations were already
signiﬁcantly reduced across the eastern U.S. due to European diseases [59–62]. We determined 1915
to be the ﬁrst year of the ﬁre suppression era based on the associated establishment of the Bureau of
Forest Protection under the Pennsylvania Department of Forestry [12] which instigated a new period
of forest protection policies that included ﬁre suppression [11].
2.4. Fire and Climate Analysis
Associations between historical ﬁre events and drought conditions were tested using superposed
epoch and correlation analysis. Superposed epoch analysis (SEA) was conducted separately for ﬁre
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events at each study site then again for shared ﬁre event years between the sites and between aspects
at SGL 088. SEA was conducted for the full period of record and 50-year sub-periods from 1650 to
present (e.g., 1650 to 1700, 1700 to 1750). SEA was performed within the Fire History Analysis and
Exploration System (FHAES v. 2.0.1) [63]. Drought data consisted of reconstructed summer season
Palmer Drought Severity Indices (PDSI) [64]. PDSI data were bootstrapped for 1,000 simulated events
to derive conﬁdence limits. Fire event years were paired with PDSI to determine if conditions were
signiﬁcantly wet or dry from six years preceding to four years succeeding ﬁre events. Conditions prior
to, during, and following ﬁre events were considered signiﬁcantly wet or dry when average PDSI
values exceeded conﬁdence limits. Separately, Pearson correlations were used to test for relationships
between PDSI and the percentages of trees scarred during ﬁre years. Reconstructed PDSI data were
obtained for the two nearest gridpoints to the study sites (gridpoints 254, 255) and SEA analyses were
conducted separately for each gridpoint.
3. Results
3.1. Tree-Ring and Fire-Scar Data
3.1.1. All-Time Period
The time periods spanned by tree-rings were 1548 to 2013 CE for SGL 088, and 1620 to 2013 CE
for SGL 107 (Table 1, Figure 3). Fire-scar statistical analyses were only conducted for the time periods
during which at least 3 trees were present in the tree-ring record, 1663–2013 at SGL 088 and 1644–2013
at SGL 107. During this period (all-time period), samples from SGL 088 (n = 32) revealed 201 ﬁre scars
from 56 different ﬁre years. In comparison, samples from SGL 107 (n = 33) recorded more ﬁre scars
(n = 387) from fewer ﬁre years (n = 44). Considering the two sites together, 87 unique ﬁre years were
identiﬁed; 13 (15%) of which were common to both sites. At SGL 088, composite ﬁre intervals ranged
from 1 to 21 years, with an MFI of 5.1 years. At SGL 107, composite ﬁre intervals had a wider range
(1–37 years), with a similar MFI of 5.7 years. MFIs did not differ signiﬁcantly between sites, though the
mean percentage of trees scarred did (p < 0.0001). At SGL 088, the mean percentage of trees scarred
was less than half that of SGL 107 (18.7% vs. 46.4%, respectively; Table 1, Figure 4).
Table 1. Fire-scar history data for SGL 088 and SGL 107 (Ridge and Valley Province, central
Pennsylvania, USA).
All Time
1663–2013 1644–2013
Site
No. scars
No. ﬁre years
MFI (years)
Standard deviation
Range (years)
WMI (years)
LEI (no. exceedence)
UEI (no. exceedence)
Mean percentage scarred

SGL088
201
56
5.1
4.2
1–21
4.3
1.3 (5)
9.5 (5)
18.7 a

SGL107
387
44
5.7
7.0
1–37
4.3
1.0 (0)
11.6 (3)
46.4 a

Pre-European
Settlement

≤1754
SGL088
40
15
5.6
4.9
1–21
4.8
1.5 (1)
10.6 (1)
14.6 b

SGL107
39
10
12.0 a
12.1
2–37
9.2
2.2 (1)
24.0 (2)
51.2 b

European
Settlement
1755–1914
SGL088
156
38
4.2
2.9
1–15
3.8
1.3 (4)
7.5 (7)
19.7 c

SGL107
348
34
4.0 a
3.5
1–21
3.4
1.1 (3)
7.4 (2)
44.9 c

Fire Suppression
1915–2013
SGL088
5
3
na
na
na
na
na
na
26.2

SGL107
0
0
na
na
na
na
na
na
na

MFI = mean ﬁre interval, WMI = Weibull median interval, LEI/UEI = Lower and upper exceedance intervals
(number of exceedance instances in parentheses). Superscripts of the same letter in a row indicate signiﬁcant
differences (α = 0.05) between sites or time periods (intra-site), na = not applicable due to insufﬁcient number of
observations for calculation.
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Figure 3. Fire-scar diagrams for SGL 107 and SGL 088. Each horizontal line represents the lifespan
of an individual tree (sample number on right). Bold vertical lines are ﬁre-scar years. Slanted or
vertical lines at the earliest year shown for each sample indicate either the inner-most ring or pith date,
respectively. Similarly, for the last year recorded, a slanted line indicates the outer-most ring present,
a vertical line indicates bark year. For the SGL 088 diagram, red and blue asterisks denote trees from
the south- and north-slopes, respectively.
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ȱ
Figure 4. Percentage of trees scarred during ﬁre years with at least 3 trees present in the tree-ring
record at the two ﬁre history study sites. Time periods separated by vertical dotted lines.

Season of injury was identiﬁable on over half of the ﬁre scars at both sites (Table 2). Approximately
40% of the ﬁre scars at both sites were not identiﬁed to season of injury due to missing wood (caused
by rot) or obscured wood anatomy at the union of injured and uninjured cells. At both sites, a large
proportion of ﬁre scars (98.3% and 95.1% for SGL 088 and SGL 107, respectively) with season of injury
identiﬁed were in the dormant season tree-ring position (Table 2).
Table 2. Fire-scar position and seasonality of ﬁre scars at SGL 088 and SGL 107 by sub-periods.

Site
Dormant
Early earlywood
Middle earlywood
Unidentiﬁed
Years with growing season
ﬁre scar (no.)

All Time

Pre-European Settlement

1663–2013 1644–2013

≤1754

European Settlement
1755–1914

SGL 088
57.2%
1.0%
0.0%
41.8%

SGL 107
54.5%
2.1%
0.8%
42.6%

SGL 088
52.5%
5.0%
0.0%
42.5%

SGL 107
33.3%
2.6%
2.6%
61.5%

SGL 088
58.3%
0.0%
0.0%
41.7%

SGL 107
56.9%
2.0%
0.6%
40.5%

1.8% (1)

9.1% (4)

6.7% (1)

20.0% (2)

0.0%

5.9% (2)

Data are not shown for the 1915–2013 period. Five ﬁre scars were recorded after 1914 at SGL 088, 3 of which
were in the dormant position/season and 2 with unidentiﬁable position/season. No ﬁres occurred in the
1915–2013 period at SGL 107.

3.1.2. Pre-European Settlement Period (Pre-1755)
During the pre-European settlement era, samples from SGL 088 recorded 40 ﬁre scars from
15 different ﬁre years, while SGL 107 had a similar number of ﬁre scars (n = 39), but from fewer (n = 10)
ﬁre years. For SGL 088, composite ﬁre intervals ranged from 1 to 21 years, with an MFI of 5.6 years.
Composite ﬁre intervals at SGL 107 ranged from 2 to 37 years, with an MFI of 12.0 years. Fire intervals
were not signiﬁcantly different between the sites. The mean percentage of trees scarred at SGL 088
was signiﬁcantly less than that at SGL 107 (p = 0.006, Table 1). During this time period, the majority
(61.5%) of ﬁre scars at SGL 107 had unidentiﬁed seasonality, more than any other time period record at
either site. Most ﬁre scars with identiﬁable seasonality were in the dormant tree-ring position, though
slightly more scars occurred in the growing season relative to the other periods considered (Table 2).
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3.1.3. European Settlement Period (1755 to 1914)
During this period, ﬁre occurrence was higher and more similar between sites than during any
other time period (Table 1). MFIs were statistically similar at both sites (4.2 and 4.0 years at SGL 088
and SGL 107, respectively), though SGL 107 continued to have a signiﬁcantly higher mean percentage
of trees scarred (p < 0.0001). At both sites, most of the ﬁre scars and years assigned seasonality were in
the dormant season (Table 2).
3.1.4. Fire-Suppression Period (1915 to 2013)
There were 3 ﬁre years at SGL 088 during this time period, and none at SGL 107. MFIs were not
calculated due to an insufﬁcient number of observations; however, if the open interval at the end of
each ﬁre chronology is accounted for by considering the bark year to be a ﬁre year, MFIs are greater
than 30 and 90 years for SGL 088 and SGL 107, respectively. At SGL 088, 3 of the 5 ﬁre scars were in
the dormant position and two were not able to be assigned season of injury.
3.1.5. Intra-Site Fire Regime Characteristics across Time Periods
At SGL 088, no signiﬁcant differences in mean percentage of trees scarred or MFI were detected
between the pre-European and European settlement time periods (Table 1). At SGL 107, no signiﬁcant
difference in the mean percentage of trees scarred between time periods was detected; however, MFI
was signiﬁcantly longer (p = 0.02) during the pre-European period than the European settlement period.
3.1.6. Aspect Inﬂuence at SGL 088
Twenty trees were sampled on the south-facing slope compared to 12 on the north-facing slope
at SGL 088. Years with ﬁre were nearly twice as frequent on south-facing versus north-facing slopes
(Table 3, Figure 5), though MFIs were not statistically different. Between aspects, the mean percentage
of trees scarred was similar during the all-time and pre-European settlement periods, though more
trees on the south-facing slope were scarred on average (p = 0.039) during the European settlement
period (Table 3). North-facing and south-facing slopes shared 44.6% (n = 25 years) of all ﬁre years.
Table 3. Fire-scarring characteristics for samples on the north-facing versus south-facing slopes of
Tuscarora Mountain at SGL 088.

Unit (north vs. south)
No. scars
No. ﬁre years
MFI (years)
Mean percentage scarred

All Time

Pre-European
Settlement

European
Settlement

1664–2013 1668–2013

≤1754

1755–1914

north
47
28
9.2
21.0%

south
154
53
5.4
24.4%

north
17
7
11.7
28.0%

south
22
12
7.2
20.1%

north
28
20
7.4
16.0% a

south
129
38
4.2
25.0% a

Fire Suppression
1915–2013
north
2
1
na
66.7%

south
2
2
na
29.2%

Superscript letter designates signiﬁcantly different means between slopes (α = 0.05), na = not applicable due to
insufﬁcient number of observations for calculation.

ȱ
Figure 5. Composite ﬁre-scar history at SGL 088 separated by north and south aspects. For time periods
with at least 3 trees present in the tree-ring record, there were 28 ﬁre years recorded by 12 trees on the
north-facing slope at SGL 088, compared to 53 ﬁre years recorded by 20 trees on the south-facing slope.
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3.2. Fire and Drought
From 1550 to 2003, PDSI values ranged from −5.0 (extreme drought) to 3.8 (very wet) with
a mean of −0.28 (near normal). Over the ﬁre-scar record, the climatic conditions before, during, and
following ﬁre years were not signiﬁcantly wet or dry at either study site. When considered in 50-year
sub-periods, SGL 088 site showed drought conditions were signiﬁcantly dry one year prior and in the
year of ﬁre for the 1850 to 1900 and 1900 to 1950 sub-periods, respectively. This result was consistent
regardless of considering drought data from either drought data gridpoint. For SGL 107, drought-ﬁre
associations through SEA were inconsistent when considering sub-periods and drought data gridpoint.
Fire years shared between SGL 088 and SGL 107 showed signiﬁcantly drier conditions 5 years prior and
2 years following ﬁres, whereas 2 years prior to ﬁre had signiﬁcantly wetter conditions. No signiﬁcant
drought-ﬁre associations were detected for shared ﬁre years between aspects at SGL 088. PDSI was
weakly related to percentages of trees scarred at SGL088 (r = 0.28, p = 0.04). No other correlations
between drought and percentages of trees scarred were found.
4. Discussion
4.1. Characterizing Historical Fire Regimes
4.1.1. Fire Frequency
Over the last four centuries, ﬁre regimes of the sites studied here can be characterized as
frequent, yet variable through time. In general, MFIs were short (5.1 and 5.7 years; Table 1), despite
ﬁre-suppression effects during the 20th century. Fire intervals were positively skewed prior to the
ﬁre-suppression era with the majority of intervals being 1 to 5 years in length (Figure 6). At both
sites, multiple incidences of annual burning were documented. Similarly, at both sites, long ﬁre-free
intervals were documented (Table 1) that likely had important effects on vegetation communities and
successional pathways [6].

Figure 6. Frequency distributions of ﬁre intervals at SGL 088 and SGL 107 color coded by time period.
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The ﬁre frequencies reported here are comparable to those of two previous studies conducted in
yellow pine forests of the Ridge and Valley Province [65,66], located approximately 750 and 420 km
to the south, respectively. Another study, also to the south, but closer (approximately 180 km) on the
Appalachian Plateau, also reported similar ﬁre frequencies from white oaks [67]. Conversely, the MFIs
reported here are over 3 times shorter than those reported for red pine (Pinus resinosa) stands [35,68]
approximately 100 km to the north in the highly dissected Deep Valleys physiographic region of
the Appalachian Plateau. We expect that differences in regional topography, climate, and human
inﬂuences were major contributing factors for these regional ﬁre frequency differences. In Missouri,
USA, historical ﬁre frequency was found to be driven by humans, yet mitigated by topographic
roughness [31]. At broader regional extents, historical ﬁre frequency is strongly correlated with
regional climate variability, particularly across Pennsylvania [32].
MFIs did not differ statistically between sites or time periods, except for the pre-European and
European settlement time periods at SGL 107 (Table 1). During the pre-European time period, SGL
107 had two signiﬁcantly long ﬁre intervals (1664–1701, 1701–1729; Figure 3); interestingly, both were
preceded by a brief episode of frequent ﬁres (1646–1664; Figure 3). Though there are relatively few trees
recording during this time of infrequent ﬁres (1664–1729), the 4 trees recording were relatively small
and likely sufﬁciently describe ﬁre activity at the site. This change from high to low ﬁre frequency
does not appear to be associated with exceptionally wet or dry conditions and may indicate inﬂuence
by humans. During the early and mid-17th century, large-scale depopulation and emigration events of
Native Americans occurred across the eastern seaboard of northeastern North America [59,62,69,70].
If humans were a primary ignition source, then decreased populations would be expected to result in
decreased ﬁre frequency—a relationship observed in other locations [68,71–73]. Effects of decreased
populations may also account for the conspicuous ﬁre-free period at SGL 107 from 1848 to 1869.
During this time, Brose et al. [68] also identiﬁed a longer than expected ﬁre interval and suggested that
it related to the American Civil War (1861–1865), speciﬁcally a decrease in human ignitions caused by
men leaving the region to enlist in the Union Army.
Many ﬁre history studies in the eastern U.S. have identiﬁed human population, settlement
patterns, and commerce activities to be closely associated with changes in ﬁre frequency [16,35,71–76].
Compared to human ignitions, lightning ignitions are rare in the northeastern U.S. Most lightning
events are accompanied by rain and high levels of humidity, further implicating humans as
an important ﬁre ignition source for maintaining frequent ﬁre regimes [77]. Fire records from 1979 to
2013 show 1.3% of ﬁres reported in Pennsylvania were ignited by lightning, and resulted in 1.5% of the
total area burned [78]. Based on the lack of association between drought and ﬁre occurrence, as well as
the paucity of lightning-caused ignitions, we suggest that the ﬁre frequency ﬁndings in this study are
attributable to human factors such as population, occupancy, and migration patterns.
4.1.2. Fire Severity and Extent
Historical ﬁre severity is difﬁcult to document using dendrochronological methods. In non-stand
replacement ﬁre regimes, ﬁre severity may be approximated by the percentages of trees scarred [79].
Based on the long-term presence of trees (Figure 3), evidence for stand-replacing ﬁres did not exist;
therefore, we expect that historical ﬁres were primarily low- to moderate-severity surface events.
A ﬁre scar only indicates that a tree was injured and survived; other metrics of past ﬁre severity (e.g.,
substrate changes, vegetation mortality, scorch height) are less easily measured, especially over long
time periods and following multiple ﬁres. In this study, SGL 107 exhibited signiﬁcantly higher levels of
percentages of trees scarred than SGL 088 (Table 1, Figure 4). Causes for this difference are unknown,
but we expect it is due to topographic and landscape position differences as opposed to differences
in ignitions (e.g., timing, locations). SGL 088 spans a convex ridge top while SGL 107 is contained
within a concave slope at the upper-most section of a single minor drainage (Figure 1). Fires burning
upslope at SGL 088 would have to cross north-south aspects, while at SGL 107, a ﬁre burning upslope
would have a high probability of burning the entire extent of the study area due to continuous slopes,
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pre-heating effects, and no aspect changes or other major ﬁre barriers or ﬁre intensity moderating
landscape features.
4.1.3. Fire Seasonality
As indicated by the ﬁre scars for which season of injury could be determined, the majority of
historical ﬁres occurred in the dormant season. It is important to note that historical ﬁre seasonality is
determined by the growth period of the recorder trees and that ﬁres occurring during this dormancy
period cannot be further separated into fall or spring occurrences. Tree (i.e., cambial growth) dormancy
occurs from approximately September to May in central Pennsylvania, although timing varies from
year to year due to climate conditions. More precise determination of historical ﬁre timing within the
dormant season could be extrapolated based on Ryan et al. (2013) [3], who speculated that historical,
like modern era ﬁre regimes, were separated into spring and fall seasons. Modern era (1940–2015)
monthly wildﬁre records indicate most wildﬁres occur during March, April, and May, with a much
smaller portion of occurrences in October and November [78]. In recent decades, prescribed ﬁre
activity has been greatest in the late winter/early spring months. Taken together, these sources suggest
that dormant season ﬁres may have predominantly occurred in the late winter/early spring time
periods, but may also have included late fall or early winter.
Growing season ﬁres historically had a minor presence at our study sites, and the majority
of these events occurred during the pre-European settlement period (Table 2). That ﬁres occurred
overwhelmingly during the dormant season is consistent with previous ﬁre history studies in the
eastern U.S. [35,65–68]. Distinction of historical ﬁre seasonality has important implications for both
ﬁre and vegetation interpretations. For example, Sparks et al. [80] found growing and dormant season
ﬁres had differing effects on herbaceous community composition and structure in the shortleaf pine
(P. echinata) woodlands in the Ouachita Mountains, Arkansas. Albeit infrequent, our ﬁndings indicate
that growing season ﬁre did occur historically in these pitch pine communities, and may be required
to achieve certain desired ﬁre effects.
4.2. Management Implications
The historically high frequency of ﬁre reported at both sites, along with the high density of remnant
pitch pine trees (stumps and snags) relative to the very few living pitch pine present, is evidence that
these sites have undergone signiﬁcant ecological changes (e.g., vegetation type conversion, open to
closed canopy structure, herbaceous/grass to tree leaf litter fuel type transition, altered carbon and
nutrient cycles) coincident with the onset of the ﬁre-suppression era. The resulting extended ﬁre-free
period is outside of the historic range of variability reported in this study, and is reﬂected by the
minor presence of pitch pine in the current vegetation community. Overall, the ﬁndings of this study
support the current understanding of pitch pine ecology, speciﬁcally its association with frequent ﬁre
occurrence. Based on this history, ﬁre is ecologically appropriate to restore, manage, and perpetuate
pitch pine communities into the future.
The differences in historical ﬁre severity between SGL 088 and SGL 107 suggest that aspect and
landscape position should be considered when planning management activities. For some historical
ﬁres, contrasting ﬁre effects due to aspect existed, and therefore can be expected within a single
prescribed ﬁre compartment. Exceptions likely exist in very dry conditions when fuel moisture is
not differentiated by aspect. At SGL 088 there were nearly double the number of ﬁre years for all
time periods on south- versus north-slopes, likely indicating a different historical vegetation and fuels
matrix and/or fuel moisture, i.e., oak and other hardwoods refugia on north-facing slopes, pine and
grasses dominating on those facing south [81–83]. These ﬁndings, as well as the fact that pine remnants
were found in landscape positions below the ridgetop (Figure 2, both sites), demonstrate that ﬁres
and ﬁre-adapted species were not relegated only to supposed pyrogenic microsites (e.g., ridgetops),
as suggested by Matlack (2013) [55]. Additional studies describing variability in ﬁre regimes across
a range of spatial extents would further inform management of larger landscapes.
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5. Conclusions
This paper presents evidence that ﬁre regimes of pitch pine communities in the Ridge and
Valley Province of central Pennsylvania were historically frequent, of low to moderate severity, and
dominated by dormant season ﬁre events. This ﬁre regime information can be used to guide modern
ﬁre management and restoration of ﬁre-dependent ecosystems. Additional studies characterizing ﬁre
regimes in Pennsylvania would help to reﬁne description of ﬁre regimes and aid in understanding
their variability and driving inﬂuences.
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Abstract: Concern regarding global change has increased the need to understand the relationship
between ﬁre regime characteristics and the environment. Pyrogeographical theory suggests that ﬁre
regimes are constrained by climate, vegetation and ﬁre ignition processes, but it is not obvious
how ﬁre regime characteristics are related to those factors. We used a three-matrix approach
with a multivariate statistical methodology that combined an ordination method and fourth-corner
analysis for hypothesis testing to investigate the relationship between ﬁre regime characteristics and
environmental gradients across Spain. Our results suggest that ﬁre regime characteristics (i.e., density
and seasonality of ﬁre activity) are constrained primarily by direct gradients based on climate,
population, and resource gradients based on forest potential productivity. Our results can be used
to establish a predictive model for how ﬁre regimes emerge in order to support ﬁre management,
particularly as global environmental changes impact ﬁre regime characteristics.
Keywords: fire density; fire ecology; fire management; fire seasonality; fourth-corner; RLQ; pyrogeography

1. Introduction
Fire regimes play an important role in many terrestrial ecosystems [1–3], and changes in ﬁre
regime characteristics affect the structure and composition of vegetation, which in turn might affect
different ecosystem characteristics, such as biodiversity [1,2]. Several authors have reported changes
in ﬁre regime characteristics, such as ﬁre density (i.e., the number of ﬁres per unit area) and seasonality
(the period of the year during which ﬁres occur) as a result of climate warming [4] and demographic
factors [5–8]. Others have shown that humans now inﬂuence ﬁre activity in areas where climate has
been the main historical driving force such as in some tropical [9] or boreal regions [10,11]. Regional
studies have emphasised the role of humans in future ﬁre regimes, such as in Africa [7], but climate has
a stronger role at the global scale [12]. To predict the potential effect of global environmental change on
future ﬁre regimes, we must therefore understand the relationship between ﬁre regime characteristics
and the environment, particularly how both climate [12,13] and socio-economic factors [8,14–16]
interact with ﬁre ignition and fuel accumulation processes.
Pyrogeographical theory suggests that ﬁre regimes are structured by spatial gradients of climate,
vegetation and ignitions, which constrain fuel ﬂammability, fuel loading and ignition sources [13,17–19].
However, such relationships are complex because of their feedback and interactions, and some of them
remains unclear [17,20,21]. For example, climate is a major driver of ﬁre activity, while ﬁre activity
inﬂuences climate by emitting carbon dioxide (CO2 ) and by causing changes to land albedo.
Meyn et al. [22] proposed a pyrogeographical model based on the premise that ﬁre activity varies
across fuel loading and fuel moisture gradients. This theory was later supported by Batllori et al. [23],
who studied Mediterranean ecosystems. Similarly, Pausas et al. [24] emphasised the role of a
productivity gradient in the Mediterranean ecosystem in south-east Australia and Spain. Krawchuk
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and Moritz [21] and Pausas and Ribeiro [25] identiﬁed a resource gradient at the global scale. At a global
scale, Chuvieco et al. [26] observed a diversity of ﬁre regimes, and Archibald et al. [27] emphasised the
presence of different ﬁre regimes in various biomes.
In Spain, the current understanding of the relationships between ﬁre regime and environmental
characteristics is based on studies that have been carried out at local or regional levels, and there
is a limited understanding of how those relationships vary regionally. La Page et al. [5] related ﬁre
seasonality to human activities in northern Spain. Pausas and Paula [28] emphasised the role of fuel
in ﬁre-climate relationships and suggested that the vegetation structure controls the ﬁre and climate
relationship using data for the whole country of Spain except Basque Country and Navarra. However,
Pausas and Fernández-Muñoz [29] suggested that climate currently has a greater effect on ﬁre regimes
than fuel in the province of Valencia on the Mediterranean Coast of Spain. Moreover, Moreno et al. [30]
demonstrated that changes in the number of ﬁres and burned areas in three Spanish regions over two
seasons coincided with changes in weather, land use and ﬁre management, thus indicating different
regional and seasonal roles.
To gain a better understanding of environmental gradients that constraint ﬁre regime
characteristics from a regional perspective, we examined the spatial structure of ﬁre regimes and
environmental gradients and tested for signiﬁcant relationships between them. In addition, we propose
a methodological approach that could be used for other regional or global studies. This paper
presents the main structure of ﬁre regime characteristics, density and seasonality of ﬁre activity,
and environmental gradients in Spain as well as the statistical signiﬁcance of the associations.
2. Materials and Methods
2.1. Study Area
The study area includes the Spanish territory of the Iberian peninsula, divided in a 10 km × 10 km
Universal Transverse Mercator (UTM) grid, which covers a surface area of 466,614 km2 (Figure 1).

ȱ
Figure 1. Spatial distribution over the study area of the average annual temperature (◦ C) (A) and the
average annual precipitation (mm) (B) from the Digital Climatic Atlas of Spain [31] (20 and 15 years
between 1950–1999, respectively), the population density (inhabitants/km2 ) (D) from the National
Cartography Base (BCN200; 2010) and the forest land cover (%) (C) from the Corine Land Cover
2000 map.
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The average annual temperature ranges between 3–19 ◦ C, showing a general decrease from
west/northwest to east/southeast, and an average annual precipitation between 213–1348 mm,
showing a general increase from east/southeast to west/northwest. The northwest is characterized by
mild winters and warm summers and abundant precipitations over the year. The west is characterized
by cool and wet winters, and warm and dry summers. The east is characterized by mild winters
and warm and dry summers. The southeast is characterized by mild winters and very warm and
dry summers.
The crisis in traditional agriculture in the 1960s caused a massive immigration from rural areas
to medium and large cities, resulting in an increase of population densities in the main industrial
cores and along the coast, as a result of the touristic attraction. Furthermore, the abandonment of
marginal areas and traditional grazing practices led to natural afforestation of previously cultivated
areas, and consequently an increase in the accumulation of fuel [30].
2.2. Fire Regime Groups and Fire Regime Characteristics
We used a ﬁre regime classiﬁcation system developed by Moreno and Chuvieco [32] using the
data of all ﬁres that burned ≥1 ha, regardless of the ignition source, from the Spanish General Statistics
of Forest Fires (EGIF) database from 1988–2007 and georeferenced to a 10 km × 10 km UTM grid.
Using a statistical approach, Moreno and Chuvieco [32] computed six ﬁre regime metrics, density
(number of ﬁres or ha per km2 per year), interannual variability (standard deviation of density) and
seasonality (the number of months with signiﬁcant density) as a function of both the number of ﬁres
and the burned area. These six ﬁre regime metrics were analysed using Principal Component Analysis
(PCA). The ﬁrst PCA axis was related to both the density and interannual variability of the number of
ﬁres and burned areas (loadings ≥ 0.75), whereas the second PCA axis was related to the seasonality
of the number of ﬁres and burned areas (loadings ≥ 0.69), where both axes were more strongly related
to the burned area than to the number of ﬁres. For further analysis, the ﬁrst PCA axis was considered
as the density of ﬁre activity and the second PCA axis as the seasonality of ﬁre activity. Finally, the two
PCA axes were used in a cluster analysis to generate ﬁre regime groups.
The resulting ﬁre regime classiﬁcation system [32] included the presence of four ﬁre regime
groups deﬁned by two ﬁre regime characteristics, density, and seasonality of ﬁre activity (Table 1),
which were partitioned into two respective states, high and low density, and long and short seasonality.
For example, a ﬁre regime group characterised by a high density and long seasonality indicated that
both the density of ﬁres (number of ﬁres per km2 per year) and the burned areas (ha per km2 per year)
were high and also that the number of months with signiﬁcant density in terms of the number of ﬁres
and burned areas was large.
Table 1. Fire regime groups and ﬁre regime characteristics data [32] used in this study.
Fire Regime Groups

Number of 10 km × 10 km Cells

Fire regime 1
Fire regime 2
Fire regime 3
Fire regime 4

703
1083
1582
1284

Fire Regime Characteristics
High density
High density
Low density
Low density

Long seasonality
Short seasonality
Short seasonality
Long seasonality

Density refers to the number of ﬁres or ha per km2 per year. Seasonality refers to the number of months with
signiﬁcant density.

2.3. Environmental Gradients
Based on pyrogeographical theory [13,17–19] and considering ﬁres as a ‘herbivore’ according to
some authors [2,33], we expected that ﬁre regime characteristics would change along three types of
environmental gradients (Table 2): (i) direct gradients based on climate and humans because both
affect fuel ﬂammability and ﬁre ignition processes; (ii) resource gradients based on forest potential
productivity and land cover because fuel is consumed by ﬁres; and (iii) indirect gradients based on
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livestock grazing and land cover changes from afforestation, forest degradation and the abandonment
of traditional activities, which indirectly affect ignition, structure and the amount of fuel [34].
Our direct gradients were based on climate and humans as measured by three indicators:
(i) a measure of humidity, which was calculated as the ratio of the average annual precipitation and the
average annual temperature [35]; (ii) a seasonal temperature ﬂuctuation, which was calculated as the
difference between the average temperature of the coldest and warmest months [35]; and (iii) human
population pressure, as measured by population density (inhabitants/km2 ). Meteorological data were
obtained from the Digital Climatic Atlas of Spain [31], and population data were obtained from the
National Cartographic Base (BCN200) established by the National Geographic Institute.
Table 2. Environmental gradients and characteristics data used in this study.
Environmental Gradients

Direct
gradients

Climate
Human

Environmental Characteristics

Data Source

Humidity

Digital Climatic Atlas of Spain [31]
(20 and 15 years between
1950–1999 respectively)

Seasonal temperature ﬂuctuation
Population density

National Cartographic Base (BCN200;
2010), National Geographic Institute

Forest potential productivity 1
Forest potential productivity 2
Forest potential
productivity

Forest potential productivity 3
Forest potential productivity 4

Forest Potential Productivity map
of Spain, 2000 [36]

Forest potential productivity 5
Forest potential productivity 6
Forest potential productivity 7

Resource
gradients

Needle-leaf trees
Broadleaf trees
Mixed trees
Land cover

Shrubs

Corine Land Cover 2000 map,
National Geographic Institute

Herbaceous vegetation
Cultivated and managed
vegetation/agriculture
(including mixtures)

Indirect
gradients

Livestock grazing

Livestock density

Land cover
changes

To shrubs

To forest
From managed

Rural census 2001,
National Statistics Institute
Corine Land Cover Change
1990–2000 map,
National Geographic Institute

Our resource gradients were based on forest potential productivity, which is deﬁned on a scale
ranging from 1–7 as the original source does, in which 1 was most productive and 7 was least
productive, and land cover, which was deﬁned by six categories: needle-leaf trees, broadleaf trees,
mixed trees, shrubs, herbaceous vegetation and cultivated and managed vegetation/agriculture
(including mixtures). The forest potential productivity data were obtained from the Forest Potential
Productivity map of Spain deﬁned using climate and soil data [36]. The land cover data were obtained
from the 2000 Corine Land Cover map compiled by the National Geographic Institute, which were
reclassiﬁed into broader categories using a simpliﬁed legend [37,38].
Our indirect gradients were based on livestock grazing, which was deﬁned by livestock
density (cattle, sheep and goats per km2 ), and land cover changes deﬁned by the following three
changes: (i) land cover changes to forests: from cultivated and managed vegetation/agriculture
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(including mixtures), herbaceous vegetation and shrubs or barren to needle-leaf trees, broadleaf trees
and mixed/other trees; (ii) land cover changes to shrubs: from needle-leaf trees, broadleaf trees and
mixed/other trees to shrubs or barren; and (iii) land cover changes from managed: from cultivated and
managed vegetation/agriculture (including mixtures) to needle-leaf trees, broadleaf trees, mixed/other
trees, shrubs or barren and herbaceous vegetation. The livestock data were obtained from the 2001 rural
census compiled by the National Statistics Institute. The land cover change data were obtained from
the Corine Land Cover Change map from 1990–2000 compiled by the National Geographic Institute,
which was reclassiﬁed into categories using the identical generalized legend used for land cover.
All of the data layers were projected as a UTM Zone 30 and the European Datum 1950 (ED50)
using a 10 km × 10 km grid, which is the standard grid used to compile ﬁre statistics by the Spanish
forest service. The climate data were resampled from 1 km × 1 km by assigning the average of the
1 km × 1 km values to each 10 km × 10 km cell. For the forest potential productivity, land cover and
land cover change characteristics, we computed the proportion of each class within a 10 km × 10 km
cell. The population and livestock data were resampled from a municipal level to grid size as a function
of the proportion of area of each municipality into each cell.
2.4. RLQ Analysis
An RLQ analysis is a three-matrix ordination approach proposed by Dolédec et al. [39] based
on a fourth-corner matrix D (m × q), which describes the ﬁre regime characteristics-environment
relationship (Figure 2). Matrix L (p × n) describes the presence or absence of the p = 4 ﬁre regime
groups at n = 4652 sites. Each n site corresponds with each cell from the 10 km × 10 km UTM grid.
Matrix Q (p × q) describes the q = 2 ﬁre regime characteristics for each p ﬁre regime groups. Matrix R
(m × n) describes the m = 20 environment characteristics for each n site.

ȱ
Figure 2. Graphical representation of the RLQ analysis. Matrix L represents the p = 4 ﬁre regime groups
at n = 4652 sites and was analysed using correspondence analysis (CA). Matrix Q represents the q = 2
ﬁre regime characteristics for each p ﬁre regime group and was analysed using multiple correspondence
analysis (MCA) with CA p weights. Matrix R represents the m = 20 environment characteristics for
each n site and was analysed by principal component analysis (PCA) with CA n weights. Matrix D
represents the ﬁre regime characteristics-environment relationship and was analysed by a generalized
singular value decomposition (GSVD).
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An ordination method was applied to the RLQ matrices to identify the main structure of variation.
To understand how ﬁre regime groups are organized, correspondence analysis (CA) was applied to the
ﬁre regime groups (Matrix L) because it is suitable for presence-absence data and dimensionally
homogeneous and positive values [40]. Multiple correspondence analysis (MCA) was applied
to the ﬁre regime characteristics (Matrix Q) with CA ﬁre regime group weights to study the ﬁre
regime characteristics because that ordination method is suitable for qualitative data [40]. Principal
Component Analysis (PCA) was applied to the environmental characteristics (Matrix R), previously
transformed using a logarithmic transformation to ensure a multi-normal distribution, with CA site
weights because PCA is required to study quantitative data [40].
2.5. Fourth-Corner Analysis
A fourth-corner analysis is also a three-matrix approach, proposed by Legendre et al. [41], and
was used to test the ﬁre regime characteristics-environment relationship, corresponding to matrix D.
The measurement of resemblance between the standardized quantitative characteristics and the
standardized qualitative characteristics recoded into binary variables was based on Pearson’s r [41].
Statistical signiﬁcance was tested by 9999 permutations using model 2, proposed by
Legendre et al. [41]. Model 2 tested for signiﬁcant differences under the null hypothesis (H0 ), a random
distribution of the ﬁre regime groups among the sites, vs. an alternative hypothesis (H1 ), a non-random
distribution of the ﬁre regime groups among the sites. This comparison was based on the premise that
ﬁre regime groups are observed at sites where their characteristics are constrained by environmental
gradients. The model permuted entire rows of matrix L, which was equivalent to permuting the
rows of matrix R and maintaining co-inertia among the ﬁre regime groups and the link to matrix Q.
The signiﬁcance level was adjusted using the false discovery rate method proposed by Benjamini and
Hochberg [42] for multiple testing. We used model 2 because the link between ﬁre regime groups
(Matrix L) and ﬁre regime characteristics (Matrix Q) was ﬁxed in our data. Therefore, the combination
of the two permutation models, which better controls the Type I error, as proposed by Dray and
Legendre [43] and improved by ter Braak et al. [44], was not suitable for our data.
2.6. Combining RLQ and Fourth-CornerAnalyses
The RLQ and four-corner analyses were combined by adapting the framework proposed by
Dray et al. [45]. First, a global multivariate test of statistical signiﬁcance between the ﬁre regime
(Matrix Q) and environmental characteristics (Matrix R) and the ﬁre regime groups (Matrix L) based on
the total co-inertia of the RLQ analysis was tested using 9999 permutations of entire rows of matrix L.
This analysis tested for signiﬁcant differences under the null hypothesis (H0 ) of independence of
ﬁre regime characteristics among environmental gradients vs. an alternative hypothesis (H1 ) of
non-independence. This comparison was based on the premise that ﬁre regime characteristics are
constrained by environmental gradients. The Monte Carlo method was used, which is equivalent to
SRLQ proposed by Dray and Legendre [43].
RLQ and fourth-corner analyses were then combined by performing a fourth-corner analysis on
the main axis that resulted from the RLQ analysis.
All analyses were computed with the statistical RStudio software using the ade4 package
version 1.5-2 [46].
3. Results
3.1. Global Multivariate Statistic
The null hypothesis of the global multivariate statistic based on the total co-inertia of the RLQ
analysis is that ﬁre regime and environmental characteristics are independent, and because the result
was highly signiﬁcant (p-value = 0.0001), we can conclude that there is a global relationship between
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ﬁre regime characteristics (Matrix Q) and environmental characteristics (Matrix R) based on the ﬁre
regime groups (Matrix L).
3.2. Decomposition of Inertia
The results of the RLQ analysis, summarized in Table 3, show that the ﬁrst RLQ axis represented
96% and the second RLQ axis 4% of the total co-inertia between the ﬁre regime characteristics and the
environment. The inertia of the environmental scores was well preserved on the ﬁrst two RLQ axes,
86%, and the total inertia of the ﬁre regime characteristics was 100%. However, the correlation was low
for the second RLQ axis, 0.13.
Table 3. Eigenvalue decomposition summary of the RLQ analysis results.
Fire Regime Characteristics-Environment (RLQ Axes)

eig

covar

sdR

sdQ

corr

First RQL axis
Second RLQ axis

0.45 (96%)
0.02 (4%)

0.67
0.14

1.88
1.51

0.69
0.73

0.52
0.13

Environmental characteristics (Matrix R)

inertia

max

ratio

First RLQ axis
First and second RLQ axes

3.54
5.84

4.10
6.78

0.87
0.86

Fire regime characteristics (Matrix Q)

inertia

max

ratio

First RLQ axis
First and second RLQ axes

0.47
1.00

0.53
1.00

0.90
1.00

Fire regime groups (Matrix L)

corr

max

ratio

First RLQ axis
Second RLQ axis

0.52
0.13

1.00
1.00

0.52
0.13

Fire regime characteristics-environment (RLQ axes) compare the eigenvalues (eig), covariance (covar), standard
deviations (sdR and sdQ) and correlation (corr) of the two sets of scores projected on the RLQ axes.
Environmental characteristics (Matrix R) and ﬁre regime characteristics (Matrix Q), respectively, compare
the inertia projected on the RLQ axes (inertia) to the maximum inertia on the axes of the PCA (max) and MCA
ordination (max) in addition to a measure of concordance between the two projections (ratio). Correlation
ﬁre regime groups (Matrix L) compares the correlation projected on the RLQ axes (corr) to the maximum
correlation on the axes of the CA ordination (max) in addition to a measure of concordance between the two
projections (ratio).

3.3. Fire Regime Characteristics-Environmental Structures and Relationships
The null hypothesis of model 2 states that ﬁre regime groups are randomly distributed across the
study area, and because we can reject the null hypothesis, we can conclude that the ﬁre regime groups
were not randomly distributed across the sites. This indicates that ﬁre regime groups were observed at
sites where ﬁre regime characteristics were constrained by environmental gradients.
The structure of ﬁre regime characteristics, shown in Figure 3, changed along a complex
environmental gradient represented by the ﬁrst and second RLQ axes.
The ﬁrst RLQ axis identiﬁes and is signiﬁcantly positively correlated with high density and long
seasonality of ﬁre activity (ﬁre regime 1) at sites deﬁned by humidity, density of population, high
forest potential productivity (categories 1–2), broadleaf trees, mixed trees, shrubs and herbaceous land
covers, density of livestock and land cover changes and negatively correlated with low density and
short seasonality of ﬁre activity (ﬁre regime 2) at sites deﬁned by seasonal temperature ﬂuctuation, low
forest potential productivity (categories 3–7), as well as by needle-leaf trees and managed land covers.
The second RLQ axis identiﬁes and is signiﬁcantly positively correlated with high density and
short seasonality of ﬁre activity (ﬁre regime 2) at sites deﬁned by medium forest potential productivity
(category 3) and shrubs and negatively correlated with low density and long seasonality of ﬁre activity
(ﬁre regime 4) at sites deﬁned by density of population.
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Figure 3. The RLQ scores of ﬁre regime groups, ﬁre regime characteristics and environmental
characteristics on the ﬁrst and second RLQ axes and signiﬁcance of both characteristics with both axes.
Fire regime groups (upper right; grid size: 0.5 × 0.5), ﬁre regime characteristics (lower right; grid size:
0.5 × 0.5) and environmental characteristics (left; grid size: 0.2 × 0.2). Characteristics signiﬁcantly
correlated with the ﬁrst RLQ axis are emphasised in bold, with the second RLQ axis in italics, with
both RLQ axes in green and not signiﬁcant in regular. Fire regime (Fr) groups, from 1–4. High and
low density of ﬁre activity (High and Low). Long and short seasonality of ﬁre activity (Long and
short). Environmental characteristics symbolized by a dash represent indirect gradients based on
climate and humans, the rhombi represent resource gradients based on forest potential productivity
and land cover and triangles represent indirect gradients based on livestock grazing and land cover
changes. Population density (Population), Seasonal temperature ﬂuctuation (Temperature), Forest
potential productivity (Fpp) categories, from 1–7. Cultivated and managed vegetation/agriculture
(incl. mixtures) (Managed). Livestock density (Livestock).

4. Discussion
Our results indicate that the selected ﬁre regime characteristics, namely density and seasonality
of ﬁre activity, responded to environmental gradients, thus suggesting that ﬁre regimes are spatially
structured. Density and seasonality of ﬁre activity changed along environmental gradients, as expected,
and were structured primarily by direct and resource gradients and secondarily by indirect gradients,
suggesting that climate, humans and forest potential productivity have an important role in the ﬁre
regime characteristics, constraining ﬂammability and the amount of fuel and ignitions.
The ﬁrst RLQ axis positively identiﬁed ﬁre regime 1 with high density and long seasonality of
ﬁre activity at sites deﬁned by humidity, but negatively identiﬁed ﬁre regime 3 with low density and
short seasonality of ﬁre activity at sites deﬁned by seasonal temperature ﬂuctuation. The relationship
between humidity and high density and long seasonality of ﬁre activity is related to the fact that in
more humid environments, the amount of fuel is higher. For example, these ﬁre regime characteristics
are found in the Atlantic region of Spain, one of the most ﬁre-prone areas, where the ﬁres tend
to be smaller (medium to small) at the end of the winter and the beginning of the spring season,
and larger during the summer and the beginning of autumn [32]. Besides, at the end of the winter
and the beginning of the spring season, this region is affected by the Foehn winds that originate from
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southwest of the Iberian Peninsula. These results are consistent with the results reported by some
authors who investigated the effects of precipitation and summer drought on ﬁre seasonality [47] and
ﬁre activity in Spain [48] and other Mediterranean countries [49,50].
Furthermore, ﬁre regime 1, characterized by high density and long seasonality of ﬁre activity,
was also found at sites deﬁned by population. Lloret and Mari [51] suggested that humans affect ﬁre
ignition and seasonality in north-eastern Spain because of the absence of winter burning to improve
pastures, thus causing the currently higher ﬁre activity in the summer than during the medieval
ﬁre regimes when winter burning was practiced. This result is consistent with La Page et al. [5],
who argued the effects of human activity on ﬁre ignition and seasonality in northern Spain and
Portugal. For example, Syphard et al. [52] also reported that humans are now a major determinant
of ﬁre seasonality and the location of ﬁres in California and Archibald [20] in Africa. Moreover,
the second RLQ axis negatively identiﬁed ﬁre regime 4 with low density and long seasonality of ﬁre
activity at sites deﬁned by population density. The difference in density of ﬁre activity between ﬁre
regime 4 and 1 may be explained by the fact that density of ﬁre activity is higher under intermediate
population densities, as in other Mediterranean areas [52], and therefore the ﬁre regime 4 is constrained
by ignitions and potentially by other indirect gradients such as ﬁre management.
Density and seasonality of ﬁre activity change along a resource gradient deﬁned by forest potential
productivity and land covers, which is consistent with other studies performed in Spain [28,53] and
other Mediterranean areas [24] or at the global scale [25]. Moreover, Vazquez de la Cueva et al. [53]
observed stronger associations of forest potential productivity with ﬁre activity than population
density, thus suggesting that fuel amount is the main control on ﬁre activity. This result was consistent
with our study because the population density present in the RLQ score and the correlation were
lower, although both were signiﬁcant. One reason for the persistence of ﬁres in northern Spain is
because of its high forest potential productivity which results in the traditional agricultural burning to
maintain pastures and clear land [47]. Shrubs were the only land cover that were positively correlated
to high ﬁre density and long seasonality (ﬁre regime 1), as identiﬁed by the ﬁrst RLQ axis, as well
as by high density and short seasonality of ﬁre activity (ﬁre regime 2), identiﬁed by the second RLQ
axis. The middle forest potential productivity (category 3) was also correlated with high density and
short seasonality of ﬁre activity (ﬁre regime 2), as identiﬁed by the second RLQ axis. The difference
in seasonality of ﬁre activity may be related to the fact that seasonality is longer under high forest
productivity [28], suggesting that ﬁre regime 2 is constrained more by fuel ﬂammability, determined by
the seasonal temperature ﬂuctuation, than by fuel amounts determined by humidity. Needle-leaf trees
were the only tree cover that were negatively correlated to high density and to long ﬁre seasonality of
ﬁre activity (ﬁre regime 1), as identiﬁed by the ﬁrst RLQ axis. This result may be related to the fact that
these trees used to be located at depopulated higher elevations and were affected by lightning-caused
ﬁres, which currently account for less than 5% of ﬁres in Spain and are more seasonal [32]. Furthermore,
managed land cover and low forest potential productivity (categories 4–6) deﬁned the sites where ﬁre
regime 3 with low density and short seasonality of ﬁre activity were found.
Our results indicate that ﬁre activity is preferably selective for high and middle environments
and avoids low environments within Spain. High forest potential productivity was correlated with
high density and long seasonality of ﬁre activity, middle forest potential productivity was correlated
with high density and short seasonality of ﬁre activity, and low forest productivity was correlated with
low density and short seasonality of ﬁre activity. These results contrast with other studies arguing that
ﬁre is preferably selective for middle environments and avoids extreme environments [19,21,28].
Indirect gradients deﬁned by livestock density and land cover changes exhibited lower scores
and correlations, although they were signiﬁcant. Livestock density was positively correlated with high
density and long seasonality of ﬁre activity (ﬁre regime 1). These results are consistent with other
studies, in which changes to ﬁre regimes have been related to changes in livestock grazing in areas
with a high forest potential productivity where ﬁre has been traditionally used as a tool to regenerate
pastures for livestock grazing, such as in Spain [30], or as a proxy for potential ignitions in alpine
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ecosystems [54]. By contrast to other regions, such as southern Africa, where an increase in livestock
grazing implied a decrease in burned areas [55]. Additionally, land cover changes were positively
correlated with high density and long seasonality. Land cover changes to shrubs resulting from forest
degradation presented a higher correlation followed by land cover changes to forest resulting from
afforestation. Land cover changes from managed areas resulting from the abandonment of traditional
activities exhibited lower correlation. Our results are consistent with other authors, who observed
a strong correlation between ﬁre activity and land abandonment and forest extension in Spain [56],
which were related as major driving forces of ﬁre regime changes [30].
5. Conclusions
Our results indicate that environmental gradients constrain ﬁre regime characteristics across Spain.
A strong positive correlation indicated that seasonal temperature ﬂuctuations, humidity, population
density and forest potential productivity are the main constraints of density and seasonality of ﬁre
activity, therefore suggesting that environmental global change may have a strong effect on future
ﬁre regimes. For example, in Spain, an increase in humidity might lead to an increase in density
and seasonality of ﬁre activity by indirectly increasing the forest potential productivity; however,
it will also depend primarily on the evolution of the seasonal temperature and population density,
and secondarily on the resources and indirect environmental gradients.
The combination of the three-matrix approaches is a robust method for identifying relationships
between ﬁre regime characteristics and environmental gradients. Additional ﬁre regime characteristics,
such as the distinction between human and natural ﬁres, and indirect environmental gradients, such
as ﬁre management, remain for future studies in order to establish a more complete understanding of
the environmental constraints of ﬁre regimes. This methodology can be used to test the hierarchical
environmental control of ﬁre at multiple scales, and the results can be used to model ﬁre regime
responses to environmental changes to reﬁne management to preserve our ecosystems.
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Abstract: Large lakes can act as ﬁrebreaks resulting in distinct patterns in the forest mosaic. Although
this is well acknowledged, much less is known about how wildﬁre is affected by different landscape
measures of water and their interactions. Here we examine how these factors relate to historic
patterns of wildﬁre over a 35-year period (1980–2014) for the boreal forest of Saskatchewan, Canada.
This includes the amount of water in different-sized neighborhoods, the presence of islands, and
the direction, distance, and shape of nearest lake of different sizes. All individual factors affected
wildﬁre presence, with lake sizes ≥5000 ha and amount of water within a 1000-ha surrounding area
the most supported spatial scales. Overall, wildﬁres were two-times less likely on islands, more likely
further from lakes that were circular in shape, and in areas with less surrounding water. Interactive
effects were common, including the effect of direction to lake as a function of distance from lakeshore
and amount of surrounding water. Our results point to a strong, but complex, bottom-up control of
local wildﬁre activity based on the conﬁguration of natural ﬁrebreaks. In fact, ﬁre rotation periods
predicted for one area varied more than 15-fold (<47 to >700 years) depending on local patterns
in lakes. Old-growth forests within this ﬁre-prone ecosystem are therefore likely to depend on the
surrounding conﬁguration of larger lakes.
Keywords: boreal forest; ﬁrebreaks; ﬁre frequency; ﬁre refugia; lake shadows; landscape patterns;
Saskatchewan; spatial scale; wildﬁre

1. Introduction
Boreal forests are shaped by wildﬁres that are affected by spatial and temporal factors that
inﬂuence both individual ﬁre characteristics (e.g., size, shape, severity) and more generally the local
landscape’s ﬁre cycle [1,2]. Although temporal factors affect when a ﬁre occurs, its intensity (energy
release), and its severity (ecological impacts), the landscape structure and physiography inﬂuence
where ﬁres are more likely to burn, and thus the spatial pattern of the forest mosaic [3–6]. More complex
landscapes have more heterogeneous patterns in vegetation, which results in more complicated ﬁre
patterns [4,7]. One element of a landscape’s physiography that is particularly important in the boreal
forest is the amount and location of water bodies, since these features can act as natural ﬁrebreaks and
thus barriers to ﬁre spread [8–10].
There are a number of different landscape characteristics of water bodies that may affect the
adjacent upland’s ﬁre patterns and local ﬁre cycles, including the size, shape, and orientation of water
bodies [11]. Large lakes are especially important in stopping the spread of ﬁres, whereas smaller water
bodies (or other natural ﬁrebreaks) may stop the spread of smaller ﬁres and those ﬁres perpendicular
to the dominant wind direction [12]. In the boreal and hemi-boreal forest of central Canada where
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winds are dominantly from the west, forest stands on the eastern sides of larger lakes often have longer
ﬁre cycles [11]. Indeed, in some places, old-growth forests may be much more common on the eastern
shore of large lakes and on islands within the lake [8,11,13]. Likewise, ﬁre-intolerant tree species, such
as white cedar (Thuja occidentalis L.) that are uncommon in upland forest locations away from lakes,
are often associated with the downwind stretches of lake shorelines [14]. Although white cedar is most
often considered a wet-adapted species given where it most often grows, it is also known to occur
in the most extreme dry conditions along bedrock ridges and cliffs where ﬁres are limited [15], thus
suggesting that some combination of ﬁre and moisture limits its distribution, and not solely water
availability [16]. Landscape patterns of lakes may therefore not only inﬂuence distribution of where
ﬁres occur and thus associated patterns in forest age, but also forest composition.
Although it is well acknowledged that natural ﬁrebreaks such as lakes, a common feature of
the boreal biome, exert a strong (if localized) bottom-up control on boreal wildﬁres, the mechanisms
by which this occurs requires further examination. For instance, the “edge effect” of lakes, whereby
wildfires are less likely closer to the edge of large lakes, has been described previously by others [9,14,17],
but it is still unclear how this is affected by lake size, lake shape, and orientation (bearing) around
lakes. Given that both landscape patterns and prevailing winds are non-random [12], the effect of
lake proximity on wildﬁres should be dependent on and interacting with other factors. Similar to
individual lake size, the overall proportion of natural ﬁrebreaks (including lakes) has been shown to
affect wildﬁre activity in the boreal forest of Sweden [18]. This concept of vegetation fragmentation
is in fact one of the principles guiding landscape fuel reduction [19]. However, simulation studies
suggest that there is more to the “more nonfuel equates to fewer ﬁres” concept, as the effectiveness of
ﬁrebreaks is also a function of landscape conﬁguration and ﬁre regime characteristics (e.g., ﬁre size,
ignition patterns) [20]. A better understanding of the effects of large lakes on boreal wildﬁre activity
thus implies the need to capture both primary effects of adjacent lake characteristics (e.g., proximity,
proportion) and the synergistic effects of factors describing conﬁguration and orientation.
The objective of this paper is to examine the landscape effects of lake size, lake shape, amount of
surrounding water, presence of islands, and the distance and direction to lakes on wildﬁre patterns in
the boreal forest of Saskatchewan, Canada. Speciﬁcally, we examine how the distance to different sized
lakes interacts with direction to lakes, shape of lakes, and amount of surrounding water to inﬂuence
wildﬁre patterns, thus helping to identify the conditions where old-growth forests are most likely
within a ﬁre-prone forested ecosystem. We did this by examining a 35-year history (1980–2014) of
wildﬁres in northern Saskatchewan’s boreal forest where ﬁre perimeters have been mapped using
aerial imagery and compared this information with landscape measures of water.
2. Materials and Methods
2.1. Study Area
The study area was deﬁned as the Boreal Shield and Boreal Plain ecozones of northern
Saskatchewan, Canada (Figure 1). This 361,924 km2 area is bounded in the north by Lake Athabasca,
Black Lake, and Wollaston Lake, which delimits the northern limit of boreal forests and the start of
taiga forests. Taiga forests were excluded from this study given the smaller size of this ecozone in
Saskatchewan and lower amounts of forest cover. The Boreal Plain ecozone represents the southern
part of the study area (178,225 km2 ) where boreal forest transitions to the Prairie ecozone. The area’s
largest human imprint is, by far, at this transition (i.e., the Boreal Transition ecoregion) (Figure 1c).
Large tracts of land in this area have been converted to agriculture and, given its higher population
density than areas to the north, are subject to more intensive ﬁre suppression effort. The Boreal Plain
is underlain by sedimentary rock with thick glacial deposits with water bodies being common (8.4%
water). Forest exploitation occurs in the Boreal Plain but is relatively minor and is localized. The Boreal
Shield ecozone covers the northern parts of the study area (183,699 km2 ) and is characterized by rolling
terrain of Precambrian bedrock (Canadian Shield) with shallow soils derived from thin glacial deposits
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and numerous water bodies (19.9% of the ecozones is water). There is no forestry in the Boreal Shield.
North of the Boreal Transition ecoregion, the anthropogenic impact on ﬁre activity in Saskatchewan
is generally considered to be relatively minor, given the extreme nature of ﬁre-conducive weather
(i.e., thereby limiting ﬁre suppression effectiveness) and the lack of ﬁre management activities beyond
the immediate vicinity of communities [21].
The boreal ecozones of Saskatchewan have a continental climate with cold winters and warm
summers with an average annual (1981–2010) temperature of 0.2 ◦ C and an average annual
precipitation of 486 mm with 31% falling as snow [22]. Common tree species to both ecozones
include black and white spruce (Picea mariana (Mill.) BSP and P. glauca (Moench) Voss), jack pine
(Pinus banksiana Lamb.), eastern larch (Larix larciana (Du Roi) K. Koch), balsam ﬁr (Abies balsamea (L.)),
trembling aspen (Populus tremuloides Michx.), balsam poplar (Populus balsamifera L.), and white birch
(Betula papyrifera Marsh.). Fire is common to the region with some of the highest ﬁre frequencies
recorded in the Canadian boreal forests with annual area burned ranging from a 0.1% to >1.5% [1,22].
The area north of the Churchill River, which approximately divides the Boreal Plain in the south from
the Boreal Shield in the north, maintains a relatively natural ﬁre regime as there is little forest protection
(i.e., “let it burn” policy). Active ﬁre suppression in this area only occurs around communities and
infrastructure (no active timber leases/management). Although there is ﬁre suppression south of
the Churchill River, wildﬁres are still common, including large intense wildﬁres such as those that
occurred around La Ronge during the summer of 2015.

Figure 1. Location of study area in Saskatchewan, Canada. (a) Boreal and taiga forests of North
America (dark gray), Saskatchewan boundary (hollow polygon), and boreal ecozone (crosshatch);
(b) Ecozones of Saskatchewan with major lakes and rivers in white; (c) Ecoregions within the boreal
ecozone of Saskatchewan where ﬁre patterns were studied (note boundary line delineating plains
from shield).

209

Forests 2016, 7, 265

2.2. Historical Mapping of Wildlife Patterns
We used mapped ﬁre perimeters from 1980 to 2014 (35 years) for Saskatchewan’s Boreal ecozones
and a 50-km buffer around the study area to ensure moving window landscape analyses were
not biased by edge effects. Fire data were obtained from the Canadian Forest Service National
Fire Database [2]. Only ﬁres greater than 200 ha were retained as those smaller than that size
are inconsistently reported (ﬁres <200 ha account for less than 3%–4% of the area burned, [1]).
Fire perimeters were then rasterized into a binary burned/unburned (0/1) grid using a cell size
of 25 m (0.0625 ha). Estimates of ﬁre frequency were derived for each ecoregion to compare with
local predicted variation in ﬁre frequency from our models. Fire frequency was deﬁned as the ﬁre
rotation period based on the proportion of landscape burned over the study time period [16]. For this
study, we deﬁned the study period as 35 years (1980–2014). Rather than estimate, as standard practice,
the proportion of the landscape burned based on total area, we ﬁrst removed water pixels to represent
the area that was truly “burnable”. This resulted in shorter ﬁre rotation periods, especially for the
Boreal Shield where the amount of water approached 20%.
2.3. Landscape Measures of Water Bodies
Water bodies and island boundaries were deﬁned by National Hydrographic Network (NHN)
data [23]. Most water bodies in the boreal ecozone were lakes (81.5% for all water features ≥500 ha and
96.4% for all water features ≥5000 ha). Five landscape predictors relating to landscape measures of
water were derived from NHN data and used to relate to local patterns in wildﬁre occurrence (Table 1).
This included: (1) amount (proportion) of water in surrounding area; (2) distance (in 100 m units) to
nearest water body; (3) direction to nearest water body (“eastness” index); (4) shape index (round to
more irregular) of nearest water body; and (5) presence of islands. Table 1 includes a description of
expected (predicted) linear responses of wildﬁre likelihood for each factor.
Table 1. Landscape predictors of wildﬁre presence based on landscape measures of water bodies,
including scale (ha) at which they were measured. All predictor variables were assumed to linearly
relate to the probability of wildﬁre at a site.
Landscape
Measure of Water

Prediction (Probability of a Site
(25 m Pixel) Burning)

Scales (ha)

Amount
(proportion)
Distance to
(100 m units)
Direction to
(eastness index)
Shape index
(irregularity)

Water body: 500, 1000,
5000, and 10,000
Water body: 500, 1000,
5000, and 10,000
Water body: 500, 1000,
5000, and 10,000

Islands

N.A. (binary)

1000, 10,000, 100,000

Negative—Wildﬁre decreases as amount of water
surrounding a site increases
Positive—Wildﬁre increases as the distance from
water increases
Positive—Wildﬁre increases as the direction to water
becomes more eastern (i.e., west side of lakes)
Negative—Wildﬁre decreases as shape of water
bodies becomes more irregular
Negative—Wildﬁre decreases on islands after
accounting for other landscape measures of water

Amount (proportion) of water in the surrounding area was measured in moving circular windows
of three different sizes (1000, 10,000, and 100,000 ha) using the focal statistics tool in ArcGIS. Distance
to water was measured using the Euclidean distance tool in ArcGIS and transformed to log10 scale
(distance +1) since distance values where highly left skewed. Direction to nearest water body was
calculated using the formula: COS (“bearing to lake”−90), with the bearing calculated in a geographic
information system (GIS) using the ArcGIS raster calculator tool. Using this index a maximum value
of 1 represented locations that were on the west side of water bodies with the bearing to water bodies
being east. Conversely, a minimum value of −1 represented a location that was on the east side of
water bodies with the bearing to water bodies being west. Finally, north and south directions had
an equivalent and intermediate value of 0. Shape of water bodies was calculated with the spatial
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statistics tool in the Patch Analyst extension [24] where more round-shaped water bodies approached
a minimum possible value of 1, while more irregular-shaped water bodies were much greater than 1
(our data ranged from ~2 to 44).
We evaluated a range of spatial scales for each of the water variables, except islands, which were
simply noted as a binary variable based on whether the location was on a mainland (0) or island (1).
The island variable was included in addition to the other landscape measures of water to test whether
such a well-deﬁned ﬁrebreak further reduced the probability of a wildﬁre beyond that of which can be
explained by the other landscape measures of water. For amount of surrounding water, we examined
three moving window sizes of 1000, 10,000, and 100,000 ha (Figure 2).

Figure 2. Amount of water in different moving window sizes in the boreal forest of Saskatchewan,
Canada. Window sizes include: (a) 1000 ha; (b) 10,000 ha; (c) 100,000 ha. Areas of dark blue
represent areas dominated by water, while yellow areas represent areas with very low amounts
of surrounding water.

In comparison to surrounding amount of water, distance to nearest water body (Figure 3), direction
(eastness) to nearest water body (Figure A1), and shape of nearest water body (Figure A2) were assessed
for four different water body size thresholds of 500, 1000, 5000, and 10,000 ha. For instance, the 500-ha
threshold required that water bodies be ≥500 ha in size before measuring their distance, direction, and
shape. All variables were mapped in a GIS at a 25-m resolution.
2.4. Regression Modeling
We randomly sampled 50,000 non-water sites (25-m pixels) in the Boreal ecozone that were at
least (minimum distance) 100 m apart. This large sample size was chosen given high local variability in
landscape factors (e.g., distance from water, amount of surrounding water, etc.) and due to the large size
of our study area. Because the Boreal Transition ecoregion along the southern border of the boreal forest
was dominated by agricultural conversion (65%) with wildﬁre activity altered [22], we subsequently
removed this ecoregion from all analyses. This resulted in a total of 41,713 sample locations with
an overall sample intensity of 0.175 locations per km2 and an average nearest neighbor distance
between sample locations of 1325 m (SD = 716 m). For each sample pixel, we queried the presence
of recent (1980–2014) wildﬁres (binary response variable), the ecoregion identity, and all landscape
measures of water. Although other factors, such as vegetation conﬁguration, ﬁre-conducive weather,
the spatial-temporal patterns of ﬁre ignitions, and anthropogenic features (e.g., roads, cutblocks) also
affect ﬁre spread, these were not considered in this study in order to focus on the effect of large
water bodies.
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Figure 3. Distance to nearest water body of deﬁned sizes in the boreal forest of Saskatchewan, Canada.
Maps represent distance to water at (a) ≥500 ha; (b) ≥1000 ha; (c) ≥5000 ha; (d) ≥10,000 ha. Areas of
red are further from water; while areas of blue are close to water (water bodies are white).

We used a mixed effects logistic regression model (xtmelogit command in STATA; [25]) with
ecoregion set as a random effect (intercept) to estimate the probability that a site (25-m pixel) would
burn from wildﬁres over the 35-year ﬁre history based on the amount of surrounding water, distance to
water, direction to water body (eastness index), shape irregularity of water feature, and presence
of islands (Table 1). Correlations among linear terms were assessed for each model to identify
possible collinearity issues as deﬁned by Pearson correlations greater than |0.7|. The random effect
accounted for non-independence of samples (random pixels) within ecoregions, as well as accounting
for ecoregion differences in ﬁre frequency (i.e., a random intercept for each ecoregion).
Because we expected a priori that the presence of wildﬁres around water bodies depended on a
combination of landscape factors and their interactions (particularly with distance), we ﬁt a number
of two-way and three-way interactions (Table 2). Six two-way interactions were tested that included:
(1) distance to water and amount of surrounding water; (2) distance and direction to water; (3) distance
and shape of nearby water; (4) shape of nearby water and amount of surrounding water; (5) shape
and direction of nearby water; and (6) direction to nearby water and amount of surrounding water
(Table 2). Finally, we considered three three-way interactions that included: (1) amount of surrounding
water and direction and distance to nearest water body; (2) amount of surrounding water and distance
and shape of nearest water bodies; and (3) amount of surrounding water and direction (eastness) and
shape of nearest water body. See Table 2 for a list of hypothesized predictions.
2.5. Model Building
Model building followed a hierarchical approach given the large number of possible scales and
variable combinations. First, each of the four water body size thresholds (500, 1000, 5000, and 10,000 ha;
Table 1) were evaluated to determine which water body size threshold most affected the likelihood
of a site burning from wildﬁres. All models included the island variable and the distance to nearest
water body, direction (eastness) to nearest water body, and shape of nearest water body. Second,
we evaluated support among the three different window sizes measuring amount of surrounding
water (1000, 10,000, 100,000 ha; Table 1) after holding the water body size threshold identiﬁed in the
ﬁrst analysis constant. Third, we assessed support of interactions for the most supported “linear”
model (scale) that included both the selected water body size threshold variable and window size
measuring the amount of surrounding water. Only linear responses among predictors and wildﬁre
presence were tested as we did not expect a priori non-linear responses between water variables and
wildﬁre probability.
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Table 2. Hypothesized interactions among landscape predictors of wildﬁre presence based on landscape
measures of water bodies. Scale of variables chosen reﬂects the best ﬁt scale from linear terms.
Interactions

Prediction (Probability of a Site (25-m Pixel) Burning)

Distance × Amount

Positive—Wildﬁre increases more with distance from lakes when
surrounded by more water
Positive—Wildﬁre increases more with distance from lakes with an east
bearing (west shores that represent the source of prevailing winds)
Negative—Wildﬁre decreases more with distance from lakes when nearby
lakes are irregularly shaped
Negative—Wildﬁre decreases more on west shores when surrounded by
more water
Negative—Wildﬁre decreases more on west shores if nearby lake is
irregularly shaped
Negative—Wildﬁre decreases more when nearby lake is irregular shaped
and surrounded by more water
Distance depends on amount of surrounding water and direction (can be
further from east shores when surrounding amount of water is high)
Distance depends on both amount of surrounding water and shape of lakes
Direction depends on amount of surrounding water and shape of lakes

Distance × Direction
Distance × Shape
Direction × Amount
Direction × Shape
Shape × Amount
Amount × Distance × Direction
Amount × Distance × Shape
Amount × Direction × Shape

2.6. Model Selection and Assessment
Model selection (support) was evaluated using Akaike’s Information Criteria (AIC), which
assesses the trade-off between model ﬁt and complexity [26], thus representing a measure of model
parsimony [27]. For the most supported ﬁnal model, we examined model predictions (responses)
relative to our hypothesized predictions (Tables 1 and 2) based on the model parameters and predicted
responses (graphs and maps). Basic descriptive statistics of model predictions by ecoregion were also
used to help interpret local landscape variation in wildﬁre likelihood as compared to ecoregion-scale
averages. Finally, we assessed model predictive accuracy of the most supported model based on a
non-parametric Receiver Operating Characteristic (ROC) Area Under the Curve (AUC) estimate using
the “roctab” command in STATA [25] with the 95% conﬁdence interval reported. Models with AUC
values ranging from 0.5 to 0.7 were considered to have “low” model accuracy, values between 0.7 and
0.9 were considered to have “good” model accuracy, and ﬁnally those above 0.9 were considered to
have “high” model accuracy [28,29]. A model that is no different than random would have an AUC
of 0.5.
2.7. Predicting Local Variation in Fire Frequency
Local ﬁre frequency was estimated from model predictions based on the probability of wildﬁre
over the 35-year study period. For the purpose of comparison with ecoregion estimates, we modiﬁed
the deﬁnition of the ﬁre rotation period [e.g., 16] for model-based local predictions of wildﬁre by
swapping the proportion of the landscape burned with the probability (p) of the site being burned
(e.g., ﬁre rotation period = 35/p). When site (pixel) probabilities are summed across the landscape
they estimate the total predicted area burned and thus when divided by landscape area (in this case
“burnable” area) they represent the proportion of landscape burned. However, unique in this situation
is that local landscape conditions can be assessed for how they change the ﬁre rotation period. Local
variation in the ﬁre rotation period due to the landscape effects of water was then compared to regional
estimates to illustrate the inﬂuence of water bodies on local patterns in the ﬁre regime.
3. Results
3.1. Fire History (1980–2014)
A total of 38.9% of Saskatchewan’s boreal forest burned between 1980 and 2014 (Figure 4), resulting
in an average ﬁre rotation period of 90 years. However, when considering individual ecozones the
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Boreal Shield burned substantially more area at 62.6%, resulting in an average ﬁre rotation period
of 56 years. In contrast, the Boreal Plain burned 17.5% of the area resulting in a ﬁre rotation period of
200 years; however, when removing the Boreal Transition ecoregion, 23.9% of the Boreal Plain ecozone
burned resulting in an average 146 year ﬁre rotation period.

Figure 4. Wildﬁre patterns in the boreal ecoregions of Saskatchewan, Canada between 1980 and 2014.
Mapped water bodies are in white. Stippled area represents the Boreal Transition that was removed
from analyses due to signiﬁcant agricultural conversion and few wildﬁres.

3.2. Wildﬁre Patterns as It Relates to Landscape Characteristics of Water Bodies
3.2.1. Water Body (Lake) Size Thresholds
The most supported water body size threshold for measuring distance, direction, and shape to
nearby water bodies (all models included the presence of islands) was 5000 ha (Table 3). The second
most supported scale was 10,000 ha, thereby indicating that moderately-large to large water bodies
were more inﬂuential in acting as ﬁrebreaks than smaller (<5000 ha) water bodies. Given that only
3.6% of water features ≥5000 ha were deﬁned as rivers, we simplify hereto our terminology of water
features from “water bodies” to “lakes”.
3.2.2. Scale of Window Size for Amount of Surrounding Water
After holding lake size threshold for distance, direction, and shape of nearest lake constant at the
5000 ha size (Table 3), the window size (scale) measuring the amount (proportion) of surrounding
water was most supported at a 1000 ha window size (Table 4). This indicated a more local effect
of surrounding water on wildﬁre probability, particularly given the lack of support for the largest
window size examined of 100,000 ha (ΔAIC = 93.0).
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Table 3. Evaluation of lake threshold sizes (scales) on probability of a site being burned in the
boreal forest ecozone of Saskatchewan, Canada between 1980 and 2014. Null model represents mean
probability of burning across all sites. Models are ranked from most to least supported using Akaike’s
Information Criteria (AIC). Number of parameters in the model (K), change in AIC from the top-model
(ΔAIC), and Akaike weights (wi ) are listed.
Model, Scale (ha)

K

AIC

ΔAIC

wi

5000
10,000
500
1000
Null (mean) model

6
6
6
6
1

48,466.2
48,675.0
48,833.2
48,857.6
57,281.4

0.0
208.8
367.0
391.4
8815.2

1.00
<0.01
<0.01
<0.01
<0.01

Table 4. Evaluation of different window size thresholds of the amount of surrounding water on wildﬁre
presence (1980–2014) in the boreal forest ecozone of Saskatchewan, Canada. Null model represents
the best ﬁtting model using island, distance to lake, direction to lake, and shape of lake with a lake
size threshold of 5000 ha (see Table 3). Models are ranked from most to least supported using Akaike’s
Information Criteria (AIC). See Table 3 for deﬁnition of terms.
Model, Scale (ha)

K

AIC

ΔAIC

wi

1000
10,000
100,000
Null water size model

7
7
7
6

48,256.0
48,265.6
48,349.0
48,466.2

0.0
9.7
93.0
210.2

0.99
0.01
<0.01
<0.01

3.2.3. Support for Interacting Landscape Effects on Wildﬁres
When considering two-way interactions between landscape measures of water (Table 2), the most
supported (lowest AIC) interaction term was between amount of surrounding water (1000 ha) and
direction to nearest water body ≥5000 ha, followed by direction and distance to nearest water body
(Table A1). Three other two-way interactions were marginally more supported than the null base
model of linear factors without interactions. Finally, the interaction between distance and shape of
nearest water body had no model support (higher AIC values than that of the null model; Table A1).
Models considering different combinations of two-way interactions supported a model with four
of the ﬁve two-way interactions with only the interaction of distance and shape to nearest lake less
supported than the base null model (Table A2). Finally, two of the three tested three-way interactions
were supported (Amount × Distance × Direction and Amount × Distance × Shape) after holding the
most supported two-way interactions constant (Table A3).
3.2.4. Model Parameters, Predictions, and Accuracy
The most supported model had 11 landscape variables (Table 5) and good overall model predictive
accuracy with a ROC AUC of 0.759 (95% CI = 0.754–0.763). Main hypothesized predictions for linear
variables (see Table 1 for list of predictions) were supported for four of the ﬁve linear terms in the
models (predictions in Table 1; Table 5 with results) and four of the ﬁve two-ways interactions (see
Table 2 for predictions). Correlation among linear terms in the ﬁnal model (i.e., model collinearity)
was minimal (Pearson |r| < 0.442). Supported hypothesized predictions included island, distance to
lake, amount of surrounding water, and shape of lake, while the unsupported prediction was related
to direction to lake. All of these factors, however, depended on interactions with each other making
interpretations complex. Finally, three 3-way interactions were evident for distance, amount, and
direction of lakes (negatively related) and distance, amount, and shape of lakes (positively related)
(Table 5).
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Table 5. Model parameters for the most supported model describing the probability of wildﬁre between
1980–2014 as a function of landscape characteristics of water in the boreal forest of Saskatchewan,
Canada. Note parameter coefﬁcient (β) is also reported as an odds ratio. Random intercepts for
ecoregions of Mid-boreal Uplands, Mid-boreal Lowlands, Churchill River Upland, and Athabasca Plain
were −0.330, −2.569, 1.267, and 1.635, respectively.

Variable

β

S.E.

95% C.I.
Lower
Upper

Odds
ratio

Island
Amount of water (1000 ha)
Distance to water (5000 ha)
Direction to water (5000 ha)
Shape of nearby water (5000 ha)
Amount × Direction
Distance × Direction
Amount × Shape
Direction × Shape
Distance × Amount × Direction
Distance × Amount × Shape
Intercept

−0.684
−2.179
0.304
−0.420
−0.023
1.313
0.337
0.011
0.005
−1.397
0.012
−1.075

0.142
0.190
0.027
0.100
0.002
0.357
0.043
0.011
0.002
0.193
0.006
0.833

−0.962
−2.551
0.252
−0.615
−0.026
0.614
0.252
−0.011
0.002
−1.776
<0.001
−2.706

0.504
0.133
1.356
0.657
0.977
3.718
1.401
1.011
1.005
0.247
1.012
0.341

−0.406
−1.806
0.356
−0.224
−0.020
2.012
0.422
0.033
0.009
−1.019
0.025
0.558

When considering linear terms, the probability of wildﬁre was approximately two-times less likely
on islands (odds ratio = 0.504) than mainland sites after controlling for other landscape factors, 36%
more likely (odds ratio = 1.36) per 10-fold increase in distance from lakes, 7.7 times (odds ratio = 0.13)
more likely for areas with no surrounding water compared with areas completely surrounded by
water, and 1.5 times less likely (odds ratio = 0.66) on the west side (eastern direction) of lakes compared
to north or south orientations, although the orientation-effect depended on the distance from the
lake, amount of surrounding water, and shape of nearby lake (Table 5). Finally, wildﬁre presence
decreased marginally (odds ratio = 0.98) as the lake shape became more irregular. Figure 5 illustrates
the predicted responses for each landscape variable in the Churchill River Uplands (excluding islands)
with variability in responses representing the variation in predicted wildﬁre probability as inﬂuenced
by other landscape factors of water. Major differences along landscape gradients in water were most
apparent for distance to lake (Figure 5a) and amount of surrounding water (Figure 5b). The effect
of distance to lakes was most pronounced within 2.5 km where wildﬁre likelihood was dramatically
reduced and also much lower when amount of surrounding water was greater than 20% (Figure 5).
Due to the complexity of interpreting interactions from coefﬁcients, model predictions were also
graphed based on different combinations of factors (Figure 6), as well as mapped for one example area
in the Churchill Uplands Ecoregion (Figure 7). Predictions in Figure 6 illustrate changes in probability
of wildﬁre for a 35-year period as a function of amount (proportion) of surrounding water (1000-ha
window) and distance to nearest lake ≥5000 ha for different distance classes of 10, 100, 1000, and
10,000 m. This was done for both the west-side (Figure 6a) and east-side of lakes (Figure 6b) since
the amount of water, distance from lake, and direction to lake represented the strongest interaction.
The interaction between the distance to large lakes and the proportion of water is typical of the
hypothesized predictions of wildﬁre patterns on the west side of lakes that represent in this region the
direction of prevailing winds, with the likelihood of wildﬁre being greater further from lakes when
amount of surrounding water was low (Figure 6a). However, there was less variation in wildﬁre
likelihood by distance to lake for the east side of lakes when there was little surrounding water
(Figure 6b). This variation is likely the result of complex interactions among the different landscape
factors, given that this effect is not observed in the singular relationships illustrated in Figure 5.
Regardless, a strong “edge effect” of lakes can be observed on both sides of lakes as illustrated by
the consistent low likelihood of burning when adjacent to lakes (10 m). Speciﬁcally, the risk ratio of
wildﬁre probability on the west side of lakes was 3.5 times more likely for sites 100 m distant from
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lakes than 10 m distant and 6.6 times more likely for sites 10,000 m distant from lakes than 10 m distant
(Figure 6).

ȱ
(a)ȱ

(b)ȱ

ȱ
(c)ȱ

(d)

Figure 5. Model predictions of wildﬁre probability, p(wildﬁre), at sample locations (25-m pixel) in
the Churchill River Upland over a 35-year period (1980–2014) as a function of: (a) distance from lake
≥5000 ha; (b) amount (proportion) of water within 1000 ha; (c) eastness to nearest lake ≥5000 ha (−1 is
east side/west bearing to water; +1 is west side/east bearing); and (d) shape of nearest lake ≥5000 ha
(larger values are more irregular shaped). Variation in predictions for any one variable represents the
effects of other linear and interacting factors.

Figure 6. Model predictions of wildﬁre probability, p(wildﬁre), for sites (25-m pixels) within the
Churchill River Upland ecoregion over a 35-year period (1980–2014) as a function of the amount
(proportion) of water in 1000 ha surrounding windows and distance classes (10, 100, 1000, 10,000 m) to
lakes ≥5000 ha for either the west-side of lakes (a) or east-side of lakes (b). All sites were assumed to
be mainland sites with lake shape held at its mean value.
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Figure 7 illustrates local spatial patterns in predicted wildﬁre probability (assuming a 35-year
period) for the southern part of Reindeer Lake in the Churchill River Upland ecoregion where ﬁre is
common (i.e., 62.6% of Boreal Shield uplands burned in the 35-year period). Differences in predicted
wildﬁre activity were evident when comparing wildﬁre probability around Reindeer Lake (large lake
in center and top of map) with smaller, circular-shaped lakes (but still >5000 ha) in the southeast
corner of the map (Figure 7). Wildﬁre probabilities on some islands (especially eastern sides of islands)
and some shorelines along Reindeer Lake were predicted to be less than 0.05 (per 35-year period)
resulting in a ﬁre rotation period that exceeded 700 years. Many of the larger islands and immediate
shorelines of larger lakes had wildﬁre probabilities between 0.05 and 0.25 or a ﬁre rotation period
between 140 and 700 years. In contrast to these longer ﬁre rotation periods, some areas were estimated
to have wildﬁre probabilities exceeding 0.75 over the 35-year period with a corresponding ﬁre rotation
period of less than 47 years. Overall, landscape variability in ﬁre rotation periods within this small area
was predicted to vary more than 15-fold depending on local landscape characteristics of the lakes. This
local variability in probability of wildﬁre and thus variability in ﬁre rotation cycle was also pronounced
in the Mid-Boreal Upland and Athabasca Plain ecoregions, but less so for the Mid-Boreal Lowland
ecoregion (Table A4, Figure A3).

Figure 7. Model predictions of the likelihood of a wildﬁre, p(wildﬁre), over a 35 year period (1980–2014)
as a function of the presence of islands and the amount of water, distance, direction, and shape of
nearest large lake. (a) Map of Saskatchewan indicating location of boreal forests (dark gray) and the
location of mapped predictions (small black polygon with leader line); (b) predicted probability of
wildﬁre, p(wildﬁre), per 35-year period for the area around the southern parts of Reindeer Lake in
northeast Saskatchewan, Canada.

4. Discussion
The results of this study support the idea that spatial patterns, and more speciﬁcally the local
likelihood, of wildﬁres are not uniformly distributed within the boreal forest. Natural ﬁrebreaks,
particularly large lakes, represent a strong bottom-up control on wildﬁre activity. Despite the stochastic
nature of wildﬁre, all of the hypothesized landscape measures of water affected wildﬁre patterns.
This includes the amount of water, the distance to large lakes, the direction to large lakes, the shape
of the lake and, ﬁnally, insularity. Although the primary effect of these individual factors has been
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documented in different biomes of the world, we show here that they interact amongst themselves to
yield highly heterogeneous patterns of wildﬁre likelihood.
Perhaps the most common measure of assessing the effect of natural ﬁrebreaks on wildﬁre
occurrence is the distance of wildﬁre from those breaks. When ﬁres burn less frequently near lakes,
“ﬁre shadow” patterns develop [14]. Our results are in agreement with those reported elsewhere in the
Canadian boreal forest that the effect of large lakes may extend several kilometers beyond the edge
of the lakes and wetlands [9,10]. The most pronounced effects of lakes are, however, within the ﬁrst
100 m of the lakeshore [17]. Our results suggest a 3.5-fold increase in risk of wildﬁre between 10 and
100 m lake distances. The increase in wildﬁre risk with distance from lakes stabilized at ~2.5 km, which
is similar to that reported elsewhere [30].
Amount of open water in the surrounding landscape also inﬂuenced wildﬁre patterns. In northern
Saskatchewan’s boreal forest, the amount of surrounding water appears to be as important to wildﬁre
distribution as proximity to lakes. These results are similar to those in boreal Sweden, where mean
ﬁre intervals were correlated to wetland density, provided that these wetlands were moist enough to
limit ﬁre ignition and spread [18]. Given the strength of this control, fragmented landscapes simply do
not burn as well as those with highly continuous fuels. Indeed, the proportion of natural ﬁrebreaks
is often identiﬁed as a key variable explaining broad-scale wildﬁre patterns in the boreal forests of
Canada [31,32]. The speciﬁc mechanism by which reductions in wildﬁre frequency occurs is, however,
complex. Not only are lakes (and other non-fuels) limiting the potential spread of large wildﬁres,
but they also eliminate possible sources of ignition. Fire shadows therefore develop from both a lack of
ignition in lakes and the impossibility of a ﬁre growing out of the nonfuel [33].
To provide a more comprehensive assessment of the effects of large lakes on boreal wildﬁre
activity, this study incorporated a number of known or suspected factors that affect ﬁre ignition
and spread. For instance, our results support others who demonstrate that orientation of landscape
features may impede or promote (e.g., river valleys parallel to dominant winds) the spread of large
wildﬁres [12]. Although this remains to be fully investigated in the boreal forest, the orientation
of natural ﬁrebreaks may not just affect the frequency of wildﬁres, but also the type. For instance,
crown ﬁres may wrap around ﬁrebreaks and burn as less-intense surface ﬁres [34]. The shape of
ﬁrebreaks, including lakes, is also important [35]. We found that more irregular-shaped lakes reduce
wildﬁre activity in Saskatchewan, but that the effect of this factor is highly dependent on other factors,
notably size and orientation to nearest large lake. For example, elongated features perpendicular to an
incoming ﬁre may provide a more effective fuel break than a round-shaped lake [12]. However, if the
lake is too narrow wildﬁres may simply breach (i.e., through ﬁre spotting) the ﬁrebreak.
Interactions among factors further highlight the complexity of the relationship between wildﬁre
patterns and natural ﬁrebreaks. Interestingly, the top-two most supported interactions in our analysis
(amount × direction and distance × direction) include the orientation relative to the lake, which
emphasizes the importance of the direction of incoming ﬁres in identifying and predicting potential
ﬁre refugia. Whereas our results point to important multiplicative effects between variables, the
interpretation of these interactions is not straightforward. For instance, predicted patterns of wildﬁre
probability on the east side of large lakes were less related to distance to lake when amount of
surrounding water was low. This could be interpreted as a higher-level interaction among factors.
Given the high density of large lakes in the region, the effect of a given lake on wildﬁre patterns is
assuredly inﬂuenced by that of nearby lakes. Likewise, we found evidence for three-way interactions
that support the idea that there is a high degree of complexity in the ﬁre–environment relationship,
which in turn leads to complex landscape patterns [36].
Whereas the likelihood of wildﬁre occurrence is highly dependent of transient factors, such
as forest type [37] and daily ﬁre weather [38], our results highlight the effects of quasi-permanent
landscape features that can reduce wildﬁre likelihood for decades or centuries. Areas close to large
or numerous lakes are simply more likely to lead to long-term ﬁre refugia, which can be deﬁned as
parts of the landscape where intense crown ﬁres are rare. These areas are therefore likely to support
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old-growth components that are not common elsewhere in the landscape [39]. Fire refugia have a
potentially important—though still poorly understood—role in the maintenance of biodiversity and
ecological processes in the boreal forest (but see [40]). In a matrix of high ﬁre frequency, areas of the
boreal forest that rarely burn may support isolated populations of organisms not found elsewhere in
the landscape. For instance, species ill-adapted to ﬁre, such as balsam ﬁr, have survived on islands of
large lakes in northern Québec [41], while common ﬁre-adapted species, such as jack pine, have been
absent from ﬁre-sheltered sites for millennia in northern Wisconsin [42]. Spatial variability in wildﬁre
occurrence also affects fundamental ecosystem properties [13] that, in turn, further affect community
composition [43].
Results from this modeling study are contingent on their assumptions and data quality.
For instance, some wildﬁre perimeters do not include unburned islands which would attenuate
the strength of the effect of islands on wildﬁre probability. The somewhat coarse resolution of the
ﬁre perimeter mapping will invariably affect the strength of the other relationships, although we do
not expect these to be directionally biased in a way that adversely affects our inferences. Likewise,
we did not consider non-water related variables that are known to affect wildﬁres (e.g., land cover,
daily ﬁre weather, lightning, topography [44]). Lack of inclusion of these factors limits the predictive
ability of our models, although the ﬁve landscape water variables considered here were predictive and
largely supported our hypothesized relationships. Of note is the effect of humans, which is pervasive
(if not intense) in the boreal plains portion of our study area [45]. Although large boreal wildﬁres are
virtually uncontrollable and burn more or less “freely” once they escape initial attack, humans may
have a subtle yet considerable inﬂuence on wildﬁre activity through direct (igniting or extinguishing
ﬁres) or indirect (land-use change) means [46].
5. Conclusions
Natural ﬁrebreaks, particularly large lakes, represent a strong bottom-up control on wildﬁre
activity in the boreal forest of Saskatchewan, Canada. Landscape measures of water including presence
of islands, amount of surrounding water, and distance and direction from lakeshore interacted to
yield highly heterogeneous patterns of wildﬁre likelihood. These patterns were strongest for lake
sizes ≥5000 ha and in the immediate 1000 ha surrounding area. Overall, we found that long-term ﬁre
refugia were more likely in places near lakeshores of irregularly-shaped larger (≥5000 ha) lakes and
in areas (1000-ha window) surrounded by high amounts of water. This has implications for forest
management and conservation of sites most likely to contain old-growth elements.
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Appendix A
Tables A1–A4, and Figures A1–A3 contain additional supporting information on landscape
variables, model selection, and summary statistics.
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Table A1. Evaluation of support for individual two-way interaction terms among landscape
water variables that are predicted to affect local occurrence of ﬁres in the boreal forest ecozone of
Saskatchewan, Canada between 1980 and 2014. Null model here represents the best ﬁtting model from
Table 3 (island presence, amount of surrounding water [1,000 ha], and distance to lake, direction to lake,
and shape of nearest lake ≥5000 ha). Models are ranked from most to least supported using Akaike’s
Information Criteria (AIC). “Response” represents the direction of response with bold, italicized text
supporting our initial hypotheses from Table 3. See Table 3 in the text for deﬁnition of terms used in
the table. Note that “N.A.” is “not applicable”.
Model
Amount × Direction
Distance × Direction
Shape × Amount
Direction × Shape
Distance × Amount
Null model (water size & amount)
Distance × Shape

Response

K

AIC

ΔAIC

wi

Negative
Positive
Positive
Negative
Negative
N.A.
N.A.

8
8
8
8
8
7
8

48,198.9
48,218.3
48,252.6
48,255.4
48,255.8
48,256.0
48,258.0

0.00
19.3
53.6
56.4
56.8
57.0
59.0

1.00
<0.01
<0.01
<0.01
<0.01
<0.01
<0.01

Table A2. Evaluation of support for individual two-way interaction terms among landscape water
variables that are predicted to affect local patterns in location of wildﬁres in the boreal forest ecozone
of Saskatchewan, Canada between 1980 and 2014. Null model here represents the best ﬁtting model
from Table 4 and null model used in Table A1. Models are ranked from most to least supported using
Akaike’s Information Criteria (AIC). See Table 3 in the text for deﬁnition of other terms used in the table.
Model

K

AIC

ΔAIC

wi

Top four two-way interactions
Top three two-way interactions
Top two two-way interactions
Top single two-way interaction
Top ﬁve two-way interactions
Null model (water size and amount)

11
10
9
8
12
7

48,184.3
48,186.3
48,188.7
48,198.9
48,255.8
48,256.0

0.0
2.0
4.4
14.6
71.5
71.7

0.68
0.25
0.07
<0.01
<0.01
<0.01

Table A3. Evaluation of support for models with three-way interaction terms among landscape
water variables that are predicted to affect local patterns in location of wildﬁres in the boreal forest
ecozone of Saskatchewan, Canada between 1980 and 2014. Null model here represents the best ﬁtting
two-way interaction model (Table A2). Models are ranked from most to least supported using Akaike’s
Information Criteria (AIC). See Table 3 in the text for deﬁnition of other terms used in the table.
Model

K

AIC

ΔAIC

wi

4a Amount × Distance × Direction; Amount × Distance × Shape
5 (all three three-way interactions)
1 Amount × Distance × Direction
4b Amount × Distance × Direction; Amount × Direction × Shape
4c Amount × Direction × Shape; Amount Dist × Shape
2 Amount × Shape × Distance
3 Amount × Direction × Shape
Null model (top four two-way interactions and linear terms)

13
14
12
13
13
12
12
11

48,131.5
48,132.3
48,133.4
48,134.1
48,181.4
48,182.0
48,183.6
48,184.3

0.0
0.8
1.9
2.6
49.9
50.5
52.2
52.8

0.43
0.29
0.16
0.12
<0.01
<0.01
<0.01
<0.01

Table A4. Summarized model predictions by Ecoregion depicting the likelihood of wildﬁre over a
35-year period and its associated ﬁre rotation period. Statistics reported include the 1st, 50th, and
99th centiles.

Ecoregion

1%

Mid-boreal Upland
Mid-boreal Lowland
Churchill River Upland
Athabasca Plain
All ecoregions

0.094
0.011
0.230
0.442
0.018

p(wildﬁre)
50%
99%
0.268
0.036
0.548
0.714
0.441

221

0.450
0.082
0.730
0.841
0.822

Fire Rotation Period (Years)
1%
50%
99%
78
429
48
42
43

131
975
64
49
79

372
3253
152
79
1909
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Figure A1. Direction to nearest water body of deﬁned sizes in the boreal ecozones of Saskatchewan,
Canada using an “eastness” index where an east direction is scaled to 1 and a west direction scaled to
−1. Threshold water body sizes of: (a) ≥500 ha; (b) ≥1000 ha; (c) ≥5000 ha; (d) ≥10,000 ha. Areas of
red color have an east bearing to water, while areas of blue have a west bearing to water (water bodies
are shown in white).

Figure A2. Shape index of nearest water body of deﬁned threshold sizes in the boreal ecozones of
Saskatchewan, Canada. Shape of water body size threshold of: (a) ≥500 ha; (b) ≥1000 ha; (c) ≥5000 ha;
(d) ≥10,000 ha. Areas of red color have more irregular shaped nearby water bodies, while areas of blue
have more round-shaped nearby water bodies (water bodies are shown in white).

Figure A3. Distribution (variation) in predicted wildﬁre likelihood (probability of burning within
35 years, 1980–2014) by ecoregion in Saskatchewan, Canada’s boreal forest based on histograms of
model predictions.
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Abstract: This study presents the long-term (over the last 8000 years) natural variability of a portion
of the Picea mariana-moss bioclimatic domain belonging to Québec’s Clay Belt. The landscapes are
dominated by mesic-subhydric clay and early successional forests composed of Populus tremuloides,
Pinus banksiana and Picea mariana. The natural variability (ﬁres and vegetation) of one of these
landscapes was reconstructed by means of pollen and macroscopic charcoal analysis of sedimentary
archives from two peatlands in order to assess when and how such landscapes were formed.
Following an initial afforestation period dominated by Picea (8000–6800 cal. Years BP), small and
low-severity ﬁres favored the development and maintenance of landscapes dominated by Picea and
Abies balsamea during a long period (6800–1000 BP). Over the last 1000 years, ﬁres have become more
severe and covered a larger area. These ﬁres initiated a recurrence dynamic of early successional
stands maintained until today. A decline of Abies balsamea has occurred over the last centuries,
while the pollen representation of Pinus banksiana has recently reached its highest abundance.
We hypothesize that the ﬁre regime of the last millennium could characterize Québec’s Clay Belt
belonging to the western Picea mariana-moss and Abies balsamea-Betula papyrifera domains.
Keywords: boreal forest; forest ﬁres; Holocene; pollen analysis; sedimentary charcoal; Québec;
vegetation history

1. Introduction
Boreal forest landscapes develop under the combined inﬂuence of climate, natural (ﬁres, insect
outbreaks) and anthropogenic (logging, ﬁres of human origin) disturbances, as well as physical
environment [1,2]. This combination of factors generated the contemporary landscape diversity
deﬁned, at different spatial scales, through hierarchies of ecological classiﬁcation [3,4]. These
classiﬁcations consider the physical features, such as the abundance of lakes, the area covered
by peatlands or sandy soils and the relief. All these physical features have a strong inﬂuence on
the long-term history of ﬁre and vegetation [5–15]. Knowing the long-term natural variability of
landscapes, it will become easier to deﬁne forest strategies in regard to ecosystem management and
climatic changes [16–20].
In each boreal landscape, the species are distributed along a toposequence of surﬁcial deposits,
slope and drainage conditions, from bedrock and well-drained soils (till, clay or sand) to poorly
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drained organic soils. In northeastern North America, jack pine (Pinus banksiana Lambert) and black
spruce (Picea mariana (Miller) Britton, Sterns & Poggenburgh) are well adapted to sites characterized
by bedrock or sandy soil [21,22]. Thick, moderately well-drained soils support a vegetation more
demanding with respect to the nutrient regime, such as trembling aspen (Populus tremuloides Michaux),
white birch (Betula papyrifera Marshall) and balsam ﬁr (Abies balsamea (Linnaeus) Miller), whereas
poorly-drained soils are mainly colonized by P. mariana and Larix laricina (Du Roi) K. Koch. Under the
inﬂuence of natural disturbances, mainly ﬁres, the vegetation of each portion of the toposequence
changes with time. For example, after ﬁres on well-drained rich soils, the light-demanding early
successional species (P. tremuloides, B. papyrifera) give way to late successional ones (P. mariana,
A. balsamea), thereby deﬁning a successional forest dynamic [23]. However, in other parts of the
landscape, as on low altitude and undulated or ﬂat relief where P. mariana and P. banksiana are dominant,
ﬁres can occur so frequently spaced in time that cohorts of early successional species succeed one
another, creating a recurrence dynamic of stands dominated by these species [24,25]. Under such
circumstances, stands dominated by early successional species can be considered in equilibrium with
climate and disturbance regimes. These examples show that, in the context of the eastern Canadian
boreal forest, P. mariana can be considered as both an early and a late successional species.
In an integrative study of paleoecological data covering the major biomes of Québec (Canada)
initiated in order to demonstrate the speciﬁcity of each biome, Blarquez et al. [26] suggest that in
the boreal coniferous forest dominated by Picea mariana, biomass burning was higher during the
mid-Holocene period (~6000 to 4000 cal. Years BP) than during the late Holocene (over ~4000 years).
Some sites show a brief increase of ﬁre frequency around 1000 cal. Years BP, possibly related to the
Medieval climatic optimum [10,27,28]. The majority of the study lakes considered by Blarquez et al. [26]
are located in the western part of the Picea mariana domains (moss and lichen). If ﬁres were less frequent
during the late Holocene, they were, however, larger in extent [27]. The widespread general decline
of ﬁre frequency during the late Holocene in the P. mariana domains would be explained by climatic
factors, i.e., an increase in annual precipitation, as well as a decrease of temperature (mainly during
July), a shorter growing season and lower summer insolation [10,26,27,29–35]. Blarquez et al. [26] also
suggest that ﬁre frequency increased throughout the Holocene in the boreal mixedwood. Numerous
sites studied in this biome are, however, located in eastern Québec, where hydroclimatic conditions
differ greatly from those prevailing in the western part of the province. Indeed, annual precipitation is
more than 200 mm higher in eastern Québec [36]. Moreover, the mixedwood includes three bioclimatic
domains according to Québec classiﬁcation; these are, from north to south, Abies balsamea-Betula
papyrifera, Abies balsamea-Betula alleghaniensis and Acer saccharum-Betula alleghaniensis [4]. Speciﬁc ﬁre
reconstruction studies in the Abies balsamea-Betula papyrifera domain show a gradual increase of ﬁre
events during the late Holocene, and some of these studies were undertaken in the Clay Belt of
Québec [37,38] and Ontario [12] (Figure 1).
The aim of this study is to explain the long-term natural variability of the vegetation and
ﬁre in a Québec Clay Belt landscape dominated by early successional species (Populus tremuloides,
Pinus banksiana and Picea mariana) (Figure 1). These stands are abundant throughout the Clay Belt.
Considering the type of landscape (vegetation, surﬁcial deposit) and the increase of ﬁres during the
last millennium in some areas dominated by clay, we hypothesize that the mesic-subhydric clay of
our studied landscape was also affected by increased ﬁre activity during the late Holocene, which
promoted the maintenance until now of early successional species through a recurrent forest dynamic.
To test this hypothesis, we ﬁrst analyzed the contemporary vegetation of a 4000 km2 study area with
the objective of understanding the current forest dynamics. We then reconstructed the long-term
vegetation and ﬁre history through pollen and macroscopic charcoal analyses of two selected peatlands
in order to obtain insight into the forest dynamics at the margin of the peatlands.
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Figure 1. Location of the study area (4000 km2 ) in Québec’s Picea mariana-moss bioclimatic
domain, Canada [4]. The study area is located in ecological region 6a (Plaine du lac Matagami).
The two peatlands studied are codiﬁed as: AP: Aspen peatland and SP: Shadow peatland. Ecological
region 5a (Plaine du lac Abitibi) is part of the western Abies balsamea-Betula papyrifera bioclimatic
domain. The sector with oblique lines located close to the border with Ontario corresponds to the ﬁre
origin map created by Bergeron et al. [7]. The red dots indicate the clay deposit distribution (QMFFP
forest maps) corresponding to Québec’s Clay Belt.

2. Materials and Methods
2.1. Study Area
The study area covers 4000 km2 within the Picea mariana-moss bioclimatic domain, more
speciﬁcally within the ‘Plaine du lac Matagami’ ecological region [4] (Figure 1). Annual mean
temperature at the Matagami weather station [36] is between −1 and −2 ◦ C. July is the warmest
month of the year (mean: 16.8 ◦ C) and January the coldest (mean: −20 ◦ C). Total annual precipitation
varies between 800 and 1000 mm, of which 25%–30% falls as snow. This region is characterized by a
ﬂat to gently undulated relief, low to mid altitudes (200–400 m) and the presence of some large lakes.
An important portion of the ecological region belongs to the Clay Belt, a vast half-moon shaped area
stretching from eastern Ontario to western Québec. The Clay Belt is characterized by thick clayey
glaciolacustrine deposits left by postglacial lakes Barlow (southern area) and Ojibway (northern area),
which reached their maximum water level 8000 years ago when the retreating Laurentide ice sheet
was further north [39]. Soon after and for a short period, a readvancing ice sheet surged southward
into glacial Lake Ojibway, incorporating glacial material into glaciolacustrine sediments and forming
the compact Cochrane Till. This till, the low altitude and the ﬂat relief all played an important role in
the development of large peatlands in the northeastern part of the ecological region.
A reconstruction of the contemporary ﬁre history (1700–2000 AD) in a 15,000 km2 area located
along the Québec-Ontario border and belonging mainly to the Clay Belt showed that ﬁres burned large
areas especially during the 1820 and 1910 periods [7,32,40] (Figure 1). Since then, only a few ﬁres have
occurred, most of them in the Abies balsamea-Betula papyrifera domain, and mainly of anthropogenic
origin. The post-ﬁre forest dynamics are characterized by two main successional pathways. The ﬁrst
is mostly observed in the northwestern part dominated by Cochrane Till. In this sector, numerous
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Picea mariana forests have been paludiﬁed and this process of peat accumulation, controlled by ﬂat
relief, lower altitude and ﬁre activities, is still active at the edge of the peatlands [41]. The second
successional pathway is typical of mesic and subhydric clay, mostly undulated relief and higher
altitude (Clay Belt). Populus tremuloides, Pinus banksiana and P. mariana early successional forests
evolve towards P. mariana-Abies balsamea late successional forests if the time elapsed after ﬁre is long
enough [22]. Due to the vast area covered by ﬁres of the 1910 period [7,40], this late successional forest
is currently rare.
2.2. Contemporary Forest Landscapes
During the ﬁrst phase of this study, the current forest composition and dynamics of the 4000 km2
study area, belonging to the Clay Belt, were deﬁned by using forest maps produced by the Québec
Ministry of Forests, Fauna and Parks (QMFFP). These maps (scale 1:20,000) were produced by
photointerpretation of aerial photographs taken in the 2005–2010 period. In total, 38,887 forest stands
were delineated and deﬁned on the basis of their vegetation composition and structure (density, age)
as well as physical characteristics (surﬁcial deposit, drainage, slope and altitude). The age of forest
stands identiﬁed on maps was studied with the aim of establishing links with Bergeron et al. [7,40].
However, these links were difﬁcult to make because many stands on the QMFFP maps were identiﬁed
as pertaining to the 70-year-old age-class, suggesting ﬁres in the 1950 period. This age was estimated
by photointerpretation mainly on the basis of tree height and density, and without information on the
contemporary ﬁre history. Moreover, older forests were classiﬁed into the 120-year maximum age class.
In order to acquire knowledge on the ﬁre contemporary history of the studied area, we created a ﬁre
origin map. Fieldwork (2013 and 2014) was conducted at 140 sites. For each site, we collected ﬁre scars
or, in their absence, a cross section of the collar from one to ﬁve trees per site. In total, 313 trees were
sampled from the dominant individuals. In the laboratory, samples were dried and sanded, and the
number of rings was counted using a binocular magniﬁer. Years of stand origin show a dominance
of trees belonging to the ca. 1820 and ca. 1910 periods. As expected, our results are comparable to
those of Bergeron et al. [7,40] and not to those of QMFFP forest maps. We also identiﬁed the 1970
period, which was characterized by some small ﬁre events. Based on this information, the majority of
forest stands referred to on the QMFFP maps as being 90 years old and, erroneously, 70 years old were
assigned to the 1910 period of origin, whereas the majority of the 120 year-old stands were considered
as having an origin close to 1820.
The 38,887 stands were subjected to a redundancy analysis (RDA). The RDA was conducted
simultaneously on matrices characterizing forest composition (Y matrix, 38,887 records, ﬁve species:
Picea mariana, Abies balsamea, Pinus banksiana, Populus tremuloides, Betula papyrifera) and site characteristics
(X matrix, 38,887 records, ﬁve variables: altitude, slope, surﬁcial deposit, drainage, period of origin).
The RDA characterized each forest stand according to ﬁve ordination axes. All axes were submitted
to K-means partitioning in order to group forest stands with comparable vegetation and site
characteristics. Each group of stands composes a landscape [2,42].
2.3. Study Sites and Sampling
During the second phase of this study, two ombrotrophic peatlands located in a landscape
belonging to the Clay Belt and dominated by early successional stands (Populus tremuloides,
Pinus banksiana, Picea mariana) were selected for the reconstruction of the Holocene ﬁre and vegetation
history. The two peatlands are situated 10.5 km apart (Figures 1 and 2). Aspen peatland (hereafter
“Aspen”, 50◦ 00.46 N; 77◦ 00.14 W) covers an area of 30 ha and lies at an altitude of 283 m. Shadow
peatland (hereafter “Shadow”, 49◦ 56.57 N; 77◦ 06.43 W) covers an area of 15 ha at an altitude of 280 m.
Both are dominated by Ericaceae on a carpet of Sphagnum moss. Shrubby P. mariana (height 14 m)
form a low density stratum (20%–40%). In Aspen, the coring site for organic sediments lies 100 m
from both sides of the forest, whereas in Shadow the coring site is located 25 m from the forest border.
These two locations were selected to obtain a long temporal sequence (Aspen) and a shorter one but
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with a stronger signal of the local forest dynamics (Shadow). Sampling was conducted by excavating a
trench with a shovel, and then cutting peat monoliths (30 cm × 30 cm × 30 cm) from top to bottom.
The absence of water from the trench during excavation made it possible to collect a complete section
of peat right down to the underlying marine clay. Monoliths were stored in the laboratory at 4 ◦ C
until analysis.

ȱ
Figure 2. Study sites (Aspen and Shadow peatlands) where paleoecological reconstructions were
conducted. Upper portion: overview of the peatlands and their forest environment. Lower portion:
aerial photographs and location of sedimentary cores (red dots).

2.4. Characterization of the Contemporary Forest Surrounding the Peatlands
To characterize the forest surrounding each peatland, three parallel transects (50 m × 4 m; 200 m2 )
10 m apart were delineated. Live tree stems (>2 cm in diameter at breast height) were identiﬁed and
counted. The stems representing forest regeneration (<2 cm in diameter) were identiﬁed and numbered
in plots (1 m2 ) distributed every 5 m along each transect (10 plots per transect). A cross section of the
collar was cut from ﬁve of the largest stems in order to determine their age. Finally, a moss sample
was collected from the soil surface in the forest surrounding Aspen, as well as from a stand dominated
by Picea mariana and Abies balsamea located 10 km north of Aspen, to obtain a picture of the pollen
representation of current vegetation. In the laboratory, the stem counts of individuals exceeding 2 cm
per species and per diameter class were transformed into relative basal area per species. Regenerating
tree stems were analyzed to deﬁne the frequency of species per sampling site (stocking of regeneration).
The basal samples were sanded and growth rings counted to determine the stand year of origin.
2.5. Stratigraphy and Chronology
Prior to speciﬁc analyses, sediments were cleaned and cut into continuous 1-cm thick slices.
The general composition of the organic matrix (Sphagnum, herbaceous, brown mosses, wood remains)
was determined qualitatively from analysis of subsamples [43,44]. A total of 20 samples were subjected
to radiocarbon dating by accelerator mass spectrometry (AMS). They were ﬁrst prepared in the
radiochronology laboratory of Université Laval’s Centre for Northern Studies, then dated at Kerk
Laboratory, University of California (Irvine). Dated samples consist of charcoal fragments, with the
exception of one sample from the base of the Aspen sedimentary core (seeds). CALIB 7.0.4 software
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and the IntCal13 database [45,46] were used to determine the probability distributions in calibrated
years for each of the 14 C datings (±2σ). The median of the probability distribution was selected
as the calibrated date. Dated charcoal fragments with overlapping calendar age distributions were
considered as originating from the same ﬁre [25]. Net vertical peat accumulation rates (mm·year−1 )
were calculated between calibrated dates. The models were developed using CLAM 2.2 software [47],
applying a linear interpolation between each level dated (1000 iterations). All results are expressed as
calibrated years BP.
2.6. Macrocharcoal Analysis
The ﬁre history of forests surrounding the two peatlands was reconstructed by charcoal analysis
following a modiﬁed version of the procedure used by Hörnberg et al. [48]. Subsamples (2 cm3 )
were taken at 2 cm intervals and soaked in a potassium hydroxide (KOH) solution (5%) for 24 h,
then sieved through a 0.425 mm mesh screen. The remaining particles were bleached in a sodium
hypochlorite (NaClO) solution (10%) to distinguish charcoal from dark organic matter. Charcoal
particles were counted in a petri dish using a stereomicroscope (20× magniﬁcation). They were picked
from the petri dish, placed in weighing boats and oven-dried overnight (±50 ◦ C). The mass of charcoal
(anthracomass) was determined for each sample using an electronic balance, and data are expressed as
anthracomass (mg·2 cm−3 ) [49,50].
2.7. Reconstruction of Vegetation History
To reconstruct vegetation history, 1 cm3 subsamples (3 cm3 in the upper portion of the cores
corresponding to the acrotelm of the peatlands) were collected for pollen analyses. Analyses were
conducted at 2 cm intervals for sections with high charcoal content (as determined by prior charcoal
analysis) and at 4 cm intervals for sections with low charcoal content. Subsamples, as well as
two samples of surface moss, were processed using chemical treatments with KOH (10%), HCl
(10%) and an acetolysis solution [51]. Lycopodium tablets with a known concentration were added to
each subsample prior to preparation, in order to calculate pollen concentration (grains cm−3 ). Pollen
counts were made at 400× magniﬁcation. At least 300 grains of terrestrial vascular plant pollen
(excluding Ericaceae and Cyperaceae) were counted for each level, using an optical microscope (400×
magniﬁcation). Results are expressed in percentages. The curves of only the most abundant pollen
taxa are presented in the diagrams. The diagrams were subdivided into pollen assemblage zones
(PAZ) using the stratigraphically constrained cluster analysis CONISS program of Tilia software [52].
Percentages were ﬁrst transformed by a square root, in order to increase the importance of rare or
poorly represented taxa (e.g., Populus) and to reduce the importance of those strongly represented
(e.g., Betula).
To synthesize changes in vegetation through time, principal component analysis (PCA) was
used on the combined Aspen and Shadow pollen datasets. Because the variables are dimensionally
homogeneous, a dispersion (variance/covariance) matrix was used [42,53]. The number of pollen
types was reduced by selecting taxa with a value greater than or equal to 1% in at least one sample,
and creating a collective category among the pollen types (herbs). Cyperaceae and Ericaceae pollen
were excluded. This selection resulted in 11 pollen types. For PCA, the relative frequencies (in percent)
of the pollen types were square-root transformed. This transformation was performed in order to
optimize the signal-to-noise ratio and stabilize the variances. PCA calculations were performed using
R software version 3.2.2 (http://cran.r-project.org/).
3. Results
3.1. Contemporary Forest Landscapes of the Study Area
In order to understand the distribution and the dynamic of the vegetation and to select the most
appropriate landscape for the paleoecological reconstruction, the study area (4000 km2 ) was divided
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into eight landscapes (Figure 3; Table S1). Each shows speciﬁc characteristics in regard to forest
composition, altitude, surﬁcial deposit, slope, drainage and ﬁre period of origin. The landscapes are
mainly distributed along an eastward altitudinal gradient (225–250 to 300–375 m) corresponding
to an increase of relatively well-drained forests on clay. Along the gradient, the proportion of
slopes higher than 4% increases continuously, whereas the area covered by open peatlands decreases.
Landscape P4b (553 km2 ) was selected because it contains the highest proportion of stands dominated
or sub-dominated by early successional species (mainly Populus tremuloides). Stands composed mainly
of Picea mariana and growing on mineral soils are abundant. Clay covers a large part of it, and
drainage is mainly mesic or subhydric. Altitude varies from 275 to 300 m. The majority of forest stands
originated from ﬁres of the 1910 period. Late successional Picea mariana-moss and Abies balsamea stands
originating mainly from ﬁres of the 1820 period are very rare (less than 2%), and landscape P3 contains
the highest proportion of this last community (close to 10%; Table S1).

ȱ
Figure 3. Delineation of the boundaries of the landscapes (P1–P4) in the study area. (a) Distribution
of the surface deposits: organic deposits (brown), clay (orange) and till (green); (b) Distribution of
the forest stands dominated by Populus tremuloides (orange) and Pinus banksiana (green). Aspen and
Shadow peatlands are located in landscape P4b. The information on surﬁcial deposits and forest cover
was compiled from QMFFP forest maps. The description of the landscapes is presented in Table S1.

3.2. Contemporary Forest Surrounding the Two Peatlands Studied
The contemporary forests surrounding the Aspen and Shadow peatlands developed following a
ﬁre that occurred in 1917. The forest bordering Aspen is deciduous, dominated by Populus tremuloides
and subdominated by Picea mariana, whereas Pinus banksiana is sparse (Figure 4). The number
of P. tremuloides stems greater than 10 cm in diameter is close to 700 ha−1 whereas the basal area
approaches 30 m2 ·ha−1 . Regeneration essentially consists of P. mariana (stocking of 70%). The shrubs
Alnus alnobetula subsp. crispa (Aiton) Raus and Alnus incana subsp. rugosa (Du Roi) R.T. Clausen) are
abundant (90%). The pollen assemblage of the surface moss sample is mainly dominated by Picea (43%),
P. banksiana (36%), Alnus (10%) and Betula (5%) (Table 1). Although P. tremuloides is dominant in the
forest, it is entirely absent from the pollen assemblage. The forest surrounding Shadow is mixed.
The number of stems belonging to the 10 cm diameter class or greater is on the order of 300 ha−1 for
P. mariana, 200 for P. tremuloides and 100 for P. banksiana. The basal area of each of these three species is
10 m2 ·ha−1 . Undergrowth vegetation is dominated by Alnus (stocking of 80%). Forest regeneration
is sparse, with a few P. tremuloides (10%) and P. mariana (5%); the P. mariana regeneration is far less
abundant than at Aspen. The pollen assemblage of the moss sample collected in the Picea mariana-Abies
balsamea stand situated about 10 km north of Aspen (landscape P3b; Figure 3) primarily consists of
Picea (49%), P. banksiana (23%), Alnus (12%), Betula (10%) and Abies balsamea (2%) (Table 1). In this
landscape, P. mariana-A. balsamea stands cover close to 5% of the surface area (Table S1).
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Figure 4. Characteristics of the contemporary forests surrounding Aspen and Shadow peatlands.
Table 1. Pollen representation (selected species) of current vegetation of two stands in the study area.
The ﬁrst stand is located in the forest close to Aspen peatland. The second is located in landscape P3b
(Figure 3).
Site and Stand
Dominant Species

Picea
mariana

Pinus
banksiana

Abies
balsamea

Betula

Populus
tremuloides

Alnus

Aspen peatland
P. tremuloides,
P. banksiana,
P. mariana

43.3%

36.2%

0.9%

5.4%

0%

10.6%

10 km north of Aspen
peatland
P.mariana,
A. balsamea

49.4%

23.1%

2.1%

9.9%

0%

12%

3.3. Stratigraphy and Chronology of Sedimentary Cores
At Aspen, the peat lies on clay and is 134 cm thick at the sampling point (Figure 5). At the base,
a peat composed of brown mosses (134–110 cm) is overlain by peat that is a mixture of Sphagnum and
herbaceous remains (110–40 cm) and poorly decomposed Sphagnum (40–0 cm). A date of 7990 BP was
obtained for the onset of peat accumulation (Table 2, Figure 5). After a ﬁrst period (7990–5370 BP)
during which the sedimentary accumulation rate averaged 0.18 mm·year−1 , the rate remained low
until very recently (5370–290 BP; 0.03–0.14 mm·year−1 ). At Shadow, the peat is 96 cm thick at the
sampling point. The matrix consists essentially of Sphagnum with numerous wood remains. A charcoal
fragment from the point of contact with clay was dated to 4110 BP. The numerous pieces of wood found
at the organo-mineral contact during excavation of the trench suggest that the late initiation of peat
inception at the sampling point is linked to a process of paludiﬁcation of an ancient forest originally
present locally. The sedimentary accumulation rate was variable over time (0.07 to 0.37 mm·year−1 ).
The very high rate of accumulation in the upper portion of samples from both peatlands is the result of
less compaction and decomposition of the peat compared to that at lower levels. No charred layer
resulting from a ﬁre in situ that could have caused a hiatus in sediment accumulation was observed.
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Figure 5. Stratigraphy and age-depth model of the sedimentary cores collected at the Aspen and
Shadow peatlands.
Table 2. Radiocarbon ages from Aspen and Shadow peatlands, calibrated with an IntCal13 calibration
curve [46] using Calib software version 7.0.4 [45] or Clam [47].
Site and
Depth (cm)

Laboratory
Number a

Material
Dated

14 C Date
(Years BP)

Calibrated Age
Range b (Years BP)

Median c
(cal. Years BP)

145,391–4797
150,957–5063
145,611–4828
145,608–4825
150,956–5062
150,951–5057
150,952–5058
150,955–5061
145,607–4824
145,602–4819

Charcoal
Charcoal
Charcoal
Charcoal
Charcoal
Charcoal
Charcoal
Charcoal
Charcoal
Seeds

180 ± 30
75 ±15
235 ± 20
955 ± 20
915 ± 15
2275 ± 15
3590 ± 20
4345 ± 20
4705 ± 20
7185 ± 25

136–224
33–73
281–307
796–874
840–910
2306–2346
3839–3929
4856–4963
5325–5409
7956–8026

180
50
290
840
880
2330
3880
4910
5370
7990

145,390–4796
145,609–4826
145,603–4820
145,612–4829
145,604–4821
150,954–5060
145,605–4822
145,606–4823
145,610–4827
145,582–4783

Charcoal
Charcoal
Charcoal
Charcoal
Charcoal
Charcoal
Charcoal
Charcoal
Charcoal
Charcoal

120 ± 30
240 ± 20
945 ± 20
1760 ± 20
1680 ± 20
1655 ± 15
2010 ± 20
2790 ± 25
3425 ± 20
3745 ± 25

51–149
281–308
796–874
1608–1724
1539–1619
1524–1573
1920–1998
2842–2956
3613–3720
4068–4157

100
300
835
1670
1580
1550
1960
2900
3680
4110

Aspen
37–38
38–39
44–45
49–50
52–53
64–65
77–78
81–82
84–85
132–133
Shadow
21–22
24–25
32–33
41–42
44–45
45–46
50–51
85–86
93–94
94–95
a

First number: UCIAMS (University of California); second number: ULA (Laval University); b Calibrated age
range at 95% conﬁdence intervals from CLAM 2.2.; c Calibrated age from the CALIB 7.0.4 program and the
IntCal13 database. Dates excluded in the Clam age-depth model are shown in bold.

3.4. Reconstruction of the Fire History
Based on data from the anthracomasses and radiocarbon dates of the two sedimentary cores,
at least eight ﬁres were identiﬁed at Aspen and Shadow. For both peatlands, some successive layers
are characterized by high charcoal concentrations. At Aspen (Figure 6), four of the eight dated ﬁres
occurred before 2000 BP (5370, 4910, 3880 and 2330 BP), and four in the last 1000 years (880–840, 290,
180 and 50 BP). Some charcoals were found at a depth of about 60 and 92 cm, but were too small
and too few to make dating possible. At Shadow (Figure 7), three of the eight ﬁres occurred before
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2900 BP (4110, 3680 and 2900 BP), and the ﬁve others were dated from 1960, 1670, 1550–1580, 835, 300
and 100 BP. Only the last millennium registered relatively synchronous ﬁres between the two sites,
speciﬁcally those dating from 880–840 (Aspen) and 835 BP (Shadow), 290 BP (Aspen) and 300 BP
(Shadow), as well as 50 BP (Aspen) and 100 BP (Shadow). The most recent 14 C dates are related to
dendrochronological data: the date of 180 BP (Aspen) is associated to ﬁres of the 1820 period, and
those of 100 and 50 BP to ﬁres of the 1920 period.

ȱ
Figure 6. Pollen diagram (percentages; selected taxa) and charcoal content (mg·2
sedimentary core collected at Aspen peatland. Open curves show a 10× exaggeration.

cm−3 )

of the

ȱ
Figure 7. Pollen diagram (percentages; selected taxa) and charcoal content (mg·2 cm−3 ) of the
sedimentary core collected at Shadow peatland. Open curves show a 10× exaggeration.

3.5. Vegetation History
Four pollen assemblage zones (PAZs 1 to 4) can be deﬁned in the pollen diagrams of the two sites
(Figures 6 and 7). The sedimentary core collected at Aspen covers a longer period (8000 years) than
that from Shadow (4100 years); this is why PAZs 1 and 2 (the oldest zones) are observable only in the
diagram of the former. In PAZ 1 (ca. 8000 to ca. 7600 BP), at the base of the Aspen diagram, the pollen
assemblages are relatively rich in herbaceous taxa (Artemisia, Tubuliﬂorae, Chenopodiaceae, Poaceae)
and shrubs (Salix, Alnus). Arboreal taxa are primarily represented by Picea (probably Picea mariana),
Pinus banksiana and Betula. The Betula pollen in this zone could be a mixture of Betula papyrifera and the
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shrubby species Betula glandulosa Michaux. The low pollen concentrations suggest that this ﬁrst stage
in plant colonization after the retreat of postglacial Lake Ojibway was characterized by open forests
(afforestation period). PAZ 2 (ca. 7600 to ca. 6800 BP) shows a gradual increase of pollen concentrations
and a decline in the representation of herbaceous taxa, interpreted as a signal of a densiﬁcation of
the forest cover. Pollen assemblages are essentially dominated by Picea (40%–50%) and P. banksiana
(20%–30%). Maximum values are recorded for Betula (50%–60%) at the summit of the zone.
PAZ 3 (ca. 6800 to ca. 780–735 BP) of both diagrams covers a long period during which
Abies balsamea is well represented (maximum: 10%), as is Picea (45%–65%). This zone is divided
into three subzones. Subzone 3a extends over more than 3000 years (ca. 6800 to ca. 3100 BP
at Aspen; >ca. 2600 BP at Shadow). It shows relatively high percentages of Pinus banksiana, Betula
and Alnus. In subzone 3b (ca. 3100–2200 BP at Aspen; ca. 2600–2000 BP at Shadow), a drop in the
pollen representation of P. banksiana and Alnus can be noted. Finally, subzone 3c (ca. 2200–2000 to
ca. 780–735 BP) is characterized by a slight increase of P. banksiana (Aspen) and P. banksiana and
Alnus (Shadow).
On both sites, PAZ 4 corresponds to the last ca. 800 years, and can be divided into two subzones:
4a (ca. 780–745 to ca. 160–115 BP) and 4b (<ca. 160–115 BP). Pollen concentrations are very low because
Sphagnum peat in the top section is less decomposed and less compact, which dilutes the pollen in the
peat. The pollen representation of Abies balsamea declines from the base to the summit of subzone 4a,
then drops in subzone 4b, particularly in the diagram of Aspen. In both diagrams, the beginning of
subzone 4b is marked by a notable increase of Pinus banksiana (>40% at Aspen; >30% at Shadow), and
the species reaches its maximum percentage in this subzone.
The major trend of the PAZs for both sites was compared objectively by applying principal
component analysis (PCA) to the combined Aspen and Shadow pollen datasets. The ﬁrst axis of
PCA accounts for 42.0% of the variance within data and represents the major vegetation gradient
(Figure 8a). High (positive) PCA axis 1 scores are driven by Pinus banksiana, Alnus and Betula, three early
successional species in these landscapes, whereas low (negative) PCA axis 1 scores are driven by Picea
and Abies balsamea (Figure 8b), two late successional species. The trend in PCA axis 1 scores for
the Shadow site is similar to that for the Aspen site. The four PAZ are also highlighted by axis 1.
At Shadow and Aspen, there is a pronounced change at about 100–150 BP (PAZ 4b/4a). The change is
more gradual at Shadow but more abrupt at Aspen. From ca. 2500 BP to today, a linear trend can be
observed in PCA axis 1 scores. This trend is best evidenced at Shadow, which is situated closer to the
forest. There is a gradual transition from negative to positive scores, showing that P. banksiana was
increasing to the detriment of A. balsamea and Picea.

ȱ
Figure 8. Principal component analysis (PCA) results for the combined pollen assemblages of Aspen
and Shadow sites. (a) Stratigraphic plot of PCA axis 1 sample scores for the Aspen and Shadow
sites over time. Horizontal lines separate pollen assemblage zones (PAZs). The ﬁrst eigenvalue and
percentage of variance are given; (b) PCA axis 1 variable loadings.
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4. Discussion
This study presents the long-term natural variability (ﬁre and vegetation) of a portion of the
Picea mariana-moss bioclimatic domain belonging to Québec’s Clay Belt. This variability has been
described through paleoecological analysis of sediment cores from two bogs 10.5 km apart, located
in a forested landscape dominated by early successional species (Populus tremuloides, Pinus banksiana,
Picea mariana). The sediment core from Aspen (100 m from the forest) provides a continuous history
(vegetation and ﬁre events) of 8000 years, whereas that from Shadow (25 m from the forest) covers
a period of 4000 years. The results increase our knowledge about the Holocene history (ﬁre and
vegetation) of western Québec boreal forests, mainly based on paleoecological studies of lake sediments.
The results from the two peatlands support our initial hypothesis specifying that increased ﬁre activity
during the late Holocene on mesic-subhydric clay promoted the development and maintenance of
early successional species through a ﬁre recurrence dynamic. Four main periods were recognized in the
long-term vegetation and ﬁre history of the forests surrounding our study sites. For each, we compare
our results with those of lakes studied in western Québec Picea mariana-moss and Abies balsamea-Betula
papyrifera domains (Figure S1; Table S2). These lakes are located in low-altitude landscapes dominated
by peatlands (Pessière, Geais, Profond, Raynald, Loutre, Garot), in mid-altitude landscapes with
undulated clay (Cèdres, Schön, Francis, Pas de Fond) and relatively high-altitude landscapes with
undulated till (Twin, Richard, Aurélie, Nans). The latter are located to the east of our study area, near
Lake Mistassini.
4.1. The Afforestation Phase (ca. 8000 to ca. 6800 BP)
At Aspen, only a few isolated charcoal pieces were found in the sediments that represent the
period between the beginning of vegetation colonization following the draining of the waters of
proglacial Lake Ojibway (ca. 8000 BP) and the densiﬁcation of the forest cover (forest phase) around
6800 BP. The rarity of charcoal during this ﬁrst period corresponding to afforestation (PAZs 1 and 2) can
be linked to the low initial density of the forest, which may have been too sparse to support recurrent
ﬁre activity. At Aspen, the presence of brown mosses and seeds of Menyanthes trifoliata Linnaeus
indicates minerotrophic and water-saturated soil at the time and supports the hypothesis that the
very humid local conditions present initially could have prevented ﬁres from propagating toward
the center of the peatland. The reconstructions of ﬁre history from lake sediments in western Québec
Picea mariana-moss domain also suggest a low ﬁre frequency during the afforestation phase [10].
4.2. A Landscape Dominated by Late and Early Successional Forest Stands (ca. 6800 to ca. 2500 BP)
The beginning of the forest phase at Aspen (ca. 6800 BP; PAZ 3a) is marked by an increase in the
pollen representation of Abies balsamea, a late successional species that is generally under-represented in
pollen assemblages [54]. Until 2500 BP, at least four ﬁres occurred in the surrounding forests (5370, 4910,
3880 and 2330 BP). The presence of smaller quantities of charcoal fragments at other levels of the core
indicates that it may be possible that other ﬁres occurred during this period. In the forests bordering
Shadow, ﬁres occurred at dates different from those at Aspen (4110, 3680, 2900 BP). Since the two sites
are only 10.5 km apart, this asynchronism suggests that the ﬁres covered small areas and were not
severe. We hypothesize that this type of ﬁre regime promoted the development of Picea mariana-Abies
balsamea stands. Early successional species (Betula papyrifera, Pinus banksiana, Alnus spp.) were also
well represented in the pollen diagrams, suggesting that the landscapes were composed of stands
belonging to late and early successional stages. Our results concerning the ﬁres differ from those based
on lake sediments which show a relatively high ﬁre frequency (expressed by a number of ﬁres per
millenium). However, there is a wide variation in the maximum frequency of ﬁres and the period
during which this rate was maintained [10,15,27,31,34].
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4.3. Landscapes Dominated by Picea mariana and Abies balsamea (ca. 2500 to ca. 2100 BP)
Anthracomass values for the period corresponding to ca. 2500 to ca. 2100 BP (PAZ 3b) are
low at Aspen, whereas no charcoal particles were found at Shadow. The pollen representation of
Abies balsamea is still relatively high, whereas that of Pinus banksiana, Betula and Alnus spp. drops.
It is estimated that this period corresponds to a dominance of Picea mariana and A. balsamea forests
in the studied landscape, and perhaps in the majority of landscapes belonging to Québec’s Clay Belt.
The reconstructions of ﬁre history from lake sediments in the western Picea mariana-moss domain also
show a general decrease in ﬁre frequency during this period, but with a certain variability among
sites [10,28,31,34].
4.4. Increase of Early Successional Species (ca. 2100 to ca. 800 BP)
Anthracomass values for the period corresponding to ca. 2100 to ca. 800 BP are relatively
low at Aspen (PAZ 3c). They are higher at Shadow, however, where three ﬁres occurred in a short
lapse of time (1960, 1670 and 1580–1550 BP). The pollen representation of Abies balsamea remains
constant, while an increase of Pinus banksiana, Betula and Alnus is observed, especially at Shadow.
An increase of P. tremuloides is not evident in the two pollen diagrams because this species is strongly
under-represented in pollen assemblages [55]. The variability of ﬁres and vegetation observed between
the two peatlands also characterizes lake sites. Fire frequency is relatively high around ca. 1000 BP
for some lakes (Profond, Raynald, Richard and Nans; Figure S1) but low for others (Geais, Loutre,
Twin, Aurélie). These differences could be associated with the short duration of the Medieval Warm
Period, which caused a varied ﬁre pattern in the western portion of Picea mariana-moss domain [28].
Differences in physical features probably do not explain this variability because lakes with high and low
ﬁre frequency are located both in peatlands (Profond, Raynald, Geais, Loutre) and till environments
(Richard, Nans, Twin, Aurélie).
4.5. More Severe Fires Favored the Development of Landscapes Dominated by Early Successional Species
(from 800 BP to the Present-Day)
In the last 1000 years, three of the four dated ﬁres recorded at Aspen and Shadow appear to
have affected the two sites simultaneously (840/880–835, 290–300, 50–100 BP). Another ﬁre (180 BP)
was only recorded at Aspen. The fact that the forests surrounding the two peatlands were affected
by the same ﬁres on three occasions strongly suggests that they once covered wider areas and were
more severe than those of the previous periods. In this region, two ﬁre periods that were both
severe and extended over a wide area occurred recently, in the 19th (ca. 1820) and 20th (ca. 1910)
centuries [7,40]. The ﬁre dating from 180 BP (Aspen) would correspond to ca. 1820, and the ﬁre dating
from 50–100 BP to ca. 1910. The link between the recent ﬁres that occurred in the forest bordering
the two peatlands and the deposition of charcoal in organic sediments is therefore well-established,
suggesting that the same process characterized all of the Holocene period [56], at least in the case
of large and severe ﬁres. The ﬁres occurring in our study area (4000 km2 ) and in the ‘Plaine du lac
Matagami’ during the last two centuries are considered natural because this region was sparsely
inhabited until recently. The village of Matagami (Figure 1) was founded only in 1963 to open access
to the James Bay hydroelectric reservoirs. The ﬁres of the 1910 period are so widely distributed in the
western Picea mariana moss domain that any possible role played by Aboriginal peoples living in the
area during this ﬁre period would have been minor [2].
The ﬁres of the 19th and 20th centuries may have played an important role in the decrease of
A. balsamea as shown on the two pollen diagrams of Aspen and Shadow (Figures 6 and 7). The relative
abundance of Abies balsamea until recently is different from the proposed fragmentation of Abies balsamea
forests initiated as early as 3500 BP [57]. During the last millennium, the pollen assemblages of Aspen
and Shadow are dominated by Pinus banksiana and are at their highest level on the scale of the last
8000 years. An increase of Pinus banksiana in the two last centuries is also recorded elsewhere, notably
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at Schön Lake located close to the studied peatlands [15]. This recent dominance of early successional
species is summarized in Figure 8, where positive scores of the ﬁrst ordination axis are reported.
Most of the lake sediments studied by previous authors, and located in a peatland environment
(Pessière, Geais, Profond, Raynald, Loutre, Figure S1), show a decrease in ﬁre frequency during
the last or two last millennia [10,31,34]. However, some lakes indicate an increase in ﬁre frequency
during this period in the western Picea mariana-moss domain. This is the case of Schön Lake, located
close to the studied peatlands, to the north, in an environment dominated by clay [15,34] (Figure S1).
Remy et al. [15] suggest that ﬁre frequency increased since 2000 BP in the western Picea mariana moss
(lakes Garot, Schön, Figure S1) and Picea mariana lichen (lakes Loup, Nano, Trèﬂe, Marie-Ève) domains.
Most of these lakes are located in an environment with well-drained surﬁcial deposits; Garot Lake,
with an environment dominated by peatlands, is the only exception. Recent methodological advances
in ﬁre event reconstruction may lead to new results, and mainly at the extremities of the sediment
core [58]. For example, while Ali et al. [10] show a decrease in ﬁre frequency during the last 2000 years
BP at Lake Geais, Oris et al. [34] indicate an increase since 1000 years BP for the same lake. An increase
of ﬁre frequency has been observed at lakes Francis and Pas de Fond, located in the Clay Belt portion
of the western Abies balsamea-Betula papyrifera bioclimatic domain [37,38] (Figure S1). Both lakes are
associated with a very marked cut ca. 2000 BP, characterized by the transition from a ﬁre frequency
higher than 200 years to less than 200 years. Thus, a higher ﬁre incidence in the last millennia could
characterize the entire Québec Clay Belt regardless of bioclimatic domain. All these ﬁre activities and
climate conditions led to landscapes dominated by early successional species, mainly Pinus banksiana
and Populus tremuloides (Figure 9) [59,60].

Figure 9. Forest stands dominated by Populus tremuloides on clay (green) in ecological region
6a-Plaine du lac Matagami (Picea mariana-moss domain, upper part) and 5a-Plaine du lac Abitibi
(Abies balsamea-Betula papyrifera domain, lower part). The study area (rectangle), the landscapes
delineated in this area (n = 8) and the two studied peatlands (orange points) are illustrated.

Finally, does the last millennium, particularly the last two centuries, correspond to a Holocene
period characterized by a decrease in ﬁre occurrence and severity, or does this period constitute the
most important period of the entire Holocene in regard to large and severe ﬁres? It may be that, during
the recent millennia, landscapes dominated by peatlands show a ﬁre decrease while those composed
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mainly of clay or other mineral soils an increase. The answer could lie in the type of surﬁcial deposit
(peatland vs. clay and other mineral soils) rather than the bioclimatic domain (Picea mariana vs. Abies
domains) [8,11].
4.6. Contemporary Forest Dynamics
The forests bordering the two peatlands and the entire landscape studied (P4b, Figure 3) were
strongly affected by contemporary ﬁres. We estimate that the ﬁres of the last millennia favoured a
recurrence dynamic of Populus tremuloides, Pinus banksiana and Picea mariana stands. Today, forest
regeneration is mainly composed of P. mariana accompanied by some P. tremuloides. Based on this
type of regeneration, the forests should evolve towards mature P. mariana-P. tremuloides stands [22].
Abies balsamea is presently rare in the landscapes dominated by early successional forests, and this is
probably a response to the two close and severe ﬁre periods (1820–1910) that occurred in less than
200 years. If sufﬁcient time elapses before the next ﬁre occurs (approximately 200–250 years) [18], Abies
could reach maturity and regenerate abundantly. Late successional forests dominated by Picea mariana
and Abies balsamea, such as those that characterized the landscape during the Holocene (ca. 6800 to
ca. 800 BP), could thus form once again. However, this possibility remains unlikely in the context
of climate change because an increase in frequency and severity of ﬁres is predicted for the western
Québec Picea mariana-moss domain [32,33,60].
5. Conclusions
This study carried out in Québec’s Clay Belt (Canada) provides new knowledge about the role of
forest ﬁres in landscapes dominated by early successional species (Populus tremuloides, Pinus banksiana,
Picea mariana) during the last millennia. More severe and extensive ﬁres stimulated the development
and the continuity of these forests through a recurrence dynamic. Such a ﬁre regime differs from
that which prevailed for thousands of years during the Holocene, and allowed the growth of the
late successional P. mariana and Abies balsamea forests in the western Picea-mariana-moss domain.
This information on long-term natural variability provides insights that can guide the development and
implementation of sound, ecosystem forest and ﬁre management plans in the context of climate change.
Our study opens the door to the possibility that two types of ﬁre regimes occurred during
the Holocene in Québec’s Clay Belt: the ﬁrst, deﬁned by a decrease in ﬁre frequency during the
late Holocene, characterized landscapes dominated by peatlands. The second shows an increase of
ﬁres over the last millennium and is related to landscapes mainly formed by mesic-subhydric clays.
This second regime could characterize the entire Québec Clay Belt, regardless of bioclimatic domain
(Picea mariana-moss and Abies balsamea-Betula papyrifera). In order to demonstrate the presence of
these two regimes, studies coupling analysis of lake sediments, peatlands and mineral soils should be
conducted jointly in the future.
Supplementary Materials: The following are available online at www.mdpi.com/1999-4907/7/9/205/s1.
Figure S1. Delimitation of the study area in western Québec’s Picea mariana-moss bioclimatic domain, Canada,
and in ecological region 6a (Plaine du lac Matagami). Ecological region 5a (Plaine du lac Abitibi) is part of the
western Abies balsamea-Betula papyrifera bioclimatic domain. The long transect with oblique lines located close to
the border with Ontario corresponds to the ﬁre origin map created by Bergeron et al. [7]. The red dots indicate the
clay distribution according to QMFFP forest maps. This clay corresponds to the Québec Clay Belt. Codes with a P
(peatland) or an L (lakes) correspond to paleoecological studies considered in this study. AP: Aspen peatland, SP:
Shadow peatland, LA: Lake Aurélie, LCE: Lake Cèdres, LF: Lake Francis, LGA: Lake Garot, LGE: Lake Geais, LL:
Lake Loutre, LN: Lake Nans, LPE: Lake Pessière, LPF: Lake Pas de Fond, LPR: Lake Profond, LRA: Lake Raynald,
LRI: Lake Richard, LS: Lake Shön, LT: Lake Twin. Table S1. Description of the eight forest landscapes delineated
in the study area (Figure 3). The two peatlands studied are located in landscape P4b. Results are expressed in
relative importance of surface area. Table S2. Description of the contemporary vegetation surrounding the lakes
studied in the western part of Québec’s boreal forest. The description is based on QMFFP maps and considers a
15 km2 radius around each lake or peatland.
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Abstract: Wildﬁres are a common disturbance event in the Canadian boreal forest. Within event
boundaries, the level of vegetation mortality varies greatly. Understanding where surviving
vegetation occurs within ﬁre events and how this relates to pre-ﬁre vegetation, topography, and ﬁre
weather can inform forest management decisions. We used pre-ﬁre forest inventory data, digital
elevation maps, and records of ﬁre weather for 37 naturally-occurring wildﬁres (1961 to 1982; 30 to
5500 ha) covering a wide range of conditions in the western Canadian boreal forest to investigate
these relationships using multinomial logistic models. Overall, vegetation mortality related to a
combination of factors representing different spatial scales. Lower vegetation mortality occurred
where there was lower fuel continuity and when ﬁres occurred under non-drought conditions.
Higher classiﬁcation accuracy occurred for class extremes of no mortality (i.e., unburned areas within
the burn event) and high mortality; partial vegetation mortality classes were harder to distinguish.
This research contributes to the knowledge required for natural pattern emulation strategies, and
developing responses to climate change.
Keywords: historic natural wildﬁre; multinomial logistic model; ecosystem-based management

1. Introduction
The boreal forest provides a vast array of goods and services, including timber products, wildlife
habitat, water quality and quantity, recreation, carbon sequestering, hunting and ﬁshing opportunities,
minerals, and gas and oil [1]. Concerns about the sustainability of the boreal forest and its ecosystem
services [2] has inspired a management approach where knowledge of historical disturbance patterns
provides the primary foundation for planning activities [3]. The natural pattern (NP) concept proposes
that landscape compositions and structures that are similar to historic conditions are more likely
to maintain historical levels of biodiversity [4]. Further, the NP concept is the cornerstone of
ecosystem-based management (EBM) [5] and has been embraced by provincial regulators in Canada [6]
and forest certiﬁcation agencies [7].
In the Canadian boreal forest (hereafter termed “boreal”), wildﬁres are responsible for the
majority of the historical disturbance patterns [8,9]. For many years, the boreal was referred to
as a stand-replacing ecosystem, meaning that most ﬁres are highly severe, killing a large percentage
of the trees [8]. However, more recent evidence suggests that historical boreal wildﬁres left a large
amount of unburned and partially burned vegetation within the ﬁre boundary [10,11]. Moreover, the
amount and spatial patterns of surviving remnant vegetation within the area of a wildﬁre event
(hereafter referred to as “remnants”) can vary greatly both between and within ﬁres. For example,
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remnants in wildﬁres in the Boreal Plains Ecoregion tend to create stepping stones, while those of
the Foothills Ecoregion tend to form spatially contiguous corridors [12]. The amount, but also the
spatial arrangement of remnants is important for forest succession, habitat, refugia, and revegetation
patterns [13,14].
In general, our understanding of how much vegetation survives in boreal wildﬁres far exceeds
that of the spatial patterns of remnants and the associated underlying factors. Survival levels within
boreal ﬁres have been linked to ﬁre weather, size and duration, pre-ﬁre forest structure, vegetation
types, topography, the locations and density of water bodies, and fuel types and arrangement [15–19].
Despite the breadth of research, the natural range of variation (NRV) of both the amount and spatial
locations of remnants within boreal ﬁres remains largely unexplained.
One possible explanation for this limited understanding is under-estimating the underlying
complexity of the relationships between vegetation survival and causal factors. Across large landscapes
and over several decades, individual ﬁres respond to local differences in ﬁre weather, topography,
ecological zone, and fuel-type conditions [12,20,21]. This means that capturing the NRV of wildﬁre
patterns requires extensive information across very large areas. To address this, a number of studies
have used forest inventory data (e.g., [22]), the national wildﬁre database (e.g., [23]), and satellite
imagery to capture NRV of historical ﬁre patterns (e.g., [15,24]). While all of these data are readily
available, none of these data capture smaller remnants and/or partial mortality. Recent studies have
shown that this ﬁne-scale complexity accounts for a signiﬁcant part of wildﬁre remnants in the western
boreal [12]. To capture the high complexity and variability of remnant patterns among ﬁre events,
large sample sizes are needed. While detailed analyses of burning conditions on individual or a small
number of ﬁres can provide valuable local insights (e.g., [17,25]), the ﬁndings of such studies are only
a subset of NRV. Similarly, studies that include only a few explanatory variables (e.g., [26]) could lead
to misleading conclusions about which factors are most important with regards to vegetation survival.
Further contributing to the challenges of understanding wildﬁre burning patterns is the
inconsistent terminology. The meanings of “ﬁre severity”, “burn severity”, “vegetation survival”
and “remnants” not only differ but may also vary from one study to another. Many studies using
remotely sensed data use the Normalized Difference Vegetation Index (NDVI) and Normalized Burn
Ratio (NBR) to represent ﬁre severity and burn severity, respectively. These indices capture vegetation
mortality, but also reﬂect losses of dead wood and organic matter, ash deposition, and changes to soil
structure and chemistry [18,27]. The Composite Burn Index (CBI) also captures burn severity, but does
not capture vegetation mortality levels consistently. Jain and Graham [28] found that burn severity
can vary greatly for canopy versus ground levels. Deﬁnitions of wildﬁre remnants have ranged from
large, entirely unburned islands of trees within a burned polygon (e.g., [22]) to all types and levels of
surviving vegetation within the general vicinity of a wildﬁre event (e.g., [23]). Andison [29] found
that a three-fold difference in remnants can occur with even very subtle deﬁnition differences. As an
example, Eberhart and Woodard [30] found that remnants comprised 5%–15% of the area of historical
wildﬁre events, compared to 20%–60% by Andison and McCleary [12] for ﬁres from a similar study
area. These inconsistencies can lead to pattern artefacts [31], can reduce the ability to compare and
compile NRV knowledge across studies, and create unnecessary confusion.
In this paper, we examined relationships between physical and environmental variables linked to
ﬁre behaviour at a range of spatial scales and levels of vegetation mortality within historic ﬁre events
to inform NRV management strategies in the western Canadian boreal. For this, we used an existing,
spatially extensive, high resolution photo-based historical wildﬁre dataset from western boreal Canada
that also includes pre-ﬁre vegetation data. We then obtained information on a number of possible biotic
and abiotic factors related to ﬁre-caused vegetation mortality levels including topography metrics
and local ﬁre weather data. Using these variables at the ﬁre event and within-event spatial scales, we
built multinomial logistic (i.e., multinomial logit) models to predict vegetation mortality classes as
a mechanism for examining the roles of these factors in determining the amounts and locations of
post-ﬁre remnants.
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2. Materials and Methods
2.1. Study Area
The historic wildﬁre data used for this study was obtained from an existing database of 129 ﬁres
distributed across the Boreal Plains, Canadian Shield, Foothills, and Rocky Mountains Ecoregions of
Canada (Figure 1).

ȱ
Figure 1. Location of ﬁre events. The Ecoregions are from Acton and Natural Regions
Committee [32,33], the full extent of the Canadian boreal forest in the overview map is from Brandt [34],
and base map is from Kelso and Patterson [35].

The Boreal Plains Ecoregion is generally a ﬂat or gently rolling landscape with thick glacially
shaped soils and subtle upland areas interspersed with lower-lying wetlands. In the south, pure
aspen (Populus tremuloides (Michx.) and other Populus spp.) stands are common, with patches of
white spruce (Picea glauca (Moench) Voss) associated with moist soils. Wetlands are often dominated
by shrubs. Further north in the Boreal Plains Ecoregion, upland vegetation is composed of mixed
stands of aspen, balsam poplar (Populus balsamifera (L.)), and white spruce, with extensive lowland
wetland areas with black spruce (Picea mariana (Mill.) B.S.P.), larch (Larix laricina (Du Roi) K. Koch),
shrubs, and sedges. Throughout the region, stands of jack pine (Pinus banksiana (Lamb.)), lodgepole
pine (Pinus contorta (Douglas) var. latifolia (Engel.) Critchﬁeld), and hybrids of these two species can
occur on sandy well-drained soils [32,33]. The Canadian Shield is characterized by glacially scoured
granite bedrock, often barren and exposed at the surface or covered by thinner soils, resulting in
rolling hills, coniferous or mixed forest stands where the soil is sufﬁciently thick, and numerous
lakes and wet areas. Black spruce dominates the area, mixing with jack pine on uplands, and
larch on lowland areas. Hardwoods and mixed stands are found on certain sites with favourable
soil and aspect [32,33]. The Foothills Ecoregion is distinguished from the Boreal Plains Ecoregion
by steeper slopes, higher altitudes, and more common lodgepole pine stands. Upland stands are
typically deciduous or mixed-wood, with wetlands dominated by stunted black spruce, larch, or
shrubby vegetation. In the Rocky Mountains, there is mountainous terrain with a larger range of
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elevation, steeper slopes, and orthographic precipitation. At low elevations, closed conifer stands are
typical, while at higher elevations, more open conifer stands and herbaceous meadows, grasslands,
or low shrubs typically occur. At high elevations, the growing season may be too short to support
trees, resulting in alpine and subalpine environments. Given the steep slopes and large terrain
features, vegetation cover can be strongly inﬂuenced by slope location and microsite (in particular, the
availability of moisture and solar energy); for example, open coniferous stands with grasslands may
be more commonly found on south facing slopes and closed conifer stands on north facing slopes [33].
2.2. Data
Thirty-seven ﬁre events had available data on pre-ﬁre vegetation, topography, and ﬁre weather.
Fire events in our sample were distributed across four Ecoregions: Boreal Plains (24); Canadian Shield
(seven); Foothills (three); and the Rocky Mountains (three) (Figure 1).
2.2.1. Mortality Maps
The wildﬁre database used for this study had strict eligibility criteria, speciﬁcally:
1.
2.
3.
4.

No evidence of pre-ﬁre anthropogenic activity;
Minimal or no ﬁre suppression;
No post-ﬁre salvage logging; and
High quality, high resolution aerial photos available within ﬁve years post-ﬁre (see [29]
for details).

The photo negatives required to cover the area of each ﬁre were obtained and digitally scanned
at 10 μm and imported into Softcopy [36]. The scale of the aerial photographs was either (a) better
than 1:20,000 or (b) large format plates greater than 1:31,860 of sufﬁcient quality to resolve individual
trees (see [12,29] for details). In the Softcopy environment, photo-pairs were used to deﬁne the outer
boundaries of each ﬁre (i.e., the “shell”), and map all remnants using six mortality classes: class 0 = no
mortality, 0%; class 1 = 1% to 25%; class 2 = 26% to 50%; class 3 = 51% to 75%; class 4 = 76% to 94%;
and class 5 = ≥95%. Vegetation mortality was measured as:
1.
2.
3.

The percent dead tree crowns attributed to the ﬁre event for forested areas;
The percent cover of dead shrubs and bushes for non-forested areas with other woody plants; or
The percent area scorched for non-forested areas with only grass or bryophytes.

For consistency, the same person interpreted all ﬁre events. A minimum mapping unit of
10 m × 10 m was used, representing an area occupied by no more than three tree crowns. The resulting
mortality maps were scanned, digitized, and spatially registered to 1:50,000 topographic maps.
Thus the remnants tested in this study are the equivalent of “island remnants” sensu Andison [29].
2.2.2. Pre-Fire Vegetation
Pre-ﬁre data were collected using high resolution photos acquired within ﬁve years of the ﬁre
event [29]. The photo negatives covering each ﬁre were digitally scanned at 10 μm. The extent of
vegetation interpretation included a 100 m buffer on the outside of the shell of each ﬁre to capture the
boundary area. Interpretation protocols followed the standardized vegetation inventory methods as
deﬁned by both Alberta and Saskatchewan [37,38]. The parameters used to deﬁne polygons included
percent crown cover, species composition, height class, and age class for forested areas, vegetation
type for non-forested areas, and soil moisture class. Since the speciﬁc criteria for photo-interpretation
varied by province, variables chosen for this study were harmonized (Table 1). Additionally, midpoints
of classes were used to represent percent height class, age class, and crown cover instead of including
these as class variables in all analyses.
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Fire weather

Topography: All variables
calculated using the 30 m Digital
Elevation Model (DEM).

Fire Weather Index (FWI)

Build Up Index (BUI)

Initial Spread Index (ISI)

Duff moisture code (DMC)
Drought Code (DC)

Fine fuel moisture code (FFMC)

Slope position

SCOSA + SSINA

Compound topographic index (CTI)

Elevation (m)
Slope (degrees)
Curvature
Solar aspect index (TSRAI)

Ladder fuel index

Understory height (m)

Site

Vegetation
polygon

Variable

Ecoregion
Event area (m2 )
Age (years)
Fuel category
Height (m)
Overstory crown closure (%)
Soil moisture class
Understory crown closure (%)

Type

Surface curvature. Positive is convex (ridges), zero is ﬂat, and negative is concave (valleys) [40].
Circular aspect: 0 on northeast slopes, 0.5 for ﬂat ground to 1 on southwest slopes [41].
Potential soil moisture, based on slope and catchment area. High values have potentially high soil
moisture [42].
Slope * cosine (aspect) and slope * sine (aspect). Represents the “northness” and “eastness” of a
pixel, respectively [43].
Relative elevation. Areas with values higher than 1 are higher than the surroundings and
vise-versa [44].
Moisture content of litter and ﬁne materials indicating the ease of ignition and ﬂammability of
ﬁne fuels.
Related to the average moisture content of organic soil layers to a moderate depth.
Indicates seasonal drought and the expected smouldering in deep organic soil layers and large logs.
Expected rate of ﬁre spread given wind and FFMC. ISI threshold is the proportion of ﬁre days with
ISI > 8.7 [45].
A rating of the total amount of fuel available for combustion by combining DMC and DC.
Index of potential ﬁre intensity given ISI and BUI. FWI threshold is the proportion of ﬁre days
FWI > 19 [45].

Ecological land classiﬁcation [32,33]
Event area within boundary deﬁned by vegetation mortality including unburned islands.
Year of the ﬁre—estimated year of stand origin (photo-interpreted). Zero for non-forested polygons.
See Table 2.
Average height of the dominant and codominant trees of the leading species. Zero for non-forest.
Percent ground area covered by crowns of the dominant and codominant trees. Zero for non-forest.
Interpreted classiﬁcation of dry, mesic, or wet.
Cover of trees forming a distinct understory layer. Zero for non-forest or no understory layer.
Average height of trees forming a distinct understory layer. Zero for non-forest or no
understory layer.
Ratio of overstory and understory height multiplied by understory crown closure (following
Alexander et al. [39]).

Description

Table 1. Biotic and abiotic attributes.
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Using these pre-ﬁre vegetation and soil attributes, a fuel category was assigned to each vegetation
polygon within the buffered area of inﬂuence of each ﬁre based on the Canadian Fire Behavior
Prediction (FBP) fuels types [46]. For forested areas, fuel categories were assigned based on overstory
species and stand age; several new categories were assigned to represent local conditions (i.e., FX
for balsam-ﬁr (Abies balsamea (L.) Mill.) and LX for larch (Table 2). Additionally, codes for non-forest
vegetated areas were added.
Table 2. Classiﬁcation of fuel category based on FBP fuel type [46].
Type
Forest

Non-forest

Variable

Description

C2

Boreal spruce: Spruce (Picea spp.) as the leading species.

C3

Mature pine: Pine (Pinus spp.) as the leading species, age > 40 years.

C4

Immature Pine (Pinus spp.) as the leading species, age ≤ 40 years.

D1

Leaﬂess aspen: Trembling aspen (Populus tremuloides (Michx.)) and
other types of aspen as the leading species, ﬁre event started before
June 1st (i.e., commonly before leaves ﬂushed).

D2

Leaf-on aspen: Trembling aspen (Populus tremuloides (Michx.)) and
other types of aspen (Populus spp.) as the leading species, ﬁre event
started after June 1st (i.e., commonly after leaves ﬂushed).

FX

Fir: Balsam ﬁr (Abies balsamea (L.) Mill.) as the leading species.

LX

Larch: Larch (Larix laricina (Du Roi) K. Kosh) as the leading species.

M1

Boreal mixedwoods, leaﬂess: Conifer and deciduous species mixed
in the overstory, ﬁre event started before June 1st.

M2

Boreal mixedwoods, leaf-on: Mixed conifer and deciduous species
in the overstory, ﬁre event started after June 1st.
Seven classes: Open shrub, closed shrub, open muskeg, treed
muskeg, brush and alder, bryophytes, and grassland.

2.2.3. Topography
Digital elevation data were downloaded to cover the buffered area of inﬂuence for each ﬁre
event from the Canadian Digital Elevation Dataset (CDED) which has a spatial resolution of 30 m
(available from http://geobase.ca, accessed 27 October 2014). A suite of topographic indices were
calculated that relate to elevation, slope, aspect, and landscape position (Table 1) using the Toolbox
for Surface Gradient and Geomorphometric Modeling extension software version 2.0-0 for ArcGIS
version 10.3.1 [40].
2.2.4. Fire Weather
Historic ﬁre weather data from Amiro et al. [47] were used for this research. These data represent
daily ﬁre weather for Canadian wildﬁres >200 ha from 1959 to 1999, created by spatially interpolating
weather station measures for 21 days following the recorded ﬁre ignition date. Using these data,
six daily ﬁre weather indices were calculated based on the moisture availability of fuels and ﬁre
behaviour (Table 1). For this study, only three of the six available ﬁre weather indices were selected,
representing different aspects of ﬁre behaviour [45,48]: ISI, to represent short-term changes in the
availability of ﬁne fuels; DC, to represent longer-term seasonal weather conditions and the availability
of deep organic soil and large logs; and FWI as an overall index of potential ﬁre energy output. For ISI
and FWI, Podur and Wotton [45] calculated threshold values that distinguish ﬁre spread events, where
ﬁre intensity is high, tree crowns are consumed, and the rate of spread is rapid, and non-spread events,
where ﬁre intensity is low, most burning occurs on the ground surface, and the rate of ﬁre spread is
low. In this study additional summary statistics were calculated for ISI and FWI as the proportion of
days where each index exceeded the respective threshold for spread conditions (ISI = 8.7 and FWI = 19;
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following Podur and Wotton [45]). For each of these indices, daily values were summarized (i.e.,
median, maximum, minimum, and range) for either the duration of the ﬁre minus one day, or for the
full 21-days from the beginning of the ﬁre event if the event was longer than 21 days.
2.2.5. Other Data
Other data collected and used in the analyses included Ecoregion, as deﬁned by a blending of
the Alberta and Canadian Ecoregions (see [12] for details). The event area was calculated (including
unburned islands) and assigned to each pixel within each respective ﬁre event.
2.3. Multinomial Logistic Models for Vegetation Mortality Class
For each ﬁre event, the vegetation mortality class and all described biotic and abiotic attributes
were tabulated by intersecting all layers with the center point of 30 m pixels, which was the lowest
common spatial resolution of the vegetation polygons, vegetation mortality, and topography data.
Although originally included in the data, pixels from the 100 m buffer around each ﬁre boundary
were not used for model training and testing because large portions of these boundary regions
were subject to ﬁre event-ending weather conditions that were different than the summary ﬁre
weather. From the remaining 433,475 pixels, 60% were randomly selected for model ﬁtting to provide a
computationally manageable balance between the data used for training and testing, with the majority
used to train the model. Multinomial logistic (also known as multinomial logit) models were then ﬁt to
predict vegetation mortality class from subsets of biotic and abiotic attributes. These models provide
cumulative probabilities of each class (i.e., class 1 versus others, classes 1 and 2 versus others, etc.)
which can then be used to obtain the probability of each class via subtraction [49]. Because the focus
of this study was to investigate which biotic and abiotic attributes affect vegetation mortality levels
within ﬁre events, equal weights were assigned to each mortality class in model ﬁtting. Since there
were a large number of attributes that might affect vegetation mortality and these attributes are likely
related, particularly with the groups deﬁned in Table 1 (i.e., vegetation, topography, and ﬁre weather),
the process used to select among predictor variables to obtain a ﬁnal model was:
1.

2.

3.

4.

Vectors of means (for continuous variables in Table 1) and proportions (for ecoregion plus
other class variables in Table 1) were calculated by vegetation mortality level using all pixels
to investigate univariate relationships with vegetation mortality and to indicate importance of
each possible predictor variable. The results from this were used to provide an overview that
described the general relationships.
A correlation matrix was used to identify pairs of variables with moderately high multicollinearity
(r > 0.7) as an aide to pre-selection among highly related variables. Using this as a guide along
with interpretability of relationships as reported in other studies, a subset of the ﬁre weather
variables was retained in further analyses, namely: DC (median) to represent the drought
conditions for the ﬁre event; FWI (min) to represent the minimum potential energy output during
the burning period; and ISI (proportion of days above threshold) to represent the proportion of
days during the burning period that had high intensity ﬁre-spread conditions [45]. Similarly, from
the topography variables, slope location and surface curvature were strongly correlated; slope
location was selected since it related to biomass consumption in ﬁre events in previous studies [50].
From the vegetation variables, the understory index was strongly correlated with understory
cover, so the simpler and more interpretable understory cover variable was retained.
Following Hosmer et al. [51], multinomial models were initially ﬁtted using each predictor
variable (i.e., univariate models) and ranked based on the Akaike Information Criterion (AIC) [52]
along with the percent of correctly classiﬁed pixels using the model ﬁtting data.
For each variable group (i.e., site, vegetation, topography, and weather), a stepwise selection
process was followed by including all variables of the variable group and then removing variables
one at a time. Variables previously dropped were then considered for entry back into the model
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5.

6.

7.

at later steps. Again, AIC and the percent of correctly classiﬁed pixels were used to evaluate
variable importance (i.e., whether to retain or drop a variable). However, supporting literature
regarding relationships between mortality and biotic and abiotic variables was also used in
deciding whether to retain or drop a variable.
Since class variables can affect the coefﬁcient associated with each continuous variable, interaction
terms were then added and evaluated as in Step 4. Some interactions resulted in singular matrices
and were removed. For example, some fuel categories only occurred within given ecoregions
(e.g., muskeg did not occur in the Rocky Mountains or Foothills), and others only occurred within
certain terrain (e.g., muskeg only occurred on ﬂat ground) resulting in no differences in some
attributes (i.e., all grasslands had an overstory height of 0).
Once a subset of predictor variables was selected from each group of variables, these were
merged together to obtain a model using all variable groups. Interactions between class
variables and continuous variables across variable groups were then evaluated with regards to
model improvements.
Since predictor variables eliminated in previous steps might become important in a later step
(for example, in combination with ecoregion or other variables), these were added again to the
overall combined model and evaluated.

The vegetation mortality class with the highest predicted probability using the selected
multinomial logistic model was assigned for the classiﬁcation. The model that was ﬁnally selected
was further assessed using confusion matrices for the reserved test data (40% of pixels within the ﬁre
event). The kappa coefﬁcient was calculated [53] to indicate classiﬁcation performance relative to a
random assignment of pixels (−1 to +1; +1 indicates perfect agreement; <0 indicate performance is no
better than random). For the ﬁnal mode, the weighted kappa coefﬁcient [54] was calculated to assess
the degrees of agreement between cells in the confusion matrix.
3. Results
3.1. General Relationships
The highest vegetation mortality class accounted for 68% of pixels overall, although that ranged
from 64% in the Boreal Plains to 82% in the Foothills (Table 3). Fires in the Boreal Plains and Canadian
Shield had the highest levels of partially burned areas (33% and 27% respectively, compared to 16%
and 18%) (Table 3). No clear trend was evident for ﬁre event area.
Table 3. Numbers of ﬁre events and pixels by Ecoregion, and percentages by vegetation mortality class.
Number of

Vegetation Mortality

Ecoregion

Fire Events

Pixels

0%

Boreal plains
Canadian Shield
Foothills
Rocky
Mountains
All

24
7
3

246,951
166,425
8378

3%
1%
2%

3

11,721

37

433,475

1%–25% 26%–50% 51%–75% 76%–94% ≥95%
5%
5%
7%

7%
7%
7%

8%
7%
2%

13%
8%
0%

64%
72%
82%

3%

5%

6%

2%

5%

78%

2%

5%

7%

7%

10%

68%

For the variables from the vegetation polygons, the only variable that showed a consistent trend
was overstory crown closure, which increased with higher mortality classes ranging from 42.5% in
mortality class 0 to 49.6% in class 5 (See Table A1). For age, height, understory height, and soil moisture,
no obvious trend was evident. For ladder fuel index and understory crown closure, partially burned
pixels were common. Partially burned pixels had lower ladder fuel index (6.1–6.6) than pixels with
no (8.2) or high (8.5) mortality. Partially burned pixels had also lower understory crown closure
(11.9%–13.1%) than either high (16.8%) or low mortality (14.3%) pixels (Table A1).
252

Forests 2016, 7, 187

Sixty-eight percent of all forested pixels were in the highest mortality class, although the numbers
varied by fuel-type. Immature pine (C4) had the highest proportion of pixels with high vegetation
mortality at 79%. Boreal spruce (C2), mature pine (C3), and boreal mixedwoods (M1 and M2) pixels
had between 67%–71% of their pixels in the high mortality class. The lowest levels of high vegetation
mortality occurred in ﬁr (FX) and larch (LX) (49% and 51%, respectively) although the number of pixels
in FX was very small (Table A2).
Non-forested fuel types within the highest mortality class accounted for 63% of the pixels, which
is 5% lower than the overall percentage for the forested class (Table A2). Although the FBP fuel-types
do not differentiate non-forested fuel types, the percentage of high mortality pixels in closed shrub is
only 42%, compared to 62% for open muskeg, and 72% for treed muskeg (Table A2).
Areas with no vegetation mortality were observed at higher elevations (>700 m) than areas
with partial and high mortality (<615 m) (Table A3). Areas with steeper slopes were associated with
both unburned areas and areas with very high vegetation mortality (2.8–2.9 degrees), while slopes
ranged between 2.1 and 2.5 degrees in areas mortality classes 1, 2, and 3 (Table A3). More prominent
slope positions (i.e., + slope position values) and convex slopes (i.e., + curvature values) had higher
vegetation mortality (classes 3, 4, and 5) than less prominent positions and concave slopes (e.g., gullies
and valleys) (Table A3). For SCOSA and SSINA, representing “eastness” and “northness”, respectively
(see Table 1. for deﬁnitions), southeast slopes (negative SCOSA and positive SSINA) were associated
with unburned areas, and south slopes associated with higher vegetation mortalities (negative SCOSA,
SSINA averaging near zero). There was no obvious pattern between vegetation mortality and CTI or
TSRAI (Table A3).
In terms of ﬁre weather variables, high median, minimum, and maximum values of ISI, DC, and
FWI were associated with low to moderate levels of vegetation mortality (Table 4). Wider ranges of ISI,
DC, and FWI were associated with both unburned areas and increasing levels of vegetation mortality.
For both the ISI and FWI threshold values, a greater number of days above the threshold for spread
conditions was associated with low and moderate levels of vegetation mortality (Table 4).
Table 4. Means (and standard deviations) of daily ﬁre weather variables (see Table 1 for deﬁnitions) by
vegetation mortality class. For all variables, higher values indicate more favourable burning conditions;
for the range variables, positive numbers indicate changes toward more favourable burning conditions
and negative numbers indicate changes to less favourable burning conditions.

Variable

Vegetation Mortality
0%

1%–25%

26%–50%

51%–75%

76%–94%

≥95%

ISI Median
ISI Min
ISI Max
ISI Range
ISI Threshold

4.8 (2.6)
1.6 (2.3)
15.5 (3.2)
−13.1 (5.7)
0.2 (0.2)

6.2 (4.2)
2.7 (4.7)
13 (4.2)
−7.7 (7.8)
0.3 (0.3)

5.2 (3)
1.3 (3.3)
13.5 (3.8)
−10.7 (7)
0.2 (0.2)

207.2 (61.9)

254.2 (118.9)

DC Min

166.1 (56.4)

217.3 (109.4)

247 (105.7)

238.5 (103.9)

DC Max
DC Range
FWI Median
FWI Min
FWI Max

15.5 (3.2)
62.9 (51.5)
14.3 (6.9)
5.1 (7.4)
35.8 (5.3)
−29.2
(11.9)
0.3 (0.3)

13.0 (4.2)
52.6 (65.4)
17.5 (8.4)
7.8 (10.1)
31.5 (8.6)

12.7 (3.5)
74.9 (58)
16.5 (6.2)
4.7 (8.1)
32.5 (6.4)
−24.3
(16.7)
0.4 (0.3)

13.5 (3.8)
80.4 (53)
16.3 (6.1)
4.1 (7.2)
34.1 (6.4)

4.5 (2.2)
0.8 (1.9)
13.4 (4.4)
−10.7 (8)
0.1 (0.1)
275.1
(105.1)
225.6
(103.4)
13.4 (4.4)
79.6 (62.6)
14.2 (6.1)
2.8 (4.8)
33.1 (8.2)
−25.2
(18.9)
0.3 (0.2)

4.3 (2.1)
0.7 (1.7)
12.2 (4.1)
−8.7 (8.5)
0.1 (0.1)

DC Median

5.4 (3.4)
1.6 (4)
12.7 (3.5)
−9.6 (6.7)
0.2 (0.2)
290.1
(110.6)

FWI Range
FWI Threshold

−18.1 (18.2)
0.4 (0.4)
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282.9 (107.2)

−26.1 (17.1)
0.4 (0.3)

276.2 (104.8)
229.6 (102.2)
12.2 (4.1)
70.4 (76.2)
13.8 (6.3)
2.7 (5.1)
31.2 (8)

−20.8 (21.2)
0.3 (0.2)
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3.2. Model Fitting and Classiﬁcation
For the site variables, preliminary analyses indicated a nonlinear trend between vegetation
mortality classes and the ﬁre event area. As a result, the logarithm of ﬁre event area was used in
all models as in previous studies (e.g., [15]). The model using ﬁre event area, Ecoregion, and the
interaction term between them resulted in the best model ﬁt (i.e., lowest AIC relative to the null model)
and classiﬁcation performance (Table B1, Model 5). The interaction term indicates that the effects of
ﬁre event area vary with Ecoregion. Based on these results, both Ecoregion and ﬁre event area were
considered for inclusion in multivariable models using variables across variable groups.
Of the models using a single vegetation variable, fuel category had the best ﬁt (Table B2, Model 2);
however, the classiﬁcation performance was poor. Despite the poor classiﬁcation, fuel category
was included for consideration in multivariable models, given this impacts ﬁre behaviour [46].
Variables related to fuel continuity (overstory and understory crown closure) had poorer ﬁts, but better
classiﬁcation results (Table B2, Models 3 and 5). As a result, the fuel continuity variables were also
selected for possible inclusion in the multivariable models. Of the two variables representing soil
moisture, CTI was selected over soil moisture classes since it is a continuous variable at a smaller spatial
scale (Table B2, Model 4 vs. Table B3, Model 3). Understory height and age followed with regards
to model ﬁt. Both were considered for the multivariate models, given the impacts of ladder fuels on
ﬁre behaviour [55] and of stand age on ﬁre impacts [19,56]. Finally, overstory height was selected for
multivariable models, given the importance of crown structure for ﬁre behaviour [55]. Using all of
these selected variables resulted in a better ﬁt than using individual variables (Table B2, Model 9).
The classiﬁcation performance of the model with all selected variables (Table B2, Model 9) was not
improved by adding interaction terms between the canopy variables for the two respective layers
(Table B2, Model 10). It was not possible to add further interaction terms for the fuel category variable,
due to rank deﬁciency and linear combinations. Removing the overstory height variable slightly
improved the model classiﬁcation and resulted in fewer terms in the model (Table B2, Model 11).
The topographic variables with the best ﬁt and classiﬁcation accuracy were elevation and CTI
(Table B3, Models 2 and 3). Using the two highest ranked individual variables together had nearly as
good of a ﬁt and classiﬁcation performance as using all topographic variables (Table B3, Model 11).
Adding an interaction term between the variables further improved ﬁt and classiﬁcation performance
(Table B3, Model 12). Adding the previously removed variables to the model did not improve ﬁt or
classiﬁcation accuracy.
Within the ﬁre weather variable group, DC had the best model ﬁt, while ISI had the best
classiﬁcation accuracy (Table B4). DC was the best variable for classifying unburned areas (Table B4,
Model 2; kappa = 0.05, 0, 0, 0, 0, and 0.07 for classes 0 through 5, respectively), FWI was the best
variable for classifying areas with intermediate levels of vegetation mortality (Table B4, Model 3;
kappa = 0.03, 0, 0.03, 0.05, −0.04, and 0.10 for classes 0 through 5, respectively), and ISI was the best
variable for classifying areas with high vegetation mortality (Table B4, Model 4; kappa = 0.01, 0, −0.02,
0, 0.02, and 0.15 for classes 0 through 5, respectively). All three variables were selected for the ﬁnal
multivariable model for this group of variables (Table B4, Model 5). Adding interactions between all
selected variables improved model ﬁt (Table B4, Model 6).
Combining selected variables from each variable group improved both ﬁt and classiﬁcation
performance particularly when interaction terms between variables and Ecoregion were included
(Table 5, Model 3). No further improvements were obtained by including variables eliminated in
previous steps. In particular, using soil moisture (classes) instead of CTI did not improve the model
(AIC 1352 higher and equal overall kappa), nor did using ISI alone without the other ﬁre weather
variables (AIC 6649 higher and overall kappa 0.01 lower). Adding overstory height improved the ﬁt
(AIC 1744 lower), but not the classiﬁcation performance (equal kappa). Adding additional topography
variables made relatively small changes to the ﬁt (changes in AIC < 1750) and did not improve the
classiﬁcation performance (equal kappa).
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Using the ﬁnal model (Table 5, Model 3) resulted in a classiﬁcation accuracy of 39%. The
percent of pixels correctly classiﬁed was best for the unburned and highest vegetation mortality
categories (the kappa coefﬁcients were 0.18, 0.06, 0.03, 0.03, 0.00 and 0.19 for class 0 through class 5,
respectively). For intermediate levels of vegetation mortality, the classiﬁcation accuracy was only
slightly better than random, and class 4 had the worst classiﬁcation accuracy (Table 6). Many of the
misclassiﬁcations were in adjacent categories. For example, the weighted kappa, which takes into
consideration misclassiﬁcations in neighbouring classes by assigning a weighted penalty proportional
to the squared distance to the correct class, was considerably better at 0.26. Finally, by counting
classiﬁcations within ±1 category as correct, which is justiﬁable from a management standpoint, 64%
of pixels were classiﬁed in the correct classes with kappa coefﬁcients of 0.26, 0.29, 0.21, 0.37, 0.31, and
0.32 for mortality classes 0 through 5, respectively.
Table 5. Fit statistics for models using combinations of variables across variable groups.
AIC

Δ AIC b

% Correct

Kappa

932,037

0

17%

0.00

Variables a

Model
1 (null)

2

Ecoregion * area, fuel category, overstory
crown closure, understory crown closure,
understory height, age, elevation * CTI, DC *
FWI * ISI

888,482

43,555

40%

0.07

3

Ecoregion * (overstory crown closure,
understory crown closure, understory height,
age, elevation * CTI), DC * FWI * ISI

870,911

61,126

39%

0.10

a

Interaction terms indicated by *. For example x * z means that the model includes variables x and z, as well as
the interaction between them; b Δ AIC is relative to the null model with a larger value indicating a better model.

Table 6. Confusion matrix for the ﬁnal model using a combination of site, vegetation, topography, and
ﬁre weather variables.
Actual Vegetation Mortality Class

Predicted Vegetation
Mortality Class

0%

1%–25%

26%–50%

51%–75%

76%–94%

≥95%

0%
1%–25%
26%–50%
51%–75%
76%–94%
≥95%

66%
19%
2%
1%
7%
4%

31%
19%
7%
5%
19%
19%

14%
15%
12%
8%
27%
25%

16%
13%
13%
8%
24%
25%

16%
15%
9%
5%
22%
33%

7%
9%
8%
5%
23%
48%

Application of the selected model to visually compare predicted to actual vegetation mortality
classes for a randomly selected ﬁre from each Ecoregion provided further insights (Figure 2).
Overall, the actual and predicted vegetation mortality class maps are similar. However, the ﬁre
event in the Boreal Plains Ecoregion (Figure 2a) had long and narrow patches with high vegetation
mortality (high length to breadth ratio, see [46]) oriented from southwest to northeast, suggesting
that it may have been driven by high-velocity winds. Further, assuming ﬁre propagation followed
this wind direction, remnants formed on the lee-side of non-ﬂammable areas, while high vegetation
mortality occurred in windward locations. In this case, the direction of ﬁre propagation may have
also been important, given that it appears that live vegetation remnants formed while the ﬁre was
spreading in a downhill direction. However, without ﬁre propagation maps and detailed information
on wind direction, it is impossible to know how wind velocity, topography, and ﬁre propagation
affected vegetation mortality. The ﬁre event in the Canadian Shield had large areas of very high
vegetation mortality (Figure 2b). Within the classiﬁcation, several low lying wet areas, indicated by
predicted low-levels of mortality in typical meandering patterns at the bottom of drainages, were
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misclassiﬁed as having lower vegetation mortality than was observed (Figure 2f). Within the Foothills,
the classiﬁcation had very similar patterns of vegetation mortality; in particular, remnants appeared
as linear shapes in both the observed and predicted maps. These remnants could serve as wildlife
corridors and were present in both the observed and predicted maps (Figure 2c,g). Finally, for sampled
ﬁre events in the Rocky Mountains, the model appeared to make misclassiﬁcations within fuel types
that may have been related to differences in aspect, which was not accounted for in the ﬁnal model
(Figure 2d,h).

ȱ

Figure 2. Map of observed vegetation mortality classes (top row: (a–d)) versus predicted classes
(bottom row: (e–h)) for randomly selected ﬁre events from the Boreal Plains ((a) and (e)), Canadian
Shield ((b) and (f)), Foothills ((c) and (g)), and Rocky Mountains ((d) and (h)).

4. Discussion
4.1. Factors Contributing to Vegetation Survival
The results suggest that a combination of factors inﬂuenced ﬁre-caused vegetation mortality at
two distinct scales. At the event scale, overall vegetation mortality was moderately inﬂuenced by
Ecoregion reﬂecting the broad ecological patterns ﬁrst identiﬁed by [12], and found by others [15,16].
Fires within both the Foothills and Rocky Mountains had lower proportions of remnants in partial
mortality classes and higher proportions of high mortality than other Ecoregions. In terms of ﬁre
weather, the inﬂuence of DC likely reﬂects a logical relationship between fewer remnants and higher
levels of seasonal drought conditions associated with lower moisture content of large woody debris
and deep organic soils. However, the direct relationship between FWI minimum values and the
amount of low to moderate vegetation mortality was unexpected. One possible explanation for this is
the nature of diurnal burning patterns. For example, during weather conditions favourable to even
high-energy output wildﬁres, patches with low to moderate vegetation mortality may be created at
night under less favourable burning conditions (i.e., lower temperatures and higher relative humidity).
Another possible explanation is that fuel-types that normally have a low risk of ﬂammability (e.g.,
wetlands) will burn under highly favourable ﬁre weather conditions, but even then, only partially.
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Within events, the most inﬂuential factor affecting vegetation mortality was fuel type, which is not
surprising given its prominence in ﬁre prediction models (e.g., [46]). Combining fuel-type with forest
structure variables such as crown closure further improved the ability to predict vegetation mortality
levels, which is also consistent with what we know about the strong relationship between crown
closure and crown ﬁres [57]. Elevation and soil moisture were the next most important within-event
scale variables, although one could argue that elevation also acts at the event scale. The relationship
between vegetation mortality and elevation also varied greatly between Ecoregions: in the Canadian
Shield, higher vegetation mortality was associated with higher elevations, while in the Foothills,
higher elevations were associated with lower mortality. In the Canadian Shield, high elevation sites
tend to be height-of-land ridges, peaks and knolls, which tend to be hot and dry. In the Foothills,
“high-elevation-sites” is a relative term, in that all ﬁre events lie within the eastern slopes of the Rocky
Mountains, which tend to be colder and wetter.
4.2. Complexity of Relationships
Many of the relationships with remnants found in this study have been noted by others, and
are intuitively consistent. For example, Ecoregion was previously associated with the proportion of
vegetation mortality within ﬁre events [12,26], certain fuel types and percent cover variables have
been linked with vegetation mortality and burn severity [28,46,56], topography has been related to
burn severity [15,50], and ﬁre weather variables exhibited weak relationships to burn severity [21].
While this study conﬁrms many of these previously found relationships, it reveals a new level of
complexity in terms of the processes involved in the formation of remnants. The relative inﬂuences
of, and interactions between, both large-scale and within-ﬁre attributes were examined in this study.
Rarely is there a single physical or environmental factor inﬂuencing the amount or location of remnants
acting alone. Acknowledgment of this complexity helps guide both research and management in
several ways. First, studying within-ﬁre vegetation survival improves our knowledge of factors
affecting ﬁre-related mortality and thereby improves our ability to manage forests using the NP
concept. To facilitate this, access to high resolution spatial data is an advantage in that it allows a
more precise evaluation of these relationships. The use of high quality spatial data sets should become
the rule, not the exception. Second, given the large variability of remnant patterns noted here both
within and between ﬁre events, extensive and detailed data sets that cover the range of conditions are
needed across large areas in order to capture the NRV of remnant patterns at local and landscape scales.
Finally, both factors that change slowly in time and those varying within and between years affect
vegetation mortality within wildﬁres. Ecological type and topography variables change only over a
very long time-scale. In contrast, ﬁre weather attributes are highly variable in shorter time periods.
Although improving our knowledge of within-ﬁre vegetation mortality is critical for altering factors
that impact vegetation mortality, some factors will always be beyond the control of forest managers
(e.g., ﬁre weather). However, a decision support tool that helps predict the impacts of ﬁre weather
and other factors on vegetation mortality would be very valuable given expected impacts of climate
changes on future wildﬁres.
From a management perspective, decision support tools can and should differentiate between
variation that can be accounted for (i.e., deterministic) and that which cannot (i.e., random).
The deterministic part of the natural variability attributable to regional-scale factors such as ecological
zone, and local-scale factors such as vegetation type and topography can be modelled, predicted and
emulated by careful planning. The random portion of remnant NRV attributable to ﬁre weather can be
applied more broadly across a region or landscape as intrinsic variability. Integrating both types of
variation into forest planning is consistent with an NRV approach. The division of remnant NRV may
also have value as a tool for understanding and potentially mitigating the impacts of climate change.
The relationship between remnants and ﬁre weather may help us better predict how wildﬁre remnant
patterns might shift in the future, and how forest management activities might offset those changes
as desired.
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4.3. Classiﬁcation Accuracy and Model Complexity
While the overall classiﬁcation accuracy found in this study is comparable to those from other
studies, the comparison is misleading for several reasons. First, this study included ﬁre events covering
an extensive land area with diverse ecological, topographical, and climatic conditions. Other broad
regional studies tended to report lower accuracy with more complex models [21,31,58] than studies
using individual or a very limited numbers of ﬁre events [25,50]. Second, the increased variation
represented in this more extensive area coupled with ﬁner-scale variables enabled a more thorough
investigation of factors and highlights the importance of considering local and regional conditions.
Lastly, we included six mortality classes, compared to two or three classes for most other comparable
studies. If we ignore all of the partial mortality classes, our classiﬁcation accuracy was much higher
than any of those reported in other studies.
Our models struggled most with identifying partial mortality. Partial mortality is a
well-documented weakness of imagery-based interpretations [24,59]. We had hoped to overcome this
challenge by using more accurate and precise mortality data based on high resolution photographic
negatives, the results suggest that there are other factors involved in predicting vegetation mortality
levels. One possibility is that mortality continues over several years post-ﬁre [60] which means that
all post-ﬁre “snapshots” (including those used in our study) represent just one of several remnant
vegetation patterns over time. Another possibility is that moderate mortality is associated with areas
that experienced less severe ﬁre conditions, such as overnight ﬁres and/or the back or ﬂanks of a ﬁre
where the relative inﬂuence of ﬁre weather, topography and fuel-type may change, or even reverse [25].
Finally, the factors affecting vegetation mortality may differ among levels. Fire weather conditions may
be critical for the formation of moderate levels of vegetation mortality, while fuel-type and topography
differences may over-ride ﬁre weather and play a more dominant role for determining areas that are
either unburned or burned with high mortality. The higher proportion of ﬁres that burned with high
levels of island remnants found in the Foothills relative to the Boreal Plains reported by Andison
and McCleary [12] support this concept. In any case, given the prevalence of partial mortality noted
recently in boreal wildﬁres, this would seem an obvious target for future research.
We also learned some important lessons from a methodological perspective. One of the issues
that arose in this and other related studies is how to examine the many variables that may be related
to ﬁre-caused vegetation mortality. Random Forests [61] is a commonly utilized machine learning
approach mainly used in conjunction with remote sensing-based response variables [16,21,25,50], while
very few studies have used logistic regression and vegetation mortality-based response variables [57].
In contrast, the multinomial logit model approach used in this research required a deliberate and
thoughtful process for the selection of dependent variables. While documenting this process can
be tedious, it highlights the complexity of relationships for vegetation mortality and importance of
interpreting the relationships. The process we used included separating variables into logical groups
which also improved our ability to interpret relationships.
5. Conclusions
Understanding the processes involved in the formation of surviving remnant vegetation within
boreal forest wildﬁres has been more challenging than we have collectively assumed. Many prior ﬁre
remnant vegetation studies relied on available spatial data (of varying quality), a small number of ﬁre
events, and only a few predictor variables, all of which could impact the results and interpretation,
ultimately resulting in an incorrect representation of the true nature of historical, natural patterns.
In this study, we used high resolution and high quality spatial data for a large number of ﬁre events
over an extensive area to improve post-ﬁre remnant vegetation mortality prediction models over
results previously reported for regional studies. Moreover, we demonstrated that vegetation survival
occurs as a result of a complex interaction between several biotic and abiotic factors at different spatial
and temporal scales. More speciﬁcally, we found that the most inﬂuential general variables such as
Ecoregion and drought code (DC) interacted with fuel-type, canopy closure, and soil moisture in very
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speciﬁc ways. While the inﬂuences of some variables (such as soil moisture, fuel-type, and drought
code) were universally applicable, their relative inﬂuence in our predictive model varied by ﬁre event
and ecological region.
The ﬁndings from this study suggest that adapting ﬁne-scale forest management patterns that are
truly ecosystem-based involves a more holistic interpretation of ﬁre patterns knowledge. However
well-intentioned, traditional regulatory models, that mandate the amount and location of remnants
based on deterministic rules are unlikely to capture the full historic range. Historic bounds are deﬁned
very generally by smaller-scale, in situ attributes such as fuel-type, soil moisture and canopy closure,
many of which can be manipulated by forest managers. However, our results suggest that a substantial
portion of the natural variation may not be directly related to in-situ variables. Fire weather, acting in
concert with in-situ factors, cannot generally be manipulated by forest managers. Managing towards
achieving natural variation objectives will require a more results-based approach that is challenging to
integrate into practice from a regulatory perspective, but at the same time, this will offer the ﬂexibility
needed for management of a broader range of ecosystem values.
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Appendix A. Data Summaries
Table A1. Means (standard deviations) of vegetation variables (see Table 1 for deﬁnitions) by vegetation
mortality class.
Vegetation Mortality

Variable
Age (years)
Height (m)
Ladder fuel index (no units)
Overstory crown closure (%)
Understory crown closure (%)
Understory height (m)

0%

1%–25%

2%–50%

51%–75%

76%–94%

≥95%

39.9 (20.4)
11.5 (5.4)
8.2 (13.8)
42.5 (23.6)
14.3 (20.4)
3.3 (3.7)

42.6 (24.4)
9.9 (4.4)
6.3 (10.6)
43.6 (23.9)
11.9 (18.8)
2.5 (3.2)

40 (21.9)
9.5 (4.3)
6.6 (10.1)
43.2 (21.9)
13.1 (18.7)
2.6 (3.0)

41.4 (20.4)
10.3 (4.6)
6.4 (9.6)
46.4 (22.1)
12.4 (17.1)
2.9 (3.2)

41.7 (19.8)
11.0 (4.7)
6.1 (9.3)
49.3 (22.2)
12.2 (17.3)
2.8 (3.1)

38.8 (21)
10.4 (3.7)
8.5 (11.6)
49.6 (23.8)
16.8 (21.1)
2.9 (3.0)

Table A2. Relative frequency (as a %) and percentage of pixels by vegetation mortality class for each
fuel category (see Table 2 for deﬁnitions).
Fuel Category

Vegetation Mortality
0%

1%–25% 2%–50% 51%–75% 76%–94% ≥95%

Frequency

Forest
C2—Boreal spruce
C3—Mature pine
C4—Immature pine
D1—Leaﬂess aspen
D2—Leaf-on aspen
FX—Fir
LX—Larch
M1—Boreal mixedwoods, leaﬂess
M2—Boreal mixedwoods leaf-on
All forest

2%
2%
1%
5%
1%
16%
1%
1%
3%
2%

6%
5%
4%
11%
7%
16%
4%
3%
4%
5%

259

6%
6%
4%
4%
15%
6%
14%
8%
6%
7%

6%
8%
5%
4%
4%
13%
16%
7%
8%
8%

9%
11%
7%
17%
6%
0%
14%
11%
12%
11%

71%
67%
79%
59%
67%
49%
51%
70%
67%
68%

27.62%
17.73%
8.1%
0.83%
0.41%
0.03%
6.95%
2.81%
26.23%
90.71%
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Table A2. Cont.
Vegetation Mortality

Fuel Category

0%

1%–25% 2%–50% 51%–75% 76%–94% ≥95%

Frequency

Non-forest
Open shrub
Closed shrub
Open muskeg
Treed muskeg
Brush and alder
Bryophytes
Grassland
All non-forest
All forest and non-forest

1%
6%
10%
2%
0%
0%
1%
4%
2%

2%
15%
10%
6%
15%
0%
4%
9%
5%

0%
14%
3%
7%
0%
0%
21%
8%
7%

1%
10%
9%
4%
25%
0%
28%
7%
7%

0%
13%
5%
10%
0%
100%
3%
10%
10%

96%
42%
62%
72%
60%
0%
43%
63%
68%

0.06%
2.27%
1.21%
5.49%
0.06%
0%
0.2%
9.29%
100%

Table A3. Means (and standard deviations) for topography variables (see Table 1 for deﬁnitions) by
vegetation mortality class. Slope position index, surface curvature, and SCOSA + SSINA were scaled
by a factor of 1000; TSRAI was scaled by a factor of 10.
Vegetation Mortality

Variable

0%

1%–25%

711.8
(234.5)
9.0 (2.1)
2.9 (2.6)
−7.2
(145.7)

561.4
(249.3)
9.5 (2.3)
2.1 (3.2)
−7.0
(161.8)

Curvature

−4.1 (84.2)

−3.9 (93.8)

TSRAI
SCOSA
SSINA

5.1 (3.6)
−7.1 (46.4)
5.7 (48.8)

5.5 (3.2)
−7.4 (49.2)
−1.3 (46.7)

Elevation
CTI
Slope (degrees)
Slope position

51%–75%

76%–94%

≥95%

9.1 (2)
2.5 (3.3)

614.1
(252.1)
9.1 (2)
2.5 (3.2)

611.5
(260.4)
9.0 (2)
2.8 (3.7)

598.5
(268.3)
8.9 (2)
2.9 (3.6)

−3.0 (188)

1.4 (174.8)

2.7 (183.8)

11.0 (196.7)

0.8 (101.1)

1.5 (106.5)

6.2 (113.4)

5.1 (3.4)
−2.1 (39.4)
−6.1 (62.2)

5.1 (3.3)
−5.8 (57.4)
−0.8 (62.7)

5.3 (3.4)
−7.1 (56.8)
−1.5 (61.8)

2%–50%
606.1 (262)

−1.7
(108.5)
4.9 (3.3)
−4.7 (49)
3.0 (55.8)

Appendix B. Model Comparisons
When using each of the site variables individually in the model, Ecoregion had a lower AIC
and higher kappa than ﬁre event area (Table B1, Model 2 versus 3). However, previous studies have
found that ﬁre event area is related to the proportions of different levels of vegetation mortality [15,16].
Using the two variables together in a model resulted in an improved model ﬁt and higher classiﬁcation
accuracy than using either variable alone (Table B1, Model 4).
Table B1. Fit statistics for models using Ecoregion and ﬁre event area (area).
Model

Variables a

AIC

Δ AIC b

% Correct

Kappa

1 (Null)
2
3
4
5

Ecoregion
Area
Ecoregion, area
Ecoregion * area

932,037
929,929
932,030
929,230
920,267

0
2107
7
2807
11,769

17%
30%
32%
38%
37%

0.00
0.03
0.01
0.04
0.07

a

Interaction terms indicated by *. For example x * z means that the model includes variables x and z, as well as
the interaction between them; b Δ AIC is relative to the null model with a larger value indicating a better model.
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Table B2. Fit statistics for models using vegetation polygon variables.
Model
1 (Null)
2
3
4

Variables a

AIC

Δ AIC b

% Correct

Kappa

Fuel category
Overstory crown closure
Soil moisture class

932,037
925,179
928,397
931,447

0
6858
3640
590

17%
20%
36%
44%

0.00
−0.01
0.02
0.02

Table B2. Cont.
Model

Variables a

AIC

Δ AIC b

% Correct

Kappa

5
6
7
8

Understory crown closure
Understory height
Age
Overstory height
Fuel category, overstory crown
closure, understory crown closure,
understory height, age, overstory
height
Fuel category, age, overstory
crown closure * overstory height,
understory crown closure *
understory height
Fuel category, overstory crown
closure, understory crown closure,
understory height, age

931,840
931,912
931,918
931,948

197
125
119
88

34%
36%
26%
32%

0.02
−0.02
0.01
0.00

917,106

14,930

43%

0.07

915,557

16,479

42%

0.07

917,529

14,507

43%

0.07

9

10

11
a

Interaction terms indicated by *. For example x * z means that the model includes variables x and z, as well as
the interaction between them; b Δ AIC is relative to the null model with a larger value indicating a better model.

Using TSRAI resulted in an AIC that was worse than the null model (Table B3, Model 7) and this
variable was not further considered. Removing variables from the model with all selected variables in
reverse order of the individual ﬁts resulted in small decreases in model ﬁt and classiﬁcation accuracy
(Table B3, Models 8 through 10).
Table B3. Fit statistics for models using topographic variables.
Model
1 (Null)
2
3
4
5
6
7
8
9
10
11
12

Variables a
Elevation
CTI
SCOSA, SSINA
Slope
Slope position
TSRAI
Elevation, CTI, SCOSA, SSINA, Slope,
Slope position
Elevation, CTI, SCOSA, SSINA, Slope
Elevation, CTI, SCOSA, SSINA
Elevation, CTI
Elevation * CTI

a

AIC

Δ AIC b

% Correct

Kappa

932,037
930,250
931,265
931,726
931,741
931,760
932,038

0
1787
771
310
296
277
−1

17%
36%
41%
29%
23%
33%
39%

0.00
0.02
0.02
0.02
0.00
0.01
0.00

928,148

3889

33%

0.02

928,282
928,454
929,482
929,186

3755
3583
2555
2851

34%
34%
34%
32%

0.02
0.02
0.02
0.03

Interaction terms indicated by *. For example x * z means that the model includes variables x and z, as well as
the interaction between them; b Δ AIC is relative to the null model with a larger value indicating a better model.
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Table B4. Fit statistics for models using ﬁre weather variables.
Model
1 (Null)
2
3
4
5
6

Variables a

AIC

Δ AIC b

% Correct

Kappa

DC
FWI
ISI
DC, FWI, ISI
DC * FWI * ISI

932,037
923,964
924,210
926,688
920,298
914,502

0
8072
7827
5349
11,739
17,535

17%
43%
51%
53%
34%
47%

0.00
0.04
0.05
0.06
0.02
0.03

a

Interaction terms indicated by *. For example x * z means that the model includes variables x and z, as well as
the interaction between them; b Δ AIC is relative to the null model with a larger value indicating a better model.
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Abstract: Fire is the most common disturbance in northern boreal forests, and large ﬁres are often
associated with highly variable burn severities across the burnt area. We studied the understory plant
community response to a range of burn severities and pre-ﬁre stand age four growing seasons after
the 2011 Richardson Fire in xeric jack pine forests of northern Alberta, Canada. Burn severity had the
greatest impact on post-ﬁre plant communities, while pre-ﬁre stand age did not have a signiﬁcant
impact. Total plant species richness and cover decreased with disturbance severity, such that the
greatest richness was in low severity burns (average 28 species per 1-m2 quadrat) and plant cover was
lowest in the high severity burns (average 16%). However, the response of individual plant groups
differed. Lichens and bryophytes were most common in low severity burns and were effectively
eliminated from the regenerating plant community at higher burn severities. In contrast, graminoid
cover and richness were positively related to burn severity, while forbs did not respond signiﬁcantly
to burn severity, but were impacted by changes in soil chemistry with increased cover at pH >4.9.
Our results indicate the importance of non-vascular plants to the overall plant community in this
harsh environment and that the plant community is environmentally limited rather than recruitment
or competition limited, as is often the case in more mesic forest types. If ﬁre frequency and severity
increase as predicted, we may see a shift in plant communities from stress-tolerant species, such as
lichens and ericaceous shrubs, to more colonizing species, such as certain graminoids.
Keywords: Pinus banksiana; burn severity; composite burn index; revegetation; forest regeneration; lichen

1. Introduction
Large ﬁres are expected to become more common in northern boreal forests in the future with a
changing climate [1], and these ﬁre events are often characterized by highly variable burn severity [2–4].
Many studies have examined tree regeneration after variable severity burns in the boreal forest [5,6],
but in terms of overall plant diversity, understory species are most important, especially in the tree
species-poor, xeric jack pine (Pinus banksiana) forests of the northern boreal [7]. Understory plant
communities also play critical roles in maintaining key ecosystem processes, such as nutrient cycling,
habitat for wildlife and overstory succession [8,9].
The regeneration mechanism of understory plants differs from that of the jack pine canopy trees,
i.e., an aerial seedbank of serotinous cones that releases seeds immediately after burning [10,11].
In contrast, after ﬁre in the northern boreal forest, understory plants may resprout from roots or
rhizomes [7,12,13], germinate from seeds in the soil seed bank [14,15], germinate from seeds carried in
from off-site [16] or encroach from surrounding areas [17]. The relative importance of these different
regeneration mechanisms differs by species and will likely be impacted by disturbance severity, stand
Forests 2016, 7, 83
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age and soil properties. Previous work on jack pine regeneration after the same ﬁre as this current
study showed that stand age and burn severity were the main drivers of tree regeneration [2], but it is
not clear if these same drivers are controlling understory plant community re-establishment.
The regeneration of understory plants may be impacted by high burn severities by altering
seed bed availability, with most species requiring exposed mineral soil to germinate. High burn
severities can also change the composition of surviving vegetation from which resprouting is possible
by reducing or eliminating stored seedbanks in the organic material where most seeds are found
and by eliminating competition [18]. Stand age has a clear impact on species composition related
to the successional stage of forest development with more shade-tolerant species being found in
older forests and species that are more adapted to the speciﬁc soil and site conditions rather than to
disturbance [19]. This inﬂuences the species present on site and capable of vegetative reproduction,
but may not inﬂuence regeneration from seed. Soil properties may also impact understory plant
regeneration after disturbance to a greater degree than tree regeneration, as understory plant species
are more sensitive to changes in soil chemical and physical properties than are tree species growing on
the same sites. However, how these factors interact with each other and with environmental conditions
to inﬂuence plant community establishment in boreal jack pine forests in the years following ﬁre is
not clear.
Most studies on forest understory plant community response to disturbance focus on vascular
plants [20–22], which are the dominant plant groups in most mesic boreal forests and are more
responsive to disturbance than non-vascular species [8]. However, in harsh environments within the
boreal forest, such as the xeric jack pine-dominated forests that are the focus of this study, non-vascular
lichens and bryophytes are a more signiﬁcant component [7]. This also holds true for other harsh
environments, such as bogs at the other end of the moisture gradient within the boreal forest, where
the understory community is also dominated by non-vascular plant species, such as Sphagnum mosses.
Less is known about the regeneration ecology of these non-vascular species when compared to
herbaceous and shrub vegetation, and the response of the non-vascular community to varying levels
of disturbance severity is not well understood [23,24].
We studied understory plant communities in response to a range of natural burn severities and
pre-ﬁre stand ages in the xeric jack pine boreal forest of north-eastern Alberta, Canada. This forest area
is not currently being developed for timber, but will likely be impacted, at least in part, in the future
by expanding oil sands developments. Therefore, it is important to gain a better understanding of
how the plant communities in this area respond to varying levels of disturbance severity and identify
any potential risks to ecosystem sustainability in a post-disturbance landscape. The speciﬁc questions
we asked are: (1) How do burn severity and pre-ﬁre stand age impact understory plant community
development post-ﬁre in these xeric, pure jack pine boreal forests? (2) Do all plant groups respond in a
similar manner to these drivers?
2. Methods
2.1. Study Area and Fire Description
We examined plant community development four growing seasons after the Richardson Fire,
a 576,000-ha ﬁre in north-eastern Alberta, Canada (Figure 1). This ﬁre resulted from human ignition,
burned from May until August 2011 and was the second largest documented ﬁre in western Canadian
history. During periods of extreme ﬁre weather, there were spread rates of over 30 km per day with
modelled head ﬁre intensities in excess of 10,000 kW¨ m´1 .
The dominant forest type in the region is jack pine growing on sandy dystric Brunisol soils on
aeolian parent material with common understory vegetation consisting of Arctostaphylos uva-ursi,
Vaccinium myrtilloides and Cladonia arbusculata subsp. mitis. The local site type is referred to as the
xeric “a” eco-site in the Canadian Shield and Boreal Mixedwood Ecological Areas [25]. The southern
and western portions of the Richardson Burn also contain stands of more mesic trembling aspen
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(Populus tremuloides) and white spruce (Picea glauca) forest types, but this work focused on the jack
pine-dominated portion of the burn, which accounts for 65% of the total burned area. The climate in
the area is continental with long, cold winters (average January temperature ´19 ˝ C) and short, cool
summers (average July temperature 17 ˝ C) (based on Fort McMurray climate normal from Environment
Canada). Median annual precipitation is 455 mm, which is less than the average annual potential
evaporation of 480 mm [26]. The xeric site type and moisture-limiting climate indicate that these
forests are very challenging environments for many types of plants to grow, and this is supported by
the low basal area (average 16.3 m2 ¨ ha´1 ) and short canopy height (average 11.8 m) for mature jack
pine stands [2].

ȱ
Figure 1. Location of the 2011 Richardson Fire in northeastern Alberta, Canada.

2.2. Field Sampling
The sampling design was based on a previous project [2], which examined jack pine regeneration
after the Richardson Burn in stands of different pre-ﬁre age and burn severity. For the current study,
we used this matrix of three burn severities (low, moderate and high) and two pre-ﬁre stand ages
(young and old) and measured understory plant community composition in six or seven stands within
each of the six categories for a total of 38 stands. Selected stands had pure jack pine overstories with
the pre-ﬁre stand age and burn severity determined in the year immediately following the ﬁre as
part of the pine regeneration study. Burn severity was determined using the Composite Burn Index
(CBI), which incorporates measures of forest ﬂoor, understory and overstory burn severity [27], and
was then categorized as low, moderate or high. High burn severity stands had complete overstory
mortality and greater than 50% forest ﬂoor consumption; moderate burn severity stands had on
average 75% overstory mortality and 25%–50% forest ﬂoor consumption; and low burn severity stands
had <25% overstory mortality and only light charring of the forest ﬂoor. Pre-ﬁre stand ages were
determined from cores taken at breast height of representative canopy trees. Stands were sampled
according to pre-ﬁre stand age, with stands less than 30 years old considered “young” and stands
greater than 60 years old considered “old”. Soil samples were taken from the upper 15 cm of mineral
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soil and were analyzed for texture, percent carbon, electrical conductivity (EC) and pH, none of which
were signiﬁcantly different among burn severity or pre-ﬁre stand age classes.
Plot centres were established at a random point within each selected stand, and then, four
1 m ˆ 1 m quadrats were located 10 m from the plot centre along cardinal bearings. This size of
quadrat was used, as it is the standard in the region and will allow for comparison with other studies.
At each quadrat, all vascular and non-vascular plants, including lichens, were identiﬁed to the species
level, and cover was visually estimated to the nearest percent with cover values of 0.5% and + (present
but at lower than 0.5% cover) also recorded. A complete stand level species list was also developed for
the area enclosed by the four quadrats, an area of approximately 300 m2 , by completing a walkaround
survey. For quantitative analyses, the average cover at the stand level was used with + assigned a
value of 0.05% and presence in the area enclosed by the quadrats, but not in the quadrats themselves,
assigned a cover value of 0.005%. Total species richness (the total number of understory species per
stand) and average percent cover of vegetation (the average of the four quadrats) were determined for
each stand. Richness and cover by species group, i.e., lichen, bryophyte, graminoid, forb, shrub, were
also determined. Species nomenclature was standardized for vascular plants [28], bryophytes [29] and
lichens [30].
2.3. Statistical Analyses
Non-metric multidimensional scaling (NMDS) ordinations were used to identify patterns of
understory species composition with the Sorensen (Bray–Curtis) distance used as a measure of
ecological dissimilarity in the NMDS ordinations conducted using PC-ORD [31]. To quantify the
multi-variate differences between groups, we used the multi-response permutation procedure (MRPP)
in PC-ORD with Bonferroni correction of post hoc pairwise comparisons conducted in R [32]. These
ordinations were completed for all plant species together and then for the vascular plants and
non-vascular plants (lichens and bryophytes) separately. Indicator species analysis [33], conducted
in PC-ORD, was used to identify characteristic species for each burn severity class. This method
combines the relative abundance of a species with its relative frequency of occurrence within each
burn severity type, producing a maximum value (100%) when all individuals of a species are found in
a single burn severity type and when the species occurs in all samples within that type. Signiﬁcance of
each species as an indicator was tested for the burn severity type in which it reached its maximum
value using a randomization procedure.
Two-way ANOVA followed by Tukey post hoc tests were used to compare species richness
and cover among burn severity and pre-ﬁre stand age groups. Regression analysis was used to
determine the speciﬁc relationship between species groups’ richness and cover and continuous site
and environmental variables, including burn severity and soil pH. Regression tree analysis was used to
quantify distinct thresholds in the response variables. These analyses were conducted using Systat13
(Systat Software Inc., Chicago, IL, USA).
3. Results
There was a total of 95 plant (including lichen) species (Appendix A) found across all stands with
the most numerous species group being lichens with 32 different species found followed by forbs with
31 species found. Stand-level species richness decreased with burn severity and pre-ﬁre stand age
(Figure 2a), such that the greatest richness was found in young stands with low burn severity, and
the lowest richness was found in old stands with high burn severity. Vascular plant richness, when
considered separately, showed no signiﬁcant differences among burn severity (p = 0.885) or age classes
(p = 0.537). Average stand level total plant cover ranged from 4%–63% and also decreased with burn
severity, but was not affected by pre-ﬁre stand age (Figure 2b).
The ordination including all vegetation (Figure 3) and supported by MRPP clearly shows differing
plant communities among burn severity classes (A = 0.072, p < 0.001), but there were no signiﬁcant
differences among pre-ﬁre age classes (A = 0.010, p = 0.083). Axis 1 is positively correlated with burn
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severity and graminoid cover, while lichen richness and cover were negatively correlated (Figure 3a).
Axes 2 and 3 function mostly as a soil chemistry gradient with pH and EC positively related to forb
and shrub richness (Figure 3a,b).
Including only vascular vegetation in the ordination clearly separates the stand replacing
moderate and high severity burns from the low severity burns and results in a main gradient deﬁned
by burn severity (A = 0.068, p < 0.001) and a secondary gradient associated with soil variables, but
there was no difference among pre-ﬁre stand age classes (A = ´0.004, p = 0.645) (Figure 4a). When
only non-vascular species are included in the ordination, high severity burns are clearly separated
with burn severity again being the primary factor along Axis 1 (A = 0.045, p = 0.003), but there is no
difference among pre-ﬁre stand age classes (A = ´0.003, p = 0.302) (Figure 4b). In this ordination, the
secondary gradient is negatively correlated with greater lichen richness and positively with forb cover.
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Figure 2. (a) Species richness (total number of plant species found in each stand) and (b) percent cover
(total cover of all species averaged from four 1 m ˆ 1 m quadrats per stand), in relation to burn severity
(as measured by the Composite Burn Index) and pre-ﬁre stand age.
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Figure 3. Non-metric multidimensional scaling ordination of all plant community data: (a) Axes 1
and 2; (b) Axes 1 and 3. The environmental overlays present the most signiﬁcant relationships for each
species group, burn severity and soil chemistry with r > 0.5.
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Figure 4. Non-metric multidimensional scaling ordination including only (a) vascular plants or
(b) non-vascular plants. The environmental overlays present the most signiﬁcant relationships for each
species group, burn severity and soil chemistry with r > 0.5.

Lichen species, mainly from the genus Cladonia with the most common species being Cladonia
arbusculata subsp. mitis and Cladonia gracilis subsp. turbinata, which were found in 16 out of 38 stands
each, accounted for 70% of total cover and 38% of the total species richness in low severity burns
where they were most common. Lichen cover showed a negative relationship to burn severity with a
signiﬁcant threshold at CBI 1.9, with lichens being effectively eliminated from the plant community
beyond this point (Figure 5a). Bryophyte cover showed a similar pattern to lichens with a negative
relationship to burn severity, but with an elimination threshold at a higher burn severity of 2.5 CBI
(Figure 5b). The most common bryophytes were Ceratodon purpureus and Polytrichum piliferum, which
were found in 37 and 30 of 38 stands, respectively. P. piliferum along with the two lichen species
C. arbusculata subsp. mitis and C. gracilis subsp. turbinata were the strongest indicators of low severity
burns (Table 1), but C. purpureus, a ubiquitous species associated with disturbance and open sandy
soils, was not a signiﬁcant indicator of burn severity (Table 1).
Graminoid cover, on the other hand, was quite low (average 2.1% across all burn severities), but
was positively related to burn severity (Figure 5c). Graminoid species richness was also positively
correlated to burn severity (r = 0.468, p = 0.003) with the rhizomatous, quickly colonizing Carex siccata
indicative of moderate and high severity burns (Table 1).
Forb cover was low overall (average 1.2%) and was not related to burn severity (p = 0.802) or
pre-ﬁre stand age (p = 0.409), but it was related to soil pH with signiﬁcantly higher (p < 0.05) forb
cover on soils with pH > 4.9 (average 4.1 %) compared to soils with pH < 4.9 (average 0.8%). The most
common forbs were Solidago simplex, Campanula rotundifolia and Apocynum androsaemifolia, which
were found in 24, 20 and 15 of 38 plots, respectively, across the range of soil pH. On the higher pH
soils, however, Maianthemum canadense and Cornus canadensis became dominant, with the highest forb
cover values found in any stands associated with these two species. Colonizing species with small
windblown seeds, such as Chamerion angustifolium and Symphyotrichum laeve, were each only found in
nine of 38 stands. Although not as ubiquitous, the annual forbs Erigeron canadensis and Leucophysalis
grandiﬂora were both signiﬁcant indicators of high severity burns (Table 1).
Shrub cover averaged 3.8% and was not related to burn severity (p = 0.520), pre-ﬁre stand age
(p = 0.189) nor measured soil properties (pH, p = 0.272). The most common species were all low shrubs,
mainly ericaceous, with Arctostaphylos uva-ursi, Hudsonia tomentosa and Vaccinium myrtilloides being
found in 38, 24 and 22 of 38 stands, respectively, and there were no signiﬁcant shrub indicators of
burn severity.
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Figure 5. Relationships between the cover of plant groups and burn severity as measured by the
Composite Burn Index (CBI) for (a) lichens, (b) bryophytes and (c) graminoids. The thresholds for
lichen cover at 1.9 CBI and bryophyte cover at 2.5 CBI were determined from regression tree analysis at
a signiﬁcance level of p < 0.05.
Table 1. Signiﬁcant indicator species with an indicator value >25 for each burn severity class as
determined by the method of Dufrêne and Legendre [33]. Each species was only tested for signiﬁcance
in the group for which it had its maximum indicator value.
Severity

Indicator Species

Indicator
Value

p

Growth
Form

Life
Strategy

Low

Cladonia arbusculata subsp. mitis
Cladonia gracilis subsp. turbinata
Polytrichum piliferum
Pyrola chlorantha
Cladonia pyxidata
Cladonia deformis
Trapeliopsis granulosa
Cladonia sulphurina
Cladonia subulata
Cetraria ericetorum
Cladonia uncialis
Cladonia botrytes
Parmeliopsis ambigua
Cladonia cristatella
Peltigera malacea
Cladonia cornuta
Dicranum polysetum
Vulpicida pinastri
Cladonia borealis
Carex siccata
Carex siccata
Erigeron canadensis
Leucophysalis grandiﬂora

82.1
76
75.4
64.7
59.1
54.3
50.1
47.7
45.7
44.7
43.6
41.7
38.5
38
37
36.6
35.3
30.8
28
29
69.6
31.9
25

0.0002
0.0008
0.0034
0.001
0.0002
0.0008
0.011
0.0012
0.003
0.0042
0.0432
0.0056
0.0074
0.0124
0.0184
0.0334
0.0238
0.0284
0.0498
0.0252
0.0338
0.0272

lichen
lichen
moss
forb
lichen
lichen
lichen
lichen
lichen
lichen
lichen
lichen
lichen
lichen
lichen
lichen
moss
lichen
lichen
graminoid
graminoid
forb
forb

perennial
perennial
perennial
perennial
perennial
perennial
perennial
perennial
perennial
perennial
perennial
perennial
perennial
perennial
perennial
perennial
perennial
perennial
perennial
perennial
perennial
annual
annual

Moderate
High
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4. Discussion
There are distinct plant communities developing four years after burns of differing severity, and
three out of ﬁve main species groups (lichens, bryophytes and graminoids) responded signiﬁcantly to
burn severity. Low severity burns favour the persistence of lichens and bryophytes and have higher
overall species richness than high severity burns. In contrast, the vegetation community after high
severity burns is comprised mainly of annual forbs and colonizer-type graminoids seeding in from off
site along with resprouting forbs and shrubs, resulting in lower overall species diversity and cover.
Species richness did not increase with moderate levels of disturbance, as has been suggested by other
studies [34,35], but instead, species richness declined with burn severity in our study. While peaks in
species richness at intermediate levels of disturbance are actually the exception rather than the rule
in published studies [36], the intermediate disturbance hypothesis and underlying mechanisms are
fundamental concepts in community ecology, and it is important to understand under what situations
these mechanisms function. In our study, in a climatically marginal forest area and on a xeric site
type, the number of species capable of surviving there is much less than are available to a more
mesic site type, indicating that the plant community developing here may be environmentally limited
rather than recruitment or competition limited. Certainly, it is the trade-off between early successional
species adapted for colonization (colonizers) versus later successional species better able to compete for
resources (competitors) that is thought to be one of the primary mechanisms responsible for the peak
in species richness at intermediate levels of disturbance [35,37]. While no peak in richness at moderate
burn severity was observed in our study, differential species responses to disturbance were observed.
High severity burns, which result in a loss of more than 50% of the total forest ﬂoor, result in
greatly reduced species richness, as much of the seedbank and resprouting organs are found in the
forest ﬂoor [12,15]. The new forest plant community must therefore rely mainly on colonizing species
from outside, of which there appear to be few other than select graminoids and forbs, capable of
surviving in this harsh environment. It also appears that competition between plants is not a major
component in determining community composition in this forest given the low overall vegetation
cover (16% ˘ 4% (mean ˘ SE) in high severity burns) and the corresponding high level of bare ground,
again indicating that environmental and not internal controls (i.e., competition) are mainly responsible
for controlling plant community development. In contrast, after the same ﬁre event, mesic boreal
mixedwood sites had much greater vegetation cover and species richness [22] indicative of higher
competition levels among plants and suggesting that this xeric jack pine forest responds differently to
ﬁre than do nearby mesic forests.
Lichens and bryophytes were completely eliminated from the plant community at high burn
severity, a response frequently evident in non-vascular plants following high severity burns [38].
Although generally considered to be dispersal limited [39], lichens are expected to begin initial
recolonization one to three years following the ﬁre, with pioneer lichen species, such as Cladonia
coccifera (likely equivalent to our C. borealis) and C. gracilis [7]. Both of these pioneer species were found
in our study, although they were conﬁned to low and moderate severity burns and likely represent
relict populations from pre-ﬁre communities. Four years post-ﬁre, lichens are only just beginning to
recolonize the most severely-burnt sites, with Cladonia species present in seven of the twelve stands,
but in early stages of regeneration (basal scales only). This is consistent with a generalized successional
sequence found throughout lichen-dominated forests of the northern taiga and tundra regions [40].
The bryophytes Polytrichum piliferum and P. juniperinum were both detected in all age and burn severity
classes, along with the ubiquitous Ceratodon purpureus. The presence of these species is typical of
post-ﬁre succession in northern boreal forests and indicates that these moss species are not dispersal
limited, as is hypothesized for lichens. Increased bryophyte diversity in the low and moderate severity
burns is also typical of later successional sequences and indicates persistence after low severity burns
rather than recolonization. While this general successional sequence of non-vascular plants has been
documented in black spruce (Picea mariana) [41], lodgepole pine (Pinus contorta var. latifolia) [42] and
jack pine/lichen forests [7], xeric jack pine lichen forests in northern Alberta may follow an alternate
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successional trajectory leading to a ﬁnal park-like pine/lichen stage, instead of the more closed canopy
pine/feathermoss stage [7].
Unlike bryophytes and lichens, graminoid cover increased with burn severity. Most of these
species are thought to seed in from outside areas, but they may have been a component of the seedbank.
Other studies from more southern, climatically-favourable jack pine forests have described the rapid
expansion of graminoids, particularly Carex, after disturbance with possible negative implications for
tree regeneration [43], but the low cover values for graminoids in our study (average 4.4% in high
severity) indicate that is not a concern in this forest area. The lack of graminoids in low severity burns
with little disturbance to the forest ﬂoor also indicates that these species are transient members of the
plant community and are likely not a substantial part of the mature forest understory.
Forb cover and richness were not related to burn severity, but were related to soil chemistry with
increased cover above pH 4.9. This is comparable to more forb-rich aspen stands of the region, which
were found to have pH (˘ SE) values of 5.28 ˘ 0.33 and 4.77 ˘ 0.19 for mature and post-ﬁre stands,
respectively [22]. The lack of response to burn severity may reﬂect the vegetative regeneration strategy
of many common perennial forb species, including the species most abundant on high pH soils,
Maianthemum canadense and Cornus canadensis [44,45]. Even on sites with very low competition levels
and correspondingly high suitable seedbeds in the form of exposed mineral soil, forb richness did not
increase, suggesting that colonizing forb species with widely-dispersed seed rain, such as Chamerion
angustifolium and Symphyotrichum laeve [46,47], were not able to thrive in this harsh environment.
Instead, the sites with the most abundant forb cover relied on resprouting of existing forbs.
Shrub cover and richness were not related to burn severity, pre-ﬁre stand age or any measured
environmental variable. Most shrubs can regenerate vegetatively, and this appears to be the case here
with similar shrub species found across the range of site types and burn severities. The low shrub
cover (average 3.8% across all sites) may therefore be more indicative of the slow growth rates of the
dominant ericaceous shrubs, rather than a limitation in recruitment to the site given that Arctostaphylos
uva-ursi was found in every sampled stand.
5. Conclusions
In conclusion, we demonstrate the relatively large range of potential plant communities
developing following a large, spring ﬁre in xeric, boreal jack pine forests. Although there are indications
that soil chemical factors play a secondary role in structuring the forb community, four years post-ﬁre,
the variation in plant communities is primarily due to burn severity and is evident in both the vascular
and non-vascular components of the ﬂora. If ﬁre frequency and severity continue to increase as
predicted [1], these results indicate that we may see a shift in plant communities from stress-tolerant,
slower growing species, such as lichens and ericaceous shrubs, to more colonizing species, such as
select graminoids and forbs, which appear to be able to tolerate the harsh environmental conditions of
this forest. The implications of this potential shift in understory plant communities on wildlife habitat,
particularly for the woodland caribou, which rely on lichen for much of their diet, is not known.
As this study was based on only a single, albeit massive, ﬁre event, caution is needed in extrapolating
these results to other areas. The clear message from this study, however, is that the potential range of
post-disturbance plant communities is dependent on burn severity at the site level.
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Appendix A

Layer
herb
herb
shrub
shrub
herb
herb
herb
shrub
lichen
herb
herb
herb
herb
herb
herb
herb
herb
herb
bryophyte
lichen
herb
lichen
lichen
lichen
lichen
lichen
lichen

Species

Achillea millefolium Linnaeus
Agrostis scabra Willdenow
Alnus viridis (Chaix) de Candolle subsp. crispa (Aiton) Turrill
Amelanchier alnifolia (Nuttall) Nuttall ex M. Roemer
Anemone multiﬁda Poiret
Apocynum androsaemifolium Linnaeus
Aralia nudicaulis Linnaeus
Arctostaphylos uva-ursi (Linnaeus) Sprengel
Bryoria simplicior (Vainio) Brodo & D. Hawksw.
Calamagrostis stricta subsp. inexpansa (A. Gray) Greene
Campanula rotundifolia Linnaeus
Capnoides sempervirens (Linnaeus) Borkhaussen
Carex foenea Willdenow
Carex praticola Rydberg
Carex c.f. richardsonii R. Brown
Carex siccata Dewey
Carex tonsa (Fernald) E.P. Bicknell
Carex umbellata Schkuhr ex Willdenow
Ceratodon purpureus (Hedwig) Bridel
Cetraria ericetorum Opiz
Chamerion angustifolium (Linnaeus) Holub subsp. angustifolium
Cladonia amaurocraea (Flörke) Schaerer
Cladonia borealis S. Stenroos
Cladonia botrytes (K.G. Hagen) Willd.
Cladonia cariosa (Ach.) Sprengel
Cladonia cornuta (L.) Hoffm.
Cladonia crispata (Ach.) Flotow

Age Class
Number of plots per stand type

Burn Severity

Life
Strategy
perennial
perennial
perennial
perennial
perennial
perennial
perennial
perennial
perennial
perennial
perennial
biennial
perennial
perennial
perennial
perennial
perennial
perennial
perennial
perennial
perennial
perennial
perennial
perennial
perennial
perennial
perennial
0
5
0
1
2
3
0
6
0
1
3
0
0
0
1
4
5
0
6
2
0
0
0
1
0
0
0

Old
N=6

2
6
0
1
1
3
0
7
1
1
5
0
1
0
0
5
7
0
7
5
1
1
5
5
1
5
4

Young
N=7

Low

0
5
0
1
1
2
0
6
0
1
3
0
2
1
1
6
5
1
6
0
3
0
0
0
0
0
1

Old
N=6

0
7
1
0
0
3
0
7
0
0
3
0
4
0
0
7
7
0
7
2
1
0
2
2
0
3
2

Young
N=7

Moderate

0
6
0
0
0
1
0
6
0
0
1
1
2
0
0
6
5
1
6
0
1
0
0
0
0
0
0

Old
N=6

0
5
1
2
2
4
1
6
0
2
4
0
4
0
1
6
6
0
5
0
3
0
0
0
0
0
0

Young
N=6

High

Table A1. Complete species list with the number of stands the species was found in grouped according to burn severity and pre-ﬁre age class.
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perennial
perennial
annual
perennial
perennial
perennial
perennial
perennial
perennial
annual or
biennial
perennial
perennial
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herb
herb
herb

Geranium bicknellii Britton

Hieracium umbellatum Linnaeus
Hudsonia tomentosa Nuttall

2
2

0

4
1
0
0
1
0
2
2
0

0

perennial

herb

1
2
2
3
1
0
4
1
2
1
6
1
1
2
4
0
2
1
1
0

perennial
perennial
perennial
perennial
perennial
perennial
perennial
perennial
perennial
perennial
perennial
perennial
perennial
perennial
perennial
perennial
annual
perennial
perennial
annual

bryophyte
herb
herb
lichen
herb
lichen
herb
herb
herb

lichen
lichen
lichen
lichen
lichen
lichen
lichen
lichen
lichen
lichen
lichen
lichen
lichen
lichen
lichen
lichen
herb
herb
herb
herb

Cladonia cristatella Tuck.
Cladonia deformis (L.) Hoffm.
Cladonia c.f. ﬁmbriata (L.) Fr.
Cladonia gracilis (L.) Willd. subsp. turbinata (Ach.) Ahti
Cladonia macilenta Hoffm.
Cladonia macrophylla (Schaerer) Stenh.
Cladonia arbusculata (Wallr.) Flotow subsp. mitis (Sandst.) Ruoss
Cladonia multiformis G. Merr.
Cladonia pyxidata (L.) Hoffm.
Cladonia rangiferina (L.) F.H. Wigg.
Cladonia sp. P. Browne
Cladonia stygia (Fr.) Ruoss
Cladonia subulata (L.) F.H. Wigg.
Cladonia sulphurina (Michaux) Fr.
Cladonia uncialis (L.) Weber ex F.H. Wigg.
Cladonia verticillata (Hoffm) Schaerer
Collomia linearis Nuttall
Comandra umbellata (Linnaeus) Nuttall
Cornus canadensis Linnaeus
Crepis tectorum Linnaeus
Dichanthelium acuminatum (Swartz) Gould & C.A. Clarke subsp.
fasciculatum (Torrey) Freckmann & Lelong
Dicranum polysetum Swatrtz
Diphasiastrum complanatum (Linnaeus) Holub
Erigeron canadensis Linnaeus
Evernia mesomorpha Nyl.
Festuca saximontana Rydberg
Flavocetraria nivalis (L.) Kärnefelt & A. Thell
Fragaria virginiana Miller
Galium boreale Linnaeus
Geocaulon lividum (Richardson) Fernald

Burn Severity

Table A1. Cont.
Low

1
3

0

1
1
0
1
0
2
1
2
0

0

5
7
1
7
0
0
7
1
6
0
6
0
5
5
5
4
0
0
0
0

0
4

1

1
0
3
0
0
0
1
1
0

0

0
0
0
2
0
0
1
0
0
0
5
0
0
0
1
0
0
1
0
3

0
6

1

0
0
0
0
0
0
0
0
0

1

2
3
0
3
0
1
3
0
1
0
5
0
1
2
3
2
0
0
0
0

Moderate

1
5

0

0
0
2
0
0
0
0
0
0

1

0
0
0
0
0
0
0
0
0
0
4
0
0
0
0
0
0
0
0
0

High

1
4

2

0
1
3
0
0
0
1
1
1

0

0
0
0
0
0
0
0
0
0
0
3
0
0
0
0
0
0
0
1
1
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Burn Severity

Hylocomium splendens (Hedwig) Shimper in P. Bruch and W.P. Shimper
Leucophysalis grandiﬂora (Hooker) Rydberg
Leymus innovatus (Beal) Pilger subsp. innovatus
Linnaea borealis Linnaeus
Maianthemum canadense Desfontaines
Melampyrum lineare Desrousseaux
Oryzopsis asperifolia Michaux
Packera paupercula (Michaux) Á. Löve & D. Löve
Parmeliopsis ambigua (Wulfen) Nyl.
Peltigera malacea (Ach.) Funck
Peltigera rufescens (Weiss) Humb.
Pinus banksiana Lambert
Piptatheropsis pungens (Torrey ex Sprengel) Romaschenko, P.M. Peterson &
Soreng
Pleurozium schreberi (Wildenow ex Bridel) Mitten
Polytrichum juniperinum Hedwig
Polytrichum piliferum Hedwig
Populus tremuloides Michaux
Prunus pensylvanica Linnaeus f.
Ptilidium ciliare (L.) Hampe
Ptilium crista-castrensis (Hedwig) De Notaris
Pyrola chlorantha Swartz
Rosa acicularis Lindley
Salix bebbiana Sargent
Selaginella densa Rydb.
Sibbaldia tridentata (Aiton) Paule & Soják
Solidago simplex Kunth var. simplex
Stereocaulon alpinum Laurer ex Funck
Symphyotrichum ciliolatum (Lindley) Á. Löve & D. Löve
Symphyotrichum laeve (Linnaeus) Á. Löve & D. Löve var. laeve
Trapeliopsis granulosa (Hoffm.) Lumbsch
unknown seedling
Vaccinium myrtilloides Michaux
Vaccinium vitis-idaea Linnaeus
Viola adunca Smith
Vulpicida pinastri (Scop.) J.-E. Mattsson & M.J. Lai
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perennial
perennial
perennial
perennial
perennial
perennial
perennial
perennial
perennial
perennial
perennial
perennial
perennial
perennial
perennial
perennial
perennial
perennial
#N/A
perennial
perennial
perennial
perennial

herb
bryophyte
bryophyte
bryophyte
tree
tree, shrub
bryophyte
bryophyte
herb
shrub
shrub
herb
herb
herb
lichen
herb
herb
lichen
shrub
shrub
herb
lichen

perennial
annual
perennial
perennial
perennial
annual
perennial
perennial
perennial
perennial
perennial
perennial

bryophyte
herb
herb
herb
herb
herb
herb
herb
lichen
lichen
lichen
tree

Table A1. Cont.

2
5
6
1
3
2
1
4
1
0
0
1
3
0
0
3
2
0
4
3
1
1

4

1
0
0
3
3
1
1
1
2
2
0
4

Low

1
6
7
1
1
1
0
5
1
2
0
2
4
1
1
1
5
1
4
1
1
3

4

0
0
0
1
3
0
2
1
3
3
2
7

1
5
5
0
2
1
0
1
1
0
0
0
5
0
0
2
0
1
4
2
1
0

2

0
0
0
1
2
0
1
0
0
0
0
6

0
3
6
2
2
0
0
2
0
0
0
0
4
0
1
0
3
0
4
1
0
0

5

0
1
0
0
2
0
0
0
0
1
0
7

Moderate

0
2
2
0
1
0
0
0
0
0
1
0
4
0
0
0
0
0
1
0
0
0

4

0
0
0
0
1
0
0
0
0
0
0
6

High

0
2
2
1
3
0
0
1
1
0
0
2
3
0
0
3
0
0
4
2
2
0

5

0
3
1
1
3
0
1
1
0
0
0
6
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Abstract: Early climate change ideas warned of widespread species extinctions. As scientists have
probed more deeply into species responses, a more nuanced perspective emerged indicating that
some species may persist in microrefugia (refugia), including in mountainous terrain. Refugia are
habitats that buffer climate changes and allow species to persist in—and to potentially expand
under—changing environmental conditions. While climate and species interactions in refugia have
been noted as sources of uncertainty, land management practices and disturbances, such as wildland
ﬁre, should also be considered when assessing any given refugium. Our landscape scale study
suggests that cold-air pools, an important type of small-scale refugia, have unique ﬁre occurrence,
frequency, and severity patterns in frequent-ﬁre mixed conifer forests of California’s Sierra Nevada:
cold-air pool refugia have less ﬁre and if it occurs, it is lower severity. Therefore, individuals and
small populations are less likely to be extirpated by ﬁre. Active management, such as restoration and
fuels treatments for climate change adaptation, may be required to maintain these distinctive and
potentially important refugia.
Keywords: mixed conifer forest; arid forest; ﬁre ecology; ﬁre management; refugia; climate
change; vulnerability

1. Introduction
Early models of climate change impacts predicted widespread species extinctions as the
rate of climate change outpaced the ability of plants and animals to migrate and track suitable
climate [1–3]. Subsequent investigations suggest a more nuanced perspective, indicating that while
species extinctions may still be dramatic, some species are likely to persist in microrefugia (referred to
hereafter as refugia), including in mountainous terrain [4–10]. The heterogeneous conditions created
by complex montane topography create local areas, refugia, where aspects of current climate may be
maintained within the region for more than 100 years during climate change [6,11]. As the ice sheets
retreated following the last ice age, these refugia are believed to have played an integral role in the rapid
expansion of many species by providing source propagules for rapid species migration [8–10,12–14].
Many studies have sought to deﬁne refugia based on biological [7] or climatic [5] evidence.
Keppel et al.’s (2011) biological deﬁnition of refugia is “habitats that components of biodiversity
retreat to, persist in and can potentially expand from under changing environmental conditions.”
Dobrowski et al., (2011) describe refugia as locations where extant climates (temperature and available
water) are maintained during periods of climate change. Together they form a holistic deﬁnition, a
habitat that buffers climate and allows species to persist in and to potentially expand from in response
to changing environmental conditions. Refugia with relictual species, such as a disjunct southern
Forests 2016, 7, 77
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population persisting from past large-scale populations during a past ice age, may or may not continue
to function as refugia with climate change and changing disturbance regimes. Here, we focus on the
importance of ﬁre regimes as a component of potential refugia during periods of climate change. For
ﬁre sensitive species, landscape locations with reduced ﬁre frequency or severity will serve as refugia
with distinct disturbance regimes. Here we address the question of how some refugia in montane
ecosystems may buffer both climate change and ﬁre disturbance, with the potential to maintain species
through episodes of climate change.
Refugia have attracted attention as important conservation areas [4,15], however the full range
of conservation threats in these areas, including wildﬁre, have not been fully explored. Keppel and
Wardell-Johnson (2012) highlight how refugia play a potentially important role in climate buffering
and may offer in situ conservation beneﬁts in the face of climate change and its biological effects [4].
We expand ‘climate change and its biological effects’ to explicitly include ecological processes such as
ﬁre. In addition, we consider the importance of land management practices because of how policies,
such as ﬁre suppression, have drastically changed ﬁre frequency and severity patterns in many
forests [16]. Climate, species interactions, ecological processes, and land management combine to
create conservation challenges and opportunities for individual refugia (Figure 1).

ȱ
Figure 1. Refugia ecology is complex and affected by climate, land management, species interactions,
ecological processes, and their interactions.

Fire is one example of a changing ecological process. Fire frequency and severity are changing
world-wide due to land management [16–20] and climate change [19,21–23]. Refugia populations are
at a greater risk from changing ﬁre patterns [21] due to their predisposition to local extinction because
of their small, isolated nature, especially if the plants are ﬁre avoiders [24]. Fire could alter species
occurrence directly by killing vegetation or indirectly by altering vegetation’s moderating effect on
climate [25,26] and the selection pressures on vegetation [27]. In more extreme cases ﬁre can locally
extirpate plants if ﬁres are more frequent [28], less frequent [29], or more severe than historical ﬁre
regimes [30]. Some deﬁne refugia as areas with complete absence of ﬁre [31]; however in arid regions
with frequent ﬁre, a reduction in frequency or severity may also create distinct conditions that serve as
biological refugia for some taxa.
In this paper we focus on cold-air pool refugia (CAPs), a particular example of climatic refugia
occurring in mountainous regions including our study region in the Sierra Nevada of California [5].
CAPs have lower temperatures and more frequent minimum temperatures, below any chosen
threshold. And maximum temperatures are also lower, with fewer days exceeding certain thresholds.
CAPS often have greater moisture availability than their surrounding landscape, due to reduced
evaporative demand and water accumulation into low-lying areas [32,33]. While overall temperatures
are warming, the weather patterns that produce cold-air pooling at a landscape scale are projected to
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increase, so the frequency and duration of cold-pools may increase in the Sierra Nevada with climate
change [34,35]. Alternatively, if the weather patterns that produce cold-air pooling decrease, CAPs
may warm at a greater rate than the landscape, yet still have lower average temperatures than the
landscape. Overall CAPs have and will likely continue to have cooler and moister climates that their
surrounding landscape although the magnitude of these differences is uncertain.
Plants respond to environmental conditions within CAPs and these sites often have plants
characteristically found at higher elevations or latitudes. Similar climatic refugia forests are known
as frost hollows in Quebec’s boreal temperate forests [36] and cove forests in southern Appalachia
especially in Great Smoky Mountain National Park [37]. Another well-known example is subalpine ﬁr
(Abies lasiocarpa), which descend more than 300 m into river valleys with cold-air pools in Idaho [38,39].
In a more visually extreme case, the subalpine tree line is inverted due to cold-air pooling where
mixed conifer forests grow above subalpine treeless regions on Mt. Hotham in Australia [40]. In the
White Mountains of California, bristlecone pine are expanding downhill into local cold-air pools as
temperatures warm [41]. Lesser known examples in the CAPs of Yosemite National Park in California
include the Merced Grove, with disjunct distributions of species more characteristic of the Paciﬁc
Northwest, such as mountain lady's slipper (Cypripedium montanum) and Old-man’s-beard Lichen
(Alectoria sarmentosa), growing together with Sierran species. These areas are dominated by ponderosa
pine (Pinus ponderosa) intermingled with sugar pine (Pinus lambertiana), white ﬁr (Abies concolor), and
mountain hemlock (Tsuga mertensiana) with western hazelnut (Corylus cornuta) and mountain dogwood
(Cornus nuttallii) in the understory [42] (Figure 2). As the climate changes and species ranges shift,
we may see different species become restricted to CAPs, and the fate of the examples noted here
are unknown.

ȱ
Figure 2. Refugia where species retreated to after the last ice age, such as regions of Yosemite National
Park’s Merced Giant Sequoia Grove, have cooler climates with disjunct species characteristic of the
Paciﬁc Northwest such as Alectoria sarmentosa (Witch’s hair lichen) pictured here. Yosemite National
Park has used prescribed ﬁres to protect areas from large, nearly unstoppable ﬁres such as the
catastrophic Rim Fire in 2013. Photo by Martin Hutten.
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Fire refugia and climate change refugia are similar, but they are also distinct. These refugia
share some topographical similarities, and are both often associated with cooler, wetter places on the
landscape [5,43,44]. Fire refugia are areas where ﬁre has been excluded [45] whereas climate change
refugia are areas that buffer climate change and the ﬁre regime may be dramatically or subtlety different
than the surrounding landscape [5]. Both likely have distinct ﬁre regimes from their surrounding areas,
although the magnitude may be different.
CAPs have unique climates and plants and they may serve as in situ conservation opportunities
in the face of climate change. However, little is known about CAPs’ ﬁre ecology and risk. Therefore,
we investigate the ﬁre ecology of CAPs. Speciﬁcally we ask:
1.
2.
3.

Do cold-air pools have similar ﬁre occurrence as their surrounding landscape?
Do cold-air pools have similar ﬁre frequency as their surrounding landscape?
If ﬁres occur, do cold-air pools have similar ﬁre severity patterns as their
surrounding landscape?

2. Materials and Methods
2.1. Study Site
The study was conducted in mixed conifer forests in central California’s Sierra Nevada Range
within Yosemite National Park (37.8499˝ N, 119.5677˝ W), approximately 240 km inland from the Paciﬁc
Ocean. Historical ﬁres were frequent and burnt every 6 to 15 years [46,47]. Fire suppression occurred
from the late 1800s to the mid-1900s. Beginning in the 1970s, ﬁre patterns were allowed to return to
historical patterns, as lightning strike ﬁres were allowed to burn freely through nearly one-third of
the study area and prescribed ﬁres occurred over a large area as well [23,46,47]. A large ﬁre deﬁcit
persists for more than two-thirds of our study area. Vegetation is mixed conifer forest co-dominated by
ﬁre resilient species including ponderosa pine (Pinus ponderosa), Jeffrey pine (Pinus jeffreyi), white ﬁr
(Abies concolor), and red ﬁr (Abies magniﬁca), and scattered meadows and shrublands. The study region
is from 1000 to 2600 m elevation and has hot, dry summers followed by cold, snowy winters.
2.2. Study Design
Spatial data was prepared in ArcGIS 10.2 (ESRI, Redlands CA, USA) and projected using bilinear
interpolation into NAD 83 UTM 11N. Relevant spatial data was compiled from private and public
sources, including predicted location of CAPs (based on methodology of [32,48]), ﬁre history polygons
from 1930 until 2012 [49], and Relative differenced Normalized Burn Ratio (RdNBR) ﬁre severity
categories based on changes in tree cover from 1984 to 2012 [50,51] (Figure 3). Predicted CAP values
included absent (no cold-air pooling occurs), marginal (areas with no clear signal for cold-air pooling
due to topography and weather patterns and present (areas with potential for cold-air pooling to
occur). The predicted CAPs are areas with potential to pool cold-air and there is variation in the
frequency and duration of cold-air pooling. CAPs include areas with short and infrequent cold-air
pooling that have similar climate and ﬁre history to the surrounding area that are false-positives for
climate change refugia. Conversely, areas predicted to lack CAPs may have CAPs present and thus
represent false-negatives from the modeling procedure. Fire severity classes correlate to the change in
canopy cover and tree basal area whereby very low and low severity ﬁres have between 0 and 25%
change, moderate severity ﬁres have between 26 and 75% change, and high severity ﬁres have more
than 76% change in canopy cover and tree basal area [52].
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ȱ
Figure 3. (A) The study area included mixed conifer forests of Yosemite National Park from 1000 to
3600 m in elevation, which encompassed about 170,000 ha; (B) Predicted cold-air pools (CAPs) followed
drainages and had a semi-regular pattern throughout the study area. The study area was dominated by
areas without CAPs (100,000 ha) followed by areas with marginal CAPs (40,000 ha), and lastly CAPs
(30,000 ha); (C) Fires have occurred through about 60% study area from 1930 to 2012; (D) Areas within
the study area have burnt up to 6 times; (E) Fire severity distribution from 1984 to 2012 was dominated
by low severity followed by moderate severity ﬁres. Fire severity area included: very low severity
16,000 ha, low severity 44,000 ha, moderate severity 28,000 ha, and high severity 12,000 ha.

Spatial data was clipped with a USGS 10 meter Digital Elevation Model to restrict it to the mixed
conifer zone [53]. Spatial autocorrelation of cold-air pools, ﬁre frequency, and ﬁre severity were tested
with ArcGIS’s Spatial Autocorrelation Global Moran’s I test from 100–300 m and statistical signiﬁcance
was assessed with the z-score. The data were not autocorrelated at 100 m, but they were autocorrelated
for other distances tested (Figures A1–3). Therefore, a 100 m point grid was created in ArcGIS with
the Create Fishnet Geoprocessing Tool. Equal sample sizes from all levels of CAPs (absent, marginal,
present) were randomly subsampled without replacement for both analyses, including ﬁre occurrence,
and if ﬁre occurs, its severity (using the sample function in R 3.1.2 [54]).
2.3. Analysis
All analyses were conducted in R 3.1.2 [54]. We constructed statistical models to test if cold-air
pools are related to ﬁre Equation (1).
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γ „ Cold air pool

(1)

where γ is the response variable, either ﬁre occurrence (absent: 0, present: 1), ﬁre frequency (0 to 6), or
ﬁre severity (very low, low, moderate, and high). Cold-air pool categories include absent, marginal,
and present.
We used linear models to test the signiﬁcance of ﬁre occurrence and frequency. We used binomial
distribution for ﬁre occurrence and a Gaussian distribution for ﬁre severity, based on the four ordered
ﬁre severity classes. All model dispersion and residuals were reviewed. We used chi-squared test to
test the signiﬁcance of ﬁre severity.
3. Results
CAPs were signiﬁcantly less likely to have experienced a ﬁre than their surrounding landscape
(Figure 4A) (P < 0.0001). Areas without CAPs burnt 60% of the time on average„ marginal CAPs burnt
52% of the time on average, and CAPs burnt 44% of the time on average. CAPs also had signiﬁcantly
fewer ﬁres than their surrounding landscape as well (Figure 4B) (P < 0.0001). Areas without CAPS had
a ﬁre frequency of 0.95 on average, areas with marginal CAPs had a ﬁre frequency of 0.78 on average,
and areas with CAPs had a ﬁre frequency of 0.60 on average.

ȱ
Figure 4. (A) Regression estimates for area burnt grouped by their predicted CAP level where dots
represent the regression coefﬁcients and whiskers are the 95% conﬁdence intervals; (B) Regression
estimates for number of times burnt grouped by their predicted CAP level where dots represent the
regression coefﬁcients and whiskers are the 95% conﬁdence intervals; (C) Chi-square estimates for the
percent differences in the actual ﬁre severity from expected by their predicted CAP level.
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Additionally, if CAPs burned, they had signiﬁcantly less severe ﬁres than their surrounding
landscapes (P < 0.0001). Areas with CAPs had 16% more very low severity ﬁre, 10% more low severity
ﬁre, 29% less moderate severity ﬁre, and 16% less high severity ﬁre than expected. Areas with marginal
CAPs had 3% less very low severity ﬁre, 4% less low severity ﬁre, 7% more moderate severity ﬁre, and
3% more high severity ﬁre than expected. Areas without CAPs had 16% less very low severity ﬁre, 6%
less low severity ﬁre, 11% more moderate severity ﬁre, and 9% more high severity ﬁre.
4. Discussion
CAP refugia had signiﬁcantly different ﬁre patterns from the surrounding landscape likely due to
a combination of their vegetation, topography, or microclimate. Surprisingly, these trends persisted
despite our landscape-scale study using predicted CAPs which may have reduced the strength of our
results. The ﬁre regime differences between CAP refugia and their surrounding landscape are likely
a conservative estimate because prediction of a CAP does not include its frequency, duration or if
biological species respond to its effects. The actual magnitude of the effects might be greater if we had
directly ﬁeld mapped CAPs.
Refugia in rugged terrain separated by ﬁre barriers such as rock or water are more likely to
have decreased ﬁre occurrence than their surrounding terrain through these bottom-up controls [55].
Other refugia may lack a physical barrier to ﬁre, but their distinct microclimates can inﬂuence
ﬁre behavior [44,45]. CAPs may have direct effects on ﬁre behavior (temperature, wind, and fuel
moisture) as well as indirect effects mediated through vegetation and fuel characteristics (amount and
size distribution of fuel, fuel continuity, fuel moisture, forest structure, and relative humidity) [56].
These effects are realized as reductions in ﬁre energy (commonly called intensity) and changes in
dominant vegetation (commonly called severity), and in some cases even reducing ﬁre extent if the ﬁre
self-extinguishes (Figure 5).

ȱ
Figure 5. The interaction of ﬁre and CAPs may be dependent upon ﬁre behavior including the ﬁre’s
direction, magnitude, and intensity. The yellow background indicates where ﬁre occurred and the
golden arrows indicate the ﬁre’s direction of movement. (A) Fires which move slowly (low magnitude)
and release little energy (low intensity) may respond quickly to a refugium’s microenvironment and
not penetrate the CAP, whereas (B) ﬁres with high magnitude and intensity may respond slowly to a
CAP (burn a buffer around the perimeter); (C) and/or a larger region near the ﬂame front; (D) create a
spot ﬁre ignites within the CAP which grows especially during dry windy conditions; or (E) can burn
the entire CAP. (F) There also may be a CAP ﬁre shadow where a reduction in ﬁre extent or severity
occurs because of its proximity to a CAP and the subsequent reduction in ﬁre presence or severity.
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The interaction between CAPs and ﬁre may be inﬂuenced by diurnal patterns because drivers of
ﬁre behavior vary diurnally including temperature, wind, and humidity. CAPs may be cooler in the
evening and morning but reach similar maximum daytime temperatures as surrounding areas, but ﬁre
effects may be lessened by higher humidity and residual fuel moisture [32,56,57]. Overall, our analysis
demonstrates that the unique climate and topographic placement of CAPs reduce ﬁre frequency and
intensity and thus, quite possibly, the impact of ﬁre on these ecosystems.
The interaction between CAPs and ﬁre may be moderated by effects of season and weather on
ﬁre behavior. Historically fuel moisture would have been lower in fall due to seasonal drought and
thus there may have been an increase in ﬁre occurrence and severity during this time. Climate change
may magnify this trend because extreme ﬁre weather (hot, dry and windy weather) is becoming more
common, which allows ﬁres to grow rapidly and reach unprecedented ﬁre intensity and size [58].
As ﬁre behavior becomes more extreme, bottom-up controls such as microclimate, topography, and
ﬁre barriers are weaker [55]. If ﬁre becomes driven by extreme events such as drought, high winds,
or in extreme cases where the combination of weather, topography and fuels catalyze ﬁre-generated
weather phenomena such as plume-dominated ﬁres, then historic ﬁre barriers of refugia may no longer
function [59]. Large, severe ﬁre was evident in the 2013 Rim Fire, which burned over 100,000 ha,
impacting a noticeable portion of our study area [60]. Refugia that historically have had physical
and climatic barriers to ﬁre may be more susceptible to high-severity mega-ﬁres becaue they produce
effects well outside of desired ranges [20].
Refugia are commonly embedded within riparian areas in our study region. Other studies focused
on riparian forest ﬁre ecology suggest that these areas did burn historically, that these areas have
demonstrated the greatest rate of fuel accumulation during ﬁre suppression, and are at greatest risk
for uncharacteristic high severity ﬁre now due to fuel accumulations [61,62]. While historic ﬁres only
inﬂuenced aquatic communities in the short-term if at all [63], uncharacteristic large, high severity
ﬁres may have a larger inﬂuence. Uncharacteristic high severity ﬁres reduce canopy cover, change
the peak water temperatures in creeks, and may sometimes negatively inﬂuence sensitive aquatic
species [64,65].
Implications for Management
More than 100 years of ﬁre suppression in the Sierra Nevada have fostered dense tree stands
with ladder fuels including small trees reaching from the forest ﬂoor to its’ canopy. Today’s mixed
conifer forests are more susceptible to high severity ﬁre than ever before [66]. There is a consensus
that we need to reduce tree density and fuels to make forests resilient to climate-change induced
disturbances [67–69]. While prescribed ﬁre and mechanical fuel reduction treatments may have
short-term effects on the inhabitants of refugia, the long-term lack of ﬁre exacerbates climate change’s
increasing disturbance threats to biodiversity, including increased ﬁre frequency and severity [22,70].
Refugia, especially in arid regions like Yosemite National Park have greater moisture, fuel
production, and historically lower ﬁre occurrence than the surrounding landscape [5,32,62]. Refugia
ﬁre occurrence will likely increase relative to historical levels due to the combination of ﬁre suppression
and climate change induced extreme ﬁres or mega-ﬁres [20,71]. Even as ﬁre risk/frequency increases,
refugia are likely to maintain distinct ﬁre regimes relative to surrounding areas. Refugia commonly
occur in riparian areas, which were heavily altered by ﬁre suppression resulting in extraordinary
amounts of fuel (more than ﬁve times greater than historic levels), leaving them uncharacteristically
susceptible to high severity ﬁre that might be quite detrimental to biodiversity [62]. As climate becomes
drier, these fuels have reduced moisture and are therefore available to burn for a larger portion of the
year [72]. These additional fuels can contribute to more severe ﬁres.
High-severity ﬁre risk could be mitigated with prescribed ﬁre, mechanical treatments, or managed
wildﬁre within the CAP and at the landscape level [73]. Fuel reduction could have unintended
consequences, since trees moderate climate. Trees ﬁlter solar radiation, providing a buffer between
CAPs and the atmosphere; removing trees can increase maximum surface temperatures 10 to
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40 ˝ C [26]. Oddly, ﬁre suppression which increases tree density may have also made CAPs climates
cooler. To reduce the potential to increase temperatures dominant trees should be preserved in fuel
treatments [74]. Nonetheless, managers must understand the trade-offs for refugia management and
thresholds between reducing ﬁre risk and altering the very environment that they wish to protect.
Stand-replacing ﬁres surrounding CAPs are also of concern because large-scale high severity ﬁres
can kill many trees within the CAP air shed and in doing so may also change the local climate. Killing
trees that moderate the temperature and soil moisture in the greater air shed may reduce the cold-air
source and thus the frequency and duration of cold-air pooling. Trees likely have strong biological
feedback on climate in gentle sloping environments because there are not strong topographical drivers
of cold-air movement. Steeper slopes have faster cold-air run-off and trees likely play a smaller role
here. Fuel and restoration treatments could be completed in areas surrounding CAPs to protect cold-air
sources from severe ﬁre. As before, caution is needed when applying fuel treatments because trees
moderate temperature and minimizing these impacts will be a higher priority with climate change.
5. Conclusions
Conservation planners are advised that their “highest priority (is) to reduce negative edge effects
and improve in situ management of existing habitat patches” [75]. Refugia do exactly this, allowing
in situ management of habitat patches [75]. Refugia are complex habitats inﬂuenced by species
interactions, climate, and ﬁre that interact with one another. Therefore, protecting the land associated
with refugia is not sufﬁcient to protect the biological and physical properties of refugia; additional
management actions are necessary. Many of these actions, like strategic fuel treatments or managed
wildﬁre, are already recommended for both forest restoration and climate change adaptation [70,73].
Refugia are also susceptible to disturbances, therefore redundancy on the landscape is necessary to
utilize this conservation strategy. Actions to manage refugia are similar to manager’s current tool kits
for conservation, but the need for these actions in refugia may be an additional incentive to complete
them. Managers will be asked to make decisions about refugia without understanding their full
ecological complexity and they must understand that refugia are not static.
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Appendix A. Spatial autocorrelation
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Figure A1. Cold-air pool data was tested with the Global Moran’s I applied to Incremental Spatial
Autocorrelation starting at 100 m and increasing at 50 m intervals. The data was not spatially auto
correlated at 100 m, but became correlated by 125 m and beyond.

ȱ

Figure A2. Fire frequency data was tested with the Global Moran’s I applied to Incremental Spatial
Autocorrelation starting at 100 m and increasing at 50 m intervals. The data was not spatially auto
correlated at 100 m, but become increasingly correlated as distance increased.
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Figure A3. Fire severity data was tested with the Global Moran's I applied to Incremental Spatial
Autocorrelation starting at 100 m and increasing at 50 m intervals. The data was not spatially auto
correlated between 100 and 300 m.
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Abstract: In boreal ecosystems, wildﬁre severity (i.e., the extent of ﬁre-related tree mortality) is
affected by environmental conditions and ﬁre intensity. A burned area usually includes tree patches
that partially or entirely escaped ﬁre. There are two types of post-ﬁre residual patches: (1) patches
that only escaped the last ﬁre; and (2) patches with lower ﬁre susceptibility, also called ﬁre refuges,
that escaped several consecutive ﬁres, likely due to particular site characteristics. The main objective
of this study was to test if particular environmental conditions and stand characteristics could explain
the presence of ﬁre refuges in the mixedwood boreal forest. The FlamMap3 ﬁre behavior model
running at the landscape scale was used on the present-day Lake Duparquet forest mosaic and on
four other experimental scenarios. FlamMap3 was ﬁrst calibrated using BehavePlus and realistic
rates of ﬁre spread obtained from the Canadian Fire Behavior Prediction system. The results, based
on thousands of runs, exclude the effects of ﬁrebreaks, topography, fuel type, and microtopography
to explain the presence of ﬁre refuges, but rather highlight the important role of moisture conditions
in the fuel beds. Moist conditions are likely attributed to former small depressions having been ﬁlled
with organic matter rather than present-day variations in ground surface topography.
Keywords: ﬁre refuges; ﬁre modeling; ﬁre susceptibility; FlamMap3; fuel moisture

1. Introduction
Fire is one of the dominant ecological drivers affecting vegetation patterns and dynamics in the
circumboreal region [1,2]. Fire effects vary spatially depending on ﬁre behavior [3,4] and the ﬁre
return interval. A burned area usually includes residual patches that partially or entirely escaped
ﬁre [5–8]. Two types of post-ﬁre residual patches have been distinguished in eastern North American
boreal mixedwood forests [9]: (1) “transient residual patches” that only escaped the last ﬁre, probably
due to peculiar but temporary unsuitable conditions for ﬁre propagation; and (2) “ﬁre refuges” that
escaped several consecutive ﬁres, likely due to speciﬁc site conditions. Although ﬁre refuges represent
a small proportion of the total area burned, they could provide unique habitats in post-ﬁre successional
landscapes [8]. Indeed, the ecological continuity recorded in ﬁre refuges (unlike in transient residual
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patches, which only escaped the last ﬁre) [9] could provide refuges for species with speciﬁc biodiversity
signatures associated with old successional stages [10,11] that could be taken into account in biological
conservation strategies for boreal ecosystems [12].
Fire behavior varies spatially depending on fuel features (composition, load, moisture, and spatial
arrangement), landscape structure and composition, soil type, topographic constraints, and weather
conditions [3,4,13]. Numerous studies have documented the spatial distribution of post-ﬁre residual
patches at the landscape scale (e.g., [14–19]). They showed that the occurrence of residual patches
within burned areas could be related to topography, soil moisture, or wind dynamics during ﬁre,
fuel load, or presence of ﬁrebreaks. However, the respective roles of these factors likely vary among
regions and residual patch types (transient or refuge), but this has never been tested before. Here we
propose to evaluate the role of different ecological factors in the occurrence and long-term persistence
of ﬁre refuges in the mixedwood boreal forest of northeastern North America. We hypothesized that
environmental conditions in ﬁre refuges are less prone to ﬁre activity as compared to the surrounding
forest matrix. Therefore, ﬁre refuges were compared with the surrounding forest matrix under different
environmental conditions (mainly weather and fuel moisture) to determine if ﬁre refuges have a lower
propensity to burn than the other forest cover types present in the landscape.
A non-destructive approach, based on modeling, was selected for estimating the ﬁre susceptibility
of ﬁre refuges. Fire refuges are old, conifer-dominated stands (time since the last ﬁre is at least
250 years) within a surrounding matrix (less than 250 years old) of broadleaved, mixed, or coniferous
stands. Therefore, a qualitative assessment of stands based only on composition might not allow
for the differentiation of refuges from the matrix. Stands were thus quantitatively characterized
based on fuel type, fuel load, and tree species composition and structure. We developed an original
three-step methodology, based on the combination of three ﬁre behavior models, often used in the
North American context. First, we qualitatively characterized stand fuels using the Canadian Fire
Behavior Prediction system (hereafter FBP, [20,21]), which allowed us to simulate realistic values of ﬁre
behavior within stands. Second, we quantitatively calibrated the characterization of stand fuel types
and loads using the BehavePlus system [22,23]. BehavePlus allowed us to discriminate the different
stand types while still predicting realistic ﬁre behavior at the stand level. Finally, we simulated ﬁres
and their respective areas burned at the landscape level using the FlamMap3 model [24,25]. FlamMap3
is based on the BehavePlus system for ﬁre propagation across pixels and allows computation of burned
area probability maps in order to test stand susceptibility to ﬁre.
2. Materials and Methods
2.1. Study Area
The reference forest mosaic used in this study is an 11,000-ha natural forest mosaic encompassing
the Lake Duparquet Research and Teaching Forest (Figure 1). The study area is located in the eastern
Canadian boreal mixedwood forest [26], and was previously used to test the effect of landscape
composition on ﬁre size distribution [27]. The studied landscape is characterized by balsam ﬁr
(Abies balsamea (L.) Mill.), paper birch (Betula papyrifera Marsh.), white spruce (Picea glauca (Moench)),
trembling aspen (Populus tremuloides Michx.), and eastern white cedar (Thuja occidentalis L.) as the
main tree species [28]. The geomorphology is characterized by the presence of a massive clay deposit
left by pro-glacial lakes Barlow and Ojibway [29]. The climate is cold temperate with a mean annual
temperature of 0.7 ◦ C and mean annual precipitation of 890 mm [30]. The closest meteorological station
is located at La Sarre, 42 km north of the study area.
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Figure 1. Forest stand types (fuel models) and location of the studied ﬁre refuges in the Lake Duparquet
Research and Teaching Forest.

2.2. Site Selection
Typical post-ﬁre succession on mesic clay deposits in the eastern Canadian boreal mixedwood
forest involves a gradual change from post-ﬁre pioneering stands dominated by shade-intolerant
deciduous tree species (trembling aspen or paper birch) during the ﬁrst ca. 75 years, to mixed stands
with an important white spruce component in the next ca. 75 years, to coniferous stands dominated by
balsam ﬁr and eastern white cedar after ca. 150 years [28]. It was thus possible, using ecoforestry maps
produced by the Quebec Ministry of Forests, Wildlife and Parks [31], to perform an exhaustive ﬁre
refuge census by distinguishing, within an otherwise relatively homogeneous forest matrix, stands
considered as post-ﬁre residual patches due to contrasting composition and structure representative of
late-successional (older) stands. From this preliminary selection [9], thirteen post-ﬁre residual patches
were found in areas where the last known ﬁre, reconstructed from dendrochronology, occurred in
1944 or 1923 (depending on site location) [28,32], and the second-to-last ﬁre in 1717 or 1760 [28,32].
These stands have been previously identiﬁed [9] as coniferous old-growth forest patches (with balsam
ﬁr and eastern white cedar) embedded in a matrix of younger deciduous forests (with trembling aspen
or white birch).
From the palaeoecological reconstruction of ﬁre activity based on radiocarbon dating of
macroscopic soil charcoal peaks in stratigraphic sections sampled from these post-ﬁre residual
patches [9], eight of the 13 patches were identiﬁed as ﬁre refuges that had escaped two or more
consecutive ﬁres (1923 or 1944 and 1760 or 1717). The ﬁve other patches only escaped the most recent
ﬁre (1923 or 1944). These were therefore recorded as transient residual patches (Table 1), not used in
this study focusing on refuges, and therefore considered as regular coniferous stands thereafter.

295

Forests 2016, 7, 246

Table 1. Characteristics of the eight sampled ﬁre refuges.
Stand Type

Organic Matter Thickness (cm)

Slope (◦ )

Refuge
Refuge
Refuge
Refuge
Refuge
Refuge
Refuge
Refuge

49
50.5
98
9
59
149
25
11

0
0
0
3
1
2
0
4

2.3. Field Sampling
Stand composition, structure, and fuel loads were measured in each ﬁre refuge according to the
sampling design set by Hély et al. [33], along and in the vicinity of a single 30-m sided equilateral
triangle [34]. The same stand sampling methodologies were used to avoid false signiﬁcant differences in
fuel or structures between ﬁre refuges and other matrix stands (previously sampled by Hély et al. [33])
due to changes in sampling method. In each stand, forest structure and canopy characteristics
(tree species and diameter at breast height, total height, and canopy base height) were therefore
estimated from 24 trees (12 dominant and 12 suppressed) that were selected in the triangle vicinity
based on the point-centered quadrant method [34].
Loads of all fuel types deﬁned in the BehavePlus system [22] were measured within each stand
along or apart from the triangle sides depending on fuel type [33]. Woody debris from the three
American time-lag classes, representative of desiccation times (1 h, 10 h, and 100 h time lags) and
corresponding approximately to diameters <0.6 cm, 0.6–2.5, cm and 2.7–7.6 cm, respectively [22],
were measured using the line intersect method [35,36]. The same species coefﬁcients and equations as
in Hély et al. [37] were used to estimate fuel loads from twig and branch numbers as they had been
adapted to the boreal mixedwood forest. Shrub and herbaceous loads were measured in six 1-m2
quadrats [38], evenly spaced along the 90-m triangle transect. Shrub loads were estimated from basal
stem diameter measurements using species dry weight-basal diameter relationships set from shrub
samples previously collected in the Duparquet area [39–41]. Herbs were collected to obtain oven-dried
weight. Litter and duff layer depths were measured in six quadrats (25 cm × 25 cm) and total litter
and duff material was separately collected to obtain oven-dried weights.
Stand characteristics of young (deciduous), intermediate (mixed), and old (coniferous) stands
representative of the mixedwood boreal forest matrix of the studied landscape were obtained from
Hély [42]. They were merged to the stand characteristics of ﬁre refuges (Table 2) sampled in the present
study to create a stand fuel load dataset to be applied to the ecoforestry map polygons (Figure 1).
The few Pinus banksiana stands present in the landscape were classiﬁed separately, as these stands
represent young but not deciduous stands and were not considered in the analyses.
Table 2. Mean fuel bed depth and loads of each fuel type composing mixedwood boreal forest stand
types for BehavePlus and FlamMap3 models.
Fuel Type/Stand
Type

Fuel Bed
Depth (cm)

Litter
Load

1 h Fuel Load
(t/ha)

10 h Fuel Load
(t/ha)

100 h Fuel
Load (t/ha)

Broadleaved
Mixed
Coniferous
Fire refuges

3
4.7
10.2
10.2

4
4.6
4.5
6.9

0.06
0.1
0.3
0.26

1.2
1.2
2.1
0.24

0.8
1
2.9
3.1

2.4. Weather Data and Associated Fuel Moisture Scenarios
To simulate ﬁre ignition and early ﬁre behavior under different weather conditions, two ﬁre
weather indices from the Canadian Fire Weather system [43] were selected. They represent moderate
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and high ﬁre danger (Fire Weather Index (FWI) = 5 and 15, respectively), as used by the SOPFEU
(Quebec Society for the protection of forests against ﬁre) in the studied region. Two days representative
of each ﬁre danger were used in order to take into account wind or dry air effects and to partially
capture intrinsic weather variability (Table 3).
Table 3. Details of the ﬁre weather indices [33].
FWI

Scenario

Wind Speed (km/h)

FFMC

ISI

BUI

Moderate (5)

1
2

9
9

87.4
72.4

4.6
1.1

11.5
76.7

High (15)

3
4

22
5

89
86.8

11.5
3.4

15.1
92.5

Note: FFMC, Fine Fuel Moisture Content, which is a numerical rating of the moisture content of litter and
other cured ﬁne fuels. This code is an indicator of the relative ease of ignition and ﬂammability of ﬁne fuel.
ISI, Initial Spread Index, which is a rating of the expected rate of ﬁre spread. It combines the effects of wind
and FFMC on rate of spread without the inﬂuence of fuel quantity. BUI, Buildup index, which is a numerical
rating of the total amount of fuel available for combustion. FWI, Fire Weather Index, which is a rating of ﬁre
intensity that combines ISI and BUI. It is suitable as a general index of ﬁre danger throughout the forested areas
of Canada [44].

These weather characteristics were transformed into fuel moisture content, based on the range
of values from scenarios provided by BehavePlus (Table 4). The ﬁne fuel moisture content (FFMC),
duff moisture code (DMC), and drought code (DC) of the Canadian Fire Weather Index [43] were
assumed to match with 1 h, 10 h, and 100 h moisture contents, respectively, used in both BehavePlus
and FlamMap3 ﬁre models, knowing that dead fuel moisture of extinction (maximum fuel moisture
content, which limits ﬁre propagation) is usually set at 30% in BehavePlus. For the calibration process,
all stands (broadleaved, mixed, coniferous, and ﬁre refuge stands) were attributed the same water
content (1 h, 10 h, and 100 h moistures). Wind direction used in the FlamMap3 model corresponded to
the main wind direction (from the south-southwest) over the studied area and is representative of the
ﬁre-season wind [45].
Table 4. Fuel moisture scenarios for BehavePlus and FlamMap3 models.
FWI

Scenario

Wind Speed (km/h)

1-h

10-h

100-h

Moderate (5)

1
2

9
9

8
10

13
10

14
11

High (15)

3
4

22
5

8
6

13
7

14
8

2.5. Parameterization of Fuel Models at the Stand Level
First, the FBP model was used under the four different weather conditions (Table 3) in order
to determine ﬁre behavior variability for each stand type in the landscape mosaic. The FBP System
is indeed regarded as producing good predictions of ﬁre behavior when compared to natural or
experimental ﬁre records [46–48].
Slope and elevation were maintained constant (0◦ and 300 m above sea-level, respectively) in FBP
and BehavePlus runs to ease comparison and because the study area has an overall ﬂat topography.
In the FBP model, stand types are characterized by tree species composition and density, and fuels are
qualitatively described [20]. Fire behavior variables (e.g., rate of spread (ROS) and head ﬁre intensity
(HFI)) are predicted from empirical relationships computed from many ﬁre measurements recorded
during both wildﬁres and experimental ﬁres, and covering a large range of weather conditions [49].
Moreover, different ﬁre behavior relationships exist for spring (without leaves) and summer (with
leaves) stand types that include broadleaved species. Spring ﬁre behavior relationships were selected,
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because springs sustain faster and more intense ﬁres than summers [33,50]. Spring broadleaved
and mixed fuel types (i.e., Dl and Ml, respectively) were therefore chosen, as they were deemed
representative of the present boreal mixedwood forest mosaic. The coniferous percentage was increased
in M1 stands to age stands toward late successional states dominated by coniferous trees.
The second methodological step involved the BehavePlus model. BehavePlus is a non-spatially
explicit deterministic model based on the physical properties and combustion properties of fuel types
(see below). The generic fuel model “Moderate load broadleaf litter” available in the BehavePlus
system [23] was used for all stand types, replacing fuel load values (for dead (1 h, 10 h, 100 h time lag)
and living (herbaceous and woody shrubs) fuels, respectively), fuel bed depth, and canopy structure by
those measured in situ (Table 2). Based on the same topographical (slope and elevation) and weather
conditions as for the FBP model, BehavePlus fuel models were calibrated by comparing BehavePlus
simulated rates of spread (ROS ) with those obtained from the FBP. Hély et al. [48] have concluded that
systematically slower ROS were simulated by Behave (earlier version of BehavePlus) as compared to
the ROS simulated by FBP, and that these differences were likely due to the exclusion of the duff layer
in Behave simulations. We addressed and solved this problem by adding the duff load to the 1-h fuel
load. Consequently, the fuel bed depth was also increased in the calibration process until BehavePlus
ROS predictions were in the same range as those from the FBP predictions with still realistic fuel bed
depths in the range of observed values (Table 1).
2.6. Settings for Simulations at the Landscape Level
Spatially explicit ﬁre simulations at the landscape mosaic level were performed using the
FlamMap3 model [24,25]. FlamMap3 is based on BehavePlus fuel models and ﬁre behavior at the
pixel level. FlamMap3 propagates ﬁre from an ignition location (randomly selected or not) through
neighboring pixels over a given simulation time (see below). Potential ﬁre behavior calculations
include surface ROS [51], crown ﬁre initiation [52], and crown ROS [53]. The ignition-propagation
scheme is repeated a given number of times set by the user (with random ignition locations). FlamMap3
provides an output map for each ﬁre behavior variable (e.g., ROS and Head Fire Intensity (HFI)). It also
provides a burn probability map reporting for each pixel the number of times ﬁre went through it
compared to the total number of ignitions.
Slope (◦ ), elevation (m above sea-level), aspect (◦ N), and composition maps for the Lake
Duparquet landscape, including ﬁre refuges, were rasterized (225 m2 spatial resolution, i.e., 15 × 15 m)
using the ArcGIS software to produce Ascii grids required as input data in FlamMap3. A landscape
fuel map was created by applying to the stand composition ecoforestry map the four fuel models
representative of mean broadleaved, mixed, coniferous, and Pinus banksiana stands, respectively. A ﬁfth
fuel model, representative of mean fuel conditions measured in ﬁre refuges, was speciﬁcally deﬁned
and projected on the ﬁre refuge locations. Water bodies and recently logged stands were represented
as a generic non-fuel model and considered as ﬁrebreaks. Moreover, as for BehavePlus at the stand
level, for each fuel model (stand type), fuel load (kg/ha) (Table 2), canopy cover (%), tree height (m),
crown bulk density (kg/m3 ), and height-to-live crown base (m) were used to create the FlamMap3
required maps based on stand attributes.
In order to simulate ﬁres, whose size distribution would express the natural variability recorded in
the boreal mixedwood forest [27], four simulation times in FlamMap3 (63, 105, 408, and 4835 min) were
selected, corresponding to the four quartiles (25%, 50%, 75%, 100%) of the ﬁre size distribution (Figure 2)
computed from Quebec public archives (1994–2007) provided by the SOPFEU [54]. Simulation times
were calculated using the mean pixel-based ROS computed from preliminary FlamMap3 output run
over the entire landscape. However, as the smallest simulated ﬁres (63-min ﬁres) could not cross
several pixels or reach ﬁre refuge stands (except when ignition occurred within), results were only
reported for simulations with ﬁres whose size was at least equal to the median archived ﬁre size in
Quebec. Hereafter, the median size ﬁres were called small ﬁres, the 75% size ﬁres were called medium
ﬁres, and the 100% size ﬁres were called large ﬁres.
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Figure 2. Cumulative distribution of area burned (ha) recorded in the boreal mixedwood forest.

2.7. Modeling Experiments
Five modeling experiments were performed to test the effect of different stand characteristics
and their combinations on the occurrence of ﬁre refuges. Each experimental design produced a burn
probability map.
The ﬁrst experiment (Table A1) tested the effect of observed stand attributes (fuel type proportions,
loads, and stand structure) combined with the indirect effect of stand location (the occurrence of
ﬁre breaks in the vicinity, topography). A given fuel moisture scenario was applied to all stands
throughout the landscape. This experiment included a total 120,000 simulations representing 12 runs
of 10,000 ignitions, each run being a combination of one simulation time (over three) and one
weather/moisture scenario (over four) with 10,000 random ignition locations.
The second experiment (Table A1) tested the effect of low occurrence of ﬁre refuges in the
landscape. To proceed, the number of ﬁre refuges was artiﬁcially increased to 800 stands and randomly
placed in the landscape to represent 2% of the forest mosaic area. To save time, computer space, as well
as to keep high computer performance, only 40,000 randomly ignited ﬁres were simulated, based on the
four weather-moisture scenarios and the 408-min simulation time (75th percentile) only. The potential
differences in burn probabilities computed with this second experiment and those extracted from the
previous simulations with ﬁre refuges in their real location but only with the corresponding 408-min
simulation time could be attributed to their low occurrence in the landscape.
The third experiment (Table A1) tested the combined effect of ﬁrebreaks and topography on the
occurrence and persistence of ﬁre refuges. Fire refuges were manually placed in the vicinity of water
bodies and in particular topographical situations (depressions) to test their effect on the probability of
burning. In this experiment, as for the previous one, only 40,000 ﬁre ignitions were performed using
only the 408 min simulation time.
In the fourth experiment (Table A1), the ﬁre refuge microtopography was tested (stand scale), as
the ﬂat macrotopography (landscape scale) was not expected to explain the location of ﬁre refuges.
Indeed, the thick organic matter layer previously measured in most of the ﬁre refuges [9] could
reﬂect the presence of shallow topographical depressions created just after the drainage of Holocene
proglacial lake Obijway-Barlow. These depressions would have been ﬁlled with organic matter during
the Holocene. This assumption comes from the fact that topography at ground surface in ﬁre refuges
did not differ from the surrounding forest matrix while ﬁre refuges had signiﬁcantly thicker organic
matter accumulation [55]. Therefore, in order to reproduce the initial conditions in ﬁre refuges (without
organic matter accumulation), the presence of small depressions was tested by artiﬁcially changing
the altitudinal conditions of ﬁre refuges. As for the two last experiments, only 40,000 new randomly
ignited ﬁres were simulated (with 10,000 per moisture scenario based on the 408 min simulation time).
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Finally, as the thick organic matter in ﬁre refuges has been assimilated to peat [55] and therefore
very moist ground conditions, the ﬁfth experiment (Table A1) tested the effect of fuel moisture on the
probability of burning. To proceed, the moisture content was artiﬁcially increased for ﬁre refuges only,
without exceeding the fuel moisture of extinction, and without changing fuel moisture in the forest
matrix (kept constant for a given weather/moisture scenario as in the other experiments). We ended
with ﬁre refuge fuel moistures of 21%, 24%, and 26% (for 1 h, 10 h, and 100 h dead fuel, respectively).
Once again, only 40,000 randomly ignited ﬁres were simulated based on the median 408 min simulation
time and the four general weather-moisture scenarios used in the other experiments.
2.8. Statistical Analyses
All analyses were performed using the R software [56]. The analyses were performed not directly
on the burn probability output from FlamMap3, but rather on stand propensity to burn as deﬁned
as the ratio of cumulative area burned probability for each stand type (burned proportion) on its
representativeness (stand proportion in the forest mosaic matrix). For a given stand type, a ratio higher
(lower) than 1 highlights a relative propensity to burn or to propagate ﬁre (to escape ﬁre or to slow
down ﬁre spread). This was necessary due to the fact that ﬁre refuges represent only a few stands in
the overall studied landscape and likely are even less abundant in the simulated area burned.
For each modeling experiment, stand type propensities to burn were tested using Chi-square
and contrast tests in order to compare their cumulated burned proportion (observed values) to their
cover representativeness in the forest matrix (theoretical percentage values). Second, we looked for
signiﬁcant differences in burn probabilities among forest stand types (i.e., among fuel model types)
using one-way non-parametric analyses of variance on rank scores (Kruskal-Wallis non-parametric test)
followed by a Tukey multiple comparison test.
Using the simulation dataset from the ﬁrst experiment, we tested the effect of stand attributes
(fuel type proportions, loads, and stand structure) including as well the combined effects of
macro-topography and ﬁrebreak locations (experiment 1). The similar overall response through
weather scenarios and through simulation times helped us in restricting the last four simulation
experiments to the 75 percentile simulation time of 408 min.
The number of ﬁre refuges (experiment 2), their location as compared to ﬁrebreaks (experiment 3),
their maintenance over micro-topographic depression buildup (experiment 4), as well as their fuel
moisture content (experiment 5) were tested using the same statistical approach, but only applied to
the series of 408 min runs with the four fuel moisture scenarios.
3. Results
At the end of the parameterization procedure, ROS predicted by the FBP and BehavePlus systems
were in good agreement (R2 = 0.8), ranging from 0.2 to 9 m/min. A slight overestimation from
BehavePlus in conifer stands was noted, with the heaviest fuel loads under highest ﬁre risk with
windy conditions. This satisfactory agreement between both ﬁre behavior models running at the stand
level conﬁrmed that the BehavePlus model could be adapted to the boreal mixedwood forest if the
fermentation layer (deep litter) was taken into account in fuel load characterization. This adjustment
of fuel load yielded more realistic values for all stand types.
While the large number of iterations (10,000 ﬁre ignitions) for each scenario and experiment almost
always resulted in rejection of the null hypothesis, we chose to interpret only the most signiﬁcant signals
in stand propensity to burn with a special focus on ﬁre refuge type. We also chose to interpret only the
general pattern among stand types in order to evaluate the ecological relevance of the landscape ﬁre
model, discarding minor differences which were difﬁcult to interpret from an ecological standpoint.
Simulation comparisons from the ﬁrst modeling experiment based on actual forest mosaic stand
characteristics (location, number, and fuel types) but with set weather/fuel moisture scenarios, showed,
for each ﬁre size class, that ﬁre refuges seem to have a high propensity to burn (up to 3.46), except for
scenario 4 (Figure 3). Moreover, the relative propensity to burn of ﬁre refuges seems to be higher than
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those of any of the other stand types (Table 5). Between-stand differences decreased with increased ﬁre
danger (scenarios 3 and 4) and ﬁre duration.

ȱ

Figure 3. Propensity of stand types to burn as a function of ﬁre danger (scenarios) and ﬁre duration
(a proxy for small, medium, and large ﬁres based on the 50%, 75%, and 100% quartiles of the burned
area distribution from the 1994–2004 SOPFEU ﬁre database [54]). In each of the twelve panels, we tested
the stand type propensity to burn as compared to its landscape representativeness using Chi-square
and contrast tests. * for signiﬁcant departures from 1 (burning equal to representativeness, dashed line).
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Table 5. Comparisons of burn probabilities among stand types, based on actual mosaic composition
and spatial arrangement, as a function of ﬁre danger (weather/fuel moisture scenarios) and ﬁre
duration (a proxy for small, medium, and large ﬁres based on the 50%, 75%, and 100% quartiles of the
burned area distribution from the 1994–2004 SOPFEU ﬁre database [54]). Signiﬁcant differences from
Kruskal-Wallis and Tukey tests (with p < 0.05) are represented by different letters.
Fire Duration (Quartile of
the Quebec Fire Size
Distribution)

Scenario
(Weather)

Broadleaved
Stands

Mixedwood
Stands

105 min (50%)

1
2
3
4

d
c
d
d

c
b
c
c

b
a
b
a

a
a
a
b

408 min (75%)

1
2
3
4

d
d
d
c

c
c
c
b

b
b
b
a

a
a
a
b

4835 min (100%)

1
2
3
4

b
c
d
d

a
b
c
b

a
b
b
c

a
a
a
a

Coniferous
Stands

Refuge
Stands

The ﬁfth modeling experiment (Figure 4, Table 6), testing the effect of very moist fuels in ﬁre
refuges compared to other stands, was the only experiment that systematically showed signiﬁcant
reduction in ﬁre refuge propensity to burn through all ﬁre danger scenarios (Figure 4, right panel).
The reduction was so strong that the ﬁre refuge propensity to burn shifted to a propensity not to burn
(ratio < 1) and ﬁre refuge stands were systematically ranked in third position, just above deciduous
stands but below mixed and coniferous stands. For all other modeling experiments, propensity to
burn generally increased from broadleaved to coniferous stands, and those from ﬁre refuges were
among the highest (Figure 4, ﬁrst three columns and Table 6). Differences in propensity to burn of ﬁre
refuges compared to those from their actual locations (second experiment in Figure 4 versus Figure 3)
were likely due to the random ignition effect.
Table 6. Comparisons of burn probabilities among stand types as a function of experiments using only
the medium ﬁre duration (408 min runs) representing the 75% quartile of the burned area distribution
from the 1994–2004 SOPFEU ﬁre database [54]. Signiﬁcant differences from Kruskal-Wallis and Tukey
tests (with p < 0.05) among stand types are represented by different letters.
Experiment

Scenario
(Weather)

Broadleaved
Stands

Mixedwood
Stands

Coniferous
Stands

Refuge
Stands

Number of
refuges

1
2
3
4

d
d
d
d

c
c
c
c

b
b
a
a

a
a
b
b

Topography
and ﬁrebreaks

1
2
3
4

d
d
b
d

c
c
c
c

b
a
d
a

a
b
a
b

Small
depression

1
2
3
4

d
d
d
c

c
c
c
b

b
b
b
a

a
a
a
b

High fuel
moisture

1
2
3
4

d
c
d
d

b
b
b
b

a
a
a
a

c
c
c
c
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Number of fire refuges experiment

Topography-firebreaks experiment

Small depression experiment

Higher fire refuge fuel moisture experiment

Figure 4. Propensity of stand types to burn as a function of experiments using only the medium
ﬁre duration (408 min runs) representing the 75% quartile of the burned area distribution from the
1994–2004 SOPFEU ﬁre database [54]. In each of the twelve panels, we tested the stand type propensity
to burn as compared to its landscape representativeness using Chi-square and contrast tests. * for
signiﬁcant departures from 1 (burning equal to representativeness dashed line). The propensity to
burn of ﬁre refuges in scenarios 1 and 3 of the topography-ﬁrebreak experiment reached the value of 8
(although we topped the y-axis at 4 to ease readability).
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4. Discussion
Results from the present study are based on a large number of ﬁre behavior simulations at the
landscape level, combining different ﬁre sizes and weather/moisture scenarios, and testing different
environmental factors possibly explaining the occurrence of ﬁre refuges, a peculiar type of post-ﬁre
residual patches [18,33,57,58]. Moreover, due to the inﬂuence of environmental features such as ﬁre
severity, location in the landscape, and fuel characteristics, ﬁre refuges, unlike other transient residual
patches, are assumed to not be randomly distributed [59].
Although the large number of ﬁre ignitions almost systematically pushed the statistical
interpretation toward rejection of the null hypothesis, we clearly and logically found an increase
in propensity to burn from broadleaved to coniferous stands, suggesting that FlamMap3 is an
efﬁcient model to study the relationship between vegetation and ﬁre in the mixedwood boreal forest.
Our analysis also suggests that stand ﬁre hazard increases through the successional sequence in canopy
tree species replacement [33]. This increase in propensity to burn only results here from differential fuel
load accumulation and fuel spatial arrangement (input in FlamMap3) [27,33], but not from changes in
surface fuel quality (composition) since it has not been directly considered as input in the FlamMap
system. The late successional coniferous forest stands accumulate fuels, leading to increased forest
combustibility known as build-up [4,60,61]. This trend was conﬁrmed in most simulation results
except for three simulations whose patterns could only be explained by the randomness of ignition
locations (Figure 4), which were likely overrepresented in some types (broadleaved, refuges, or even
in water bodies and human disturbed areas).
A second logical result from the real forest mosaic composition (i.e., stand proportions) was the
effect of weather conditions, which induced a decrease in stand propensity to burn with increasing ﬁre
weather risk, as well as with increasing ﬁre duration (i.e., ﬁre size). Indeed, both changes allowed ﬁres
to spread more easily and therefore increased the probability to reach many stand types.
Regarding the main objective of the present study, we showed that ﬁre refuges in the eastern
Canadian mixedwood boreal forest burned more than the surrounding forest matrix when fuel
moisture per fuel type (1 h, 10 h, 100 h, litter, and live fuels, respectively) was held constant throughout
the landscape. From this ﬁrst analysis, it is clear that in their current location, the association of
fuel types and loads, topography at ground level, and ﬁrebreaks in their vicinity cannot explain the
presence of ﬁre refuges nor their spatial distribution in the forest mosaic. This was conﬁrmed by the
results of the second experiment with more numerous ﬁre refuges randomly located in the landscape,
as ﬁre refuges maintained a higher propensity to burn than the surrounding forest matrix. Hence, ﬁre
refuges in the Lake Duparquet area actually present fuel characteristics favorable to ﬁre ignition and
ﬁre spread in terms of shape, size, density, loading, chemical properties, and spatial conﬁguration [62],
but not moisture.
Similarly, our results excluded the predominant effects of ﬁrebreaks and topography in the
occurrence of refuges based on the ﬁrst, third, and the fourth modeling experiments. This result
contrasts with those from previous studies explaining that the spatial occurrence of post-ﬁre residual
stands was inﬂuenced by ﬁrebreaks, such as rock outcrops and water bodies, which disrupt horizontal
fuel continuity, thus preventing ﬁre propagation [3,17,18,55]. Despite the relatively high proportion of
water bodies in the study area, their role as ﬁrebreaks does not seem to explain the lower propensity
to burn of ﬁre refuges. However, this study cannot exclude the effect of ﬁrebreaks on other residual
patches (transient residual patches) in the landscape [63]. Indeed, the role of lakes intercepting and
stopping ﬁre spread more likely depends on wind direction during ﬁre and on ignition location in the
landscape in comparison with residual patches location. The importance of protected topographical
positions was also reported as an important factor in interior forests of eastern Washington [64] and
south central Wyoming [65], where old forests are found. The generally ﬂat topography in our study
area as compared to the abovementioned regions likely explains why no link between the occurrence
of ﬁre refuges and landforms was found here. Moreover, while we tested for the presence of Holocene
small depressions as initial conditions favorable to ﬁre refuge creation, they appeared to have no
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negative effect on ﬁre behavior and therefore cannot fully explain the occurrence of these persistent
unburned stands in the landscape. However, ﬁre refuges burned less than other stand types (except
pure broadleaved stands) when they were assigned higher fuel moisture content in the simulations
as observed and measured in the ﬁeld. Because ﬁre refuges escaped multiple stand-replacing ﬁres
that have occurred in the surrounding forest matrix, high fuel moisture appears to be the critical
factor reducing ﬁre intensity, as also reported in previous studies [63,66]. Moreover, it is worth
noting that under past extreme ﬁre weather conditions, even ﬁre refuges sometimes have burned [9].
Beyond weather condition, fuel moisture is usually related to topography and aspect [67]. The aspect
determines the solar-ﬂux (cool, wet north and east facing aspects) and can impact soil moisture, which
has important inﬂuences on ﬁre behavior [48,68,69]. In the present study, due to the ﬂat topography,
the high moisture content of the litter in ﬁre refuges seems to be rather related to the indirect effect of
shallow depressions that have been ﬁlled with organic matter though time (centuries to millennia [9]),
in which water tends to accumulate and peat to develop.
While the results of this study seem to be in accordance with palaeoecological analyses performed
in situ, comparisons with other studies or regions are difﬁcult. First, differences between ﬁre refuges
and other transient residual patches have never been tested before. Second, the role of ﬁrebreaks and
topography can vary regionally based on the macro- and micro-topography of the study area. Therefore,
to understand the general pattern of ﬁre refuge occurrences in a given landscape, more investigations
are needed locally to take into account the present day mosaic speciﬁcities and potential past changes
as revealed by palaeoecological analyses. Hence, given the potential importance of ﬁre refuges in the
landscape (biodiversity hot spots [10,11]), they should be subjected to special conservation efforts.
5. Conclusions
To conclude, fuel moisture content appears to be the most important factor inﬂuencing the
distribution of ﬁre refuges at the landscape scale in the Eastern Canadian mixedwood boreal forest
where topography on clay belt is relatively ﬂat. This result is in good agreement with palaeoecological
analyses performed in the same stands, which showed the occurrence of aquatic taxa and moisture
tolerant tree species in ﬁre refuges [70]. Hence, ﬁre refuges could be considered as “soaked powder
kegs”, having well enough fuel to burn, but too much humidity. As dryer climate conditions are
expected in the northeastern North American boreal forest over the next decades [71], ﬁre conditions
leading to the burning of ﬁre refuges could become more frequent. Simulation studies using various
climate change scenarios are necessary to evaluate potential effects on the persistence of ﬁre refuges.
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Appendix A. Experiments of the Study
Table A1. Recapitulative table of the different experiments as a function of weather conditions (scenarios).
Fire Duration
(Fire Size Distribution)

Wind Speed

Fuel Moisture

Refuge
Abundance

50%

Moderate
Moderate
High
Low

Moderate
High
Moderate
Low

As in the ﬁeld
As in the ﬁeld
As in the ﬁeld
As in the ﬁeld

75%

Moderate
Moderate
High
Low

Moderate
High
Moderate
Low

As in the ﬁeld
As in the ﬁeld
As in the ﬁeld
As in the ﬁeld

Fuel and refuge
location

100%

Moderate
Moderate
High
Low

Moderate
High
Moderate
Low

As in the ﬁeld
As in the ﬁeld
As in the ﬁeld
As in the ﬁeld

Number of ﬁre
refuges

75%

Moderate
Moderate
High
Low

Moderate
High
Moderate
Low

800
800
800
800

Topography and
ﬁrebreaks

75%

Moderate
Moderate
High
Low

Moderate
High
Moderate
Low

As in the ﬁeld
As in the ﬁeld
As in the ﬁeld
As in the ﬁeld

Small depression

75%

Moderate
Moderate
High
Low

Moderate
High
Moderate
Low

As in the ﬁeld
As in the ﬁeld
As in the ﬁeld
As in the ﬁeld

High fuel
moisture

75%

Moderate
Moderate
High
Low

Moderate
High
Moderate
Low

As in the ﬁeld
As in the ﬁeld
As in the ﬁeld
As in the ﬁeld

Experiment

Fuel and refuge
location

Fuel and refuge
location
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Abstract: Interior Douglas-ﬁr is a prevalent forest type throughout the central Rocky Mountains.
Past management actions, speciﬁcally ﬁre suppression, have led to an expansion of this forest
type. Although Douglas-ﬁr forests cover a broad geographic range, few studies have described the
interactive effects of various disturbance agents on forest health conditions. In this paper, we review
pertinent literature describing the roles, linkages, and mechanisms by which disturbances, including
insect outbreaks, pathogens, ﬁre, and other abiotic factors, affect the development, structure, and
distribution of interior montane forests primarily comprised of Douglas-ﬁr. We also discuss how these
effects may inﬂuence important resource values such as water, biodiversity, wildlife habitat, timber,
and recreation. Finally, we identify gaps where further research may increase our understanding of
these disturbance agents, their interacting roles, and how they inﬂuence long-term forest health.
Keywords: interior Douglas-ﬁr forest; Douglas-ﬁr beetle; western spruce budworm; disturbance;
forest health; mixed-severity ﬁre

1. Introduction
Disturbances exert strong inﬂuences over forest development and are expressed on a wide range
of temporal and spatial scales [1–3]. Over the past century land management practices including timber
harvesting, livestock grazing, and ﬁre suppression have greatly altered disturbance regimes across the
western USA. In mixed conifer forests the consequences have been increased tree densities, unnatural
fuel accumulations and the expansion of ﬁre-intolerant species (Figure 1) [4,5]. Particularly, this is the
case where stand conditions are dissimilar to ﬁre-adapted forests that historically had short-interval,
low-severity surface ﬁre regimes (e.g., ponderosa pine Pinus ponderosa Laws.) [6,7].
For example, the absence of frequent surface ﬁres in some locations allowed for the expansion of
shade-tolerant white-ﬁr (Abies concolor Lindl.) and interior Douglas-ﬁr (Pseudotsuga menziesii var. glauca
Mirb. Franco) into open ponderosa pine stands. These species now form dense understories, effectively
lowering canopy base heights, increasing ladder fuels, and elevating the hazard of high-severity
ﬁres [6,8].
Logging activities, including widespread clear-cutting during the 19th and early 20th century,
throughout the interior west also created landscapes comprised of forests similar in size and age [9].
These forests are now reaching maturity, resulting in stands which are now suitable habitats for
bark beetles [10]. In addition, warmer climate conditions favoring bark beetle success have led to an
expansion of recent outbreaks, which have increased in severity and hectares infested [11,12]. A rise in
bark beetle activity since the early 1990s has occurred across a range of forest types from low-elevation
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pinyon pine (Pinus edulis Engelm.) [13,14] to upper-elevation lodgepole pine (Pinus contorta Dougl. var.
latifolia Engelm.) [15,16] and Engelmann spruce (Picea engelmannii Parry ex Engelm.) forests [17,18].
In interior Douglas-ﬁr forests, the primary insect pest is the Douglas-ﬁr beetle (DFB; Dendroctonus
pseudotsugae Hopkins, Curculionidae: Scolytinae), which utilizes Douglas-ﬁr exclusively [19,20].

ȱ
Figure 1. Increased dead and down fuel following windthrow and Douglas-ﬁr beetle colonization in a
mixed conifer forest in the Dixie National Forest, Utah, USA (Photo: A. Giunta).

Since the implementation of the Forest Ecosystems and Atmospheric Research Act of 1988 [21]
and the Healthy Forest Restoration Act of 2003 [22], studies investigating the roles of both natural and
anthropogenic disturbances on forest health degradation and associated impacts on wildlife habitat,
timber production, water quality, recreation, aesthetics, grazing, and biodiversity have increased [23,24].
More recently, interest has grown in understanding how multiple and different disturbances will
interact and affect a landscape [25]. In the Rocky Mountains, multiple studies on the interactive effects
of ﬁre and insects have been conducted with an emphasis in subalpine spruce-ﬁr forests [26–30].
The complexity of the interactions between multiple disturbance agents in interior Douglas-ﬁr
forests and subsequent forest health effects has not readily been quantiﬁed or assessed. Thus, from
a management perspective, it is important to understand how the potential interactions of multiple
disturbances affect ecosystem patterns and processes, and how these in turn affect the vulnerability
and susceptibility of forests within ecosystems to subsequent disturbances [31].
In this paper, we used the published literature to construct a synthesis of disturbance agents
that primarily regulate vegetative dynamics within interior Douglas-ﬁr forests in the central Rocky
Mountains. These disturbances include DFB, western spruce budworm (WSBW; Choristoneura freeman
Freeman, Lepidoptera: Tortricidae) and Douglas-ﬁr dwarf mistletoe (Arceuthobium douglasii Engelm.).
We focus on how the interactions of these disturbance agents inﬂuence the distribution, development,
structure and health of interior Douglas-ﬁr forests within the central Rocky Mountains. We start with
a discussion of interior Douglas-ﬁr forest ecology and the effects of abiotic disturbance agents: ﬁre,
wind, snow avalanches, and their effects on these forests. We then discuss the role of biotic agents
including DFB, WSBW, Douglas-ﬁr dwarf mistletoe, root diseases, and anthropogenic inﬂuences (e.g.,
ﬁre management, logging) and how each affects the health of these forests and their role as inciting
agents to other disturbances. Finally, we identify gaps in our understanding of these agents, their
interactions, and their relationship to managing forest health. This information is designed to assist
land managers with making ecologically-based decisions and devising appropriate strategies for
long-term management of interior Douglas-ﬁr forests.
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2. Interior Douglas-Fir Forests
The composition and structure of interior Douglas-ﬁr forests are rich and diverse due to the
inﬂuences of a unique suite of biogeoclimatic, genetic, and disturbance factors [32]. The complex
plant community assemblages in these forests can also be attributed in part to the broad ecological
amplitude of the dominant overstory species Douglas-ﬁr, which is one of the most widely distributed
conifers in western North America [33–35] (Figure 2).

ȱ
Figure 2. Geographical distribution of coastal Douglas-ﬁr (Pseudotsuga menziesii var. menziesii) outlined
in green, and interior Douglas-ﬁr outlined in blue. Digital representation from, [36].

Douglas-ﬁr is highly adaptive to an array of site conditions that range across xeric to mesic
gradients [35,37]. The geographic extent of the interior variety of this species extends from north-central
British Columbia (55˝ N) to central Mexico (19˝ N) and is well established across an elevation range
between 580 and 3500 m [38,39]. Throughout this range, climate and soil largely inﬂuence the site
conditions of where this species will grow [40]. At southern latitudes, interior Douglas-ﬁr distribution
is limited by moisture availability, and is often restricted to north slopes at middle to high elevations
in predominantly mesic sites [41,42]. For example, in the Santa Catalina Mountains of Arizona,
Douglas-ﬁr is the dominant conifer species above 2450 m [43].
In the northern portion of its range, the majority of the precipitation falls as snow, while
in its southern distribution within the US (southern Utah, Arizona, New Mexico), precipitation
is most abundant during the growing season, due to the inﬂuence of monsoonal moisture [44].
At northern latitudes, its growth is inﬂuenced by the length of the growing season and limited
by cold temperatures [45]. The overall climate experienced by interior Douglas-ﬁr throughout the
central Rocky Mountains is characterized as a continental climate consisting of long, cold winters and
hot, dry summers.
Unlike coastal Douglas-ﬁr which is considered moderately shade-intolerant and is succeeded by
more shade-tolerant western hemlock (Tsuga heterophylla Raf. Sarg.) and western red cedar (Thuja plicata
Donn ex. D. Don), interior Douglas-ﬁr is considered fairly shade-tolerant and is generally considered a
climax species [46].
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In the central Rocky Mountains, interior Douglas-ﬁr is largely distributed within the mid-elevation
montane zone which ranges between 900 and 1500 m [45]. In the overlapping montane and subalpine
zones, Douglas-ﬁr intermixes with spruce-ﬁr forests dominated by subalpine-ﬁr (Abies lasiocarpa Hook.
Nutt.) and Engelmann spruce, with scattered pockets of limber pine (Pinus ﬂexilis James) and Great
Basin bristlecone pine (Pinus longaeva Bailey). At mid-elevations, Douglas-ﬁr occurs with lodgepole
pine and white ﬁr [47,48]. At the lower end of its elevation range, Douglas-ﬁr is often dispersed with
ponderosa pine and woodlands comprised of piñon pine (Pinus edulis Engelm.), juniper (Juniperus spp.),
bigtooth maple (Acer grandidentatum Nutt.), and Gambel oak (Quercus gambelii Nutt.) [49]. Common
understory associates include ninebark (Physocarpus malvaceus Greene, Kuntze), mountain snowberry
(Symphoricarpos oreophilus A. Gray) [50,51], chokecherry (Prunus virginiana L.), big sagebrush (Artemisia
tridentata Nutt.), serviceberry (Amelanchier alnifolia Medik.), and currants (Ribes spp.) [47,51,52].
Commercially, interior Douglas-ﬁr forests are an important resource for the forest products
industry, providing lumber, plywood, house logs, and fuel wood [40,53]. Interior Douglas-ﬁr forest
communities also provide a critical wildlife habitat for a variety of bird species. These include
Ruby Crowned Kinglets (Regulus calendula), Evening Grosbeaks (Coccothraustes vespertinus), Western
Flycatchers (Empidonax occidentalis), and Northern Goshawks (Accipiter gentilis), which require habitats
associated with mature forests [53,54].
3. Abiotic Disturbance Agents
3.1. Fire
Wildﬁres are one of the most important disturbance agents strongly inﬂuencing vegetative
patterns across North America [55–57]. The effects of ﬁre over a landscape are measured using a
multitude of parameters including frequency, intensity, severity, and the spatial and temporal extent
of a burn [58–61]. Collectively, these measures constitute the basis for describing an environments’
ﬁre regime [62]. The most common method for classifying a ﬁre regime is through a severity index
which qualitatively describes how ﬁre intensity affects an ecosystem, and is often related to the amount
of biomass lost above and below ground [63]. High-severity ﬁre regimes are characterized as those
where ﬁre transitions from surface fuels into the crowns of trees, consuming a majority of overstory
vegetation [59]. Fire of this type is termed crowning when the ﬁre is actively spreading from tree
crown to tree crown [64,65]. In contrast, low-severity ﬁre regimes are typiﬁed by frequent (4–30 year)
low-intensity ﬁres where surface fuels, including litter, moss, and herbaceous material, are charred or
consumed while overstory canopy is minimally damaged or killed [63].
Interior Douglas-ﬁr forests including those mixed with ponderosa pine throughout the central
Rocky Mountains are characterized by a mixed-severity ﬁre regime [37,66], one of the most complex
and under-studied ﬁre regimes in the western US [67,68]. Under this classiﬁcation, forest stands
experience natural ﬁres across severity levels that range from low to medium to high [35], and with a
variable ﬁre return interval between 30 and 100 years [69]. The complexity of the ﬁre regime is driven
by the combined inﬂuence of both frequent low-severity surface ﬁres and infrequent high-severity
stand-replacing ﬁres that create forest stand mosaics across the landscape varying in tree age and
density [70–72]. Throughout the central Rocky Mountains, two prominent mixed conifer forest
types dominate the landscape. The warm-dry type experiences more frequent non-lethal ﬁres, and
the cool-moist type experiences infrequent lethal ﬁres that create even-age patches [73]. Overall,
“individual mixed-severity ﬁres typically leave a patchy, erratic pattern of mortality on the landscape,
which fosters development of highly diverse communities” [69] (p. 226).
3.1.1. Direct Fire Effects
The direct effect of ﬁre leads to either instantaneous tree mortality during initial ﬁre passage,
or delayed mortality resulting from severe injury through damage to foliage, cambium, ﬁne roots,
and conductive tissues, affecting physiological processes which are important for tree growth and
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development [74,75]. In the forest canopy, two types of crown damage determine the likelihood of
ﬁre-induced tree mortality. These include crown scorch, where the foliage is killed by hot gases above
the ﬂames, and crown consumption, where foliage and occasionally small twigs directly support
combustion [76]. Two important parameters for predicting post-ﬁre tree mortality associated with
crown scorch include crown scorch volume and crown scorch height. Crown scorch volume is
measured as the percent of the crown scorched [77–79] and crown scorch height is the level where
heat is lethal to living foliage [76]. Scorch height is dependent upon ﬁreline intensity, wind speed,
and air temperature. The physiological effects of crown scorch can lead to a decrease in carbohydrate
production, further weakening a tree’s response to stress and lowering its resistance to insects, drought,
and other disturbances [80].
Heat-induced damage to tree boles can also affect a tree’s likelihood of survival after a
wildﬁre [80,81]. Bole charring resulting in cambial death is dependent upon both the amount of
heat received by a tree and the insulating capacity of the bark [81]. Older, large-diameter trees tend
to have thicker bark with a greater capacity for absorbing heat, thus providing greater resistance to
injury [82,83]. Bark of mature Douglas-ﬁr is often comprised of a high percentage of cork, which can
aid in the thermal diffusion of heat [81]. Douglas-ﬁr stands with a greater proportion of large-diameter
trees are likely to survive low-intensity ﬁres. In the event bole scorch does not produce a fatal response
through cambial injury, partial basal girdling and root damage may lead to moisture stress and reduced
resistance to insects and diseases [79,84].
Sustained smoldering combustion of litter, duff, or downed woody material within surface and
ground fuel layers can lead to root injury and mortality. Soil temperature, soil moisture, root spatial
distribution, heat residence time, and fuel loading greatly inﬂuence the degree of root damage during a
burn [75,85]. Temperatures as low as 48–60 ˝ C have been attributed to root desiccation or death [86,87].
Swezy and Agee [88] found that prescribed surface ﬁres in ponderosa pine stands in Oregon, USA ,
led to lethal temperatures (greater than 60 ˝ C) that penetrated ﬁve centimeters in soil depth, affecting
the greatest concentration of ﬁne root mass (1–2 cm diameter). Other studies also concluded that
both low- and high-severity burns reduce overall ﬁne root mass [89,90]. Although these studies were
conducted in ponderosa pine stands, interior Douglas-ﬁr have shallow lateral roots that are also
susceptible to ﬁre damage [91]. Loss of root biomass can have signiﬁcant implications for decreased
essential nutrients and water, and can increase stress and susceptibility of affected stands to insects
and diseases [92,93]. Furthermore, root systems anchor soil to prevent erosion, and a reduction or loss
of root systems can increase runoff [94].
3.1.2. Indirect Fire Effects
Beyond direct mortality and consumption of forest biomass, ﬁre can have many indirect effects
on interior Douglas-ﬁr forests. The disparity in ﬁre severity is related to site inﬂuences including
topography, aspect, and fuel loading [95], and will create unique fuel complexes in each stand
inﬂuenced by microsite temperature, precipitation, fuel moisture content, stand densities, and the
presence or absence of ladder fuels [96,97]. Variable ﬁre intensities within the mixed-severity regime
drive the composition of forests comprised of seral, ﬁre-dependent species and mature ﬁre-resistant
species forming multistoried, mixed-aged stands [69,98]. At a landscape scale, even-age forest
structures are most common where stand-replacing ﬁres are prevalent, and between these even-age
patches are mixed-aged stands where frequent surface ﬁres are dominant [99].
Human activities during Euro-American settlement in the western US altered ﬁre regimes in
interior Douglas-ﬁr forests. Throughout the past century, ﬁre suppression actions stemming from ﬁre
exclusion policies dating back to the early 20th century have reshaped the landscape. These actions led
to extended ﬁre-free periods in montane forests which have allowed understory conifers to develop in
formerly open stands [100] (Figure 3).
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ȱ
Figure 3. (A) Dense regeneration of white-ﬁr and interior Douglas-ﬁr saplings in the understory of an
unmanaged interior Douglas-ﬁr stand in the Dixie National Forest, Utah, USA (Photo A: A. Giunta);
(B) A managed interior Douglas-ﬁr stand in the Ashley National Forest, Utah, USA (Photo B: D. Malesky,
USDA Forest Service, Forest Health Protection, Ogden, UT, USA).

In a ﬁre reconstruction study in southwestern Montana, an increase in Douglas-ﬁr density
within grassland-sage communities coincided with the exclusion of surface ﬁres due to anthropogenic
inﬂuences starting in the mid-1880s [101]. The escalation in understory conifer growth has contributed
to an increase in ladder fuels, providing a mechanism for the transition of surface ﬁres into forest
canopies, increasing the potential for crowning and the occurrence of high-severity, stand-replacing
ﬁres [69]. Fire exclusion–induced changes in forest composition, structure, and fuel loads affect interior
Douglas-ﬁr stands and may alter historic low-severity ﬁre regimes [102]. Episodic droughts coupled
with dense canopy cover, close intercrown distances and large fuel accumulations create environments
that are conducive to extreme ﬁre weather favoring the initiation and spread of crown ﬁres.
3.2. Additional Abiotic Disturbances
Wind and snow avalanches are two additional natural disturbance agents that inﬂuence forest
composition, structure, and forest soils [103–106]. Primary effects of wind include damage and
breakage to the tops of crowns, branch breakage, uprooting, and snapping of trees [107]. Wind events
can create canopy gaps that vary in size from a few individual trees to landscape scale (hundreds of
hectares) [108]. Gap openings increase available light used by surrounding trees for increased growth,
or beneﬁt suppressed trees in the understory [105]. Furthermore, windthrown trees create, “suitable
bark beetle habitat, increase fuel loads, and limit mobility of wildlife and forest recreationists” [109]
(p. 446). Uprooted trees also expose soil and creates heterogeneity in soil properties [110].
Forest snow avalanches are typically small in size, but large infrequent events can be
destructive [111]. Avalanche paths form where there is an abundance of snowfall through natural
storm deposition or wind transport in steep terrain (greater than 30˝ slope angles), allowing for the
release and acceleration of a snowslide [112,113]. Much like wind, snow avalanches affect forests
through the breakage of stems and branches, uprooting, and the creation of severe wounds on the
uphill side of trees [114–116]. Large infrequent avalanches often kill overstory trees with little impact
on regeneration and can create a rapid buildup of large, coarse, woody material that gets deposited
throughout an avalanche run-out zone [117–119].
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Although these two disturbance agents are most closely associated with subalpine and tree line
forest zones [120,121], wind events and avalanches do at times affect the interior Douglas-ﬁr zone.
McGregor et al. [122] reported a strong wind event in November 1981, which blew down thousands
of trees in forests in Idaho, USA. Many windthrown Douglas-ﬁr were selected for use in trials of the
DFB anti-aggregate pheromone MCH (3-methyl-2-cyclohexen-1-one) following this event. Within the
Wasatch Mountains of Utah, USA, snow avalanches that occurred in interior Douglas-ﬁr forests created
extensive debris piles that subsequently became infested by DFB. Trapping and MCH application by
US Forest Service Forest Health Protection staff were employed to prevent DFB spread into neighboring
stands [123–125] (Figure 4).

ȱ
Figure 4. (A) Snow avalanche path through an interior Douglas-ﬁr forest in the Ashley National Forest,
UT, USA (Photo A: D. Blackford, USDA Forest Service, Forest Health Protection, Ogden, UT, USA);
(B) Interior Douglas-ﬁr debris in the avalanche runout zone, Ashley National Forest, UT, USA. (Photo B:
D. Blackford).

4. Biotic Disturbances
4.1. Douglas-Fir Beetle
Forest stand development patterns in montane interior Douglas-ﬁr forests are not regulated
by ﬁre alone. Bark beetles are also a major disturbance agent that have a large ecological role in
reshaping forests [12,24]. Interactions between bark beetles and their hosts have coevolved over the
past 200 million years [126]. Insect-induced tree mortality inﬂuences the development, senescence,
and rebirth of stands, which in turn affects energy ﬂows and nutrient cycles [127]. Dendroctonus
species (Coleoptera: Curculionidae, Scolytinae) are particularly capable of reshaping stand structure,
composition, and function [128–130]. Endemic populations attack old, large, and weakened trees,
which removes trees from the overstory and promotes the recruitment of the next generation of trees
in a stand [12]. Periodically, epidemic populations occur and are able to kill live, healthy trees in great
numbers [131,132].
Within interior Douglas-ﬁr forests, the most prevalent bark beetle species is the
DFB [19,20,123,133]. Density-independent factors that inﬂuence the population dynamics of this
insect include the availability and suitability of host trees, weather conditions, and disturbances (e.g.,
windthrow, avalanches) that produce downed host material [134,135]. Often, freshly felled or downed
trees greater than 20 cm in diameter, contain sufﬁciently thick phloem with essential nutrients that are
required for successful brood production [136,137]. Newly felled trees typically lack effective defense
mechanisms including a decrease or cessation of resin production which makes them attractive targets.
Resin is a key compound containing monoterpenes and sesquiterpenes that entrap or elevate toxin
levels fatal to beetles or pathogens vectored by beetles [138,139]. In previous studies, trees with low
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oleoresin pressure have been associated with an increased susceptibility to bark beetle attacks [140].
Consequently, high DFB population increases are often related to disturbances including windthrow or
snow avalanches that produce an abundance of downed trees [141], or trees physiologically weakened
by drought [142], ﬁre [84,143], ice damage [144], defoliation [145], and diseases [146,147]. Evidence of
successful host colonization is determined by the presence of entrance holes, emergence holes, egg
galleries, and frass accumulations on the bole and near the base of trees [133,148,149].
Stand and bark beetle population dynamics are often highly interrelated [150]. Coulson [150]
stated, “Tree age, diameter, and phloem thickness are all correlated and in turn are related to beetle
survival, i.e., the large-diameter trees with thick phloem accommodate large beetle populations and
have high survival rates” (p. 433). In stands with mixed diameter classes, the percentage of trees
killed during outbreaks is related to tree diameter, with the greatest number of trees being killed in the
diameter class representing the highest basal area [151].
Unlike lodgepole pine or spruce/ﬁr forests which typically form dense, uniform, even-age
forests in the central Rocky Mountains as a result of stand-replacing ﬁre or logging, the intrinsic
characteristics of interior Douglas-ﬁr forests combined with the generally less aggressive nature of
DFB limit landscape-scale DFB-induced mortality. Throughout the central Rocky Mountains, interior
Douglas-ﬁr stands often occur in mixed-species stands, or in small groups surrounded by non-host
trees at the edge of their upper and lower elevation limits. Thus, suitable DFB hosts are typically
distributed unevenly throughout a forest [152]. Where Douglas-ﬁr is a dominant overstory component,
past logging and ﬁre history have created forest mosaics in which Douglas-ﬁr oscillates in age and
density, limiting the extent of potential hosts [135]. Typically, small groups of trees are attacked [153].
However, under certain conditions, drought coupled with a supply of recently downed trees can
facilitate the development of DFB populations from endemic into epidemic levels. At this stage of an
outbreak, DFB are able to overcome host resistance and initiate attacks on standing live trees, where
groups of 100 or more can become infested [129,153] (Figure 5).

ȱ
Figure 5. Interior Douglas-ﬁr stand conditions before (A); during (B); and following (C) Douglas-ﬁr
beetle colonization in Utah, USA. (A) An uninfested phase—green (G); (B) currently infested
phase—red (R); and (C) older mortality phase—gray (GY). (Photo A: M. Jenkins, B: A. Giunta, C:
M. Jenkins).
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A stand hazard rating system developed by Weatherby and Thier [154] for southern Idaho, USA,
suggests that the highest potential for tree mortality due to a DFB outbreak is in stands with basal
areas greater than 23.2 m2 /ha, a proportion of Douglas-ﬁr greater than 50%, an average stand age
above 120 years, and an average diameter at breast height greater than 50 cm.
4.2. Western Spruce Budworm
Insect defoliators have an important inﬂuence on the condition of interior Douglas-ﬁr forests.
Some of the most important impacts of insect defoliation are tree mortality, rotation delays, and
increased susceptibility to secondary insects and disease [155]. The WSBW is considered one of
the most widespread and destructive defoliators in western coniferous forests, particularly where
Douglas-ﬁr and true ﬁrs are the primary tree species in a stand [156–158]. Depending on environmental
and biological conditions, the timing of WSBW outbreaks is highly variable. The periodicity and
duration of outbreaks can range from two to over 35 years [159,160].
The life history requirements for WSBW are highly interdependent upon forest stand structure
and conditions. This insect preferentially feeds on the current years’ growth where larvae penetrate
swelling buds that have the highest food quality and offer the best protection from predators [145,161].
Bud phenology, speciﬁcally bud development and the timing of budburst, can greatly inﬂuence WSBW
population dynamics. Trees that exhibit delayed budburst have been associated with a reduction
in WSBW success as new bud formation occurs after second instar larvae emerge from hibernation
and initiate feeding [162]. Douglas-ﬁr forests with a large proportion of trees that are genetically
predisposed to delayed budburst will likely have a greater resistance to WSBW infestations. Site
location can also affect biological processes that inﬂuence WSBW survival. Sites with warm soils and
warmer microclimates have been linked to earlier budburst timing [163]. Dry sites situated along south
and west aspects where earlier bud development coincides with larvae feeding after winter emergence
can be associated with higher larvae survival. Often, stands with fewer host trees have been shown to
have lower levels of mortality within various size classes [132].
Multi-age, multi-level forest canopies in stands dominated by host trees provide optimal WSBW
habitat as second instar larvae are dependent upon a successful canopy descent to reach host
resources [164]. Weather factors including wind also exert a large control over the success rate
of locating a suitable host. During the past 50 years, singular overlapping and repeated outbreaks
of WSBW have greatly altered the structure and composition of montane forests along the Colorado
Front Range [132].
The greatest impact of WSBW within infested stands is on subcanopy and understory layers where
larvae feed on host regeneration within the understory (Figure 6). Conifer seedlings and saplings
have relatively few needles and buds, and new growth can become deformed or killed by only a few
larvae [157]. In one study, Hadley and Veblen [165] used dendrochronological analysis to reconstruct
past WSBW and DFB attacks throughout the Colorado Front Range. Results from their study indicated
WSBW outbreaks were responsible for high (greater than 50%) mortalities of seedlings, saplings, and
small-diameter trees. Future regeneration within a stand is further impeded by WSBW feeding on
developing cones and seeds [166]. Frank and Jenkins [167] found that a higher percentage of larvae
feed on seed cones as opposed to pollen cones. This could affect future regeneration since Douglas-ﬁr
is known to have infrequent cone crops every two to seven years at lower elevations [168], and every
one in 11 years at higher elevations [169].
Western spruce budworm also negatively affects overstory host trees. Consecutive years of
feeding can lead to decreased stem growth, top kill, and, in some cases, tree mortality [170]. A loss
in tree volume due to decreased growth rates can lead to an overall decrease in a stand’s basal area,
which could impact timber harvest projections if merchantable stands were to become infested.
Often, the absence and, more importantly, release patterns of growth rings in mature Douglas-ﬁr
and other host species (e.g., white ﬁr), coincide with WSBW outbreaks [171,172]. Using tree-ring
reconstructions, Swetnam and Lynch [172] found that overstory trees in Devil’s Gulch, located in

321

Forests 2016, 7, 80

northern Colorado, USA, experienced 60% mortality from WSBW feeding. In another tree-ring study
conducted near Pemberton, British Columbia, Canada, Alfaro et al. [173] found a 39% reduction in the
number of host trees per hectare within three years after a WSBW outbreak. Most sampled stands
experienced host growth reduction evidenced by reduced tree ring widths during WSBW outbreaks.
This study also indicated older, less vigorous stands with suppressed Douglas-ﬁr trees were most
susceptible to WSBW infestations. In mixed-species stands such as Douglas-ﬁr/ponderosa pine, WSBW
outbreaks tend to shift species dominance towards ponderosa pine [120,165].

ȱ

ȱ

Figure 6. Western spruce budworm defoliation on interior Douglas-ﬁr saplings in southern Idaho,
USA. (Photo: Carl Jorgensen, USDA Forest Service, Forest Health Protection, Boise, ID, USA).

4.3. Douglas-Fir Dwarf Mistletoe
Dwarf mistletoes (Arceuthobium spp.) are one of the most important, widespread disease agents
in North American conifer forests, and are found throughout montane forest ecosystems [174–176].
All mistletoe species are host speciﬁc and slow spreading, making stand composition, tree size,
and structure important for their persistence in a forest community [177]. The plants form obligate
hemiparisitic relationships with host plants, extracting vital water and minerals through haustorium
from their hosts [178,179]. This process depletes essential photosynthetic reserves used for growth and
maintenance by host trees [176,180]. Although dwarf mistletoes are capable of complete photosynthesis,
upwards of 60% of their carbohydrates can be extracted from their hosts [179]. Tree response to infection
results in dense abnormal growth of host twigs that form branch clusters termed witches’ brooms [181].
This irregular growth pattern changes branch structure, function, and can eliminate cone production
by infected branches [182,183]. Additional degenerative, induced effects on host plants include stem
and height growth reductions, top kill, and reduced forest productivity [181,184].
Douglas-ﬁr dwarf mistletoe is the most damaging species that parasitizes Douglas-ﬁr [174,185].
Spread of this disease is initiated through the movement of the parasite to previously uninfected
branches of a single tree or between trees [184]. The female plant produces fruit and seed that mature
in fall (September, October). Seeds are under high internal water pressure within the fruit which, when
abscised from the parent plant, are explosively propelled through the air at upwards of 22 m per s.
Seeds contain a sticky viscin coating which allows them to attach to hosts [186]. Spread rates of
Douglas-ﬁr dwarf mistletoe are often accelerated in multi-storied Douglas-ﬁr stands where understory
trees receive abundant seed rain from infected overstory trees, as reported in southwestern interior
Douglas-ﬁr stands [184]. When Douglas-ﬁr is the climax member of the community, as often is the case
in interior Douglas-ﬁr stands, there is typically not a shortage of hosts for Douglas-ﬁr dwarf mistletoe,
which can persist unless a severe disturbance leads to the loss of its host species [181]. Seedlings
and saplings, especially those with main stem infections, readily succumb to this parasite [186].
The presence of non-host species can slow the spread of the disease agent. Stands with open canopies
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are often more susceptible compared to dense stands, because stands with high densities create shading
conditions which retard Douglas-ﬁr dwarf mistletoe growth [186].
4.4. Root Diseases
Pathogens and, in particular, root diseases are an important component in forest ecosystems,
and they exert strong inﬂuences over forest dynamics including structure, composition, and
function [187,188]. Within a stand, fungi spread via spores transported by rhizomorphs in the soil,
or through direct root contact between infected and uninfected hosts [189]. Speciﬁcally, fungi infect
the cambial tissues of roots and root collars where root tissues have evidence of staining and decay.
The foliage of root-diseased trees typically appears chlorotic and thin. Trees lose needles from the
lower crown upward, and from the inside (near the stem) outward [190]. Trees sometimes respond
to infection by producing copious amounts of resin near the base of the stem [191]. Trees may also
produce a stress cone crop in response to infection [189]. Eventually, damage to roots leaves trees
girdled and host trees die. Connections between infection sites create root disease centers characterized
by circular openings in the main canopy that range from approximately one-tenth of a hectare to 400
or more hectares in size [189]. These “mortality centers” are associated with groups of dying and
dead conifers. One issue with root diseases is that they are persistent in a stand, and can survive as
saprophytes on dead wood material for decades [189]. The severity of infestation is often ampliﬁed by
disturbances including ﬁre suppression and logging where fungi can colonize stumps and roots of cut
trees and eventually spread to healthy trees [187,190,192].
In the Rocky Mountains, Armillaria spp., and speciﬁcally Armillaria ostoyae, is the most important
and widespread of all root pathogens [193,194]. It has a broad host range including Abies and Pinus
species. In dry, interior conifer forests, it aggressively infects interior Douglas-ﬁr, colonizing and killing
healthy trees in all age classes [190]. The patterns of Armillaria spread follow two main pathways:
either via distinct mortality patches, circular in nature with mortality mostly conﬁned to the leading
edge of the patch, or as dispersed mortality, forming continuous coverage over a site [195,196].
This pathogen greatly affects forest community structure. Once established, a slow progression of
the fungi into non-infected portions of a stand creates an initial pulse of mortality. Once trees along the
edge die, canopy gaps are created which beneﬁt the regeneration of the next tree cohorts. Seedlings and
saplings are also vulnerable to this disease which can retard the development of the stand. Surviving
trees, once reaching maturity, become a vital resource that can support further development of the
disease which continually cycles its way through a stand, forming a wave pattern of mortality [195].
Species composition within a stand can be affected by the creation of canopy gaps. In the
northern Rockies (interior British Colombia, Canada), gaps created by the mortality of interior
Douglas-ﬁr associated with Armillaria may become ﬁlled with more disease-resistant and shade-tolerant
western hemlock, western red cedar, or even subalpine ﬁr, though this species is also susceptible to
Armillaria [187,191]. In the central Rocky Mountains, Douglas-ﬁr which is often the climax overstory
species in its community would likely continue to persist in a stand.
Once Armillaria is established, infected trees become susceptible to windthrow or fall over on
their own from weakened root systems [141,193]. This can lead to an increase in hazardous trees if root
disease centers are located in developed recreation areas including campgrounds or trailheads [197].
Furthermore, root disease also affects tree species not infected by creating openings in forests where
healthy trees along gap margins can be exposed to high winds and subsequent windthrow [141].
5. Disturbance Interactions
Interactions between disturbance agents including ﬁre, DFB, WSBW, Douglas-ﬁr dwarf mistletoe,
and root diseases affect the health of interior Douglas-ﬁr forests, and can predispose forests to
subsequent disturbances (Figure 7). Speciﬁc disturbance agent interactions are addressed below.

323

Forests 2016, 7, 80

5.1. Fire and Douglas-Fir Beetle
Following non-stand-replacing ﬁre events, wildﬁre impacts can predispose stands to subsequent
bark beetle disturbances. Trees impacted by crown scorch, bole charring, and root damage associated
with ﬁre become attractive targets for DFB [198,199]. Furniss [137] reported 70% of ﬁre-injured
Douglas-ﬁr were infested by DFB following a ﬁre in southern Idaho, USA. The proportion of attacks
was highest in trees that experienced low-to-moderate cambium injury. Trees with high levels of
cambium injury experienced fewer attacks as phloem and other essential resources were damaged
beyond utilization by beetles. In other studies, DFB mass attacked trees with 25%–50% cambial
damage and greater-than-50% crown scorch [200,201]. Colonization patterns following ﬁre progress
from ﬁre-damaged trees to healthy live trees over time as suitable phloem resources became scarce in
successive ﬁre-damaged classes [143,200]. Trees completely defoliated by crown ﬁres also result in the
complete burning or severe scorching of the inner bark, especially in thin-barked trees, and were not
suitable for bark beetle use [198,199].
Bark beetle attack dynamics affect forest structure differently compared to ﬁre. With low-intensity
ﬁre, often smaller-diameter and younger tree cohorts are killed, while larger-diameter trees survive,
because “temperatures in the plume at the height of the canopy are too low” [202] (p. 483). Thus, mature
trees within a stand continue to produce seeds contributing to regeneration. With bark beetle attacks,
the Douglas-ﬁr beetle seeks old, large-diameter trees, which are also mature, seed-producing trees
resulting in stands with a younger age class, and often a reduction in reproductive output [203–205].
Following low-intensity ﬁre, canopy structure is likely to remain intact aside from occasional torched
trees. Surviving trees maintain shade cover, which can increase soil moisture retention beneﬁting
regeneration and other established vegetation. Furthermore, periodic low-intensity ﬁre reduces
the amount of surface fuels and decreases the overall fuel load in a forest. In contrast, bark beetle
colonization contributes to an increase in litter loading when dead needles begin to fall from a tree, a
one- to four-year period post-attack [203]. Increased amounts of coarse woody debris can accumulate
on the forest ﬂoor following overstory tree mortality. The loss of overstory trees creates canopy
openings that favor the growth of herbaceous vegetation and grasses [11,129].
5.2. Douglas-Fir Beetle and Forest Fuel Changes
Only recently have the interactive effects between bark beetle–induced changes and fuel
complexes been studied thoroughly. Much of the recent research is associated with forest systems that
experience infrequent high-severity ﬁre regimes (e.g., lodgepole pine forests infested by mountain pine
beetle [206,207], and Engelmann spruce forests infested by spruce beetle [29,208]. Jenkins et al. [129]
provide an extensive review of fuel complex changes during typical bark beetle rotations in these
forest types. It has been hypothesized that DFB-induced alterations to fuel complexes will differ from
upper elevation forest types due to drier sites, more open stand conditions, lower biomass loads, and
lower tree and canopy base heights [37,57,209]. The spatial pattern of DFB-caused tree mortality also
complicates how fuel complexes change within stands.
During a DFB outbreak, the most notable changes begin in the canopy where dead tree foliage
begins to desiccate, fading from green to yellow and ﬁnally to red. Dead needles drop to the forest ﬂoor
one to four years post-colonization where in increase of ﬁne surface fuels occurs (litter, woody material
less than 7.62 cm in diameter) through branch and canopy breakage. With the loss of overstory cover,
a slight increase in herbaceous material follows as increased sunlight reaches the forest ﬂoor. Over
time (20 years or longer), dead, standing beetle-killed snags begin to fall, increasing the amount of
large woody material (greater than 7.62 cm) in the surface fuels layer (Figure 8) [37,129,210].
Donato et al. [37] inventoried changes to surface and aerial fuels in interior Douglas-ﬁr forests
across four different DFB outbreak stages. This included green (unattacked), red (recent mortality, one
to three years post-attack), gray (older mortality, 4–14 years post-attack), and silver (older mortality,
25–30 years post-attack) across a range of Douglas-ﬁr habitats in the Greater Yellowstone Ecosystem
(GYE). The results from their study indicated that signiﬁcant reductions in available canopy fuel load
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and bulk density occurred as time increased post-outbreak (4–14 years), while signiﬁcant changes to
surface fuels were minor, aside from an increase in 1000 h fuels during the silver stage. In a similar
study conducted in northern Utah, Giunta [210] found that in surface fuels, a signiﬁcant increase in
litter depth (cm) and litter loading (kg/m3 ) was associated with needle loss during the time bark
beetle–killed trees began losing red needles. With canopy loss, an increase in herbaceous biomass
followed in stands where the majority of trees were grey as increased levels of light were able to
inﬁltrate the forest ﬂoor. In other studies, DFB-induced changes to interior Douglas-ﬁr stands resulted
in the basal area of 40%–70%, a reduction in the mean diameter at breast height of 8%–40%, and a
three-fold increase in grasses and herbaceous plants in infested stands [21,211].

ȱ
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Figure 7. Conceptual schematic of interacting biotic and abiotic disturbance agents and associated
forest health issues in interior Douglas-ﬁr forests. (Illustration: A. Giunta).

ȱ

Figure 8. Select fuel characteristic type changes in interior Douglas-ﬁr forests over the course of a
Douglas-ﬁr beetle rotation. (Figures and data from Jenkins et al. [129]).
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Alterations to canopy fuels have been attributed to a series of physiological changes directly
resulting from the colonization of host trees by beetles and the introduction of the associated blue-stain
fungi, principally the species Ophiostoma pseudotsugae (Rumb.) von Arx (Ceratostomella pseudotsugae
Rumbold) [212]. Blue-stain fungi penetrate the sapwood and phloem tissues adjacent to larval galleries,
contributing to the disruption of water transport between root systems and foliage [139]. Needles
desiccate over time and foliage fades from green to red [37]. It is during the red needle stage where
the probability of torching and crowning can increase as canopy foliar moisture declines to its lowest
moisture content level and dead needles are still retained in the canopy [37,129].
Giunta [210] measured foliar moisture content in infested Douglas-ﬁr trees across all four crown
condition classes (green, green-infested, yellow, and red) associated with DFB outbreaks. His ﬁndings
showed that yellow and red crown condition classes had a signiﬁcantly (p < 0.0001) lower foliar
moisture content based on percent of oven-dry weight compared to green and green-infested foliage.
5.3. Western Spruce Budworm and Fire
Many open-canopy stands that were once maintained by frequent surface ﬁres have been replaced
by densely-stocked, closed canopy stands composed of mixed-age shade-tolerant species across the
landscape compared to pre-settlement forested landscapes [171,213].
The effects of WSBW on fuel loads, ﬁre occurrence, and ﬁre behavior are not fully understood,
but are certainly different from DFB [214]. Western spruce budworm directly alters aerial fuels by
consuming the current year’s needles, whereas DFB does not feed on needles, and needle loss occurs
once a tree is dead. A reduction in canopy bulk density decreases the likelihood of torching and crown
ﬁre initiation and spread [215]. Although no studies on the effect of WSBW on ﬁre and fuel loads have
been reported for the central Rocky Mountains, research has been conducted in Douglas-ﬁr stands
in the Paciﬁc Northwest, USA. Flower et al. [216] examined dendrochronological records of ﬁre and
WSBW outbreaks in interior Douglas-ﬁr forests in Oregon, USA, and western Montana, USA. Their
research showed no synchronous pattern between WSBW outbreaks and increased ﬁre occurrence.
In another study after a WSBW outbreak in Washington, USA, Hummel and Agee [217] measured
decreases in canopy closure and a reduction in the density of small-diameter (less than 20 cm) trees
over an eight-year period. Incorporating these inputs from stand data, they used the ﬁre behavior
model BEHAVE [218] to simulate ﬁre spread in their study site. Crown characteristics that contributed
to crown ﬁre initiation (e.g., canopy base height and canopy bulk density) remained stable and did
not indicate any signiﬁcant increase in crown or torch potential. In a similar study (central Oregon to
western Montana, USA), Gavin et al. [214] used the Wildland-Urban Interface Fire Dynamic Simulator
(WFDS) to model ﬁne-scale fuel changes associated with WSBW infestations. They found defoliation
consistently reduced both the vertical and horizontal spread of crown ﬁre across a range of surface ﬁre
intensities. They also discovered that a row of defoliated trees released substantially less heat compared
to a row of non-defoliated trees due to the lack of fuel and associated decrease in ﬂame intensities.
Hummel and Agee [217] also found that coarse, woody fuel loads increased by 50% following a WSBW
outbreak in the central Cascades, USA. Their plot data inputted into surface ﬁre models predicted a
signiﬁcant increase in surface ﬁre ﬂame lengths. Site-speciﬁc fuel models are important to achieve
better ﬁre behavior predictions [218].
5.4. Dwarf Mistletoe, Fire, and Other Disturbances
Episodic natural ﬁres help prevent Douglas-ﬁr dwarf mistletoe from spreading by continually
removing infected overstory trees from stands and killing infected and uninfected understory tree
hosts [209]. Ingrowth and expansion of Douglas-ﬁr due to the lack of ﬁre have increased the abundance
of susceptible hosts. Stand density increases have raised fuel accumulations and increased the spread
of Douglas-ﬁr mistletoe across the interior west [186].
Douglas-ﬁr dwarf mistletoe impacts on infected trees primarily affect canopy fuels of infected
trees. Koonce and Roth [219] reported 73% greater aerial fuels (live and dead witches’ brooms) in
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dwarf mistletoe–infested stands compared to non-infested stands. Witches’ brooms typically form in
the lower portion of tree crowns. This growth formation of closely spaced small branches traps fallen
needles, creating vertically oriented ﬁne fuels and increasing stand ﬂammability. The development of
vertical ladder fuels provides a mechanism for surface ﬁre to transition into crowns, increasing the
wildﬁre hazard in interior Douglas-ﬁr stands [176,209,220]. Dwarf mistletoe in Douglas-ﬁr forests on
the Bitterroot National Forest in western Montana likely contributed to the high ﬁre intensity observed
during the summer of 2000 [221].
The interaction of Douglas-ﬁr dwarf mistletoe with agents of disturbance other than ﬁre can also
adversely affect forest health. The combined impacts of Douglas-ﬁr dwarf mistletoe and WSBW, for
example, can increase seedling and sapling mortality rates or elevate the susceptibility of mature trees
to DFB. An increase in overall tree mortality can increase fuel accumulations contributing to poor
stand health [222].
5.5. Western Spruce Budworm and Douglas-Fir Beetle
Previous insect disturbances in a stand can serve as initial stressors to tree vigor,
which subsequently diminishes tree defenses and increases the likelihood of successful DFB
colonization [147,165]. As an example, in 2011, DFB-caused tree mortality in southern Idaho, USA,
Nevada, USA, and Utah, USA more than doubled [223]. This trend continued through 2013, the last
year of reported data from the US Forest Service Forest Health Protection Program. This increase
was partly attributed to stress induced by several years of WSBW defoliation [224]. In one study
it was found that trees in Colorado, USA, infested by DFB had reduced growth attributed to a
previous WSBW outbreak [225]. Negrón [132] (p. 82) mentioned, “In the Colorado Front Range,
it seems that the primary disturbance agent, although not the only one that triggers DFB outbreaks,
is WSBW defoliation”. In Logan Canyon, Utah, USA, Fredericks and Jenkins [145] found that trees
defoliated by WSBW reduced host tree defenses against DFB. Their observation is consistent with
other research [132,165,226]. It also has been found that other defoliators including the Douglas-ﬁr
tussock moth (Orgyia pseudotsugata McDunnough, Lepidoptera: Lymantriidae) decrease plant vigor,
predisposing hosts to subsequent DFB attack [147,227].
5.6. Root Disease, Windthrow, and Douglas-Fir Beetle
The presence of root disease can predispose a stand to additional disturbance agents which can
result in tree mortality and decreased stand health. Root pathogens such as Armillaria infect healthy
trees, which decreases plant vigor and predisposes trees to attack by insects [189]. Armillaria primarily
weakens root systems, leaving infected trees highly susceptible to windthrow [228]. Wind-felling
frequently triggers bark beetle epidemics where they take advantage of abundant breeding material
which becomes available following such events [205].
Endemic Douglas-ﬁr beetle populations are often correlated with root diseases [122], which
can lead to subsequent build-up of downed trees following wind events. The abundance of fresh
slash material enables DFB populations to increase and mass attack surrounding standing live trees,
facilitating the development of epidemic populations [229].
6. Anthropogenic Inﬂuences
6.1. Historic Human Mediated Disturbance
In addition to natural disturbances, anthropogenic inﬂuences cause changes within interior
Douglas-ﬁr forests. Human-mediated disturbances have also inﬂuenced the present structure and
composition of interior Douglas-ﬁr forests. Prior to European settlement, Native Americans indigenous
to the central Rocky Mountains used ﬁre as a tool for improving wildlife habitat and hunting
grounds [230,231]. These activities likely inﬂuenced local ﬁre patterns in interior Douglas-ﬁr forests.
Fire type (ground, surface, or canopy), frequency, and extent of Native American ﬁre use and the
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subsequent effect on altering ﬁre regimes have been debated [231]. Although the scale of their ﬁre
practices is likely smaller than originally thought, elucidating the degree to which ﬁre was intentionally
used by Native Americans to manipulate interior Douglas-ﬁr forests has proven difﬁcult to assess as
conventional ﬁre reconstruction methods are limited in their abilities to differentiate historic natural
ignitions from human-caused ignitions [232].
Human-mediated disturbance within these forests increased with the arrival of European settlers.
During the mid- to late-19th century, many settlers along the Wasatch Front, Utah, USA, utilized local
timber from Douglas-ﬁr forests to construct homesteads, towns, waterwheels, and other goods [233].
Unrestricted logging practices left many slopes devoid of trees, leading to the development of even-age
stand structures that currently exist throughout this forest type within the Wasatch Mountains [234].
Throughout the mid-20th century, interior Douglas-ﬁr has remained a viable commercial
species [45]. The wood is extremely strong and used as structural timber, railroad ties, plywood,
and for pulp [43,235]. The impacts of logging vary depending on the size, intensity, and type of
harvesting practices employed (e.g., group tree selection versus clear-cutting) [9]. Logging, in some
cases, has led to a more homogeneous stand structure, higher tree densities, lack of structural diversity,
and loss of old, mature trees [99]. In other cases, previously logged stands have had a number of large
trees left uncut, which resulted in a similar volume of large mature trees found in nearby unlogged
stands [99].
6.2. Forest Restoration
Early forest management practices were conducted on the premise of a limitless supply of
resources. This type of mindset contributed to forest degradation following land use practices
including, logging, grazing, and ﬁre suppression [71,236]. Throughout the 21st century, natural
resource managers have been shifting management strategies from sole resource extraction to include
restoration principles. Often, the goals of forest restoration are to improve the resiliency and
ecosystem function of a stand, and return it to a state within the historic range of conditions prior
to Euro-American inﬂuence [71,237]. Treatments are often considered in cases where anthropogenic
activities have greatly altered stand structure, ecosystem function, and composition [236]. In interior
Douglas-ﬁr and other forests characterized as having a mixed-severity ﬁre regime, the complex
mosaic of forest structures present across the landscape make it difﬁcult to implement effective
restoration plans. Even with good intentions, some restoration procedures can create unintentional
forest health issues.
6.2.1. Pre-Fire Restoration Treatments
Fire management practices, primarily fuel treatment prescriptions, have greatly inﬂuenced forest
health. Often, the focus of ﬁre management objectives is to reduce hazardous fuels by decreasing
stand density and ladder fuels through thinning [65,238]. These methods are effective at reducing
overall canopy bulk density and increasing canopy base height in a stand, which reduces the hazard
of crown ﬁre. Fuel reduction treatments, however, can result in unintended consequences including
exacerbating the incidence and severity of root diseases [239]. Mechanical damage to tree boles during
tree removal operations may also weaken trees, leaving them more susceptible to insect infestation
and infection by decay fungi [240]. For example, increasing the proportion of large-diameter trees
when stands are thinned from below can increase their susceptibility to DFB [204].
6.2.2. Fire Restoration Treatments
Prescribed ﬁre is another ﬁre management tool widely used to reduce dense accumulations of
fuels, remove logging debris, improve wildlife habitat, and manage vegetation [59,241]. Before the era
of aggressive ﬁre suppression, periodic ﬁre maintained vegetative diversity on the landscape which
helped mitigate the effects of bark beetle attacks. Since then, the lack of ﬁre has created more uniform
stands capable of supporting the spread of bark beetles or enhancing the effects of defoliators [220,242].
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The reintroduction of ﬁre after years of suppression can have unintended forest health consequences.
These ﬁres can burn with greater intensity and severity, especially where tree mortality has increased
due to insects and diseases. Widespread tree mortality also causes dead fuels to accumulate for
decades, increasing the hazard of high-intensity ﬁre over time [243]. This might particularly be true
at mid-elevations (2400–2700 m) where stands that had a naturally mixed-severity ﬁre regime are
now altered by ﬁre suppression and transition into higher elevation forests. This may increase the
potential for high-intensity ﬁres ignited at lower elevations to burn into higher elevation stands where
hazardous fuel accumulations may result in unnatural levels of ﬁre damage and more severe resource
effects [240].
6.2.3. Post-Fire Restoration Treatments
A common practice following wildﬁre is salvage logging, which involves the removal of ﬁre-killed
trees to recover economic value before degradation by decay [244]. The impact of these activities
can lead to increased sediment erosion [245], loss of snags that provide wildlife habitat, and shifts
in wildlife composition toward bird and invertebrate species that prefer more open habitats [245].
In some instances, post-wildﬁre logging may actually increase future short-term ﬁre risk through the
rapid accumulation of coarse, woody debris associated with salvage logging activities. Furthermore,
soil disturbance and logging slash can inhibit seedling growth and result in a net reduction in post-ﬁre
regeneration [246]. Sanitation harvesting is another technique used during post-ﬁre remediation and
involves the removal of both live and dead trees affected by ﬁre. Live ﬁre-damaged trees are often
removed to decrease future insect infestations.
7. Future Research Needs
The complex and heterogeneous nature of interior Douglas-ﬁr forests often makes assessing forest
health difﬁcult, and devising appropriate management strategies challenging. Maintaining ecosystem
function, enhancing biodiversity, and reducing the risk of catastrophic ﬁres in these forests necessitates
that management plans consider a holistic, integrated, and adaptive approach. Implementing such an
approach requires further research to better understand the effects of multiple disturbance agents on
interior Douglas-ﬁr forest communities [247]. We have identiﬁed several gaps where further research
may increase our understanding of disturbance agents, their interacting roles, and inﬂuences on
long-term forest health.
(1)

(2)

(3)

Forest conditions including “stand structure, fuel characteristics, and ﬁre regimes” have been
greatly altered in part due to management practices that started in the 20th century, where “forest
structure, fuel characteristics, and ﬁre regimes of the mixed-conifer forests in the western United
States have been dramatically altered” [248,249] (p. 22). One important issue is understanding the
historic role and extent of ﬁre in these ecosystems. The present accumulations of live and dead
fuels have resulted in a shift toward higher-severity ﬁre behavior. Although high-severity crown
ﬁres are not outside the historical range of variability for this ﬁre regime type, the frequency and
overall size of these types of ﬁres appear to be increasing [66]. Additional ﬁre reconstruction
studies across various geographic scales can help elucidate the natural ﬁre regimes of interior
montane forests [231,250–252].
The inherent variability of interior Douglas-ﬁr stands occurring on sites ranging from xeric to
mesic and from lower-montane to subalpine zones necessitates that forest managers have a better
understanding of how geographic locales inﬂuence forest fuel conditions. As stand composition
and structure have shifted, so too have changes to fuel complexes.
Research is needed to determine how forest insects, particularly bark beetles and defoliators,
affect fuels and ﬁre behavior across a wider range of geographic locales and whether bark beetle
alterations of surface and canopy fuels can elevate the potential for ﬁre to spread into upper
elevation forests.
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(4)
(5)

(6)
(7)
(8)

Little is known about the combined effects of DFB and WSBW on interior Douglas-ﬁr forests and,
in turn, on ecosystem values across various spatial scales.
Information regarding climate change inﬂuences on the occurrence, timing, frequency, extent,
and duration of disturbances at various temporal and spatial scales for interior Douglas-ﬁr forests
is lacking.
A greater understanding of DFB population dynamics in interior Douglas-ﬁr stands is needed.
Douglas-ﬁr dwarf mistletoe and DFB interactions are poorly understood.
Research on how snow avalanches and other abiotic disturbances affect interior Douglas-ﬁr forest
health is lacking.

8. Conclusions
Interior Douglas-ﬁr forests are a principal forest type in the central Rocky Mountains.
The adaptability of Douglas-ﬁr to a variety of site conditions across a broad latitudinal range results in
unique and diverse plant communities that provide for numerous ecosystem and social values. Both
natural disturbance processes, including ﬁre, wind, insect outbreaks, pathogens, and human-mediated
disturbances will continue to have an important role in shaping these forest communities.
Disturbance-induced alterations to the mixed-severity ﬁre regime characteristic of this forest type
will continue to exert a large inﬂuence over future stand development. Past forest management policies
promoted the advancement of more insect and pathogen outbreaks, modifying the susceptibility to
future disturbance events (e.g., windthrow, landslides, snow avalanches), and will continue to affect
overall forest health. Current and future forest management decisions should weigh the costs and
beneﬁts of implementing certain practices (e.g., harvesting, prescribed ﬁre) so that these activities do
not adversely affect the health in certain, already vulnerable interior Douglas-ﬁr forests.
The diversiﬁed nature of interior Douglas-ﬁr forest communities discourages a “one size ﬁts all”
approach to management. Rather, the management of interior Douglas-ﬁr forests in the future will
necessitate developing more holistic, integrated, and adaptive management strategies to maintain
forest and ecosystem health to meet multiple management objectives.
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Abstract: Fires are a key disturbance of boreal forests. In fact, they are the main source of renewal and
evolution for forest stands. The variability of ﬁre through space and time results in a diversiﬁed forest
mosaic, altering their species composition, structure and productivity. A resilient forest is assumed to
be in a state of dynamic equilibrium with the ﬁre regime, so that the composition, age structure and
succession stages of forests should be consistent with the ﬁre regime. Dense spruce-moss stands tend,
however, to diminish in favour of more open stands similar to spruce-lichen stands when subjected
to more frequent and recurring disturbances. This study therefore focused on the effects of spatial
and temporal variations in burn rates on the proportion of open stands over a large geographic area
(175,000 km2 ) covered by black spruce (Picea mariana (Mill.) Britton, Sterns, Poggenb.). The study
area was divided into 10 different zones according to burn rates, as measured using ﬁre-related data
collected between 1940 and 2006. To test if the abundance of open stands was unstable over time and
not in equilibrium with the current ﬁre regime, forest succession was simulated using a landscape
dynamics model that showed that the abundance of open stands should increase progressively over
time in zones where the average burn rate is high. The proportion of open stands generated during a
speciﬁc historical period is correlated with the burn rate observed during the same period. Rising
annual burn rates over the past two decades have thereby resulted in an immediate increase in the
proportion of open stands. There is therefore a difference between the current proportion of open
stands and the one expected if vegetation was in equilibrium with the disturbance regime, reﬂecting
an instability that may signiﬁcantly impact the way forest resources are managed. It is apparent from
this study that forestry planning should consider the risks associated with the temporal variability
of ﬁre regimes on the forest ecosystem, as the resulting changes can have a signiﬁcant impact on
biodiversity and allowable cut estimates.
Keywords: boreal forest; ﬁre; succession; black spruce; resilience; vulnerability; landscape

1. Introduction
The boreal forest is the largest forest area in Canada. In Eastern Canada, it is dominated mainly
by black spruce-moss stands that are composed solely of black spruce (Picea mariana (Mill.) Britton,
Sterns, Poggenb.) or of a combination of black spruce, jack pine (Pinus banksiana Lamb.) or balsam
ﬁr (Abies balsamea (L.) Mill.). There is a transition area between the forest tundra in the north and
the black spruce-moss forest in the south: the black spruce-lichen woodland, which is composed of
stands that are less dense as well as less productive [1]. By deﬁnition, Spruce-lichen woodlands are
open-structure forests with a lichen cover of over 40% [2,3]. A number of studies have shown that
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the lesser abundance of dense spruce-moss stands in favour of more open stands that are similar to
spruce-lichen stands [2,4–6] is related to recurring disturbances [2,4–6], at least in regions where dense
and open stands co-occur [7].
According to Turner et al. [8], landscapes can be divided into three categories according to
the extent and frequency of the disturbances to which they are subjected. Landscapes traditionally
considered to be in equilibrium with the disturbance pattern in place are characterized by small
(compared to the size of the landscape in question) and locally infrequent disturbances. They also
return to a state of equilibrium more rapidly in fact than the length of the disturbance cycle. Stable
systems are characterized by medium-sized disturbances occurring on an intermediate basis. These
systems return to a stable state in a moderate amount of time, equivalent to the length of the disturbance
cycle. Potentially unstable systems are characterized by substantial disturbances (compared to the size
of the area in question) occurring more frequently. Furthermore, unstable landscapes take longer than
the span of the disturbance cycle to return to their original state.
The variability of ﬁre regimes through space and time results in a diversiﬁed mosaic of
species, altering their composition, structure and productivity [9]. In fact, forest composition [10,11],
structure [12,13] and productivity [5,14] are all related to the ﬁre regime. For boreal forests, forest
succession models used for forest planning assume that, without harvest, the vegetation currently
found in an area is adapted to its natural disturbance regime [15–19]. For instance, the concept of
ﬁre cycle is used in forest ecosystem management to deﬁne a minimum target value of old-growth
forests to maintain in a landscape [17] or a maximum rate of clear-cut harvesting [16]. The ﬁre cycle
corresponds to the time required to burn an area equivalent to the study area [20] and in boreal
forests of eastern Canada, this ﬁre cycle varies between one and a few centuries. It is therefore
deﬁned at a time scale somewhat larger than that used for forest management planning. Signiﬁcant
temporal and even regional variations in burn rates observed in the boreal forest [16,21–26] however
cast doubt on an unquestioned use of this assumption. Namely, an important increase in the burn
rates of a number of areas in the North American boreal forest has been observed over the past few
decades [25–28] and such an increase should possibly be accounted for when designing sustainable
forest management strategies.
The primary objective of this study was to analyze the impact of the variation in ﬁre frequency on
the openness of the forest. We wished to assess whether the forest presents a greater abundance of open
stands in areas where the current burn rate surpasses rates recorded in the recent past. We therefore
tested the hypothesis that the abundance of open forest stands varied according to variation in decadal
burn rate. In order to do so, we used a transition matrix model to assess succession. Matrix models are
probability models [29–31] used to predict the long-term demographic dynamics of a population about
which we have little information [29,32]. Transition matrices represent the probability of different
states within systems evolving into other types at a certain moment in time. The succession of the
different states depends solely on the current state of the system [30,33]. When undisturbed, these
different states always evolve towards a stable long-term equilibrium, independent from a system’s
initial state [18,30]. Thanks to this characteristic, we were able to assess whether there is in fact an
equilibrium between the current proportion of open stands and the current burn rate by simulating
the evolution of the abundance of open stands using a landscape dynamics model spanning 150 years
and by testing the stability of the proportion of open stands over time.
2. Materials and Methods
2.1. Study Area
The area that was under study (Figure 1) is located in the province of Quebec (Canada), extending
from 49˝ N to 53˝ N latitude and from 70˝ W to 76˝ W longitude around Lake Mistassini. This area
covering approximately 175,000 km2 is predominately covered in the south by black spruce-moss
forest and by black Spruce-lichen woodland in the north. The forest mainly reﬂects the inﬂuence of the
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physical and climate characteristics of the area, as well as the impact of repeated ﬁres [14]. Essentially,
the area is marked by lower burn rates in the south (<0.30% year´1 , based on data gathered on ﬁres
between 1940 and 2009 [25], and by higher burn rates in the north (between 0.30% and 1.2% year´1 )
(Figure 1; Table 1). The characteristics of these different ﬁre regimes were established for 10 separate
areas (ﬁre zones) by Mansuy et al. [25]. Together with the ﬁre regime, the climate, and particularly
the temperature (number of growing degree-days above 5 ˝ C) are key factors to the stands’ density
and productivity [14]. The forest is denser and more productive in the southwest sector (growing
degree-days starting at 1200 ˝ C¨ year´1 ) than in the northeast sector (800 ˝ C¨ year´1 ) (Figure 1; Table 1).
The average annual temperature is 1.9 ˝ C in the southwest sector and ´6.0 ˝ C than in the northeast
sector [25].

Figure 1. Burn rates [25] and degree-days [34] for the study area. The hatched area lies outside of
the spruce-moss bioclimatic domain [9] or a regional burn rate could not be estimated [25]. The
northern limit of commercial forests was set in 2002 by the Ministère des Ressources Naturelles et de la
Faune [35].
Table 1. General information on the 10 ﬁre zones of the study area.
Region

Area (km2 )

Degree Day
(˝ C¨ year´1 )

Burn Rate
(%¨ year´1 ) [25]

Abundance of Open Stands
(Median) in 2006 (%)

A
B
C1
C
D1
D
E
G1
G

18,525
35,157
4265
42,468
6492
14,291
11,522
15,043
13,509

900
1000
900
940
800
1010
1130
1000
1200

1.11
0.78
0.67
0.48
0.42
0.37
0.28
0.16
0.14

89
88
54
85
81
93
44
34
28
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2.2. Forest Data
This area straddles the northern limit for timber allocations as established by the Ministère des
Forêts, de la Faune et des Parcs (MFFP) [35] in 2002. This northern limit more or less follows the 51st
parallel (Figure 1). The forest data used in this study stem from two different inventory programs: the
northern forest inventory program for the area above this limit, and the regular inventory program
to the south. These two programs were homogenized in 2006 by the MFFP in order to generate
forest maps that included surﬁcial deposits, moisture regime, forest cover type (softwood, deciduous,
or mixed), understory vegetation, cover density class, development stage, potential vegetation and
disturbance of origin over an area of at least 8 ha [25,36]. South of the 51st parallel, forest maps were
based on the interpretation of aerial photographs, which were taken between 1990 and 2001, and
updated in 2006 by the MFFP to account for recent disturbances. North of the 51st parallel, forest
vegetation was classiﬁed from satellite images (Landsat 2005), while aerial photographs at the scale of
1:40,000 were used to map surﬁcial deposits and moisture regimes.
In our study, we used 945 permanent and temporary sample plots that predominantly consisted
of black spruce and jack pine (with a 75% minimum basal area coverage per species in one plot).
A total of 248 temporary and 291 permanent sample plots are located north of the 51st parallel.
Temporary sample plots were measured in 2006 and 2007 with the northern forest inventory program
and permanent sample plots were remeasured between 1990 and 2001 during the third regular forest
inventory program. Plots are evenly distributed across the study area ([14]: their Figure S1). Within
each sample plot (of 400 m2 ), the species and trunk diameter measured at breast height (DBH) was
noted for each merchantable tree (DBH > 9 cm). Three to ﬁve dominant or co-dominant trees (taller
than two-third of the canopy height [36]) were randomly selected to record their age (core at 1 m
height) and total height.
2.3. Data on Forest Fires
The annual burn rate corresponds to the annual area burned, divided by the total terrestrial area
(excludes lakes and other water bodies, but includes forested peatlands). The annual areas burned
have been used to calculate the burn rate for each region [25]. The history of the areas burned within
our study area comes from the spatial database from the MFFP for the period of 1940 to 2006. The ﬁre
map has been compiled from various sources: satellite images, aerial photographs, maps and archives.
Therefore, the older ﬁres listed are likely to be incomplete and cover about 14% of the territory north
of the study area, and instead of having dates of the ﬁres being accurate within one year, they fall
within a range of 5 or 10 years [37]. In order to account for the variability of the information sources
regarding burned areas, a ﬂoating average for a 7-year period (average cycle of repetition of large
ﬁres), as described by Gauthier et al. [37], was applied to obtain the annual burn rate. This method
produced 61 different annual burn rates for each ﬁre zone, from which 10,000 random draws were
conducted to estimate the frequency distribution of the annual burn rate for each ﬁre zone. A regional
average burn rate was also calculated for three separate twenty-year periods (1947–1966, 1967–1986,
and 1987–2006) in order to detect any temporal variations.
2.4. Description of the Landscape Dynamics Model
The structure of the forest landscape is the result of complex interactions between geomorphology,
climate, disturbances and natural succession. We used a forest landscape dynamics model, the
“Vermillion Landscape Model” or VLM [38] to simulate the landscape dynamics. VLM, which has been
described in detail in [38–41], has been implemented in the SELES modelling tool (Spatially Explicit
Landscape Event Simulator [42]) by Fall [38] to be compatible with forest map data produced by the
MFFP of Québec. Different versions of this model have been used to study the sustainability of forest
management strategies in northern temperate or boreal forests of Québec in interaction with ﬁre, insect
defoliation, natural succession and road building [38–41,43]. The landscape is described by a set of
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raster layers (e.g., forest type, stand age, and soil drainage). Processes that inﬂuence forest dynamics
(ﬁre, natural succession, and logging) are described as landscape agents (submodels) that modify
properties of raster cells through time. VLM has been simpliﬁed to meet the objective of our study by
keeping only succession and ﬁre as active landscape agents (File S1).
2.4.1. Landscape Description in VLM
The VLM model uses raster layers as inputs. Due to its considerable size, the territory was divided
into cells or pixels of 16 ha (400 ˆ 400 m2 ) in order to correspond to twice the average size of the forest
polygons of the study area. The analyses performed as part of our study focused on the opening of
black spruce stands, because shade-intolerant stands that are predominantly composed of softwood
conifers represented by jack pine are much less abundant [14]. The territory was therefore stratiﬁed
according to three criteria: dominant species, degree of cover opening and age class. Because mapping
north of the 51st parallel was performed using satellite images, without the identiﬁcation of coniferous
species and estimation of stand age, it was ﬁrst necessary to estimate the stands’ species composition
(distinguishing between black spruce and jack pine) and age class.
Species dominance within target populations (and therefore within forest map polygons) was
ﬁrst estimated using two logistic regression models calibrated by Rapanoela et al. [14] for the same
study area and with the plot dataset described above (Section 2.2). As black spruce largely dominates
in the study area, Rapanoela et al. [14] ﬁrst assumed that all stands were composed of black spruce by
default. The ﬁrst regression model was then used to estimate the probability of jack pine occurrence
mainly as a function of elevation, drainage, developmental stage and understory cover ([14]: Table 2):
jack pine tends to occur more frequently on dry to mesic sites of low elevation, with a developmental
stage qualiﬁed as “regenerated” or “young” and in sites dominated by lichens in the understory
vegetation. Probability of jack pine dominance is more related to the presence of coarse soil deposits,
often on hilly areas in the northwestern part of the study area.
Table 2. List of variables selected with logistic regression to explain the variability of abundance of
open stands by ﬁre zones and increase in open stands after 150 years of simulations with a forest
succession model in interaction with natural disturbances.
Abundance of Open Stands

Probability of Increase of Open Stands

Variables

Estimate (SE)

Wald χ2

Variables

Estimate (SE)

Wald χ2

Degree day
Degree day ˆ burn rate
Burn rate

0.0078 (0.0007)
´1.058 (0.217)
794 (207)

106.7
23.9
14.7

Last frost day
Total precipitation
Burn rate

0.0595 (0.0109)
´0.00886 (0.0019)
1.248 (0.269)

29.8
22.0
21.6

The age of forest polygons was estimated using two methods. South of the 51st parallel, the age of
some stands could be determined by the date of the last disturbance indicated on the forest maps and
it has been recalculated by subtracting the year of origin of the disturbance (ﬁre or cutting) from the
year of production of the forest map (2006). For other polygons where a date of last disturbance was
not available, the age was estimated by a non-parametric method (k-NN) [44]. This calculation
method consists of estimating unknown values for forest attributes within an area unit (target
polygon) by averaging the values of attributes of similar reference surface units (inventory plots) [45].
Baseline predictors were the cartographic attributes (Section 2.2) and climatic variables. Climatic
variables were chosen for their potential impact on succession dynamics and forest productivity in
the study area [14,46]. BioSIM 9 [34] was used to estimate these climate variables for each forest
polygon within the study area. BioSim adjusts data from the closest weather stations to account
for differences in exposure, elevation, latitude and longitude between these stations and the stands
targeted. The similarity between the characteristics of the reference polygons and the target polygon
(year) was calculated using the Gower distance [47]. We followed the process described by [14] for
the variable selection to keep only one variable among correlated variables and to remove variables
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that do not signiﬁcantly explain distances between target and reference polygons. The number
k of nearest neighbours was chosen by minimizing the root mean squared error of the estimates
(RMSE), determined by cross-validation [44,48]. The prediction quality of the age of stands was
assessed with the coefﬁcient of determination between predicted and observed ages and the absence
of bias. With this procedure, stand age was estimated from the weighted average of 16 nearest
neighbours, neighbourhood being assessed with Gower distances estimated with nine variables: six
stand cartographic attributes (development stage, cover density class, potential vegetation, surﬁcial
deposit, slope and elevation) and three climatic variables (total annual radiation (MJ¨ m´2 ¨ year´1 ),
annual snow precipitation (mm¨ year´1 ) and aridity index (mm¨ year´1 , sum of the difference between
Thorthwaite’s potential evapotranspiration and monthly precipitation [49])). The RMSE (6.7 year)
largely exceeded the mean residual bias (´1.4 year) and the ﬁt to observed values was considered
acceptable, with a coefﬁcient of determination of 26%.
Two classes were considered when assigning dominant species type, that being shade-tolerant
conifers (Rt) and shade-intolerant conifers (Ri), and two classes of canopy openings, that is, open
(O) and closed stands (C). The types of canopy opening were determined according to the forest
standard mapping of the Nordic Ecoforest Inventory Program: stands where the cover percentage of
the canopy of commercial species is greater than 40% (“A”, “B” and “C” density classes) were classiﬁed
as closed, and those where the cover percentage was less than 40% (“D” and “L” density classes) were
classiﬁed as open. For each ﬁre zone, we simulated the evolution of 4 separate strata: strata closed
and open composed of shade-tolerant or shade-intolerant conifers (RtC; RtO; RiC; RiO). Age values
were regrouped into six 20-year age classes (0 to 20 (10), 21 to 40 (30), 41 to 60 (50), 61 to 80 (70), 81 to
100 (90), and >100 year old (100+ )).
2.4.2. Succession Submodel
We used the approach developed by Fall et al. [38] to design an empirical semi-Markov model of
succession. This approach is based on the hypothesis that trends in the distribution of stand patterns
by age reﬂect the current succession process and will continue in the future [50]. First, we assumed
that stands within the same ﬁre zone follow the same succession dynamic [46]: a transition matrix was
therefore calibrated for each ﬁre zone. The transition probabilities were estimated by age groups based
on 20-year periods for each of the four strata (RtC; RtO; RiC; RiO) in a ﬁre zone based on the forest
map of the territory. Following a ﬁre, the age of the cell is reinitiated and the composition of a stand
after a ﬁre is randomly selected from the abundance of strata in each ﬁre zone for the ﬁrst age group
(0–20 years). A cell can change succession paths randomly over time, with probabilities being derived
based on how the strata are represented in the ﬁre zone for its corresponding age group.
2.4.3. Fire Submodel
The empirical distribution of the annual burn rate (Section 2.4) was used to simulate the annual
burn rate. The number of ﬁres followed a negative exponential distribution. For each ﬁre, a spark
cell was selected at random, and the ﬁre is propagated in all directions until it encounters an obstacle
(water body or recent burn) and the number of cells deﬁned by the planned ﬁre area is reached. Recent
burns could reburn from the next simulation period.
2.4.4. Simulation Runs
Simulations of the evolution of the abundance of open stands were performed to cover a 150-year
time frame by ﬁve-year periods. Such a time period corresponds to the beginning of the conversion
of even-aged stands to uneven-aged stands [51,52] and to the forest management planning horizon
in Quebec. The number of simulations was set at 100. In our case, after 150 years, the coefﬁcient of
variation applicable to the abundance of open stands was less than 0.4% after 100 simulations in all
ﬁre zones.
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2.5. Interpretation of Simulation Results
The primary objective of this study was to explain the abundance and variation over time of areas
with open stands, according to ﬁre zones, climate variables, physical variables, and burn rates.
If there is an equilibrium between the vegetation and disturbance rate, the breakdown of the
land area into strata should remain approximately constant through time. We therefore measured
the absence of equilibrium by subtracting the abundance of open stands after 150 years (as per our
simulation) from the numbers observed in 2006 for each ﬁre zone. We then attempted to explain the
difference between the initial and ﬁnal proportions. As we had 100 simulations, we built frequency
distributions of these differences by ﬁre zone to express the probability that the abundance of open
stands could change.
We also tried to explain the abundance of open stands observed at the simulation start (in 2006).
A stand’s age is equivalent to the time elapsed since its original disturbance. Variations in the
abundance of open stands by age group apparent in the empirical semi-Markovian succession models
for each ﬁre zone should explain the absence of a stable equilibrium between the vegetation and ﬁre
regime. The abundance of open stands for three age groups (0–20 years, 20–40 years and 40–60 years)
as observed in 2006 was therefore calculated to identify and explain any trends in three burn rate
temporal periods (1947–1966, 1967–1986, and 1987–2006) (Section 2.4) as a function of biophysical
variables (see Sections 2.2 and 2.3). We then applied with this data a backward selection model for
variables, using the LOGISTIC procedure from SAS. All independent variables were tested and those
that contributed the least to the model were eliminated, according to a 5% threshold. The best model
was selected with the Akaike information criterion (AIC) and the adjusted coefﬁcient of determination
(adjusted R2 ) [53].
3. Results
The study area can be divided into two zones according to the abundance of open stands observed
in 2006 for each ﬁre zone (Figure 2). Indeed, open stands are less abundant in areas located in the
southern areas covered by the study (average abundance of less than 50% in D, E, G, and G1 areas),
while they dominate the northern portions of the territory (A, B, C, C1, and D1 areas), precisely where
the burn rate is higher (>0.3% year´1 ) (Figure 1). This division also coincides with a climatic transition
zone with a colder climate zone in the north (A, B, C, C1, and D1 areas) and warmer in the south
(D, E, G, and G1 areas) (Figure 1). The division between the two zones straddles the northern limit for
timber allocations.

ȱ
Figure 2. Average proportion by ﬁre zones of the abundance of open stands in 2006.
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3.1. Temporal Variation in the Abundance of Open Stands
Simulations using the landscape dynamics model show a sometimes substantial variation in the
abundance of open stands over the 150-year period covered for virtually all ten ﬁre zones (Figure 3).
In the area dominated by open stands, only the D1 area seemed to show an equilibrium between the
abundance of open stands and the disturbance rate. However, the abundance of open stands seems
to increase by more than 10% over 150 years in two other ﬁre zones (areas A and C1). Both of these
zones are in fact located the furthest north among the areas covered by the study. The increase is not
as signiﬁcant for B and C areas that abut the area dominated by closed stands (Figure 3). In the area
dominated by closed stands, only the D area seems to show a substantial increase in the abundance of
open stands and this feature is related to the fact that this area is one that has sustained the highest
burn rate between 1940 and 2006 in this ﬁre zone (Figure 1).

ȱ
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Figure 3. Dynamics of the average abundance of open stands in ﬁre zones dominated by open
stands (a); and in ﬁre zones dominated by closed stands (b) with 100 simulations over 150 years of a
forest succession model in interaction with natural disturbances. (c) Box and whisker plots representing
the frequency distributions of the differences between ﬁnal and initial abundances of open stands
of 100 simulations over 150 years. Cumulative frequencies of positive changes were regrouped into
frequency classes (more than nine out of ten: 0.90–0.99; more than two out of three: 0.66–0.90; and
approximately half the time: 0.33–0.66).
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3.2. Long-Term Change in Abundance of Open Stands
A transition matrix has been calibrated for each ﬁre zone based on the empirical strata’s abundance
distribution by age groups. The existence of different transition rates for each age group within a ﬁre
zone may partly explain the changes observed in the abundance of open stands during the simulations
(Figure 3). The classiﬁcation of open stands by date of origin (1947–1966, 1967–1986, and 1987–2006)
shows the actual changes in their relative abundance over long periods (Figure 4a). A general increase
in the abundance of open stands was recorded between 1987 and 2006, except for the D1 area. Where
burn rates are the highest (in A, B, C1, D, and D1 areas), with the exception of the C ﬁre zone, the
increase was higher (up to 70%) between 1987 and 2006 (Figure 4a). This increase in the abundance of
open stands observed during the past 20 years is related, with one exception (in the area C), with a
recent increase in the regional burn rate (Figure 4b).

ȱ
Figure 4. Average abundance of open stands by ﬁre region for three 20-year periods (1947–1966,
1967–1986, and 1987–2006) (a); and corresponding regional burn rates by periods (b).

3.3. Factors Responsible for the Variation in the Abundance of Open Stands
The abundance of open stands observed at the simulation start (2006) by ﬁre zone is explained
mainly by the number of degree-days and the average burn rate (Table 2). The abundance of open
stands exceeds 50% when the degree-days of growth are lower than 1000 ˝ C¨ year´1 or when the burn
rate is above 0.5% year´1 (Figure 5). The logistic model explains 60% of the regional variation in the
abundance of open stands (Figure 6).
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Figure 5. Relationship between the abundance of open stands by ﬁre zone and degree-days of growth
(a) and burn rate (b). Continuous lines refer to the logistic regression presented in Table 2.

ȱ
Figure 6. Predicted vs. observed abundance of open stands by ﬁre zone. Predicted values stem from
the logistic regression presented in Table 2.

The increase in the abundance of open stands after 150 years of simulations is explained mainly by
the total precipitation, the last day of frost and the burn rate (Table 1). The increase was more signiﬁcant
in the A and C1 areas, which are drier and/or cooler (total precipitation < 900 mm¨ year´1 ; average
last day of frost > 170 Julian day), and/or when the burn rate is higher (>0.5% year´1 ). According
to the simulation results (Figure 3c, Figure 7), the abundance of open stands increases in more than
90% of the simulations in the A and C1 areas and in more than two-third of the simulations in B, C, D,
and D1 areas.
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ȱ
Figure 7. Frequency of change in the abundance of open stands after 150 years of simulation of a forest
succession model in interaction with natural disturbances.

4. Discussion
4.1. Correlation of Fire Frequency with the Abundance of Open Stands
The abundance of open stands by ﬁre zone is mainly explained by the burn rate and the regional
climate [12] (Figure 2), but also by the periodic variations in the burn rate. Our results show that the
vegetation is not in equilibrium with the disturbance regime in all regions and that it may respond
immediately to changes in the ﬁre burn rate over a time scale shorter than that of ﬁre cycle (Figure 4).
This vegetation/ﬁre regime discrepancy (or lack of resilience) is accentuated when the degree-days
of growth are low (less than 1000 ˝ C¨ year´1 ) and/or when the burn rate is higher than 0.5% year´1 .
These results are consistent with the analysis of Chapin et al. [54] on the resilience of boreal forests and
changes in forest composition: these forests are resilient to disturbances but when biophysical factors
become strongly limiting to forest species, these forests start to lack resilience and their composition
may change gradually. Some of the ﬁre zones of our study area are indeed subject to a rather cold
climate that does not help trees get established after a disturbance [55,56]. Simulations showed that
the abundance of open stands should increase over a 150-year period in all ﬁre zones, except for area
E, if the burn rate remains equivalent to that observed between 1987 and 2006. As the importance of
the simulated changes is related to climate (Figure 4, Table 2), they are predicted to occur over a clear
north–south gradient (Figure 7).
The burn rate is deﬁned as the mean annual area burned in a given territory [20,57]. In fact,
the burn rate varies according to the area being calculated and the periods of time selected being
covered by the calculation [58]. This can lead to considerable variability of burn rate values or to their
overestimation [59,60] that obscures the inﬂuence of ﬁre regimes on the actual distribution of ecological
patterns [61]. Landscape dynamics models often apply the assumption that ﬁre regimes do not change
for long periods of time, while signiﬁcant variations in burn rates are observed from one year to the
next, and from one decade to the next [58,62]. Our analysis indicates that periodic variations of the
burn rate between 1947 and 2006 (Figure 5) had an immediate impact on the abundance of open stands
(Figure 4). Such variations have also been observed throughout the entire study area and are related to
the recent increase in the burn rate (1987 to 2006), except for area C. The increase in the abundance
of open stands in this ﬁre zone is probably due to a greater amount of precipitation because of the
higher altitude that may have mitigated the severity of ﬁres [63,64]. Indeed, when ﬁres are less severe,
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they do not entirely consume the soil’s organic matter, and the absence of mineralized soil limits the
regeneration of seeds [1,65–68]. Conversely, severe and more frequent ﬁres promote the regeneration
of pioneer species, such as jack pine. This is what is occurring in area A, where a higher proportion of
jack pine has been noted by Rapanoela et al. [14], even though the stand density there is less [14] due
to more frequent deﬁcient postﬁre recovery [46].
Our results are based on simulations with empirical models: they are not based on an
understanding of the underlying processes that drive forest succession. The semi-Markovian transition
matrices used in the present study were calibrated from forest maps and therefore suffer from the
defects of chronosequences, in which time is substituted by space [69,70]. They reﬂect past average
effects of underlying processes that occurred at speciﬁc times and these effects may not exactly
repeat themselves in the future. For instance, Markovian transition matrices are aspatial and ignore
the importance of local neighbouring effects on forest succession [71]: if the abundance of open
forest changes with time, local effects (historical legacies) should also change, which would impact
the prediction of successive forest succession events. Forest succession is also conditioned by ﬁre
severity [65–68] that has been shown to be related to speciﬁc ﬁre events [72]. As a consequence,
changes of abundances and their variability, as simulated here (Figure 3c), cannot be used for predictive
purposes (for instance to account for climate change effects [73]). Therefore, the present results served
to demonstrate that the abundance of open forest stands has indeed increased in response to a recent
increase in burn rates and to show the existence of a state of non-equilibrium over a relatively short
time scale (in comparison with black spruce longevity), in line with the variability of the burn rate.
4.2. Natural Dynamics of the Spruce-Moss Forest and Lichen Woodland
The boreal forest is a vast ecosystem that was formed about 8000 years ago. From north to south,
it encompasses four bioclimatic domains: forest tundra, Spruce-lichen woodland, spruce-moss forest
and the balsam ﬁr-white birch domain [9,74,75]. The spruce-moss forest is part of the sub-area of the
boreal forest, where stands are relatively dense. Forest cover is essentially dominated by black spruce,
and ﬁre is the primary disruption that causes forest renewal [76,77]. Spruce-lichen woodland and
spruce-moss forest used to be considered two separate communities [9,75,76]. The existence of these
two communities under the same environmental and climatic conditions has led to the conclusion
that the Spruce-lichen woodland and spruce-moss forest are stable alternative states [1,78]. However,
our ﬁndings challenge this notion of stability, at least at the regional level and over a short time scale
of decades.
Ecosystems can move from one state to another due to a severe disruption that acts directly on
state variables [79]. State variables are quantities that change rapidly to ecologically relevant time
scales, such as the density of the population [79]. In closed spruce-moss stands, the opening of stands
is attributed to a poor regeneration of the main species after several disturbances [2,6,78,80] that leads
a burned area unable to recover from a disruption [81]. If regeneration is good, the amount of black
spruce should increase during the ﬁrst 90 years and decline thereafter [52]. After 100 years but before
200 years have lapsed, the recruitment of young plants initiates the beginning of a structural change [82]
and stands become irregular [52,83]. In our study area, the rate of regeneration is particularly slow
and stand density is low [46,84]. Mansuy et al. [46] estimated that in our study area, it takes an average
of 25 years for a majority of burned-over areas to reach a regenerated stage, and 45 years for stands
over 7 m in height to dominate burned sites. The increase in plant density seems to happen gradually
since the time of the last ﬁre [85] and therefore, the abundance of closed stands is favoured by a low
burn rate (Figure 4). The openness of the forest in connection with a temporarily higher burn rate
demonstrates a potential instability of the spruce-moss forest, since a temporal change in the ﬁre
regime triggers a change in the forest mosaic, by altering the abundance of open and closed stands.
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4.3. Vulnerability and Adaptation to Disturbance Regimes
The vulnerability of boreal forest ecosystems depends on the extent of their adaptive capacity and
resilience to disturbances. In terms of resilience, it is assumed that the boreal forest is locally vulnerable
to the loss of forest cover resulting from permafrost degradation [56], successive disturbances [78,86],
or drought [87]. However, the persistence of wide landscapes of greater canopy opening caused
by an increase in the burn rate could result in a long-term major change in the composition and
structure of the spruce-moss forest, with a greater dominance of the less dense stands in the landscape.
Consideration of species adaptation is key to effective and sustainable forest management [88]. Indeed,
when assessing the risk of changes in stands or productivity losses [14,37], management decisions
should be taken in a view to try to reduce the vulnerability of ecosystems. Following this study, a
vulnerability threshold can be established with regard to the proportions of open stands in a landscape
composed of spruce-moss stands (Figure 5), based on tolerance to change. The proportion of closed
landscapes and acceptable biodiversity losses related to a decrease of closed stand abundance [89] will
depend on forest management objectives.
5. Conclusions
Our objective was to evaluate if the closure of the forest was unstable over time and not in stable
equilibrium with the current ﬁre regime. As the proportion of open stands is explained mainly by
the frequency of ﬁres and the regional climate, but also by the periodic variations of the burn rate,
our results showed that vegetation responds quickly to occasional changes in the ﬁre activity. When
the burn rate is higher, there is a signiﬁcant increase in the abundance of open stands. The recent
increase in the burn rate over the past two decades has led to a greater abundance of open stands,
which can already be observed in the current landscape. It is apparent from this study that forestry
planning should consider the risks associated with the temporal variability of ﬁre regimes on the
forest ecosystem, as the resulting changes can have a signiﬁcant impact on biodiversity and allowable
cut estimates.
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Abstract: We compared the changes in aboveground biomass and initial recovery of C pools and CO2
efﬂux following ﬁre disturbances in Scots pine (Pinus sylvesteris L.) stands with different time since
stand-replacing ﬁre. The study areas are located in hemiboreal vegetation zone, in north-western
Estonia, in Vihterpalu. Six areas where the last ﬁre occurred in the year 1837, 1940, 1951, 1982, 1997,
and 2008 were chosen for the study. Our results show that forest ﬁre has a substantial effect on the C
content in the top soil layer, but not in the mineral soil layers. Soil respiration showed a chronological
response to the time since the forest ﬁre and the values were lowest in the area where the ﬁre was in
the year 2008. The respiration values also followed seasonal pattern being highest in August and
lowest in May and November. The CO2 efﬂuxes were lowest on the newly burned area through
the entire growing season. There was also a positive correlation between soil temperature and soil
respiration values in our study areas.
Keywords: ﬁre disturbance; Pinus sylvestris; recovery; soil respiration

1. Introduction
Disturbances are an important factor inﬂuencing forest structure formation, composition and
forest functioning [1,2]. Forest ﬁres and the long-term recovery from them are important for regional
carbon (C) storage because C lost in ﬁres makes a substantial difference to regional C budgets [3].
Boreal forests are a crucial part of the climate system since they contain about 60% of the C (703 billion
tons) bound in global forest biomes [4]. It is expected, that the average temperature increase predicted
for the future climate will be most pronounced in the boreal region and the ﬁre frequency, intensity
and severity in boreal forests will increase as a result of prolonged drought periods [5].
Wildﬁres strongly inﬂuence boreal forest structure and function as they can cause losses of
15%–35% of the above-ground biomass and 37%–70% of the ground layer due to combustion [6,7].
Since both high severity (stand replacing) and intermediate severity ﬁres are common in Eurasia [4,8],
it is important to understand how these ecosystems respond to the different disturbances. In the short
term, increases in disturbance will lead to a net release of C and thus contribute to global warming,
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but the amount of C released is also linked to the age distribution of the forests. Thus, an integrated
approach studying C accumulation and energy ﬂuxes (CO2 efﬂuxes) across a ﬁre chronosequence is
needed to understand the role of boreal forests in global warming [9].
Soils play a major role in sequestering atmospheric CO2 and in emitting trace gases (e.g., CO2 , CH4 ,
and N2 O) that are absorbing solar radiation and enhance the global warming [10]. About half of the C,
which enters the ecosystem through photosynthesis, is allocated belowground [11,12]. The turnover of
soil organic matter (SOM) in boreal region is slow, with a turnover time of several decades [13].
During the ﬁre, SOM, mostly C, is released from the forest biomass rapidly to the atmosphere
through combustion and simultaneously, mineralized nitrogen (N) is released in the soil favoring the
re-establishment of vegetation during the ﬁrst years of succession [14]. Fires directly affect the C cycle
via CO2 emissions from biomass combustion and indirectly via long-term changes in ecosystem C
dynamics through forest recovery and succession [15].
In this study, we characterize the responses of soil CO2 efﬂux and soil C content to a forest ﬁre.
The changes occurring in the soil C dynamics were assessed along a ﬁre chronosequence in hemiboreal
Scots pine (Pinus sylvestris L.) stands of similar soil type and climatic conditions. We hypothesized
that the changes in post-ﬁre ecosystems affect C content and CO2 emissions from forest soils across
a ﬁre chronosequence. One of the aims of this study was also to investigate the changes in post-ﬁre
soil temperatures and soil moisture content and how these factors are affecting the soil CO2 emissions.
We assumed that the recovery of C stocks in soil and CO2 emissions is associated with the recovery
of aboveground plant biomass. We expect that our chronosequence study approach will bring new
quantitative information on changes in soil C dynamics after forest ﬁres and during the forest succession
in the hemiboreal forest zone, which may be useful for global C-cycle modelers.
2. Materials and Methods
2.1. Study Sites
The study area (ﬁre chronosequence) is located in hemiboreal vegetation zone, in north-western
Estonia, in Vihterpalu and Nõva [2]. The area is ﬂat with no elevation differences and covered with
pure Scots pine (Pinus sylvestris L.) stands on sandy soils, regenerated at a different time since forest
ﬁres. The areas belong to the Calluna and Vaccinium uliginosum site types (Table 1) [16]. The average
annual temperature in the area is +5.2 ◦ C. The coldest month is February, with an average temperature
of −5.7 ◦ C, and the warmest month is July, with an average temperature of +16.4 ◦ C [2].
Six areas (with extensive ﬁres 200 ha and more) have been chosen for the study: ﬁre in 1837,
1940, 1951, 1982, 1997, and 2008. All the study areas are located within 145 km2 . The total area of the
forest ﬁre in 2008 (59◦ 11 N 23◦ 46 E) was about 800 ha and it started at the end of May. The forest
stands selected for the current study were 70 years old at the time ﬁre occurred [2]. In August 1997
(59◦ 12 N 23◦ 49 E) about 700 ha of forest were burned and the forest stands selected for the current
study were 45 years old when the ﬁre occurred. The ﬁre in 1982 (59◦ 12 N 23◦ 48 E) occurred in May
and about 200 ha of forest were burned and the forest stands selected for the study were 30 years old
at that time. A huge ﬁre occurred in 1951 (59◦ 14 N 23◦ 49 E), when more than 2000 ha of forest were
burned, and the forest stands selected for the study were about 35–40 years old at that time. The total
area of the forest ﬁre in 1940 (59◦ 10 N 23◦ 42 E) was more than 200 ha and a forest ﬁre of similar size
occurred in 1837 (although the exact area of the forest ﬁre in 1837 (59◦ 13 N 23◦ 36 E) is unknown).
All areas had been exposed to stand replacing ﬁres where all (or most) of the stand was destroyed
by ﬁre. The time since last ﬁre was ﬁrst chosen from old inventory data, and later ﬁre occurrence
dates were conﬁrmed by taking increment cores at each selected stand. In all areas, three sample plots
were established (all together 18 sample plots), that were randomly located in the study areas and the
distance between sample plots was at least 100 m. Although the normal practice in Estonia following
large-scale disturbances in managed forests is to intervene immediately and clear the stand regardless
of whether it will be regenerated naturally or planted [2], we tried to locate our sample plots in areas
where the material was not removed after disturbance, thus no management actions (also no planting
after disturbance) were carried out.
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Fire 1982 (59◦ 12
Fire 1951 (59◦ 14
Fire 1940 (59◦ 10
Fire 1837 (59◦ 13

N 23◦ 48
N 23◦ 49
N 23◦ 42
N 23◦ 36

E)
E)
E)
E)

Fire 1997 (59◦ 12 N 23◦ 49 E)

Fire 2008 (59◦ 11 N 23◦ 46 E)

Study Area
(Geographical Coordinate)

Calluna/Cladina
Calluna/Vaccinium
uliginosum
Vaccinium uliginosum
Calluna
Calluna
Calluna/Cladina

Site Type

100 Pi
93 Pi, 7 Bi
100 Pi
100 Pi

3167
1583
3117
558

2683

1422

56 Pi, 44 Bi
91 Pi, 9 Bi

Living
Trees/ha

Tree Species
Composition (%)

7.2
12.5
10.4
21.8

3.9

1.9
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D1,3 (cm)

5.5
11.1
9.4
13.4

2.9

1.1

H (m)

Loamy sand
Loamy sand
Loamy sand
Loamy sand

Loamy sand

Loamy sand

Soil Texture

8.7/5.5/7.9/9.1/20.8
13.2/7.2/11.1/9.4/10.3
9.4/10.4/11.7/10.1/10.2
8.9/9.9/12.6/10.7/17.5

8.8/7.8/12.1/11.3/15.3

3.3/10.3/12.9/11.2/11.5

Average Thickness of:
O-/E-/BHF-/BCg-/CgHorizon in Soil (cm)

4.0/3.9/4.4
3.8/3.9/4.3
3.6/3.7/4.6
3.7/4.0/4.5

4.0/4.2/4.5

4.0/4.1/4.7

Soil pH
(O-/E-/Mineral
Horizons)

11.5
11.5
11.1
11.4

11.4

13.4

Average Soil
Temperature
(Growing Season) (◦ C)

Table 1. Stand and soil characteristics of the study areas. Pi—Scots pine, Bi—Birch. Geographical coordinate represent the location of middle sample plot in
a ﬁre chronosequence.
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To characterize the stands, circular sample plots with a radius of 11.28 m (400 m2 ) were established
in all areas of ﬁre chronosequence. Basic tree characteristics were measured for tree biomass calculations
(diameter at breast height, tree height, crown length, crown diameter) and for characterizing the stand
(stand age, the number of trees per ha, time since last ﬁre) (Table 1). Tree ages were determined from
increment cores taken from sample trees and analyzed with WinDENDRO (Regent Instruments
Canada Inc., Quebec, Canada). For tree biomass calculations the formulas of Repola [17] and
Repola [18] were used. Also, all dead wood (all material longer than 1.3 m and with a diameter
of at least 10 cm) was measured in all sample plots for dead wood biomass calculations.
In every sample plot there were two 0.5 × 0.5 m ground vegetation squares for species composition
and recovery measurements and two 0.2 × 0.2 squares for ground vegetation biomass measurements.
Ground vegetation was classiﬁed into mosses, lichens and shrubs/grasses and oven dried at 60 ◦ C
until constant mass was reached.
2.2. Soil C Content and CO2 Efﬂux
The soil was classiﬁed as a gleyic podzol [19], with loamy sand. Its proﬁle (O–E–BHF–BCg–Cg)
consists of the organic (O) horizon (material in different decomposition stages) (1–15 cm), discontinuous
bleached sandy podzolic (E) horizon of varying thickness (2–14 cm), iron-illuvial loamy sand (BHF)
horizon with an average thickness of 14 cm and with a gradual transition towards an unevenly colored
(from grey to yellowish brown color) sandy parent material.
Soil respiration was measured manually from all sample plots (measuring interval of two weeks).
Manual chamber measurements were performed on 5 collars (transect north—south orientated and the
distance between collars was 5 m) in each sample plot (all together 90 collars) from May till October,
to determine the CO2 efﬂux from soil to atmosphere with diffusion gradient method [20]. The collars
(diameter 0.22 m, height 0.05 m) were placed at 0.02 m depth in the organic soil layer above the rooting
zone to avoid damage to roots. The collars were sealed with sand placed around the collars to reduce
the air leakage from below the collar. The vegetation inside the chamber was not damaged during
the measurements. For CO2 efﬂux measurements the portable chamber (0.24 m height and 0.22 m
in diameter) made of plexiglass and covered with non-transparent plastic was used. All chamber
measurements were carried out during the daylight. The CO2 concentration was recorded during
a 5 min chamber deployment time with a diffusion type CO2 probe (GMP343, Vaisala Oyj, Vantaa,
Finland) and air humidity and temperature inside the chamber with relative humidity and temperature
sensor (HM70, Vaisala Oyj, Vantaa, Finland). The CO2 ﬂuxes were calculated based on the change in
the CO2 concentration (F) in the chamber headspace in time as follows:
F=

Δ (Vc Ci )
Δt

(1)

were Vc is the volume of the chamber, Ci is the CO2 concentration inside the chamber and t is the time.
Simultaneously with soil CO2 efﬂux measurements also soil temperature and soil moisture content
(TRIME-PICO 64, IMKO GmbH, Ettlingen, Germany) were measured.
One iButton temperature sensor was placed in each sample plot to register soil temperature
changes over the year.
To characterize the soil C and N content 5 soil cores (0.5 m long and 0.05 m in diameter) were
taken from each sample plot. The soil cores were divided according to morphological soil horizons to
litter and humus layers, mineral layers to eluvial and illuvial horizons, and sieved. All visible roots
were separated (bigger roots by sieving the soil through a 2-mm sieve and smaller roots by picking)
for root biomass calculations. The roots were identiﬁed as tree roots and ground vegetation (mainly
dwarf shrubs and grasses) roots and rhizomes based on morphology and color [13]. The soil pH
of different horizons was determined with glass electrode in 35 mL soil suspension, consisting of
10 mL of the soil sample and 25 mL of demineralised water, which had been left overnight to stand
after mixing. The soil C and N content were determined with an elemental analyzer (vario MAX CN
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Elementaranalysator, Elementar Analysensysteme GmbH, Hanau, Germany) after oven-drying the
samples at 105 ◦ C for 24 h.
2.3. Statistical Analyses
Data was checked for normality using the Shapiro-Wilk test and a logarithmic transformation
was made for the recorded CO2 ﬂuxes to approximate the residual distribution of this variable to the
normal distribution. Mixed models (PROC MIXED) was used to test the different factor effects behind
CO2 ﬂuxes from the soil. CO2 ﬂux was treated as dependent variables in these models, while age since
the last ﬁre disturbance was treated as ﬁxed continuous variable, plot as random factor. A Tukey’s
HSD test was used for comparison of differences within factors. All calculations and statistical analyses
used the plot as the experimental unit and a signiﬁcance level of p < 0.05. All the statistical analyses
were performed with SAS version 9.3 (SAS Institute Inc., Cary, NC, USA).
3. Results
3.1. Soil Physical-Chemical Properties and Above- and Belowground Biomasses
Soil pH was not signiﬁcantly different between areas with different time since ﬁre. Soil pH in
mineral soil was similar in all areas, ranging between 4.3 and 4.7 (Table 1). Soil pH in humus layer
was slightly higher in areas where the ﬁre occurred in 2008, 1997 and 1982 compared to other areas
(Table 1), but the differences between the areas were not statistically signiﬁcant (p > 0.05). The average
thickness of the O-horizon (3.3 cm) was signiﬁcantly lower (p < 0.05) in the area where the ﬁre occurred
in 2008 compared to other areas (Table 1). The thickest O-horizon was in the area where ﬁre occurred
in 1951 (Table 1). The thicknesses of the other horizons within the taken samples were not statistically
different between the areas, and they ranged between 5.5 and 20.8 cm (Table 1). There was a signiﬁcant
difference (p < 0.05) between the areas when growing season temperatures (May–October) were used.
The average soil temperatures in the area where the ﬁre occurred in 2008 were 13.4◦ C (Table 1), while on
the other areas the average soil temperatures stayed around 11 ◦ C (Table 1). The daily average soil
temperatures in the area where the ﬁre occurred in 2008 were clearly higher from the middle of the
May until the end of August (Figure 1). In September and October, there was no clear difference
between the areas.

Figure 1. Daily average soil temperatures (24 h average, ◦ C) during the measurement period in
a ﬁre chronosequence.
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The living tree biomass, as well as the biomass of the ground vegetation and root biomass,
increased during the post-ﬁre succession (Figure 2). The total aboveground biomass (including tree
and ground vegetation biomass) was smallest at the youngest ﬁre area (0.53 kg m−2 ), increased
through post-ﬁre succession and reached the maximum in the areas where the ﬁre occurred in 1951
(12.43 kg·m−2 ) (Figure 2). Same tendency was observed also with living root biomass (including tree
and ground vegetation root biomass) being smallest at the youngest ﬁre area (0.39 kg·m−2 ) and highest
(4.18 kg·m−2 ) in the oldest ﬁre area (Figure 2).

Figure 2. Average aboveground (branches/needles, tree stems, mosses and vascular plants) and
belowground biomass (kg·m−2 ) in a ﬁre chronosequence.

In the area where the ﬁre occurred in 2008, there was a lot of standing dead wood biomass
(Figure 3), meaning that seven years after the ﬁre most of the trees that died during ﬁre disturbance
were still standing. In the area where the ﬁre occurred in 1997 (18 years after ﬁre) there was almost
no standing dead trees in the area and there was the highest amount of lying dead wood (Figure 3).
The amount of dead wood in the study areas stabilized around 65 years after the ﬁre (Figure 3).

Figure 3. Average standing and lying dead wood biomass (kg·m−2 ) in a ﬁre chronosequence.
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Total soil C stock was signiﬁcantly lower (p < 0.05) in the area where the ﬁre occurred in 2008
compared to other areas (Figure 4). The difference in soil total C stocks originated from the top layer
(O-horizon), as the C stock in the O-horizon was much lower (only 729.2 g·C·m−2 ) in the most recently
burned area (Figure 4).

Figure 4. Average soil C content (C·g·m−2 ) in different horizons (O-/E-/BHF-/BCg-/Cg-horizon) in
a ﬁre chronosequence.

3.2. Soil CO2 Efﬂux
The results of this study revealed that factors affecting the soil CO2 efﬂuxes from post-ﬁre areas
were time since ﬁre, soil temperature, time of measurement (month) and root biomass (Table 2).
Factors like soil water content, soil C and N content and ground vegetation biomass had no effect
on soil CO2 efﬂux (Table 2). The post-ﬁre soil CO2 efﬂux increased with time since the ﬁre in our
study (Figure 5). The CO2 efﬂux was lowest (p < 0.05) in the area where the ﬁre occurred in 2008
(0.0747 mg CO2 m−2 ·s−1 ) and was already stable (compared to other older areas) in the area where
the ﬁre occurred in 1997 (0.1295 mg CO2 m−2 ·s−1 ), thus 18 years after the ﬁre disturbance (Figure 5).
There was also a clear correlation between soil CO2 efﬂux and soil temperature in the studied ﬁre
areas(R = 0.44, p < 0.05). When each year of the chronosequence was analyzed separately we found
highest correlation between soil CO2 efﬂux and soil temperature in the most recently burned area
(R = 0.95, p < 0.05) and lowest in the area where the ﬁre occurred in 1982 (R = 0.59, p < 0.05). In all
other areas the correlation between soil CO2 efﬂux and soil temperature were in the range 0.82–0.91.
Table 2. Analysis of logarithmically transformed soil CO2 efﬂux: ANOVA type 3 test results for factors.
Factor
Time since ﬁre (year of ﬁre)
Time of measurement (month)
Soil water content
Soil temperature
Soil C content
Soil N content
Ground vegetation biomass
Root biomass (tree and
ground vegetation roots)

Complex Model

p-Value

NDF

DDF

F

5
6
1
1
1
1
1

924
924
924
924
924
924
924

116.99
31.60
0.87
141.89
0.14
3.36
3.39

<0.001
<0.001
0.3508
<0.001
0.8929
0.0672
0.0701

1

924

19.23

<0.001

Note: NDF = numerator degrees of freedom for the F-test; DDF = denominator degrees of freedom; F = value of
the F-statistics; p-value tests the null hypothesis “Factor has no effect on CO2 efﬂux”.
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Figure 5. The average soil CO2 efﬂux (mg CO2 m−2 ·s−1 ) in a ﬁre chronosequence.

4. Discussion
This study focused on stand-replacing ﬁres in hemiboreal coniferous forests that affect C cycling
and storage over large spatial scales and long time periods. Although more than 70% of the ﬁres
in Eurasia are surface ﬁres [7], indicating that intermediate-severity ﬁres are dominant in the area,
the stand-replacing ﬁres can also occur [4,8,21]. Fire intensity (intensity of humus reduction) is
considered to be one of the most important ﬁre-related characteristics [22], and it affects the pattern of
the above- and belowground biomass recovery, community dynamics and soil processes [23].
Our results show a clear reduction of soil C stocks after the ﬁre in the organic layer (O-horizon)
on top of the soil, but ﬁre effects were much smaller in the mineral soil. The C stocks of top soil layer
had signiﬁcantly lower amounts of C in the area where the last ﬁre occurred 7 years ago in a year 2008,
and the C pool started to increase signiﬁcantly already 18 years after the ﬁre in the area where ﬁre
occurred in 1997. Similarly, other studies have found that although the soil C pool in boreal forests
is highly variable, the overall trend in the increase of C pool exists with increasing time since the
ﬁre [24,25]. The recovery of C pools in our study was most signiﬁcant between 7 and 18 years after
the ﬁre. This is an important finding concerning the recovery of the C pool over the entire rotation period.
If the fire frequency would increase from the current boreal average of approximately 100 years) between
fire events, it could substantially reduce the long-term average soil C pool in the boreal forest zone [26,27].
However, these modeling studies, e.g., by Liski et al. [27] do not take into account the slow changes in soil
respiration described here, and therefore overestimate the C losses experienced by forests [13].
Traditional approaches assume that the decomposition of SOM is either limited by the quality
of SOM or by the environment [28]. The humus in podzol soils is usually covered with a poorly
decomposed litter layer and the degree of decomposition of humus increases with depth. Fires burn
most of the litter layer and often also the upper part of the humus layer. The SOM in the litter layer
is easily decomposable, and weight loss from the litter approaches 10%–30% per year during the
ﬁrst years of decomposition [29]. The contribution of the litter layer to soil respiration has been found
to be about 20% [30]. Therefore, we might assume that ﬁres would decrease SOM quality by burning
the easily decomposable litter but leaving the recalcitrant humus on the site. Direct effects of ﬁres
on the SOM quality have indeed been documented [31,32]. The amount of soil respiration is also
affected by the quantity of SOM, and ground ﬁres will cause a litter pulse because many trees are
killed, but their foliage is not burnt. Therefore, litter input after a ground ﬁre will exceed the litter
input of undisturbed forests.
In previous studies it has been found that the soil CO2 efﬂux is lower in recently burned areas
and higher in the areas where more time has elapsed since the last ﬁre [13,33–35]. Similarly, this study
revealed that soil respiration was lowest in the area where the last ﬁre occurred most recently in 2008.
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It has been found that it may take 3–10 years for post-ﬁre soil CO2 efﬂux recovery [36,37], and the main
factors affecting it are the vegetation type, vegetation coverage and post-ﬁre biomass recovery [38,39],
which contribute to the formation of new SOM. However, in our study somewhat longer recovery
period was observed. Therefore, it can be assumed that in the 2008 ﬁre area SOM has not recovered
and since the main soil CO2 efﬂux occurs mainly in the upper soil layers (O-horizon) the soil CO2
efﬂux is lower. The main reason why the SOM has not recovered was the original site and ﬁre
severity. Pine forests in our study areas are growing on sandy soils where the organic layer of soil was
thin. With stand replacing ﬁre almost all the organic soil layer was burned and it is difﬁcult for tree
regeneration and ground vegetation to establish on pure sand. In some areas it was also noticed some
movement of the sand (when the sand was exposed after ﬁre), thus it is understandable that seven
years after ﬁre disturbance ground vegetation coverage, that is the most important source for new SOM
establishment, was not completely recovered. In addition, also the root respiration (other important
component of the soil CO2 efﬂux) is lower as the vegetation has not fully recovered. In spring and
summer, during active root growth, root respiration can account for 62% of the total soil CO2 efﬂux,
and in the autumn the proportion may be only 16% [40]. Thus, the soil CO2 efﬂux may also be elevated
due to the increase in root respiration, which in turn is caused by raise in soil temperature.
The importance of soil temperature and soil humidity on soil CO2 efﬂux has been reported in
several studies [33,41–43]. As temperature raises the loss of soil organic C increases and thus the soil
CO2 efﬂux increases [44–46]. In our study we also found that soil temperature affects the soil CO2
efﬂux, while soil water content had no effect. The average soil temperature was highest in the 2008 ﬁre
area, although the soil CO2 efﬂux was lowest in that area. It has been suggested that after ﬁre the soil
CO2 efﬂux is lower because the vegetation is killed by ﬁre and SOM is either damaged or destroyed [33].
Furthermore, the soil temperature rises since the sun warms the post-ﬁre vegetation-free and darker
ground (sand mixed with ash and unburned residues) more. As a result of very high temperatures
the soil CO2 efﬂux decreases as enzymes and microbes are deactivated [45]. Stand condition after the
disturbance plays also an important role [47], because tree crowns are missing or have been damaged
and it does not prevent the transmission of solar radiation on the ground [31,33]. Dead trees provide
shelter from wind, which reduces evaporation that often inhibit conifer regeneration and may also
act as seed catchers [2,48]. In contrast, old stand with a sparse cover of living trees allows wind to
increase the evaporation. In our study there was a lot of standing dead trees in the area where the last
ﬁre occurred 7 years ago, while in the area where the last ﬁre occurred 18 years ago there was almost
no standing dead trees and there was the highest amount of lying dead wood. It is quite likely that in
the 2008 ﬁre area due to the small above- and belowground biomass the soil CO2 efﬂux was lower
even with the highest average soil temperature and CO2 efﬂux was already stable in the 1997 ﬁre area
where the above- and belowground biomass was already recovered.
5. Conclusions
Overall, our results showed that forest ﬁre has a substantial effect on the soil C content in the top
soil layer, but not in the mineral soil layers. Soil respiration values in our study showed a chronological
response to the time since the forest ﬁre and the values were lowest in recently burned areas. The soil
respiration values also followed a seasonal pattern being highest in August and lowest in May and
November and there was a positive correlation between soil temperature and soil respiration values
in our study areas. We also found that soil respiration follows logistic function: the recovery process
happens within 10–20 years after ﬁre and shows raising tendency.
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Abstract: Wildﬁre emissions in the boreal forests yield an important contribution to the chemical
budget of the troposphere. To assess the contribution of wildﬁre to the emissions of atmospheric
trace species in the Great Xing’an Mountains (GXM), which is also the most severe ﬁre-prone boreal
forest region in China, we estimated various wildﬁre activities by combining explicit spatio-temporal
remote sensing data with ﬁre-induced emission models. We observed 9998 ﬁre scars with 46,096 km2
in the GXM between the years 1986 and 2010. The years 1987 and 2003 contributed 33.2% and 22.9%,
respectively, in burned area during the 25 years. Fire activity is the strongest in May. Most large
ﬁres occurred in the north region of the GXM between 50˝ N and 54˝ N latitude due to much drier
weather and higher ﬁre danger in the northern region than in the southern region of the study domain.
Evergreen and deciduous needleleaf forest and deciduous broadleaf forest are the main sources of
emissions, accounting for 84%, 81%, 84%, 87%, 89%, 86%, 85% and 74% of the total annual CO2 ,
CH4 , CO, PM10 , PM2.5 , SO2 , BC and NOx emissions, respectively. Wildﬁre emissions from shrub,
grassland and cropland only account for a small fraction of the total emissions level (approximately
4%–11%). Comparisons of our results with other published estimates of wildﬁre emissions show
reasonable agreement.
Keywords: wildﬁre; emissions; satellite; China; burned area

1. Introduction
Wildﬁre is a critical disturbance factor in the boreal forests, which acts as a double-edged sword
in the natural context. On the one hand, ﬁre is traditionally used as a tool to aid in many land use and
related changes, including the clearing of forests for agriculture and for shifting agricultural practices.
Wildﬁre is an important part of ecosystem services, providing nutrients and recycling material. On the
other hand, wildﬁre always releases some emissions of gases and aerosols to the atmosphere [1].
It is considered a major source of aerosol that affects air quality, atmospheric composition and the
Earth’s radiation budget [2,3]. Smoke emitted by ﬁres is composed of volatile organic compounds [4],
particulate matter (PM) and numerous trace gases, including carbon monoxide (CO), carbon dioxide
(CO2 ), methane (CH4 ) and nitrogen oxides [5]. Globally, wildﬁre contributes approximately 50% of the
total direct CO emissions and approximately 15% of surface NOx emissions [6]. Most of these particular
matters and trace gases can have signiﬁcant effects, not only on human health but also affect the climate,
with potential feedback on air quality. As gaseous and aerosol emissions from ﬁres are transported
through the atmosphere, they degrade air quality by reducing visibility, creating unhealthy levels of
PM, and reacting to create harmful tropospheric trace gases, such as ozone (O3 ) [7]. Some species
have signiﬁcant and far-reaching consequences due to their long lifetime (e.g., N2 O: ~ 150 years,
Forests 2016, 7, 158
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CO2 : ~100 years, CH4 : ~10 years) [8]. In addition, smoke and PM inﬂuences precipitation processes,
resulting in delayed, suppressed or invigorated rainfall, which changes cloud albedo [9], scatters and
absorbs solar radiation [10,11], affecting atmospheric warming or cooling and contributing to climate
change [12–14].
With increasing scientiﬁc and political concern regarding the carbon cycle, there is a strong
impetus to better understand wildﬁre carbon emissions on both a global and regional scale. For several
decades, researchers have made great efforts to estimate burned biomass emissions from ground-based
and in situ measurements. Both spatial and temporal coverage of these studies is severely limited
in pre satellite era [15–17]. However, during the past two decades, major advances have occurred in
the detection of atmospheric pollution from space. The generation of satellite instruments launched
since 1995 has proven to be capable of observing a wide range of chemical species at increasingly high
spatial and temporal resolutions [18–20]. In addition, the transformation of raw satellite retrievals to
user-friendly, archived products has considerably progressed, such that the application of satellite
observations to a wide range of atmospheric problems is no longer a daunting prospect. Space-based
observations, such as the Along-Track Scanning Radiometer (ATSR) [21] and the Moderate Resolution
Imaging Spectroradiometer (MODIS), provide information concerning global burning hotspots at a
spatial resolution of 1 km, which have allowed a better identiﬁcation of wildﬁre and emissions [22].
Previous studies have attempted to estimate the amount of burned biomass and the ﬁre-induced
emissions in China [23–25]. The total amount of carbon emitted per year via the burning of
terrestrial biomass in China has been estimated at 11.31 Tg from 1950 to 2000 [25]. This amount
of carbon emissions has resulted from the atmospheric emissions of three trace gases: 40.6 Tg year´1
CO2 , 27.1 Tg year´1 CO and 0.112 Tg year´1 CH4 , besides 0.113 Tg year´1 NMHC (non-methane
hydrocarbons) [25]. Black carbon (BC) emissions have increased at an average annual rate of 25.54%,
from 0.014 Tg in 1990 to 0.067 Tg in 2005 [23]. Nevertheless, current approaches depend on factors such
as scale, accuracy requirements and information availability, among others. Therefore, a longer-term,
higher-resolution study into the emissions from wildﬁre on both a global and regional scale is required.
Local estimates are necessary to understand micro-scale emission mechanisms, whereas regional
and global modeling is essential to assess the net effects of emissions on the atmosphere and on
global climate change [26]. Some articles argue that China should take more responsibility for climate
change mitigation than other counties due to much CO2 emissions by fossil fuel consumption and by
wildﬁre [27–29]. In China, the most severe ﬁre-prone area is the northeastern region, particularly the
GXM region. Wildﬁre is inevitable and is ecologically important in forests throughout much of the GXM
because of the fuels, ignition sources and variable climatic conditions. It has been roughly estimated
that 1.2 ˆ 107 Mg carbon emissions were released from forest ﬁres, with approximately 1.0 ˆ 106 hm2
of forest burned in the GXM during the period from 1980 to 2005 [30]. To assess the atmospheric impact
of biomass burning quantitatively, accurate emissions estimates of trace gases and aerosols are required.
The purpose of this work is to provide estimates of total direct emissions from wildﬁre by combining
explicit spatio-temporal remote-sensing data with ﬁre-induced emission models. Another major
objective of this investigation is to estimate the potential range and spatial-temporal patterns of
wildﬁre events in the GXM area. We also attempt to identify gaps and limitations in existing data and
methods that must be studied in the future to improve our understanding of the role of wildﬁre in
regional carbon dynamics.
2. Materials and Methods
2.1. Study Area
The Great Xing’an Mountains (GXM), which lie on China's northern border frontier and neighbor
Russia in the north and Mongolia in the west, are commonly deﬁned as stretching from the Heilongjiang
(or Amur) River in the north to the Silas Moron River in the south. This study focuses on the Hulun Buir
Plateau and the majority of the GXM (Figure 1). This region is primarily a hilly mountainous region
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that ranges from 450 m to 1500 m in elevation. The climate is terrestrial monsoon, with long, severe
winters (mean January temperature ´28.5 ˝ C) and short, mild summers (mean July temperature 17 ˝ C).
Precipitation, which peaks in summer, is 420 mm annually and is unevenly distributed throughout
the year, with more than 60% of precipitation occurring between June and August. Vegetation in this
region falls within the cool temperate coniferous forests, which occur at the southern extension of the
eastern Siberian light coniferous forest [31].
The species composition is relatively simple, and the forest area covers over 75% of the study area.
The most dominant tree species is larch, which accounts for 80% of the study area. The second most
dominant species is birch, which covers 10% of the study area. Other species, including pine, spruce,
aspen and willow cover approximately 10% of the study area. Figure 1 show the land cover distribution
in the study area, which was acquired from the Advanced Very High Resolution Radiometer (AVHRR)
Global Land Cover Map (http://www.glcf.umd.edu/data/landcover).

Figure 1. Land cover distribution in the study area. This distribution was derived from the AVHRR
Global Land Cover Map.

2.2. Methodology:Carbon Emission Calculations
Over the past several decades, substantial efforts have been devoted to evaluating ﬁre-induced
carbon emissions, primarily by use of models. Speciﬁcally, remote-sensing technologies are assessed
as a feasible way to estimate emissions from both a direct approach (i.e., smoke measurements) and an
indirect approach (i.e., model emissions driving variables, such as fuel availability and combustion
efﬁciency) [26].
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The most general way to compute gas emissions is deterministic, where the trace gas emissions
are linked to the amount and type of fuel consumed and to the combustion characteristics [32]. The
amount of a speciﬁc gas or aerosol species, x, emitted as follows [32]:
Mx “ MBconsumed ˆ EFx

(1)

where Mx is the mass of species x emitted from ﬁre EFx is the mass of species x released per kilogram
of the biomass burned (emission factor); and MBconsumed is the mass of the dry biomass burned.
MBconsumed can be estimated using the following equation:
MBconsumed “ BA ˆ BD ˆ BE

(2)

where BA (ha) is the area burned by ﬁre; BD (kg ha´1 ) is the density of the dry biomass in the area;
and BE (%) is burn efﬁciency or combustion completeness, i.e., the percentage of biomass consumed
by ﬁre. The model used in our study integrates a series of biophysical variables that can be estimated
based on various sources from remote sensing imagery and from the literature.
2.3. DeterMination of Variables
2.3.1. Burned Area (BA)
The Great Xing’an Mountain (GXM) is a typical ﬁre-prone region, where many species have
a recognized ability to regenerate after ﬁre. Fire has been a primary disturbance in most forests
of this region and has shaped their plant communities for millions of years [33–35]. The National
Forestry Bureau (NFB) of China reported information on signiﬁcant ﬁres across China since 1950,
including information on ﬁre numbers, burnt areas, and ﬁre locations. Historically, ﬁre regimes
in this region have been characterized by frequent, low intensity surface ﬁres mixed with sparse
stand-replacing ﬁres in relatively small areas [36]. The historical burned areas used in this study were
derived from NOAA (National Oceanic and Atmospheric Administration) AVHRR for 1986–2000.
We can obtain burned date and ﬁre location from national ﬁre inventory. Firstly, we buffer a region
as a rough burned area by using ﬁre location. Then we compare AVHRR NDVI images of pre burn
date and post burn date. If AVHRR NDVIpre is larger than two times NDVIpost, then the pixels were
considered as burnt area. If not, the pixel will be ﬂagged as unburnt area (Figure 2). The AVHRR
NDVI datasets from 1986–2000 provided by National Aeronautics and Space Administration (NASA)
(URL: http://daac.gsfc.nasa.gov/ DATASET _DOCS /avhrr_dataset.html).
For the period from 2000 to 2010, the burned area was estimated using the satellite MODIS MCD45
Burned Area Level3 product, which provides the most comprehensive data concerning ﬁre-affected
areas in remote boreal regions. MCD45A1 is a monthly, 500-m resolution product and has been
available online since April 2000. In this study, MCD45A1 burned area dataset from 2001 to 2010
were obtained from USGS (URL:http://e4ftl01.cr.usgs.gov/MOTA/MCD45A1.005/). Uncertainty
of MODIS burnt area is still substantial. On the one hand, overestimation of burnt area may occur
as a consequence of including unburnt patches within pixels classiﬁed as burnt. On the other hand,
underestimation of area burnt may occur in pixels where only a small fraction was burned. In this
case, the satellite senor cannot capture such weak signals. Therefore, the conﬁdence of MODIS burnt
pixels detection was divided into four values (QA = 1 (most conﬁdent) to QA = 4 (least conﬁdent)).
In this study, if burnt pixels QA = 1, then those pixels were ﬂag as burnt; for those pixels with less
conﬁdent (QA = 2, 3 or 4), we redeﬁned them by comparing SPOT (Satellite for Observation of Earth)
NDVI images of pre burn date and post burn date. A different satellite product, SPOT vegetation, was
used to check the MODIS results. If evidence were found by both of them, then the results are right.
Especially, if SPOT NDVIpre is larger than two times SPOT NDVIpost, then the pixels was considered
as burnt area, otherwise, the pixels were considered as unburnt area (Figure 2).
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Figure 2. Flow chart used to derive burned area.

2.3.2. Biomass Density (BD) and Burning Efﬁciency (BE)
Biomass density and burning efﬁciency are two uncertain parameters in biomass burning
estimates due to the high-spatial variability of the burning process and of fuel availability, which
are related not only to general ecosystem characteristics but also to the micro-scale environmental
conditions. Trace gas emissions are directly related to biomass and land cover through the amount and
composition of the fuel [26]. Simply stated, the higher the biomass density is, the higher the amount
available for burning and, therefore, the greater the total quantity of carbon that can be released as
trace gases [37]. In areas of low precipitation and in regions with dry periods of high temperature,
biomass consumption is higher than in more humid climates in Brazil [38]. A linear relation between
the annual area burned and the fraction of biomass consumed was revealed in previous study [39],
they found that in warmer years, when a higher number of ﬁres occur, burning efﬁciency is higher
as well in boreal forests. Thus, in warmer years, when a higher number of ﬁres occur, the burning
efﬁciency is also higher [26]. It is infeasible to identify the speciﬁc meteorological conditions of each ﬁre
event. Most plants live in areas with very speciﬁc climate conditions. Phytogeography tells us that the
geographic distribution of plant species is primarily decided by those regional climate characteristics,
such as temperature and rainfall patterns. In this sense, the land cover map can also commendably
reﬂect the site climate characteristics. Therefore, in this study, the biomass densities (BD) and burning
efﬁciencies (BE) were derived from values published [40–42] using the AVHRR Global Land Cover
Map (AVHRR GLC-2000) at a 1 km resolution. In this study, we presume that biomass below ground
does not burn, although ﬁres can burn deep into the ground under certain conditions, such as peat
ﬁre. Table 1 shows the determination of biomass densities (BD) and burning efﬁciencies (BE), whose
values are derived from published literature based on speciﬁc sites across the globe. Thus, we can get
biomass density and burned efﬁciency on pixel level (Figure 3).
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Table 1. Determination of emission model parameters for each bioclimatic zone against the AVHRR
Global Land Cover Map.
Code

Description

BD (Mg/ha)

(BE%)

1, 3
4
5
6
7
8, 9
10
11
0, 12–14

Evergreen and deciduous needleleaf forest
Deciduous broadleaf forest
Mixed forest
Woodland
Wooded grassland
Scrubland
Grassland
Cropland
Water bodies, barren, built-up, undeﬁned

140
95
12
95
11
43
11
5
0

40
40
40
40
90
50
90
90
0

Figure 3. Biomass density (left) and burned efﬁciency (right) distribution in the study.

2.3.3. Determination of Emission Factors (EF)
Emission factors, usually deﬁned as the amount of certain trace gas and aerosol species released
per amount of fuel consumed, which are expressed in grams of a gas compound per kilogram of dry
matter [26,43]. Emission factors are based on the correlation between the concentration of a certain gas
species and the concentration of the reference species emitted and are estimated from experiments for
speciﬁc conditions [26]. Emission factors for various ecosystems and environmental conditions have
been derived either in natural conditions or in controlled laboratory experiments [7,41,42] where the
rest of the variables were known (i.e., the amount of the compound released, the amount of fuel burned
and the concentration of the element in the fuel) [26]. In the present study, emission factors were also
assigned for each land cover classiﬁcation in the AVHRR GLC-2000 data. These emission factors for
each emitted species, which are given in Table 2, were based on previously published studies [7,42].
The average of relevant emission factors for each gaseous or particulate species was applied when
more than one emission factor was available in the literature. Figure 4 shows the determination of
CO2 emission factors in China. The emission factors of other emitted species (CH4 , CO, PM10 , PM2.5 ,
SO2 , BC and NOx ) were also determined in the same way.
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Table 2. Emission factors assigned to ﬁres in each of the vegetation types of the AVHRR GLC-2000 data.
Description
Evergreen and deciduous
needleleaf forest
Deciduous broadleaf forest
Mixed forest
Woodland
Wooded grassland
Scrubland
Grassland
Cropland
Water bodies, barren, urban **

CO2
*

CH4

1700
1750
1670
1652
1642
1632
1588
1353
0

CO

PM10

PM2.5

SO2

BC

NOx

4.8

89

13.1

12.7

0.6

0.77

3.1

4.5
4.5
4.5
3.1
3.1
3.1
2.2
0

94
84
90
80
85
80
80
0

15
12.5
8.5
8.5
8.5
9.9
9.9
0

12.3
7.9
7.3
7
7
6.3
6.3
0

0.5
0.6
0.5
0.5
0.5
0.5
0.4
0

0.82
0.8
0.5
0.52
0.52
0.48
0.63
0

2.5
3
6.5
3.2
6.5
4
2.9
0

* Units are gram species per kilogram of dry biomass burned (g/kg). The values given in this table were derived
from published studies [7,41,42]. ** Emission factors for water bodies, barren area and urban area were assigned
a value of zero.

Figure 4. The determination of CO2 emission factors in China.

3. Results and Discussion
3.1. Wildﬁre Distributionin the Great Xing’an Mountains
Figure 5 shows the historical burned area distribution by month from the years 1986 to 2010.
In total, 9998 ﬁre scars were observed in the GXM between the years 1986 and 2010. Particularly
during the spring ﬁre season, there are always serious large forest ﬁre events. For example, on 6th
May 1987, a catastrophic ﬁre occurred on the northern slopes of the GXM, which burned a total area of
1.3 ˆ 106 ha, with disastrous effects on the forest composition and structure, ecosystem processes and
the landscape pattern [44]. The wildﬁre that broke out in Jinhe and Genhe counties on 5 May 2003
burned 7.9 ˆ 104 hectares, including 6.3 ˆ 104 hectares of forest areas, with an economic loss of more
than 198 million RMB [44].
378

Forests 2016, 7, 158

Figure 5. Burned area distribution from 1986 to 2010. Only the ﬁre scars larger than 100 ha are shown
in this ﬁgure. Note that the size of the burn scars increases slightly for the display purpose.

Spring and autumn are two primary ﬁre seasons in the GXM. Almost 80% burned area are
burned in three months (May: 52%; April: 15%; October: 12%). Normally, there are no large ﬁre
events due to high precipitation and high fuel moisture in summer (July and August) and to low
temperatures accompanied by the accumulation of snow and frozen land in winter (late November
to February) (Figure 6). Thus, ﬁre events occur in spring from mid-March to mid-June and from
mid-September to mid-November in fall. Large ﬁres occurred more often in the northern region of
the GXM between 50˝ N and 54˝ N latitude than in the southern region (part of Inner Mongolia
Province) (Figure 5) due to much drier weather and higher ﬁre danger in the northern region (part of
Heilongjiang Province). The vegetation in this region is a cold-temperature mixed coniferous forest, in
which ﬁre is likely to occur. Burn scars and the associated vegetation succession lead to a mosaic of
landscape patches. These spatial patterns of regenerating vegetation in various succession stages are
important considerations for carbon budget studies in boreal forests [45].

september
7%

march
1%
october
12%

april
15%

august
4%
july
5%
june
4%

may
52%

Figure 6. Monthly pattern of wildﬁre in the Great Xing’an Mountains.

Figure 7 shows the burned area shift from 1986 to 2010. The years 1987 and 2003 contributed 33.2%
and 22.9%, respectively, in burned area during the 25 years. In total, 1.53 million hectares were charred
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by ﬁres in 1987, which was the most destructive ﬁre year in China’s history, with a speciﬁc larger ﬁre in
May that burned 1.33 million hectares alone. Extreme meteorological conditions, in combination with
the lack of accessibility, resulted in large, high-intensity crown ﬁres throughout China’s boreal forests
in 1987 [44]. Snowfall over the northern China was typically light during the winter of 1986–1987, and
the snow cover had disappeared by early April southeast of Lake Baikal and along the Amur River.
Low temperatures and relative humidity prevailed throughout April, with only a light scattering of
precipitation. The cumulative result was an extremely dry forest fuel situation in this region by the
beginning of May 1987, which combined with increasing temperatures and strong winds to produce
uncontrollable forest ﬁres. Another severe ﬁre year in the history is 2003, during which approximately
1.1 million hectares was burned. Dozens of ﬁres burned in the GXM region from Inner Mongolia to
Heilongjiang Province in May 2003. As the neighbor of the GXM, West Siberia’s largest forest ﬁres
on record also occurred during the same period in 2003, claiming approximately 20 million hectares
of land and emitting heat-trapping emissions equal to the total cuts in emissions that the European
Union pledged under the Kyoto Protocol [46]. Higher temperatures and thawing permafrost are most
likely contributing to the rising frequency and severity of forest ﬁres in West Siberia [47].
35.0%

33.2%

Percentage

Percentage %)

30.0%

25.0%

22.9%

20.0%

15.0%

10.0%
5.7%
4.2%

5.0%
0.7%

0.9%

3.8%
0.8%

1.9% 1.4% 1.7% 1.6%

2.6%

2.5%
0.8%

3.7%
2.5%

3.0%
1.7%

1.5%

0.4%

0.9% 0.8% 0.4% 0.4%

0.0%

Year

Figure 7. Yearly burned area shift in the Great Xing’an Mountains.

3.2. Trends in Biomass Burning Emissions
Yearly and monthly emissions of CH4 , CO, PM10 , PM2.5 , SO2 , BC and NOx from biomass burning
in the GXM have been estimated from 1986 to 2010. The spatial and temporal distribution of ﬁre
emissions is similar to that of the burned area because the burned pixels were deﬁned as 1, whereas
unburned pixels were deﬁned as 0. Table 3 summarizes the average annual emissions of trace gases
and particulate matter for different land cover types. Evergreen and deciduous needleleaf forest and
deciduous broadleaf forest are the main sources of emissions, accounting for 84%, 81%, 84%, 87%,
89%, 86%, 85% and 74% of the total annual CO2 , CH4 , CO, PM10 , PM2.5 , SO2 , BC and NOx emissions,
respectively. Fire emissions from shrub, grassland and cropland only account for a small fraction
of the total emissions level (approximately 4%–11%). The two extreme ﬁre years of 1987 and 2003
contributed approximately 60% of total biomass burning emission, according to this study from 1986
to 2010. Cahoon et al. estimated that 14.5 million ha burned and that approximately 36 Tg CO were
emitted during the catastrophic ﬁre burned on 6 May 1987 in China using AVHRR burn scars [44].
This result suggests that the inclusion of ﬁre emissions that are speciﬁc to a particular period and
region is essential for realistically simulating air quality [7].
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Table 3. Emissions of estimated trace gases and particulate matter (Tg/year) from ﬁres for the average
annual value of the period from 1986 to 2010.
Description
Evergreen and
deciduous
needle leaf forest
Deciduous
broadleaf forest
Mixed forest
Woodland
Wooded
grassland
Scrubland
Grassland
Cropland
Total

CO2

CH4

CO

PM10

PM2.5

SO2

BC

NOx

52.66

0.15

27.57

0.41

0.39

0.02

0.02

0.10

30.65

0.08

16.47

0.26

0.22

0.01

0.01

0.04

2.22
5.79

0.01
0.02

1.12
3.15

0.02
0.03

0.01
0.03

7.97 ˆ 10´4
1.75 ˆ 10´3

1.06 ˆ 10´3
1.75 ˆ 10´3

3.98 ˆ 10´3
0.02

1.50

2.83 ˆ 10´3

0.73

0.01

0.01

4.56 ˆ 10´4

4.75 ˆ 10´4

0.00

10´4

10´3

3.23
2.90
0.56
99.51

0.01
0.01
9.13 ˆ 10´4
0.28

1.68
1.46
0.33
52.51

0.02
0.02
4.11 ˆ 10´3
0.77

0.01
0.01
2.61 ˆ 10´3
0.68

9.91 ˆ
9.13 ˆ 10´4
1.66 ˆ 10´4
0.04

1.03 ˆ
8.76 ˆ 10´4
2.61 ˆ 10´4
0.04

1.29 ˆ 10´3
0.01
1.20 ˆ 10´3
0.19

Several published papers have also estimated the biomass burning emissions in different regions
for recent years [7,48–50]. The emissions from wildﬁre in this study are compared with four other
previous study results (Table 4). Our study period includes two extreme ﬁre years, 1987 and 2003,
which play an important role in the ﬁnal average annual result from 1986–2010. Thus, to make a
reasonable comparison with other studies, we calculated another average annual emission result
for a normal period (2005–2010) without any extreme ﬁre events. The areas of these study domains
differ from our study area. Thus, we list all estimated regions and their area ratios in Table 4 for
comparison (United States: 962.9 ˆ 104 km2 ; Canada: 998.5 ˆ 104 km2 ; China: 962.9 ˆ 104 km2 ; Our
study area: 32.7 ˆ 104 km2 ). Wiedinmyer et al. estimated the entire ﬁre-induced emissions across
North America and Central America for the calendar year 2004 [7]. These authors estimated 356 Tg
and 227 Tg yearly total CO2 emissions for the United States and Canada, respectively. The yearly
total CO2 emissions for the United States are only 3.6 times and 14.7 times our resulting annual CO2
emissions of the GXM for 1986–2010 and for 2005–2010, respectively. However, the area of the United
States is 29.4 times that of our study domain. Table 4 indicates that the yearly total CO2 emissions in
the United States are much higher than in China, by approximately 3–9-fold, according to different
estimates [25,49,50]. Other emission species in the United States also show a similar relation with
China. Estimating trace gas emissions from biomass burning is a complex issue due to the many
variables that are involved in the process. The level of uncertainty includes several factors directly
related to the working scale and to each of the variables involved in the models [26]. Notably, there
was a signiﬁcant difference in the emissions results among different studies, even within the same
study domain [25,49,50]. Compared with the CO2 emission for all of China’s, the average annual CO2
emission (2005–2010) accounts for 24%, according to Song et al. [50], 30.3%, according to Yan et al. [49]
and 59.3%, according to Lu et al. [25].
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Table 4. Comparison of our biomass burning estimations with several other published estimations
(Tg/year).
Literature
Cited
[7] 2
[50] 3
[23] 4
[25] 5
This study 6
This study 7

Regions

Area ratio 1

CO2

CH4

CO

PM10

PM2.5

SO2

BC

NOx

United
states
Canada
China
China
China
GXM
GXM

29.4:1

356

1.0

19.8

2.7

2.4

0.16

-

0.68

30.5:1
29.5:1
29.5:1
29.5:1
1:1
1:1

227
79.7
40.7
102
99.51
24.15

0.64
0.24
0.11
0.27
0.26
0.06

12.7
5.4
2.7
6.8
52.51
1.27

1.8
0.76
0.18

1.6
0.66
0.69
0.68
0.16

0.11
0.05
0.05
0.03
0.05

0.03
0.06
0.04
0.02

0.43
0.2
0.2
0.19
0.05

1

The area ratio of other study domains and the Great Xing’an Mountains (GXM); 2 calendar year 2004 estimated
by [7]; 3 calendar year 2000 estimated by [49]; 4 average from calendar years 1950 to 2000 estimated by [23];
5 ﬁre year 2000 (April 2000 to March 2001) estimated by [47]; 6 average annual value of the period from 1986 to
2010; 7 average annual value of the period from 2005 to 2010.

4. Estimates Challenges
Modeling methodologies are the most realistic way to accomplish emissions estimations, and
remote-sensing data acquisition seems to be a feasible way to estimate those parameters required for the
models. These approaches depend on factors such as the scale, accuracy requirements and information
availability, among others. The variables involved in most of the models are the burned area, fuel
availability, burning efﬁciency, and emission factors. In this study, we assumed that the emission
model coefﬁcients depend only on the type of dominating vegetation, which, in turn, is the function of
geographic coordinates. In reality, the intensity of emissions during biomass burning is determined by a
wider set off actors and can vary in the course of the ﬁre risk season [51]. For example, the completeness
of combustion is determined by the moisture content in combustible vegetation, which, in turn,
depends on meteorological conditions (air temperature and precipitation) and seasonal factors (the
time of snow cover thawing and moistening regime) in a given region [51,52]. Comparison of burned
area or hotspot products often reveals factor of ten or larger disagreements [53]. Burning efﬁciency
(BE) is also affected by instantaneous meteorological conditions on the burning days, such as wind
and precipitation. Concerning the emission factors, data are available only for speciﬁc sites across the
globe or for laboratory experiments. Although remote sensing may provide helpful insight into their
temporal and spatial evolution in biomass burning, the accuracy of burned area extract from satellite
image are need to further improve by using spectral data and vegetation properties. The use of common
emission factors and biomass available for highly diverse environmental conditions introduces a high
level of uncertainty into the calculations. In this sense, uncertainty is highly associated with the land
cover inside class variability; areas with high variability show higher levels of uncertainty due to the
difﬁculty in applying precise coefﬁcients [26]. Now there are two satellites monitor Earth’s greenhouse
gas emissions from space, the one is NASA’s Orbiting Carbon Observatory-2 (OCO-2) [54], which
launched in 2014 and measures CO2 , and the other one is Japan’s Greenhouse Gases Observing Satellite
(GOSAT) [55], which launched in 2009 and tracks CO2 and methane. However, it is very hard for those
measurements to calculate the total trace gas emissions from speciﬁc ﬁre events. This is because a polar
orbiting satellite has a strict running period and orbit so only a ﬁre in the area right under the satellite
can be monitored, and it cannot make continuous observation on a single ﬁre event. Satellites can
monitor only the instantaneous values and cannot record the complete and entire values in a single
ﬁre event.
5. Conclusions and Recommendations
This study improves strategies that optimize input information by combining explicit
spatio-temporal remote-sensing data with models to obtain emissions information. Biomass burning
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emissions in the boreal region yield an important contribution to the chemical budget of the
troposphere. To assess the contribution of biomass burning to the emissions of atmospheric
trace species in the GXM, which is the most severe ﬁre-prone area in China, we estimated
various ﬁre activities by combining explicit spatio-temporal remote sensing data with models.
We observed 9998 ﬁre scars with a total area of 46,096 km2 in the GXM between the years 1986
and 2010. The years 1987 and 2003 contributed 33.2% and 22.9%, respectively, in burned area during
the 25 years. Fire activity is the strongest in May. Most large ﬁres occurred in the northern region of
the GXM between 50 ˝ N and 54˝ N latitude due to much drier weather and higher ﬁre danger in the
northern region than in the southern region. Evergreen and deciduous needle leaf forest and deciduous
broadleaf forest are the main sources of emissions, accounting for 84%, 81%, 84%, 87%, 89%, 86%, 85%
and 74% of the total annual CO2 , CH4 , CO, PM10 , PM2.5 , SO2 , BC and NOx emissions, respectively.
Fire emissions from shrub land, grassland and cropland only account for a small fraction of the total
emissions level (approximately 4%–11%). Comparisons of our results with other published estimates
of biomass burning emissions show reasonable agreement; however, substantial uncertainties remain
concerning the modeling parameters. The variability in emission factors greatly contributed to the
uncertainty. There is an urgent requirement to obtain more accurate biomass burning estimates because
of its considerable contribution to the regional and global carbon balance and to the atmosphere.
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Abstract: Old-growth forests play a decisive role in preserving biodiversity and ecological functions.
In an environment frequently disturbed by ﬁre, the importance of old-growth forests as both a carbon
stock as well as a source of emissions when burnt is not fully understood. Here, we report on carbon
accumulation with time since the last ﬁre (TSF) in the dominant forest types of the Clay Belt region in
eastern North America. To do so, we performed a fuel inventory (tree biomass, herbs and shrubs,
dead woody debris, and duff loads) along four chronosequences. Carbon emissions by ﬁre through
successional stages were simulated using the Canadian Fire Effects Model. Our results show that fuel
accumulates with TSF, especially in coniferous forests. Potential carbon emissions were on average
11.9 t·ha−1 and 29.5 t·ha−1 for old-growth and young forests, respectively. In conclusion, maintaining
old-growth forests in the Clay Belt landscape not only ensures a sustainable management of the
boreal forest, but it also optimizes the carbon storage.
Keywords: boreal forest; fuel load dynamics; ﬁre behavior; carbon emission modelling; sustainable
management; mitigation management

1. Introduction
Forest management that optimizes carbon storage in the boreal forest could be an effective tool to
mitigate anthropogenic carbon emissions [1]. By storing more than one third of the global terrestrial
carbon [2,3], the boreal biome is the world’s largest carbon stock. However, limited by the cold
temperature and short growing season, boreal forests’ annual carbon uptake (0.004 Pg·C/m2 ·year)
is low in comparison with the tropical forests (0.008 Pg·C/m2 ·year) or the temperate forests
(0.009 Pg·C/m2 ·year) [4]. Fortunately, large amounts of carbon can accumulate on the boreal forest’s
ﬂoor since the decomposition of dead material is also limited by the cold climate conditions that prevail
therein [2]. Although disturbances emit large quantities of carbon, the boreal forest is a carbon sink
since regeneration and time between disturbances allows total recovery of emitted carbon [5].
In Canada, the boreal forest represents approximately 60% of the economic resources for the
forest industry [6]. In addition, boreal ecosystems provide a diverse range of habitats for wildlife [6].
During the last few decades, the expansion of intensive harvesting has prompted the need to ﬁnd a
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compromise between preserving biodiversity, maintaining forest ecosystems resilience, and providing
resources for the wood and paper industries [6]. Facing these needs, interests for a sustainable
forest management approach based on natural ﬁre dynamics has increased [7–10]. Natural ﬁres
shape landscape structures and composition by creating forests of various ages and by favoring the
conservation of shade-intolerant species (e.g., jack pine, trembling aspen) in areas with high ﬁre
activity and of tolerant species (e.g., balsam ﬁr) in landscapes rarely inﬂuenced by ﬁre [6–9]. Forest
management that recreates landscapes similar to those generated by natural ﬁre preserves biodiversity
and long-term ecosystem functionality [10–13].
A major challenge in sustainable management lies in maintaining forest structures the way they
occur under natural conditions. Several studies have highlighted old-growth forests’ importance in
preserving biodiversity and ecological functions [10,14,15], for example, by supporting the presence
of specialized plant and animal species or by favoring forest resilience. While forest harvesting
has resulted in the creation of younger landscapes in the eastern part of North America [14,16,17],
sustainable forest management aims to promote silvicultural practices that maintain late-successional
forests, or forests that have the same characteristics [10,16–18]. These strategies aim to ensure forest
sustainability, but their relevance can be brought into question in a mitigation management context
under climate change. In old boreal forests, carbon has had time to accumulate for several decades [17];
when disturbed by ﬁre, 40% [19] to 60% [20] of the carbon accumulated in boreal forests is likely to be
emitted back into the atmosphere [21]. This phenomenon is likely to be ampliﬁed over the next century
under global warming owing to the more frequent and more severe drought conditions [22], which
may directly increase wildﬁre activity (e.g., [23–25]) and reduce tree growth rates [26]. These changes
will affect the time needed for forests to recover the carbon released [5]. Given their large carbon pools
and the anticipated risks posed to these pools under climate change, maintaining old-growth forests,
as opposed to restoring productivity through harvesting, could have adverse effects on the global
climate. However, old-growth forests are characterized by a particular fuel structure that tends to
maintain higher moisture levels in comparison with younger forest stands [27–29]. This fuel structure
may provide old-growth forests with some resistance to ﬁre regime changes.
This study estimates the potential amount of carbon released into the atmosphere by ﬁre activity
along successional stages for the dominant forests (trembling aspen (TA), jack pine (JP), and black
spruce (BS) forests) of the Clay Belt boreal forest in eastern North America. The Clay Belt region
constitutes one of the world‘s largest terrestrial carbon stocks, estimated at 201 to 250 t·ha−1 , with a
large proportion of forests reaching values of up to 1050 t·ha−1 [30]. Therefore, it is justiﬁed to assess
carbon emissions caused by ﬁre disturbance speciﬁcally in the Clay Belt forest. The notion of the
impact of fuel accumulation with the time since the last ﬁre (TSF) on ﬁre behavior was ﬁrst mentioned
by Brown [31] for Pinus ponderosa ecosystems in the Interior West of the United States. The policy of
ﬁre exclusion has created a situation in which fuel accumulates, resulting into catastrophic and severe
ﬁre events [32], and induced higher carbon emissions. In 2001, Johnson et al. [33] showed that this
notion is not valid for boreal ecosystems. Fire cycles (time required to burn an area equal in size to the
study area) in these ecosystems are longer than those in Pinus ponderosa ecosystems. Fuel accumulates
and does not constitute a limiting factor for ﬁre events: large severe ﬁres in these ecosystems occur
under extreme climatic conditions whatever the forest. Studies conducted in Clay Belt BS forests show
that peat mosses accumulate with the TSF, thereby inducing a decrease in tree productivity (tree fuel
load) [34]. Organic layer accumulation leads to a rise in the water table [35] and creates high soil
moisture conditions [34]. Depth of burn (i.e., the depth of the soil organic layer consumed during
a ﬁre) is consequently low [36–39] and the ﬁre only burns surface fuel. However, these studies did
not consider all fuel material and forest types. First, we wanted to address the hypothesis that fuel
accumulates with TSF in the dominant Clay Belt boreal forests, considering all fuel material. Second, it
can be postulated that the high soil moisture content and low depth of burn in BS forests may induce
less carbon emissions, while the higher fuel availability in TA and JP forests could induce higher
carbon emissions. From this hypothesis, we veriﬁed whether or not fuel accumulation could induce
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higher carbon emission by ﬁres in late-successional TA and JP forests, and not in black spruce forests.
To do so, we performed a complete fuel inventory (tree biomass, herbs and shrubs, dead woody debris
(DWD), and duff loads) in 61 sites differing in their forest type and TSF. Empirical fuel loads were
then used to calculate the carbon emitted by one single simulated ﬁre at each sampling site using the
Canadian Fire Effects Model (CanFIRE) [40,41].
2. Materials and Methods
2.1. Study Area
The study area (49◦ 00 –50◦ 00 N, 78◦ 30 –80◦ 00 W) is located in the Clay Belt boreal forest in
eastern North America, stretching across the Quebec and Ontario border (Figure 1).

Figure 1. Geographic location of the sampling sites in the Clay Belt boreal forest, eastern North America.

A former proglacial lake (Lake Barlow-Ojibway) left a thick deposit of clay, forming the physiographic
unit known today as the Clay Belt, which covers an area of approximately 145,470 km2 [42].
The current level of ﬁre activity is low, with a ﬁre cycle estimated at 398 years from 1959 to 1999 [43].
The climate is subpolar and subhumid continental, characterized by long, harsh, and dry winters
and, short, hot, and humid summers [44]. Average annual temperature from 1971 to 2000 recorded at
the closest weather station to the north (Matagami, 49◦ 46 N, 77◦ 49 W) and to the south (La Sarre,
48◦ 46 N, 79◦ 13 W) was −0.7 ◦ C and 0.7 ◦ C, respectively. Mean total annual precipitation was 906 and
890 mm, respectively [44]. The poor drainage conditions induced by the presence of an impermeable
clay substrate, ﬂat topography, historical low ﬁre activity, and cold climate facilitated the accumulation
of thick layers of organic soil, a process often described as paludiﬁcation [45,46]. In parts of the
region, peat mosses accumulate on initially mesic soils, independently of topography or drainage,
and are related to forest succession [34]. Therefore, in the prolonged absence of ﬁre, these forests
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tend to convert into less productive spruce-Sphagnum opened forests regardless of the initial species
composition [34,47–50]. Burned area and residual organic layers (i.e., layers that are not consumed
by ﬁre) jointly control forest structure and composition [51]. Shallow residual organic layers on the
ground lead to the establishment of dense forests composed of black spruce (Picea mariana (Mill.)
BSP), trembling aspen (Populus tremuloïdes Michx.), or jack pine (Pinus banksiana Lamb.) on mesic
sites [48,51–53]. In contrast, thick residual organic layers favor black spruce self-replacement [53,54]
and accelerate the process of paludiﬁcation [34,51].
2.2. Fuel Load Dynamics with TSF
Data were collected to characterize trees, herbs, shrubs, DWD, and duff loads (t·ha−1 ) along
the successional stages of the dominant Clay Belt forests (TA, JP, BS; see Figure 5 in [48]). Black
spruce forests were separated into black spruce forests originating from severe ﬁre (BS-S) and black
spruce forests originating from non-severe ﬁre (BS-NS), since ﬁre severity inﬂuences tree and duff load
dynamics in BS forests [34]. Successional stages were determined with TSF. We used information (tree
basal area, organic layer depth, TSF) that was already available for 37 sites to calculate tree and duff
loads [34,48,51]. We visited these sites to complete the inventory with information on DWD, shrubs,
and herbs. We selected 24 additional sites to expand TSF variability for each forest type (Table 1). TSF
was determined for these additional sites by overlaying a ﬁre reconstruction map previously published
for the study area [43]. A total of 61 sites were sampled. At each site, a 30-m-sided equilateral triangle
was deﬁned in which the fuel sampling protocol was performed.
Table 1. Distribution of study sites in different successional stages and forest types.

TSF (Years)
<90
90–150
>150
Total

Forest Type
TA

JP

BS-S

BS-NS

6
4
2
12

7
1
7
15

5
5
8
18

5
5
6
16

Values express the number of sites. TSF: time since the last ﬁre; TA: trembling aspen; JP: jack pine; BS-S: black
spruce originating from severe ﬁre; BS-NS: black spruce originating from non-severe ﬁre.

Basal area for live trees larger than 3 cm in diameter at breast height (DBH) were sampled by
species for the 24 additional sampling sites using the prism method (factor 2, metric). Tree loads were
calculated using stand-level equations [55]. Shrub load was sampled using the method described in
Brown et al. [56]. Nine 1-m2 plots were established evenly along the triangle transect. Shrub species
were identiﬁed and stem basal diameters (cm) were measured. Loads were calculated using equations
linking shrub species weight in grams with the stem diameter. Previously determined equations [57]
were used for Lonicera canadensis Bartr., Ribes sp., Rosa acicularis Lindl., and Viburnum edule Raf.
New equations were determined with additional shrub samples for Chamaedaphne calyculata (L.)
Moench, Kalmia angustifolia L., Rhododendron groenlandicum (Oeder) K.A. Kron & Judd, and Vaccinium
myrtilloides Michx. (see details in Appendix A, Table A1). We measured herb loads (all surface
vegetation that is not woody (e.g., forbs and graminoids)) using a weighted-estimate approach [56].
We established four plot rectangles (0.5 m2 ), three at the center of each side and one in the middle
of the triangle. We selected the plot with the most weight, which was identiﬁed as the base plot.
Herbaceous vegetation was collected in this base plot and oven dried at 95 ◦ C for 24 h for dry weight
measurements. The weight of the three other plots was estimated as a fraction of the base plot and
fuel load was calculated using Brown et al.’s equation [56]. Fuel load of DWD was sampled using
the line intersect method [58] along the triangle sides. Pieces smaller than 7 cm were measured
with a “go-no-go” gauge, and counted according to ﬁve diameter sizes (class I: 0–0.49 cm; class II:
0.5–0.99 cm, class III: 1–2.99 cm, class IV: 3–4.99 cm; class V: 5–6.99 cm). For pieces bigger than 7 cm,
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we measured the diameter size. DWD fuel loads were calculated for each size classes using McRae
et al.’s equations [58]. Size-class speciﬁc coefﬁcients values were extracted from Hély et al. [57] for
white cedar, and from McRae et al. [58] for the other species (BS, JP, TA, WB). Finally, duff loads were
calculated by multiplying total organic layer depth by bulk density. We used organic layer depths
data from Simard et al. [34] for the 37 previously sampled sites. Additional organic layer depth was
measured for the other 24 sites in parallel with shrub sampling in each of the nine 1-m2 plots and
averaged by sites. We used previously published mean bulk density (kg·m−3 ) information [36] to
convert organic layer depth into duff load (kg·m−2 ). Duff data were missing for old BS-NS sites
because of technical problems.
The relationship between TSF and (i) the fuel load of each material separately and (ii) total fuel
load was investigated by forest type. We performed polynomial regressions using the R freeware [59].
Herb and shrub fuel loads were combined into ﬁne aerial vegetation. DWD corresponded to the sum
of all classes. Loads were logarithmically transformed (ln + 1) to linearize the relationship. First- to
third-order polynomial regressions were tested, and we promoted the signiﬁcant minimum-order
polynomial regressions (p-values ≤ 0.05) in accordance with the parsimony principle.
2.3. Simulation of Carbon Emissions by Fire
Potential carbon emission (tons/ha) was investigated using the Canadian Fire Effects Model
(CanFIRE, formerly the Boreal Fire Effects Model, BORFIRE) [40,41], including the modiﬁed depth
of burn equations for BS forests dominated by Sphagnum spp. in the Quebec Clay Belt boreal
landscape [36,60]. CanFIRE is a collection of Canadian ﬁre behavior models that are used to estimate
ﬁrst-order ﬁre effects on physical characteristics, and to estimate ecological effects at the stand level.
For any given ﬁre, CanFIRE calculates ﬁre behavior information (e.g., ﬁre intensity, rate of spread)
based on the pre-ﬁre amount of fuel and components of the Canadian Forest Fire Weather Index (FWI)
System [61]. Tree fuel consumption takes place only when CanFIRE predicts a crown ﬁre. Values are
estimated as the sum of foliage and bark using tree biomass algorithms [62] and are comparable to
overstory fuel consumption data recorded on experimental burns in the Canadian Forest Fire Behavior
Prediction (FBP) System database [63]. DWD and duff consumption follows McRae et al.’s [64] and
de Groot et al.’s [65] equations, respectively. These algorithms are driven by the Buildup Index (BUI)
and Drought Code (DC) values of the FWI System for DWD and duff consumption, respectively, and
were built from empirical pre-burn and post-burn fuel data collected in prescribed ﬁres.
Since simulation objectives were to analyze differences in carbon emission with fuel structure
variations under similar climatic conditions, we simulated the potential carbon emitted by one single
simulated ﬁre, using the same ﬁre weather conditions at each sampling site. Sensitivity analyses
were made to ensure that ﬁre weather values above average did not modify our conclusions (see
details in Appendix B). We determined FWI System component values by averaging daily FWI System
components for each natural ﬁre start point encountered during the interval 1971–2000 period in the
study area (FWI = 18) [60]. Forest cover was determined based on species’ empirical basal area as
described in the previous section. Since basal area was sampled for trees with DBH larger than 3 cm,
basal area, and, consequently, cover were 0 for all species in young sites. In this case, we attributed
a value of 100% to the dominant species of the forest type (e.g., cover: 100% of jack pine in JP). Tree
fuel load was directly estimated by CanFIRE using species’ basal area. To do so, species’ site index
and age were used to calculate basal area with Plonski’s yield tables [65]. We used TSF for species age
and the same site indexes as those used by Terrier et al. [60]. Prior to running simulations, we ensured
that the use of Plonski’s yield tables instead of our empirical basal area data would not bring a bias to
our conclusions (see details in Figure C1). DWD and duff loads were provided by our empirical data.
Total duff was separated into duff-ﬁbric and duff-humus using the ﬁbric layer equations described
in Terrier et al. [60]. Since the database was not complete for all sites (technical problems in duff
sampling in old BS-NS sites), a subset of 55 sites was used for the simulations. Simulation results were

391

Forests 2017, 8, 9

averaged by forest types and successional stage classes (TSF < 90 years; TSF between 90 and 150 years;
TSF > 150 years).
Some additional changes were also made to the model. In our study area, high soil moisture
conditions in BS forests dominated by Sphagnum spp. resulted in lower depth of burn, and,
consequently, in lower forest ﬂoor fuel consumption (FFFC) in comparison with other boreal forest
types [36]. In the CanFIRE model, FFFC is a function of duff load and climate conditions [37], and does
not consider the lower depth of burn for calculations. Therefore, FFFC equations had to be modiﬁed
to reﬂect speciﬁc carbon emission in BS forests dominated by Sphagnum spp. We deﬁned FFFC as a
function of the potential depth of burn as Equation (1):

FFFC

kg
m2



= depth of burn (m) × bulk density (

kg
)
m3

(1)

Since bulk density varies with the organic layer depth [37], we came up with a model that linked
measured bulk density with organic layer depth. To do so, we used a published dataset that comprised
103 peat measurements of bulk density at different organic layer depths sampled in 11 sites [34] (details
are presented in Appendix D).
3. Results
3.1. Fuel Load Dynamics with TSF
TSF was signiﬁcantly related to all fuel loads materials (trees, ﬁne aerial vegetation, DWD, and
duff) and total fuel loads for TA, JP, BS-S, and BS-NS boreal forests in the Clay Belt. Exceptions were
observed for ﬁne aerial vegetation in coniferous forests, duff load in TA forests, and DWD of JP forests
(Figure 2, Table 2).
Tree fuel loads (Table 2; Figure 2A) were predicted to approximate 0 (t·ha−1 ) just after ﬁre
(exponential of the polynomial regression intercept ~0), except for BS-NS, where the intercept equals
0.79. Tree fuel loads for coniferous forests increased gradually before decreasing after 150 and 200 years
in JP and BS forests, respectively (Figure 2A). Maxima reached 5.47, 4.75, and 4.39 for JP, BS-S, and
BS-NS, respectively. In the case of TA forests, tree fuel loads increased particularly rapidly at early
successional stages until around 75 years (logarithmic maximum = 6.46), followed by a slight decrease.
Finally, tree fuel loads increased again at late successional stages.
Fine aerial vegetation load did not vary signiﬁcantly with TSF in coniferous forests (Figure 2B);
logarithmic values varied near 0 along the successional stages (Table E1). In contrast, the amount
of ﬁne aerial vegetation was particularly high at early successional stages in TA forests. A value of
570 tons/ha was observed for the younger site (TSF = 11 years) (Table E1). Fuel loads decreased
signiﬁcantly, reached 0 at 120 years old (Table E1), and increased rapidly at late-successional stages.
DWD load dynamics for BS forests, represented in Figure 2C, followed the same trend as those
observed for the tree load: an increase was predicted at early successional stages, maxima logarithmic
values of 2.79 and 1.86 for BS-S and BS-NS, respectively, were reached at 200 years, and were followed
by a decrease in values. DWD load trend in TA forests was the opposite of tree load: a value of 90 t·ha−1
was estimated in the youngest site (TSF = 11 years) (Table E1). Values decreased for 75 years, then
increased slightly, and ﬁnally decreased gradually at late successional stages. DWD load for JP forests
showed no signiﬁcant relationship with TSF. Values ranged from 1 to 86 t·ha−1 (Table E1).
Duff load showed a signiﬁcant gradual increase with TSF in coniferous forests. Higher values
were predicted for BS-NS (Figure 2D). Values were on average 70, 125, 292 t·ha−1 for JP, BS-S, and
BS-NS, respectively, in sites younger than 50 years old (Table E1). The increase in duff load was faster
in BS forests in comparison with JP forests (higher equation slope in Table 2). Variation in duff load
was not signiﬁcantly related to TSF in TA forests. Values averaged 150 all along the chronosequence.
Finally, variation in total fuel load with TSF was signiﬁcant for all forest types (Figure 2E). Total
fuel load gradually increased along successional stages in coniferous forests. Values varied from
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57 t·ha−1 to 382 t·ha−1 in JP, from 77 t·ha−1 to 767 t·ha−1 in BS-S, and from 160 t·ha−1 1084 t·ha−1 in
BS-NS (Table E1). Total fuel in TA forests decreased slightly at early successional stages, reaching a
minimum at 140 years, and increased at late successional stages (Figure 2E). Values of total fuel ranged
from 241 t·ha−1 to 730 t·ha−1 in TA forests (Table E1).

Figure 2. Changes in loads of (A) tree; (B) ﬁne aerial vegetation (herbs and shrubs); (C) dead woody
debris (DWD); (D) duff; and (E) total fuel (A + B + C + D) with TSF for TA, JP, BS-S, and BS-NS
dominated forests. Fuel loads were logarithmically transformed and are represented by color points.
The black line expresses the signiﬁcant relationship (p-value ≤ 0.05) in the polynomial regression
analysis and the grey shape corresponds to the regression standard error.
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Table 2. p-value, adjusted R2 and equations extracted from the regression polynomial analysis of tree,
ﬁne aerial vegetation (shrubs + herbs), DWD, duff, and total fuel loads with TSF for TA, JP, BS-S, and
BS-NS dominated forests. NS stands for a non-signiﬁcant relationship.
Fuel

TA

Trees

≤0.005

0.92

Fine aerial

≤0.05

0.47

DWD

≤0.001

0.84

Duff
Total

NS
≤0.05

NS
0.49

1

0.78

ln(load) = −0.38 + 0.084 × TSF − 0.0003 × TSF2

NS
NS
≤0.001
≤0.05

NS
NS
0.65
0.19

NS
NS
ln(load) = 4.35 + 0.0049 × TSF
ln(load) = 5.1 + 0.003 × TSF

1

0.52

ln(load) = −0.049 + 0.048 × TSF − 0.00012 × TSF2

NS
≤0.05 1
≤0.001
≤0.001

NS
0.16
0.81
0.71

NS
ln(load) = 1.03 + 0.018 × TSF − 0.000046 × TSF2
ln(load) = 4.59 − 0.006 × TSF
ln(load) = 5.06 + 0.0052 × TSF

1

0.48

ln( Fuel load) = 0.79 + 0.036 × TSF − 0.00009 × TSF2

NS
≤0.05 1
≤0.05
≤0.005

NS
0.34
0.38
0.48

NS
ln( Fuel load) = 0.06 + 0.019 × TSF − 0.00005 × TSF2
ln( Fuel load) = 5.3 + 0.0055 × TSF
ln( Fuel load) = 5.34 + 0.006 × TSF

Fine aerial
DWD
Duff
Total
Trees

BS-S

Fine aerial
DWD
Duff
Total
Trees

BS-NS

Model
ln(load) =
−2.21 + 0.23 × TSF − 0.002 × TSF2 + 0.000006 × TSF3
ln(load) = 6.91 − 0.11 × TSF + 0.00045 × TSF2
ln(load) = 5.31 − 0.093 × TSF + 0.00099 × TSF2 −
0.000003 × TSF3
NS
ln(load) = 6.72 − 0.017 × TSF + 0.00008 × TSF2

Trees
JP

R2

p-Value

Fine aerial
DWD
Duff
Total

≤0.005

≤0.001

≤0.001

1

Non-signiﬁcant intercept.

3.2. Simulation of Carbon Emission by Fire
The CanFIRE model was used to simulate carbon emissions during a single ﬁre along the different
successional stages of the four dominant forest types (TA, JP, BS-N, and BS-NS) of the Clay Belt boreal
forest. Simulation results are presented in Figure 3.
Mean carbon emissions by ﬁre were estimated to range from 14.83 to 21.37 t·ha−1 in TA, from
17.97 to 24.7 t·ha−1 in JP, from 12.48 to 44.3 t·ha−1 in BS-S, and from 1.92 to 52.31 t·ha−1 in BS-NS.
Simulated carbon emissions were on average lower for sites older than 150 years, except for JP forests,
where carbon emission estimates averaged 16 t·ha−1 for forests younger than 90 years and 19 t·ha−1
for forests older than 150 years. A maximum average of 53 t·ha−1 of carbon emitted was simulated
for BS-NS with TSF < 90 years, while a particularly low value (2 tons/ha) was simulated for older
BS-NS. Aside from BS old-growth forests, potential carbon emission values simulated were lower for
TA. Table 3 presents the contribution in percentage of each fuel material to carbon emission by ﬁre.
Trees barely contribute to emission, which is mostly generated by duff and DWD combustion.
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ȱ
Figure 3. CanFIRE potential carbon emissions averaged by early (TSF < 90 years), intermediate (TSF
between 90 and 150 years), and late (TSF > 150 years) successional stages, and by dominant forest
types of the Clay Belt boreal landscape (trembling aspen (TA), jack pine (JP), black spruce originating
from severe ﬁre (BS-S), and black spruce originating from non-severe ﬁre (BS-NS) forests). Error bars
represent the mean standard error.
Table 3. Values of total potential carbon emission by forest type and successional stage, and contribution
of each fuel category to the total emission.

Forest Type

Successional Stage

Total (t/ha)

TA

TSF < 90 years
TSF between 90 and 150 years
TSF > 150 years

JP

Contribution of Fuel Category
Tree (%)

DWD (%)

Duff (%)

16.2
21.4
14.8

0
0
0

20
11
10

80
89
90

TSF < 90 years
TSF between 90 and 150 years
TSF > 150 years

17.9
24.7
18.5

14
0
0

21
9
6

65
91
94

BS-S

TSF < 90 years
TSF between 90 and 150 years
TSF > 150 years

31.6
44.3
12.5

6
6
2

3
5
12

91
89
86

BS-NS

TSF < 90 years
TSF between 90 and 150 years
TSF > 150 years

52.3
17.4
1.9

3
3
0

1
6
53

96
91
47

4. Discussion
4.1. Fuel Load Dynamics with TSF
Our results conﬁrmed our ﬁrst hypothesis that fuel accumulates with TSF in Clay Belt coniferous
forests, despite variations in the dynamics of the different fuel materials. These variations were
conﬁrmed and explained by previous studies on fuel load dynamics.
Tree dynamics strongly affect variations in fuel material with TSF [66–69]. It is therefore important
to ﬁrst understand Clay Belt tree dynamics to discuss ﬁne aerial, DWD, and duff dynamics. Light,
nutrients, and space are abundant just after a ﬁre event, and vegetation can rapidly colonize disturbed
sites [70]. Trees grow more or less rapidly depending on the composition [65] or depth of the residual
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organic layer [51,71]. Consequently, it was not surprising to predict in our study an increase in tree
biomass at early successional stages for all forest types. This increase was faster for TA and JP forests,
because growth rates are faster for these trees [65,72] and the low residual organic layers required for
TA and JP postﬁre recruitment lead to the establishment of productive and dense forests [49,52–54].
In contrast, BS-NS forests showed the slowest increase due to the thick residual organic layers left
after ﬁre which favor unproductive open BS self-replacement [34,48,52–54]. Following the growth
inﬂux, a decrease in tree loads [34,73] was predicted at 80, 110, and 200 years for TA, JP, and BS forests,
respectively. Over time, tree mortality starts, gaps are created, and shade-tolerant species appear in the
canopy [74,75]. Our predictions concur with previous observations: Pothier et al. [76] estimated tree
productivity loss after about 60 years for TA forest in Quebec; Belleau et al. [50] estimated composition
changes to occur in the Clay Belt region at around 70 to 120 years for JP and TA forests, respectively,
and at around 100 to 200 years for BS forests. In our analysis, TA experienced a recovery in tree biomass
after 150 years. Low organic layers observed at late successional stages in TA forests probably made
this productivity recovery possible.
Fine aerial vegetation establishment and growth rates are primarily limited by the understory
light availability that is created by the overstory canopy [67–69]. The shady understory environment
provided by coniferous species [77] results in less abundant ﬁne aerial vegetation in coniferous
forests [68,70]. Forest openings induced by the establishment of the second cohort was not associated
with the development of ﬁne aerial vegetation in old-growth coniferous forests because the cold soil
temperature and nitrogen limitation induced by organic layer accumulation at the late successional
stage [34] probably acted to prevent herbs and shrubs development. Herbs and shrubs dynamics in
TA forests reﬂect higher light transmission by the deciduous canopy. At early successional stages, light
availability decreases in response to tree growth, and ﬁne aerial vegetation declines in abundance and
growth [64]. Tree mortality at intermediate successional stages increases light availability, allowing
understory recolonization by herbs and shrubs [70,78,79]. Late successional stages were consequently
characterized by an increase in ﬁne aerial vegetation.
DWD variations with TSF can be explained by coarse woody debris (CWD) dynamics
(pieces > 7 cm) since CWD constitute most of the DWD loads [29,66]. CWD dynamics in TA forests
followed the traditional U-shaped distribution summarized by Brassard and Chen [68]. Pre-disturbance
and disturbance-generated woody debris that were not consumed generated a high CWD quantity
at early successional stages. As TSF increased this material decomposed and a decrease in CWD
occurred. Tree mortality at intermediate successional stages provided high loads of woody debris.
Old-growth forests were characterized by a low quantity of CWD, as new cohort growth did not
generate dead woody supply [68]. DWD debris dynamics in BS forests corresponded closely to tree
fuel load dynamics, with an absence of DWD high value at early successional stages, compared with
what was observed in TA forests. Our data showed an absence or low quantity of CWD in young BS
forests.Such a feature in coniferous forests has already been mentioned in previous studies [66,80,81].
It may be induced by a faster decay rate after ﬁre and the absence of pre-ﬁre large-diameter trees [66].
CWD could also be buried in the moss layer in BS-NS due to the rapid growth of Sphagnum species [31].
No trend in DWD was observed in JP forests, although Brais et al. [82] found that DWD dynamics
followed a ‘U-shaped’ temporal pattern in pure Clay Belt JP forests. We explain these differences
in observations by the facts that our data cover a larger variability of TSF and our forests were not
pure JP forests. Few studies have compared CWD dynamics in different cover types [69]. Differences
in DWD dynamics between coniferous forests and TA forests may be induced by the lower pre-ﬁre
tree productivity (Figure 2) and the presence of woody debris with higher ﬂammability [83–86] in
coniferous forests.
Decomposition rates were higher in TA than in coniferous forests [80,86]; consequently, organic
layer accumulation did not occur in TA forests. Conversely, duff loads increased gradually in coniferous
choronosequences, since the lower decomposition rates associated with the paludiﬁcation process
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favor organic layer accumulation [34,45,46]. The most interesting fact is that despite a tree and DWD
load loss with TSF in coniferous forests, total fuel loads increased with TSF.
Scharlemann et al. [30] provided a global map representing carbon stocks in tree biomass and
soils. As mentioned in the introduction, they estimated a higher carbon amount in the Clay Belt boreal
forests, with values ranging from 201 to 250 t·ha−1 (402–500 t·ha−1 of fuel load), and forests reaching
values up to 1050 t·ha−1 (2100 t·ha−1 of fuel load). Our values are in accordance with the authors: we
observed fuel loads ranging from around 60 to 1080 t·ha−1 , with the majority of sites containing 200 to
500 t·ha−1 . This study conﬁrmed the importance of the region for global carbon stocks.
4.2. Simulation of Carbon Emission by Fire
This research is the ﬁrst that we are aware of to use empirical data that include both spatial and
temporal variations in fuel loads to quantify ﬁre carbon emission in boreal ecosystems. Our approach
differs from other studies [20,27,28,87,88], as fuel loads were approximated by fuel type and did not
consider that the temporal changes [20,27] or amount of carbon emitted were a function of the burned
area [28,88] or of the landscape’s total tree loads [87]. We estimated that mean carbon emission by ﬁre
ranged from 2 to 53 t·ha−1 , depending on the forest type and age category. These results are consistent
with values provided by previous studies. Harden et al. [87] estimated long-term average for C
exchange in boreal forests near Thompson, Manitoba, Canada. The values ranged from 11 to 25 t·ha−1
for JP forests and from 14 to 70 t·ha−1 for BS-feathermoss forests. No observed data were offered for
BS-Sphagnum forests, but the authors simulated an average of 20 t·ha−1 . Simulated carbon emissions
using the CanFIRE model in forests of Alberta, Canada, ranged from 11.3 to 42.6 t·ha−1 , depending on
the month during which ﬁre occurred [19]. Amiro et al. [28] estimated a mean of 20.1 t·ha−1 of fuel
consumed by individual ﬁre (carbon emissions of around 100 (t·ha−1 )) in the boreal east shield from
1959 to 1999.
The most interesting point to emerge from our simulations is that despite fuel accumulation
with TSF, old-growth forests emitted less carbon by ﬁre on average, whatever the forest type. Pre-ﬁre
fuel structure determined the amount of carbon emitted by ﬁre [27–29] since total fuel consumption
in CanFIRE was a function of the amount of each fuel material. More speciﬁcally, as previously
observed [27], more than 85% of the carbon emissions were generated by duff and DWD combustion.
It was not surprising to simulate a low tree contribution to carbon emission, since ﬁre does not
consume trees, it kills them [89]. Emissions are consequently generated after the ﬁre, through dead
wood decomposition [90]. However, this particularity does not inﬂuence the conclusions of this study
since tree fuel load is as low in late-successional than in early-successional forests. Variations in carbon
emission through BS successional stages were mainly inﬂuenced by duff dynamics. As mentioned
previously, organic layer accumulation leads to a rise in the water table [35] and creates high soil
moisture conditions [35]. Depth of burn is consequently low [36–39]. Duff loads in TA and JP
forests present little variation across successional stages, as carbon emission was determined by DWD
dynamics. Old-growth forests emitted less carbon because DWD loads were lower (even if DWD
variations with TSF were not signiﬁcant in JP forests, values were lower in old-growth forests).
These results have important implications for forest management in the context of climate change
mitigation. Managers should consider practices that favor mature forests for harvesting but also
increase potential forest vulnerability to higher carbon emission and decrease long-term carbon
storage [36]. In fact, although the climatic conditions expected by the end of the 21st century may
induce an increase in ﬁre activity in the Clay Belt boreal region (e.g., [22–24]), expansion of old-growth
BS forests in the landscape is projected [60]. If ﬁre activity over the next three to four decades remains
similar to current levels, an increase in the proportion of forests characterized by high soil moisture
conditions will occur [60]. These moisture conditions may provide landscape resilience to increased
ﬁres. Fuel should consequently continue to accumulate without generating more emissions during ﬁres.
Peatland protection (such as reducing or preventing peatland drainage) could be an alternative in order
to increase forest resistance to ﬁre and reduce future ﬁre carbon emissions in eastern Canadian forests.
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Finally, it is important to note that the CanFIRE model does not include ﬁne aerial consumption
in its calculations. However, this omission would not change the ﬁndings of this study. Fine aerial
load is low for coniferous forests all along the successional stages. High ﬁne aerial load in TA forests at
early and late successional stages may amplify our results as moisture contents of this fuel reduce ﬁre
intensity and, therefore, carbon emissions.
5. Conclusions
Empirical fuel structure dynamics were examined and potential carbon emissions by wildﬁre
were simulated along four dominant chronosequences of the Clay Belt boreal forest in eastern North
America. Fuel structure was an important factor inﬂuencing carbon emission by the simulated ﬁre,
while fuel availability was not a determining factor. Given our results, we argue that maintaining
old-growth forests in the Clay Belt landscape not only promotes a sustainable management of the
boreal forest, it also optimizes carbon sink.
A considerable effort was made in this study to sample covering a wide variability in TSF, and
our results showed a low value for TA in the TSF > 150 years category and for JP in the TSF between
90 and 150 years category. However, these conclusions may apply only to the region studied, since
the paludiﬁcation process brings speciﬁc high moisture dynamics in old-growth forests [34]. Direct
impacts of climatic change on fuel loads should also be investigated. This includes the potential
increase in tree growth with the lengthening of the growing season [91,92] or decomposition [93].
However, the particularly high organic layer thickness and high soil moisture content may prevent
such impacts by limiting tree growth and decomposition.
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BS
BS-S
BS-NS
CWD
DBH
DWD
FFFC
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Black spruce
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Black spruce forests originating from non-severe ﬁre
Coarse woody debris
Diameter at breast height
Dead woody debris
Forest ﬂoor fuel consumption
Fire weather index
Jack pine
Trembling aspen
Time since the last ﬁre
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Appendix A. Shrub Load Equations
Previously determined equations were used for load calculations of Lonicera canadensis Bartr., Ribes sp.,
Rosa acicularis Lindl., and Viburnum edule Raf [57].
New equations were determined with additional shrub samples for load calculations of Chamaedaphne
calyculata (L.) Moench, Kalmia angustifolia L., Rhododendron groenlandicum (Oeder) K.A. Kron & Judd, and Vaccinium
myrtilloides Michx. (Table A1). A total of 90 additional shrub samples were randomly collected in various triangle
transects to determine equations linking species’ weight (g) with stem diameter (cm) for Chamaedaphne calyculata
(sample size = 19), K. angustifolia (sample size = 28), R. groenlandicum (sample size = 28), and V. myrtilloides (sample
size = 15). Efforts were made to collect a high variability in diameter size. Each sample was weighted and linked
with basal diameter using linear regressions. Weight and diameter values were logarithmically transformed to
normalize the relationship. Linear regressions were performed using R freeware [59].
Table A1. Equations and adjusted R2 from linear regressions analysis linking shrub weight (g) with stem
basal diameter (cm) by species. All equations and coefﬁcients were signiﬁcant with a p-value ≤ 0.05.
Species
ln(weight)
ln(weight)
ln(weight)
ln(weight)
ln(weight)
ln(weight)
ln(weight)
ln(weight)

Kalmia angustifolia 2
Lonicera canadensis 1
Chamaedaphne calyculata 2
Rhododendron groenlandicum 2
Ribes sp. 1
Rosa acicularis 1
Vaccinium myrtilloides 1
Viburnum edule 2
1

Adjusted R2

Equations

= −2.13 + 2.5 ln( D )
= −2.33 + 2.64 ln( D )
= −3.25 + 3.25 ln( D )
= −2.4 + 2.52 ln( D )
= −2.18 + 2.33 ln( D )
= −2.09 + 2.41 ln( D )
= −1.93 + 1.92 ln( D )
= −2.55 + 2.62 ln( D )

0.91
0.82
0.93
0.94
0.79
0.82
0.65
0.84

Hély’s equations [57]; 2 New equations from additional shrub sample.

Appendix B. Sensitivity Analysis of the Inﬂuence of Fire Weather Variations on Potential Carbon
Emissions across Successional Stages
Sensitivity analyses were made to ensure that ﬁre weather values above average did not modify our
conclusions. To do so, we performed simulations using daily FWI System components for each natural ﬁre start
point during the interval 1971–2000 period in the study area [60] (Table B1). A total of eight ﬁres occurred during
this period, burning a total of 56,080 ha.
Table B1. Daily FWI System components for each natural ﬁre start point encountered during the
interval 1971–2000 period.
Name

FFMC

DMC

DC

ISI

BUI

FWI

Fire 1
Fire 2
Fire 3
Fire 4
Fire 5
Fire 6
Fire 7
Fire 8

89
93
88
90
83
82
88
88

22
42
22
50
26
24
30
31

168
85
167
125
99
101
99
88

15
17
9
15
5
4
8
6

33
41
33
49
32
30
34
33

24
30
17
29
10
8
15
13

FFMC: Fine Fuel Moisture Code; DMC: Duff Moisture Code; DC: Drought Code; ISI: Initial Spread Index; BUI:
Buildup Index; FWI: Fire Weather Index.

Simulation results showed that potential carbon emission was the lowest for forests older than 150 years,
regardless of the FWI System components (Figure B1).
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Figure B1. CanFIRE potential carbon emissions averaged by early (TSF < 90 years), intermediate (TSF
between 90 and 150 years) and late (TSF > 150 years) successional stages, and by dominant forest
types of the Clay Belt boreal landscape ((A) trembling aspen (TA), (B) jack pine (JP), (C) black spruce
originating from severe ﬁre (BS-S), and (D) black spruce originating from non-severe ﬁre (BS-NS)
forests). Simulations were performed using FWI System components for each natural ﬁre start from
1971 to 2000.

Appendix C. Comparison of Empirical Basal Area and Simulated Basal Area with
Plonski’s Yield Table
Prior to simulations of carbon emission by ﬁre, we ensured that the use of Plonski’s yield table [65] instead
of our empirical basal area data would not bring a bias to our conclusions. We calculated Pearson’s correlation
between tree basal areas extracted from Plonski’s tables and our empirical basal areas. Comparisons showed good
predictive skills, with a Pearson correlation coefﬁcient of 0.72 (Figure C1). Plonski’s tables, however, overestimated
the basal area, but this difference does not change the conclusions of our study because trees contribute only
slightly to the amount of carbon emitted during ﬁre (Table 3) and simulated values are signiﬁcantly similar to
observed values.

Figure C1. Comparison of empirical basal area and simulated basal area using Plonski’s yield table.
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Appendix D. Calibration of Bulk Density with Duff Fuel Loads
We calibrated a model linking measured bulk density (kg·m−3 ) with organic layer depth (m) to consider
heterogeneity in organic bulk density with the organic layer depth [37]. We made use of peat datasets comprising
103 measurements of bulk density at different organic layer depths selected from 11 sites in the Quebec Clay
Belt boreal forest [34]. Bulk density and organic layer depths were logarithmically transformed to linearize the
relationship. Linear regressions were performed using R freeware [59].
The resulting model explained 45% of the variance in bulk density (adjusted R2 = 0.45, p-value ≤ 0.001). The
model took on the following form:
ln( Bulk Density + 1) = 2.72 + 0.57 × ln(Organic Layer Depth + 1)

(D1)

Therein bulk density progressively increases with organic layer depth (Figure D1A). Comparison of observed
and predicted values indicated relatively good predictive skills, with a Pearson correlation coefﬁcient of 0.73
(Figure D1B).

Figure D1. (A) Bulk density (kg/m3 ) variation with organic layer depth for forested peats in the
Clay Belt boreal forests. Stars represent sampling data collected by Simard et al. [34]. The dotted
line represents the regression relationship; (B) Predicted bulk density with regression analysis versus
observed values.

Appendix E. Calibration of Bulk Density with Duff Fuel Loads
Table E1. Empirical TSF and fuel loads (tree, ﬁne aerial vegetation, DWD, duff, and total) for TA, JP,
BS-S, and BS-NS dominated forests.
Fuel Material
Forest Type

TA

TSF (Years)

Tree (t/ha)

11
57
68
71
102
145
145
187
187
11
11
54
87

0
346
100
190
200
120
120
375
375
0
0
137
173

Fine Aerial (t/ha) DWD (t/ha)
569
4
37
0
0
1
1
23
2
0
2
0
0

401

90
12
16
14
17
22
26
8
7
86
79
10
12

Duff (t/ha)

Total (t/ha)

70
78
88
257
145
292
197
117
129
81
77
87
154

730
440
241
460
362
435
343
524
514
168
158
234
339
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Table E1. Cont.
Fuel Material
Forest Type

TSF (Years)

Tree (t/ha)

DWD (t/ha)

Duff (t/ha)

Total (t/ha)

11
89
89
142
152
152
180
180
207
207
225

0
175
175
91
132
132
34
34
42
42
74

1
4
1
0
0
1
1
0
0
0
2

1
22
44
21
3
12
15
10
12
23
10

54
152
115
270
182
140
225
225
171
173
163

57
353
335
382
317
285
276
270
225
238
248

BS-S

32
32
32
55
87
91
129
129
145
145
165
177
181
225
272
283
283
356

0
0
0
164
118
134
127
127
72
94
115
74
85
66
79
52
66
45

1
3
2
1
5
0
1
1
1
0
1
2
0
1
0
2
3
1

17
10
1
2
2
7
33
16
58
11
3
18
17
31
6
14
19
4

170
131
74
131
223
117
190
232
169
204
506
289
350
338
496
698
541
682

188
144
77
298
348
258
350
376
299
310
625
383
453
436
581
767
629
733

BS-NS

41
41
41
55
57
78
96
100
142
146
146
170
172
172

11
11
11
0
53
24
29
40
63
43
43
106
66
66

2
2
2
0
0
1
1
1
1
0
0
3
5
2

1
2
1
4
2
1
2
1
12
7
9
4
8
10

292
292
292
157
239
435
483
351
281
389
389
972
464
464

306
307
306
160
295
461
515
393
356
440
441
1084
543
542

JP

Fine Aerial (t/ha)
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Abstract: Risk analysis entails the systematic use of historical information to determine the frequency,
magnitude and effects of unexpected events. Wildﬁre in boreal North America is a key driver of forest
dynamics and may cause very signiﬁcant economic losses. An actuarial approach to risk analysis
based on cumulative probability distributions was developed to reduce the adverse effects of wildﬁre.
To this effect, we developed spatially explicit landscape models to simulate the interactions between
harvest, ﬁre and forest succession over time in a boreal forest of eastern Canada. We estimated the
amount of reduction of timber harvest necessary to build a buffer stock of sufﬁcient size to cover
ﬁre losses and compared it to an insurance premium estimated in units of timber volume from the
probability of occurrence and the amount of damage. Overall, the timber harvest reduction we
applied was much more costly than the insurance premium even with a zero interest rate. This is due
to the fact that the insurance premium is directly related to risk while the timber harvest reduction
is not and, as a consequence, is much less efﬁcient. These results, especially the comparison with a
standard indicator such as an insurance premium, have useful implications at the time of choosing a
mitigation strategy to protect timber supplies against risk without overly diminishing the provision
of services from the forest. They are also promoting the use of insurance against disastrous events in
forest management planning.
Keywords: planning; ﬁnancial risk; ﬁre; timber supply; sustainable forest management

1. Introduction
Human activities depend on the sustainability of natural resources and proving sustainability
requires making forecasts. In forest management, uncertainty is an important issue in the support of
any planning decision and in evaluating the consequences of alternative strategies [1]. Uncertainty
stems from known variability (risk), lack of knowledge (uncertainty), ignorance and indeterminacy [2].
Ignorance and indeterminacy are difﬁcult to account for, cannot be anticipated and require scenario
planning [3] or adaptive methods [2]. Risk and uncertainty are somewhat easier to evaluate beforehand
with risk analysis methods [4]. Such analyses are required when there is a possibility that the outcome
of an event can deviate from expectations and have a negative effect on an objective [5]. For instance,
the negative effect of a disturbance on the proﬁts from timber harvesting provides the cost of that
disturbance [6]. Situations where risk and uncertainty are at the core of the problem—as it is in
risk management—require different strategies and coherent risk measures [7]. The development of
methods to account for risk and uncertainty has made considerable progress and they already play a
role in environmental decision-making, particularly in cases of severe uncertainty due to extremely
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long planning horizons [8]. Although the application of risk analysis in forest planning remains rare [9],
attention to risk analysis in forestry should grow even more in the coming years [10,11].
Forest managers should account for many different sources of risk and uncertainty, one of them
being wildﬁre. Fire is a critical component of terrestrial and atmospheric dynamics [12] and is a primary
driver of forest dynamics across the boreal forest region of North America. Fire is also a major source
of risk and uncertainty that can cause important damages to timber resources [13]. Fire-dominated
forests present challenges when designing forest management plans that maximize sustained and
constant harvest volume ﬂows because of the wide spatial and temporal variation in the frequency
and severity of ﬁre events [14]. In Canada, each year, ﬁre burns large portions of the forest area which
causes signiﬁcant losses to management agencies [15]. Despite the uncertainty that characterizes forest
management planning, most planning models used for strategic planning remain deterministic in
North America [16,17]. Linear mathematical programming (LP) is the approach most often applied
in practice to such planning problems [18,19], despite the fact that many other techniques exist [16],
the assumption that all data are assumed to be known exactly and the fact that decisions made today
with optimal solutions will probably be suboptimal in the future [20]. Incorporating a ﬁre regime into
timber harvest-level determination procedures leads to reductions in harvest levels when desiring a
sustainable timber harvest [15,21,22]. Such reductions help implement a timber buffer stock, providing
a contingency inventory in the case of unexpected timber losses. The implementation of such measures
therefore implies losses of short-term revenues that must be thoroughly justiﬁed and understood.
Successful methods of dealing with uncertainty and risk need to be simple and comprehensible
enough to be useful in planning and decision-making in forestry practice [23]. The best strategy for
dealing with uncertainty depends on the risk preference of the decision makers, how much risk they
are willing to face, and the degree of uncertainty involved. One example of a successful method is the
cost-plus-loss analysis, which estimates the cost of sub-optimal decisions. It has been used effectively
to justify the costs implied by sampling intensity in forest inventory [24,25], the cost of ﬁre-ﬁghting
(examples provided in [14]) or the cost of forest planning [26]. In practice, the minimization of risk
exposures and potential losses involves risk processes with one or more techniques considered in
the context of ﬁnancial and nonﬁnancial exposures [27]. Financial risk modelling refers to the use of
formal econometric techniques to determine the aggregate risk of a ﬁnancial portfolio that depends on
the probability distributions of losses that can arise from damage. Actuaries combine the likelihood
and size information to provide average, or expected losses [28]. For instance, Value at Risk (VaR) is a
widely used risk measure [29], is easy to explain and easy to estimate [30,31]. In portfolio management,
Bagajewicz and Barbaro [32] deﬁned VaR as the worst expected loss under normal market conditions
over a speciﬁc time interval and at a given conﬁdence level. VaR has become a popular risk measure
used by both regulated banks as well as investment practitioners. Although speciﬁc indicators such as
VaR cannot guarantee the identiﬁcation of the best risk-reduced solution, in many instances the use of
different risk measures help identify potentially robust solutions.
With financial risk management, the expected loss is expressed in monetary terms.
One loss-adaptation option is insurance [33]. Insurance transfers the cost of ﬁnancing losses in exchange
for a premium. For instance, a forest manager may seek to protect his planning decisions against
wildﬁre and he can purchase an insurance policy from an insurer by paying a premium to receive a
compensatory payment that should cover the loss generated by ﬁre [27]. The determination of the
premium to pay for the cover requires evaluating risk as an actuarial process of valuing the insurable
risk, i.e., by summing the values at risk compounded at the start of the planning horizon. Such an
insurance strategy covering losses caused by ﬁres may be interesting if the interest rate is higher than
the mean volume increment rate of the forest under study.
The idea of insurance in forestry is not new, it was proposed decades ago by Shepard [34,35]
who noticed that the proper valuation of forest properties is a necessary prerequisite to any
successful ﬁre-insurance undertaking. Holecy and Hanewinkel [33] proposed an actuarial model
calculating appropriate probabilities to estimate insurance premiums. Lankoande et al. [36] evaluated
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efﬁcient wildﬁre insurance in the presence of government intervention through a subsidy for risk.
Chen et al. [37] proposed an insurance instrument to protect timber owners against wildﬁre risks as a
management instrument. Although insurance is an effective mechanism to lessen the burden of loss
by wildﬁre and is simple to explain, studies in wildﬁre insurance still remain limited.
The main objective of this study was therefore to provide a comparative analysis of the alternative
advantages produced by two different risk management strategies: insurance premium and timber
harvest reduction to build a buffer stock of timber. In the context of planning and scheduling forest
harvesting, the ﬁrst aim of our study was thus to quantify potential harvest losses due to wildﬁre
under an ecosystem-based management scenario in an eastern Canadian boreal forest. We used a linear
programming (LP)-based timber harvest scheduling model to determine the maximum even-ﬂow
harvest volume a forest area can sustain over the planning horizon. Interaction between ﬁre and
harvest was simulated with a landscape dynamics model to evaluate harvest losses, insurance premium
and amount of buffer stock required to cover such loss.
2. Materials and Methods
2.1. Study Area
The study area corresponds to the Forest Management Unit 085-51 located between 48˝ 501 N
and 50˝ 091 N latitude, and between 78˝ 051 W and 79˝ 311 W longitude in western Quebec, Canada
(Figure 1). It belongs to the bioclimatic domain of balsam ﬁr-white birch to the south (14%) and black
spruce-feather mosses to the north (86%) [38]. Mean annual temperature varies from ´2.5 ˝ C to 0 ˝ C,
and total precipitation from 700 to 800 mm. The area covers 1.08 million ha, of which 542,000 hectares
are timber productive. Black spruce (Picea mariana (Mill.) B.S.P.) and jack pine (Pinus banksiana Lamb.)
are the most abundant tree species and also the most economically important ones. Hardwoods such
as trembling aspen (Populus tremuloides Michx) and white birch (Betula papyrifera Marsh.), and to a
lesser extent, balsam poplar (Populus balsamifera) can also occur in mixture with black spruce. The
forest dynamics in the region may be simplified into three main successional pathways either dominated
by black spruce, jack pine or trembling aspen [39,40]. Fire dominates the natural disturbance regime in
the study area [40,41]. Current (1920–2000) and past fire cycles (1850–1920) were estimated to be around
398 and 135 years [1]. Forest management planning should account for climate change as it should affect
fire regimes in the boreal forest of North America [42]. For our study area, fire burn rate is projected to
increase gradually over the period 2001–2100. Bergeron et al. [43] estimated that under B1 (2 ˆ CO2 ) and
A2 (3 ˆ CO2 ) climate scenarios, fire cycles should lower to around 254 and 79 years respectively, values
lying either in between the current and historical fire cycles [44] or below the historical fire cycle.

Figure 1. Location of study area Forest Management Unit 085-51. Grey polygons correspond to
operating areas [45].

409

Forests 2016, 7, 107

2.2. Timber Supply Model
We formulated the timber supply model as an optimization problem solved with linear
programming, as it is the current practice in Quebec. No mitigation strategies were included
at ﬁrst against potential ﬁre losses. The planning horizon was set to 150 years and divided
into 30 periods of 5 years. The objective function of this model maximized harvest volume (i.e.,
Mm3 /period) (Equation (1)). The ﬁrst constraint provided an even ﬂow of harvest volume over time
(Equation (2)). For harvest planning purposes, the study area was divided into different spatially
organized compartments (operating areas between 30 km2 and 150 km2 ) as a function of canopy closure
and species composition [45] to emulate ﬁre size distribution [46]. These operating areas are open to
harvest when more than 30% of their timber productive area is eligible to harvest (Equation (3), [47]).
Planting of jack pine after a clear-cut was limited to less than the actual plantation level (7500 ha per
period (Equation (4))). A forest age structure was also targeted with a minimal abundance of three
age classes (0–150 years: 63%, 150–275 years: 21% and more than 275 years: 16%) (Equation (5)) [41].
Two harvesting systems were implemented, careful logging around advanced regeneration [48] and
irregular shelter-wood cuts (50% removal of merchantable volume; [49]). The areas planned to be
harvested must be positive (Equation (6)).
Let
o : operational area p1 . . . 107q
s : successional pathway p1 . . . 3q
p : period p1 . . . 30q
a : stand age
h : harvest type p1 . . . 2q
c : cohort number p1 . . . 3q
TC : Timber production area belonging to cohort c, @ c, following the targeted forest structure

Xop

Variables
#
1, if operating area is open to harvest
“
@ o, p
0, otherwise

Aashop : Area harvested phaq , @ a, s, h, o, p
eashop : Area eligible for harvest phaq , @ a, s, h, o, p
Ccp : Area belonging to cohort c phaq , @ c, p
Parameters

¯
´
Vashop : Volume yield m3 ha´1 , @ a, s, h, o, p

Objective function
Z“

3 107
2 ÿ
30 ÿ
30
ÿ
ÿ ÿ

Vasohp Aasohp ,

(1)

a“1 s“1 o“1 h“1 p“1

Subject to
30 ÿ
3 107
2
ÿ
ÿ ÿ
a“1 s“1 o“1 h“1

Vasohp p´1q Aasohp p´1q ´

30 ÿ
3 107
2
ÿ
ÿ ÿ

Vasohp Aasohp “ 0 ,

(2)

a“1 s“1 o“1 h“1

Aasohp ď easohp Xop @ a, s, o, h, p,

(3)

Ahp ă“ 7500, h being a clear cut followed by a jack pine plantation, @ p,

(4)

Ccp ě Tc , @ c; p P r11; 30s ,

(5)
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Aasop ě 0 .

(6)

To develop the timber supply model (Model II formulation—([50], pp. 608–611)), we used the
Remsoft Spatial Planning System (version 2013.12, Remsoft, Fredericton, NB, Canada) and solved it
with Mosek 5.0. (Mosek ApS, Copenhagen, Denmark).
2.3. Interaction between Harvest Scheduling and Stochastic Processes
We simulated the interaction existing between harvest, ﬁre and forest succession by adapting
pre-existing modules of harvest, ﬁre and succession already developed in the Spatially Explicit
Landscape Event Simulator (SELES) [51]. Inputs are spatial rasters (forest type, stand age, operating
areas), data tables (e.g., yield curves, harvested area planned by harvesting systems per operating area
and per period, matrix of succession probabilities, other parameters such as a mean burn rate and
a mean ﬁre size). Fire was modeled as a percolation process [52] parameterized from historical ﬁre
occurrence data [41] to reproduce basic characteristics of a ﬁre regime [53]. The model uses a negative
exponential distribution to determine the number of ﬁres and a Weibull distribution to determine
ﬁre sizes [54]. Simulated ﬁres burn independently of terrain, and there is equal forest ﬂammability
regardless of stand age [21,55]. The harvest module prioritized the harvest of salvageable volume (30%
of pre-ﬁre standing volume) and subsequently the harvest scheduled by the timber supply model. If the
harvest module was not able to ﬁnd the harvest volume planned in designed operating areas, then it
selected productive stands (with a volume greater than 50 m3 ¨ ha´1 ) not prescribed in the harvest plan
until it reached the targeted timber supply level. Disturbance-speciﬁc changes in forest composition
and age structure drive the interactions between ﬁre, succession and harvest. Natural succession was
modelled as a semi-Markov process [53] with probabilities of transition estimated from the proportions
of each stratum by stand age class (20-year interval) observed in the forest map. The spatial resolution
of the model was 10 ha per pixel and the temporal resolution ﬁve years. We performed 100 replications
of each scenario, which provided stable estimates of indicators, especially VaR [56]. We used the
technique of common random numbers [57] to reduce the variability generated by random effects
between the scenarios [58]. Simulation outputs allowed us to quantify loss likelihood distributions
and estimate insurance premiums as detailed below.
2.4. Risk Management
Simulation results with the landscape dynamics model served to estimate loss distributions
(frequency distributions of differences between planned and harvested volumes per period). Value at
Risk served to assess risk was estimated with the 5th percentile (α) of the loss (L) distribution for a
given period p (Equation (7)):
`
˘
Prob L p ď VaR p “ α.
(7)
VaR computation was performed using the R statistical software environment [59].
2.4.1. Risk Characterization
If ﬁre risk is indeed part of the risk of timber supply disruptions, another part results from
the inadequate consideration of ﬁre risk in the timber supply planning process [15,60]. We have
assumed with the timber supply model used in the present study (Section 2.2) that ﬁre suppression is
totally effective (i.e., no ﬁre risk), which is not true [12] and, consequently, overly optimistic. Risk can
therefore be subdivided into two different risk types, effective risk, when effectively implementing
planned forest management strategies despite ﬁre risk, and planning risk caused by the optimism of
the planning procedure. To distinguish both sources of risk, we ﬁxed a planned timber harvest (PTH)
threshold below which PTH is equal to the median realized harvest level that has been simulated
with the landscape dynamics model [60] and above which PTH cannot fully be implemented anymore
because of ﬁre disturbances. Below this threshold, risk of losses (difference between median and 5th
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percentile) is caused by ﬁre risk only. Above this threshold, risk of losses is a compound of risks caused
by ﬁre and planning optimism.
To characterize risk, we therefore looked for three PTH values, one for which no risk exists (i.e.,
disruptions not occurring anymore, such that VaRp = 0, @ p), one for which risk is the highest while
respecting all the constraints of the timber supply model and one for which PTH is equal to the median
realized harvest level. We used the landscape simulation model for this purpose by decreasing the PTH
originally estimated with the timber supply model by steps of 10% until no risk occurred anymore for
three ﬁre cycles. We then estimated the parameters of a piecewise linear model with one knot between
realized harvest and planned timber supply values (Equation (8)):
r
h “ PTH if PTH ď PTHth , r
h “ PTHth ` β pPTH ´ PTHth q if PTH ą PTHth ,

(8)

h is the periodic median realized harvest implemented with the landscape simulation model,
where r
PTH is the timber harvest planned with the timber supply model and β and PTHth are parameters
estimated with the MODEL procedure (SAS Institute Inc., Cary, NC, USA).
2.4.2. Insurance Premium
A loss function proportional to the forest value may serve to characterize wildﬁre risk in a forest.
Forest managers may seek to be protected against wildﬁre damages to timber supply by taking out an
insurance contract. We therefore calculated the insurance premium with probabilities of the potential
losses provided with periodic VaRs. Putting this into a formula, one needs to ﬁnd the value of a
periodic premium (P) such that (Equation (9)):
30
ÿ
`

P ´ VaR p

p “1

˘

1
p1 ` iq5ˆ p´2.5

“ 0,

(9)

where p corresponds to a number of ﬁve-year periods, and i is an interest rate. Harvest is assumed
to take place in the middle of the period (hence the term ´2.5). We selected different interest rates
(0%, 1%, 2%, and 4%) used for discount rates for public investment [61]. Statistical computations were
performed using the R statistical software environment [59].
2.4.3. Timber Supply Reduction
To prevent operational disruptions, a reduction in periodic wood harvest can be used to build
a buffer stock of timber [15] serving as a back-up plan in the event that a supply disruption occurs.
A supply disruption occurred whenever realized timber harvest was below 90% of the planned timber
harvest volume [62]. We were interested in estimating the harvest target reduction that helped deal
with timber losses caused by only ﬁre and therefore used the difference between the maximum
PTH value equal to the median realized harvest level (PTHth in Equation (8)) and the one for which
disruptions do not occur anymore (i.e., VaRp = 0, @ p).
2.5. Comparison of Risk Management Strategies
At ﬁrst, we estimated harvest loss distributions by simulating the implementation of the timber
supply solution with the landscape simulation model for three ﬁre cycles (100, 200 and 400 years).
Simulations were then redone with the landscape simulation model for the three ﬁre cycles by reducing
the PTH value by steps of 10% until we found a PTH value that could be implemented with no risks.
Periodic VaRp and median VaR values were computed from these loss distributions. We also used
these simulation results to estimate the parameters of piecewise linear models (Equation (8)) in order to
ﬁnd the PTH value equal to the median realized harvest level for each considered ﬁre cycle. Premium
insurance was then computed (Equation (9)) for a range of interest rates used for public investments
(0%, 1%, 2% and 4% [61]) at the threshold PTH value equal to the median realized harvest level. Finally,
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we compared the timber supply reductions required to cancel risk to insurance premiums for each
ﬁre cycle.
3. Results
3.1. Risk Assessment

Simulated harvest level (Mm3 period-1)

Periodic timber harvest with an ecosystem management strategy may reach values up to
approximately 3.8 Mm3 period´1 when not considering ﬁre risk (Equation (1)). However, a blind
implementation of such a strategy will not enable the procurement of expected timber levels (Figure 2)
and timber supply disruptions caused by ﬁre are expected (Figure 3). Despite the likely occurrence of
such disruptions, the median rate of planning success reaches 97% (3.7 Mm3 period´1 ) of the optimal
solution provided by the timber supply model with a ﬁre cycle of 400 years and decreases only up to
73% (2.8 Mm3 period´1 ) with a ﬁre cycle of 100 years (Figure 2). The chances of obtaining such a rate
of success are, however, threatened by infrequent but possibly very signiﬁcant disruptions. Timber
supply disruptions may start to occur as soon as the 6th planning period (30 years) and, depending on
the considered ﬁre cycle, either tend to disappear after 50 years (and occur again approximately after
one mean stand rotation) or maintain themselves for the rest of the planning horizon (Figure 3).

3.5

3.0

2.5

2.0

100

200
Fire cycle (years)

400

Figure 2. Box and whiskers plots representing the probability distributions of the simulated
implementation of the optimal solution (3.8 Mm3 period´1 ) provided by the timber supply model
(Equations (1)–(6)) under current (400 years) and probable interval for future ﬁre regimes (100 and
200 years).

Maximum periodic VaRs, which provide an indication of the expected vulnerability of timber
supplies to wildﬁre, are substantial in our study area (2.1 to 2.8 Mm3 period´1 ) and represent 55%
to 74% of the periodic timber harvest, depending on the ﬁre regime that is considered. Median
VaR across the planning horizon with the longest ﬁre cycle (400) years is substantially lower than
the maximum VaR (0.9 vs. 2.2 Mm3 period´1 ) when compared to that resulting from a ﬁre cycle of
100 years (2.4 vs. 2.9 Mm3 period´1 ), indicating more frequent occurrences of important timber supply
disruption throughout the planning horizon with a higher burn rate (Figure 3c).
Successive implementation of a portion (30% to 90%) of the optimized timber supply solution
helped ﬁnd a median realized harvest level equal to PTH values for timber harvest levels up of 2.8
to 3.3 Mm3 period´1 , depending on the considered ﬁre cycle (Figure 4, Table 1). At the threshold
PTH value beyond which the implementation success decreases, median VaR values (0.02 to 1.12 Mm3
period´1 depending on the ﬁre cycle) are much lower than those induced by the implementation of the
entire optimized timber supply solution. They are in fact reduced by a factor varying between two and
20. Maximum VaR values are less reduced, by a factor between 1.6 (for a ﬁre cycle of 100 years) and
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1.9 (for a ﬁre cycle of 400 years). This means that ignoring ﬁre in the timber supply model and assuming
that ﬁre risk is totally controlled (planning optimism) increased the risk of supply disruptions by
almost one order of magnitude, even with a ﬁre cycle of 400 years. Such increased risk is, however,
accompanied by an increase in realized harvest level, the rate of which varies between 0% and 60%
(= slope of the second segment of the piecewise regression) (Figure 4, Table 1). This increase is only
signiﬁcant with a ﬁre cycle of 400 years (Table 1).
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Figure 3. Probability distributions of the success rate of the simulated harvest schedule implementation
under current ((a) 400 years) and probable future ﬁre regimes ((b) 200 years; (c) 100 years). From
bottom up, broken and bold lines represent the 5th, median and 95th percentiles. One hundred percent
represents the target (continuous line) and ninety percent correspond to a cutoff value below which a
timber supply disruption was considered to occur [57].
Table 1. Parameter values of piecewise linear models with one knot (threshold planned timber harvest
(PTH)) (Equation (8)) relating PTH and periodic median realized harvest levels implemented with the
landscape simulation model under current (400 years) and probable interval for future ﬁre regimes
(100 and 200 years).
Fire Cycle

Threshold PTH (Mm3 Period´1 )

β

100
200

2.77 (0.18)
3.23 (0.15)

0.04 (0.26) a
´0.01 (0.39) a

400

3.34 (0.18)

0.60 (0.25)

Not signiﬁcantly different from 0 at α = 0.05 (p = 0.78 and p = 0.96, respectively). Numbers in parentheses
represent a half-conﬁdence interval.
a
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4.0
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3.5
3.0
2.5
2.0
1.5
1.0
1.0

2.0

3.0

4.0

Planned timber harvest (Mm3 period-1)

Figure 4. Relationship between planned timber harvest and its simulated implementation (median
value) when considering the risk of ﬁre for three ﬁre cycles (100, 200 and 400 years). Parameters of the
segmented linear models are provided in Table 1. Error bars represent the 5th and 95th percentiles of
the probability distribution of simulated harvest levels.

3.2. Risk Management Strategies

Maximum value at risk (Mm3 period-1)

Timber harvest reductions are required to deal with wildﬁre risk throughout the planning horizon:
according to a timber harvest reduction strategy, a 35% of harvest reduction is necessary to avoid
signiﬁcant disruptions (i.e., VaRp = 0, @ p) with the current ﬁre regime (400 years, Figure 3), and such
reductions increase to 48% and 56% for ﬁre cycles of 200 and 100 years, respectively. Harvest reductions
therefore seem to increase non-linearly with an increase of the ﬁre cycle (i.e., +6%/100 years between
200 and 400 years and +8%/100 years between 100 and 200 years). In fact, the sensitivity of maximum
VaR to a timber harvest reduction decreases as maximum VaR tends to zero (Figure 5). Depending on
the interest rate and the ﬁre cycle, we looked at the changes in the amount of insurance premium an
insurer should hold against unexpected losses as a function of ﬁre risk (Figure 6). Insurance premiums
represent between 5% and 7% of the level of supply for a ﬁre cycle of 400 years (Figure 6), which are
noticeably lower than for a timber harvest reduction strategy. With a change of ﬁre cycle between
200 and 400 years, premium increases are also lower than those of a timber supply reduction strategy
(between 5% and 11%/100 years depending on the interest rate), and increase less between 100 and
200 (between 2% and 7%/100 years). Such premium increases are more directly related to an increase
in median VaR rather than to an increase in ﬁre cycle (Figure 7).
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Figure 5. Relationship between planned timber harvest and maximum value at risk for three ﬁre cycles.
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Figure 6. Distribution of the planned timber harvest into: a part that is not entirely feasible (planning
optimism, in white, see Figure 4), a part that should be used to build a buffer stock of timber (dark gray)
(with a timber harvest reduction—THR, which should not be harvested, or with an insurance premium,
which should be harvested and set apart, with an interest rate between 0% and 4%) (protection strategy),
and a part available for harvest (light grey), considering three possible ﬁre cycles.
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Figure 7. Relationship between median value-at-risk (VaR) and insurance premium as a function of
interest rates (0% to 4%) and present (400 years) or probable ﬁre cycles (100 and 200 years).

4. Discussion
We have evaluated two strategies to protect timber supply against disruptions with the objective of
achieving over the planning horizon at least 90% of the planned harvest level: an insurance policy based
on probabilities of potential losses and a reduction of timber harvest. Both mitigation strategies help
build a buffer stock of available timber as a back-up plan. Our results show, however, that a constant
reduction of timber harvest is costlier than an insurance policy (Figure 6) and is therefore less efﬁcient.
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This result is linked to the fact that the premium insurance is directly related to risk (Equation (9)),
contrary to a timber harvest reduction strategy, which provides only an indirect way of managing a
buffer stock [56]. The insurance premium also acts as an asset protected from ﬁre. The consideration of
ﬁre impact and level of planned timber supply are the factors that most inﬂuence the planning success
rate when implementing the optimized plan with a landscape dynamics model [56]. These two factors
were varied in a systematic fashion in the present study. Both mitigation strategies were evaluated
at the maximum PTH value that could be implemented in interaction with ﬁre with the landscape
simulation model, as proposed by [60]. We therefore succeeded in differentiating two types of risk,
one due to ﬁre only and another one due to the planning method used for the dimensioning of a
sustainable timber supply.
Analysis of the risk related to the use of a speciﬁc planning method was discarded in the present
study but deserves more consideration, especially in a real decision-making process: for the highest ﬁre
cycle that we have considered (400 years), the implementation of the timber supply optimal solution
(3.8 Mm3 period´1 ) in interaction with ﬁre had a success rate of 97%. The maximum PTH value that
could be totally implemented with the landscape simulation model was 2.8 Mm3 period. This means
that a timber harvest reduction of 36% would be required to increase the success rate up to 100%,
which is clearly very expensive [15,63]. In fact, since absolute protection against losses cannot be
guaranteed, some level of acceptable loss expressed as a risk tolerance must be established, which
can widely vary based on knowledge of exposures and proposed risk management solutions [27].
This points to the importance of choosing a level of tolerance to risk when facing a relatively low ﬁre
cycle, as already noted by [60]. Increasing tolerance to risk requires the availability of other mitigation
strategies, such as the diversiﬁcation of procurement sources [64], when supply disruptions occur.
Manley and Watt [65] mentioned that the possible reasons why uncertainty might have been
ignored in the design of optimal forest management strategies is that it has often been assumed that
forest management is based upon purely risk-neutral preferences. Brumelle et al. [66] made a survey
of the literature on optimal forest management that took into account the presence of risk and found
that 70% assumed risk neutral preferences and only 10% openly used risk averse preferences. A risk
neutral forest manager would prefer adopting a strategy of passive acceptance whereas a risk adverse
manager might prefer to adopt a risk mitigation strategy and continually revise his strategy in a
dynamic replanning process [67]. Clearly, adopting a risk neutral strategy in the present case is an
unsustainable strategy since important timber supply disruptions are to be expected (Figure 3), even
with the present ﬁre cycle of 400 years (Figure 3a) and despite an expected success rate of 97% of
the harvest plan implementation. Furthermore, Gauthier et al. [68] showed that the increase in burn
rates expected in the future, especially for the 2071 to 2100 period will impact the vulnerability of the
harvest in most of western Quebec where our study area is located.
Inclusion of ﬁre risk into the timber supply planning process has already been the subject of
numerous research studies and different techniques are available for this purpose [10,11]. However, the
implementation of these techniques in a real decision-making situation still remains limited in North
America. For instance, inclusion of ﬁre impact on timber supply models with linear programming
requires a model structure seldom available in software designed for timber supply modeling [19,69].
Other approaches [15,22,63] remain too complex to implement with the typical problem size required to
solve optimization problems of real timber supply models [19,69]. Heuristic optimization methods may
overcome these limitations but do not guarantee optimality, which restrains their use in practice [16,17].
To the opposite, landscape simulation models are designed and therefore suited to analyze the
interaction between harvest, natural succession and disturbances [53,70,71]. Clearly, such an approach
offered two main advantages. First, simulation of the implementation of the optimized solution of
a timber supply problem with such a landscape dynamics model helped assess the feasibility of the
optimal solution, which conducted us to reduce the planned harvest down to a level where it was
feasible at least 50% of the time. Second, at that level, we were able to estimate the amount of risk
caused by ﬁre only (and not by ﬁre and planning method combined) and to express the simulated
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risk into an insurance premium, which is a common standard used for risk assessment and protection.
The central view of any insurance scheme is an understanding of risk probabilities to inform the
decision-making process.
5. Conclusions
Wildﬁre events impact optimal forest management decisions because such stochastic events may
disturb the planned solution. In this paper, we used VaR as a tool to measure risk to characterize
expected losses caused by ﬁre during the implementation of a timber supply model solution in a boreal
forest. We did not aim to investigate all possible mitigation strategies but rather to focus on two simple
strategies: the use of an insurance premium and of a reduction of timber harvest. These strategies
assume that decision-makers do not have prior information on which to base their weighting of the
opinions and decisions. At the moment, the prospects around climate change are hardly encouraging
and it is probable that the forest economy will diminish but decision-makers should consider shifting
their attention to other promising potential schemes of strategies that could be used to deal with risk,
and, maybe, only then will the risk of ﬁre lower signiﬁcantly.
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