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Abstract

:

In the last two decades, microplastics (MP) have been identified as an emerging environmental pollutant. Due to their small size, MP particles may easily enter the food chain, where they can have adverse effects on organisms and the environment in general. The common methods for the removal of pollutants from the environment are not fully effective in the elimination of MP; thus, it is necessary to find a more suitable treatment method(s). Among the various approaches tested, biodegradation is by far the most environmentally friendly and economically acceptable remediation approach. However, it has serious drawbacks, generally related to the rather low removal rate and often insufficient efficiency. Therefore, it would be beneficial to use some of the less economical but more efficient methods as pretreatment prior to biodegradation. Such pretreatment would primarily serve to increase the roughness and hydrophilicity of the surface of MP, making it more susceptible to bioassimilation. This review focuses on advanced oxidation processes (AOPs) as treatment methods that can enhance the biodegradation of MP particles. It considers MP particles of the six most commonly used plastic polymers, namely: polyethylene, polypropylene, polystyrene, polyvinyl chloride, polyethylene terephthalate and polyurethane. The review highlights organisms with a high potential for biodegradation of selected MP particles and presents the potential benefits that AOP pretreatment can provide for MP biodegradation.
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1. Introduction


Plastics have been part of human life for a long time, with global plastic production starting in 1940 [1]. The constant growth of the human population, followed by a higher standard of living, has required an increasing production of plastics. Unfortunately, this has resulted in large amounts of plastic waste entering the environment, which has become a global environmental problem. Once released into the environment, plastic items are gradually broken down into smaller pieces by natural processes or artificial activities; those pieces smaller than 5 mm are described as microplastics (MP). In addition, MP particles are intentionally produced for the needs of various industries, e.g., resin pellets and microspheres used as abrasives in cosmetics, etc. [2,3].



Nowadays, MP is present in practically all environmental constituents: water [2], soil [4], and even air [5,6], and due to the high persistence of plastics, the amount of MP in the environment is constantly increasing [7]. Unfortunately, MP has a high hazard potential [8] due to the fact that MP may easily enter the food chain; thus, the risk of biomagnification in high-level predators, including humans, is very high. MP can enter living organisms through ingestion, inhalation or skin infiltration [9]. Once MP enters the organism, it can impair fertility, cause immune responses, behavioral changes, digestive problems, various inflammatory conditions and intestinal damage, or eventually death [10,11,12,13,14]. The effects of MP on organisms can generally be categorized as physical (in terms of the shape or size of the MP particles) [15], chemical (in terms of the presence of toxic additives or adsorbed chemical pollutants) [16,17] or biological (in terms of pathogens adsorbed on the surface of MP) [18]. However, despite the obvious danger posed by MP to the environment, there is still no legal regulation of the permissible concentrations of MP in the environment [19].



Large amounts of MP enter municipal wastewater treatment plants (WWTPs). Waldschläger et al. [20] conducted a comprehensive analysis of literature reports on the concentration of MP in WWTP influents and reported a range of 15–320 MP particles per liter. However, we have found reports with even higher values, e.g., 910 MP particles per liter, in the case of Dutch WWTPs [21]. Unfortunately, common WWTPs are generally unable to completely remove MP [20,21,22,23]. The average removal efficiency of MP is less than 90% and depends on the type of treatment applied and on MP characteristics such as size, density or morphology [23]. The coarser fraction of MP accumulates in sewage sludge [24], which can serve as a source of MP in the environment, primarily through the application of biosolids on agricultural land [25]. About 50% of sewage sludge in Europe is processed for agricultural use, resulting in an estimated 125–850 kg of MP per inhabitant entering European agricultural soils annually [26]. The smaller MP particles remain in WWTPs effluents and enter the aquatic environment [27]. Although concentrations of MP in the effluents are generally not too high (about one particle per liter [28], there are reports of much higher MP concentrations [21,29]), this transport route into the environment must be seriously considered because of the large volumes of water that is discharged. Considering the current state-of-the-art in MP pollution, it is necessary to find a sustainable method for the removal of MP from the environment. Among various approaches tested, biodegradation appears to be the most economically and environmentally acceptable, although it is often not favored among the scientific community for the removal of chlorinated plastics such as PVC, as this treatment poses an additional environmental hazard due to the possible formation of toxic chlorinated degradation products [30,31].



The biodegradability of MP has been tested with numerous organisms, but given the presence and importance of microorganisms in environmental biodegradation processes, it is not surprising that studies on the biodegradation of MP by microorganisms strongly dominate. For successful biodegradation of MP, three basic criteria must be met. First, the microorganisms present must be able to produce enzymes that can break down large plastic polymers into shorter chains or smaller molecules: oligomers, dimers and monomers. These molecules are small enough to pass through the semi-permeable membrane in the microorganism’s cell, where they can be used as carbon and energy sources for the microorganism’s growth and development [32]. Second, satisfactory process conditions such as temperature, pH, humidity, salinity, optical density, agitation speed, and/or the addition of biostimulants must be ensured [33,34,35,36,37]. Finally, the chemistry and morphology of MP must be such that they allow microorganisms to adhere and form a biofilm [38]. The properties of MP, such as surface roughness, surface electrostatic interactions and surface hydrophobicity are important parameters for biofilm formation [39,40]. The factors affecting the biodegradability of MP are shown in Figure 1. One of the most important factors is the chemical structure of the plastic polymer. Very small differences in the chemical structure of the polymer can result in large differences in biodegradability [32]. Thus, the possibility of microbiological degradation decreases with the increasing molecular weight of a polymer. In addition, the possibility of biodegradation decreases as the crystallinity of MP increases because the proper structure and close packing of the polymer chains prevent microorganisms from penetrating the MP particles. Therefore, semi-crystalline and amorphous polymers have a higher degree of biodegradability [41,42]. Finally, commercially available plastics usually contain a complex mixture of additives [43] that improve plastic materials’ properties and extend their life. However, these additives can significantly affect the biodegradability of plastics, especially if they are designed to prevent or slow down biodegradation [44].



Studies addressing the biodegradability of MP have generally been conducted for the most commonly used plastic polymers (Figure 2), such as polyethylene (PE), polypropylene (PP), polystyrene (PS), polyvinyl chloride (PVC), polyethylene terephthalate (PET) and polyurethane (PUR) [45]. Auta and coworkers [46,47] exposed PE, PET and PS microparticles to the bacterium Bacillus cereus, PE, PET, PP and PS microparticles to the bacterium Bacillus gottheilii, and PP microparticles to the bacterium Rhodococcus sp. isolated from mangrove sediment; exposure time was 40 days in all experiments. Percent weight loss from MP for B. cereus was 1.6%, 6.6% and 7.4% for PE, PET and PS, respectively. Exposure to Bacillus gottheilii resulted in weight loss of 6.2%, 3.0%, 3.6% and 5.8% for PE, PET, PP and PS, respectively, while Rhodococcus sp. reduced the weight of PP by 6.4%. Yang et al. [48] showed that Enterobacter asburiae and Bacillus sp. could biodegrade low-density PE (LDPE) films with a thickness of 22.5 μm. The weight losses after 60 days of incubation were 6.1% and 10.7%, respectively. Bacteria belonging to the genus Pseudomonas are known to be able to degrade various oil contaminants [49,50], which also indicates their potential to degrade MP. For example, Pseudomonas sp. was found to be capable of degrading 4.9% to 28.6% of the low molecular weight PE (1.7–23.7 kDa) during 80 days exposure at 37 °C [51]. Pseudomonas fluorescens and Pseudomonas chlororaphis have been identified as organisms that can use PUR as a carbon source [52]. The same is valid for the bacterium Delftia acidovorans (formerly known as Pseudomonas acidovorans), which also uses PUR as a nitrogen source [53]. Lee et al. [54] investigated the potential of Pseudomonas aeruginosa to biodegrade PS, PE and PP microbeads. After 15 days of exposure, a decrease in the diameter of the microbeads was observed, with daily biodegradation rate values of 0.098%, 0.64%, and 0.025%, respectively. PET is generally considered non-biodegradable, but several studies have shown that some microorganisms can use PET as an energy and carbon source. For example, Farzi et al. [55] reported 68.8% biodegradation of 212 μm PET powder during 18 days of exposure to Streptomyces sp. at 28 °C, while Yoshida et al. [56] found almost complete biodegradation of 60 mg PET films (20 × 15 × 0.2 mm) by Ideonella sakaiensis after 42 days of incubation at 30 °C. PVC is also a very stable polymer that is generally not biodegradable. However, Anwar et al. [57] reported that two consortia of microorganisms isolated from landfills showed the ability to colonize and degrade PVC films (2.5 × 2.5 × 0.003 cm). The first, consisting of Pseudomonas otitidis and Bacillus aerius, reduced the molecular weight of PVC from 66.61 to 31.57 kDa, while the second, consisting of Pseudomonas otitidis, Bacillus cereus and Acanthopleurobacter pedis, was even more successful, with a reduction to 15.63 kDa; the exposure period was 9 months. In addition, some Pseudomonas putida strains can use vinyl chloride monomers as a carbon source for growth [30]. Giacomucci et al. [58] reported biodegradation of PVC by Pseudoomonas citronellolis and Bacillus flexus, but the bacterial activity was more focused on the additives present than on the PVC chains.



In addition to bacterial strains, the potential for biodegradation of MP was also demonstrated for some fungi. Zalerion maritimum partially biodegraded PE microfragments in a size range of 250 to 1000 μm. The authors’ graphical representation of the data [59] shows a continuous increase in the degradation of MP during a 28-day exposure period. However, the degradation efficiency of approximately 43% reached on day 14 was the only value numerically reported within the exposure period. Aspergillus tubingensis and Aspergillus flavus were found to be capable of biodegrading 40 μm high-density PE (HDPE) films; the degradation rate after one month was 6.02% and 8.51% for Aspergillus tubingensis and Aspergillus flavus, respectively [60]. In addition, a consortium consisting of Aspergillus niger, Aspergillus flavus and Aspergillus oryzae degraded 14.66% of LDPE strips (the area was 2 × 2 cm with no information about the thickness provided) during 40 days of exposure. The experiment was performed with the addition of shredded LDPE particles (no information about the dimension of the particles was given) [61]. Phanerochaete chrysosporium caused a significant structural change in a starch-containing PVC film (0.05–0.07 mm thickness, surface area of 15 cm2) followed by a decrease in the molecular weight of PVC from 80.3 to 78.9 kDa after 90 days of contact [62].



There are reports of testing the potential of various invertebrates, especially their larvae, in biodegrading MP [63,64,65]. In most cases, the ability of larvae to biodegrade MP is related not only to the enzymes produced in their digestive system but also to the enzymes produced by microorganisms in their gut. Larval biodegradation of MP generally does not result with mineralization, which means that smaller MP particles are formed and can be released into the environment, posing additional environmental risks. In addition, there are significant drawbacks that may limit the use of larvae as a strategy to remove MP and promote the use of microorganisms [30]. Culturing invertebrates is much more expensive than culturing microorganisms, and it is difficult to maintain the efficient production of larvae that feed on MP. Therefore, the search for new bacterial or fungal isolates with the potential for biodegradation of MP seems to be a more promising strategy.



Of course, biodegradation of MP by bacteria or fungi also has serious drawbacks, generally related to the slowness and insufficient efficiency of the process. However, since it is by far the most environmentally friendly and economically acceptable remediation approach, further research must be encouraged to find a way to speed up the process, increase efficiency and eliminate undesirable side effects. One possibility is the development of genetically enhanced microorganisms [66]. Current genetic engineering techniques offer the possibility of modifying microorganisms by introducing exogenous genes for specific enzymes involved in the degradation of MP. However, on-site experiments with genetically engineered microorganisms are limited for biosafety reasons, so evaluation of the efficiency of gene editing in the biodegradation of MP is limited to laboratory experiments [67]. Another possibility is the modification of the surface of MP particles. Since biodegradation is preceded by microbial colonization of the surface and the formation of a biofilm, it is likely that increased colonization could lead to an overall increase in biodegradation efficiency. In addition, bacterial adhesion and biofilm formation are known to increase with increasing surface roughness [68,69]. A rougher surface can be achieved by various pretreatments.



The aim of this review is to provide an overview of advanced oxidation processes (AOPs) that can lead to surface degradation and modification of MP particles, making the particles more susceptible to biodegradation. AOPs are considered environmentally friendly because they are largely harmless to the environment and are considered effective in removing a vast array of organic pollutants [70,71]. Considering that plastics are organic pollutants, AOPs should be applicable in the remediation of MP-polluted environments. However, AOPs are associated with high process costs because they require expensive chemicals and/or energy input [72]. Therefore, it seems to be a good approach to use AOPs as a pretreatment for biodegradation, aiming to degrade only the surface of MP and make it rough and suitable for microbial colonization. AOPs usually combine the use of a strong oxidant with the use of catalysts or irradiation [70,73,74]. Accordingly, AOPs include a wide range of non-selective methods such as ozonation, photocatalysis, electrochemical oxidation, Fenton and Fenton-like processes, etc., as shown in Figure 3. These processes are characterized by generating in situ highly reactive free radicals such as hydroxyl (HO•) or sulfate (SO4•−) radicals. The radicals generated are capable of degrading various organic pollutants.




2. Photolysis


Photolysis, although not considered an AOPs (only vacuum UV may generate in situ radical species), is a base for all photo-driven AOPs; thus, it will be discussed in context to be used alone and within AOPs for plastics degradation. Photolysis or photodegradation of polymers refers to the physical and chemical changes in polymer structure caused by light. Many organic polymers are sensitive to irradiation in the visible and especially in the UV range, as the latter has higher energy [75]. Very high irradiation energies are generally required for the photolysis of plastics. For example, longer UV wavelengths can cause the scission of C–C bonds in PET, while PP, PS and PVC require smaller wavelengths [76], such as vacuum UV irradiation (100–200 nm), which can be absorbed by all polymer bonds, especially by C–C and C–H bonds [77]. In addition, vacuum UV irradiation can lead to the degradation of the water molecule, if present, resulting in the formation of highly reactive hydroxyl radicals (HO•) and hydrogen radicals (H•), according to Equations (1) and (2) [78].


   H 2  O + h ν ⇄ HO • + H •  



(1)






   H 2  O + h ν ⇄ HO • +  H +  +  e −   



(2)







The oxygen radical and the ozone molecule can also be generated when oxygen is present in the system (Equations (3) and (4)).


   O 2  + h ν ⇄  2 O  •  



(3)






  O • +  O 2  ⇄  O 3   



(4)







PET strongly adsorbs UV irradiation below 315 nm [76]. Fechine et al. [79] irradiated 21 μm thick PET films at 290 nm and reported the scission of the PET chain leading to the formation of polymer radicals, as well as the intense formation of carboxyl (–COOH) end-groups known to promote further degradation of PET. In addition, irradiation of PET films (125 μm) at 254 nm resulted in a decrease in the PET contact angle, indicating a reduction of hydrophobicity of the PET surface [80].



The fact that UV photolysis can reduce the hydrophobicity of the surface of MP can be very important if the treatment is used as a pre-step to the biodegradation of MP. Namely, bacteria (with few exceptions) are hydrophilic [81]. Similarly, in fungi, only the aerial hyphae and conidia are hydrophobic, whereas yeast cells and the vegetative hyphae of filamentous fungi growing in moist environments are generally hydrophilic [82]. In contrast, MP is hydrophobic [83], so microorganisms with more hydrophobic cells adhere more strongly to the surface of MP [84]. Consequently, reducing the hydrophobicity of the surface of MP facilitates the adhesion of microorganisms to the polymer [85,86].



Some scientists consider PS to be very stable when exposed to vacuum UV irradiation because the energy absorbed by the aliphatic backbone can be transferred to the phenyl ring, and the phenyl ring is able to distribute the absorbed energy to the aromatic bonds and then relax thermally or by fluorescence. The homolytic scission of the C–C bond into two C-centered radicals, which is the first step of PS photolysis, usually ends with the recombination due to the low mobility of the PS chain [77]. However, López Gejo et al. [87] observed chemical and morphological changes on the surface of PS films (50–100 nm) irradiated at 172 nm. They reported that in the presence of air, C-centered radicals (R•) are likely to react with oxygen to form peroxyl radicals (ROO•; Equation (5)) and trigger additional reactions (e.g., the formation of HO•) that enhance polymer oxidation.


  R • +  O 2  ⇄ ROO •  



(5)







Martines et al. [88] treated HDPE, LDPE, and linear LDPE films (with a thickness of about 15 μm) with a UV irradiation source of 290–390 nm for 2, 4 and 24 h. All three polymers were commercial plastics containing antioxidants. The presence of antioxidants did not result in any changes on the polymer surface after 2 and 4 h of treatment. However, once the antioxidants were depleted, the surface began to change, as indicated by the formation of anhydride and carbonyl groups, which were detected after 24 h of treatment. Martines et al. proposed a degradation pathway that begins with the abstraction of the hydrogen atom and the formation of a C-centered polymer radical (R•; Equation (6)). However, according to Wilken et al. [77], there is another primary degradation reaction: homolytic scission of the C–C bond (Equation (7)). Highly reactive H• rapidly abstracts another hydrogen atom from the polymer and generates another polymer radical (Equation (8)).


  RH + h ν ⇄ R • + H •  



(6)






   R 2  + h ν ⇄ 2 R •  



(7)






  RH + H • ⇄ R • +  H 2   



(8)







In the presence of oxygen, R• can form a peroxyl radical (ROO•; Equation (5)) that continues the PE degradation in a chain reaction (Equation (9)) until it reacts with another radical to form a nonradical product (Equation (10)) [88].


  ROO • + RH ⇄  ROOH + R  •  



(9)






  ROO • + R • ⇄ ROOR  



(10)







The main processes of PP photolysis by vacuum UV are identical to those of PE photolysis [77]. The only difference is that the scission of the C–C bond can lead to the abstraction of the methyl group, resulting in the formation of a methyl radical and a polymer radical, and not only the scission of the PP chain. Pure PVC does not adsorb wavelengths above 190 nm. Its photolysis also leads to the formation of radicals and has two main reactions: dehydrochlorination and the formation of polyene structures [89]. Radicals are also present in PUR photolysis. However, due to the specificity of the structure of PUR, it is difficult to define a universal pathway of photolysis. For example, PUR with o-nitrobenzyl units in the structure undergoes UV-induced photolysis leading to the formation of a nitroso compound and the release of a carboxylic acid [90], while UV photolysis of PUR polymers based on aromatic diisocyanates is associated with the formation of a diarylmethyl radical that rapidly generates peroxy radical in the presence of oxygen [91], etc.



Common to all six photolysis cases discussed is the high probability of cross-linking polymer chains by radical recombination and hydrogen abstraction from neighboring chains [92].



Since most pure plastics are susceptible to UV photolysis, commercial plastics contain photostabilizers as additives to increase the environmental stability of the plastics. Therefore, researchers are generally investigating the applicability of UV-promoted advanced oxidations, which is a much more aggressive treatment.




3. Hydroxyl-Radical Based AOPs


The hydroxyl radical (HO•) is probably the most important type of radical used in water treatment. It is a highly reactive, non-selective and short-lived oxidant that has been successfully used to degrade various organic pollutants in water [93,94]. With a high oxidation potential of (E0 = 2.730 V; Table 1), this radical attacks organic pollutants by: (i) abstraction of hydrogen atoms, followed by subsequent hydroxylation, (ii) single electron transfer mechanism (less favorable) or (iii) by the addition to double bonds [95,96,97]. Due to their very short lifetime, HO• are produced in situ, either directly (vacuum UV, US, or non-thermal plasma technologies) or indirectly (through reactions between added oxidants/catalysts and/or their activation by UV or US) [93,94].



3.1. AOPs with the Addition of Hydrogen Peroxide


One of the most common hydroxyl radical-based AOPs is the process involving the addition of hydrogen peroxide (H2O2). H2O2 is a strong oxidizing agent with a redox potential ranging from 1.763 V at pH 0 to 0.878 V at pH 14 [99]. Activation of H2O2 is usually by UV irradiation (Equation (11)) [100], although H2O2 is a weak absorber of UV light. Besides, metal salts and O3 are also frequently used for activation.


   H 2   O 2  + h ν ⇄ 2 HO •  



(11)







The concentration of HO• formed depends on the added dose of H2O2, the water matrix, and the emission spectrum and strength of the UV source [100]. An excess of H2O2 can reduce the oxidation rate; therefore, the optimal H2O2 dose must be determined and applied [101].



Considering the available studies on UV-C/H2O2 treatment of MP, Hüffer et al. [102] exposed PS MP (125–250 µm) to 10% H2O2 under 254 nm UV light. Fourier transform infrared spectroscopy with attenuated total reflectance (FTIR-ATR), scanning electron microscopy (SEM) and differential scanning calorimetry indicated significant oxidation of the particle surface after 96 h of exposure, but there was no significant change in the specific surface area. The surface area of aged MP was only 0.004 m2/g greater than that of the initial MP. Easton et al. [103] studied the degradation of PET fibers (≈40 μm) using UV-C/H2O2 treatment. SEM and FTIR spectroscopy showed the appearance of shallow holes, pits, and cracks on the surface of the particles, as well as changes in the relative abundance of oxygen-containing functional groups. For a 48-h treatment, the best removal efficiency of 52.7% (mass loss) was achieved with the addition of 500 mg/L H2O2 and UV-C irradiation of 4.0 mW/cm2. UV/H2O2 treatment of PVC films (with a thickness of about 0.2 μm) [104] starts with a reaction of CH3 end groups, which are the most susceptible to the attack of radicals. Once all CH3 end groups are removed, the radicals attack the polymer chain, leading to chain scission, removal of chlorine, and formation of double bonds. Despite our best efforts, we have not found any reports of UV-C/H2O2 treatment of PP, PE or PUR. However, some of our preliminary experiments performed with MP from commercial PP and PE showed the formation of carbonyl groups at the surface of MP.




3.2. Ozonatzion


Ozonation is a general term for oxidation processes in which ozone (O3) is used as the starting substance. O3 is known to be a highly reactive agent with an oxidation potential of 2.07 V [105]. Therefore, ozone can directly oxidize organic pollutants, although a preferred approach is an indirect oxidation by the formation of HO• according to Equation (12). Ozone-induced formation of HO• can be easily achieved if the treatment is carried out in a basic medium [106].


     3 O   3  +  H 2  O ⇄  1 2   O 2  + HO • +   HO  2  •  



(12)







The reaction (Equation (12) may be accelerated by UV irradiation, especially when OH– is not dominant, which yields the generation of H2O2 as an additional oxidant according to Equation (13) [107].


   O 3  +  H 2   O +  h ν ⇄  H 2   O 2     + O   2   



(13)







Subsequently, H2O2 is converted to HO• according to Equation (11). Moreover, H2O2 can be added to the system instead of generating it in situ. Ozonation in which H2O2 is added is called the peroxone process. In the peroxone process, the desired HO• are formed according to Equation (14) [108].


     2 O   3  +  H 2   O 2  ⇄ 2 HO • + 3  O 2   



(14)







Further improvement in the production rate of HO•, and thus the efficiency of polymer ozonation, can be achieved by adding a catalyst [109]. Transition metals, such as iron, are commonly used as catalysts for the activation of added H2O2 and the formation of HO•. These processes are referred to as the Fenton-based processes [93] and are discussed in detail in the next chapter.



Zafar et al. [110] studied the effect of ozonation on a mixture of microparticles of different sized PE, where 93.3% of the microparticles used were between 75 and 500 μm in size. Ozonation was performed with different O3 doses ranging from 4 to 7 mg/min for 60, 120 and 180 min. After treatment, a decrease in crystallinity and the appearance of hydroxyl (–OH) and carbonyl (C=O) groups on the surface of MP were observed, indicating surface degradation of MP. Finally, surface oxidation was found to be affected by reaction time rather than the amount of O3 added. Lee et al. [111] used mathematical models to investigate the mechanism of O3-induced oxidative decomposition of nonpolar saturated molecules such as hydrocarbons and polymers, including PP, PS and PVC. The results showed that O3 reacted with saturated hydrocarbons at room temperature or below. Moreover, these three polymers were not equally susceptible to ozonation of the C–H bond, which was most pronounced in the case of PS. A detailed schematic of the ozonation mechanism on saturated polymers can be found in the study by Patel et al. [109]. Patel et al. tested the ozonation effects on 60 μm thick LDPE films in the gas and aqueous phases (pH = 7), with and without the addition of FeCl3 as a catalyst. The formation of peroxides on the polymer surface was the indicator of the efficiency of ozonation. Moreover, the formation of peroxides is a step that increases the hydrophilicity of the polymer surface and makes the surface more susceptible to microbial colonization. The results showed that the difference between ozonation in the gas phase and in the aqueous phase (in terms of peroxide formation) was almost negligible. The fact that a relevant concentration of HO• can be expected to occur only in the aqueous phase implies that molecular ozone plays the main role in the formation of peroxides on the LDPE surface. The influence of HO• is probably more pronounced in solutions with pH values above 7, since the experiments showed a negative influence of high pH values on the formation of peroxides. The addition of ferric ions (Fe3+) by dissolving FeCl3 in an acidic solution at pH 3 (creating a Fenton-like process) further increased the rate of peroxide formation.



Although O3 has been shown to be able to oxidize polymers, higher doses or prolonged exposure to O3 can have serious adverse effects on human health [112]. Therefore, its use is often avoided and replaced with less toxic species [113].




3.3. Fenton-Based Processes


Fenton-based processes are among the most popular techniques because they are carried out at room temperature and atmospheric pressure, which is an economic advantage. In addition, these processes are highly resistant to interference from background substrates, have relatively simple procedures, and generally have high mineralization rates for recalcitrant organic pollutants, such as MP [93,114].



The classical Fenton process involves electron transfer through a catalytic reaction between H2O2 and ferrous ions (Fe2+), producing HO•, as shown in Equation (15) [114].


    Fe    2 +    +  H 2   O 2  +  H +  ⇄   Fe    3 +    + HO • +  H 2  O  



(15)







On the other hand, the formation of HO• can be negatively affected by an excess of H2O2 (Equation (16)) or iron ions in bulk [93,105].


  HO • +  H 2   O 2  ⇄   HO  2  • +  H 2  O  



(16)







Therefore, it is necessary to determine the optimal molar ratio of Fe2+ and H2O2 for each treated system to avoid or minimize undesirable scavenging.



The classical Fenton process has its disadvantages, such as the low pH at which the process is carried out, the use of relatively large amounts of ferrous ions, and the formation of iron sludge, which can be a source of secondary pollution [115]. To avoid these disadvantages or to improve the efficiency of the classical Fenton process, numerous modifications have been proposed [116]. These Fenton-based processes are generally divided into homogeneous and heterogeneous processes. The most important representative of the homogeneous Fenton-based processes is the photo-Fenton process, in which an additional amount of HO• is generated by reactions of formed ferric ions (Equations (17) and (18)) [109,117].


    Fe   3 +   +  H 2  O ⇄    Fe ( OH )    2 +   +  H +   



(17)






     Fe ( OH )    2 +   + h ν ⇄   Fe   2 +   + HO •  



(18)







Therefore, compared to the classical Fenton process, the photo-Fenton process requires a lower addition of Fe2+ to generate the same amount of HO• [118]. Heterogeneous Fenton-based processes use solid catalysts containing iron and/or other transition metals [115].



Considering MP degradation by the Fenton process, the first step is hydrogen atom abstraction and formation of polymer radical (R•) according to Equation (19).


  RH + HO • ⇄ R • +  H 2  O  



(19)







Thereafter, mineralization can occur through a series of chain reactions [119].



Regarding applications of Fenton-based processes at MP, Ortiz et al. [120] studied the Fenton oxidation of five MP polymers: PET, PP, PVC, PE, and expanded PS; the size range was 150–250 μm. Experiments were conducted for 7.5 h under the following working conditions: T = 80 °C, pH = 3, c(H2O2) = 1000 mg/L, and c(Fe3+) = 10 mg/L. Fenton oxidation resulted in a decrease in the size of MP and an increase in the hydrophilicity of the particles. The values of weight loss were close to 10% regardless of the type of MP, indicating high stability of these solids against the attack of HO•. SEM showed the presence of wrinkles and holes on the MP surface, confirming surface degradation. These changes were more pronounced in PET and the expanded PS, probably due to their molecular structure. Namely, the presence of an aromatic ring in the structure of MP may increase the oxidation yield since it is known that HO• preferentially attacks aromatic rings and double bonds compared to single bonds of the alkane chain [121]. Wang et al. [122] tested the Fenton process as a pretreatment to the foam flotation in order to extract PVC microparticles from MP mixtures (particle size of 2.0–4.0 mm) consisting of equal mass ratios of PVC, PS and polycarbonate. Fenton treatment lasted 2 min and was performed under the following conditions: H2O2:Fe2+ molar ratio of 7500, H2O2 concentration of 0.2 M, temperature of 25 °C and pH 5.8. Fenton treatment significantly increased the surface roughness of PS. The treatment also increased the surface wettability and, accordingly, decreased the floatability of the microparticles of PS, which was related to the appearance of hydrophilic oxygen-containing groups on the surface of PS. At the same time, the treatment had no effect on the PVC microparticles. Piazza et al. [123] studied the heterogeneous photo-Fenton degradation of PVC (73 μm) and PP (155 μm) microparticles. The samples were irradiated with visible light. The catalyst used was ZnO nanorods coated with a tin oxide layer onto which Fe0 nanoparticles were deposited. These nanoparticles were a source of Fe2+ trough reactions described by Equations (20) and (21).


    Fe  0  +  H 2   O 2  + 2  H +  ⇄   Fe   2 +   + 2  H 2  O  



(20)






    Fe  0  + 2   Fe   3 +   ⇄ 3   Fe   2 +    



(21)







During the 7-day treatment, the particle size of PVC and PP decreased to 28 μm and 53 μm, respectively. The percentage of particle volume was also significantly reduced: 94% and 96% for PVC and PP, respectively. The treatment led to the formation of carbonyl and hydroxyl groups on the surface of PP. Interestingly, in contrast to the Fenton treatment performed by Wang et al. [122], the heterogeneous photo-Fenton treatment applied by Piazza et al. [123] resulted in changes in the PVC, including the formation of carbonyl groups, the prevalence of aldehyde or carboxylic acid groups, and finally the scission of the polymer chains. In addition, Piazza et al. [123] conducted a series of bioassays with aquatic organisms and found no toxicity in the suspensions collected after the photo-Fenton treatment, indicating that no toxic by-products are generated during the photo-Fenton degradation of PVC and PP. Liu et al. [124] applied the Fenton treatment to PS and HDPE microgranules with an average particle size of 50.4 and 45.5 μm, respectively. During the 30-day treatment, the formation of cracks and depressions on the surface of the MP particles was observed; the longer the treatment lasted, the more pronounced these changes became. In addition, the treatment resulted in a significant reduction in the size of the microgranules, which was more pronounced in HDPE. Analysis of the X-ray photoelectron spectra showed that C−O and H−O bonds were initially formed at the surface of the two polymers studied, which were then converted to C=O and partially to O−C=O bonds. Miao et al. [125] subjected a suspension of 100 mg/L PVC particles of size 100–200 μm to electro-Fenton-like treatment with a TiO2/graphite cathode for 6 h. The treatment was performed under potentiostatic electrolysis at −0.7 V against Ag/AgCl, continuously generating HO•. After the treatment, significant morphological changes were observed on the surface of the PVC particles using SEM analysis: a relatively smooth surface morphology at the beginning of the treatment was completely destroyed, followed by the appearance of holes and depressions. Further analysis confirmed the formation of carboxyl and hydroxyl groups on the polymer surface, the reduction of the molecular weight from 46.26 to 28.47 kDa, and a high degree of dechlorination, which was particularly pronounced at higher temperatures. All these indicate oxidation and scission of the polymer chains.





4. Sulfate-Radical Based AOPs


The sulfate radical, SO4•−, is the major reactive sulfur species in AOPs [126] and is usually obtained by physical activation (heat, ultrasound, photo-irradiation) of persulfate (S2O82−) or peroxymonosulfate (HSO5−) ions according to Equations (22) and (23), respectively [127,128].


   S 2   O 8  2 −    ⇄     PHYSICAL       ACTIVATION         2 SO   4 −  •  



(22)






    HSO  5 −   ⇄     PHYSICAL       ACTIVATION        SO  4 −  • + HO •  



(23)







Another option for activation is chemical activation by the addition of a transition metal [93] (such as Fe2+ (Equations (24) and (25)), which forms a Fenton-like system [117].


   S 2   O 8  2 −   +   Fe   2 +   ⇄   SO  4 −  • +   SO  4  2 −   +   Fe   3 +    



(24)






    HSO  5 −  +   Fe   2 +   ⇄   SO  4 −  • +   OH  −  +   Fe   3 +    



(25)







The oxides of transition metals are also commonly used as HSO5− activators, especially cobalt oxides such as Co3O4, which is a preferred HSO5− activator. Doping Co3O4 with another transition metal could further enhance the activity. For example, Cai et al. [129] tested the potential of NiCo2O4 nanosheets in activating HSO5− and reported that the synergistic activity of Ni and Co significantly enhanced the activation.



SO4•− has a relatively high standard reduction potential (E0(SO4•−/SO42−) = 2.437 V; Table 1), making it a promising candidate for combating recalcitrant organic pollutants such as MP. Interestingly, the physical activation of peroxymonosulfate (Equation (23)) leads not only to the formation of SO4•− but also to the formation of HO•, resulting in a dual effect on MP. In addition, the SO4•− can react with hydroxide ions (Equation (26)) to form HO• as well, but the rate of this reaction is quite low [126].


    SO  4 −  • +   OH  −  ⇄ HO • +   SO  4  2 −    



(26)







Treatments based on SO4•− have some advantages over treatments based on the formation of HO•. First and foremost, SO4•− has a much longer lifetime than HO• and, therefore, a better possibility to react with MP. In addition, its potential, i.e., its oxidizing ability, is much less affected by variations in pH than the potential of the HO•. Considering that MP is mostly found in heavy matrices in the environment, it is not unimportant that SO4•− is generally more selective for organic pollutants than HO•. More specifically, SO4•− tend to strip electrons from organic molecules and convert them to organic radical cations, while HO• prefers hydrogen abstraction or addition to multiple bonds [93,126].



Photooxidation based on SO4•− is a promising approach for the degradation of MP, the potential of which is evident in the research published to date. Liu et al. [124] treated PS and HDPE microgranules using the heat-activated persulfate process and the Fenton process. They reported that cracks and depressions gradually formed on the surfaces of MP during the treatment. Within the first 10 days, comma-like shapes appeared, while within the first 30 days, multiple cracks appeared along with a ragged texture and a significant reduction in particle size. This occurred much faster compared to 20.9–40.3 years for PS and 25.2 years for HDPE, which were reported by the same authors as the expected times required to achieve equivalent roughness of PS and HDPE surfaces in nature. In addition, persulfate AOPs showed greater effects on the surface of MP than the Fenton process. Finally, Liu reported that both treatments significantly decreased the contact angles of PS and HDPE MP, i.e., decreased the hydrophobicity of the surface of the polymers. This is probably due to the formation of oxygen-containing groups on the surface of MP, such as carbonyl, carboxyl, or hydroxyl groups [85]. Zhang et al. [130] applied heat-activated persulfate treatment (30 min at 70 °C) to PS and PVC sheets (3 mm × 3 mm × 1 mm) to modify the polymer surface, and thus, change the floatability of the sheets. Similar to Liu’s study [124], the treatment significantly decreased the contact angle of PS: by 12.20° and increased the surface roughness. However, in the case of PVC, the reduction in contact angle was practically negligible: only 0.13°, indicating that no hydrophilic groups were introduced on the PVC surface, which was confirmed by FTIR analysis. Obviously, treatment with SO4•− has a very limited effect on PVC.




5. UV/Chlorine Advanced Oxidation


The UV/chlorine process is considered an attractive alternative to the UV/H2O2 process in the remediation of polluted waters. The main advantage of UV/chlorine treatment is the lower cost of the oxidant used (chlorine gas, calcium hypochlorite or sodium hypochlorite) compared to hydrogen peroxide [131,132].



If chlorine gas is used in the treatment, chlorine in the water reacts to form two acids (Equation (27) [133]: strong hydrochloric acid and weak hypochlorous acid (pKa value of 7.537 at 25 °C [134]).


    Cl  2  +  H 2  O →  H +  +   Cl  −  + HOCl  



(27)







When hypochlorite salt is used, the salt dissociates in water to form the corresponding cation (usually Na+ or Ca2+) and the hypochlorite anion OCl–, which is subsequently hydrolyzed according to Equation (28).


    OCl  −  +  H 2  O ⇄ HOCl +   OH  −   



(28)







Both forms of hypochlorous acid, the nonionized and ionized forms, are susceptible to UV photolysis and form HO• (Equations (29), (30) and (34)) [133], but also some reactive chlorine species such as Cl•, OCl• and Cl2•– (Equations (29)–(33)) [135,136].


  HOCl + h ν ⇄ HO • + Cl •  



(29)






    OCl  −  + h ν ⇄  O −  • + Cl •  



(30)






  HO • +   OCl  −  ⇄   OH  −  + OCl •  



(31)






  Cl • +   OCl  −  ⇄   Cl  −  + OCl •  



(32)






    Cl  −  + Cl • ⇄   Cl  2 −  •  



(33)







Some other reactive chlorine species, such as HOCl•–, may also occur but are unstable and decompose rapidly. Decomposition by O•– is generally considered negligible because a water molecule quickly captures this radical, and HO• is formed (Equation (34)) [135].


   O −  • +  H 2  O ⇄ HO • +   OH  −   



(34)







Both HO• and reactive chlorine species have higher reactivity to aromatic pollutants than to aliphatic pollutants [136]. Moreover, the rate constants of Cl• towards most aromatics are known to be higher or similar to those of HO•, which is interesting for the degradation of PS or PET since these polymers contain benzene rings in their structure (Figure 2). The OCl• and Cl2•– are generally less reactive. The main reaction mechanisms of Cl• with most aromatic pollutants are electron transfer and addition, while reactions with OCl• and Cl2•– mainly involve electron transfer. With aliphatic pollutants, the reaction is mainly by hydrogen abstraction. Considering the high reactivity of chlorine species formed during UV/chlorine treatment, it is likely that halogenated by-products will be formed in waters rich in MP and other organics, posing an additional hazard to the environment. Therefore, monochoramine (NH2Cl) or chlorine dioxide (ClO2) is sometimes used instead of hypochlorites. Although photolysis of chloramines [131] or chlorine dioxide [137] also results in the formation of reactive chlorine species (Equations (35)–(38)), the production of thihalomethanes, haloacetic acids and total organic halogens is lower in these treatments compared to UV/chlorine treatment [138,139].


    NH  2  Cl + h ν ⇄   NH  2  • + Cl •  



(35)






    NHCl  2  + h ν ⇄ NHCl • + Cl •  



(36)






  •   ClO  2  + h ν ⇄  O 2  + Cl •  



(37)






  •   ClO  2  + h ν ⇄ O • + OCl •  



(38)







It should be noted that ClO2 is very reactive and is considered a radical due to an odd number of valence electrons [140]. Therefore, we wrote it as •ClO2 in Equations (37) and (38) and in Table 1. ClO2 must always be generated on-site, as excess gaseous ClO2 can decompose explosively [141]. Chloramines can be formed spontaneously during UV/chlorine treatment [142] if ammonia is present in the system (Equation (39)), which is very often the case with wastewater.


    NH  3  + n HOCl ⇄   NH   3 − n     Cl  n  + n  H 2   O ;    n ≤ 3  



(39)







Such a scenario might be desirable for MP-polluted water because Khajouei et al. [143] consider UV photolysis of a mixture of chlorine and monochloramine to be a better treatment than UV/H2O2 treatment in terms of radical production: the chlorine/monochloramine mixture has higher combined molar absorption coefficients and quantum yields at 254 nm. However, the radicals present can convert ammonia to reactive nitrogen species (•NO and •NO2) [144] and highly toxic products such as nitrophenols, nitrosophenols and N-nitrosodimethylamine can be formed [136].



Regarding UV/chlorine, UV/monochloramine, or UV/ClO2 treatment of selected MP, we found only one corresponding study in the literature. This was a study by Jia et al. [145] who modified the surface of PP film with UV-activated ClO2 to increase aluminum adhesion to the film. The activation wavelength was 365 nm, and no information on film thickness was provided. The results showed that UV irradiation of the polymer surface at 365 nm did not cause photolysis of the surface but was only involved in the formation of radicals. The UV/ClO2 treatment also did not cause significant changes in the degree of crystallinity of the PP film. However, the contact angle decreased from 107° to 86° after only 10 min of treatment at 25 °C, indicating an increase in surface hydrophilicity. In addition, a significant increase in oxygen content, the formation of carboxyl groups, and the incorporation of a small amount of chlorine into the surface of PP were observed after treatment. In addition, Jia et al. varied the temperature of the reaction system and reported that higher temperature resulted in deeper oxidation of the film but had no significant effect on the total number of oxygen-containing groups or the contact angle. Other available studies used chlorination without UV induction of radical formation. Kelkar et al. [146] attempted to modify PP, HDPE and PS microfragments of approximately 2 × 2 × 0.05 mm in size by the oxidation with sodium hypochlorite at room temperature. The applied values of chlorine concentration–time (CT) ranged from 0.075 to 36,000 g min/L. The results of Raman spectrometric analysis showed that the chemical structures of HDPE and PP were not changed by dosages corresponding to drinking water treatment and wastewater treatment (0.075 and 0.150 g min/L, respectively). PP remained unchanged at the highest values of CT, but at 36,000 g min/L, the formation of chlorine-carbon bonds in HDPE was observed. Such formation is undesirable since organochlorine compounds are known to have increased toxicity. Raman analysis showed degradation of PS MP even at the lowest CT value (0.075 g min/L). However, no chlorine-carbon bond formation data were presented for PS at any value of CT. Although the treatment performed by Kelkar et al. was exclusively oxidation and not AOP, the degradation changes observed on HDPE and PS MP suggest that the application of a more aggressive treatment with induced radical formation may result in at least an equivalent degradation effect on the surface of MP.



PVC and HDPE account for more than 90% of thermoplastic polymers used for water pipes and fittings [147]. Since chlorination is currently the most common method of disinfecting drinking water worldwide [148], we have found numerous studies that look at the effects of chlorinated water on HDPE pipes [149,150,151,152,153]. Most of these studies discuss at some point the influence of radicals that occur in chlorinated water, probably considering the degradation of hypochlorite (Equations (40)–(42)), which is especially pronounced at temperatures above 40 °C [149].


    OCl  −  + HOCl ⇄ OCl • +   Cl  −  + HO •  



(40)






    OCl  −  + HO • ⇄ OCl • +   OH  −   



(41)






  OCl • +   OCl  −  +   OH  −  ⇄ 2   Cl  −  +  O 2   + HO  •  



(42)







It should be noted that water pipes are made of commercial plastics that contain various additives that improve the properties of the material, such as photostability or oxidative resistance [154]. Therefore, the degradation results of samples made from commercial plastic samples can be affected by reactions with additives. Whelton and Dietrich [150] compared the effect of chlorinated water on sheets of pipe-used HDPE with 2% carbon black as an additive with the effect on sheets of prepressed HDPE resin without carbon black added. The thicknesses of the pipe-used and resin-prepressed HDPE sheets were 2.63 and 1.65 mm, respectively. The sheets were exposed to 5000 ppm chlorine at 70 °C for 28 days. The pH of the solutions was adjusted daily to 6.5, and the chlorinated water was replaced with the freshly prepared solution every 7 days. After 9 days of exposure, the surface color of both samples changed, indicating that some sort of reaction had occurred. The chlorine content of the water in each 7-day period steadily decreased from 5000 ppm to about 245 ppm for the pipe-used HDPE and 260 ppm for the resin-prepressed HDPE. These values were well below the measured chloride concentration in the blank sample, which was about 680 ppm, indicating the occurrence of reactions between chlorine and HDPE. The increased adsorption of water was observed on both treated samples after the 28th day of exposure. Whelton and Dietrich hypothesized that chlorine attacks the amorphous component of HDPE and causes some porosity, although this could also be due to the formation of hydrophilic groups on the HDPE surface. In addition, they conducted another experiment in which sheets of the pipe-used HDPE were exposed to a water solution containing significantly lower concentrations of chlorine (up to 250 ppm) at temperatures of 25, 37, and 70 °C. After 140 days of exposure, they found carbonyl groups on the polymer surface, confirming surface oxidation. Mitroka et al. [153] conducted a similar experiment in which they exposed sheets of resin-pressed HDPE (without antioxidants) and the pipe-used HDPE to chlorinated water (up to 250 and 500 ppm Cl2, respectively) for 160 days at 37 °C; the thickness of the sheets was 0.58 mm and 2.6 mm, respectively. Every 3 days, the chlorinated was replaced with a fresh solution, and the replaced solution was analyzed. Considering the substantial chlorine consumption reported by Whelton and Dietrich [150] over a 7-day period at 70 °C, the 3-day period chosen for treatment at a temperature of only 37 °C was probably too short to observe changes in the composition of the water used, since no statistically significant difference in reduced chlorite concentration was observed between the HDPE samples and the blank sample. However, contact with chlorinated water resulted in the formation of carbonyl groups on the surfaces of both HDPE samples, indicating oxidation. Mitroka et al. [153] proposed a pathway for the degradation of HDPE. They assumed that degradation is initiated by radical species present in chlorinated water, such as HO• or Cl•. Due to the high reactivity of these radicals, they do not diffuse into the interior of polymer material but react on its surface to form carbonyl groups. This step is followed by the auto-oxidation of HDPE, in which the formation of hydroperoxides and subsequent decomposition into carbonyls leads to the formation of further reactive species. The same conclusion was reached by Devilliers et al. [149], who analyzed the changes in unstabilized, stabilized (with carbon black as a stabilizer), and commercial pipe-used HDPE: all in the form of a film. The film thickness was 0.1 mm for unstabilized HDPE, 0.1 and 3.8 mm for stabilized HDPE, and 4.0 mm for pipe-used HDPE. Samples were exposed to 70, 40 and 4000 mg/L chlorine for 40, 15 and 5 weeks, respectively, at room temperature. In addition, Devilliers et al. made the interesting observation that the addition of carbon black had no effect on the rate of degradation under the conditions used. PVC has the best properties when used for cold water systems and has therefore been gradually replaced by chlorinated PVC (CPVC), which is suitable for both hot and cold water systems [155] and has inherent resistance to degradation by chlorinated water [156]. Therefore, we found only one report on the effects of chlorinated water on PVC, which, in addition, used samples that were above the size range of MP. Kowalska et al. [157] studied the effects of chlorinated water on the mechanical properties of PE and PVC pipes but also analyzed surface changes. They used commercially available pipes and cut them into test samples of 4 mm × 10 mm × 150 mm. The samples were exposed to water solutions containing 500 ppm chlorine at temperatures of 23 ± 2 and 70 °C for 28 days. The solutions were replaced with freshly prepared solutions every 7 days. After 28 days of exposure, the IR spectra of the outer and inner layers of the PE samples were recorded and compared, and only a slight discrepancy was found between the spectra. However, the formation of C=O bonds in the outer layer was confirmed. Similar to Whelton and Dietrich [150], Kowalska et al. [157] also observed the water penetration into the interior of the oxidized PE samples, which was more pronounced in the samples treated at 70 °C. Much stronger changes were observed in the PVC samples. The degradation occurred mainly in the outer layer, and the changes in the PVC chain were to a considerable extent conformational. Analysis of IR spectra showed the formation of C=O, C=C, and additional C–Cl bonds, confirming the oxidation and chain degradation of PVC. No additional adsorption of water on PVC was detected, suggesting that no hydrophilic groups were introduced on the PVC surface.



We did not find any recent studies on the chlorine-based degradation of PUR. However, in 1997, Kathua and Hsieh [158] exposed 20 cm long filaments of polyether-based PUR to a NaOCl solution for 10 to 540 min. The authors characterized the surface changes induced by treatment with 500 ppm active chlorine solution (unfortunately, the exact exposure time was not reported). The treatment resulted in the formation of quinoid (associated with the abstraction of hydrogen atoms from N and C atoms), azo (associated with the scission of the N–C bonds of urethane) and aldehyde groups (associated with the scission of the C–O–C bonds of ether) and the breaking of the hydrogen bonds of the urethane groups. However, the hydrogen bonds between the urea carbonyls remained unaffected. As in the work of Mitroka et al. [153], it was assumed that the polymer degradation was initiated by the radicals present in the hypochlorite solution, most likely OCl• and HO•.




6. Glow Discharge Plasma Treatment


One of the common treatments for surface modification of thermoplastic polymers is plasma treatment. The plasmas used for this purpose are glow discharge plasma, also known as non-equilibrium plasmas, non-thermal plasmas or low-temperature plasmas. Such plasmas are capable of producing particles with very high electron concentrations at temperatures up to 10,000 K, while heavier species, such as ions and neutral molecules, are maintained at much lower temperatures (300–1000 K) [159,160]. The electrons react with the molecules present, leading to the formation of highly reactive species, such as excited atoms as described for Ar plasma (Equation (43)) [161], or radicals, as described for N2, O2 or CO2 molecules (Equations (44)–(46)) [162,163]. Accordingly, some authors consider the glow discharge plasma treatment as AOP [164,165].


  Ar +  e  fast  −  →   Ar  ∗  +  e  slow  −   



(43)






   N 2  +  e  fast  −  →  N 2 ∗  +  e  slow  −   



(44)






   O 2  +  e  fast  −  → 2 O • +  e  slow  −   



(45)






    CO  2  +  e  fast  −  → CO + O • +  e  slow  −   



(46)







A direct current glow discharge or a high-frequency alternating current, usually radio frequency at 13.56 MHz or microwave frequency at 2.45 GHz, can be used to generate plasma [166].



Surface reactions of thermoplastic polymers by microwave-induced plasma are strongly influenced by the surface morphology of the polymer. Schmitt et al. [167] successfully applied microwave-induced oxygen plasma to modify the surface of PVC films (20 mm × 20 mm × 0.5 mm). The treatment lasted only 10 s and resulted in the scission of C–Cl bonds. This is consistent with several other reports indicating that chlorine bonds are thermally labile (“weak links”) and are the site where the thermal degradation of PVC begins [168,169]. PVC degradation can occur via the ionic pathway or by radicals (at higher temperatures). There are two main degradation phases: dehydrochlorination, followed by the formation of polyene sequences, and decomposition of the polyene chains, which generally occurs at higher temperatures (up to 500 °C). Since the treatment carried out by Schmitt et al. [167] was in the presence of oxygen, surface oxidation and the formation of carboxyl groups occurred. However, this oxidation of the polymer can also lead to the formation of radicals that can potentially initiate radical-driven dehydrochlorination [168,170]. Lai et al. [171] reported the successful application of microwave-induced argon plasma to improve the hydrophilicity of PP and PET surfaces. The treatment resulted in a decrease in the contact angle of both polymers tested, which was direct evidence of increased hydrophilicity; the increase was much more pronounced for PP. The cause of the increased hydrophilicity was the formation of various oxygen-containing groups on the surfaces of the polymers, which was confirmed by X-ray photoelectron spectroscopy. The results suggested that the formation of C=O bonds was a key factor for the enhancement of surface hydrophilicity. In addition, plasma treatment resulted in a smoother surface of PET, which was considered beneficial for the surface hydrophilicity of PET, but no theoretical explanation was provided. In addition, no information was provided on the effects of plasma treatment on the surface roughness of PP. Treatment of PS sheets (5 mm × 5 mm × 0.125 mm) with oxygen glow discharge plasma [172] resulted in an increase in the concentration of oxygen atoms on the polymer surface due to the formation of various functional groups ranging from hydroxyl to carbonyl groups. At very high oxygen doses, the treatment led to the degradation of surface benzene rings, which hopefully could reduce the toxicity of the polymer surface and thus support the initial biodegradation on the polymer surface. Dejun et al. [173] increased the surface wettability of medical PUR by glow discharge plasmas of N2 and Ar. The samples were PUR sheets with an area of 1 cm × 1 cm and a thickness of 0.5–0.6 mm. The contact angle of untreated PUR of 78.8° decreased during exposure to N2 plasma and reached a limit value of 61.9° after 10 min of treatment. The limit value for Ar plasma of 65.5°, reached after 2 min of treatment, shows the influence of the plasma medium and treatment duration on the reduction of the contact angle of PUR. The main reason for the improved wettability was the decomposition of COO bonds on the surface of PUR. Interestingly, no formation of new functional groups was observed.



Although glow discharge plasma treatment is an environmentally friendly process, its use as a pretreatment for the biological treatment of MP is associated with numerous disadvantages. Plasma treatment of MP, as performed in the studies previously discussed [85,163,167,171,172,173], exposes MP particles directly to plasma, which means that it is a dry process. Since the problem addressed in this review is the removal of MP from an aqueous medium, such an application of plasma treatment necessarily requires extensive sample preparation. There are studies on the application of plasma to wastewater samples [165,174] aimed at the degradation of organic pollutants. However, as far as we know, none of them deals with the degradation of MP, probably due to the insufficient selectivity of the approach. The basis of this approach is to bring reactive species from the plasma into contact with polluted water to generate large amounts of radical species, primarily HO• (Equations (47)–(49)) [162].


    Ar  ∗  +  H 2  O → Ar + HO • + H •  



(47)






   N 2 ∗  +  H 2  O →  N 2  + HO • + H •  



(48)






  O • +  H 2  O → 2 HO •  



(49)







These radicals are then involved in the degradation of organic pollutants via the mechanisms already discussed in the chapter on AOPs. An important disadvantage of glow discharge plasma treatment is the cost of the treatment: the equipment for the treatment is expensive [122] and the process itself consumes energy. Therefore, the justification of glow discharge plasma treatment as a pretreatment for biodegradation of MP is highly questionable.




7. Studies on the Influence of AOP on the Biodegradation of MP


Despite the obvious potential of the AOP process as a beneficial pretreatment for biodegradation, the number of studies that have tested the efficiency of such a combination at MP is currently rather small. In addition, some authors investigated the biotreatment of MP particles pretreated with an AOP but without comparison with non-pretreated particles [46,47,86]. Some of the studies discussed in this chapter used UV pretreatment, which is generally not considered AOP, but in these studies, it was used in the presence of atmospheric oxygen.



Arkatkar et al. [175] pretreated 15 × 15 × 0.05 mm films of commercially available PP with UV irradiation (6-day exposure at 225 nm) and with the Fenton method (7-day treatment at pH 5.5). After pretreatment, the films were exposed to Pseudomonas azotoformans, Pseudomonas stutzeri, Bacillus subtilis and Bacillus flexus for 12 months. Statistical analysis of the bacterial growth data revealed different behavior of the four bacteria depending on the pretreatment method. Exposure to the bacterial cultures used resulted in weight losses in the range of 0.05–0.2%, 0.1–0.3%, and 0.5–2.5% for non-pretreated, Fenton-pretreated, and UV-pretreated PP films, respectively. Keto carbonyl indices showed faster degradation of UV-pretreated PP for all four bacteria used. All this suggests that the treatment strategy, i.e., selection of appropriate AOP pretreatment, plays an important role in efficiently supporting biodegradation of MP. Jeyakumar et al. [176] tested the effect of UV pretreatment (10-day exposure; λ > 300 nm) of commercial PP films (80 mm × 25 mm × 0.05 mm) on biodegradation by the fungi Phanerochaete chrysosporium and Engyodontium album (separately). After 12 months of exposure to selected fungal strains, it was reported that UV pretreatment acted in synergy with biotic treatment for both strains, resulting in higher weight loss of the pretreated PP films. Accordingly, the pretreated films had higher biomass content than the non-pretreated films.



Tribedi and Dey [177] studied the biodegradability of LDPE films (30 mm × 20 mm × 0.02 mm) placed in soil. The films were previously pretreated with a 15-W UV lamp for 100 h. After 28 days of exposure to soil microorganisms, the pretreated films were more degraded than the non-pretreated films. Interesting results were presented by Hadiyanto et al. [178]. They oxidized the surface of HDPE films (area 2 mm2, 1–2 μm thick) by immersing them in a 15 M H2O2 solution for 72 h. The HDPE tested was a commercially available plastic with various additives. Although pure H2O2 oxidation is not an AOP, this oxidation was performed in a glass reactor, which means that the reaction mixture was exposed to light to some extent. After pretreatment, the films were exposed to the microalgae Dunaliella salina for 15 days. Although the results showed that Dunaliella salina could significantly degrade pretreated HDPE, Hadiyanto et al. reported that the substances (carbon and additives) released during oxidation had a negative effect on the growth rate of Dunaliella salina. Gilan et al. [84] studied the biodegradation of pretreated PE sheets (3 × 3 cm) by bacteria Rhodococcus ruber strain C208, and found that the formation of the carbonyl residues on the surface of photooxidized PE played an important role in initiating biodegradation. Pretreatment included a combination of exposure to multiple UV irradiation and water condensation cycles.



Gómez-Méndez et al. [85] pretreated LDPE films (30 mm × 10 mm × 0.016 mm) with oxygen glow discharge plasma to investigate the effect of pretreatment on the efficiency of biodegradation of LDPE by the fungus Pleurotus ostreatus. The treatment lasted 6 min and was performed at 0.030 mbar and 600 V. The treatment resulted in a significant increase in surface roughness and a decrease in contact angle by more than 75% (from 87° to 21°), indicating reduced hydrophobicity of the LDPE surface. Monitoring of the biodegradation experiment confirmed that the plasma treatment favored the adsorption, adherence, and growth of Pleurotus ostreatus, with the percentage of colonization increasing from 45.55% to 88.72%. An interesting study was reported by Scally et al. [163], who treated LDPE sheets with atmospheric glow discharge plasma and found that the addition of small amounts of CO2 to the air used to generate the plasma promoted the formation of reactive species and enhanced the degradation of carbon bonds, which ultimately had a positive effect on the subsequent biodegradation treatment (tested on Pseudomonas aeruginosa).



Finally, we would like to draw attention to a study by Sullivan et al. [179] that presented a strategy for selectively converting plastic waste into useful chemical products. The study focused on the treatment of mixed plastic waste; however, the approach is likely applicable to MP. Sullivan et al. treated mixed plastic waste with a hybrid process that included metal-catalyzed autoxidation of plastic polymers as the first treatment. Autoxidation produces organic radicals in the initiation phase, which react with O2 in the propagation phase to produce oxygenated products. The resulting mixture of small oxygenated molecules was subjected to biological treatment by an engineered bacterial strain of Pseudomonas putida. We assume that a more aggressive pretreatment for biodegradation of MP, e.g., the use of a strong oxidant (H2O2, S2O82−, or O3) in combination with a catalyst (transition metal), should lead to an even more efficient hybrid treatment process. Of course, such an assumption has to be tested experimentally.




8. Conclusions


MP is an emerging pollutant with high adverse potential, and its concentration in the environment is steadily increasing. At the same time, conventional WWTPs are unable to completely remove MP from water. Therefore, an efficient removal method(s) is needed that is both environmentally and economically acceptable. Biodegradation is the most environmentally and economically acceptable remediation approach, but it is lengthy and relatively ineffective in terms of MP removal. One of the main reasons for this is the inadequate properties of the surface of MP, which hinder the microbial adsorption and colonization of the surface. Therefore, appropriate modification of the surface of MP should improve the efficiency of biodegradation, and advanced oxidation is one of the most important candidates for such treatment. In this paper, the application of various AOPs as pretreatment for the biodegradation of MP was discussed.



Compared to biodegradation, AOPs also pose no threat to the environment when reagents are optimally dosed, with the exception of chlorine-based AOPs, which can produce toxic organic halogens as byproducts or where the presence of ammonia in treated water can lead to the formation of toxic nitro-compounds. Advanced oxidation is much more effective than biodegradation of MP, and the main disadvantage of AOPs drawback is basically only the economy due to energy consumption energy, relatively expensive reagents or expensive equipment as in plasma treatment. Therefore, their use to modify the polymer surface instead of degrading the whole polymer mass is very acceptable. AOP treatments usually lead to the breaking of polymer chains, which increases the roughness of the surface of MP. In addition, advanced oxidation increases the number of oxygen-containing groups on the surface of MP, leading to an increase in electrostatic interactions and a decrease in surface hydrophobicity. All these effects favor the process of MP bioassimilation, which creates conditions for more efficient biodegradation.



In this work, we did not compare the effectiveness of different AOP treatments of MP, but provided insight into the resulting surface changes that could contribute to better biodegradation of MP. This is because there is currently no standard procedure for testing the degradability of MP. Therefore, the only way to compare the performance of different AOP treatments is to perform our own tests under strictly predefined process conditions for all MP polymers of interest. However, since this is a review paper, we base our discussion on studies available in the literature. Unfortunately, we were unable to find comparable studies conducted under the same process conditions. We also did not find enough studies providing comparable information on intermediates formed during the AOP treatment of six selected MP polymers (except for the radical species formed). The analysis of intermediates is sometimes found in studies dealing with the treatment of plastics to which potentially harmful additives have been added, so that the reported intermediates result mainly from the degradation of the additives. In this work, however, we have tried to focus on the effects that the AOP treatments have on the polymer rather than on the additives.



The AOP treatments described have their own peculiarities, which makes it extremely difficult to draw a comprehensive diagram of their oxidation mechanisms. Therefore, we have focused on the main reactive forms that occur during the treatments to provide a simplified scheme of the AOP treatment mechanism, shown in Figure 4.



To date, few studies have directly investigated the contribution of AOP pretreatment to the biodegradation of MP, and these have mainly examined the contribution of plasma treatment and UV irradiation in the presence of atmospheric air. However, given the current global efforts to develop green and sustainable technologies, it is expected that research in this area will be intensified in the coming years. An additional step to improve the process of removing MP could be the use of genetically enhanced cultures of microorganisms in the biological part of the treatment, but it is likely that such a thing will wait until the potential safety risks of using genetically modified microorganisms in real systems are clarified.
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Figure 1. Factors affecting biodegradability of microplastics. 
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Figure 2. Chemical structures of polyethylene (A), polypropylene (B), polyvinyl chloride (C), polystyrene (D), polyethylene terephthalate (E) and polyurethane (F). 
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Figure 3. The main types of advanced oxidation processes. 






Figure 3. The main types of advanced oxidation processes.



[image: Separations 10 00132 g003]







[image: Separations 10 00132 g004 550] 





Figure 4. A generalized scheme of the AOP degradation of MP polymer (R). 
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Table 1. Standard redox potentials (E0) of the most common radical species encountered in AOP treatments [98].
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	Reaction
	E0/V





	     HOCl  −  • +  H +  +  e −  ⇄   Cl  −  +  H 2  O   
	2.740



	   HO • +  H +  +  e −  ⇄  H 2  O   
	2.730



	     SO  4 −  • +  e −  ⇄   SO  4  2 −     
	2.437



	   Cl • +  e −  ⇄   Cl  −    
	2.432



	     Cl  2 −  • +  e −  ⇄ 2   Cl  −    
	2.126



	     HOCl  −  • +  e −  ⇄   Cl  −  +   OH  −    
	1.912



	   HO • +  e −  ⇄   OH  −    
	1.902



	   O • +  e −  ⇄  O −  •   
	1.6



	     HO  2  • +  H +  +  e −  ⇄  H 2   O 2    
	1.46



	   OCl • +  e −  ⇄   OCl  −    
	1.39



	   •   NO  2  +  e −  ⇄   NO  2 −    
	1.04



	   •   ClO  2  +  e −  ⇄   ClO  2 −    
	0.935



	   • NO +  H +  +  e −  ⇄ HNO   
	–0.15



	    H +  +  e −  ⇄ H •   
	–2.31
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