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Abstract: The soil at ancient roasting sites in the surroundings of the Idrija mine (Slovenia) is highly
contaminated with mercury. To assess the impact of mercury on groundwater by infiltration and find
an eco-friendly remediation method, the leaching of mercury from the soil containing 1347 mg Hg/kg,
followed by sorption of the total leached mercury on cost-effective natural zeolite (NZ) clinoptilolite,
was performed. The leaching of soil in ultrapure water of pHo = 3.00–11.46 after 24 h resulted in
the total leached mercury concentration in the range 0.33–17.43 µg/L. Much higher concentrations
(136.9–488.0 µg/L) were determined after the first few hours of leaching and were high above the
maximum permissible level in water for human consumption. The NZ showed very good sorption of
the total leached mercury, with a maximum removal efficiency of 94.2%. The leaching of mercury
in presence of the NZ resulted in a significant decrease of the total leached mercury (1.9–20.3 µg/L
compared to 12.8–42.2 µg/L), with removal efficiencies up to 90.5%, indicating immobilization of
mercury species. The NZ has a great potential for economically viable remediation of mercury-
contaminated environment. However, efforts should be made in the further study of mercury
leachability to reduce the mercury concentration in water to acceptable levels.

Keywords: Idrija mine; mercury-contaminated soil and water; leaching; natural zeolite clinoptilo-
lite; remediation

1. Introduction

Mercury (Hg) and its compounds are identified as priority hazardous substances in
the field of water policy and are listed among the 10 chemicals of major public health
concern [1,2]. It is well-known that mining and ore processing areas are known to be major
sources of mercury pollution, especially mercury-enriched ore deposits that have been
exploited for centuries by inadequate techniques [3]. The other anthropogenic sources
of mercury are small-scale gold mining, coal combustion, metal smelting and cement
production [4,5]. Despite the awareness of the negative mercury impact on both human
health and global environment, some of the mercury compounds are still used in the
production of vinyl chloride, chlorine-based chemicals, in dentistry and in skin lightening
products, but also in traditional medicines and some ritualistic and religious practices [6,7].

Once emitted in the atmosphere, mercury can be transmitted long distances, becoming
a global concern and must be considered at international levels. For example, 40–80% of
the annual amount of mercury deposited in Europe originates from mercury emissions
from outside its boundaries [2]. Even if all anthropogenic emissions cease immediately, the
significant amount of mercury in the environment will lag behind for centuries [4]. Mercury
toxicity is very dependent on its speciation and transformation, and the process of mercury
methylation is perhaps the most significant process in the global circulation of mercury in
the environment [4,8]. Among all mercury compounds, organic mercury is considered to be
the most dangerous due to rapid and extensive absorption by the human body through the
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food chain. For preventing or reducing the exposure to these pollutants, the remediation of
mercury-polluted environments is of primary interest [5,9]. In a selection of remediation
technology, the main approaches include immobilization of the contaminant or its removal
from polluted media, using ex situ or in situ technologies. Ex situ technologies are quite
expensive, while in situ technologies using thermal, biological or physical and chemical
methods are more economically viable [9–12]. Alternative photocatalytic and electrocat-
alytic approaches for eco-friendly mercury removal are also being developed [13–16]. There
is no single technology appropriate for all contaminants; thus, a combination of different
technologies is needed for achieving satisfying results. So far, different materials have been
studied for mercury removal, from waste to modified and novel materials [17–20]. The
usage of novel materials is very effective but quite expensive, while waste materials are cost
effective but sometimes limited due to the possible content of toxic ingredients. Among
natural materials, zeolites seem adequate for remediation due to the prevalence of their
natural deposits, simple and economically acceptable exploitation, high removal capacity
and great reusability [21–23].

The present study aimed to investigate the potential of natural zeolite (NZ) for mercury
capturing in order to remediate the extremely mercury-contaminated sites of Idrija district
in Slovenia, without causing secondary pollution. Namely, in the Idrija mine, which is
the second largest mercury mine in the world, during 500 years (1490–1995) of mercury
exploitation from ore containing cinnabar (HgS) and/or native mercury (Hg0), around
37,500 t of mercury were lost into the environment [24–30]. Extremely high concentrations
of mercury (10 to even 10,000 mg/kg) found in the soil represent a potential source of
mercury in aquatic systems by runoff and migration through the porous media [26,28]. The
geochemical studies estimated that mercury will leach from these sites into groundwater
for at least the next 100 years [26–28,30]. Therefore, the plan for remediation is extremely
necessary in order to protect sources of drinking water.

A promising approach to remediation of contaminated groundwater is a permeable
reactive barrier, where natural zeolite can be used as a filler material for immobilization of
mercury by sorption process [31]. To the best of our knowledge, this is the first attempt at
using natural zeolite clinoptilolite for possible remediation of the mercury-contaminated
environment at these sites. It is expected that this research will expand the knowledge on
the possible application of natural zeolites in environmentally friendly and economically
viable in situ remediation technologies of the mercury-contaminated environment and
contribute to the reduction of mercury migration. Ultimately, the results obtained could
contribute to solving serious environmental problems caused by the presence of mercury
and other heavy metals in the environment, especially in waters, with the final goal of
protecting human health.

2. Materials and Methods
2.1. Samples Preparation

The experiments were carried out on the contaminated soil taken within the first 30 cm
of the soil profile F1 at the Ferbejžene trate roasting site in Idrija district in Slovenia (location
of F1 profile is given in Gosar and Čar [32], for more details see also Teršič et al. [26]). The
air-dried sample of soil was gently disaggregated in a ceramic mortar, sieved through a
2 mm sieve, then pulverized in an agate mill to a fine-grain size of <0.075 mm and stored in
polyethylene bags.

The natural zeolite (NZ) used in this research originates from the Zlatokop deposit
in Vranjska Banja (Serbia). The sample was milled and sieved (Retsch AS200 basic device)
in order to obtain two particle sizes (<0.04 mm and 0.6–0.8 mm), washed several times
with ultrapure water in order to remove impurities, dried at 60 ◦C and finally stored in a
desiccator until use.
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2.2. Physicochemical Characterization of Contaminated Soil

Elemental analysis of mercury-contaminated soil (3 parallel analysis/3 sample repli-
cates) was performed by simultaneous multielement analysis of 53 elements. Elemental
concentrations were analyzed at AcmeLabs, Vancouver, Canada (accredited under ISO
9001:2008) with inductively coupled plasma (ICP) mass spectrometry (MS) after digestion
of an aliquot of 15 g sample material with aqua regia (1:1:1 HCl:HNO3:H2O) for 3 h at
160 ◦C. Samples exceeding the upper detection limit for Hg (100 mg/kg) were analyzed
using ICP emission spectrometry (ICP-ES).

The soil pH value was determined in a 1:5 soil:suspensions ratio in water (pH-H2O),
as well as in electrolyte solutions, 1 M potassium chloride (pH-KCl) and 0.01 M calcium
chloride (pH-CaCl2) following the DIN ISO standard method [33].

The soil buffering capacity (BC) was determined by the addition of dilute 0.1 M HCl or
0.1 M NaOH solutions (0, 5, 10, 20, 40 and 80 mmol/kg of soil) to 1:5 soil:water suspensions.
The suspensions were shaken occasionally, and the pH values were monitored after 30 min,
1 day and 4 days, in order to establish pH equilibration [34,35].

The cation exchange capacity (CEC) of the soil was determined according to HRN EN
ISO standard method [36] using barium chloride (barium chloride dihydrate for analysis
EMSURE® ACS, ISO, Reag. Ph Eur, Merck, Darmstadt, Germany).

The rough estimation of soil organic matter (SOM) content was performed by a loss
on ignition (LOI) procedure at 400 ◦C to accomplish the destruction of organic matter while
avoiding overestimation of its content due to destruction of present mineral matter through
the loss of structural water [37–39]. After oven-drying at 90 ◦C, the weighed soil sample
was heated at 400 ◦C to constant mass. The SOM percentage was calculated as follows:

SOM =
m90◦ C − m400◦ C

m90◦ C
· 100, (%) (1)

where SOM is the estimated soil organic matter content (%), m90◦C is the soil weight after
oven-drying at 90 ◦C (g) and m400◦C is the soil weight after heating at 400 ◦C (g).

The morphological characterization of the soil sample and zeolite samples after sorp-
tion were analyzed by scanning electron microscopy (SEM), while the semi-quantitative
elemental composition by energy dispersive spectrometry (EDS) technique on Jeol Scanning
Microscope—6610LV. The SEM analysis through the secondary electron image (SEI) and
backscattered electrons (BEC) at magnifications from 300× to 1400× was performed. The
BEC view provided insight into the phases of different chemical compositions present on
the surface of the soil particle. Imaging was also performed in selected sites (spectra) on
the particle surface or over the entire surface (mapping analysis).

For identification and quantification of the mineralogical composition of the soil, the
X-ray powder diffraction (XRPD) technique was used. The X-ray diffraction patterns were
collected in the Bragg–Brentano geometry using a Panalytical Aeris bench-top diffractome-
ter with Ni-filtered CuKα radiation obtained from an X-ray tube operating at 7.5 mA and
40 kV, in the 2θ range of 5–80◦. Samples were prepared in a thin film on a zero-background
silicon holder, which was spinning during data collection. The powder X-ray diffraction
patterns were analyzed by the Rietveld method using the Topas program (Bruker-AXS,
Karlsruhe, Germany).

2.3. Leaching and Sorption Experiments

Leaching experiments provide insight into the changes in solubility of soil compounds
and enable the environmental impact assessment of soil pollutants. For investigation of
mercury leaching from the soil and its possible capturing onto natural zeolite, two different
approaches were used. The first one was performed in two steps, by leaching the total
mercury from the contaminated soil and its subsequent sorption onto natural zeolite. On
the contrary, the second one involved simultaneous leaching and sorption by mixing the
soil with ultrapure water without or with the addition of the natural zeolite to the soil.
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2.3.1. Leaching of Mercury from the Contaminated Soil Followed by Sorption from the
Obtained Leachates onto Natural Zeolite

The leaching experiments were performed in accordance with the standard batch
method DIN 38414 S4 [40]. Nine portions of ultrapure water of different initial pHo values
in the range from 3.00 to 11.46, adjusted by addition of 1 M HNO3 or 1 M KOH, were
mixed with mercury-contaminated soil in the solid/liquid ratio, S/L = 1/10, in an incubator
shaker at 23 ± 2 ◦C, at 25 rpm for 24 h. The nine obtained leachates were separated from
the solid phase by double centrifugation at 4000 rpm for 15 min followed by filtration
through 0.45 µm filter, and the concentration of the total mercury in supernatants was
determined by atomic absorption spectrometry on a direct thermal decomposition mercury
analyzer (Mercury Analyzer MA—3000, NIC). During the experiment, the pH and electrical
conductivity were monitored.

Afterwards, obtained leachates were subjected to sorption on NZ of two particle sizes
(<0.04 mm or 0.6–0.8 mm) by batch method. The NZ and each leachate were shaken in
the S/L ratio of 1/100 at 23 ± 2 ◦C, at 25 rpm for 24 h. The experiment was monitored by
measuring the pH and electrical conductivity at defined time intervals within 24 h, while
the residual total mercury concentration was determined after 24 h. The experiments were
performed in duplicate.

2.3.2. Simultaneous Leaching of Mercury from the Contaminated Soil and Its Sorption onto
Natural Zeolite

Further leaching experiments were carried out in batch mode at three different initial
pHo values of ultrapure water of 4.11, 5.09 and 6.04, chosen based on previously obtained
results. The ultrapure water and the contaminated soil were stirred at ≈800 rpm in
S/L = 1/10 (300 g/3000 mL) at 23 ± 2 ◦C for 24 h, simultaneously in two 5-liter batch
reactors, without and with the addition of 10% of NZ (0.6–0.8 mm) to the soil. The stirring
speed was chosen in such a way to keep the soil in suspension. For monitoring the
concentration of the total mercury leached over time, a certain volume of suspension was
taken at each time interval (1, 2, 3, 4, 5, 7 and 24 h), where the total sampled volume did
not exceed 5% of the total suspension volume. In the obtained supernatants, the residual
concentration of the total mercury was analyzed on a mercury analyzer. The pH and
electrical conductivity were measured in the suspensions at the same time intervals.

3. Results and Discussion
3.1. Physicochemical Characterization of the Mercury-Contaminated Soil

The elemental analysis of mercury-contaminated soil is presented in Table 1. Element
content in the soil represents the mean value of three measurements. As it can be seen
the total mercury content of 1347 mg/kg indicates extremely contaminated soil. For
comparison, agricultural land is considered contaminated when mercury content is higher
than the threshold value of 0.5 mg/kg [41–43]. According to the previous research, the
average percentage of non-cinnabar compounds at roasting sites of the Idrija district
was 35–40%, showing that soil contains considerable amounts of potentially bioavailable
mercury that could leach into the environment [26]. Among others, the major elements in
the soil are Fe and Al. There are also substantial amounts of Ca, Mg, K and Mn followed by
S and P. In significantly lower amounts, Ce, Zn, Li, Ba, V, Pb, La, Rb, Cr and As are present,
while other elements are present only in traces.
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Table 1. Elemental content of mercury-contaminated soil sample.

Element
Element Content, mg/kg

Min. Max. Average

Ag 0.06 0.12 0.08
Al 21,500.00 22,700.00 22,200.00
As 22.20 24.90 23.60
B 1.00 3.00 2.00

Ba 59.70 61.00 60.47
Be 3.10 6.10 4.60
Bi LDL 0.15 0.15
Ca 700.00 700.00 700.00
Cd 0.43 0.89 0.60
Ce 72.80 77.60 75.10
Co 11.20 12.10 11.73
Cr 23.80 25.00 24.53
Cs 2.34 2.66 2.53
Cu 18.37 19.01 18.69
Fe 24,800.00 25,300.00 25,100.00
Ga 4.10 7.50 5.40
Ge LDL 0.40 0.40
Hf 0.11 0.45 0.28
Hg 1290.00 1410.00 1347.00
K 2100.00 2400.00 2300.00
La 29.40 31.20 30.37
Li 58.80 69.70 63.37

Mg 4900.00 5900.00 5500.00
Mn 1062.00 1087.00 1074.67
Mo 4.07 6.22 5.23
Na LDL 100.00 100.00
Nb 0.18 0.18 0.18
Ni 21.30 22.10 21.77
P 300.00 300.00 300.00

Pb 35.04 43.43 39.87
Rb 25.80 29.50 27.37
S 400.00 400.00 400.00

Sb 0.65 3.05 1.85
Sc 3.70 7.30 4.97
Se 7.00 8.90 7.70
Sn 0.20 1.00 0.60
Sr 6.50 6.80 6.63
Te LDL 1.44 1.44
Th 5.00 6.10 5.67
Ti LDL 20.00 20.00
Tl 0.37 0.65 0.51
U 2.50 2.80 2.67
V 47.00 48.00 47.67
Y 18.02 19.92 18.87

Zn 63.70 66.30 65.27
Zr 5.00 5.60 5.20
W 0.30 0.30 0.30

LDL—low detection limit; the elements (Au, In, Pd, Pt, Re and Ta) below the detectable limits were excluded from
the table.

The goal of SEM-EDS analysis was to examine the surface morphology and to identify
the main elements and their proportions, especially mercury. Figure 1 represents the SEM
image of mercury-contaminated soil with corresponding EDS results and mapping analysis.
It can be seen that mercury is uniformly distributed over entire selected area, but among
the most abundant elements (O, Si and Al), its content (in weight %) was too low to be
determined.
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Figure 1. (a) SEM image, (b) EDS peaks of elements over the entire surface (Spectrum 1), (c) element
content in wt. (%) over the entire surface and (d) distribution of main elements and mercury (Hg)
over the entire surface.

Nevertheless, two bright agglomerates were observed on SEM image in Figure 1 and
marked as I and II. Therefore, additional SEM-EDS analysis was performed at magnification
of 1400× as shown in Figure 2, where Spectrum 1 represents agglomerate I and Spectrum
3 represents agglomerate II.

Figure 2. SEM image of mercury-contaminated soil particles with four selected sites (spectra, Sp) for
EDS analysis and corresponding EDS results.
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According to EDS analysis, the analyzed sites (Spectra 1 and 3) in Figure 2 contain
mercury in large quantities probably in the form of HgS and HgO. In the analyzed site
(Spectrum 3), besides mercury, iron oxide is also found, which is in agreement with the
high content of iron in the soil obtained by elemental analysis given in Table 1. A particle
in Figure 3 is another confirmation of the cinnabar (HgS) presence in the analyzed soil.

Figure 3. SEM image of mercury-contaminated soil particle magnified 300× with six selected sites
(spectra, Sp) analyzed, with corresponding EDS results.

It can be seen that the bright areas (Spectra 1 and 4) contain higher amounts of sulfur
(9.00 and 12.07 wt. %), oxygen (17.59 and 9.43 wt. %) and mercury (67.84 and 74.99 wt. %),
indicating the presence of HgS and HgO. The other spectra in Figure 3 contain neither sulfur
nor mercury, and represent the common soil composition, with elevated content of O, Si, Al,
Mg and Fe as major elements, which are commonly expressed as oxides [44]. According to
the obtained SEM-EDS results, it can be observed that at all sites without mercury content,
the amount of silicon and aluminum components are elevated. Elemental analysis from
Figures 1 and 3 confirm silicon content on the marked spectra, which is in correspondence
to SiO2 determined by XRD analysis of the soil and presented in Figure 4. The Rietveld
analysis shows that the soil sample mostly consists of alpha-quartz [45]. There are also
additional small diffraction peaks in the patterns, which remain unidentified. There is no
amorphous halo in the pattern background indicating that the sample is largely crystalline.
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Figure 4. Rietveld fit for the XRD spectrum of the studied mercury-contaminated soil using the
crystal structure of alpha-quartz (“simulated”). “Difference” curve represents the difference between
“experimental” and “simulated” using alpha-quartz as the only phase. Some additional unidentified
reflections are marked with “*”.

It was found that SOM content in the analyzed soil was 5.16%, indicating the soil has
low organic content [46,47]. In general, soil is composed of mineral fraction and organic
matter, where the total amount of organic matter usually ranges from 0.5% to 10%. However,
despite these usually small proportions of the soil organic components, their impact on soil
properties is often much greater than would be expected, since, unlike minerals, organic
matter in the soil is transformed much faster [48,49]. Organic matter significantly increases
the soil capacity for ion sorption by regulating the balance between ions in the soil solution
and those exchangeable on colloidal soil particles. Thus, the soil organic matter greatly
affects the mobility and availability of metals in soil. Organic matter has a large capacity to
bind mercury, creating very stable complexes [50,51]. Previous analyses of mercury species
in highly Hg-contaminated soil from ancient small-scale ore roasting sites in the Idrija area
(Pšenk and Ferbejžene trate) have shown that more than 90% of soluble mercury occurs in
non-reactive organic complexes, confirming the preferential binding of mercury to organic
matter. The amount of easily reactive mercury is generally low and ranges from 0.038% to
1.7% of the total soluble mercury [52].

3.2. Chemical Behavior of the Mercury-Contaminated Soil

The metal mobility in the soil directly depends on soil pH, BC and CEC. By knowing
BC, it is possible to evaluate the soil’s ability to resist the pH changes and the capability of
immobilization of the soil contaminants. The soils with higher BC can absorb more acid or
base with no significant change in pH [53]. Knowing the pH reaction of the soil provides
insight into soil processes, where at higher pH values, metal precipitation occurs, while
at lower pH values, cation exchange becomes dominant. Additionally, the higher content
of soil organic matter or clays improves BC due to the large numbers of surface sites able
to adsorb hydrogen ions [34,54]. Thus, its estimation could be one of the parameters that
is unavoidable in remediation studies and in environmental risk assessment. In order to
elucidate the changes happening in such a real soil system and for better interpretation of
the leaching and sorption results, the soil pH, BC and CEC were determined prior to the
leaching experiments.

The soil pH was determined in the suspension of the contaminated soil in water
(pH–H2O), KCl (pH–KCl) and CaCl2 (pH–CaCl2) solutions. The acidity measured in water
refers to the acidity of the soil solution, while acidity in KCl or CaCl2 solutions also includes
the potential exchangeable acidity of the soil adsorption complex, and thus usually yields
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lower pH values than in water. The obtained pH values of the soil of 5.22 in water, 4.13 in
CaCl2 and 3.89 in KCl classify the mercury-contaminated soil into moderate to strong acid
soils [55]. The lower pH values in the CaCl2 and KCl solutions indicate that mercury-
contaminated soil contains a considerable amount of potential exchangeable acidity. In
addition to free hydrogen ions in soil solution, acidity in electrolyte solutions is also caused
by exchangeable acidic cations, H+, Al3+ and Fe3+/Fe2+, that are weakly bound to the soil
surface exchange complex. Namely, the H+ can be displaced upon the addition of K+ and
Ca2+, which leads to an additional decrease in pH.

The BC of the soil was estimated by the addition of either dilute HCl or NaOH
solutions to the contaminated soil suspended in water. The obtained results are compared
in Figure 5.

Figure 5. Change in pH of soil suspension after the addition of different amounts of HCl or NaOH.

The data show that mercury-contaminated soil resists well to pH change, upon the
addition of both an acid or base, and a period of 30 min seems sufficient to reach equilibrium
pH. In general, flatter curves correspond to a smaller change in pH, indicating better BC.
On the contrary, the steeper curves are characterized by low BC. Maximum buffering
is defined as the minimal slope of pH in soil suspension vs. the amount of added acid
or base [56–59]. The BC is calculated from the slope of the curves when the amount of
added H+ or OH− (mmol/kg) was plotted against the pH, and the mean value equals
3.89 cmol/kg·pH. The comparison of obtained soil BC with other soils is very difficult.
Soils vary considerably in their BC because it is greatly affected by soil properties. For
example, the BC of 18 acid tropical and subtropical soils in China ranged from 0.91 up to
3.21 cmol/kg·pH, depending on their properties [35]. The BC of organic soils is mostly
higher than 80 cmol/kg·pH [60]. Usually, the BC lower than 1 cmol/kg·pH is interpreted
as low, between 1 and 2 cmol/kg·pH as moderate, while higher than 2 cmol/kg·pH is
interpreted as high [61]. If soil BC is not high enough, metals will not retain in the soil, but
rather will be leached [34,54]. Some soil components are effective in buffering in a wider
pH range, while some of them are effective only in a limited range of the pH values. The
buffer reactions at low pH are most controlled by aluminum compounds, while at high
pH they are controlled by carbonates [49]. The oxides and hydroxides of Fe and Al are
effective in the whole pH range due to the sorption/desorption of H+ on hydroxyl surface
sites. Thus, due to their high content (Table 1) in mercury-contaminated soil, they probably
greatly contribute to its BC [57,58].

The value of CEC for mercury-contaminated soil is 15.4 cmol/kg, with the amounts
of individual non-acid exchangeable cations as follows: Ca2+ at 2.49 cmol/kg, Mg2+ at
1.89 cmol/kg, K+ at 0.35 cmol/kg and Na+ at 0.084 cmol/kg. As it can be seen, the Ca2+ is
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the dominant non-acid cation in this soil sample. The amount of acid cations H+ and Al3+

equals 10.586 cmol/kg, which leads to 68.74% of soil acid saturation (the ratio of the amount
of exchangeable H+ and Al3+ and CEC multiplied with 100) [49,62]. This is in line with the
obtained values of the soil pH and corresponds to elemental soil analysis. Since the CEC
was determined by the standard method using barium as the exchanger cation (pH = 8.2),
the overestimation of CEC in this case was very likely since mercury-contaminated soil
is acidic. Thus, the obtained value represents the maximum cation exchange capacity of
the soil. If we consider that for soil humus the CEC is higher than 150 cmol/kg, then the
obtained soil CEC is quite low [49]. However, even high organic soils will have low effective
CEC if soil pH is low. In soils with pH lower than 6.0, the negative exchange sites will be
occupied by tightly held acid-forming cations, mostly H+ and Al3+, as well as by Mn2+ or
Fe3+/Fe2+, enabling nutrient binding and exchanging [49,62–65]. Some studies reported a
high correlation of CEC with BC, where for acid soils the main buffering mechanism was
cation exchange of H+ with non-acid cations [35]. The CEC is a key parameter describing
the sorption/desorption of both nutrients and contaminants by soil, and the obtained CEC
points onto soil vulnerability in mercury losses through the leaching.

3.3. Mercury Leaching from Contaminated Soil and Its Subsequent Sorption from the Obtained
Leachates onto Natural Zeolite

The results of mercury leaching from contaminated soil in the ultrapure water of
different initial pHo values in the range 3.00–11.46 according to the standard leaching
method are presented in Figure 6 as the concentration of total mercury (cTM) leached after
24 h vs. pHo.

Figure 6. The concentration (mean ± SD) of total mercury leached in ultrapure water of different
pHo values in the range 3.00–11.46 after 24 h.

In Figure 6 it can be observed that there is no regularity in the concentration of the total
mercury leached in the examined pH range. The concentration of the total mercury after
24 h was in the range 0.33–17.43 µg/L, suggesting a strong affinity of mercury toward soil
constituents. However, these low concentrations still exceeded the maximum permissible
mercury concentration of 1.0 µg/L in water for human consumption [66]. As it can be
seen, the highest concentration of the total mercury was obtained under extremely alkaline
conditions at pHo = 11.46. Namely, in the soil system, humic and fulvic acids along with
other substances form a dissolved organic carbon (DOC) that controls the binding of heavy
metals. The higher solubility of DOC is expected with increasing pH, thus affecting the
release of mercury [67]. Fulvic acids are soluble in acidic and alkaline conditions, while
humic acids are soluble only in alkaline conditions. The mercury in the soil will be mobile
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depending on the mobility of its complexes. In general, dissolving or even degradation
of the structure of organo-mineral mercury complexes is considered to have the most
dominant influence on mercury mobility at highly acidic or alkaline conditions. Since
the mercury-contaminated soil is a very complex system, the synergistic interaction of
numerous factors on the mercury speciation and transformations finally affects the rate
and extent of its transportation. Mercury in the soil in an oxidized state as mercuric (Hg2+)
tends to formation of inorganic compounds (HgCl2, HgO or HgS), or binds to the organic
matter forming different organo-mercury compounds. Additionally, it was found that
soluble mercury complexes, as well as nano-sized mercury particles, have a major impact
on mercury mobility, methylation in soil and availability [68]. However, the variation in the
concentration of leached mercury at examined pHo range indicates that besides pH, some
other factors also might be important for leaching. Although the standard leaching method
prescribes a contact time of 24 h, the concentration of the total mercury was monitored in
time intervals within 24 h during the same experiment, in order to get insight into mercury
behavior over time. The results are presented in Figure 7.

Figure 7. The concentration of the total mercury leached in soil suspensions at different pHo values
in time intervals within 24 h. Note: the results after 24 h correspond to those given in Figure 6.

As can be seen in Figure 7, at each pHo value, there is an alternating increase and
decrease in the concentration of total mercury. In the first few hours of the experiment,
the concentration of total mercury is considerably higher than after 24 h. It reaches even
488.0 µg/L after 2.5 h from the beginning of the experiment, which is more than 50 times
higher compared to the same sample in Figure 6. High mercury concentrations were
obtained at neutral or slightly acidic pH values, which more likely occur in nature. High
concentrations of leached mercury cannot only be attributed to the release from organo-
mineral complexes, but also to mercury speciation and soil properties. In addition, the
influence of soil inhomogeneity cannot be ignored. The observed irregularity in the con-
centration of the total mercury is most likely due to changes in mercury mobility, which
significantly depends on its chemical form and bonds established. In the soil solution,
organic compounds and water are the most abundant ligands, so hydrolysis and organic
complexation are the most common reactions. The mobility of metals in the environ-
ment depends on the many different processes—dissolution, sorption, complex formation,
migration, deposition, diffusion (into minerals), binding to organic matter, adsorption,
desorption, evaporation, etc. Each metal can be precipitated and/or adsorbed even with a
small change in equilibrium conditions, which alter very easily in the soil depending on
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the location [69]. Mercury is therefore most likely released from one phase of the soil and
re-binds to another phase in the soil, causing a variation in the concentration of the total
mercury in the soil suspension over 24 h.

To better understand this complex soil system, the pH and electrical conductivity (k)
in suspensions during the leaching experiment were monitored. The results are given in
Figures 8 and 9. The electrical conductivity is presented in two separate graphs in Figure 9
in order to get better visibility of the obtained results.

Figure 8. Change of pH values in suspensions during the leaching.

Figure 9. Change in electrical conductivity during the leaching for: (a) pHo = 3.00 and pHo = 11.46,
and (b) pHo = 4.03–10.04.
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According to Figure 8, the highest change in pH can be observed in the first two
hours of the experiment. The constant value of pH is established very rapidly, and soil
suspensions tend to be slightly acidic or neutral pH range, except for pHo = 3.00. This
can be attributed to the buffering capacity of the soil, which is least expressed for the
lowest pHo due to the extremely high concentration of H3O+. The electrical conductivity
in Figure 9 shows a similar trend for all pHo values. The highest electrical conductivity
in Figure 9a is measured for pHo = 3.00 and pHo = 11.46 due to the high concentration of
H3O+ or OH−. The specific electrical conductivity of both H+, λo(H+) = 350 S·cm2/mol and
OH−, λo(OH−) ≈ 200 S·cm2/mol at 25 ◦C, compared to other ionic species, is extremely
high [70]. For all other pHo values in Figure 9b, the electrical conductivity is lower than
100 µS/cm.

The changes in pH and electrical conductivity values were negligible after ≈5 h for all
examined pHo values, indicating that variations in total mercury concentrations in Figure 7
are not in function of pH and k.

Leachates obtained at different pHo values in Figure 6 were mixed with natural zeolite
of two particle sizes. Based on the experimental results after 24 h of contact with natural zeo-
lite, the mercury uptake and removal efficiency of both zeolite particle sizes were calculated
according to the following equations and presented graphically in Figures 10 and 11:

q = [co (Hg)− ce (Hg)] · m
V

(2)

α =
co (Hg)− ce (Hg)

c o(Hg)
·100 (3)

where q is mercury uptake per unit mass of zeolite in equilibrium (µg/g), α is the removal
efficiency in equilibrium (%), co(Hg) is the concentration of total mercury in leachates
(µg/L), ce(Hg) is the equilibrium concentration of total mercury in eluates after sorption
(µg/L), m is mass of the zeolite (g) and V is the volume of leachate before sorption (L).

Figure 10. Mercury uptake (mean ± SD) onto natural zeolite of two particle sizes in dependence on
the initial concentration of total mercury leached.
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Figure 11. Removal efficiency (mean ± SD) of natural zeolite of two particle sizes toward total
mercury in dependence on the initial concentration of total mercury leached.

According to the results presented in Figures 10 and 11, it is noticeable that there is
no direct relationship between mercury uptake and removal efficiency on the initial total
mercury concentration in leachates. The obtained values of mercury uptake (q) were in the
range 0.010–0.781 µg/g for the particle size of 0.6–0.8 mm, and 0.024–0.834 µg/g for the
particle size < 0.04 mm, respectively. The highest values of mercury uptake were mainly
achieved for the highest initial concentrations of total mercury. The visible oscillations
are most likely due to differences in the pHo values, which affected the type of mercury
speciation in leachates, and consequently its sorption onto natural zeolite. A slightly larger
amount of total mercury was uptake by the powdered zeolite, due to the larger specific
surface area. This is especially noticeable for the highest initial concentration of the total
mercury of 17.43 µg/L. The removal efficiency (α) was in the range 11.2–88.3% for the
particle size of 0.6–0.8 mm, and 27.3–94.2% for the particle size < 0.04 mm, respectively. The
maximum removal efficiency of 94.2% for the NZ of a smaller particle size was obtained
for initial mercury concentration of 2.40 µg/L and pHo = 3.00. Interestingly, the removal
efficiencies higher than 60% were obtained for different initial concentrations of total
mercury of 2.4, 9.0, 8.98, 0.33 and 9.02 µg/L, which is quite unexpected. This indicates that
regardless of mercury concentration, some other factors greatly affect mercury uptake on
the zeolite, most likely the speciation of mercury in the leachates.

In literature reports, higher but inconsistent sorption capacities and removal efficien-
cies of mercury can be found, but sorption is mostly performed from modal solutions with
significantly higher initial mercury concentrations [71,72]. Higher concentration usually
leads to improved sorption capacity due to the greater driving force [73]. Furthermore,
compared to modal solutions, obtained leachates comprise of various organic and inorganic
mercury species, which significantly affect mercury uptake. For instance, it was found
that mercury uptake onto natural zeolite was hindered by the presence of humic acids,
due to its partial sorption to organic matter [74]. Removal of mercury from industrial
effluents (0.0028–0.0246 mg Hg/kg) resulted in lower capacity of natural zeolite in the
range 0.0039–0.021 mg/kg, due to the competition of other present cations, which also
undergo sorption on zeolite [75]. Moreover, the use of unmodified natural low-cost sor-
bents commonly leads to lower sorption capacities and removal efficiencies, compared
to synthesized and modified sorbents. As in the case of low-cost sugarcane bagasse, the
removal efficiency was only 20%, while its activation increased the efficiency to 85–95%,
with a capacity of up to 4.8 mg/g, for an initial mercury concentration of 1 mg/L [76].
Non-modified magnetic iron oxide nanoparticles removed mercury with ≈44% efficiency,
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while modification of the adsorbent increased the efficiency to 98.6%, with a capacity of
590 µg/g, for an initial mercury concentration of 50 µg/L [77]. Modification improves
sorption capacity but can cause higher costs and secondary pollution. Generally, natural
zeolites have a great ion-exchange capacity, but their adsorption properties need improve-
ment [78]. In order to increase mercury uptake, further research of mercury leachability
from the contaminated soil should be focused on the modification of the natural zeolite
surface by sulfurization, since the mercury tendency for sulfur-containing species has been
long established.

In Figure 12, a comparison of pH values before leaching, prior to sorption and after
sorption on the natural zeolite can be seen.

Figure 12. The comparison of pH values before leaching (pHo), prior to sorption (pHS) and after
sorption (pHNZ) on two particle sizes of natural zeolite.

Despite a wide range of initial pHo values prior to leaching, the neutral or slightly
acidic range of pHS values indicates good buffering capacity of the soil. The pHNZ values
are slightly higher than pHS and are mostly in the neutral pH range.

3.4. SEM-EDS Analysis of Zeolite Samples before and after Sorption of Total Mercury

Figure 13 presents SEM image of natural zeolite surface before sorption with the
corresponding EDS analysis.

Figure 13. SEM image and EDS analysis with mass percentage values of the detected elements on the
marked (Spectrum 1) surface for raw natural zeolite.
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According to standard chemical analysis of aluminosilicates [79], zeolite contains
(in mass%) the following: SiO2, 66.36; Al2O3, 13.81; Fe2O3, 1.69; MgO, 1.03; CaO, 3.65;
K2O, 0.99; and Na2O, 1.03, with a loss on ignition 13.40, while the major mineralogical
component according to the semi-quantitative mineralogical analysis is clinoptilolite (up to
80%) with quartz as an impurity [80].

The morphology of the zeolite surface of two particle sizes after sorption of total
mercury with corresponding EDS results is given in Figures 14 and 15.

Figure 14. SEM image and EDS results for NZ of particle size < 0.04 mm after sorption of total
mercury leached for pHo of ultrapure water of 6.32.

Figure 15. SEM image and EDS results for NZ of particle size 0.6–0.8 mm after sorption of total
mercury leached for pHo of ultrapure water of 6.32.

According to the obtained results, the presence of mercury onto the surface of both
zeolite samples can be observed in given EDS spectra, but there were no visible mercury
agglomerates. The content of mercury in weight % again was not possible to determine,
as it was in the case of SEM-EDS results obtained for a sample of mercury-contaminated
soil. This is due to the low initial mercury concentration in leachates. Thus, the significant
difference in the element composition on the zeolite surface before and after sorption was
not observed. A slight decrease in the Na and K content on the surface of zeolite after
sorption was noted, which could be attributed to ion exchange with mercury species.

3.5. Simultaneous Leaching of Mercury from the Contaminated Soil and Its Sorption onto
Natural Zeolite

The leaching experiments were continued with an emphasis on the first few hours
of the experiment for pHo values of ultrapure water of 4.11, 5.09 and 6.04, according
to the earlier obtained results (Figure 7). Leaching was performed simultaneously in
two 5-liter batch reactors, without and with the addition of natural zeolite to the soil, in
order to evaluate its effectiveness in reducing mercury leaching. Larger reactors enabled
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getting more representative suspension samples and avoiding or minimizing possible
inhomogeneity of the soil.

3.5.1. Concentration of the Total Mercury Leached

The concentrations of the total mercury leached at time intervals within 24 h without
and with the addition of natural zeolite to the soil in ultrapure water of three different
initial pHo values are graphically shown in Figure 16. For all three pHo values, the same
trend in the increase of the total mercury concentration without natural zeolite addition
can be observed. The mercury concentration did not exhibit a clear pattern as a function of
time, but these variations were not so considerable as in Figure 6, where they are probably a
consequence of soil inhomogeneity and experimental performance in nine batch reactors. In
all leachates the concentration of the total mercury was higher than the maximum allowed
value of 1 µg/L in water for human consumption [66]. The concentration of the total
mercury in suspensions without natural zeolite ranged from 12.8 µg/L to 42.2 µg/L, with
the maximum concentration achieved after 24 h for all pHo values. The lower concentration
of the total mercury from 1.9 to 20.3 µg/L was determined in all leachates in the presence
of natural zeolite for all examined pHo values, implying uptake of mercury species on the
zeolite. These three pHo values correspond to real conditions in nature, and mercury is
most likely present in a form that is much more readily available for binding to zeolite.

Figure 16. The concentration of total mercury leached from the soil and removal efficiency of natural
zeolite at time intervals within 24 h without and with the addition of natural zeolite for three different
pHo values of ultrapure water.
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For determining the efficiency α (%) of natural zeolite in reducing the concentration of
leached mercury, Equation (3) was used, where co(Hg) in µg/L represents the concentration
of the total mercury leached in soil suspension without natural zeolite, while ce(Hg) in
µg/L represents the concentration of the total mercury leached in soil suspension with the
presence of natural zeolite. The calculated removal efficiencies are also shown in Figure 16.
It can be seen that the removal efficiency of natural zeolite toward the total mercury under
given conditions was from 12.9% to as much as 90.5%. The best removal on the natural
zeolite was achieved at the lowest initial pHo of 4.11, where α was in the range 67.7–90.5%.
Moreover, at this pHo, the highest removal efficiency was achieved up to the first 3 h. The
same tendency, although less pronounced, was observed for pHo of 5.09 and 6.04 up to the
first two hours, which is in correspondence with previously obtained results. At pHo = 6.04,
the removal efficiency was in the range 51.9–85.7%, while the lowest removal was achieved
at pHo of 5.09, where it was in the range 12.9–66.4%.

3.5.2. pH and Electrical Conductivity

Changes in the pH value in soil–ultrapure water and soil with natural zeolite–ultrapure
water suspensions at different initial pHo values of 4.11, 5.09 and 6.04 are shown graphically
in Figure 17. All suspensions tend to have a slightly acidic pH, which can be attributed to
the buffering capacity of the soil. The largest change in pH in Figure 17a–c in all suspensions
occurs within the first two hours of the experiment after which it becomes almost constant.
The pH value in suspensions depends on the exchange of H3O+ and OH− with ionic
species from the soil, as well as with cations from the zeolite structure. The difference in
pH values in the case of suspensions without and with the presence of natural zeolite is
almost negligible, indicating the strong buffering capacity of the soil. This is in line with
several similar field studies [81,82].

Figure 17. Change in: (a–c) pH and (d–f) electrical conductivity in suspensions during soil leaching
without and with the addition of natural zeolite for three different pHo values of ultrapure water.
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The largest change in electrical conductivity in Figure 17d–f in all suspensions occurs
within the first two hours and remains almost constant until the end of the experiment. The
electrical conductivity decreases with increasing in pHo, both in suspensions without and
with the presence of natural zeolite. The difference in electrical conductivity of ≈60 µS/cm
in soil suspensions with and without the NZ (Figure 17d–f), as a consequence of the
zeolite–soil interaction is negligible.

4. Conclusions

In the surroundings of the Idrija mine (Slovenia) extremely mercury-contaminated
ancient small-scale cinnabar roasting sites were identified. Soil from one of these locations
(Ferbejžene trate) containing 1347 mg Hg/kg was tested. Leaching of this soil in ultrapure
water of pHo values in the range 3.00–11.46 resulted in equilibrium concentrations of the
total leached mercury up to 17.43 µg/L, while maximal concentrations during leaching
were from 136.9 to 488.0 µg/L, for the pHo range 4.03–6.32. These concentrations are quite
high if we consider that the maximum permissible mercury concentration in water for
human consumption is 1.0 µg/L, and mercury and its compounds have been identified as
priority hazardous substances in the field of water policy. The pH significantly not only
affected the mobility and solubility of mercury species in the soil, but also very likely the
mercury speciation in leachates.

The natural zeolite clinoptilolite of two particle sizes showed very good sorption of
leached mercury, where the maximum removal efficiency of 94.2% was achieved. The
removal efficiencies are not in correlation with total mercury concentrations in leachates,
indicating that presumably mercury speciation is the dominant factor affecting mercury
uptake on the natural zeolite. Furthermore, by leaching of mercury in the presence of the
natural zeolite, a significant decrease of the total leached mercury is observed (1.9–20.3 µg/L
compared to 12.8–42.2 µg/L), for all examined pHo values, pointing to immobilization of
mercury species, with obtained removal efficiencies up to 90.5%. In both, the soil–ultrapure
water and soil–zeolite–ultrapure water suspensions, the tendency toward neutral or weak
acidic equilibrium stages indicates the high buffering capacity of these systems.

The obtained preliminary results indicate the potential of natural zeolite clinoptilolite
for remediation of mercury-contaminated environments. However, additional efforts
should be made to maintain the mercury concentration in the water below the maximum
permissible limits. Natural zeolites are proven as great ion exchangers, but their adsorption
properties need to be improved. Due to the well-known mercury tendency toward sulfur-
containing species, the sulfurization of the zeolite surface might improve its effectiveness
in mercury capturing. Moreover, the performance of multistage sorption could reduce the
mercury concentration in water up to satisfying levels.

The further studying of mercury leachability at ancient roasting sites of the Idrija
district in Slovenia should be continued by estimation of the efficiency of modified natural
materials in their mercury capture capability, especially in column mode. Additionally, in
some part of further research the attention should be addressed to an adequate method
of disposal of heavy metal-bearing zeolite to prevent secondary pollution. The solidifica-
tion/stabilization process by cementitious binders seems very promising in reducing the
release of toxic species into the environment, especially since many researchers found that
the addition of low content of zeolitic tuff improves the properties of the concrete.
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