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Abstract: Nitrate (NO3
−) dissimilatory reduction processes (denitrification, anammox and dissimila-

tory NO3
− reduction to ammonium (DNRA)) in estuarine and coastal ecosystems play a crucial role

in regulating reactive nitrogen loadings. However, nitrate reduction process rates and relative propor-
tions along the estuarine salinity gradient remain poorly understood. Here, denitrification, anammox
and DNRA were explored simultaneously along a salinity gradient in Yangtze Estuary based on
nitrogen isotope-tracing experiments. Measured denitrification, anammox and DNRA process rates
were in the range of 2.33–28.21 nmol g−1 h−1, 0.43–1.87 nmol g−1 h−1 and 0.28–0.74 nmol g−1 h−1,
respectively, with a large spatio-temporal variation. The changes in these nitrate reduction process
rates were mainly affected by the TOC, TN, NH4

+ and NOx
− concentrations, rather than salinity and

related functional gene abundance. Denitrification dominated the total NO3
− reduction process (67.52

to 93.85%), while anammox (3.67 to 25.01%) and DNRA (2.48 to 11.21%) also played a substantially
important role in nitrate reduction. The proportions of denitrification to gross nitrate reduction in
high-salinity areas were generally lower than those in freshwater, but the opposite was true for DNRA.
Overall, our study reported the simultaneous observation of nitrate dissimilatory reduction processes
along the salinity gradient of the estuary and highlighted that changes in sediment environmental
variables affected by human activities can alter the distribution patterns of NO3

− reduction processes.

Keywords: denitrification; anammox; DNRA; salinity gradient; substrate availability; estuarine
wetlands

1. Introduction

Nitrogen (N) is an important element, playing a crucial role in biological growth and
primary productivity in estuarine and coastal ecosystems [1–3]. Over the past few decades,
intensive industrial and agricultural activities have resulted in the massive production of
reactive N in a global context [4]. Therein, about 25% of reactive N has been transported into
the wetlands of estuaries and coasts via runoff and atmospheric dry and wet deposition [5,6].
Estuaries and coasts, as intermediate areas of land-sea interaction, play a crucial role in
regulating the budgets of reactive N [7,8]. Thus, microbial N conversion processes and
eco-environmental implications in estuarine and coastal wetlands have been studied widely.

In these N conversion processes, nitrate (NO3
−) dissimilatory reduction, including

denitrification, anaerobic ammonium oxidation (anammox) and dissimilatory NO3
− reduc-

tion to ammonium (DNRA), are considered to be the major pathway regulating reactive
N loadings in the ecosystems of estuaries and coasts [2,9]. Denitrification mainly reduces
NO3

−/nitrite (NO2
−) to dinitrogen gas (N2), while in anammox, ammonium (NH4

+) is oxi-
dized to N2 through the reduction of NO2

−/NO3
− [10]. Both denitrification and anammox
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eliminate reactive N from the ecosystems. Conversely, DNRA retains reactive N within
the ecosystem via reducing NO3

− into available NH4
+ [11,12]. It has been reported that

denitrification is the prominent microbial process of total NO3
− reduction in most wetlands

of estuaries and coasts [10,13], but some works also found that DNRA is the pivotal process
to regulate reactive N fate [11,14]. To date, large numbers of studies have documented
the variations in NO3

− dissimilatory reduction in the wetlands of estuaries and coasts,
and noted that the process rates were mainly influenced by temperature, salinity, oxygen
level, sulfide, carbon (C) and N substrates [2,5,10,11,15–17]. Meanwhile, these processes
are also mediated by microbial communities, and the nirS, hzo and nrfA gene abundance
commonly reflects denitrification, anammox and DNRA activities in estuarine and coastal
wetlands, respectively [18–21]. Among these influencing factors, salinity is a significant
variable in the wetlands of estuaries and coasts [17]. On the one hand, an obvious salinity
gradient is generally observed in estuarine wetlands from downriver to upriver zones [11].
On the other hand, seawater intrusion can alter the variations in salinity of estuaries and
coasts [22]. Previous studies have explored the changes in greenhouse gas fluxes along the
salinity gradients and confirmed the important role of salinity [23]. Besides, there are a few
works on the sediment N transformation processes along the salinity gradients, and major
changes were observed in nitrification, DNRA and N fixation [24,25]. In this ecosystem,
competition between DNRA, anammox and denitrification is predictable. Nevertheless,
past works about NO3

− dissimilatory reduction processes along with salinity gradients
were mainly concentrated on a single process [24]. Simultaneous exploration of denitri-
fication, anammox and DNRA process rates and their relative importance in total NO3

−

reduction is lacking.
The Yangtze (Changjiang) River is the largest river in China, and extensive tidal

flats develop in this estuary, with an obvious salinity gradient [26]. In addition, large
numbers of reactive N have been delivered into the estuary over the past several decades,
which significantly affected the ecological environment here [6]. With these in mind, we
conducted an experiment to explore the changes in NO3

− reduction processes along a
salinity gradient in the Yangtze Estuary. The specific aims of our study were (1) to explore
the variations in potential denitrification, anammox and DNRA processes as well as related
gene abundances along with a salinity gradient, (2) to reveal the key physical and chemical
parameters regulating the potential process rates of denitrification, anammox and DNRA,
and (3) to evaluate the importance of three processes in gross NO3

− reduction and eco-
environmental significance in different salinity habitats.

2. Materials and Methods
2.1. Study Site and Field Sample Collection

This study was conducted in the Yangtze Estuary, Shanghai City, China (Figure 1). The
area is affected obviously by a typical semitropical monsoon climate [26,27], with a mean
annual temperature of 16.0 ◦C, and a mean annual precipitation of 1144 mm [24]. The study
area has been receiving an increasing amount of reactive N, which has led to a series of
ecological and environmental problems. Sampling locations were chosen along the Yangtze
Estuary, including freshwater, low-salinity, and high-salinity areas (Figure 1). Field sample
collections were conducted in summer (August 2020) and winter (December 2020). Three
sediment samples were taken from the 0–10 cm layer in each area (freshwater, low-salinity,
and high-salinity area). After collection, all samples were immediately stored in sterile
ziplock bags and kept on ice in coolers, and directly transported to the laboratory. Collected
sediment samples were separated into two fractions: the first fraction was preserved at
4 ◦C for analysis of NO3

− reduction processes and physico-chemical properties; and the
other part was frozen at −20 ◦C for molecular analysis.



J. Mar. Sci. Eng. 2022, 10, 761 3 of 11

J. Mar. Sci. Eng. 2022, 10, x FOR PEER REVIEW 3 of 11 
 

 

fraction was preserved at 4 °C for analysis of NO3‒ reduction processes and physico-chem-

ical properties; and the other part was frozen at −20 °C for molecular analysis. 

 
Figure 1. The geographical location of the Yangtze Estuary and sampling locations. 

2.2. Sediment Physico-Chemical Properties Analysis 

Moist sediment was dried at 60 °C to determine the sediment water content (WC) 

[28]. The salinity of the sediment was determined using a YSI-30 portable salinity meter, 

while sediment pH was measured by a Mettler-Toledo pH meter [24,29,30]. Sediment total 

N (TN) and total organic carbon (TOC) were analyzed using a Vario EL CN Elemental 

Analyzer (Elementar, Germany) [13]. The extractable Fe and ferrous oxides (Fe2+) in the 

sediment were extracted with 0.5 M HCl and then analyzed according to the ferrozine 

method [31], and the ferric iron (Fe3+) was obtained by the difference between total Fe and 

Fe2+. Sediment sulfide was extracted with 1 M HCl containing antioxidant and determined 

by the methylene blue spectrophotometry [32,33]. Sediment inorganic N was extracted 

with 2 M potassium chloride, and the concentrations of NH4+ and NOx– (NO3– plus NO2–) 

were analyzed by a flow injection analysis (Skalar Analytical SAN++, Breda, The Nether-

lands) [24]. 

2.3. DNA Extraction and Quantitative PCR (q-PCR) Analysis 

We quantified the relevant gene abundance (nirS, hzo and nrfA) to reveal the potential 

effects of specific microorganisms on the NO3‒ reduction rates. In the quantification pro-

cess, the total DNA was extracted from 0.25 g of sediment using PowersoilTM DNA Isola-

tion Kits (MO BIO, Carlsbad, CA, USA) based on the manufacturer’s instructions. The 

extracted DNA was stored at −80 °C before analysis. The nirS, hzo and nrfA genes, which 

encode the key enzymes for denitrification, anammox and DNRA, respectively, were 

quantified by the real-time q-PCR with an ABI 7500 Sequence Detection System (Applied 

Biosystems, Canada) using the SYBR green method. Each qPCR of the extracted DNA 

sample had three replicates using double-distilled water as the negative control. Table 1 

showed the detailed primers and qPCR thermocycling conditions. The relative abun-

dances of the functional gene (nirS, hzo and nrfA) in the sediment were calculated by the 

standard curve which was constructed by diluting a known amount of plasmid DNA in-

cluding the target fragment. The amplification efficiency was above 95% in the present 

study, and the correlation coefficient was higher than 0.98. 

  

Figure 1. The geographical location of the Yangtze Estuary and sampling locations.

2.2. Sediment Physico-Chemical Properties Analysis

Moist sediment was dried at 60 ◦C to determine the sediment water content (WC) [28].
The salinity of the sediment was determined using a YSI-30 portable salinity meter, while
sediment pH was measured by a Mettler-Toledo pH meter [24,29,30]. Sediment total
N (TN) and total organic carbon (TOC) were analyzed using a Vario EL CN Elemental
Analyzer (Elementar, Germany) [13]. The extractable Fe and ferrous oxides (Fe2+) in the
sediment were extracted with 0.5 M HCl and then analyzed according to the ferrozine
method [31], and the ferric iron (Fe3+) was obtained by the difference between total Fe and
Fe2+. Sediment sulfide was extracted with 1 M HCl containing antioxidant and determined
by the methylene blue spectrophotometry [32,33]. Sediment inorganic N was extracted
with 2 M potassium chloride, and the concentrations of NH4

+ and NOx
− (NO3

− plus
NO2

−) were analyzed by a flow injection analysis (Skalar Analytical SAN++, Breda, The
Netherlands) [24].

2.3. DNA Extraction and Quantitative PCR (q-PCR) Analysis

We quantified the relevant gene abundance (nirS, hzo and nrfA) to reveal the potential
effects of specific microorganisms on the NO3

− reduction rates. In the quantification
process, the total DNA was extracted from 0.25 g of sediment using PowersoilTM DNA
Isolation Kits (MO BIO, Carlsbad, CA, USA) based on the manufacturer’s instructions.
The extracted DNA was stored at −80 ◦C before analysis. The nirS, hzo and nrfA genes,
which encode the key enzymes for denitrification, anammox and DNRA, respectively, were
quantified by the real-time q-PCR with an ABI 7500 Sequence Detection System (Applied
Biosystems, Canada) using the SYBR green method. Each qPCR of the extracted DNA
sample had three replicates using double-distilled water as the negative control. Table 1
showed the detailed primers and qPCR thermocycling conditions. The relative abundances
of the functional gene (nirS, hzo and nrfA) in the sediment were calculated by the standard
curve which was constructed by diluting a known amount of plasmid DNA including the
target fragment. The amplification efficiency was above 95% in the present study, and the
correlation coefficient was higher than 0.98.
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Table 1. Primers and qPCR protocols used in the present study.

Target Genes Primers Sequence (5′-3′) PCR Conditions Reference

nirS
cd3aF GTSAACGTSAAGGARACSGG 50 ◦C for 2 min, 95 ◦C for 10 min,

45 × [95 ◦C for 30 s, 58 ◦C for 40 s, 72 ◦C for 1 min]
[34]R3cd GASTTCGGRTGSGTCTTGA

hzo
hzo5F AGTATGGGTATGTCHAATG 50 ◦C for 2 min, 95 ◦C for 10 min,

45 × [94 ◦C for 50 s, 54 ◦C for 1 min, 72 ◦C for 40 s]
[35]hzo5R CATCWGTCCATACCAAA

nrfA nrfA-2F CACGACAGCAAGACTGCCG 50 ◦C for 2 min, 95 ◦C for 10 min,
40 × [95 ◦C for 30 s, 60 ◦C for 1 min, 72 ◦C for 1 min]

[24]nrfA-2R CCGGCACTTTCGAGCCC

2.4. Analyzing Potential NO3
− Rates Based on the 15N Tracer Method

Potential denitrification and anammox rates of the sediment were measured by the
N isotope-tracing technique combined with slurry incubation experiments [10,13]. Briefly,
slurries were made with collected sediments and tidewater at a ratio of 1:7 in a 200 mL
glass bottle, and the mixed slurries were purged with He for approximately 30 min to drive
off dissolved oxygen. Then, gas-tight vials (Exetainer, Labco) were filled with the mixed
slurries in a helium-filled glove box, and all slurry vials were preincubated at near field
temperature (33 ◦C for August and 6 ◦C for December) for 48 h to eliminate surplus NOx

−

and dissolved oxygen. All vials were injected with 0.1 mL helium-purged stock solutions
of 15NO3

− (15N at 99%) through the septum after 48 h preincubation. The final contents of
15NO3

− in each vial were approximately 100 µM. Subsequently, these vials were separated
into two groups (group A and group B). The microbial activity in vials of group A was
stopped by adding 0.2 mL saturated zinc chloride solution and labeled as initial slurry
samples. The vials of group B (final slurry samples) were further incubated for 8 h, and
the microbial activity in these vials was also stopped by adding 0.2 mL saturated zinc
chloride solution. The 29N2 and 30N2 concentrations in initial and final slurry samples were
analyzed by membrane inlet mass spectrometry (MIMS). According to the 29N2 and 30N2
concentrations in initial and final slurry samples, we calculated potential denitrification
and anammox process rates [5].

The ammonium oxidation membrane inlet mass spectrometry (OX/MIMS) method
was used to determine the potential DNRA rates [36]. The slurry samples were made in
similar ways as the abovementioned denitrification and anammox incubation. Likewise,
all the vials were injected with 0.1 mL helium-purged stock solutions of 15NO3

− (15N at
99%) after pre-incubation. Then, these vials were also separated into group A and group B.
The vials of group A (initial samples) were preserved with 0.2 mL saturated zinc chloride
solution. Then, the vials of group B (final samples) were further incubated for 8 h before
injecting 200 µL saturated zinc chloride solution. All vials were again purged by He (30 min)
to drive off the 29+30N2 generated via denitrification and anammox in the incubation period.
Then, 0.1 mL of hypobromite iodine oxidizer was added to convert the 15NH4

+ produced by
DNRA into 15N2, and the 15N2 contents were analyzed by MIMS. According to the changes
in 15NH4

+ concentrations during the incubation, we further calculated the potential DNRA
rates [5,36].

2.5. Statistical Analysis

We applied a one-way analysis of variance (ANOVA) to determine the spatial vari-
ations in sediment physicochemical parameters and NO3

− reduction rates and relevant
functional gene abundances. The Pearson correlation analysis was used to reveal the rela-
tionships between potential NO3

− reduction rates (denitrification, anammox and DNRA)
with measured functional gene abundances and physico-chemical parameters. In our study,
all the statistical analyses were conducted on the SPSS 19.0 software package (SPSS, Inc.,
Chicago, IL, USA).
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3. Results
3.1. Sediment Physicochemical Parameters

The physical and chemical properties of the sediment are shown in Table 2. Sediment
WC ranged from 53.80 ± 4.23% to 56.76 ± 2.78% in summer and from 50.56 ± 2.58 to
55.08 ± 2.46% in winter, and no significant spatial variations were observed in this study.
The pH and salinity of sediment varied from 7.21 ± 0.04 to 8.25 ± 0.13 and from 0.13 ± 0.02
to 6.41 ± 0.39, respectively, and they exhibited an increasing tendency from the freshwater
area to the high-salinity area (Table 2). Sediment TOC contents in the low-salinity area
(summer: 18.73 ± 1.84 g C kg−1; winter: 18.35 ± 2.57 g C kg−1) were notably larger than
those in the freshwater area (summer: 15.15 ± 1.12 g C kg−1; winter: 13.70 ± 0.56 g C kg−1)
and the high-salinity area (summer: 12.53 ± 1.73 g C kg−1; winter: 11.70 ± 0.35 g C kg−1)
(Table 2). Sediment TN contents varied from 0.98 ± 0.13 g N kg−1 to 2.22 ± 0.14 g N kg−1

in summer and from 1.10 ± 0.21 g N kg−1 to 2.11 ± 0.20 g N kg−1 in winter, exhibiting a
similar spatial variation to TOC (Table 2). In addition, the spatial variation patterns similar
to those of TOC and TN were also detected in NH4

+ (36.11± 4.35 to 86.75± 9.00 mg N kg−1)
and NOx

− (7.32 ± 0.89 to 13.89 ± 1.34 mg N kg−1). The Fe2+ contents in the sediment were
generally higher in the low-salinity area than in the freshwater and high-salinity areas, but
the opposite was true for Fe3+ concentrations (Table 2). The Fe2+/Fe3+ ratios in the low-
salinity area were significantly larger than those in the freshwater area and high-salinity
area (Table 2). Sediment sulfide concentrations varied from 2.80 ± 0.22 mg S kg−1 to
53.75 ± 11.41 mg S kg−1, and the concentrations in the low-salinity area were significantly
higher than those in the freshwater and high-salinity areas (Table 2).

Table 2. Sediment physico-chemical properties in the freshwater, low-salinity and high-salinity area.

Summer Winter

Freshwater
Area

Low-Salinity
Area

High-Salinity
Area

Freshwater
Area

Low-Salinity
Area

High-Salinity
Area

WC (%) 56.76 ± 2.78 a 56.54 ± 3.38 a 53.80 ± 4.23 a 54.26 ± 2.94 A 55.08 ± 2.46 A 50.56 ± 2.85 A

pH 7.25 ± 0.22 c 7.95 ± 0.14 b 8.25 ± 0.13 a 7.21 ± 0.04 C 7.82 ± 0.13 B 8.21 ± 0.11 A

Salinity 0.13 ± 0.02 c 0.28 ± 0.04 b 5.48 ± 0.50 a 0.13 ± 0.02 C 0.28 ± 0.02 B 6.41 ± 0.39 A

TOC (g C kg−1) 15.15 ± 1.12 b 18.73 ± 1.84 a 12.53 ± 1.73 b 13.70 ± 0.56 B 18.35 ± 2.57 A 11.70 ± 0.35 C

TN (g N kg−1) 1.14 ± 0.01 b 2.22 ± 0.14 a 0.98 ± 0.13 c 1.19 ± 0.16 B 2.11 ± 0.20 A 1.10 ± 0.21 B

NH4
+ (mg N kg−1) 50.39 ± 5.65 b 86.75 ± 9.00 a 36.11 ± 4.35 c 42.39 ± 5.40 B 78.98 ± 5.28 A 36.12 ± 4.90 B

NOx
− (µg N kg−1) 8.49 ± 2.31 b 13.75 ± 1.42 a 7.54 ± 0.95 b 8.00 ± 1.71 B 13.89 ± 1.34 A 7.32 ± 0.89 B

Fe2+ (g Fe kg−1) 1.37 ± 0.32 b 2.07 ± 0.34 a 1.24 ± 0.13 b 1.27 ± 0.10 B 1.81 ± 0.22 A 1.19 ± 0.19 B

Fe3+ (g Fe kg−1) 1.28 ± 0.51 a 0.93 ± 0.17 a 1.08 ± 0.15 a 1.18 ± 0.13 A 1.02 ± 0.08 A 1.04 ± 0.13 A

Fe2+/Fe3+ 1.12 ± 0.18 b 2.23 ± 0.24 a 1.17 ± 0.28 b 1.08 ± 0.10 B 1.77 ± 0.18 A 1.15 ± 0.11 B

Sulfide (mg S kg−1) 3.72 ± 0.44 b 48.84 ± 7.86 a 2.80 ± 0.22 c 3.55 ± 0.63 B 53.75 ± 11.41 A 2.49 ± 0.84 B

Different lowercase and uppercase letters indicate significant spatial differences (p < 0.05).

3.2. Sediment nirS, hzo, and nrfA Gene Abundance

Sediment nirS gene abundances varied from 5.86 × 107 to 9.33 × 107 copies g−1 in
summer and from 5.13 × 107 to 8.89 × 107 copies g−1 in winter, and the values in the high-
salinity area were significantly lower than those in the freshwater and low-salinity areas
(Figure 2). The hzo abundances of the sediment were generally lower in the low-salinity
(summer: 2.4 × 106 ± 9.0 × 104 copies g−1; winter: 2.8 × 106 ± 6.7 × 104 copies g−1) area
than in the freshwater area (summer: 3.5 × 106 ± 9.0 × 104 copies g−1; winter: 3.5 × 106 ±
1.4 × 104 copies g−1) and the high-salinity area (summer: 5.3 × 106 ± 6.5 × 105 copies g−1;
winter: 5.1 × 106 ± 2.9 × 105 copies g−1). Sediment nrfA gene abundances ranged from
3.0 × 108 to 3.0 × 108 copies g−1, and the highest and lowest values were observed in
the low-salinity and high-salinity areas, respectively (Figure 2). In addition, no obvious
seasonal changes were observed for the measured gene abundance, except for the nrfA
gene in tg = he high-salinity area (Figure 2).
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Figure 2. The functional gene abundance in the freshwater, low-salinity and high-salinity area.
Different lowercase and uppercase letters indicate significant spatial differences (p < 0.05), and the
asterisks denote significant seasonal differences (p < 0.05).

3.3. Sediment Denitrification, Anammox and DNRA Processes

Sediment denitrification rates ranged from 9.23 to 28.21 nmol g−1 h−1 in summer
and from 2.33 to 5.08 nmol g−1 h−1 in winter, and summer rates were significantly higher
than those in winter. Spatially, potential denitrification rates in the low-salinity area were
significantly higher than in the freshwater and high-salinity areas (Figure 3). Summer
anammox rates in the low-salinity and high-salinity areas were higher than those in the
freshwater area, while the largest anammox rates were observed in the low-salinity area in
winter (Figure 3). Potential DNRA rates varied from 0.27 to 0.73 nmol g−1 h−1 in summer
and from 0.32 to 0.56 nmol g−1 h−1 in winter, and the values in the freshwater and low-
salinity areas were larger than those in the high-salinity area. There were no remarkable
seasonal differences in DNRA except for the freshwater area (Figure 3).
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Figure 3. Sediment NO3
− reduction process rates in the freshwater, low-salinity and high-salinity

area. Different lowercase and uppercase letters indicate significant spatial differences (p < 0.05), and
the asterisks denote significant seasonal differences (p < 0.05).

In NO3
− reduction processes, denitrification was the dominant pathway, contributing

86.83 to 93.85% and 67.52 to 72.51% to the gross NO3
− reduction in summer and winter,

respectively (Figure 4). The anammox (summer: 3.67 to 10.57%; winter: 11.88 to 25.01%) and
DNRA processes (summer: 2.48 to 4.32%; winter: 7.48 to 11.21%) also played a substantial
contribution in total NO3

− reduction. Denitrification contributed more NO3
− reduction
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in winter than in summer, but the opposite was true for anammox and DNRA (Figure 4).
In summer, the contribution of denitrification to total NO3

− reduction in the freshwater
and low-salinity area was higher than that in high-salinity areas. Conversely, in winter, the
importance of denitrification to total NO3

− reduction in freshwater was higher than that
in the low-salinity and high-salinity areas. The changes in the contribution of anammox
to NO3

− reduction were opposite to those of denitrification, but there were no obvious
differences in DNRA contribution across different salinity habitats (Figure 4).
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Figure 4. The proportions of denitrification, anammox and DNRA to gross NO3
− reduction in the

freshwater, low-salinity and high-salinity area.

3.4. Sediment Environmental Variables Influencing NO3
− Reduction Rates

The relationships between NO3
− reduction rates with related gene abundance and

physico-chemical properties wearere shown in Table 3. Therein, potential denitrification
rates were positively related to hzo and nrfA gene abundance, TOC, TN, NH4

+, NO3
−, Fe2+,

and Fe2+/Fe3+ (p < 0.05 or p < 0.01). The anammox rates were only related to salinity, TOC,
TN, NH4

+, NO3
−, Fe2+, Fe2+/Fe3+ and sulfide, but not related to other variables (Table 3).

Potential DNRA rates were positively correlated with nirS and nrfA gene abundance,
TOC, TN, NH4

+, NO3
−, Fe2+, Fe2+/Fe3+ and sulfide, but negatively related to hzo gene

abundance and pH (Table 3).

Table 3. The relationships between NO3
− reduction rates with relevant gene abundance and physico-

chemical properties.

nirS hzo nrfA WC pH Salinity TOC

Denitrification 0.45 −0.49 * 0.50 * 0.42 0.07 −0.18 0.53 *
Anammox 0.10 −0.27 0.46 0.05 0.37 −0.63 ** 0.53 *

DNRA 0.79 ** −0.85 ** 0.78 ** 0.43 −0.34 0.10 0.77 **

TN NH4
+ NOx

− Fe2+ Fe3+ Fe2+/Fe3+ Sulfide

Denitrification 0.53 * 0.60 * 0.48 * 0.64 ** −0.17 0.69 ** 0.45
Anammox 0.66 ** 0.61 ** 0.64 ** 0.56 * −0.21 0.55 * 0.76 **

DNRA 0.72 ** 0.81 ** 0.68 ** 0.75 ** 0.07 0.62 ** 0.62 **

* p < 0.05, ** p < 0.01, n = 18.

4. Discussion

The NO3
− dissimilatory reduction processes, including denitrification, anammox and

DNRA, play an important role in controlling reactive N loadings in the ecosystems of



J. Mar. Sci. Eng. 2022, 10, 761 8 of 11

estuaries and coasts [10,11]. In this study, we explored the spatio-temporal variations in
sediment NO3

− reduction processes along a salinity gradient in the Yangtze Estuary. Our
results showed that an obvious distribution characteristic was observed for denitrification,
anammox, and DNRA rates along the salinity gradient, and the highest process rates gener-
ally occurred in low-salinity areas (Figure 3). Here, there was no significant relationship
between denitrification and anammox with salinity, except for DNRA (Table 3), indicating
that salinity may not be the most important factor controlling NO3

− reduction process
rates. Previous studies have noted that sediment denitrification and DNRA rates are tightly
related to redox potential, TOC, NO3

− and sulfide in aquatic environments [2,13,37]. Deni-
trification, anammox and DNRA are anaerobic processes, and they are favorable in low
oxygen environments [5,13]. Although we did not measure the oxygen concentrations, the
Fe2+/Fe3+ indicated this phenomenon (Table 2). The TOC, sulfide and NO3

− can act as
available electron donors and substrates for denitrification and DNRA and promote these
two processes [9,16]. Additionally, many studies also indicated that anammox is easily
stimulated by C and N available substrates, which can provide an advantageous condition
for anammox bacteria although it does not require a direct energy source [1,5]. These
speculations were supported by the positive relationships between sediment denitrification,
anammox and DNRA with TOC, TN, NH4

+, NOx
− and Fe2+/Fe3+ in the present study

(Table 3). In general, the C and N substrates were larger in upriver areas because there were
more loadings of terrestrial substrates here [38]. Based on this principle, denitrification,
anammox and DNRA rates may show a decreasing trend from freshwater to high-salinity
areas, but the same was not true for these process rates (Figure 3). The highest process rates
of denitrification, anammox and DNRA in low-salinity areas were mainly attributed to
the higher C and N substrate contents [10,13,16]. The sampling locations of low-salinity
areas are located near the wastewater outfall with more wastewater input [26], which
significantly increased sediment C and N concentration and NO3

− reduction rates. Besides,
the turbulent condition could increase dissolved oxygen concentration at the sediment
level and consequently delay the denitrification rates [39]. Here, the turbulent condition
may be more evident in the high-salinity area than in the freshwater and low-salinity areas,
which helps to explain the lower denitrification rates in the high-salinity area.

In addition, many works have suggested that NO3
− dissimilatory reduction processes

are regulated largely by the related microorganism, and nirS, hzo and nrfA gene abundance
can be regarded as an important indicator in the understanding of denitrification, anammox
and DNRA process rates, respectively [19,40]. However, an obvious association was only
observed between DNRA rates and the abundance of the nrfA gene (Table 3). This result
implied that functional gene abundance may not be the most important factor affecting the
denitrification and anammox processes. Nevertheless, functional gene abundance at the
DNA level may not truly convey microbial activities [2,40], and further studies should be
carried out to explore the importance of microorganisms in nitrogen transformations.

Seasonally, NO3
− reduction rates in summer were generally larger than those in winter,

except for anammox in low-salinity areas and DNRA in high-salinity areas (Figure 3). This
phenomenon might be attributed to temperature changes [13,16]. In general, denitrification,
anammox and DNRA activities are sensitive to temperature. Previous works have shown
that the optimum temperatures for denitrification and anammox processes are about
25–27 ◦C and 30–35 ◦C, respectively, while DNRA rates generally increase with increasing
temperature in natural ecosystems [11,41–43]. In this study, the temperature in summer and
winter was about 32 ◦C and 5 ◦C, respectively. Hence, higher temperatures in summer can
promote NO3

− reduction rates to a certain extent, shaping the seasonal patterns of these
process rates. However, it should be noted that summer anammox rates in low-salinity
areas were lower than those in winter (Figure 3). The result might be ascribed to the fact that
larger sulfide concentrations inhibit anammox activity in high-temperature conditions [13],
but this needs to be confirmed further.

Reactive N loadings in the environments of estuaries and coasts have significantly
increased over the past century, which resulted in a series of eco-environmental prob-
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lems [44,45]. Hence, N transformation processes and their ultimate fate have attracted much
attention in estuarine and coastal ecosystems [10,13,16]. A comprehensive understanding
of sediment NO3

− reduction processes and relative contributions along estuarine salinity
gradient is indispensable in the context of high N loadings [2,16]. In the present study,
denitrification dominated the total NO3

− reduction process (summer: 86.83 to 93.85%;
winter: 67.52 to 72.51%), while anammox (summer: 3.67 to 10.57%; winter: 11.88 to 25.01%)
and DNRA (summer: 2.48 to 4.32%; winter: 7.48 to 11.21%) also played a substantially
important role in NO3

− reduction (Figure 4). The relative proportions of denitrification,
anammox and DNRA to gross NO3

− reduction in this study area were comparable to other
estuarine and coastal wetlands [13,16,42,46]. This implied that denitrification played a vital
role in eliminating reactive N loads, and we also should consider the anammox and DNRA
processes when evaluating the NO3

− reduction processes and their fate in these estuarine
and coastal zones. Additionally, the importance of DNRA in gross NO3

− reduction in
winter was markedly higher than that in summer, indicating reactive N retention in winter
was larger than in summer. It should be noted that the contributions of denitrification and
DNRA in high-salinity areas were generally lower and higher than those in freshwater
areas, respectively (Figure 4), suggesting that the estimations of reactive N budgets in
different salinity areas should be based on actual environmental variables [13,16]. Overall,
our study provided valuable information about the N transformation processes in estuarine
zones, which was helpful for us to comprehend the control of reactive N loadings.

5. Conclusions

In the present study, we explored the anaerobic NO3
− reduction process dynamics

along the estuarine salinity gradient. Potential denitrification, anammox and DNRA process
rates showed a large spatio-temporal variation, ranging from 2.33 to 28.21 nmol g−1 h−1,
0.43 to 1.87 nmol g−1 h−1 and 0.28 to 0.74 nmol g−1 h−1, respectively. The NO3

− re-
duction processes in low-salinity areas were generally higher than those in freshwater
and high-salinity areas due to the higher available C and N substrate. Denitrification
was the dominant process (67.52 to 93.85%) in total NO3

− reduction, while anammox
(3.67 to 25.01%) and DNRA (2.48 to 11.21%) also played a substantial contribution in NO3

−

reduction. The proportions of denitrification and DNRA to NO3
− reduction in high-salinity

areas were lower and higher than those in freshwater areas, respectively. Sediment TOC,
TN, NH4

+ and NO3
−, rather than salinity and relevant gene abundance, were the important

environmental variables affecting NO3
− reduction process rates and proportions. These

results highlighted that changes in sediment environmental variables caused by human
activities can alter the distribution patterns of NO3

− reduction processes.
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