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Abstract: The long-term leaching behavior of incineration bottom ash (IBA) was studied with large-
scale samples from two German waste incinerators with grate technology. The observation period
was up to 281 days. The aging processes proceeded faster in the outdoor storage of the samples. The
dominant factor in the leaching behavior is the pH, which starts at values above 12 and decreases
to values below 10 (outdoors, <11 indoors). Most heavy metals exhibit minimum solubility in this
pH range. The solubility of Sb depends on the prevailing Ca concentration, due to the formation
of low-soluble Ca antimonate. The very low sulfate concentrations observed in the leaching tests
with fresh IBA could be explained by the presence of ettringite. In the course of the aging reaction,
ettringite is transformed into gypsum. The results from batch tests were compared with those from
column tests, showing reasonable agreement. Leaching dynamics can be better followed with column
tests. All results confirm that the use of IBA is possible under German law.

Keywords: aging; incineration bottom ash; leaching; secondary building materials

1. Introduction

The global generation of municipal solid waste (MSW) was 2.1 billion tons per year
(reported data collected from 2011–2017) and is expected to increase to 3.4 billion tons by
2050 [1]. The report assumes that at least 33% of this amount is simply dumped, without
complying with environmental standards. According to the available data on the country
level, 13.1% is incinerated, i.e., 272 million tons, enabling a high degree of hygienization
for the treated waste. Furthermore, waste incineration results in a 90% reduction of waste
volume. However, solid residues such as bottom ash and products from air pollution
control (APC), i.e., fly ash, residues from dry or semi-dry APC systems, or sludge from
waste water treatment are produced [2]. Incineration bottom ash (IBA) constitutes the
largest residual fraction at approximately 25%, while APC residues vary between 2–5%,
depending on the specific APC system [3].

IBA from waste incineration consists of solid phases such as glass, ceramics, ash, and
metals (ferrous, Fe; and non-ferrous, NFe) already contained in the MSW, as well as new
phases that are formed during the incineration process [4–7]. The recovery of elemental
metals from IBA is nowadays state-of-the-art technology for ferrous and also non-ferrous
metals [8]. High revenues are achieved for the NFe metals, especially for copper and
brass. The five main chemical elements in IBA are Si, Ca, Fe, Al, and Na. While Si and
Ca are bound as oxides and silicates, Al and Fe occur not only as oxides but also in their
elemental form. Na is also present as chloride, Ca also as sulfate [3]. IBA is an extremely
inhomogeneous material, and its exact composition depends greatly on the type of waste
incinerated, the conditions of incineration, and further treatment steps [4,9,10]. A typical
IBA composition [4,11,12] is as follows:

• 9% inert material (glass, ceramics, stones, etc.);
• 1% unburned (residual organic matter);
• 10% metals (8% Fe metals and 2% NFe, mainly Al and Cu or Cu alloys);
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• 40% ash;
• 40% melted products (slag).

The APC residues contain considerably more heavy metals and organic pollutants,
such as dioxins and furans, which hampers use of the material [13]. Using IBA, usually after
a treatment in which at least the elemental metals are separated, is widely accepted [14].
The treatment processes are described in detail elsewhere [8,15–19]. An important use
pathway is as a sub-base material for road construction [20,21].

A three-month aging period has been established as the common practice for initial
treatment of bottom ash before reuse applications. In the course of this aging, contaminants
are immobilized by processes like carbonation, hydration, and oxidation. In particular, the
leaching of heavy metals is reduced to environmentally acceptable levels as required for
disposal of IBA on landfills [22]. The leaching behavior of ashes is influenced by parameters
such as the pH of the leaching solution, the redox potential (pE), the liquid-to-solid ratio
(L/S in L/kg), and the contact time or flow velocity (in column percolation tests) [23–25].
For most heavy metals, the pH value during the leaching test is the dominant factor. In
contact with water, IBA reacts alkaline due to the presence of Ca(OH)2, a reaction product
from CaO formed during the incineration process. From the solubility product of Ca(OH)2
(KL = 5.5 × 10−6 mol3 L−3 [26]), a maximum pH of 12.35 can be calculated. Observed
pH values in standard leaching tests are even higher. During aging, calcium oxide and
hydroxide in IBA react with CO2 from the atmosphere (or rain in the case of outdoor
storage) and forms CaCO3, which is almost insoluble, and therefore does not react alkaline.
The observed pH values in the leaching test decrease, and so does the concentration of most
heavy metals. The leaching of chloride and sulfate is less influenced by the pH [27], but is
also relevant for use. The legal requirements for using IBA in Europe have recently been
reviewed by an expert group [14]. The set limit values address the release of contaminants
during use (mainly heavy metals and salts), emphasizing the importance of the leaching
behavior. It has been stated that the overall utilization rate of IBA is approximately 54%.
An upcoming issue is the classification of IBA according to the European List of Waste
(LoW). The assessment of the ecotoxicity (hazardous property HP 14) of IBA is still under
discussion [28,29]. Requirements for the total content of constituents are rarely defined
for landfilling or using IBA; instead, leaching limit values are set. Therefore, the leaching
behavior of IBA has been the topic of various research and review articles [30–36].

The present study was performed with three main objectives: (1) to investigate the
leaching behavior of IBA in the course of the aging process for up to 281 days through batch
tests with constant L/S ratios and column leaching tests, allowing a comparison of the
different leaching approaches; (2) to compare the leaching data obtained with modelling
results using the geochemical software Visual MINTEQ 3.1 [37], based on MinteqA2 [38],
to identify relevant species in the leaching processes and to enable the prediction of heavy
metal concentrations in the leachates; and (3) to perform nearly complete chemical analyses
of leachates and solid contents, making it possible to elucidate the reaction mechanisms
in the aging process. Finally, conclusions are drawn on the use of IBA as secondary
building material.

2. Materials and Methods

Bottom ash samples from two different waste incineration plants in Germany (plant A
and plant B, both using grate technology with a wet extraction system) were taken right
after leaving the wet extraction unit of the incinerator and the subsequent removal of
ferrous and non-ferrous metals through magnet and eddy current separation (sample A:
15 June 2021, sample B: 22 March 2023). Sample size was in the range of 400–600 kg each,
large enough to generate homogenous test samples for the investigations performed in
the lab. Batch tests were performed according to DIN 19529 [39] (L/S = 2 L/kg) and DIN
EN 12457 [40] (L/S 10 L/kg). A representative sample mass of approximately 2.5 kg for
each test was split into several subsamples, which were shaken in several glass bottles for
24 h. After 15 min of settling, the supernatants were recombined. Pressure filtration was
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subsequently conducted through a 0.45-µm cellulose nitrate membrane filter for liquid-solid
separation. All leaching tests were performed at least twice. Column tests were performed
according to DIN 19528 [41] up to an L/S ratio of 10 L/kg. According to the standard, an
L/S ratio of only 4 L/kg is required for basic characterization (or even L/S = 2 L/kg for the
compliance test option in Germany). In column tests, the eluate is generated continuously
over the complete test duration. Concentrations can therefore be determined for individual
L/S ratios. DIN 19528 prescribes the L/S ratios as 0.3, 1.0, 2.0, and 4.0 L/kg; in this study,
we also examined L/S = 7 L/kg and 10 L/kg. For a comparison of results from batch and
column tests at different L/S ratios, the respective concentrations in mg/L were converted
to leached amount E in mg/kg by multiplying by the respective liquid-to-solid ratio (L/S
in L/kg). For the batch tests, this ratio is commonly 2 or 10 L/kg.

To determine the total concentration of most elements as cations (Al, As, B, Ba, Ca,
Co, Cd, Cr, Cu, Fe, Hg, K, Mg, Mn, Mo, Na, Ni, P, Pb, S, Sb, Se, Si, Sn, Sr, Ti, Tl, V, Zn),
a digestion using aqua regia was performed according to DIN ISO 11466 [42]. For this
purpose, 0.5 g of the ground sample was placed in a PTFE container, and 12 mL of aqua
regia (HNO3 65% 3:1 HCl 37%) was added. Subsequently, the container was subjected to
microwave digestion using an Albert Romera ATC-400 microwave for 20 min. The cations
were analyzed using a Thermo Scientific iCAP 7000 ICP-OES equipped with an ASX-200
autosampler. Prior to sample measurements, calibration using external standards was
necessary. For lower cation concentrations, additional ICP-MS measurements were carried
out using a Thermo Scientific iCAP Qc instrument with the same aqua regia digestions.

For anion determination (F−, Cl−, NO2
−, Br−, NO3

−, SO4
2−, PO4

3−), extractions with
Na2CO3 were performed. In this procedure, 1 g of the sample and 10 g of Na2CO3 were
brought to a boil with 100 mL of water under agitation and maintained at this temperature
for 10 min. Subsequently, hot filtration was conducted, and the final volume was adjusted
to 250 mL. Ion chromatography was performed using a Thermo Scientific Dionex Integrion
system equipped with a Dionex Suppressor ADRS 600, an AS-AP autosampler, and a KOH
gradient to determine the concentration of anions.

IBA was leached in the acidic pH range with maleic acid at pH 4. Maleic acid was
chosen as the acidifying agent as suggested in the practice note of the German associations
ITAD and IGAM for the assessment of HP 14 properties [43] of IBA [44,45]. In brief, 1 g of
sample (milled to <0.25 mm grain size) was used in a triple approach. An amount of 40 mL
of an extraction solution, containing 0.1 mol/L maleic acid and 0.1 mol/L sodium acetate,
was added to the samples in centrifuge tubes. To adjust the pH to 4.0, 1.5 mol/L nitric acid
or 1.0 mol/L sodium hydroxide solution was slowly added. The tubes were then shaken
at 150 rpm for 24 h. After 1, 2, 4, and 6 h, the pH was adjusted to 4.0 with the previously
mentioned chemicals, if necessary. After 24 h, the tubes were centrifuged at 6000 rpm, the
eluate was collected, and residues were twice washed with 4 mL of water and centrifuged
again. Finally, the tubes were filled up to 50 mL with water, i.e., the L/S ratio was 50 L/kg.
For cation analyses using ICP-OES and ICP-MS, the samples were additionally acidified
with concentrated nitric acid.

Aging experiments were carried out with samples A and B, each lasting approximately
3 months. Polyethylene containers (78 × 49 × 32 cm) were used for this purpose, each
filled with approximately 50 kg of fresh bottom ash, prepared 3–5 days after sampling
in the waste incineration plants. These containers were subjected to outdoor weather
conditions on a rooftop (samples A and B outdoor) and, for comparison, stored indoors in
a facility (samples A and B, indoor). The experimental setup was fundamentally the same
for both ash samples. However, variations in the aging experiments were expected due to
differing levels of rainfall, thus causing some differences in the results. Over the period
from 30 June 2021 to 29 September 2021, the weathered outdoor sample A experienced a
total of 348 L/m2 of precipitation, whereas sample B recorded only 87 L/m2 of precipitation
from 31 March 2022 to 27 June 2022. Initially, sampling occurred on a weekly basis, with
the intervals between samplings being extended later as minimal changes were anticipated.
The methodology is displayed in Figure 1.
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3. Results

Table 1 shows the total content of substances in the two bottom ash samples used
for the aging experiment compared with data from the literature. The experiments were
performed with the grain size fraction <22 mm; material >22 mm was excluded from the
investigation. The mean values of triplicate analyses are presented for samples A and B.
However, it is known that IBA is an extremely inhomogeneous material. For comparison,
data from the literature (mean values, together with minimum and maximum values) are
also shown in Table 1.

Table 1. Total content of substances in the test material in mg/kg (extraction with aq. regia, excep-
tion labelled). Ferrous and non-ferrous metals were removed from the IBA samples on site, at a
technical scale.

Element Sample A Sample B Literature 1

[46]

Ca 67,793 76,417 130,833 (50,825–198,289)
Si 2 224,100 161,800 82,713 (6106–96,078)
Fe 38,530 52,932 58,714 (34,216–11,822)
Al 15,098 16,490 47,232 (30,527–75,089)
Na 10,916 9599 21,379 (12,308–34,791)
Mg 4781 4655 12,429 (6377–34,372)
K 3663 2504 7748 (4854–12,722)
P 3247 4378 5633 (2531–12,556)
Ti 2687 2661 4244 (2873–7479)
S 2853 3785 3862 (131–16,808)

Cu 1216 2883 3275 (738–17,620)
Zn 1671 2504 3241 (1142–9370)
Pb 475 418 1309 (197–6441)
Mn 546 929 1173 (644–2248)
Ba 774 1483 1102 (760–297)
Cr 28 180 353 (115–852)
Sr 132 213 271 (267–369)
B 89.5 26.1 198 (30–532)

Ni 85.0 100.8 185 (38–850)
Sn 2 134.7 213.0 181 (52–737)
Sb 54.1 88.4 73 (18–250)
V 16.5 15.3 41.2 (19–248)

Co 35.7 32.9 31.8 (11–103)
Mo 4.4 8.2 30.1 (5–84)
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Table 1. Cont.

Element Sample A Sample B Literature 1

[46]

As 7.8 34.2 17.3 (4.4–73.2)
Cd 1.9 1.1 4.8 (1.1–117)

Carbonate (%) 3 5.4 5.0 12,215 (5232–20,760)
LOI (%) 4 1.93 1.8 1.0 (0.1–4.2)
Chloride 5 2318 4485 9211 (3644–37,633)
Sulfate 5 7337 16,544 11,586 (393–50,424)

1 Data format: mean value (min-max); 2 analyzed by X-ray fluorescence analysis; 3 as CaCO3, analyzed by gas
volumetry; 4 analyzed gravimetrically after thermal treatment at 500 ◦C; 5 analyzed by ion chromatography (see
anion determination in methodology section).

Standardized batch tests were performed at L/S ratios of 2 and 10 L/kg. The sample
size for the batch tests were 500 and 100 g per liter, respectively. Effects of inhomogeneity
are here less relevant than in the analysis of the total content using aqua regia with a sample
size of 0.5 g. The presence of, e.g., a small metallic Cu or brass particle could lead to high
Cu or Zn values after digestion even after careful lab sample preparation, whereas the
impact in the leaching test would be small. The observed pH values of the leaching tests
shortly after sampling (“fresh” IBA) were between 12.3 and 12.5, without any significant
differences between the two L/S ratios. In the course of the aging experiment (“aged”
IBA), the pH values dropped to values below 10 for the material stored outdoors and
below 11 for the material stored indoors. Further, the decline in pH in the leaching tests
was faster for the outdoor samples than for the samples stored indoor. The alkaline pH
values are due to the presence of CaO and Ca(OH)2 in IBA, which reacts with CO2 from
the air or in rain forming CaCO3 [47]. As a result, pH values decrease to lower values.
Figure 2 shows the pH curves (separated for indoors and outdoors) as a function of storage
time. Obviously, the aging process is more efficient under outdoor conditions involving
rainwater. The reason for that could be a more effective penetration of CO2 containing
rainwater through the material, compared to the heterogeneous gas-solid reaction only. The
complete numerical data set can be found in the Supporting Information (SI), SI Table S1.
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Figure 2. pH values measured at the end of the batch leaching test performed with samples A and
B. Filled symbols are results at an L/S ratio of 10 L/kg, unfilled symbols at an L/S ratio of 2 L/kg.
Green: sample A, blue: sample B. The decline of pH in the leaching test is faster for samples stored
outside and goes to lower values (see text).

The leaching of most heavy metals is a function of pH. In the present investigation,
the release of heavy metals was observed at the pH values at the end of the standardized
batch test, ranging between 12.5 and 8.8 (sample A after 281 days; see Figure 2), and
at a pH of 4 (leaching with maleic acid). In order to compare the experimental results
obtained at different L/S ratios and during leaching with maleic acid, the concentrations
were converted to leached amount (E) in mg/kg. A significant dependence of the release as
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a function of pH was observed for Cu, Zn, Pb, and Sb, as displayed in Figure 3. Differences
in the leached amount at the two different L/S ratios, as well as between outdoor and
indoor storage, were not significant. Cu, Zn, and Pb showed a parabolic curve with
minimum release in the range of pH 9–10. The reason for this behavior in the alkaline
branch of the curve is the formation of soluble hydroxo complexes with the formulas
Me(OH)3

− and Me(OH)4
2− at high pH values, i.e., high concentrations of OH−. At lower

pH values, low-soluble hydroxides are precipitated, resulting in significantly lower metal
concentrations. Especially in the case of Pb, the curve has a steep rise from pH 11 to 12.5,
and the leaching concentrations increase here by four orders of magnitude. The leached
amount of copper differs significantly between sample A and B. The reasons for this could
be the higher Cu content in sample B (see Table 1) which, however, might not be systematic
(inhomogeneity being observed especially for Cu and Zn, see above). Most likely, the reason
for the difference is a higher concentration of dissolved organic carbon in the leachates
(50–60 mg/kg for sample A, 100–140 mg/kg for sample B, both values calculated as leached
amounts from TOC data in mg/L in both the batch and column experiments), resulting
in enhanced copper complexation [48]. The influence of organic carbon, especially on
copper complexation, has been intensively studied in the past [49–52]. However, it was
outside the scope of the present study to include complexation reactions in the modelling
of the experimental results. An almost linear dependence of the observed release of Cu as
function of TOC is shown in the SI (Figure S1). The TOC dropped to lower values for the
material stored outside compared to those from indoor storage.

The solid lines in Figure 3 for Cu, Zn, and Pb display the modelling results with the
Visual MINTEQ program [37]. A rather simple modelling approach was selected. It was
based on the leaching results at L/S = 10 L/kg for Cu, Zn, Pb, Sb, Ca, Na, sulfate, and
chloride for dissolved species, and Cu(OH)2, PbCO3, ZnCO3, Ca-antimonate, and ettringite
as solid phases (entered as finite species in Vminteq, see SI Table S2). Solid phases tenorite
(CuO), larnakite (Pb2(OH)2SO4), and melanothallite (CuCl) were defined as excluded
species because their presence in the model caused a failure of calculation at pH values 5.5
and 6.0. This has only a minor effect on the results because precipitation occurs mainly in
the form of hydroxides, carbonates and (pure) sulfates. The Sweep function in the Vminteq
program was applied to vary the pH from 3 to 13 in steps of 0.5 pH units. The respective
hydroxo species of Cu and Zn were present in the integrated database thermo.vdb. Species
Pb(OH)4

2− was not present and was therefore added, using the values for the stability
constant from the MinteqA2 database MTQ3.11 (log K = −36.699) [38].

The leached amount at a pH of 4 is greater by at least one order of magnitude than
the maximum values in the alkaline branch. Leaching at a fixed pH of 4 with maleic acid
was included in the present study to compare leached amounts under “natural” conditions,
i.e., from neutral to alkaline pH values to the acidic range, where the heavy metal release
is significantly higher. However, the presence of maleic acid, i.e., possible complexation
reactions with the organic ligand, was not included in the geochemical modelling with
Visual MINTEQ. The solid lines in Figure 3 are almost horizontal in the pH range from 3 to
5 because the solid phases entered into the program were lower than the real concentrations
in the samples.

The observed leaching results of Sb could not be modelled as function of pH with the
applied simple approach. There is, therefore, no solid line in Figure 3d. The pH- dependent
leaching of Sb is influenced by sorption on iron oxides and amorphous Al minerals, which
are always present in IBA [53]. However, sorption was also not included in the model here.
Nonetheless, precipitation was modelled by the addition of solid phase Ca-antimonate to
the database, using a value for log Ks of −12.55 [54].
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Figure 3. Leached amount (E) in mg/kg as a function of pH for the elements Cu (a), Zn (b), Pb (c),
and Sb (d). Filled symbols are results at an L/S ratio of 10 L/kg, unfilled symbols at an L/S ratio of
2 L/kg. Green: sample A; blue: sample B.

Antimony (Sb) exists as the less toxic Sb(V) in IBA [55], i.e., specifically as oxyanion
Sb(OH)6

− [27,56]. It shows a completely different dependence on pH from Cu, Zn, and
Pb ( see Figure 3d). In contrast, a correlation between the concentration of Ca and Sb
was already found in landfill leachates in the 1990s [48]: high Sb concentration at low
Ca concentration and vice versa, suggesting the precipitation of Sb(V) by Ca ions. The
authors gave a stability constant log K = −15.5 for Ca(Sb(OH)6)2, changed in a later work to
log K = −12.55 [54]. This finding was confirmed by various research groups [27,53,56] and
was also reproduced in the present investigation, at least with the batch tests performed
at an L/S ratio of 10 L/kg(see Figure 4). Here, the Ca concentrations were mostly in the
narrow range between 100 and 250 mg/L (displayed as leached amount in mg/kg). In
the batch tests with L/S = 2 L/kg, the data show more scattering. However, a reasonable
agreement between the experimental data and the modelling results (Visual MINTEQ,
using log K of Ca-antimonate = −12.55) was found, i.e., high Sb concentrations at low Ca
concentration and vice versa.
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Figure 4. Leached amount of Sb as a function of Ca ions in batch test with L/S = 10 L/kg. Green:
sample A; blue: sample B; black squares and dotted line: modelling results with Visual MINTEQ).

The leached amount of soluble components such as Na and Cl showed little variance
with storage time and thus with the pH of the leachate. Large differences were observed,
of course, between the samples with outdoor and indoor storage. Na and Cl dropped by
more than 90% in sample A, which was stored outdoors (see Figure S2 in SI). The effect
was much lower for sample B, due to less rainfall (factor 4: sample A 348 L/m2, sample B
87.0 L/m2), see the precipitation curve in Figure S2 in the SI.

The measured sulfate concentrations changed drastically during the course of the
aging experiment, indicating that, at least in the beginning with fresh IBA, gypsum
(CaSO4 × 2 H2O) is not the dominant phase present. For sample A, the sulfate concentra-
tions were below 100 mg/L in the first 4 weeks in both standardized batch tests (i.e., leached
amount <1000 mg/kg at L/S = 10 L/kg and <200 mg/kg at L/S = 2 L/kg), although the
solubility of CaSO4 is 2000 mg/L [26] (see Figure 5). This effect was also observed with
sample B, but less pronouncedly. Maximum sulfate concentrations between 1300 and
1400 mg/L were observed after 10–12 weeks of storage time outdoors; the sulfate concen-
trations of the samples indoors did not exceed 1000 mg/L. Such low sulfate concentrations
in leaching tests were also found in an Italian study of IBA in which the material from two
of the five plants investigated showed low concentrations ranging between 5 and 47 mg/L
at an L/S = 10 L/kg [57]. Meima and Comans found that the formation of ettringite in
fresh IBA (formed from anhydrite in the unquenched state, i.e., before contact with water
in the wet ash discharging system) may be responsible for this behavior [58]. Ettringite is a
minimally soluble sulfate species (Ca6[Al(OH)6]2(SO4)3x26 H2O (log KL = −44.9 [59,60]).
At lower pH values (i.e., in batch tests with aged IBA), ettringite is no longer stable and
other, more soluble Ca-sulfate species are formed [61].

The time-dependent behavior of sulfate can be observed even better in the column tests
performed according to DIN 19529. In column tests, the respective concentrations in mg/L
are measured at fixed L/S ratios, here at 0.3, 1, 2, 4, 7, and 10 L/kg. The leached amount
determined in batch tests can be compared with the cumulative release of substances in
a column test. First, the concentrations in the distinct leaching fractions are converted to
leached amount (Ei) and then added together for the cumulative release Ui (Ui = Σ Ei).
The maximum cumulative release of sulfate at L/S = 10 L/kg in the column experiment
with fresh IBA was around 80 mg/kg (Figure 6b), whereas more than 1250 mg/kg was
measured for the aged IBA sample (Figure 6d). The curves in Figure 6c,d can be explained
by the presence of gypsum. In practice, the early transformation from ettringite to gypsum
is not noticed because leaching tests are rarely performed with fresh bottom ash samples.
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Figure 6. Measured concentrations (a) and calculated cumulative release U (b) of sulfate in fresh IBA
(sample A) and after 84 days of indoor storage time (c,d, respectively). The results of the batch tests
at L/S = 2 and 10 L/kg are drawn in the graphs (filled and unfilled squares) of cumulative release
(b,d). Note the completely different scale of y-axes of (a,b) in comparison with (c,d).
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The cumulative release for most heavy metals remains almost unchanged over the
storage time (i.e., almost no difference between fresh and aged IBA), see the example of Cu
in SI (Figure S4).

A reasonable agreement between batch and column tests was found for most analyzed
components. Discrepancies are in the range of less than one order of magnitude, as shown
in Figure 7 (numerical data in SI Table S2). As expected, the batch tests at the higher L/S
ratio of 10 L/kg yielded slightly greater results for the leached amount than the batch tests
at an L/S = 2 L/kg (see Figure S5 in the SI) simply due to the higher dilution factor.
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Figure 7. Comparison of batch test results (leached amount, y-axis) and column test results (cumula-
tive release, x-axis) at L/S = 2 L/kg (blue symbols) and 10 L/kg (orange symbols). (Left): fresh IBA;
(Right): IBA after 84 days of indoor storage.

4. Discussion and Conclusions

Incineration bottom ash consists of roughly 10% metals (Fe and NFe such as Cu,
Cu alloys, and Al) and 90% mineral material. The recovery of the elemental metals has
been improved over the years, so that the mineral fraction contains only traces of metal
particles [8,15]. In Switzerland, there is a legal requirement to remove non-ferrous metals
from IBA to less than 1% by weight [62]. The recovery of elemental metals is favorable
economically due to achieved revenues and environmentally due to lower heavy metal
content in the mineral fraction. In other European countries, including Germany, the
recovery of NFe is common practice without being legally prescribed.

The remaining mineral material should be at least suitable for landfilling. In Germany,
a first legal definition of requirements for landfilling of waste that cannot be otherwise
used was the Technical Instruction Municipal Waste (TA Si), with two classes of landfills
(“Deponieklasse I and II”) [63]. Later, most of these limit values (defined for leaching
tests with an L/S = 10 L/kg) were adopted into the German Ordinance on Landfills, with
five classes (DK 0 for inert waste and DK I–IV for other waste) [64]. The requirements are
mainly related to the leaching properties of IBA and are displayed for DK 0–II in Table 2.
In the 1990s, it was unclear for operators of waste incineration plants whether IBA fulfills
the requirements for Deponieklasse I, mainly due to the lack of appropriate studies of its
leaching behavior. The limit value for Pb in TA Si was 0.2 mg/L. At that time, the storage
of IBA to allow for the completion of the aging reactions described above before landfilling
or use was not commonly established. Leaching tests with fresh bottom ash frequently
yielded Pb concentrations around 1 mg/L, i.e., 10 mg/kg (L/S = 10 L/kg), as also observed
in the present study (see Figure 3). However, it was rapidly recognized that the heavy metal
concentrations decrease with the pH of the leachate as a result of the aging reactions [22].
This finding is confirmed with the results from the present study. The storage of IBA prior
to landfilling or use, allowing alkaline earth oxides and hydroxides to react with CO2, is a
necessity to immobilize contaminants.
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Table 2. Legal requirements for the use and landfilling of IBA. The limit values have been converted
from concentrations to leached amounts because different leaching procedures are anticipated to check
the requirements for use (HMVA-1 and-2: L/S = 2 L/kg) and landfilling (DK 0–II: L/S = 10 L/kg).

Parameter Unit HMVA-1 HMVA-2 DK 0 DK I DK II

pH value - 7–13 7–13 5.5–13 5.5–13 5.5–14
Electrical conductivity µS/cm 2000 12,500
DOC mg/kg 500 800 1000
Cl mg/kg 320 10,000 800 15,000 25,000
SO4 mg/kg 1640 6000 1000 20,000 20,000
Sb µg/kg 20 120 60 300 700
Cr (total) µg/kg 300 920 500 3000 10,000
Cu µg/kg 220 2000 2000 10,000 50,000
Mo µg/kg 110 800 500 3000 10,000
V µg/kg 110 300
As µg/kg 500 2000 2000
Pb µg/kg 500 2000 10,000
Cd µg/kg 40 500 1000
Ni µg/kg 400 2000 10,000
Hg µg/kg 10 50 200
Zn µg/kg 4000 20,000 50,000
Total dissolved matter mg/kg 4000 30,000 60,000
TOC (solid content) % 1 1 3

To save scarce landfill volume, today’s aim in thermal waste treatment is to also
use the mineral fraction of IBA. The most important use pathway of IBA is as secondary
building material [47]. The requirements for the use of IBA in Europe were reviewed
by Blasenbauer et al. [65]. Some countries have requirements on total content for certain
parameters (e.g., TOC, loss on ignition, organic compounds), but usually the leaching
behavior is decisive. Applied test procedures are mainly batch tests with L/S ratios
of 2 and 10 L/kg and to a lesser extent percolation tests with L/S ratios from 0.1 to
10 L/kg. The limit values from the German Ordinance for Secondary Building Materials
(defined for L/S = 2 L/kg) were implemented later (2021) and are listed in Table 2 for the
material classes HMVA-1 and HMVA-2, with HMVA-1 enabling more permitted installation
methods. For comparison, the limit values from the German Ordinance on Landfills are
also listed (all values are converted to leached amount in µg/kg). It is commonly accepted
that the results from batch tests at an L/S = 2 L/kg are closer to field conditions than those
at an L/S = 10 L/kg [66]. Nevertheless, it was shown that the results are at least in the
same order of magnitude.

It can be seen that the limit values for use according to HMVA-2 are less strict than the
limit values for the inert landfill DK 0, although IBA is actually not classified as inert waste
for DK 0. This is the case for most European countries except for Denmark and Sweden [14].

Our results reveal that IBA surely complies with the limit set for HMVA-2, but the
quality requirements for HMVA-1 were not reached, mainly due to the parameters chloride
and sulfate. The solid contents of chloride and sulfate are too high (see Table 1) and alkaline,
and alkaline earth chlorides and even calcium sulfate exhibit higher solubilities than the
allowed limits. As shown in the present study, ettringite with a low solubility is not stable
in the course of the aging process and is transformed into other, more soluble calcium
sulfate phases. The use of IBA as aggregate in concrete was studied (see e.g., [67]), but it is
not well-developed in practice due to the presence of alkali salts, fine Al particles which
could evolve hydrogen, and other disturbing substances. The main areas of application are
landscaping (on landfill sites) and road construction, thus helping to save natural resources
such as sand and gravel [47].

The geochemical modelling software Visual MINTEQ was able to predict the concen-
trations of relevant heavy metals in the leaching tests, as well as the precipitation of solids.
Modelling complexation, as observed in the present study for copper, is also possible but
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was not examined within the present study, along with sorption processes that are relevant
for the release of Sb.

The leaching behavior of most heavy metals in IBA depends mainly on the pH of the
leaching test. Antimonate (Sb-V) forms a stable mineral with Ca. Therefore, the mobilization
of Sb depends on the concentration of Ca2+ ions, which is initially low due to the existence
of ettringite and later, with the advancement of aging in IBA, due to the formation of CaCO3
(KL = 1 × 10−8 mol2 L−2). Nevertheless, IBA fulfills the requirements for landfilling and
use for a variety of applications (e.g., the installation methods allowed for HMVA-2) after
storage. Even aged IBA remains a reactive material. Demanding requirements such as
Germany’s HMVA-1, with low release of sulfate, chloride, and Sb, are not achievable. The
exclusion of the fine fraction 0–2 mm (or 0–4 mm) where chloride and sulfate are enriched
might be helpful to reach this goal. However, that would affect approximately 50% of the
mass of IBA, which then might be disposed of on landfills. The problem of increasing Sb
release as a result of decreasing Ca concentrations would still remain in such a scenario,
especially in the long-term view, when most Ca is transformed into CaCO3. A different
approach could involve further thermal treatment of IBA, e.g., vitrification of IBA [68,69],
which has, however, a high energy demand. There is still a need for further research on the
improvement of the environmental compatibility of IBA.
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Cumulative release of Cu in a column test as function of the L/S ratio, sample B, unaged and after 84
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