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Abstract: The Río Tinto, located in the Iberian Pyrite Belt (SW Spain), constitutes an extreme case of 

pollution by acid mine drainage. Mining in the area dates back to the Copper Age, although large-

scale mining of massive sulfide deposits did not start until the second half of the 19th century. Due 

to acidic mining discharges, the Río Tinto usually maintains a pH close to 2.5 and high 

concentrations of pollutants along its course. From a detailed sampling during the hydrological year 

2017/18, it was observed that most pollutants followed a similar seasonal pattern, with maximum 

concentrations during autumn due to the washout of secondary soluble sulfate salts and minimum 

values during large flood events. Nevertheless, As and Pb showed different behavior, with delayed 

concentration peaks. The dissolved pollutant load throughout the monitored year reached 5000 tons 

of Fe, 2600 tons of Al, 680 tons of Zn, and so on. While most elements were transported almost 

exclusively in the dissolved phase, Fe, Pb, Cr, and, above all, As showed high values associated with 

particulate matter. River water quality data from 1969 to 2019 showed a sharp worsening in 2000, 

immediately after the mine closure. From 2001 on, an improvement was observed. 
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1. Introduction 

The Río Tinto is a relatively small river (101 km long) known worldwide for its extreme 

conditions (in Spanish “Tinto” means dark red). From its source to its mouth at the Ria of Huelva 

estuary (Figure 1), its waters usually maintain a pH value of around 2.5 and very high concentrations 

of Fe and other toxic elements. No plants, fish, or other higher aquatic organisms can survive in these 

conditions, with the exception of some invertebrates [1]. Nevertheless, the river water is rich in 

extremophile organisms (bacteria, algae, fungi, and protists), with a remarkably high eukaryotic 

diversity [1–4].  

Mining wastes containing sulfide minerals can generate acid mine drainage (AMD) [5,6]. Under 

natural conditions, most sulfides remain underground within an anoxic environment, where they are 

stable and highly insoluble. The mining activities cause a sharp increase in the oxidation of sulfides 

due to their contact with oxygen and water, releasing acidity and large amounts of sulfates and toxic 

metals (e.g., Fe, Cu, Zn, Cd, Pb) into the aquatic medium. The oxidation of sulfide minerals is 

accelerated by microbial catalysis of the oxidation of aqueous ferrous iron and sulfide [7,8]. This 

process leads to the generation of significant discharges of acid leachates with very high 
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concentrations of toxic elements [9]. The generation of AMD depends on the types and quantities of 

sulfide and carbonate minerals present, as well as the dissolution rates of these minerals [10]. 

Pollution of water resources by AMD is a major worldwide environmental problem associated with 

the mining of sulfide and coal deposits, affecting many sites [11,12].  

The Río Tinto’s headwaters are located in the Iberian Pyrite Belt (IPB), a metallogenic region that 

runs from the Seville and Huelva provinces (SW Spain) to the Portuguese coast and has one of the 

largest concentrations of giant and supergiant polymetallic massive sulfide deposits on Earth [13]. 

Metal exploitation in the IPB, including the Río Tinto mines, began in the third millennium BC (the 

Copper Age). Mining consisted of extracting copper from carbonates, oxides, and some sulfides 

(chalcocite and covellite) located close to the land surface [14]. During the Roman period, mining 

increased. After a long time of little activity, large-scale mining began in the second half of the 19th 

century and continued until 2000, when exploitation ceased due to falling mineral prices [15]. In 2015 

the Río Tinto mine reopened, beginning a new period of activity. Currently, the headwaters of the 

Río Tinto are considered a protected zone, becoming a tourist attraction due to the special 

characteristics and colors of its waters, the rich industrial heritage, and the spectacular landscape left 

by the mining. 

 

Figure 1. Map of Río Tinto drainage network. The inner rectangle indicates the area shown in Figure 

2. The size of the mine symbol (crossed hammers) is proportional to the amount of ore extracted. 
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The Odiel River (Figure 1) is also deeply affected by AMD, although the pollutant concentrations 

are lower than those of the Río Tinto [16,17]. The high concentrations of pollutants transported by 

both rivers have a severe environmental impact on the estuary, where most of the pollutants 

precipitate when the acid waters are neutralized by mixing with alkaline seawater. High 

concentrations of metal(loid)s such as As, Cd, and Pb have been measured in the estuarine waters, 

sediments, and biota [18–21]. Nevertheless, some of the most conservative metals under 

circumneutral pH conditions, such as Zn, Cd, and Mn, reach the Atlantic Ocean or even the 

Mediterranean Sea [22,23]. 

Although there are numerous cases worldwide of streams contaminated by AMD, to our 

knowledge there are no other rivers that maintain such extreme conditions as the Río Tinto along its 

almost 100 km. Another similar case of an extremely affected stream could be the King River 

(Tasmania, Australia), which receives acidic mine discharges (around 2 tons/day of Cu) from Mount 

Lyell [24,25]. Nevertheless, the length affected by AMD and dissolved concentrations are lower than 

those of Río Tinto. In this context, the main goal of this work is to study the seasonal variations of the 

pollutant concentrations and loads to investigate the main processes controlling toxic element 

behavior in rivers with extreme acidic conditions. 

2. Site Description 

The Río Tinto watershed runs mainly over the IPB (Figure 1), except at its lower course, where 

more recent Neogene materials outcrop. The IPB consists of three main geological units: the Phyllite‒

Quartzite Group (PQ), the Volcano‒Sedimentary Complex (VSC), and the Culm Group (CG). The PQ 

group consists of a thick sequence of phyllites and sandstones of upper Devonian age [13,26]. The 

materials of the VSC (upper Devonian‒lower Carboniferous age) are composed of a volcanic 

sequence with alternating episodes of felsic (dacites and, in a lower proportion, rhyolites) and mafic 

rocks (basalts) intercalated in a sedimentary sequence (mainly phyllites). The VSC hosts numerous 

sulfide deposits, mainly composed of pyrite (FeS2) with sphalerite (ZnS), galena (PbS), chalcopyrite 

(CuFeS2), arsenopyrite (FeAsS), and other sulfides in much lower proportions. Finally, the CG is a 

detrital unit of synorogenic turbidites of shales and conglomerates of Carboniferous age. There are 

no carbonate rocks in the IPB, so the acidity generated by AMD processes is not neutralized; this, 

together with the intensive mining developed, causes the extreme pollution of most streams in the 

area. 

The climate is of Mediterranean type, with cold winters and warm summers. The annual mean 

temperature is close to 17 °C and rainfall ranges from 800 mm at the north of the basin to 550 mm at 

the south. The rainiest period of the year is commonly from November to January, while during the 

summer rainfall is practically nonexistent. Nevertheless, rainfall exhibits a high inter- and intra-

annual variability, with long droughts and intense wet periods. The Río Tinto’s main tributaries are 

the Jarrama and Corumbel Rivers (Figure 1), both regulated by reservoirs. According to the water 

authorities, the mean river discharge is 7.2 m3/s, although, due to the absence of permeable rocks in 

the watershed, the river flow presents high variability, depending on the rainfall regime [16].  

Nowadays, the Río Tinto’s source is considered to be located at the foot of a sulfide dump of 

Peña de Hierro mine, northeast of the Río Tinto mines (Figure 2). Nevertheless, the main acidic 

discharges come from the much larger Rio Tinto mine, which has a surface area of 21 km2 covered by 

waste dumps, tailings, flooded open pits, slags, and other mining facilities (Figure 2). In addition, 

there is a dense and complex network of underground mine galleries. There is geological, 

archaeological, and historical evidence indicating that, although natural sulfide oxidation in the zone 

dates back 24 million years [27], the current river conditions are mainly due to large-scale mining 

since the second half of 19th century, while natural processes of acid rock drainage can be considered 

negligible [15]. Despite all this evidence, there are some works claiming that the Río Tinto’s 

conditions are mainly caused by natural processes [28]. 

Río Tinto mines also constitute the main source of pollution in the Odiel River watershed [29,30], 

through several streams running to the west (Figure 2). The current exploitation is focused on the 

Cerro Colorado open pit (Figure 2). According to the environmental requirements for the reopening, 
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the mining company is obligated to progressively reduce the acidic discharges to the Odiel River, 

where a water reservoir is being constructed [31]. Thus, a reduction of 30% must be achieved before 

the third year from the start of exploitation, 50% before the sixth year, and 100% before the tenth year. 

However, there is a large surface covered by mining wastes producing acidic leachates at the 

Zarandas‒Naya zone (Figure 2), which is outside the current exploitation area, and therefore, no 

remediation measures are considered. 

 

Figure 2. Detailed map of Río Tinto mining district. 

In the Río Tinto, downstream of the mining area, a decrease in most dissolved element 

concentrations is observed, mainly by dilution with clean waters from tributaries [32]. Moreover, the 

Fe concentration diminishes in greater proportion because of the precipitation of Fe oxyhydroxy 

sulfates along the river, mainly schwertmannite and jarosite [32,33]. Other types of abundant 

secondary minerals precipitating on the riverbanks and the mining area are soluble efflorescent salts 

formed by water evaporation [34], being especially abundant at the end of the summer. 

3. Methods 

3.1. Data Acquisition  

In order to study the seasonal variation in pollutant concentrations and loads of the Río Tinto, 

high-resolution sampling was carried out during one hydrological year (from September 2017 to 

August 2018) at the streamgage station, located 8.9 km upstream at Niebla (Figure 1). This location 

was determined by the availability of streamflow data and the possibility of having a place to protect 

the sampling equipment. An autosampler (Teledyne ISCO) was programmed with a frequency 

ranging from 2 to 24 h, depending on the weather forecast. Only those samples reflecting variations 

in electrical conductivity (EC) were selected for analysis (n = 143). The distribution of collected 
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samples within the study period is highly variable, mainly linked to rainfall-induced hydrochemical 

variations (from 65 samples collected in March 2018 to only two samples in the summer). The 

autosampler was equipped with a 24-bottle container. Cross-contamination between pumping cycles 

was avoided by scheduled purge sequences. Bottles were previously washed in 10% (v/v) HNO3 and 

Milli-Q water before sampling. Manual samples coinciding with the visits for the collection of the 

automatic samples were taken. Physicochemical parameters such as pH, EC, oxidation‒reduction 

potential (ORP), and temperature were measured in each sample using a previously calibrated Crison 

MM40+ multimeter (HACH LANGE GmbH, Düsseldorf, Germany). ORP readings in the field were 

converted to redox potential values with reference to the standard hydrogen electrode (Eh), 

according to Nordstrom and Wilde [35]. Selected samples (according to changes in EC) were filtered 

through 0.45-µm Millipore Teflon filters and subsequently acidified with suprapure HNO3 Merk to 

pH < 1 and stored in the dark at 4 °C until analysis. Unfiltered aliquots (n = 53) were taken from 

selected samples and acidified to study metal particulate transport by the river. Thus, the difference 

between the concentrations in the filtered and unfiltered samples is considered to be associated with 

the particulate matter. 

Rainfall data belonging to the weather station network of the Andalusian Government were 

obtained from two stations located north and south of the Río Tinto basin (Figure 1). Flow data were 

obtained every 15 min from a streamgage station (Figure 1). Historical data from the Water Authority 

for the Río Tinto at Niebla (Figure 1) were collected in 1969‒2019 for pH and electrical conductivity 

(EC) and from 1980 (when concentration data were available on a regular basis) to 2019 for As, Cd, 

Cu, Fe, Mn, Pb, SO4, and Zn (n = 669; an average of 17 samples per year). 

3.2. Analysis 

Samples were analyzed at the R&D laboratories at the University of Huelva (Huelva, Spain) by 

Inductively Coupled Plasma-Atomic Emission Spectroscopy (ICP-AES) for major elements, and by 

Inductively Coupled Plasma-Mass Spectroscopy (ICP-MS) for trace elements. Detection limits were 

200 µg/L for Al, Ca, Fe, K, Mn, Mg, Na, and S; 50 µg/L for Zn; 5 µg/L for Cu; 1 µg/L for Ba and Sr; 

and 0.1 µg/L for As, Cd, Co, Cr, Ni, and Pb. The accuracy of the analyses was checked with NIST-

1640 certified reference materials. Homemade standards from certified materials were also used 

during each analysis sequence to check the accuracy. The analytical precision was assessed by 

performing analyses in triplicate, being better than 5% in each case. The average balance error 

obtained by the PHREEQC code was 2.4% (interquartile range between −0.4% and 4.8%). 

3.3. Pollutant Load  

The calculation of river loads introduces inevitable uncertainties: whereas continuous records of 

streamflow are commonly available from flow gauging stations, concentration data frequently only 

represent individual samples [36]. Several procedures have been employed to reliably estimate loads 

based on limited concentration data [16,37]. Owing to the existence of high number of collected 

samples coinciding with dissolved concentration variations, the pollutant loads delivered by the Río 

Tinto were calculated, interpolating concentrations between two consecutives samples according to 

the following equation: 

�� =  
�� − ����

�������

(�� − ����) + ���� 

where Ci is the concentration at time i, Cn−1 and Cn are the concentrations of the available samples 

before and after time i and tn and tn−1 are the dates of samples Cn and Cn−1. 

Thus, the concentrations were obtained every 15 min and multiplied by the corresponding river 

flow for obtaining the pollutant load. These 15-min data were added for each month to obtain the 

monthly loads. 

3.4. Saturation Indices and Multivariate Analysis 



Minerals 2020, 10, 598 6 of 18 

 

Saturation indices (SI) of water were obtained using the PHREEQC code v3.4 (US Geological 

Survey, Denver, CO, USA) [38]. Thermodynamic constants were taken from the geochemical 

MINTEQA2 database (USEPA Environmental Research Laboratory, Athens, GA, USA) [39]. The 

equilibrium constants (Ke) of schwertmannite were obtained from [40,41]. On the other hand, a 

principal component analysis (PCA) was performed on the data to evaluate the statistical 

relationships between multivariate datasets [42,43]. Previously, a normality test was performed on 

samples, which evidenced the non-normality of all variables. Then, Spearman’s correlation coefficient 

was used to determine the significant relationships between data. 

4. Results and Discussion 

4.1. Evolution during the Hydrological Year 2017/18 

The annual rainfall in the study period was close to the mean value of the area (517 and 814 mm 

in the south and north rain gauges, respectively). Nevertheless, the rainfall distribution through the 

year was irregular (Figure S1). The autumn and winter were anomalously dry (mean of 175 mm 

between September 1 and February 27), while an intense rainy period was recorded between 

February 28 and March 20 (mean of 333 mm). The wet period continued in April (100 mm). 

River flow was below 0.025 m3/s in September 2017 (Figure S1). Scarce rainfall recorded from 

October to February provoked some discharge peaks, with a maximum close to 6 m3/s. On February 

27, the river flow was only 0.13 m3/s, but intense rains recorded afterwards provoked a sharp flow 

increase, reaching a value of 51.5 m3/s on March 1. Discharges were very high until March 22 and at 

the beginning of April. After that, the streamflow decreased progressively down to 0.001 m3/s at the 

end of August. In addition, frequent and sharp daily increases due to water releases from the Jarrama 

and Corumbel reservoirs were observed during the spring (Figure S1). 

Values of pH during the autumn and winter were close to 2.5 and increased up to around 3 with 

the floods in March, although with some fluctuations (Table 1 and Figure 3). Nevertheless, the highest 

values were reached in April, with a maximum pH of 4.22. Electrical conductivity values underwent 

a fast and progressive increase with the first October rainfalls, from 4.7 to 11.4 mS/cm just four days 

after the beginning of rainfalls, due to the dissolution of efflorescent salts precipitated during the 

summer. These values were higher than those previously observed during the autumn in the Río 

Tinto, ranging between 8 and 9 mS/cm, with pH values between 2.3 and 3.6 [34,44]. Throughout 

autumn and winter, there was a progressive decrease in EC to approximately 3.5 mS/cm in February, 

with some increases also linked to the dissolution of remaining evaporitic salts by rains. With the 

intense rains of March and April, EC values notably diminished to a minimum of 0.38 mS/cm, 

although with sharp variations in the response to changes in streamflow. From April onwards, a 

progressive increase in EC values up to a value of around 4 mS/cm in the summer was observed 

(Figure 3). 

 

Figure 3. Evolution of pH, electrical conductivity (EC), and streamflow during 2017/18. 
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The basic statistics of dissolved concentrations can be seen in Table 1. The most abundant metal 

was Fe (median value of 145 mg/L), followed by Mg (67 mg/L), Al (65 mg/L), and lower 

concentrations of Ca, Na, Zn, Cu, and Mn. Among trace elements, the high dissolved concentrations 

of As, Cd, Co, Ni, and Pb stand out (maximum values of 3.31, 0.74, 5.33, 1.06, and 1.07 mg/L, 

respectively). Mean concentrations were much higher than the median ones (Table 1), showing that 

dissolved elements did not exhibit a normal distribution (especially As, with a mean value 11 times 

higher than the median), as indicated by Shapiro‒Wilk and Kolmogorov‒Smirnov tests.  

The first rainfalls in October caused a notable increase in the dissolved concentrations because 

of the redissolution of the riverbank secondary soluble sulfate salts, reaching their maximum values 

except for Ba, Na, and Sr (Figures 4 and S2). The increase was especially significant for sulfate (from 

2.4 to 12.2 g/L), Fe (from 162 to 1529 mg/L), and As (from 21.6 to 411 µg/L). These secondary minerals 

are mainly sulfates (such as melanterite, copiapite, and coquimbite), precipitated during dry periods, 

and play an important role in metal fluxed from areas affected by AMD processes, since they can be 

either a sink or a source for acidity and toxic metals [34,45,46]. After this peak, the EC and 

concentrations of most elements progressively decreased, but with some small increases due to 

several moderate rainy events recorded in the autumn and winter (Figures 4 and S2). 

Table 1. Basic statistic of physicochemical parameters and dissolved concentrations for the 

hydrological year 2017/18. 

Statistic pH EC Eh Al Ca Cu Fe K Mg Mn Na 

  mS/c

m 
mV 

mg/

L 

mg/

L 

mg/

L 

mg/

L 

mg/

L 

mg/

L 

mg/

L 

mg/

L 

Mean 2.74 3.54 740 166 63 29 377 1.6 178 16 34 

Median 2.70 2.21 730 65 25 15 145 1.3 67 5.3 18 

25th percentile 2.47 1.02 665 18 13 4.1 26 1.0 20 1.5 11 

75th percentile 3.02 4.98 794 209 100 40 674 1.9 250 22 50 

Min. 2.12 0.38 536 4.6 8.8 1.3 0.3 <0.5 9.2 0.6 7.4 

Max. 4.22 11.42 892 740 219 115 1529 9.1 731 66 310 

Statistic SO4 Si Zn As Ba Cd Co Cr Ni Pb Sr 

 mg/L mg/L 
mg/

L 
g/L g/L g/L g/L g/L g/L g/L g/L 

Mean 2888 19 45 374 15 144 890 42 218 166 159 

Median 1123 7.2 16 33 13 51 412 9.3 65 110 63 

25th percentile 347 5.0 4.4 5.1 8.4 14 101 2.3 19 71 37 

75th percentile 4221 24 62 344 17 187 1294 72 340 205 223 

Min. 124 2.9 1.2 0.3 <1 5.1 34 <0.2 6.8 19 25 

Max. 12,156 96 205 3309 54 739 5332 225 1065 1068 708 

However, As showed different behavior, reaching its maximum dissolved concentrations in 

mid-December (Figure 4), coinciding with the maximum values of the Fe/SO4 ratio (Figure 5A). 

Arsenic is strongly adsorbed/coprecipitated with Fe oxyhydroxysulfates [47,48], which is an 

important attenuation process in waters far from the mine sites. This peak must be related to the 

arrival of less evolved water from the mining area, with less Fe precipitation and higher 

concentrations of both Fe/SO4 and As (Figure 5B). From previous tracer tests in the adjacent Odiel 

River, values of water velocity of 10 cm/s and 0.5 cm/s for flows of 1.1 m3/s and 0.035 m3/s, 

respectively, were obtained [49]. Considering an approximate water velocity of 1 cm/s and taking 

into account the distance between the sampling point and the Río Tinto mines (46 km), the water’s 

travel time from the mining area to the sampling point would be 53 days, which approximately 

coincides with the delay observed between the first autumn rains and the peak concentration of As. 

Due to the scarcity of rainfall during the winter, at the end of February dissolved concentrations 

for most elements were similar to those commonly recorded at the end of the summer (Figures 4 and 

S2). With the intense rainfalls of March, there was an initial increase in concentrations due to the 

washout of soluble sulfate salts, followed by a general decrease, showing later sudden fluctuations 

in response to successive flood events. Although the highest discharges occurred at the beginning of 

March, the lowest concentrations for most elements were reached in mid-April due to the progressive 
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washout of sulfide oxidation products. From mid-April onwards, concentration values began to 

recover, coinciding with decreasing river flows (Figures 4 and S2). 

On the other hand, Pb and Ba showed a different evolution (Figures 4 and S2) and their dissolved 

concentrations increased notably during the peak floods of March and April. This behavior may be 

related to the solubility control exerted by barite and anglesite or other Pb minerals [17]. In this sense, 

in the Río Tinto headwaters it was deduced using geochemical modeling that suggested that the 

dissolved Pb concentrations were limited by the equilibrium with anglesite below pH 1.5 and 

coprecipitation with a jarosite phase above this pH [50]. Thus, the low content of sulfate during floods 

would enhance the dissolved concentrations of Ba and Pb. Saturation indices (SI) for anglesite 

showed values close to −1 throughout the year, although with some fluctuations, while barite was 

oversaturated (SI between 0 and 1, Figure S3). Previous studies in Wales also reported high fluxes of 

Pb during stormflows after extended periods of dry weather, due to the encouraged oxidation of Pb 

sulfide in the mine spoils [51]. However, high concentrations of Pb were also observed following wet 

conditions [51]. This could be explained by the hypothesis of solubility control, which has significant 

implications for the load of Pb transported by the rivers, as will be explained further.  

 

Figure 4. Evolution of dissolved Fe, As, Cr, Cu, Al, and Pb in 2017/18. 
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Figure 5. (A) Evolution of Fe/SO4 ratio in 2017/18 and (B) relationship between As concentration and 

Fe/SO4 ratio. 

Most elements (Al, Cu, Fe, Cd, Co, Cr, Mg, Mn, Ni, SO4, and Zn) exhibited a high correlation 

with EC (Spearman correlation coefficient > 0.98) due to their similar behavior over the course of the 

year (Figure S2). However, some slight differences can be observed. For instance, lower values of 

Cu/Zn ratio (<0.6) were observed from September to November (Figure S4), while maximum values 

(>1) occurred during the March floods. This pattern may be related to the preferential removal of Cu 

over Zn by melanterite, and possibly by other soluble sulfate salts’ precipitation [17,52]. 

Dissolved concentrations showed highly negative correlations with streamflow for most 

elements (Figure 6), with a Spearman coefficient between 0.80 and 0.87 for Al, Ca, Cd, Co, Cu, Mg 

Mn, Na, Ni, SO4, Sr, and Zn, and lower values for Fe (0.77), Cr (0.78), and As (0.69). Lead showed a 

low positive correlation (0.23, significant at p < 0.05), while there was no significant correlation for Ba 

and K and streamflow. When the streamflow in a river increases, a decrease in the concentration of 

dissolved substances is generally observed due to the dilution of the less-concentrated surface runoff, 

although the transported load can increase [11,51,53]. Elements with the highest correlations are those 

that are more conservative in the river water, while the lower correlation of Fe, Cr, and As must be 

associated with precipitation (Fe) and coprecipitation/sorption processes, especially affecting As, but 

also Cr. Saturation indexes for schwertmannite showed oversaturation or subsaturation, depending 

on the equilibrium constant used, while for jarosite, oversaturated values were observed during the 

autumn and winter and subsaturated ones during the spring (Figure S3). The affinity of Cr to be 

removed during Fe precipitation has been previously observed in the Río Tinto [17] and other AMD-

affected systems [54–56]. On the other hand, K concentration in AMD water may be controlled by 

jarosite precipitation [54], not showing any relationship with streamflow, as well as Ba. 

All these results are verified in the performed PCA (Figure 7). The first component explains most 

of the variance (79%) and seems to be controlled by the element concentration (except for Ba, K, and 

Pb), while the negative part covers the streamflow. The second component (only 8.4% of the variance) 

is mainly controlled by Pb and Ba concentrations and, with a lower weight, K. Arsenic and, to a lesser 

extent, Fe and Cr show slightly different behavior than most elements due to the 

precipitation/coprecipitation/sorption processes explained above. 
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Figure 6. Relationships between streamflow (Q) and dissolved concentrations of As, Cd, Fe, and Pb. 

However, for those elements exhibiting a high correlation with river flow, dissolved 

concentrations can vary by approximately one order of magnitude for Cd and Pb and three orders of 

magnitude for As and Fe with the same streamflow value (Figure 6). In addition, seasonal differences 

can be seen, with the lowest concentrations in April while the highest were in October for most 

elements (including Cd and Fe), in December for As and in March for Pb (Figure 6). 

 

Figure 7. PCA of the analytical data and streamflow (Q). Only variables with a distinguishable 

position are identified. 

The percentages of dissolved concentrations over the total were obtained from the difference in 

concentrations between unfiltered and filtered aliquots (Table 2). Most elements (mainly those with 

the highest correlation with the EC) displayed percentages of dissolved concentration higher than 



Minerals 2020, 10, 598 11 of 18 

 

98%, which means that they were almost exclusively transported by the dissolved phase. On the 

contrary, As was mainly transported by the particulate phase linked to Fe precipitates, as mentioned 

above (Figure 5). Values for Fe and Ba were close to 50%, while Cr and Pb were mainly transported 

by the dissolved phase, although with a significant role of particulate matter (10‒30%).  

Table 3 shows the dissolved load obtained for the hydrological year 2017/18. The load has only 

been calculated for elements whose concentrations were above the detection limit in all samples. The 

Río Tinto transported almost 5000 tons of Fe, 2600 tons of Al, 680 tons of Zn, 560 tons of Cu, and 230 

tons of Mn. Among trace elements, the transport of Pb and Co stands out (15 tons), although the 

median concentration of Pb was much lower than that of Co (110 and 412 µg/L, respectively). 

Significant loads of As, Cd, and Ni (between 2.1 and 3.6 tons) and other toxic elements were also 

recorded. These values are similar to those obtained from correlations between flow and element 

concentrations for the period 1995–2003 [16]. The most striking difference is that obtained for As (12 

versus 3.6 tons in this work), which could be explained by the anomalous rainfall distribution 

observed in 2017/18, together with the extreme As values observed in 2000, coinciding with the 

cessation of mining (see next section). A high difference was also observed for Al (1224 versus 2593 

tons), but for the period 1995‒2003 it is acknowledged that Al data had high uncertainty [16].  

Table 2. Median value of the percentage of dissolved over total concentration. 

Median Element/Compound 

>98% 
Al, Ca, Cd, Co, Cu, Mg, Mn, Na, 

Ni, SO4, Sr, Zn 

90‒98% K, Si 

70‒90% Cr, Pb 

50‒70% Fe 

30‒50% Ba 

<10% As 

The seasonal distribution of dissolved pollutant loads in the Rio Tinto in 2017/18 is shown in 

Figure 8. Approximately 30% of the annual amount of Al, Cd, Co, Cu, Ni, and Zn was transported 

from October to February, even though the water contribution during this period was only 4%. 

However, some small differences among these elements can be seen: for example, the percentage of 

Cu (26%) was lower than that of Zn (33%) in this period because of the differences in the preferential 

coprecipitation of Cu in melanterite compared to Zn (Figure S4). It can also be observed that from 

October to February, 78% of As, 49% of Cr, and 43% of Fe was delivered to the Río Tinto estuary. On 

the contrary, only 4% of the total Pb delivered by the river in the whole year was transported during 

this period. Nevertheless, the particulate transport of Cr, Pb, Fe, and, especially, As may be high 

compared with the dissolved transport, according to the percentages shown in Table 3. A recent work 

found significant transport of particulate As, Cr, and Pb in the middle course of the Río Tinto [57]. 

Table 3. Dissolved pollutant load obtained for 2017/18. 

Element Tons Element Tons 

Al 2593 Fe 4963 

As 3.6 Mn 234 

Cd 2.1 Ni 3.0 

Co 15 Pb 15 

Cr 0.44 SO4 49,420 

Cu 556 Zn 683 
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Figure 8. Percentages of the monthly distribution of the pollutant load in 2017/18. The water 

contribution percentage is also shown for comparison. 

During the March floods, the Río Tinto carried the highest dissolved loads for all elements 

studied except for As (Figure 8). The first significant floods after summer, normally occurring at the 

end of autumn or beginning of winter, represent a high percentage of the annual pollutant load of 

the river [34,58]. The high Pb load (86% of the total of the year) stands out due to its increase in 

concentration during floods. March floods caused the total washout of sulfide oxidation weathering 

products from the mining zone. Consequently, although the water contribution in April was high 

(25% of the total), the dissolved loads carried by the river were much lower, especially for As, Fe, Cr, 

and Pb (<10%; Figure 8). This indicates that the pyrite oxidation products from the mining zone were 

not completely washed out until the March floods. Thus, two stages could be differentiated: (1) A 

washout with the first rainfall after the summer of salts precipitated on the surface of the mining zone 

and riverbanks, which produces the maximum pollutant concentrations; and (2) total removal of 

sulfate salts from the mining area after the winter floods, which is less apparent. In the latter case, 

this could be related to the dissolution during intense rainy periods of: (a) less soluble sulfate 

minerals, (b) salts precipitated within waste-rock dumps, which can be found as cement filling the 

interclast porosity and/or as a coating on the particles, and (c) salts from mine voids due to water 

table elevation [46,51]. 

4.2. Long-Term Evolution 

The basic statistics of the chemical evolution of the Río Tinto from the official water quality 

monitoring network are shown in Table 4. The conditions are more extreme (higher EC and 

concentrations and lower pH values) than obtained for 2017/18 (Table 1). These differences are 

explained by: (1) The sampling point of the official water quality monitoring network (Niebla; Figure 

1) being located 9 km downstream of the sampling point for 2017/18 (streamgage station; Figure 1) 

and, therefore, being affected to a greater extent by dilution with tributaries; (2) different sampling 

strategies: while samples in the historical dataset were collected periodically, sampling during 

2017/18 aimed at determining the concentration variations during the floods and, consequently, the 

highest number of samples was taken during the rainiest months; and (3) lower levels of pollutants 

since the mine closure in 2000, as discussed below. 
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Table 4. Basic statistics on pH and EC (1968‒2019) and dissolved concentrations for some elements 

(1980‒2019). 

Statistic pH EC Cu  Fe Mn SO4 Zn As Cd Pb 
  mS/cm mg/L mg/L mg/L mg/L mg/L g/L g/L g/L 

Mean 2.6 3.5 28 413 13 2801 63 1153 278 205 

Median 2.5 3.0 20 219 9 1946 39 90 160 120 

25th percentile 2.4 2.0 12 107 5 1076 18 16 82 74 

75th percentile 2.7 4.6 31 491 15 3511 70 550 290 207 

Min. 1.7 0.2 0.02 0.02 0.09 58 0.02 <dl <dl <dl 

Max. 6.8 15 365 5080 113 25,256 730 50,000 5340 1630 

Regarding the temporal evolution of pH and EC since 1968, some samples with pH above 5, 

coinciding with the lowest EC values during very rainy periods, stand out (Figure 9). On the other 

hand, pH values tend to increase, and EC values tend to decrease over time. This change is especially 

evident from 2000 (Figure 9), coinciding with the mine closure (after this year pH values often exceed 

3, while before this date this occurs only very sporadically). Likewise, the EC values were at a 

maximum in 2000. Since then values have rarely exceeded 6 mS/cm, whereas before 2000 this value 

was frequently surpassed. 

Concerning metal concentrations, there is also a worsening of water quality in 2000 (Figure S5), 

reaching concentrations of up to 5 g/L of Fe, 590 mg/L of Zn, and 50 mg/L of As. This pollutant peak 

was due to the closure of Rio Tinto mines and the cessation of environmental control works [16]. 

These peaks are observed in other mines worldwide due to the rebound effect [40], although in the 

case of Río Tinto this is very sharp. These episodes of high pollution are followed by periods of 

decreasing concentrations [59]. Consequently, pollutant concentrations in the Río Tinto suffered a 

significant decrease that seems to be maintained until now (Figure S5). Concerning the reopening of 

the Río Tinto mine in 2015, from the available data we have not been able to observe a clear influence 

on the river quality (Figures 9 and S5). 

 

Figure 9. Evolution of pH and EC from 1968 to 2019. 

5. Conclusions 

The evolution of pollutant concentrations and loads in 2017/18 was controlled by the rainfall 

distribution. Although the amount of rainfall during this year was close to average values, its 
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distribution throughout the year was irregular: very scarce rainfall was recorded from October to 

February, while there was an intense rainy period in March. Due to the washing out of efflorescent 

salts that precipitated during the summer at the surface of the mining zone and along the riverbanks, 

the maximum concentrations of EC and most elements (Al, Ca, Fe, Cd, Co, Cu, Mg, Mn, Na, Ni, SO4, 

Si, and Zn) occurred just after the first autumn rainfalls. On the other hand, the maximum 

concentration of As was recorded in December, which seems to be linked to the arrival of acidic 

waters with lower Fe precipitation at the sampling point. This behavior is due to the strong tendency 

of As to coprecipitate/be adsorbed by Fe oxyhydroxysulfate minerals. Chromium may also be 

affected by this process, although to a lesser degree than As. The maximum concentrations of Ba and 

Pb occurred during the March and April floods, linked to the low sulfate concentrations, which seems 

to control the solubility of these elements by the precipitation of barite/anglesite or other minerals. 

On the contrary, the high floods produced a second washout process (masked by strong runoff 

dilution processes) of less soluble sulfates and/or soluble salts precipitated within the waste dumps 

or the mining voids. Consequently, the minimum concentrations for most elements were reached in 

late March or April.  

The detailed sampling carried out in 2017/18 allowed us to obtain a reliable estimate of the load 

of dissolved pollutants transported by the Río Tinto: 5000 tons of Fe, 2600 of Al, 683 of Zn, and so on. 

Approximately 30% of the annual amount of Al, Cd, Co, Cu, Ni, and Zn was transported between 

October and February due to the washout of evaporitic soluble sulfate salts, although the water 

contribution was only 4%. These values were even higher for Fe (43%), Cr (49%), and, above all, As 

(78%). Except for this latter element, the highest loads occurred during the intense floods of March. 

This is especially relevant for Pb (86% of the annual load) due to its concentration increasing strongly 

during floods, unlike most elements. In April, although the streamflow was high, the pollutant loads 

were lower due to the total washout of secondary soluble salts. On the other hand, the particulate 

phase may play an important role in the river metal transport of Cr, Fe, Pb, and, above all, As. 

Regarding the long-term evolution, the cessation of mining activities in 2000 produced a 

worsening of conditions and extreme concentrations were reached (up to 5 g/ L of Fe, 50 mg/L of As, 

and so on). After that, there was a slight improvement in water quality in terms of pollutant loads. 

However, the AMD generation in the mining area is expected to continue for many hundreds of years 

[59], and the Río Tinto will continue to transport very high amounts of toxic metals to the Huelva 

estuary. 

Supplementary Materials: The following are available online at www.mdpi.com/2075-163X/10/7/598/s1, Figure 

S1: (A) Evolution of rainfall and streamflow during the hydrological year 2017/18. (B) Detailed evolution of daily 

discharge increase from 4–8 June (corresponding to the inner square in (A)), Figure S2: Evolution of dissolved 

concentrations in 2017/18 for all studied elements, Figure S3: Evolution of saturation indices for some secondary 

minerals precipitating from AMD in 2017/18, Figure S4: Evolution of the Cu/Zn ratio in 2017/18, Figure S5: 

Evolution of dissolved concentrations of As, Cd, Cu, Fe, Mn, Pb, SO4, and Zn from 1980 to 2019 (a potential trend 

line for each element is shown). 
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