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Abstract

:

The employment of granular ferric iron-(oxy)hydroxides, a well-known economic and effective method, lowers arsenic concentrations in different water types. However, for direct application in polluted groundwaters, there is a need to develop new injectable adsorbents for aquifers that could also neutralize acidic media. In this context, a granular ferric hydroxide-calcite (GFH-C) adsorbent was size-reduced to 0.4–50 µm by sonication with the aim of improving (i) the adsorption of As(III) and As(V) at different pHs and (ii) the pH control through the dissolution of calcite. Batch experiments were conducted to determine As(III) and As(V) adsorption isotherms and kinetics, as well as calcite dissolution kinetics, using GFH-C of two sizes (granular and sonicated). Results showed that the arsenic binding capacity of sonicated adsorbents did not improve significantly. On the contrary, the As(III) and As(V) adsorption kinetics improved with the sonication, as in the case of calcite dissolution kinetics. The dissolution of calcite from the adsorbent made the water pH increase to around 9.2–9.4. The sonicated adsorbent offers an advantage in depolluting As-containing groundwater due to its smaller size, which is linked with faster arsenic adsorption and effective acidic water neutralization.
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1. Introduction


Arsenic (As) is present in groundwater from all over the world, with concentrations exceeding the drinking water guideline value of 10 µg/L [1,2,3] due to both natural and anthropogenic origins. In groundwaters, the speciation of arsenic is diverse, with a ratio of As(III) to As(V) that has a broad range as a result of the different redox-active solids [2]. Arsenic in groundwater is frequently found at very acidic pH (2–4), because is linked to pyrite oxidation [4,5,6] and acid mine drainage (AMD) formation [7,8,9]. The low pH of groundwater increases the dissolution of metals and corrosion problems, and limits the application of some remediation reactants (e.g., iron hydroxides and zerovalent iron) that could be dissolved.



In order to solve the acidic problem, classical passive remediation solutions such as permeable reactive barriers (PRB) combine remediation reactants with calcite limestone [5,7,8] to increase the pH and to promote metal and sulphate precipitation.



In recent years, a lot of research has been carried out to find adsorbents to efficiently remove arsenic from polluted aquifers [10,11]. The main traditionally employed materials have been iron and alumina-based compounds and minerals, activated carbon, silica, clays and biosorbents. Adsorption of arsenic onto granular ferric hydroxide (GFH), based on iron-(oxy)hydroxides, is an economic and effective well-known method of lowering the concentrations of arsenic in oxidation states (III) and (V) [12,13,14] in several kind of waters. The use of these granular sorbents in columns operating in continuous mode is a known alternative [15] that limits the mass transfer of arsenic from the groundwater to the adsorbent due to intraparticle diffusion limitations [16,17,18], and thus could limit the remediation of groundwater with techniques such as PRB.



A recent in situ approach for the remediation of groundwater consists of the use of so-called reactive zone barriers (RZB), which use suspensions of small-sized materials to treat arsenic and other metal in groundwater [19,20,21]. To perform RZB groundwater treatments, powdered adsorbents and neutralizing agents are needed, and thus the reduction of size of a granular adsorbent is a good alternative.



Studies conducted so far have compared powdered product with the parent granular ferric hydroxides and determined the adsorption isotherms and kinetics. Kumar et al. [22] and Martí et al. [23] used this adsorbent to study the effect of different particle size on phosphate adsorption equilibrium and kinetics, and showed that phosphate is removed more rapidly with small size particles, while the total adsorption capacity remained similar. Martí et al. [14] found same conclusions for arsenate adsorption.



Ferrosorp® Plus is a commercial granular ferric hydroxide-calcite (GFH-C) adsorbent obtained from drinking water treatment plant sludge composed of Fe(III) hydroxides along with calcite impurities [24]. The recycling of water treatment sludges as adsorbents for environmental remediation is advantageous from a circular economy perspective, since it extends the life of materials contributing to sustainable development. Some studies have successfully treated polluted waters or soils with similar GFH obtained from different water treatments [25,26], which demonstrates the potential of this kind of adsorbent. Here, the size of commercial GFH-C was reduced using ultrasonication, as in previous works [14,23,27], with the aim of improving the kinetics of arsenic adsorption and calcite dissolution, as well as extending its applicability to make it injectable into the aquifer on affected groundwater, following the remediation idea of RZB. This research also explores the ability of this added-value adsorbent to treat acidic groundwater polluted with As(III) or As(V). Calcite dissolution from this GFH-C needs to be better understood to determine its role in pH control and as an acid-neutralizing agent. The objectives of this article were to study how the reduction of the particle size affects (i) the adsorption of arsenic ((As(III) and As(V)) and (ii) the dissolution of calcite and pH control.




2. Materials and Methods


2.1. Adsorbent Preparation


Granular Ferrosorp® Plus was purchased from HeGo Biotec GmbH (Berlin, Germany). Granular Ferrosorp (here, OF-G) was sieved to 1000 µm for application on adsorption experiments. In parallel, the size of the original material was reduced with a customized sonicator developed by Eurecat (Cerdanyola del Vallès, Spain). A multi-stepped ultrasonic horn was designed to maximize the energy-emitting area, as this type of geometry has been shown to improve the sonochemical performance of the sonotrode [28]. The equipment used in the experiments was a Branson® DCX ultrasonic generator, working at a frequency of 30 kHz. Sonication was conducted applying a 7.5 µm peak-to-peak ultrasonic amplitude for 5 min over 0.5 g of OF-G in 40 mL MiliQ water solution. The obtained product was designated OF-S. This process was repeated twenty times to obtain enough OF-S for the whole experimentation.




2.2. Adsorbent Characterization


The granulometric characterization of OF-G was performed with an RP09 digital sieve shaker from CISA, using test sieves of 500, 250, 100, 50, 20 and 10 μm, while the granulometric analysis for OF-S was made with a Beckman Coulter LS Particle Size Analyzer.



Nitrogen Brunauer–Emmett–Teller (BET) specific surface area and micropore area analyses on dry samples were performed with Micromeritics ASAP 2020 equipment (Aachen, Germany) with N2 at −196 °C. Prior samples’ degassing was carried out for several hours at a maximum temperature of 100 °C.



A scanning electron microscope (SEM) (FE-SEM, Zeiss, Jena, Germany) was used to investigate the homogeneity of the sample and the morphology of the surface.



Thermogravimetric analysis was performed on OF-G with TGA/DSC STARe (Mettler Toledo, Cornellà de Llobregat, Spain) equipment. Thermic decomposition of 16.2 g of the sample was evaluated from 0 to 1000 °C with a heating rate of 10 °C/min in an inert N2 atmosphere. Thermal decomposition of carbonates was determined between 600 and 850 °C, and initial calcium carbonate content was calculated accordingly.



X-ray diffraction (XRD) was performed on OF-G sample with a Bruker (Billerica, MA, USA) D8 A25 Advance, θ-θ diffractometer, with CuKα1 radiation, Bragg–Brentano geometry, and a position-sensitive LynxEyeXE detector. The diffractograms were obtained at 40 kV and 40 mA, scanning from 4° to 60° of 2θ with a step size of 0.019° and a counting time of 0.1 s/step, maintaining the sample in rotation (15/min). The crystalline phase identification was carried out by using EVA software (Version 8.5) (Bruker) with an ICDD database.




2.3. Batch Experiment Perfomance


Three kind of batch experiments were carried out: (1) pH evolution due to calcite dissolution, (2) arsenic adsorption isotherms, and (3) arsenic adsorption and calcite dissolution kinetics.



In the first experiment, pH evolution in water samples with different initial pH was studied. Briefly, 50 mL tubes were filled with 50 mL of synthetic water and 0.025 g of adsorbent (OF-G), and placed in a tube rotator at 15–20 rpm (Reax 2 Heidoph, Schwabach, Germany) for 72 h in thermostated chambers at 25 °C. Synthetic water consisted of 0.1 M NaCl (Scharlau, Barcelona, Spain) prepared in MiliQ, previously adjusted to the desired pH (2.0–9.2) with the addition of HCl or NaOH (Scharlau).



Arsenic adsorption isotherms tests followed a similar procedure to the pH evolution experiment. Here, the tubes were filled with synthetic water and the required amounts of standard As(III) or As(V) solutions (TraceCERT®, Sigma-Aldrich, St. Louis, MI, USA) in contact with the OF-G or OF-S adsorbents. Initial arsenic concentrations were 2.5–34 mg/L for As(III) and 0.6–15 mg/L for As(V). The initial equilibrium pH was 9.2–9.4, which was the equilibrium pH determined after calcite dissolution in the pH evolution experiment. Due to calcite buffer, it was not possible to determine the adsorption isotherms at lower pHs (between 4–8). The experiments were stopped at 96 h, once the adsorption equilibrium was reached, to proceed with the measurement of pH, temperature and As in water.



Kinetics experiments were performed with 25 mg/L of As(III) or As(V) at an adjusted initial acidic pH of 4.0 or alkaline pH of 8.0–9.2 in contact with OF-G or OF-S. Batch tests were sacrificed at 0.2, 0.5, 1, 2, 5, 8, 24, 48, 72 and 96 h. For each batch test, one sample of 10 mL was taken to measure pH and temperature, and another one for dissolved As, Ca and trace metals (Fe, Zn, Pb, Ni, Cr, Cu, Mn) analyses.



All employed chemicals in three experiments were of analytical grade. Experiments with As(III) were carried out in a glove box (Jacomex GP(concept)-II-P) under a N2 atmosphere to prevent any arsenic oxidation. Every experimental set was accompanied by an adsorbent blank (without OF-G/OF-S and with As(III) or As(V)) to check the adsorption of arsenic on the wall tubes or the increase in concentration due to evaporation. In addition, a control test with OF-G/OF-S and without arsenic was also carried out to check the impurities that could be released by the adsorbent.




2.4. Aqueous Samples Characterization


pH and temperature were directly measured with a pH probe (sensION+ Hach). All the aqueous samples were filtered with disposable syringe filters (cellulose acetate, 0.45 µm) and acidified with 100 µL of suprapur® HNO3 before analysis. One aliquot was used for As, Zn, Pb, Ni, Cr, Cu, Mn determination by ICP-MS (inductively coupled plasma-mass spectrometry) (Agilent 7500cx) and another one for calcium quantification by AAS (atomic absorption spectroscopy) (ContrAA Analitik Jena, Jena, Germany) and Fe determination by the ferrozine method. Metal(loid)s’ and calcium quantification was carried out based on the average of at least two different dilutions. Detection limits in µg/L were 0.1 for As, Pb and Cr, 0.5 for Ni and Mn, 1 for Cu and 10 for Zn and Fe, while the uncertainty was ±10%. The detection limit for Ca was 100 µg/L and the uncertainty was ±5%. The analytical accuracy in both methods was determined by spiking a given amount of standard reference solutions on some samples and calculating the relative standard deviation (RSD) with respect to the certified value. The RSD was always lower than 5%. The blanks used in every experimental set were always in the range of ±10% with respect to the initial arsenic concentration.



The concentration of arsenic attached to the solid was calculated with Equation (1):


  q =    (   C o  − C  )  · V  m   



(1)




where q is the amount of arsenic adsorbed onto the solid (As mg/g) and at time t, Co and C are the arsenic concentration in water (mg/L) at the initial time and at time t, respectively, V is the liquid volume (L), and m is the mass of solid material (g).




2.5. Isotherm Modelling


The experimental arsenic equilibrium data were fitted to three different adsorption isotherm models: Freundlich, Langmuir and surface complexation. The first two are empirical models, while the third one is a mechanistic model implemented here through numerical simulations.



2.5.1. Freundlich and Langmuir Models


The Freundlich equation is an empirical model that assumes that the adsorption sites on the surface are heterogeneous, and that the adsorption intensity varies with coverage. It is described according to Equation (2):


   q e  =  K F  ·    C e     1 / n    



(2)




where qe is the arsenic adsorbed at the equilibrium (As mg/g), KF is the Freundlich adsorption constant (As mg1−1/n ·L1/n/g), Ce is the dissolved arsenic concentration (mg/L) at the equilibrium, and 1/n is a constant related to the adsorption intensity. KF and 1/n were obtained by representing log qe vs. log Ce and fitting the experimental data with linearization of the Freundlich equation (Equation (3)):


  log  q e  = log  K F  +    1 n    l o g    C e   



(3)







The Langmuir isotherm is also an empirical model that assumes that solute molecules are adsorbed onto a limited number of sites on the surface, and that each site can only accommodate one solute molecule. It is described by Equation (4):


   q e  =  q  m a x   ·     b ·  C e    1 + b ·  C e     



(4)




where qmax is the maximum amount of arsenic that can be adsorbed onto the surface at saturation (As mg/g), and b is the measure of the strength of the interaction between the adsorbate and the surface (L/mg). qe and Ce have been described in Equation (2). qmax and b were obtained by representing Ce/qe vs. qe and fitting the experimental data with linearization of the Langmuir equation (Equation (5)):


     C e     q e    =  1  b ·  q  m a x     +      C e     q  m a x        



(5)








2.5.2. Surface Complexation Model


The surface complexation model describes the sorption based on surface reaction equilibrium. The model employed here is based on the Dzombak and Morel [29] database for the complexation of heavy metal ions on hydrous ferric oxide (Hfo) or ferrihydrite. This model considers a double diffusion layer; the first layer comprises ions sorbed onto the solid due to chemical interactions, and the second one is composed of counter ions attracted to the surface charges via the coulomb force. Ferrihydrite, like many other oxyhydroxides, binds metals and protons on strong (Hfo_s) and weak sites (Hfo_w), and develops a charge depending on the ions sorbed. Arsenic adsorption equilibrium on feryhydrite was simulated with the PHREEQC (version 3) chemical reaction code [30], assuming both types of sites were available on the oxide surface and without specifiyng the composition of the double diffusion layer. The minteqv4 thermodynamic database, which include the significant surface complexation reactions (Table 1), was employed with the addition of carbonate adsorption constants on ferrihydrite, determined by Appelo et al. [31].



Details about the numerical simulation input can be found in Table S1. Briefly, serial simulations were run with different initial As(III) and As(V) concentrations (2–35 mg/L) with the rest of the parameters kept constant. The Hfo were assimilated to ferrihydrite with a surface area of 24,901 m2/mol for OF-G and 22,550 m2/mol, according to BET results and assuming that the whole surface area corresponded to the ferrihydrite. The calcite surface area was negligible, since it has reported values in mainly in the range of 1–2000 m2/mol, depending on its origins [32,33,34]. Simulations were fitted to the experimental results by modifying the strong and weak sites’ density. Models were adjusted by finding the strong and weak site densities that minimized the sum of squared errors (SSE).





2.6. Kinetics Modelling


2.6.1. Arsenic Adsorption


Two different approaches were applied to determine the kinetics of arsenic adsorption. The first approach consisted of fitting an empirical pseudo second-order model (Equation (6)) [35]


  q =      k 2  ·  q e    2  · t   1 +  k 2  ·  q e  · t    



(6)




where q is the amount of adsorbed arsenic (As mg/g), qe is the arsenic adsorbed at the equilibrium (As mg/g), k2 is the second-order kinetic constant (g/mg·h), and t is the time (h). The model parameters (qe and k2) were adjusted with a non-linear fitting using the Solver complement in Microsoft Excel™ software (Version 16), and using a GRG nonlinear solving method to minimize sum of squared errors.



The second approach consisted of applying the film diffusion mass transfer mechanistic model [36] to determine the predominant rate-controlling step (i.e., pore diffusion or film diffusion) during arsenic adsorption. The equation form of this model is (Equation (7)):


  ln  (  1 − F  )  = −  K  f d   t + C  



(7)




where F is the fractional attainment of equilibrium (q/qe), Kfd is the liquid diffusion rate constant (h−1), and C is a constant related to the boundary layer effect. The first experimental points were adjusted to a straight line corresponding to the film diffusion stage (Kfd1), and the rest of the points to a second straight line corresponding to the pore diffusion stage (Kfd2). The points were assigned to one stage maximizing the coefficient determination (R2) of adjusted straight lines.




2.6.2. Calcite Dissolution


Calcite dissolution kinetics present in the sorbent was simulated with PHREEQC (version 3) chemical reaction code, as for arsenic isotherm determination. The employed calcite dissolution rate corresponded to Plummer et al. [37]’s model and was retrieved from the wateq4f database (Equation (8)).


  R = A ·  (   k 1  ·  a   H +    +  k 2  ·  a  C  O 2    +  k 3  ·  a   H 2  O    )  · ( 1 −   10    2 3   (    I A P    K  c a l c i t e      )    )  



(8)







R is the dissolution rate (mol/s); A corresponds to the surface area (cm2); k1, k2 and k3 are the reaction rate constants for the three involved parallel reactions (mol/cm2/s);    a   H +     ,    a  C  O 2      and    a  H 2 O     are the activities of hydrogen ion, carbon dioxide and water, respectively; IAP is the ion activity product of calcite; and Kcalcite is the equilibrium constant of the calcite dissolution reaction.



Numerical simulations were run with 25 mg/L of As(III)/As(V) in contact with calcite at two initial pH levels of 4.0/9.2. Calcite was added as a kinetic phase. Calcium concentration and pH were fitted to experimental data by modifying the reactive area in the calcite dissolution kinetics and finding the value that minimized the sum of squared errors. Calcium adsorption onto GFH-C was not considered, since the kinetics of this reaction has not ben assessed. Details of the input numerical simulations can be found in Table S2.






3. Results and Discussion


3.1. Adsorbent Characterization


In the present experiments, the employed OF-G size ranged from 250–1000 µm, while the OF-S exhibited a size about 100 times lower, according to the median value (Table 2; Figure S1). The range of size obtained for OF-S is very similar to previous references (1.9–50.2 µm) [23]. These authors used 20 kHz for 5 min, with concentrations of Ferrosorp ranging from 10 to 20 g/L of deionized water. The surface area of the OF-G adsorbent was 218 m2/g (Figure S2). This was similar to the surface measured by Martí et al. [23] (199.7 m2/g) and Kumar et al. [22] (179 m2/g), but was lower than stated by the manufacturer (~300 m2/g) or found by Janneck et al. [38] (321 m2/g). The micropores’ area, <2 nm, was similar to that in the work of Martí et al. [23] (20.9 m2/g), but low compared with that of Kumar et al. [22] (82 m2/g) or Janneck et al. [38] (276.6 m2/g), showing that this product is highly heterogeneous, due to its origin as a recovered waste. When sonication was applied, the total surface area remained almost the same (6% increase), but the micropore area decreased (46% decrease). This is in line with a previous study that determined that in sonicated samples the intraparticle porosity of initial grains, represented with the micropores, was lost during sonication, thus resulting in a total surface area decrease [23], or only a slight increase, like in this study.



SEM images showed similar types of surfaces in granular and sonicated samples (Figure S3); both solids showed pores of different sizes, which are responsible for the high surface area. Calcite crystals could not be identified with this technique, although calcium was detected with the EDX. Thermogravimetric analysis determined a calcite content of 8.5% in OF-G samples (Figure S4). This value was of the same order of magnitude as the 15.6% found in the work of Martí et al. [23], using another analytical method (ICP). Moreover, XRD also identified calcite as a crystalline phase, while the rest of components of GFH-C could be linked to amorphous phases, corresponding to iron oxyhydroxides (Figure S5). According to the FerroSorp® Plus product information sheet, these amorphous phases can be attributed to ferrihydrite. In numerical simulations, 8.5% calcite and 91.5% (wt.) ferrihydrite were assumed as input phases.




3.2. pH Evolution due to Calcite Dissolution


An experiment was conducted to determine the equilibrium pH of the adsorbent in contact with synthetic water at different starting pHs (Figure S6). For the initial pH equal to or higher than 4, the equilibrium pH rose to 9.2–9.4 in 24 h due to calcite dissolution and CO32−/HCO3− buffering reactions. Under the studied conditions, at an initial pH lower than 4, the calcite was completely dissolved, and the adsorbent was not able to buffer the acidity of the system. Therefore, we decided to study arsenic adsorption and calcite dissolution for a pH range wherein neutralization occurred, i.e., at an initial pH equal or higher than 4.




3.3. Arsenic Adsorption Equilibrium


Figure 1 presents the As(III) and As(V) adsorption experimental isotherm results and three adjusted models. The fitting parameters for the Freundlich, Langmuir and surface complexation models applied to the experimental points are displayed in Table 3. The fitting and the coefficient of determination for the experimental values using linearization of Freundlich and Langmuir models is shown in Figures S7 and S8. The coefficient of determination (R2) value was higher than 0.95 in all cases, which implies a high goodness of fit. According to SSE, the Freundlich model is the one that has the best fit for As(III) adsorption, while the Langmuir model better describes the As(V) adsorption.



In the As(III) Freundlich models, the “n” constant, related to the sorption intensity and distribution coefficient, respectively, was slightly higher for OF-S than for OF-G. This constant was of the same order of magnitude, but lower than in other studies (2.66 and 3.96 for GFH and dust ferric hydroxide (DFH), respectively, in the work of Usman et al. [39]) with similar adsorbents. KF showed a slightly higher As(III) adsorption capacity with OF-S samples, probably related to small differences in the surface chemistry, although the reason for this is unclear. Moreover, it could not be compared with the literature, since its unit depends on “n”.



The “b” constant, from Langmuir model, predicted a slightly higher adsorption intensity for OF-S than for OF-G in As(V) models. The qmax values reported here were higher than in other studies with similar OF-G for As(V) adsorption (6.56 mg/g in the work of Martí et al. [14] and 9.5 mg/g in that of Usman et al. [39]). However, in the work of Usman et al. [39], the authors reported a qmax for DFH of 18.9 mg/g, and found that the adsorption capacity notably increased with the small-power-size OF. Here, the As(V) adsorption capacity was independent of the adsorbent size.



The surface complexation model reproduced the adsorption of As(III) well, while for As(V) adsorption, the model curve did not mimic the same trend as the experiments. The number of strong and weak adsorption sites were not modified with the adsorbent size, as they depend on their chemical structure. Dzombak and Morel [29] estimated a median strong site density for hydrous ferric oxides of 0.005 mol/mol Fe, which here corresponds to 0.005 As mol/mol OF, which is close to the figures obtained in the present study. Numerical simulations determined that the strong sites were mainly occupied by calcium in the form of Hfo_sOHCa2+ (74–100%, depending on arsenic concentrations), and there was only As(III) adsorption at the higher concentrations, accounting for a molar fraction of 19% in the form of Hfo_sH2AsO3. No As(V) was adsorbed on strong sites. For weak sites, the authors estimated a median value of 0.2 As mol/mol Fe for sorption of different compounds. However, the values reported here are slightly lower, but in the range of those found by Pierce and Moore [40] for As(III) (0.05–0.18) and As(V) (0.1–0.13) adsorption. Numerical simulations showed that at lower As concentrations, the main speciation of weak sites was Hfo_wO- (37%), while Hfo_wCa2+ represented 25 to 36%. At higher As concentrations, 66% of Hfo_w was in the form of Hfo_WH2AsO3, and 33% was Hfo_wOHAsO4−3, for As(III) and As(V) experiments, respectively. The predominant arsenic reactions in this case were the following (Equations (9) and (10)):


Hfo_wOH + H2AsO3− + H+ = Hfo_wH2AsO3 + H2O for As(III)



(9)






Hfo_wOH + HAsO4−2 = Hfo_wOHAsO4−3 + H+ for As(V)



(10)







In these conditions, calcium was the main adsorbed element on Hfo_w in As(V) experiments (60%). Regarding the adsorption mechanism, the employed surface complexation model was limited to monodentate complexes, while according to the literature, other complexation reactions may take place. Some studies have suggested that the main binding mechanism of arsenic onto ferrihydrite or GFH is the formation of bidentate binuclear complexes, for As(III) [41] and As(V) [42]. Considering the qmax from the Langmuir models, if 1 mol of adsorbed arsenic was adsorbed to 1 Hfo_w, the calculated moles of the weak sites would be 0.085 and 0.021, for As(III) and As(V), respectively. Here, the number of adjusted weak sites was approximately twice or three times these figures (Table 3), thus suggesting that complexes other than monodentate may occur. To confirm this hypothesis, complexation reactions with other coordination complexes, such as bidentate binuclear, should be incorporated to the numerical model in future research.



For a determined equilibrium arsenic concentration in water, the amount of adsorbed As(III) was higher than the amount of As(V) due to its speciation. According to PHREEQC simulations, at the equilibrium pH of 9.2–9.4, 54% of As(III) was in the form of H2AsO3− and 46% in the form of H3AsO3, while 97% As(V) was in the form of HAsO42−. The point of zero charge (PZC) of this solid was 8.4 [23]. This value is similar to the reported value of 9.1 measured for Ferrosorp© [43], and also to several ferric hydroxides and ferrihydrite reviewed by Hlavay and Polyak [44], with a pH range of 7.9 to 8.5. At a pH lower than that value, the surface was predominantly positively charged, and thus the negatively charged arsenic species were more electrostatically attracted. At higher pHs, the surface is predominantly negatively charged, and consequently, a greater repulsion with negative species is generated. According to numerical simulations, the surface charge density at the equilibrium pH was between −1.7 × 10−2–−1.8 × 10−2 C/m2 for As(III) and −2 × 10−2–−7 × 10−2 C/m2 for As(V).




3.4. Arsenic Adsorption Kinetics


Figure 2 presents the arsenic adsorption kinetics experimental results and the pseudo-second-order adjusted models. Arsenic adsorption reached the equilibrium after 24 h in kinetic experiments. Adjusted qe values were similar for OF-S and OF-G, but were higher for As(III) than for As(V), similar to qmax in the Langmuir isotherm model, adjusted under different initial As concentrations.



As(III) and As(V) were adsorbed faster in OF-S than in OF-G, for both alkaline and acid pH. At alkaline pH, the non-linear pseudo-second-order adsorption constant “K2” (Table 4) was higher by approximately 4-fold and 8-fold for As(III) and As(V), respectively. Size reduction of GFH resulted in an enhanced As(III) and As(V) adsorption rate, as already found in other studies [14,39].



At acid pH, the “K2” increment was greater, by 5-fold and 13-fold, respectively. In addition, “K2” was higher for As(V) than As(III) in all conditions, but initial rates (calculated as K2 × qe2) were higher for As(III). Acidic pH generally resulted in higher adsorption rates, which is probably related with the pH of point of zero charge (pHPZC) of GFH and the lower electrostatic repulsion at low pH, as explained above.



The adsorption of arsenite onto calcite at acidic pH was discarded, since it has already been reported it is not well adsorbed on this mineral phase [45]. On the contrary, arsenate could be adsorbed onto calcite at acidic pH and enter in competition with carbonates for sorption sites. However, the complexation constants for arsenate adsorption onto iron hydroxides (log K = −10.12 to 8.61, Table 1) are much higher than for adsorption onto calcite (log K = −9.81 to −7.22) [45]. Carbonates’ adsorption onto GFH and competition with arsenic at alkaline pH could also explain to some extent the lower rates, as has been reported before [46]. According to arsenic adsorption surface complexation simulations, up to 0.53 carbonate mg/g OF and 0.13 carbonate mg/g OF were adsorbed at pH > 9.5 in the presence of As(III) and As(V), respectively.



The film diffusion mass transfer model was adjusted to determine the control mechanisms of the reaction at given times (Figure S8). Generally, the goodness of fit was greater than 0.9 (R2) (Table S3). Model showed that film diffusion dominated during the first 5 h, while the rest of the time, the pore diffusion mechanism controlled the adsorption (Figure S9). The Kfd1 was higher in sonicated samples than in granular ones, which means the film diffusion was more effective in the first case. The pore diffusion rate (Kfd2) was similar in all the experiments. Size reduction contributed to a loss of intraparticle porosity, thus resulting in an increase in film diffusion mass transfer in OF-U and As arrival onto the external surface of the adsorbent. This idea has already been explained in the work of Martí et al. [14], who mentioned that the intraparticle diffusion effect, expressed here as “pore diffusion”, was less significant in size-reduced adsorbents




3.5. Calcite Dissolution Kinetics


Figure 3 presents the calcite dissolution kinetics results and the adjusted numerical simulations. In all the experiments, either at an initial pH of 4.0 or 9.2, calcium was released into the medium, due to calcite dissolution, at a faster rate with OF-S than with OF-G. In addition, the experiments performed at an initial pH of 4.0 released more calcium than the ones that started at pH 9.2. Between 48 and 96 h, the equilibrium calcium concentration was 10 ± 1 mg/L for the experiments performed at initial pH of ~9.2, while it was 15 ± 4 for the ones at an initial pH of 4.0. pH varied accordingly (Figure 4). Considering the composition of 8.5% of calcite in OF and the released calcium, we calculated that 88.2% of the calcite was dissolved in experiments at pH 4.0 to 9.3, while 58.8% was dissolved in experiments at pH 9.2 to 9.8. No noticeable differences were observed in the calcite dissolution rates between As(III) and As(V) tests.



The best calcite surface area fitting corresponded to 500,000 cm2/mol (0.5 m2/g) for OF-S and 250,000 cm2/mol (0.25 m2/g) for OF-G, indicating that the sonication process resulted in an increase in the calcite area. These figures are in the same order of magnitude as those found for precipitated calcite from aqueous solutions [34]. Calcite surface area increased with sonication, making it more accessible and thereby increasing the calcite dissolution rate. Since calcite is made of crystals with negligible internal porosity, when its size is reduced by sonication, surface area increases with the lower particle size [47]. In OF-S, although the calcite content is the same as in OF-G, there is a loss of internal porosity, and calcite is also more exposed to the medium, resulting in higher dissolution rates in the first 5 h (Table S4).



It was also noticed that the rates were higher at acidic pH than alkaline pH, as for arsenic adsorption. This has already been described in previous research wherein calcite dissolution under different pH levels, CO2 pressures, ionic solution strengths and temperatures were determined in detail [37,48]. At pH 4, calcite is far from equilibrium, and thus the reaction is faster according to the transition-state theory kinetic law for mineral dissolution. This may be advantageous when neutralizing acidic waters, since 1 h would be enough to raise the pH above 6 if calcite is in excess.



The equilibrium pH (Figure 4) was lower for experiments starting at pH 4 with As(V) (8.5) than for As(III) (9.2), because the corresponding dissociation constant (Ka) of As(V) species (H2AsO4− ↔ HAsO42− + H+; pKa: 6.96) is higher than that of As(III) species (H3AsO3 ↔ H2AsO3− + H+; pKa: 9.22), thus meaning that As(V) species deprotonate at lower pHs, contributing to the acidification of the medium. In addition, Figure 4 shows that the equilibrium pH is close to PZC, and that this is independent of the size of adsorbent for the four experiments carried out with As(III) or As(V), supporting the independence of the PZC with the size.




3.6. Environmental Significance


One issue that could be controversial is the release of metal impurities contained in the recycled adsorbent into the groundwater. The safety of the adsorbent was assessed here in terms of metals’ release during arsenic adsorption; no Ni, Zn, or Pb were detected, and only traces (<10 µg/L) of Cr, Cu and Mn were determined, in concentrations far below the standards of drinking water regulations (Figure S10), meaning its use in drinking water treatment may be permitted.



Another remarkable feature of the employed GFH is its calcite content. This characteristic makes the adsorbent appropriate for remediating acidic groundwaters reported worldwide, since water is neutralized concomitantly to metal(loid) adsorption. Calcium materials have been traditionally employed to treat this kind of water, since they raise the pH, generating iron precipitates with the coprecipitation of metal(loid)s or their adsorption on the surface [49]. The application of the present adsorbent could be of particular interest in low-iron-content acidic waters.



Finally, performance enhancement with the implementation of size reduction is an asset in groundwater treatments. The use of size-reduced adsorbents could be advantageous, since the adsorbents can be directly injected into the affected zone. Besides, the kinetics of adsorption and pH increase were faster in the smaller adsorbents, and this could be beneficial when groundwater fluxes are high, such as in sandy aquifers. Future research should be focused on testing this kind of adsorbent to treat polluted groundwater in a field environment, as well as investigating the possibility of reusing the OF-S sorbents in a pump-and-treat approach.





4. Conclusions


The application of sonication to a granular ferric hydroxide-calcite (FHC) adsorbent resulted in a size reduction that implied a slightly higher BET area but a lower intraparticle porosity. The arsenic binding capacity of sonicated adsorbents did not improve significantly. The surface complexation model reproduced the adsorption of As(III) well.



On the contrary, the As(III)/As(V) adsorption kinetics improved with the sonication, as in the case of calcite dissolution kinetics. The dissolution of calcite from the adsorbent made the water pH increase from values of around 4 up to 9.2–9.4.



The advantage of sonicated adsorbents for the depollution of acidic As-containing groundwater is that its size is adequate for aquifer injection in an RZB that uses suspensions of small-sized materials; it can also adsorb arsenic faster than a granular adsorbent, while neutralizing acidic waters.
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Figure 1. (a) As(III) and (b) As(V) adsorption isotherms and adjusted Freundlich, Langmuir and SC (“surface complexation”) models at 25 °C. 
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Figure 2. As(III) and As(V) adsorption onto OF-G and OF-S at different initial pH levels during kinetic experiments. Straight lines represent the adjusted pseudo-second-order kinetics for OF-G experiments, and dotted lines the OF-S ones. The pH range in the legend corresponds to the initial and the final experimental pH. (a) As(III) adsorption at alkaline pH, (b) As(III) adsorption at acidic pH, (c) As(V) adsorption at alkaline pH, (d) As(V) adsorption at acidic pH. 
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Figure 3. Calcium released into the medium at different initial pH with either OF-G or OF-S in As(III) and As(V) adsorption kinetic experiments. Straight lines represent the adjusted calcite dissolution numerical simulation for OF-G experiments, and dotted lines for the OF-S ones. The pH range in the legend corresponds to the initial and the final pH. (a) Ca released in As(III) adsorption experiments at alkaline pH, (b) Ca released in As(III) adsorption experiment at initial acidic pH, (c) Ca released in As(V) adsorption experiment at alkaline pH, (d) Ca released in As(V) adsorption experiment at initial acidic pH. 
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Figure 4. pH variation due to calcite dissolution at different initial pH levels with either OF-G or OF-S in (a) As(III) and (b) As(V) kinetic experiments. Straight lines represent the adjusted calcite dissolution numerical simulation for OF-G experiments, and dotted lines for the OF-S ones. 
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Table 1. Surface complexation reactions of protons, hydroxide, arsenic, calcium, and carbonate onto Hfo (assimilated to ferrihydrite) and its logaritimic equilibrium constants (Log K).
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	Reaction
	Log K





	Hfo_sOH + H+ = Hfo_sOH2+
	7.29



	Hfo_wOH + H+ = Hfo_wOH2+
	7.29



	Hfo_sOH = Hfo_sO− + H+
	−8.93



	Hfo_wOH = Hfo_wO− + H+
	−8.93



	Hfo_sOH + H3AsO3 = Hfo_sH2AsO3 + H2O
	5.41



	Hfo_wOH + H3AsO3 = Hfo_wH2AsO3 + H2O
	5.41



	Hfo_sOH + H3AsO4 = Hfo_sH2AsO4 + H2O
	8.61



	Hfo_wOH + H3AsO4 = Hfo_wH2AsO4 + H2O
	8.61



	Hfo_sOH + H3AsO4 = Hfo_sHAsO4− + H2O + H+
	2.81



	Hfo_wOH + H3AsO4 = Hfo_wHAsO4− + H2O + H+
	2.81



	Hfo_sOH + H3AsO4 = Hfo_sOHAsO4−3 + 3H+
	−10.12



	Hfo_wOH + H3AsO4 = Hfo_wOHAsO4−3 + 3H+
	−10.12



	Hfo_sOH + Ca+2 = Hfo_sOHCa+2
	4.97



	Hfo_wOH + Ca+2 = Hfo_wOCa+ + H+
	−5.85



	Hfo_wOH + CO3−2 + H+ = Hfo_wOCO2− + H2O
	12.78



	Hfo_wOH + CO3−2 + 2H+ = Hfo_wOCO2H + H2O
	20.37










 





Table 2. Adsorbent characteristics.
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	OF-G
	OF-S





	Size (µm)
	250–1000
	0.4–50



	Median size (µm)
	747
	7



	BET surface area (m2/g)
	218
	233



	Micropore area (m2/g)
	39
	21










 





Table 3. Adsorption equilibrium isotherm parameters and calculated errors for the Freundlich, Langmuir and surface complexation models.
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As(III)

	
As(V)




	

	

	
OF-G

	
OF-S

	
OF-G

	
OF-S






	
Freundlich

	
KF (As mg1−1/n·L1/n/OF g)

	
10.01

	
12.77

	
5.13

	
5.25




	
n

	
1.80

	
2.06

	
1.91

	
1.94




	
R2

	
0.995

	
0.984

	
0.982

	
0.977




	
SSE (As mg/g)2

	
17

	
34

	
7

	
7




	
Langmuir

	
qmax (As mg/OF g)

	
62.11

	
58.14

	
14.75

	
14.77




	
b (L/As mg)

	
0.16

	
0.26

	
0.72

	
0.75




	
R2

	
0.954

	
0.962

	
0.981

	
0.977




	
SSE (As mg/g)2

	
48

	
190

	
3

	
5




	
Surface

complexation

	
Strong sites (sites mol/mol OF)

	
0.007

	
0.007

	
0.001

	
0.001




	
Weak sites (sites mol/mol OF)

	
0.120

	
0.120

	
0.060

	
0.060




	
Surface area (m2/g)

	
211

	
233

	
211

	
233




	
SSE (As mg/g)2

	
142

	
101

	
101

	
108








Note: R2: coefficient of determination, SSE: sum of square errors.













 





Table 4. Fitted parameters for the non-linear pseudo-second-order adsorption kinetic models.
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As(III)

	
As(V)




	

	

	
OF-G

	
OF-S

	
OF-G

	
OF-S






	
Alkaline pH

	
qe (As mg/g)

	
28.9

	
26.9

	
11.0

	
9.2




	
K2 (g adsorbent/As mg·h)

	
0.007

	
0.028

	
0.016

	
0.123




	
Initial rate (As mg/g·h)

	
5.5

	
20.6

	
1.9

	
10.4




	
SSE

	
26.3

	
52.5

	
2.7

	
12.8




	
Acidic pH

	
qe (As mg/g)

	
31.4

	
29.3

	
16.9

	
13.2




	
K2 (g adsorbent/As mg·h)

	
0.011

	
0.051

	
0.012

	
0.156




	
Initial rate (As mg/g·h)

	
10.6

	
45.6

	
3.5

	
27.1




	
SSE

	
53.2

	
56.4

	
2.5

	
18.8
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