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Abstract: Concurrent with nutrient pollution, agriculture has significantly impacted the quantity,
composition, and bioavailability of catchment-derived dissolved organic carbon (DOC) in stream
ecosystems. Based on the stoichiometric theory, we tested the hypothesis that bioavailable DOC
will stimulate the heterotrophic uptake of soluble reactive P (SRP) and inorganic nitrogen in
stream sediments. In a simplified laboratory column flow-through study, we exposed stream
sediments to additions of glucose, nitrate, and phosphate alone and in combination (+C, +NP,
+CNP), and calculated gross and net changes in DOC and nutrients via a mass balance approach.
Our results show that glucose-C increased nutrient uptake, but also that NP additions resulted in the
enhanced consumption of both native and added organic C. The effects of C addition were stronger
on N than P uptake, presumably because labile C stimulated both assimilation and denitrification,
while part of the P uptake was due to adsorption. Internal cycling affected net nutrient uptake due to
losses of dissolved organically-complexed P and N (DOP and DON). Overall, our study shows that
increases in the stoichiometric availability of organic carbon can stimulate N and P sequestration
in nutrient-polluted stream sediments. Future studies are required to assess the effects of complex
organic carbon sources on nutrient uptake in stream sediments under different environmental
conditions, and whether these stoichiometric relations are relevant for ecosystem management.
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1. Introduction

Pollution of surface waters by excess nitrogen and phosphorus has become globally recognised over
the last few decades [1–3]. High reactive N and P loadings lead to nutrient saturation of streams [4–6]
and increased losses of reactive N and P to downstream aquatic ecosystems. Concurrent with diffuse
N and P pollution, agriculture has significantly impacted the quantity, composition, and bioavailability
of catchment-derived dissolved organic carbon (DOC) in stream ecosystems [7–9]. There is also a
widely understood change in aquatic DOC concentration and forms associated with DOC release
from sources of humified soil C [10], effluents and urban areas [11,12]. This change in DOC sources
could be of significant importance for the N and P losses as, based on the stoichiometric theory,
the availability of DOC to microbiota is the primary driver controlling assimilative and dissimilative
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nutrient uptake [13–16]. The depleted nature of organic C, which is available to drive microbial
processes, relative to anthropogenically-enriched N and P in some ecosystems has been previously
shown [17]. Nutrient stoichiometric controls are particularly crucial for river benthic zone processes
where a considerable potential for microbial processing exists [18] that may attenuate downstream
nutrient enrichment. Further knowledge is required to understand how biogeochemical cycles of N
and P respond to organic C additions (or relative depletion).

Appreciation of high reactive surface areas and long-residence times in some benthic zones,
particularly of lower-order rivers, has been part of rethinking past suggestions that rivers were
non-reactive conveyors for organic C [18,19]. Understanding of stoichiometric coupling in C:N
processing in rivers has developed due to advanced research programs and methods for N
transformations across soils and sediments, exploring mineralisation and denitrification driven
by ecosystem carbon amount, concentration and quality [14,20,21]. In an empirical study in the USA,
the DOC:nitrate concentration ratio strongly correlated with nitrate uptake in a large cross-biome
study with 69 stream sites [22,23]. In experimental studies, simple DOC sources, such as acetate or
glucose, have been shown to stimulate assimilatory N uptake by heterotrophs [16,24–26]. Simple C
source molecules are most often used experimentally for reasons such as need to satisfy large addition
masses, or ability to add C in isolation of associated N or P also present in natural organic matter.
However, it should be recognized that the biogeochemical responses can differ to those from natural
DOC enrichment by soil leachates or algal exudation. Despite this, the tight coupling of different DOC
types and N has been shown for aquatic ecosystems which implies a clear potential for similarly tight
coupling of DOC and P.

For P, the link between C:P and soluble reactive P (SRP) uptake is far less clear than for nitrogen,
even for pure DOC compounds. Oviedo-Vargas et al. [27] observed no increase in P uptake during
acetate additions, which they ascribed to increased competitiveness of heterotrophs compared to
autotrophs and the use of alternative P sources in the sediments. In a large-scale study about the
effects of agricultural land use, Bechtold et al. [28] found significant correlations of DOC uptake with
background SRP concentrations, but none between SRP uptake and ambient DOC concentrations.

Moreover, biotic P availability may be influenced by geochemical sorption of P onto sediment
surfaces, likely decoupling P uptake from microbial stoichiometric controls. Additionally, recent work
has shown that microbes may invest added C in phosphatase enzymes which mediate mineralisation
of complexed P [29] or in low-molecular weight organic acids that liberate P from exchange sites [30].
Together, these processes can alter the resource environment for benthic processing and alter the
amount and form of P being in excess to or recycled in the microbial processing. While a holistic
system of C, N and P is required for understanding, research must recognise and explore the different
abiotic and biotic control interactions associated with C:N and C:P coupling.

Mechanistic studies have addressed the combined effects of labile C, N and P additions to
aquatic environments [27,28,31,32] with often inconsistent results due to varying addition levels,
ratios, and effects magnitude. Furthermore, stoichiometric studies should encompass both inorganic
and organically-complexed forms of nutrients. Only then can more holistic macronutrient cycling
frameworks be developed. These should describe not only the dynamics of reactive nutrient uptake
but also net uptake/release effects involving N and P recycled through biogeochemical transformations.
Column systems present suitable microcosms for simulating riverbed P processes due to the ability
to control and test biotic and physico-chemical processes and, by measuring inflows and outflows,
to evaluate mass balances whilst avoiding complex tracers (e.g., isotopically-labelled 33P or 14C).

Our study used laboratory column flow-through studies to simulate the river benthic zone
and evaluate biotic nutrient cycling processes alongside abiotic context of the tested river sediment.
We tested the hypothesis that introducing bioavailable DOC (as glucose) to a river sediment would
influence the biological uptake rate of dissolved soluble reactive P and inorganic nitrogen relative to
inorganic nutrient exposure without labile DOC. Furthermore, we proposed that nutrient recycling
would occur, manifested in organically-complexed N and P release, that would alter the magnitude and
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timescale of the effect of labile DOC additions on the overall N and P fate. By combining these factors
in simplified benthic microcosms, we hoped to show key C, N and P interactions, stimulating further
experimental studies on combined C, N and P cycling. Using glucose allows us to construct simple
C, N and P addition treatments without compounding N and P additions in natural organic matter.
It remains important to increase knowledge on river N and P cycling building from fundamental
laboratory investigations of responses to model C compounds, that will support subsequent in-situ
understanding with natural C forms.

2. Materials and Methods

2.1. River Sediment and Column Flow Systems

We collected sediment in September 2018 from the bed of the River Dee, NE Scotland (Lat. 57.08,
Long. −2.34), from a depth of 0–3 cm below the water-sediment interface, at a point of channel width
~20 m, altitude 20 m a.s.l. and catchment area 1844 km2. The catchment-land use comprises 6%,
8%, 66%, 16% and 0.3% for arable land, improved grassland, rough grass/moorland/montane areas,
woodland and urban areas, respectively [33].

Sediments were kept fresh at 4 ◦C in the dark during storage and used within 24 h of collection.
Sediments were wet-sieved between <2 mm and >63 µm to prevent column clogging and remove coarser
particulate organic matter and left one hour to drain by gravity to a final moisture of 202 ± 6 g kg−1

(mean ± 1 s.e.). A subsample was taken at this point (termed sediment_t0) and the sediments were
packed into five glass liquid chromatography columns (Merck Group, Darmstadt, Germany; 2.5 cm
diameter, 10 cm length) to a depth of six cm (Figure 1). Columns had in-built filters (as bed support) at
inflow and outflow ends (<20 µm) and flow was from bottom to top to remove air and ensure saturation.
Column pore volumes (PV) were determined by the difference in the mass of the sediment-packed
column prior to flow and when saturated on destructive sampling and all leaching volumes are
hereby referred to in terms of the equivalent number of PV. Columns were covered on the outside by
aluminium foil to exclude light. Column physical parameters are given in Table 1 alongside the tabulated
concentrations of pre-treatment leachates. Column experiments took place in a temperature-controlled
laboratory (20 ◦C) using a peristaltic pump to control flow rates (19.5 ± 0.2 mL h−1). The column
experiments simulated interstitial flow in the sandy sediments of the turbulent, steep (1300 m altitude
in 100 km) River Dee, where naturally we expect considerable exchange of solutes between bed and
water column by mixed diffusive and advective flows. The mean water residence time (0.9–1.1 × 103 s)
was short compared to hyporheic water residence of 102–105 s [34], but was a compromise for flow
rates required to gain sample volumes for analysis without time for P form conversion (degradation of
SRP concentrations in samples).
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Table 1. Column physico-chemical and leaching parameters showing (a) the concentrations (and molar ratios) of background leaching prior to treatments, and (b) the
net uptake (negative values) vs. release (positive values) rates during exposure to treatment chemistry averaged over 600 PV equivalents.

Parameters Reference Leaching Columns

Ctreat NPtreat1 NPtreat2 CNPtreat1 CNPtreat2

(a)
Sediment DM g 55 53.8 52.4 52.4 53.7
Column PV mL 5.9 6.1 5 6.3 5.8

NO3-N µmol/L 0.7 1.9 2.6 5.6 9.3
NH4-N µmol/L 13.4 9.7 8.9 10.6 4.6

SRP µmol/L 0.48 0.52 0.55 0.48 0.65
DOC µmol/L 211 151 172 196 233
DON µmol/L 14.7 10.0 5.4 10.4 7.4
DOP µmol/L 0.35 0.42 0.35 0.26 0.39

C:N:P of background
leaching Molar ratio 251:34:1 162:23:1 190:19:1 265:36:1 226:21:1

(b)
NO3-N µmol h−1 kg−1 DM 1.5 0.0 −2.2 −1.2 −15.7 −18.3
NH4-N µmol h−1 kg−1 DM 3.4 0.5 0.3 0.2 0.3 0.1

SRP µmol h−1 kg−1 DM 0.2 0.0 −1.1 −1.3 −1.9 −1.7
DOC µmol h−1 kg−1 DM 70.2 −49.1 6.2 8.8 −208.5 −192.8
DON µmol h−1 kg−1 DM 3.5 0.2 9.1 5.5 3.0 1.8
DOP µmol h−1 kg−1 DM 0.13 0.2 0.1 0.1 0.3 0.2

C:N:P of outflow at ~600 PV Molar ratio 408:18:1 11:24:1 12:28:1 35:20:1 62:11:1
Eluant DO at ~500 PV mgO2/L nd 6.56 ± 0.03 6.95 ± 0.01 6.93 ± 0.02 4.12 ± 0.36 3.98 ± 0.29

O2 uptake µmol h−1 kg−1 DM nd 23.6 20.8 21.6 53.1 53.4

Legend: nd, not determined; DM, dry matter; PV, pore volume; O2 uptake was calculated from triplicate DO samples taken after ~500 PVs; Cycling rates show time-averaged rate during
the treatment phase (0–600 PV of leaching), where for both the mass balance of output-input results in +ve and −ve values showing net release and net uptake, respectively. The net rates
shown are those from column outflow-inflow concentrations without adjustment to the reference leaching.
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The particle size distribution of the sediment used to pack the columns was determined by
laser-diffraction (Malvern Panalytical, Malvern, UK). The sorption affinity of sediment amorphous
surface complexes was determined by extraction with acid ammonium oxalate [35]. Oxalate extractable
element concentrations (Pox, Alox, Feox) were analyzed in extracts by inductively coupled plasma
optical emission spectroscopy (ICP-OES, Agilent 7500ce instrument, Agilent Technologies, Santa Clara,
CA, USA). The P saturation was calculated as Psat = [Pox]/([Alox] + [Feox]), where [] denotes the
element’s molar concentration.

2.2. Solute Treatments and Column Eluant Sampling

Columns were initially conditioned using 0.2 mM NaCl to simulate river water. The first stage
was 48 h at reduced flow, designed to ensure saturation. Then the final constant flow rate (19.5 mL h−1)
was applied and 7 PV equivalent of background electrolyte were used to establish background leaching
concentrations and DOC, N, P release rates as a reference for characterising P sorption and C, N and P
mineralisation prior to treatments. This was done instead of providing an additional control column
throughout the experiment, since it provided a before-after reference leaching specific for each column.

Subsequently, three treatments were applied. As only five columns were available in total,
one column had DOC solution only (Ctreat), duplicate columns had NP solution (NPtreat1, 2) and
duplicate columns had DOC and NP solution (CNPtreat1, 2). These inflow solutions consisted of
0.69 mM DOC as glucose, 0.1 mM NaNO3 and 0.0065 mM KH2PO4 factorially (equivalent to 8.3,
1.4 and 0.2 mg L−1 of C, N and P and resulting in stoichiometric C:N:P molar ratios of 106.1:15.4:1,
approximating the Redfield ratio). Small column experiments facilitate the additions of adequate
solute volumes required to induce effects and scale-down longer-timescales of riverbed processes.
Approximately 3.8 L of solution was applied to each column over eight days. Inflow solutions were
exposed to the oxygen conditions of the laboratory. Generally, samples for chemical analyses were
taken into bottles exposed to air (i.e., allowed to drip into an open bottle). However, after ~500 PV,
one sample of each column was collected with a 30 mL syringe and flushed carefully through a flow
cell with an incorporated dissolved oxygen sensor (DO) and pH sensor to facilitate these measurements
at this timepoint without exposure to the atmosphere.

2.3. Analysis of Eluants

During the column experiments, DO was determined using a calibrated optical DO meter
(Hach HQ40D (Loveland, CO, USA)) on the air-excluded eluant sample and compared to
DO for inflow solution treatments (equilibrated with air) to compare O2 consumption rates.
For chemical analyses, the samples (from the open bottles) were analyzed by automated colorimetry
(Skalar San++, the Netherlands; analyzed <24 h following collection to maintain solute speciation).
Nutrient concentrations were determined for NO3-N, NH4-N, then for total dissolved N (TDN),
soluble reactive P (SRP; approximating to phosphate), total dissolved P (TDP) and DOC using an
automated persulphate/UV digestion procedure. The colorimetric detection limits were 0.1, 0.01
and 0.001 mg L−1 for C, N and P species, respectively. Standards for DOC analyses used phthalate
and accuracy of quantification for DOC, TDN and TDP was determined against in-house reference
samples using sodium benzoate, glycine and sodium hexametaphosphate, respectively. Dissolved
organic nitrogen (DON) was calculated from the difference between TDN and (NO3-N + NH4-N) and
the difference TDP-SRP was used to determine molybdate unreactive P that we interpreted here as
dissolved organic P (DOP).

We investigated the accuracy of the DON and DOP calculations. For DON, we found that in
47.5% of the samples, the DIN:TDN ratio was > 0.8, indicating a low accuracy of the calculated DON
concentrations in these cases [36]. Due to high random error resulting from high DIN:TDN ratios and
potentially due to systematic underestimation of TDN or overestimation of DIN, DON concentrations
can be calculated as being negative [36]. We found negative DON concentrations in 31.3% of the cases.
For DOP, we found SRP:TDP ratios >0.8 in 21.3% of the cases, and negative DOP concentrations in 2.5%
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of the cases, hence, the calculated DOP concentrations are likely more accurate than the calculated
DON concentrations. We set the negative DON and DOP concentrations to zero, knowing that this is
not necessarily true [36]. However, in the absence of a direct determination method [36,37] for DON
and DOP during the experiment, this is still the best possible practice. In the discussion of the DON
and DOP data, we will keep this in mind and will interpret especially our results on the development
of DON variables during the experiment with caution.

2.4. Destructive Analysis of Column Sediment Samples

Immediately on destructive sampling, extracellular enzyme activities were determined using a
microplate version of the p-nitrophenyl (pNP) linked substrate method for both pNP-phosphate and
pNP-β-glucopyranoside. The former substrate assays the role of phosphatase activity in liberating
inorganic phosphate from organo-phosphorus compounds, the latter substrate assays enzymes of
cellulose conversion to glucose for microbial C acquisition. The method modified from Jackson et al. [38]
comprises, briefly, exposure in separate tests of 2.5 mM of each substrate (in 50 mM acetate buffer) at a
ratio 300 µL to 0.60 g dry mass (DM) sediment at 20 ◦C for two hours following manual stirring of each
well. Tests were done in 96 deep-well plates with six replicates of all samples, standards and blanks.
After incubation, the plate was centrifuged at 5000 g for five minutes and supernatant transferred onto
a clean plate comprising 190 µL buffer and 10 µL 1 M NaOH to enhance colour formation per well
prior to spectrophotometric analysis at 410 nm. Samples were assessed against a standard curve of
pNP (range 0–2 mM; n = 6; R2 = 0.99) prepared in an identical matrix. Sample replicates (n = 6) had
7–14% and 10–27% relative standard deviation for the pNP-phosphate and pNP-β-glucopyranoside
reactions, respectively.

Within 24 h, microbial biomass nutrients were determined on fresh sediments following the
microbial biomass C method with chloroform fumigation (based on [39]). Briefly, this extracted two sets
of sediments and blanks in triplicate with 4 mL 0.5 M KSO4 at 1 g DM sediment for 30 min. One set had
been exposed to a saturated atmosphere of chloroform vapour under vacuum for 24 h with multiple
degassing to remove chloroform residual, the other set of sediments were unfumigated. Sample filtrates
(<0.45 µm) were stored at −15 ◦C prior to analysis for DOC by automated colorimetry (Skalar San++)
and microbial biomass C (MBC) determined as the difference. As sediment masses were limited,
the opportunity was taken to simultaneously analyse for microbial biomass P and N (respectively
termed MBP, MBN) by difference in the same samples (colorimetric analysis), even though 0.5 M KSO4

would provide a weaker P extractant than conventional 0.5 M NaHCO3 matrix used in microbial
biomass P extractions [40]; hence differences between treatments would be resolved, but absolute
values not comparable with the literature. For this purpose, a 20 µg/mL phosphate spike was included
to correct for the sorption of P released by cell lysis on the soil matrix, as common to the standard P
protocols. The MBC was calculated as: MBC = EC/kEC, where EC = (DOCfumigated−DOCnon-fumigated)
and kEC = 0.45 [41]. Similarly, MBN was calculated, but using kEN = 0.54 [42], and MBP using kEP = 0.4
and not correcting according to a spike of added dissolved phosphate [43].

For both enzyme activities and microbial biomass nutrients a reference sample was included
(termed background) comprising the same sediment prepared as for column packing but then stored
at 5 ◦C in the fridge for the experimental duration. This was not a true native condition for the in-situ
river bed (altered by sieving), nor control for the columns (did not experience flow) but was considered
to have been stored under biologically-slowed conditions allowing a reference state of microbial CNP
stoichiometry compared to post-column treatments.

Carbon and nitrogen concentrations of the sediments for background and post-column experiments
and their δ13C and δ15N (and additionally the nutrient source material glucose) were determined
on 2 mg (glucose) and 10 mg (sediment) milled subsamples using a Flash EA 1112 Series Elemental
Analyzer connected via a Conflo III to a DeltaPlus XP isotope ratio mass spectrometer (Thermo, Bremen,
Germany). The δ13CVPDB and δ15NAir-N2 values were normalized to their respective scales using
International Atomic Energy Agency (Vienna, Austria) reference materials USGS40 and USGS41a
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(both L-glutamic acid). It is known that glucose has a C4 plant signature that makes the addition of
glucose a possible tracer for DOC incorporation against the background of C3 DOC signal from natural
catchment sources. The end-member stable isotope value of glucose was δ13C −11.4 ± 0.0‰.

2.5. Data Handling and Statistics

All data were expressed relative to sediment dry mass determined by drying at 105◦. Column flow
volumes were converted to pore volume PV equivalents by dividing flow volumes by the PV. The column
PV of 5.0 to 6.3 mL indicated average water residence times of 923 to 1163 s. Sample concentrations
and calculated mass differences were plotted against the mid-point PV of that sampling period.

Differences in column concentrations were assessed as outflow minus inflow concentrations.
The net release or uptake of C, N and P per column and time step was calculated via a mass balance
approach, where the difference between output and input concentrations was divided by the exchanged
water volume, respectively. To obtain the mean gross change of C, N and P for each treatment, the solute
release from the reference leaching was extrapolated via linear regression to 600 PV and the change
in C, N and P relative to this extrapolation of the reference leaching was calculated. Concentrations,
stoichiometric ratios, and consumption rates are given in molar units. Net column retention or release
was derived from summation of masses for individual sample times, then stated and plotted for an
equivalent 600 PV leaching period across all columns.

We used Bayes factor statistics to test whether we find evidence of a significant effect of the DOC,
CNP, or NP treatment on the difference of solute concentrations (DOC, NO3, NH4, SRP, DON, DOP)
between in and outflow of the sediment columns. The Bayes factor statistics applied here use the same
statistical hypothesis as frequentist p-value statistics (ANOVA, t-test etc), the null hypothesis is that the
mean of the data is not different between the tested groups and the alternative hypothesis is that there
is a difference; hence defining here that the treatment groups come from different populations of values.
We chose Bayes factor statistics as they calculate how likely the alternative hypothesis is compared
to the null hypothesis and, in contrast to p-value statistics, do not require an arbitrary significance
level threshold [44]. Here a Bayes factor (BF) of 1 indicates the same odds for the alternative and
null hypothesis; a BF > 1 indicates higher odds for the alternative hypothesis, and a BF < 1 indicates
higher odds for the null hypothesis. For easy orientation, we consider a BF = 1 to 3 weak evidence
for the alternative hypothesis, a BF > 3 positive evidence, a BF > 20 strong evidence, and a BF > 150
very strong evidence for the alternative hypothesis [45]. We apply the same interpretation for the
null hypothesis and BF = 0.33 to 1 (weak evidence), <0.33 (evidence), < 0.05 (strong evidence), 0.0067
(very strong evidence). To test the treatment effects on the difference between column in- and outflow,
we only used measurements after 100 h of experiment duration, as before that the differences between
in- and outflow were highly unstable due to the still ongoing adaption to the enrichment. Since we
sampled the columns repeatedly, we used a repeated-measures Bayes factor statistic (analogous to a
repeated-measures analysis of variance) with sample occasion as a random factor and solute out-in
concentration as the dependent variable. Using this procedure, we treated each sample occasion as
the subject, able to independently react to the treatment and, hence, removing the effect of time on
the development of the dependent variables. We did these statistics in R, version 3.6.1 [46] with the
anovaBF function of the BayesFactor package [47]. The formula took the form y ~ treatment + time,
with time as a random factor (using the parameter which Random = time), y being the dependent
variable (solute out-in concentration), and treatment being the DOC, CNP or NP treatment. The full
mathematical form of the Bayes factor is given in Kass and Raftery [48] where a fuller explanation of the
methodology is also given. Further assumptions of the Bayes factor statistic applied here are normal
distribution and variance homogeneity of the model residuals. Both assumptions were sufficiently
given, and were not affecting the accuracy of the calculated BFs. In the results, we will present the BFs
and their accuracy (as relative accuracy in %).
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3. Results

3.1. Column and Sediment Conditions

Initial analysis of the sediment prepared for column packing showed particle size distribution of
0% clay (<2 µm; % by volume), 4.5% silt (2–60 µm), and 95.5% sand (60–2000 µm) with an idealised
equivalent spherical diameter of 40.8 m2/kg DM. The mean (±1 s.e.) oxalate extractable Fe, Al, and P of
2000 ± 12, 399 ± 11, and 69 ± 3 mg kg−1 DM, respectively, suggested this was a poorly P saturated
sediment with low sorption strength and molar Psat of 0.044 ± 0.002. Total organic C concentration was
small at 1.53 gC kg−1 DM and total N below the detection limit of 0.015 gN kg−1 DM. Hence molar
C:N of the t0 sediment exceeded 119.

3.2. Column Background Leaching Pre-Treatment Phase

Prior to treatments, the column background leaching (Table 1a) showed concentration means of
4.0 µM NO3-N, 9.4 µM NH4-N, 0.54 µM SRP, 9.6 µM DON, 0.35 µM DOP, and 193 µM DOC. These
background leaching concentrations were smaller than those of the treatment phase inflow solutions by
23, 12, and 4 times for NO3-N, SRP and DOC, respectively. The pre-treatment leaching corresponded
to release rates of 1.5, 3.4, 0.2, 70.2, 3.5 and 0.1 µmol h−1 kg−1 DM for NO3-N, NH4-N, SRP, DOC,
DON and DOP, respectively, that can be compared with those during the treatment phase (Table 1).
The stoichiometric ratios of the background leachates for C:N:P ranged between 162–265:19–36:1 when
all nutrient forms were considered (Table 1).

3.3. Column Eluant versus Treatment Inflow Concentrations and Nutrient Uptake Rates

Column data are described progressively in terms of outflow relative to inflow concentrations
(Figure 2), then cumulative change in solute mass from a net uptake/release rate (Figure 3) and
finally extrapolated gross uptake/release adjusting for the initial rate of background leaching.
The outflow-inflow timeseries (Figure 2) showed unstable concentrations early in leaching (<50 h),
then a relatively stable latter period (>100 h). Strongly negative values (inflow > outflow) were seen
for DOC in the case of Ctreat and CNPtreat, for SRP in the case of NPtreat and CNPtreat and for NO3-N
in the case of CNPtreat. Otherwise positive values for NH4-N, DON, and DOP for all treatments
showed detectable concentrations despite no addition of that nutrient form. During the leaching
period 100–200 h, Bayes factor analysis (BF) values >1 supported evidence of between-treatment
differences in the outflow-inflow concentrations that were strong for DOP and NO3 and very strong
for DOC and SRP. Conversely, BF<1 for DON and NH4 concentrations led to rejecting evidence for
between-treatment differences.

During leaching, eluant pH (in air-excluded samples) was 5.80, 5.97, 6.03, 6.01 and 6.13 for columns
Ctreat, NPtreat1, NPtreat2, CNPtreat1, CNPtreat2, respectively. The pH in the inflow was 5.80, 6.10, 6.08 for
C, NP and CNP solutions, respectively. The mean DO measured in air-excluded outflow samples
was between 6.5 and 6.9 mg L−1 for the C and NP treatments and around 4 mg L−1 for the CNP
treatments (Table 1). Mean DO in the inflow was 8.72 ± 0.07 mg L−1. This amounted to O2 uptake
rates of 20–24 µmol h−1 kg−1 DM for C and NP treatments, while CNPtreat columns showed double O2

consumption rates (Table 1).
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high SRP:TDN (Section 2.3).
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The net solute uptake/release rates are given as cumulative mass plots in Figure 3. Mass of DOC
showed minimal net leaching for NPtreat columns in the absence of DOC in the inflow. The CNPtreat

columns showed linear net uptake of DOC up to ~2000 µmol C. In contrast, the net uptake of DOC in the
Ctreat column, with identical inflow DOC concentration, only attained 500 µmol. Hence, the presence
of NP in the treatment increased the net DOC uptake. The net uptake of SRP was zero for the Ctreat

column, attained ~11 µmol for the NPtreat columns and 16–19 µmol for CNPtreat columns. Hence,
the addition of labile DOC stimulated net SRP uptake for CNPtreat relative to NPtreat. Positive mass
balances showed a net release of DOP in all columns.

For NO3-N, the Ctreat column showed zero net change in mass. In contrast to SRP (where NP
alone stimulated SRP net uptake), there was only a small net NO3-N uptake in the NPtreat columns,
while the CNPtreat columns showed considerable net uptake of NO3-N at a larger rate that increased
latterly. No NH4-N was added and hence all concentrations measured in column outflows were net
release. However, concentrations were frequently near to detection limits. The NH4-N release was
smallest in the Ctreat columns and similar in the other treatments. Likewise, DON showed net release in
all columns and this was greatest in NPtreat, moderate in CNPtreat and least in Ctreat. However, a series
of samples at analytical detection limits for Ctreat and CNPtreat made the leaching graph ‘stepped’,
and it is likely that detection limits and cumulative errors associated with the DON calculation added
to the uncertainty in the DON data.

To obtain the mean gross change of C, N and P for each treatment, the solute release from the
reference leaching was extrapolated via linear regression to 200 h (600 PV). Then, the change in C,
N and P accounting for—and relative to—the extrapolated reference leaching was calculated as a
gross change (Figure 4). This calculation of gross uptake allows to identify native sources of C in the
sediments potentially able to stimulate NP cycling and similarly native N or P available to stimulate
DOC cycling. This is important to consider in the assessment of an overall potential DOC, N or P
limitation of the columns. Regarding DOC cycling, for example, the net zero DOC mass change in
NPtreat becomes a gross uptake. Thus, added NP stimulated the uptake of native DOC previously
leached, while Ctreat and CNPtreat enhanced DOC uptake further. Similarly, a small gross uptake
of native NO3, NH4, DON and SRP was predicted for DOCtreat considering the net release in the
background leaching. The gross release of DOP was lowest for the NPtreat columns, showing even
lower DOP leaching than the background leaching, while DOP leaching in Ctreat and CNPtreat columns
was enhanced.
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and (iii) outflow relative concentrations (lower arrow widths; averaging final three column outflow
samples). The arrow widths denote the inflow and outflow DOC, total dissolved N and P molar
concentrations (at scaling C × 0.1, N forms × 1, P forms × 10) and the N and P speciation in the outflow
arrows is proportional to the total arrow length. The leftmost column chart is the reference leaching
cycling rate (µmol h−1 kg−1 DM) then the three rightmost charts are the gross cycling rates for C, NP
and CNP treated columns. The gross rate comprises the net rates adjusted by the reference leaching
rate (the incorporation of an internal nutrient source extrapolated from the background leaching).
As one example we consider value derivation for the Ctreat. The reduction in DOC concentration
between column inflow (upper wider brown arrow) and outflow (lower, narrower brown arrow) equals
−49 µmolC/h/kg DM net uptake (in the central bar chart), but considering the extrapolation of the
background (sediment-derived) release of +70 µmolC/h/kg DM this becomes the −119 µmolC/h/kg
DM gross uptake depicted here. The Ctreat inflow contains no N or P, yet SRP shows −2 µmolP/h/kg
DM gross uptake. This is possible since all of the background +2 µmolP/h/kg DM SRP release is
retained (even though no additional treatment P is added). A further example of this gross calculation
effect is that the NPtreat has −63 µmolC/h/kg DM gross uptake indicative of the +70 µmolC/h/kg DM
background (internal) DOC release, leaving a small DOC outflow concentration (approximating +7
µmolC/h/kg DM) when no C was added in the treatment. Values are derived from Table 1.

In general, the addition of labile C reduced the leaching of most N and P forms from the sediments,
resulting in a gross uptake of NO3-N and SRP when these nutrients were added. Labile C in the
CNPtreat increased gross uptake of both native and added NO3-N by 6 times compared to the NPtreat,
while gross uptake of SRP was enhanced only 1.5-fold. However, these C-induced effects were different
when all inorganic and organic forms of N and P were considered. The enhanced leaching of DON in
the NPtreat, for example, countered the uptake of NO3-N there, leading to even greater differences in
gross uptake of total N between the NP and the CNP treatment (subject to our caveats regarding DON
analytical uncertainties). In contrast to N, the relatively small gross release of DOP minimally changed
the positive effects of labile C addition on total P uptake.

3.4. Destructive Sediment Sampling Post-Column Treatments

Although the number of treated column replicates was limited, the results of the destructive
sampling are discussed generally in comparison to the background sediment that was not exposed to
column treatments. Phosphatase activity was lowest in the background sediment (118 µmol h−1 kg−1),
moderate in the NP treatments (~200 µmol h−1 kg−1) and highest in the Ctreat and the CNPtreat

(~370 µmol h−1 kg−1; Table 2). Therefore, the addition of labile C stimulated phosphatase production
indicative of a higher P demand even in the presence of C, N and P additions at the Redfield ratio.
However, values for treated column and background sediment for β-glucosidase activity were in a
tight range of 39–42 µmol h−1 kg−1 DM with no apparent patterns. Other enzymes that are required
for processing of C in refractory organic matter were not determined so this lack of difference is not
conclusive on overall C mineralisation.

Table 2. Sediment microbial biomass CNP and phosphatase enzyme activity determined on destructive
sampling of the columns after the treatments. To show background microbial conditions, the prepared
packing sediment was used after storage at 5 ◦C for the experimental duration.

Column Treatment
MBC MBN MBP MBC:MBN MBC:MBP Phosphatase Activity

(µmol/kg DM) (µmol/kg DM) (µmol/kg DM) Molar Ratio Molar Ratio (µmol h−1 kg−1 DM)

Background 4170 370 3.2 11.3 1322 118
Ctreat 2067 320 0.3 6.5 6644 384

NPtreat1 108 102 4.8 1.1 22 182
NPtreat2 311 150 6.5 2.1 48 212

CNPtreat1 1800 146 4.2 12.3 429 369
CNPtreat2 2202 395 10.7 5.6 205 362

For microbial biomass C (MBC) there were similar values for the Ctreat and CNPtreat columns,
but nearly an order of magnitude lower for NPtreat (Table 2). The MBN values remained small in the
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two NPtreat columns and one CNPtreat column, but were two to three times greater in the Ctreat column
and one of the CNPtreat columns. The MBP values were very small for the Ctreat column, but an order
of magnitude greater for NPtreat and one CNPtreat column (reaching a maximum in one CNPtreat).
The background reference suggested that column treatments had reduced MBC concentration by at
least a half. The background sediment MBN concentrations were equivalent to those in Ctreat and one
of the CNPtreat columns and higher than other columns. In contrast increased MBP concentrations for
all but Ctreat relative to background sediment suggested P incorporation into microbial biomass in all
columns exposed to P inflow solutions.

We examined the stoichiometry of the microbial biomass following treatments (Table 2) relative to
that of the different compartments of column inflow and outflow solute concentrations, the microbial
measures on the background sediment, and the total elemental mass of the bulk sediment. The Ctreat

column had an extremely large value for MBC:MBP, exceeding also the background sediment ratio,
and a moderate value of MBC:MBN, equivalent to one of the CNPtreat and half that of the other
CNPtreat and the background sediment ratios. The NPtreat had the lowest ratios of both MBC:MBN and
MBC:MBP, less than an order of magnitude smaller than background sediment ratios. The CNPtreat

had moderate ratio values between those of Ctreat and NPtreat, but with considerable variability.
In general, the MBC:MBN ratios (1.1–12.3) were far smaller than C:N ratios of the initial sediment

solid phase (>119), but within the range of the column solutes of the background leaching (Table 1a;
7–11) and final Ctreat, NPtreat and CNPtreat outflow concentrations (Table 1b; 23, ~0.5, 2 to 6, respectively).
Hence, Ctreat with exposure to extreme high C:N inflow resulted in moderate microbial C:N and an
outflow C:N three times higher than the background leaching. The NPtreat with exposure to extreme
low C:N inflow resulted in low microbial C:N and C-limited outflow. Compared to the MBC:MBP
ratios, the range of C:P ratios was much smaller for the background leaching (162–265) and the final
Ctreat, NPtreat and CNPtreat outflow concentrations (408, 11–12 and 35–62, respectively). The Ctreat

showed exposure to C-only in the inflow resulted in an approximately two times higher C:P ratio in
the solute outflow and in increased microbial C:P ratios. The NPtreat with exposure to extremely low
C:P inflow resulted in low C:P ratios in both the microbial biomass and the outflow.

In summary, the Ctreat, resulted in moderate (MBC:MBN) to high (MBC:MBP) microbial ratios,
the NPtreat consistently low ratios and CNPtreat moderate but varied ratios. The cell ratio magnitudes
were proportional to the effects on the outflow relative to inflow solute ratios. The reasons for high
variability microbial biomass stoichiometry between the two CNPtreat columns are unclear since Table 1
shows that the O2 uptake was equivalent in CNPtreat1 and CNPtreat2 and Table 2 shows equivalent
phosphatase activities.

The org C of the sediments after treatments ranged between 1.08 (CNPtreat) to 1.50 (Ctreat) gC/kg
DM. The δ13C values for the post-treatment sediments were smaller than the CNPtreat (−23.96 ± 0.14‰)
than for the NPtreat (−25.06 ± 0.26‰) and can be compared to the Ctreat and t = 0 sediment values
of −24.15‰ and −24.74‰, respectively (no sample replication). Lowering of the δ13C values for the
CNPtreat is a statistically weak indication of some incorporation of the δ13C signal of the glucose C
source (−11.4‰).

4. Discussion

We tested the hypothesis that introducing bioavailable DOC to river sediment will increase
the uptake rate of ortho-phosphate and inorganic nitrogen relative to exposure without labile DOC.
The simple isolated column experiments here support this hypothesis. However, we found interesting
differences in the effects on P versus N. One such aspect, as we additionally proposed, was the release
of organically-complexed N and P due to nutrient recycling which influenced the overall N and P
fate. Microbial attenuation of N associated with DOC presence in rivers is more widely reported than
DOC stimulating heterotrophic P uptake [16,26,49]. Examining N, P and C simultaneously, with a
stoichiometric viewpoint, is thus novel. The key aspects in interpreting these data were: the starting
conditions of the columns concerning C, N or P existing limitations; the differences between N and P
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leaching versus retention in relation to assimilatory and dissimilatory processes; and confirmation of
C, N and P uptake from destructive sampling considering stoichiometric changes.

4.1. Antecedent Sediment Conditions and Background Nutrient Leaching

Nutrient exposure in the columns can be compared to native concentrations for the sampled
river in Stutter et al. [33] that may approximate in-situ sediment pore waters in permeable, sandy
bed sediments. The native in-situ exposure to SRP in river water of <20 (summer baseflow) to ~100
(storm event) µgP/L can be compared to NP and CNP treatments of 201 µgSRP/L, where higher
concentrations remained realistic to rivers subject to agriculture and urbanisation. The native exposure
to NO3 of 0.3 to 4.2 mgN/L in river water was equivalent to the 1.4 mg NO3-N/L in NP and CNP
treated columns. Whilst the native exposure to river water DOC of 1.4 to 10 mgC/L approximated the
8.3 mgC/L of glucose-C in the C and CNP treatments, it should be noted that a dominance of organic
soils in the River Dee leads to native humic DOC (with likely 4–19% of C being ‘biovailable’ according
to recent model synthesis; [17]). Accounting for the C-bioavailability scaling factor in [17], the molar
C:P ratio of sampled river water at the sediment collection point was 102–124, so that the microbes
were acclimatised to the stoichiometry of available nutrients in the CNP treatment inflow (106).

We consider that the sediment was naturally N-depleted (potentially microbially N-limited) at the
start of the leaching experiments, with relatively larger potential P and C availability. Initial sediment
analysis showed that 1.53 gC kg−1 DM compared to total N < 0.015 gN kg−1 DM gave a molar C:N
of the t0 sediment >119. The relatively strong oxalate extractant characterized exchange P reserves
as 69 mg kg−1 DM. However, despite the low N condition of the sediment the N leaching in the
pre-treatment phase contradicted this by exceeding P leaching (Table 1), with C:N:P stoichiometric
ratios of the background leachates being 162–265:19–36:1 considering all nutrient forms (equating
to C:N of 7–11). Short, but high DOC peaks at the start of the background DOC leaching (Figure 2)
indicated native C being available to drive NP changes in the NP treatment. Potentially the sediment
background state favored mineralization of both N and P, but the difference in the fate of N and P may
be explained by the native DOC being of low bioavailability to microbes such that N was leached as
opposed to consumed, whereas P was potentially retained by sorption capacity remaining at that time.

4.2. The Differences Between N and P Retention and Recycling

The results showed that labile glucose-C reduced nutrient leaching, but also that NP additions
resulted in the enhanced consumption of both native and added C, thus, limiting DOC leaching.
Figure 2 shows increased DOC net uptake when glucose-C was introduced alongside inorganic N
and P relative to glucose-C addition without N and P. Hence, available NP stimulated DOC uptake.
However, the individual effects of N and P were not resolved in the current study design. The fate of
added glucose-C in terms of Carbon Use Efficiency (CUE; the incorporation into biomass relative to
respiration) was not resolved here as in studies that used radio-labelled C [30,50]. Still, the greater O2

consumption for CNPtreat versus Ctreat or NPtreat suggested C was respired. In sediments from a UK
oligotrophic, upland river, Brailsford et al. [30] found that uptake of added glucose-C was enhanced
particularly by available N addition and this suppressed respiration, suggesting that N regulated
microbial C-storage. Their sediments appeared N limited since inorganic P uptake was decreased in the
presence of glucose-C when compared to addition of CNP together. Similarly, Mutschlechner et al. [51]
observed stimulating effects of P on natural DOC retention in a P-limited headwater stream.

Changes in stoichiometry can inform about the starting position relative to, and movement towards
or away from, microbially-favorable macronutrient ratios. The C:N:P range for initial background
leaching of 162–265C:19–36N:1P is our closest indication of the in-situ pore water condition, which may
be compared to a typical aquatic microbial cellular composition showing ‘plasticity’ between C:P
of 47–994 and C:N 2–11 [52]. However, when we added C:N:P simultaneously at the ratio of
106:15:1, the labile C became readily incorporated and outflow solutions attained 35–62C:11–20N:1P.
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This indicates that C:N:P ratios need to consider not only the quantity, but also the bioavailability of
the DOC.

The fate of organic C in aquatic ecosystems across gradients of NP is topical to studies of global
C-cycling. Glucose is a model C substrate compound often used in freshwater microbial metabolism
studies [29,30] as it represents a naturally occurring C substrate of low molecular weight. However,
natural dissolved organic carbon comprises a diverse array of complex simple- to macromolecules [17,53]
and may play different roles to glucose-C due to strategies required by certain microbes to access it as
an energy source. Hence, future studies should investigate microbial and geochemical interactions
associated with mixtures or gradients of DOC forms.

Our primary results concern the importance of glucose-C for regulating P and N uptake. In terms
of N, the labile C increased uptake of native and added N. For NPtreat, a very limited NO3 retention
occurred that was greatly exceeded by the DON exports (Figure 3). Whilst no glucose-C was added
in the NPtreat, a small amount of native C appeared to have driven N and P processing. Conversely,
for CNPtreat, the glucose-C stimulated considerable NO3 retention and limited the exports of DON.
It is likely that denitrification accounts for some of the NO3 retention in the presence of glucose-C,
whereby NO3 concentrations were lowered in the second half of the leaching period (Figure 2),
perhaps marking a switch from assimilation and mineralization of N towards denitrification due to
decreased DO availability. In comparison, denitrification would have been C-limited in the NPtreat

(where DO remained high). Further indications for denitrification are the similar values for microbial
biomass N between NPtreat and CNPtreat, suggesting relatively similar N assimilation, compared to the
much higher NO3 removal in CNPtreat columns.

In terms of P, the glucose-C increased SRP retention, but not to the same extent as for N. In contrast
to N retention, a large amount of SRP retention occurred already for the NPtreat. Then, with the
CNPtreat, the SRP retention was only stimulated a further ~50% (Figure 3). One mechanism for this
different behaviour for P than N may be a significant proportion of SRP being immobilized via sorption
in the NPtreat and, thus, independent of C-stimulated biotic processing. In the presence of C, however,
P becomes subject to competition for sorption sites, limiting abiotic factors of P retention. We also
cannot rule out an effect of native sediment C contributing to microbial P assimilation in the NPtreat.
Already 13 µmol of SRP uptake occurred for NPtreat alongside a net DOC uptake of 620 µmol (Figure 3).
Hence, ascribing the portion of abiotic (sorption) and biotic (assimilation) SRP retention by comparing
NPtreat versus CNPtreat must be viewed as indicative.

Whilst glucose-C reduced overall N and P leaching, especially depleting inorganic N and P
outputs relative to inputs, the presence of C stimulated appreciable losses of DOP, but only limited
DON losses. To find the relevance of such experimental findings of altered DOC presence to responses
of N and P cycling in real rivers with complex DOC sources and autotrophic-heterotrophic systems
now requires further work, drawing on the coupled macronutrient cycling observed through such
simulations with simple DOC sources, such as glucose. In a management context the mediation of
river C supplies will be best brought about by progressive connection of human-impacted catchments
with restored wetlands, riparian forests and other beneficial sources of appropriate organic C [17].
Environmental benefits of increasing river C for protecting aquatic ecosystems from eutrophication
by stimulating N and P sequestration in sediments is dependent on (i) the extent to which inorganic
N and P uptake is stimulated by C, (ii) the offsetting of the net N or P removal from release of DON
or DOP, and (iii) the potential for DON and DOP to contribute to river eutrophication. Our results
show that glucose-C addition increased net DOP release by 2 µmol that partially offset the net 7
µmol glucose-stimulated SRP uptake (for CNPtreat relative to NPtreat). However, for N, the glucose-C
addition decreased net DON release by 45 µmol in addition to decreasing NO3 release by 160 µmol
(for CNPtreat relative to NPtreat). Interactions of NH4 change in the overall N balance were minimal.
Hence, there were fundamental differences between the way that C affected N retention and recycling
compared to P.
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Studies in the region of the sampled river and globally show that dissolved (molybdate-) unreactive
P (surrogate of DOP) and DON are appreciable P and N forms in freshwaters [17,33]. Direct access of
aquatic biota to organically complexed P has been reported for both heterotrophic [54] and autotrophic
microbes [1]. However, these data should be used as an indication only due to (i) the non-specific
nature of the analytical definition of non-molybdate reactive P as organically complexed P [55] and
(ii) since we found that high dissolved inorganic N:TDN ratios may result in high uncertainty in DON
data (see methods). Hence, future studies interpreting DON and DOP cycling in coupled macronutrient
cycling studies should use specific analytical techniques to support pool distinctions by colorimetric
methods. Examples of such methods include developing direct spectroscopic techniques and analysis
following colloidal fractionations schemes isolated P bound to high molecular weight organic and
organo-mineral colloids [56].

4.3. Support for Uptake Mechanisms Using Sediment Analyses and Stoichiometric Change

Leaching experiments integrate various, partly interacting processes of retention in a simple
inflow-outflow mass balance approach. Our additional measures of enzyme activities, microbial
biomass C, N and P, and change in stoichiometry of environmental compartments can support
inferences of biotic uptake.

Enzyme activities suggested that microbes invested labile-C in phosphatase production in both
the Ctreat and CNPtreat columns (Table 2), despite the stoichiometry of the CNP addition suggesting
P was not limiting. Recent work has shown coupling of DOC availability and alkaline phosphatase
production in freshwaters [29]. These authors found greater bacterial bound phosphatases in cultures
from U.S. pond waters amended with glucose-C than in controls. However, concentration changes
of P forms were not evaluated, and the authors noted that the interaction with organic P substrates
and phosphate presence warranted investigation. Hence, results here support a further mechanistic
C-interaction on C:P coupling in aquatic systems by aquatic microbes potentially utilizing labile C to
provide additional ortho-phosphate for uptake even under non-limited conditions.

Where P was added, higher microbial biomass P was shown at the end of the experiment (Table 2),
suggesting increased microbial P assimilation. In contrast, microbial biomass P was depleted in
the Ctreat. Similarly, microbial biomass C was higher in treatments with C additions than without,
although values never exceeded background data. In treatments without C, the MBC was strongly
reduced. However, microbial biomass N showed the opposite pattern to P and C, with lowest
values occurring in the NPtreat. Due to these inconsistencies among parameters, the partly high
variability between duplicates, the high background values, and potentially interfering processes other
than assimilation (i.e., adsorption and denitrification), microbial biomass data are hard to interpret.
Although Heuck et al. [50] found for mineral forest soils that C-limited microbes in low nutrient soils
incorporated greater amounts of glucose-C into microbial biomass with CN, CP and CNP treatments
relative to C-alone, this was not apparent in our experiment. To disentangle the various interacting
processes behind C stimulation of heterotrophic N and P uptake in sediments, further experimental
studies are required using stable isotopes (C,N) and/or radio-labelled P techniques and including water,
sediment, and gas analyses.

5. Conclusions

Agriculture has not only impacted streams through excess nutrient inputs, but has also changed
the amounts and availability of river organic carbon. These changes led to imbalances in aquatic
macronutrient stoichiometry and potential C-limitation of nutrient uptake. Our simplified column
study tested the hypothesis that stoichiometric rebalancing may enhance heterotrophic N and P
uptake in stream sediments through increasing the amount of bioavailable organic carbon. Despite the
limited replication and the use of a model-substrate for carbon, our study demonstrates that additions
of labile C can, in fact, stimulate heterotrophic uptake of both inorganic nitrogen and phosphorus
under unconstrained hyporheic flow conditions. Similarly, nutrient additions enhanced the microbial
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consumption of both native and added C, providing evidence for the inter-relationship of macronutrient
cycling in stream sediments. The effects of C addition were stronger on N than P uptake, presumably
because labile C stimulated both nitrogen assimilation and denitrification, while part of the P uptake
may have resulted from stoichiometrically independent abiotic adsorption. Further studies are needed
on the effects of organic carbon additions on the various biotic and abiotic uptake pathways for N
and P to increase the mechanistic understanding of interactions among these complex and partly
competing transformation processes.

Our study also highlights the significance of internal nutrient recycling for net nutrient uptake
through leaching of organically complexed forms of N and P. Thus, evaluating the potential of river
organic C management to enhance N and P retention in nutrient-polluted systems needs to consider
the extent of nutrient recycling and the potential of released DON and DOP to contribute to river
eutrophication. Similarly, future mechanistic studies should focus on complex organic carbon sources
as well as on more complicated systems, including the effects of, e.g., constrained flow conditions
within clogged sediments or heterotrophic-autotrophic interactions on in-stream nutrient retention.

Balancing macronutrient stoichiometry through, e.g., reconnecting landscape beneficial OC
sources, may provide river managers with a powerful tool to control diffuse nutrient pollution and
alleviate eutrophication in agricultural streams. Our preliminary study gives valuable information
on the mechanisms linking available DOC with N and P retention and recycling. The data presented
contribute to an important growing body of literature on macronutrient cycling in river systems,
where especially mechanistic results linking C and P cycling, and secondary effects on ecosystem status
and eutrophication, remain weak. Future work should include complex organic C sources and seek to
include solute and gaseous pathways for N and C cycling.
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