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Abstract: Antibiotics are used extensively throughout the world and their presence in the envi-
ronment has caused serious pollution. This review summarizes natural methods and enhanced
technologies that have been developed for antibiotic degradation. In the natural environment, an-
tibiotics can be degraded by photolysis, hydrolysis, and biodegradation, but the rate and extent of
degradation are limited. Recently, developed enhanced techniques utilize biological, chemical, or
physicochemical principles for antibiotic removal. These techniques include traditional biological
methods, adsorption methods, membrane treatment, advanced oxidation processes (AOPs), con-
structed wetlands (CWs), microalgae treatment, and microbial electrochemical systems (such as
microbial fuel cells, MFCs). These techniques have both advantages and disadvantages and, to over-
come disadvantages associated with individual techniques, hybrid techniques have been developed
and have shown significant potential for antibiotic removal. Hybrids include combinations of the
electrochemical method with AOPs, CWs with MFCs, microalgal treatment with activated sludge,
and AOPs with MFCs. Considering the complexity of antibiotic pollution and the characteristics of
currently used removal technologies, it is apparent that hybrid methods are better choices for dealing
with antibiotic contaminants.

Keywords: antibiotics; biodegradation; enhanced removal; advanced oxidation processes; membrane
filtration; constructed wetland; microbial electrochemical systems; hybrid technology

1. Introduction

Since the discovery of penicillin and its application on industrialization and commer-
cialization, hundreds of antibiotics have been discovered and are utilized [1]. Currently
used antibiotics fall into a number of different classes, including β-lactams, tetracyclines,
macrolides, aminoglycosides, amphenicols, quinolones/fluoroquinolones, sulfonamides,
lincosamides, glycopeptides, and polyether ionophores [2]. Antibiotics are widely used for
the treatment of diseases, such as bacterial infections in humans and animals, greatly reduc-
ing the mortality and morbidity of infectious diseases caused by pathogenic bacteria [3].
In addition, antibiotics are also used as drugs and feed additives in the breeding industry
where they not only prevent diseases but can also promote animal growth [4]. However,
antibiotics are typically only partially metabolized in animals and humans, with the re-
mainder being discharged into the environment either as whole compounds or metabolites
through feces and urine [5]. Importantly, antibiotics in the environment may induce the
generation and spread of antibiotic-resistant bacteria (ARB) and antibiotic resistance genes
(ARGs), which can spread to organisms and humans through horizontal gene transfer
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either by direct contact or through the food chain, leading to widespread resistance in
ecosystems [6]. Some ARBs and ARGs detected in the natural environment are listed in
Table 1.

Table 1. ARBs and ARGs detected in the natural environment.

Antibiotics Site ARGs ARB

Tetracyclines, oxytetracycline Surface water, China [7] blactx, sul I, tet A, qnr S, aac-1b and
so on antibiotic-resistant Escherichia coli

Sulfonamides, sulfonamides River, China [4] sul 1, sul 2, tet A,tet B,tet E,tet W,tet
M,tet Z River bacteria

Trimethoprim, Ofloxacin River, wastewater treatment plant,
Spain [8]

qnr S, erm B, tet W, blaTEM,
blaNDM, blakpc, van A

Tetracyclines, Chloramphenicol River, Germany and Australia [9] Ampc, van A, tet A, aac(3)-IIa,
dfrA1, ermA

β-lactams River, United States [10] antibiotic-resistant
Gram-negative bacteria

Tetracyclines, amoxicillin River, France [11] antibiotic-resistant Escherichia coli

For the protection of public health, the European Commission has established maxi-
mum residue limits (MRLs) for antibiotics and other pharmacologically active substances
in foods of animal origin [12,13]. In this regard, significant efforts have been made to
develop robust analytical methods that combine techniques such as high-performance
liquid chromatography (HPLC) coupled with mass spectrometry (MS) and liquid chro-
matography coupled with tandem mass spectrometry (LC–MS/MS) to monitor antibiotic
residues in food and environmental material. The methods of antibiotic extraction from
different substrates vary. For example, antibiotic residues in food are often difficult to
detect as the residues are often matrix-associated, which can interfere with their analy-
sis [14,15]. Current separation and detection methods are often based on chromatography
or immune-affinity analysis. Gas chromatography (GC) and liquid chromatography (LC)
are widely used for separating and detecting antibiotics. Conventional detectors such as
ultraviolet (UV) or fluorescence detection (FD) often do not provide structural information
for non-targeted compounds and present challenges for the simultaneous detection of
multiple samples [16,17]. Although bioassays are often sufficiently sensitive and selec-
tive, they may be too specific for the quantification of multiple antibiotics [18,19]. Gas
chromatography–mass spectrometry (GC/MS), gas chromatography–tandem mass spec-
trometry (GC/MS/MS), liquid chromatography–tandem mass spectrometry (LC/MS/MS),
and high-performance liquid chromatography–MS/MS (HPLC/MS/MS) can make up for
these limitations. HPLC/MS/MS currently dominates the detection methods for antibiotic
residues in food and other environmental materials as most antibiotics are not volatile,
therefore, not suitable for GC/MS and GC/MS/MS.

Antibiotic pollution is widespread in the environment and can be detected in sur-
face water, groundwater, sediments, soil, and even drinking water [20,21]. The sources
of antibiotic pollution are widespread and include pharmaceutical wastewater in which
antibiotics are not completely degraded [22], human and veterinary antibiotics that have
not been fully metabolized and large amounts of expired and unused antibiotics [23]. Sixty-
eight different veterinary pharmaceutical residues were detected in natural water and tap
water at concentrations ranging from ng/L to µg/L [24]. Even after a series of treatment
processes in a drinking water plant, the effluent contained trace levels of antibiotics. A
total of 58 antibiotics were found in the filtered tap water, with the mean and median
concentrations of the detected antibiotics being 182 ng/L and 92 ng/L, respectively [25].
In addition, coastal waters in many parts of the world have also been contaminated with
antibiotics, with more than 30 antibiotics detected in Chinese coastal waters at concentra-
tions as high as µg/L [26]. For instance, the concentrations of 11 antibiotics in Bohai Bay
ranged from 2.3 to 6800 ng/L [27], with concentrations of 12 antibiotics ranging between
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0.1 and 90 ng/L in the Yangtze Estuary [28], indicating that large quantities of antibiotics
have been released into coastal waters [29].

Antibiotics are even found in groundwater. The three main sources of antibiotic
contamination of groundwater are drainage from the soil, infiltration from sediment, and
introduction through the exchange between surface water and groundwater [30]. Antibi-
otics may enter groundwater through various agricultural activities such as aquaculture
sewage irrigation and manure return, as well as runoff and rainwater leaching in aquacul-
ture and agricultural areas [31]. There are several factors influencing antibiotic residuals
entering to groundwater, including adsorptive, hydrogeological, physicochemical, and
hydrochemical factors [31,32]. For example, because they are easily absorbed by sediments,
tetracyclines are not common in aquatic environments, while sulfonamides have a high
detection rate and are the most frequently reported antibiotic group in groundwater due to
their weak adsorption capacity to soil and low biodegradability, which makes them easy to
migrate into the water environment [33]. Aquifers’ geological features and hydrological
sources contribute to its recharge and antibiotic content [31]. For example, antibiotics
enter groundwater through lateral or longitudinal hydraulic exchange in stall belts [34].
In places where the surface water level is higher than the regional groundwater level, for
example in arid areas, the unsaturated zone below the river channel is directly replenished
by surface water. This mechanism is considered to be the source and path of groundwater
pollution. Seasonal changes were observed in the type and concentrations of 19 antibiotics
from 27 groundwater samples [35]. In spring, high concentrations of ofloxacin, norfloxacin,
tetracycline, and erythromycin dehydrate were found in groundwater and surface, while
in autumn, chlorotetracycline, doxycycline, and enrofloxacin comprised the greatest pro-
portion with the highest concentrations in all the samples. Most of the sulfonamides were
present at higher levels in spring than in autumn, which can be ascribed to surface runoff
by rainwater during the wet season (spring). The average concentrations of compounds in
the fluoroquinolone and tetracycline classes were far higher than those in the sulfonamide
and macrolide classes. The main antibiotics present in groundwater were also the domi-
nant compounds found in surface water, with correlation coefficients of 0.93 and 0.97 in
autumn and spring, respectively, indicating the potential contamination of groundwater by
the infiltration of contaminated surface water. In addition, the environment surrounding
fertilized land, including surface water and groundwater, is affected at the same time due
to the high concentrations of both antibiotics and ARGs in the fertilized soil which can be
transmitted to the groundwater and surface water by runoff and irrigation [36].

Although antibiotics in the environment are usually detected only at the trace con-
centration level, “false persistence” may occur due to poor degradation of antibiotics and
persistent input resulting from continuous discharge into the environment [37].

Residual antibiotics in the environment pose both toxicological effects and ecological
risks [38]. For example, ciprofloxacin and sulfamethoxazole can inhibit the growth of algae
in the ocean [39]. Trimethoprim reduces the abundance of hydra intestinal bacteria and also
affects the digestion and absorption of algae by water fleas, ultimately affecting the growth
of water fleas [40]. Low-mass concentrations of sulfadiazine leakage can cause increases
in the autonomous movement and heart rate of the zebrafish, while exposure to drugs
can lead to embryonic deformities [41]. Antibiotics also interact with microbes within the
human body, resulting in imbalances in the gut flora, and causing various diseases [42,43].
Therefore, persistent antibiotic residue in the environment is a threat to both the structural
stability of ecosystem and human health.

Accordingly, the environmental problems caused by antibiotics have become a signifi-
cant challenge that requires urgent solutions and have attracted attention from environ-
mental scientists around the world [1]. Although antibiotics can be degraded to a certain
extent in the environment, this does not fully deal with the pollution problem of antibiotics.
Consequently, the development of improved and efficient processes for antibiotic removal
is an urgent problem for scientists. This review summarizes the mechanisms of antibi-
otic degradation in the natural environment as well as specific techniques for antibiotic
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removal, including hybrid techniques, to understand the progress of current technology
and ultimately promote antibiotic removal.

2. Degradation of Antibiotics in the Natural Environment

Antibiotics can degrade to varying degrees in different environments by non-biological
and biodegradation processes. Non-biological degradation includes photolysis, hydroly-
sis, oxidative degradation, and ionizing radiation degradation, while biodegradation in
the natural environment includes degradation through the action of microbes, algae, and
plants [44]. Table 2 lists the half-life times of antibiotics in different environment. The major-
ity of half-life times are long, indicating that the degradation rates of antibiotics are generally
low, and the antibiotics have characteristics of persistence in the natural environment.

Table 2. The half-life times of antibiotics reported in different environment.

Antibiotics
Total Photolysis Biodegradation

Half-Life Time (t1/2, d) Half-Life Time (t1/2, d) Half-Life Time (t1/2, d)

Sulfadiazine 25.7 (stream) [45]

Sulfamethazine 17.3 (stream) [45]
12.9 (lakewater) [46]

3.4 (h) [47]
34.7 (lakewater) [46]

24 (freshwater) [47]
7.79 (seawater) [47]

Sulfamethoxazole

17.8 (stream) [45]
15.5 (h, river) [48]

34 (hyporheic zone) [49]
11.4 (lakewater) [46]

3.73 (h) [47]
49.8 (lakewater) [46] 13 (seawater) [47]

Sulfadimethoxine 18.2 (stream) [45]
10.5 (lakewater) [46] 31.9 (lakewater) [46]

Sulfamerazine 17.9 (stream) [45]
Sulfathiazole 13.3 (stream) [45]
Enrofloxacin 8.78 (stream) [45]

Norfloxacin 5.64 (stream) [45] 0.03(h) [47] 15.1 (freshwater) [47]
8 (seawater) [47]

Novobiocin 1.6 (h) [47] 8.25 (freshwater) [47]
2.88 (seawater) [47]

Ofloxacin 11.1 (stream) [45]

Ciprofloxacin 5.33 (stream) [45] 0.04 (h) [47] 15.75 (freshwater) [47]
8.3 (seawater) [47]

Tetracycline 4.15 (stream) [45]
Oxytetracycline 1.82 (stream) [45]
Erythromycin 4.22 (stream) [45]
Roxithromycin 2.76 (stream) [45]

Fluoroquinolone 18.4 (river) [50] 10.4 (river) [50]
Enrofloxacin 0.8, 3.7, 72 [51]
Flumequine 3.21 (h) [47] 29.2 (freshwater) [47]

Sulfamethoxypyridazine 1.58 (h) [47] 14 (freshwater) [47]
11.25 (seawater) [47]

Trimethoprim 6.63 (seawater) [47]

2.1. Photolysis

Photolysis in the natural environment can be divided into three pathways, namely,
direct, indirect, and self-sensitized photolysis [52].

Direct photolysis refers to the process by which the antibiotics absorb photons directly,
causing the molecules to become excited through the transference of light energy and lead-
ing to the formation of products through bond breakage or structural rearrangement [53].
The process of direct photolysis is illustrated in Figure 1. This type of photolysis usually
occurs in antibiotic molecules with groups capable of absorbing photons. It was found that
the ecotoxicology of ciprofloxacin was reduced by direct photolysis at pH values of 5, 7, and
9 [54]. The degradation of nitrofuran by light was reported to occur in the same manner,
with degradation occurring in two stages, namely, isomerization of the molecular structure
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after photon absorption and the subsequent fracturing of molecular bonds [55]. The first
stage of the reaction was fast, while in the second stage, the breaking of the molecular
bonds was rate limiting. Antibiotics such as quinolones and tetracyclines can undergo
direct photolysis under ultraviolet irradiation at λ > 290 nm; the photolysis reaction follows
pseudo-first-order reaction kinetics, and the formation of the equally potent of them leads
to an increase in antimicrobial activity [56].
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During indirect photolysis, light-absorbing materials existing in the environment
(photosensitizer, such as oxygen, hydroxyl, and hydrogen peroxide) absorb light energy
leading to excitation and the production of reactive oxygen species (ROSs) which then
excite and degrade the antibiotics. The indirect photolysis process is also shown in Figure 1.
The photosensitizer can alter the photostability of compounds to accelerate photolysis [57].
Strong photosensitizers can accelerate the photolysis of antibiotics by capturing free rad-
icals (such as ·O2

− and ·OH) [58]. In natural water, this process is accompanied by the
depletion of hydrogen ions, an increase in pH, an increase in the rate of deprotonation
of radical cations, and a shift in the protonation equilibrium to deprotonated species [59].
Photosensitizers are widespread in nature, for example, dissolved organic matter ((DOM)
such as humus, riboflavin), N3

−, NO3
−, NO2

−, Fe3+, Fe2+, and NaCl. The O2 byproduct
of Fe3+/Fe2+ interconversion can enhance the efficacy of ROSs (•OH and 1O2) induction
by photosensitizers [60]. Cl− competes with H2O2 for H2NO2

+ to yield NOCl, which
stimulates the production of ROSs (H2O2) by photosensitizers [61]. The production of
various types of ROSs have been found in the surface water under the action of sunlight,
where the concentrations of hydroxyl radical (•OH) and oxygen radical 1O2 were about
10−17~10−15 mol/L and 10−15~10−12 mol/L, respectively, and the antibiotic molecules can
undergo rapid oxidative degradation in the presence of ROSs [62]. The study of Dai et al.
showed that the direct photolysis efficiency of tetracycline was inefficient, and the indirect
photolysis by photosensitizers was the principal means of degradation [58].

Self-sensitized photolysis occurs when antibiotics themselves absorb photons and be-
come activated and subsequently transfer energy to other compounds while the antibiotics
return to their original state. ROSs are generated during this process, and the antibiotics
are degraded by reactions with ROSs [52,63]. To take 1O2 as an ROS example, as shown in
Figure 2, the photosensitizer in ground state S0 absorbs light to produce a singlet excited
state S1, which can decay non-radiatively by intersystem crossing (ISC) to a triplet state
T1. Therefore, 1O2 would be produced after 3O2 obtains the energy of the triplet state, and
the photosensitizer is returned to its original ground state S0. Studies have shown that
antibiotics such as fluoroquinolones, tetracyclines, and chloramphenicol undergo not only
direct photolysis, but also self-sensitized photolysis [64,65]. Natural organic matter (OM)
and nitrates can photogenerate •OH. The contribution of •OH to self-sensitized photolysis
was found to be positively correlated with the nitrate levels in natural water samples,
demonstrating its important role in promoting self-sensitized photolysis of antibiotics.
However, the contribution of OM to •OH generation in self-sensitized photolysis could not
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be clearly identified due to the relatively small differences in total organic carbon (TOC)
levels in natural water [66].
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J. Photochem. Photobiol. [63]; published by Elsevier, 2017.

Photolysis is an important contributor to antibiotic degradation in the environment [67].
Whether photolysis can occur depends largely on the chemical structure of the pollutant.
Photolysis occurs mainly in the water and soil, and many environmental factors, including
light intensity, environmental pH, catalysts, and metal ions, significantly impact antibiotic
photolysis. Most current studies on photolysis focus on the reaction conditions, reaction
rates, reaction substances, and their products involved in photolysis. For example, pH has
a significant effect on the degradation of tetracycline since alkaline conditions are more
favorable to photolysis and the rate of the reaction increases as the pH rises [65]. Different
degradation pathways with different products are activated as the pH changes, illustrated
by the photolytic degradation of enrofloxacin under different pH conditions [68] in Figure 3.
Under ultraviolet irradiation at pH4, the F atoms of enrofloxacin are replaced by hydroxyl
group (E1), and the piperazine side chain is oxidatively rearranged (E2 and E3). However,
at pH8, the ethylpiperazine ring is oxidatively ruptured (E4), the F atoms are replaced,
and the cyclopropane ring is oxidatively ruptured (E5 and E6). Batista et al. found that in
the absence of Fe3+, the photolysis rates of sulfonazine and sulfonthiazole in the aquatic
environment were only one-third of the rates in the presence of Fe3+ [69]. Iron can exist
in the Fe(OH)2+ form in aqueous solution, and is converted to Fe3+ through a series of
reactions under light with the production of ·OH and HO2·, thus promoting antibiotic
photolysis as represented in the following reactions in Equations (1)–(5):

Fe(III)-org complex + hν→ [Fe(III)-org complex] *→ Fe(II) + org radical (1)

org radical + O2→ O2
•− + oxidized org (2)

Fe(III) + 2H+ + 2O2
•−→ Fe(II) + 2HO2• (3)

2HO2•↔ H2O2 + O2 (4)

H2O2 + Fe(II)→ Fe(III) + •OH + OH− (5)
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2.2. Hydrolysis

Most antibiotics that can be hydrolyzed are water-soluble and the degree of hydrolysis
is dependent on the specific characteristics of antibiotics [70]. Tetracycline, β-lactams, and
macrolides are relatively easily hydrolyzed [71–75] while quinolones and sulfonamides are
not [76,77]. In acidic conditions, the hydrolysis of tetracyclic antibiotics mainly proceeds
though two different reactions [72,73]. One is the dehydration reaction between hydroxy
group at C-6 and hydrogen on C-5 (Figure 4A(a)), and the other is the epimerization
reaction of dimethylamine group at C-4 (Figure 4A(b)). While under alkaline conditions,
the ring of tetracycline is opened to form lactone isomer owing to the nucleophilic attack of
OH– on C-11 (Figure 4A(c)) [72,73]. The hydrolysis process of β-lactam antibiotics is the
break of amide bonds (ampicillin as an example, Figure 4B(c)) or the open of quaternary
ring (Figure 4B(b)) [74]. For macrolide antibiotics, the glycosidic bonds among sugars
break in acidic conditions, so do the glycosidic bonds between sugars and macrolide ring
(spiramycin as an example, Figure 4C(b)), and in alkaline conditions the ester bonds in
lactone ring hydrate, which can open the macrolide ring (Figure 4C(a)) [75].

The factors affecting antibiotic hydrolysis are mainly pH and temperature [71]. It
was found that the degradation rates of chloramphenicol and penicillin in alkaline con-
ditions were comparatively high, mainly due to their structures which can be attacked
by electrophilic and nucleophilic substances [71]. It was reported that increasing the tem-
perature accelerated the hydrolysis of oxytetracycline [78]. When hydrolysis temperature
increased from 4 ◦C to 60 ◦C, the half-life of oxytetracycline was reduced from 120 d to
0.15 d, indicating that the hydrolysis rate increased by about 20% per 8 ◦C. The hydrolysis
of oxytetracycline followed the first-order dynamics at different initial concentrations and
was more likely to occur at neutral pH, followed by alkaline conditions. Hydrolysis was
also promoted by increased temperature but was significantly reduced in the presence of
Ca2+ [78]. A study by Loftin et al. demonstrated that the hydrolysis rate of tetracycline
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increased in relation to both pH and temperature, but was significantly reduced when the
water conditions were similar to those of natural water [71].
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2.3. Biodegradation

Biodegradation occurring under natural conditions contributes significantly to antibi-
otic degradation, with microbes, algae, and plants being largely responsible [79,80].

Microorganisms can change the structure and physicochemical properties of antibiotics
and degrade antibiotic residues from macromolecular compounds to small molecule com-
pounds and ultimately to H2O and CO2, thus rendering the antibiotic pollutants harmless.
ARBs play important roles in antibiotic degradation. Both intracellular and extracellular
enzymes produced by the ARBs can degrade and inactivate the antibiotic structure by
mechanisms including hydrolysis, group transfer (such as acetyl transfer), and redox reac-
tions [44]. Many microbial strains capable of degrading antibiotics have been identified in
the environment; these include photosynthetic bacteria, lactic acid bacteria, actinomycetes,
yeast, fermentation filamentous bacteria, Bacillus subtilis, and nitrated bacteria [81]. It was
reported that a yeast strain isolated from the outlet sample of a pharmaceutical sewage
plant degraded tetracycline to a rate of 78% [82]. Maki and colleagues isolated and ob-
tained strains from sediment of cultured seawater fish that were capable of degrading both
oxytetracycline and doxycycline efficiently [83]. The main environmental influences on
microbial degradation of antibiotics include pH, temperature, oxygen content, and the
environmental medium [84]. The use of microbial degradation to treat antibiotic pollution
has the advantages of low cost and strong specificity.

Plant degradation refers to the degradation, transformation, absorption, metabolism,
and detoxification of pollutants by plants to restore contaminated soil, water, and air [85].
As plants have large leaves and well-developed roots, they can carry out complex material
and energy exchange, thus playing an important role in the ecological environment. Gener-
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ally, there are three mechanisms involved in the plant degradation of antibiotics [86]. Firstly,
the plants directly absorb organic pollutants and convert them into non-toxic metabolites
that accumulate in plant tissues [87]. Kumara et al. found that corn (Zea mays L.), green
onion (Allium cepa L.), and cabbage (Brassica oleracea L. Capitata group) can absorb chlorte-
tracycline in the soil but had limited absorption and removal capability for tylosin [88].
Crop plants (Cucumis sativus, Lactuca sativa, and Phaseolus vulgaris) have been found to
be able to metabolize enrofloxacin into ciprofloxacin and converted about one quarter of
stored enrofloxacin [89]. Secondly, plants release secretions to degrade organic pollutants.
Plants can degrade organic pollutants into less toxic or even harmless small molecules
through a large number of organic acids and amino acids secreted by their roots; it can
also provide a more suitable living environment for root microorganisms to promote their
growth and reproduction through relevant biological processes such as root exudates and
oxygen secretion, so as to improve the degradation ability of microorganisms [90]. Thirdly,
plants promote the absorption, utilization, and transformation of organic pollutants by rhi-
zosphere microorganisms. Hoang et al. used Acrostichum aureum L. and Rhizophora apiculata
Blume Fl. Javae to repair the soil contaminated with quinolone antibiotics (ciprofloxacin
and norfloxacin) and found that the process to degrade antibiotics was mainly through
root microorganisms and the repair efficiency reached over 97% [91]. Chen et al. found that
the rhizosphere biodegradation contributed to 90.2–92.2%, while hydrolysis (7.63–8.95%)
and plant absorption (0.05–0.17%) were only auxiliary removal routes [92].

Currently, the studies of antibiotic degradation by algae are chiefly have focused on
microalgae, and the mechanisms and studies on antibiotic removal by microalgae are in the
Section 3.7.

3. Enhanced Removal Techniques

As current treatment cannot completely remove antibiotics, there are relatively high
concentrations of antibiotic residues in the environment. At present, while urban wastew-
ater treatment plants can effectively remove conventional organic pollutants and salts,
antibiotics do not fall on the target list of pollutants to be removed, resulting in low removal
efficiency [93]. Table 3 shows the antibiotic concentrations in the inflow and outflow of
several wastewater treatment plants. It was found that the levels of ARBs and, especially,
ARGs in urban sewage were significantly higher than those in natural or less affected water
bodies [94].

Table 3. The antibiotic concentrations in the inflow and outflow of wastewater treatment plants (ng/L).

Antibiotics Inflow
Concentration

Outflow
Concentration Site

Cefalexin 670–2900 240–1800

Hongkong, China [95]
Cefotaxim 24 34

Sulfadiazine 120–320 120–230
Tetracycline 96–1300 180–620
Norfloxacin 110–460 85–320

Cefalexin 13818 5624

United States [96]
Tetracycline 240–48,000 50–3600

Sulfamethoxazole 650–4255 86–4145
Ciprofloxacin 315–5451 130–919

Sulfamethoxazole 246 46

Italy [97]
Amoxicillin 18 -
Ofloxacin 463 191

Clarithromycin 319 117
Lincolnensin 9 6
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Table 3. Cont.

Antibiotics Inflow
Concentration

Outflow
Concentration Site

Chloramphenicol 4–452 6–69

UK [98]
Trimethoprim 464–6796 685–3052

Erythromycin-H2O 7,110,025 232,841
Sulfapyridine 2164–12,397 94–1112

Sulfamethoxazole 3–274 3–44

Sulfamethoxazole 2.1–809 506

Harbin, China [99]

Azithromycin 110 61.2
Clarithromycin 321 164
Roxithromycin 14.2–2986 6–1419

Ofloxacin 1.5–2787 1.1–1481
Norfloxacin 1.5–2168 0.8–1018

As shown in Table 3, the concentrations of cephalexin, tetracycline, sulfamethoxazole,
ciprofloxacin, trimethoprim, and sulfamazine were relatively high in the inflow of the
wastewater treatment plant, with the highest levels reaching µg/L and the concentration of
erythromycin-H2O even as high as mg/L. After treatment by the wastewater treatment
plant, the highest concentration of several antibiotics in the effluent was less than 50% com-
pared with the highest concentration in the inlet; these included cephalexin, sulfadiazine,
norfloxacin, sulfamethoxazole, and lincolnensin, with the highest effluent concentration of
cefotaxime being even higher than the highest concentration in the influent.

It can be seen that urban sewage treatment plants have become an important point
source for the spread of antibiotic pollutants to the environment [100]. Therefore, there is an
urgency to develop specific techniques for the treatment of these antibiotics. A number of
techniques have been developed specifically for antibiotic treatment, including biological,
chemical, and physicochemical methods.

3.1. Biotechnology

The application of biotechnology to the antibiotic pollution problem uses organisms
(mainly bacteria and fungi) for degradation, and may also be accompanied by adsorption,
hydrolysis, and photolysis [101]. The removal primarily depends on the degradation or
transformation of antibiotics by anaerobic or aerobic microorganisms [102]. In general,
the removal rates have been improved through domestication and optimization of mi-
crobial populations [103]. Liao and colleagues used mixed bacteria for the removal of
sulfonamides and found that the principal bacteria in the sulfonamide antibiotic-degrading
bacterial community were Firmicutes and Bacteroidetes (mainly the classes Bacilli and
Flavobacteriia) [104]. Chen et al. found that under both aerobic and anaerobic condi-
tions, the removal rates of nine antibiotics (sulfonamide monomexazine, sulfamidazine,
sulfamadazine, trimethoprim, norfloxacin, ofloxacin, lincomycin, leucomycin, and oxy-
tomycin) in piggery wastewater using an aeration biofiltration system were all greater
than 82% [105]. Using a combined anaerobic–aerobic biological method for treating the
piggery wastewater (mainly including sulfonamides and β-lactam), it was reported that
anaerobic digestion mainly reduced chemical oxygen demand (COD) while the aerobic
process contributed significantly to the antibiotic removal, leading to total COD and an-
tibiotic removal rates of 95% (mainly attributed to anaerobic digestion) and 92% (mainly
attributed to aerobic biodegradation), respectively [106]. These findings indicate that there
are significant differences in the rates of antibiotic removal between anaerobic and aerobic
microorganisms, and suggest that combining the two would be more effective.

Biological treatment is traditionally used for treating pollutants as it is cost-effective
and conducive to large-scale operations. However, biological treatment does not com-
pletely remove antibiotics from the wastewater [107]. Due to the low concentrations of
antibiotics in the environment, it is difficult to remove antibiotics by traditional treatment



Int. J. Environ. Res. Public Health 2022, 19, 10919 11 of 31

techniques because although traditional sewage treatment plants can remove large amounts
of antibiotics in wastewater, they are unable to eliminate low concentrations of antibiotic
residues. Moreover, hydrophobic antibiotic residues are prone to enrichment in the organic
matter-rich sewage sludge [108]. Since the most commonly used removal mechanism for
antibiotic residues and ARGs is adsorption, neither the antibiotic residues nor the ARGs are
significantly damaged or degraded and continue to exist and accumulate in large quantities
in the sludge. Therefore, it is necessary to explore more efficient wastewater treatment for
antibiotic removal by combining biological treatment with other techniques.

3.2. Membrane Filtration

Membrane filtration can effectively remove macromolecular compounds including
antibiotics [109]. The effectiveness of membrane filtration depends on the physicochemical
properties of both the solution and compounds, as well as the material properties of the
membrane [110]. At present, much research has focused on composite nanofiltration
membranes, such as silver-mixed nanomaterials, multi-walled carbon nanotubes, and
titanium dioxide [111]. Recent reports have shown that membrane filtration can also
effectively remove ARGs in wastewater. Liang et al. applied a combination of ultrafiltration
and two-stage reverse osmosis to treat piggery wastewater, which not only removed
pollutants such as nitrogen and phosphorus but also trapped 72.64% of ARGs, effectively
reducing the risk of ARGs to the natural water bodies [112].

Membrane filtration can encounter problems in practical applications from the pres-
ence of complex components in the wastewater, which can block filters and increase energy
consumption. Furthermore, the concentrated effluent can easily contribute to secondary
pollution if improperly treated. Thus, due to its expense and operating costs, membrane fil-
tration is mostly used in drinking water treatment facilities and is rarely used for antibiotic
wastewater treatment [113].

3.3. Adsorption

The adsorption method adsorbs the antibiotics in wastewater mainly by electrostatic in-
teraction, hydrogen bonding, pore filling, and hydrophobic action [114]. Effective removal
depends on the physical properties of the adsorbent material and the physicochemical
properties of the solution and compounds. Some adsorbents require preactivation to in-
crease their surface area and improve their adsorption rate. It was found that the removal
rate of amoxicillin was higher than 80% using bentoxite modified by cetyltrimethyl am-
monium [115]. Shao and colleagues synthesized MnFe2O4/activated carbon magnetic
composite observing that tetracycline removal was strongly pH-dependent, decreasing
from 95.2% at pH 3.0 to 64.6% at pH 11.0 [116].

Although adsorbents are effective for the removal of antibiotics under specific condi-
tions, they have problems such as high cost, a need for regeneration when saturated, and
are difficult to treat after use. To solve the cost problem, many researchers have focused
on the preparation of low-cost modified adsorbents, such as biochar, corn bracts, and
cellulose [117]. Zheng and colleagues studied the adsorption efficacy of biochar produced
at 300–600 ◦C on the removal of sulfonamide antibiotics and found that adsorption de-
pended on the pH, antibiotic concentration, and inorganic components of the biochar [118].
Rathod et al. synthesized crystalline nanocellulose using the green seaweed Ulva lactuca
as raw material and demonstrated that the maximum adsorption amount of tetracycline
hydrochloride was 6.48–7.73 mg/g [119]. A study by Yu et al. showed that corn bracts
modified by zirconium ions can absorb 73 mg/g of levofloxacin from wastewater [120].

3.4. Advanced Oxidation Processes

Advanced oxidation processes (AOPs) are effective techniques used in wastewater
treatment. The mechanism of removal is essentially based on the in situ generation of ·OH,
which reacts rapidly with most organic compounds (except chlorinated alkanes), although
they lack selectivity of attack. ·OH has a high redox potential and is capable of strong
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non-selective oxidation, and can thus oxidize various groups in the antibiotic molecular
structure. The possible attack sites of ·OH against several macrolides [121] are illustrated
in Figure 5. Multiple factors can influence the treatment efficiency of AOPs, including the
capacity of oxidant oxidation, the dose of oxidant, the action of the catalyst, the pH value,
and the concentration of pollutants [122].
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Many AOPs are based on a combination of strong oxidants (e.g., ozone, hydrogen per-
oxide, sulfate radicals (SO4

−)), with catalysts (e.g., photocatalysts like perovskite), or radia-
tion (e.g., ultraviolet or ultrasound). Suwannaruang et al. [123] used CexSr1−xFexTi1−xO3
perovskite catalysts for the enhancement of β-lactam antibiotics photodegradation un-
der visible light irradiation. A diagram illustrating the degradation mechanism of the
Ce0.04Sr0.96Fe0.04Ti0.96O3 photocatalyst as an example is provided in Figure 6. When the
catalyst is irradiated with visible light, electron and hole pairs are formed in the materials.
The holes in valence band of semiconductor can induce an oxidation reaction at +2.08 eV,
while the electrons in conduction band of the materials are used for the reduction reaction
at −0.42 eV. Superoxide anion radicals (O2•–) and H2O2 can be produced by the reaction
of the adsorbed O2 with the photogenerated electrons on the conduction band. In addi-
tion, active OH• can be formed by subsequent reaction of the generated H2O2 with the
photogenerated electrons, and OH• can be produced in the photogenerated holes on the
valence band. Thus, the generated active OH• and O2

•– radicals can degrade the antibiotic
amoxicillin into small structural intermediates or harmless products.
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However, many other oxidants are selective and only react with some of groups in
the antibiotic molecular. The findings of various studies [124–134] on the attack sites of O3,
·OH, and ClO2 against sulfamethoxazole, tetracycline, ciprofloxacin, roxithromycin, and
amoxicillin are shown in Figure 7.
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Figure 7. The attack sites of O3, ·OH, and ClO2 against five antibiotics ((a) sulfamethoxazole,
(b) tetracycline, (c) ciprofloxacin, (d) roxithromycin, (e) amoxicillin) according to [124–134].

Ostman et al. found removal rates of over 90% for ciprofloxacin, erythromycin,
metronidazole, and trimethoprim using ozonation in a sewage treatment plant [135]. It
was reported that the combination of ultraviolet (UV) and peroxydisulfate degraded sul-
fonamides more efficiently than the combination of UV and H2O2, with a removal rate
of close to 99% [136]. Through studying UV/H2O2/O3, Lester et al. showed that the
concentration of H2O2 was an important parameter in the two sub-processes of UV/H2O2
and H2O2/O3 and can fully mineralize ciprofloxacin and trimethoprim [137]. Two major
reaction pathways for oxidative degradation of sulfasalazine by O3/H2O2 system [138] are
displayed in Figure 8. OH first attacks the azo group (pathway 1) followed by the sulfon-
amide group (pathway 2), resulting in the rupture of N=N and N-S bonds, respectively
(only some of the intermediates are shown in the figure). Lastly, the ROSs react further with
these intermediates to produce end products, such as carbon dioxide, water, and inorganic
ions [139]. The oxidative degradation of sulfasalazine clearly manifests that intermediates
produced in the reaction are out of control and, as the toxic effects of these intermediates
are unknown, this problem should be taken seriously. For example, while 73% of cefradine
was degraded within 0.237 h by UV treatment, the toxicity of its byproducts was 1.04 times
greater than that of the parent compound [140].

Despite their high removal efficiencies and rapid removal rates, AOPs cannot be
applied to the large-scale removal of antibiotics from wastewater due to their high opera-
tional costs [141]. To address the feasibility of large-scale applications, improvements in
processing costs, reductions in by-product toxicity, (optical) catalyst technology, and reactor
design are needed.
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3.5. Microbial Electrochemical Systems

Microbial electrochemical systems (MESs) are an emerging technology that uses mi-
croorganisms to generate electricity from chemical energy, and their use has received signif-
icant attention as an environment-friendly and cost-efficient method in recent years [142].
MESs exploit the catalytic activity of microorganisms to obtain electrons from available
organic matter or inorganic substances. Depending on the partial potential in the MESs,
the microorganisms can act as electron donors or electron acceptors. The microbial fuel
cell (MFC) is the first and most studied MES prototype operated in the galvanic mode for
simultaneous wastewater treatment and electricity generation. Figure 9 summarizes the
different processes used for antibiotic removal with a stand-alone MFC [143]. MESs can en-
hance the removal rates of refractory organic pollutants through regulation of the microbial
metabolism, co-metabolizing with the available matrix, and enhancing electron transport
in the system [144]. Currently, researchers have primarily studied the electron transfer
mechanism in bacterial systems, so the use of bacteria in MESs is more common [145].

Guo and colleagues found significant removal of chloramphenicol at lower chlo-
ramphenicol concentrations and high cathode potentials while at intermediate cathode
potentials, both enrichment of chloramphenicol-resistant bacteria and the expression of
ARGs were suppressed [146]. A study by Li et al. utilized a three-dimensional biofilm elec-
trode reactor (activated sludge of wastewater treatment plant) to investigate the removal
of sulfonazine, ciprofloxacin, and zinc from wastewater, and showed that the reactor not
only had the ability to eliminate both antibiotics and zinc but also greatly reduced the risk
of ARG transmission by removing the intI1 gene in wastewater [147]. Xue et al. reported
that more than 85% of sulfamethoxazole was degraded within 60 h, which may have been
due to the continuous electrical stimulation or the metabolism of microorganisms. In
addition, sulfamethoxazole can be completely degraded into less harmful substances, such
as alcohols and methane. Shewanella sp. and Geobacteria sp. have been shown to dominate
this process in MFC power production while Achromobacter, Alcaligenes, and Pseudomonas
also contributed to sulfamethoxazole degradation. It was also found that the production of
ARGs by MESs was much lower than that in traditional sewage treatment plants [148]. Hua
and colleagues applied MESs to degrade high concentrations of erythromycin. The removal
rate reached 99% when the erythromycin concentration was 20 mg/L, and no ARGs were
detected in the effluent [149]. These studies demonstrate that bioelectrochemical technology
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is not only an effective and reliable technique for treating antibiotic wastewater but also
has great potential for reducing ARGs.
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Furthermore, there is currently a gradual exploration of the use of extremophilic
microorganisms in MES. Several studies have demonstrated biodegradation of the antibiotic
chloramphenicol in biocathode MES at 10 ◦C, suggesting that antibiotic removal from
the MES occurs after switching the temperature from 25 ◦C to 10 ◦C, despite a lowered
reduction in chloramphenicol [150]. Clearly, the use of extremophiles provides an important
way for bio-electro-chemical remediation of wastewater and biodegradation of antibiotics
in extreme environments [151].

Although able to simultaneously generate electricity and treat wastewater, MESs have
never been considered as a serious alternative in any of its promising application fields,
chiefly due to their early stage development, high operating costs, and low performance
efficiency [143].

3.6. Constructed Wetland

According to a study of 106 constructed wetlands (CWs) by Liu et al. [152], the removal
efficiency of CWs for antibiotics showed good performance (averagely over 50%), especially
vertical flow CWs (averagely up to 80.44%). Overall, the removal efficiencies of sulfonamide
and macrolide antibiotics were lower than those of tetracycline and quinolone antibiotics.
In addition, the relationship between the removal efficiency of antibiotics and COD, total
suspended solids, total nitrogen (TN), total phosphorus (TP), and ammonia nitrogen (NH3-
N) concentrations showed an inverted U-shaped curve with turning points of 300 mg/L,
57.4 mg/L, 40 mg/L, 3.2 mg/L, and 48 mg/L, respectively. The coexistence of antibiotics
with nitrogen and phosphorus slightly reduced the removal efficiency of nitrogen and
phosphorus in CWs. The removal effect of horizontal subsurface flow CWs for ARGs had
better performance (over 50%) than that of vertical flow CWs, especially for sulfonamide
resistance genes. Therefore, different types of CWs have different effects on the changes in
physicochemical characteristics of sewage effluent. Compared with single mesocosm-scale
CWs, Chen et al. reported that hybrid CWs between horizontal subsurface flow and vertical
subsurface flow showed better performance in reducing the levels of COD, TN, TP, and
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NH3-N, with the removal rates of 40.9–76.6%, 23.9–89.5%, 60.1–93.0%, and 90.8–98.3%,
respectively [153].

More important, it can effectively remove antibiotics in wastewater using matrix ad-
sorption and interception, plant absorption and degradation, and microbial decomposition.
Of these, microbial degradation and matrix adsorption play major roles in the removal
process [154]. The microbial communities in CWs are better resistant to antibiotic stress,
and it has been shown that microbial communities in CWs are more diverse than those
in conventional activated sludge [155]. The activity and metabolic capacity of microbial
communities in CWs were found to be significantly reduced when antibiotics were present
in the inflow, although the activities recovered after 2–5 weeks [156].

In addition, the degradation of antibiotics by microorganisms in CWs is affected by
conditions such as matrix type, plant species, dissolved oxygen, redox potential, tem-
perature, and pH [157]. The matrix can not only adsorb antibiotics but also provides an
attachment site for the microorganisms; thus, the antibiotics are preferentially adsorbed
onto either the matrix directly or onto the biofilm coating the matrix. Adsorption onto the
matrix increases the local concentrations of the antibiotics, promoting their degradation
by the microorganism. The physicochemical properties of antibiotics play major roles in
matrix adsorption, especially, water solubility and charge [158]. Hydrophobic antibiotics
are more likely to be adsorbed than their hydrophilic counterparts [159]. While charged
antibiotics are preferentially adsorbed onto the matrix via electrostatic interactions, neutral
antibiotics are adsorbed through weak van der Waals interactions [160]. In addition to the
physicochemical properties of antibiotics, adsorption is also affected by the matrix species,
particle size, and other factors [152].

Wetland plants promote antibiotic removal in a number of ways. First, antibiotics
are directly absorbed from wastewater by the roots. Second, plants provide oxygen and
nutrients for microbial metabolism. Third, plants provide attachment sites for microor-
ganisms [161]. A portion of the antibiotic absorbed by the roots of wetland plants is
transferred to the stems and leaves by passive transport, while the remainder is trans-
formed through glucosylation and glutindogenylation by plant enzymes [162]. Oxygen
and material secreted by the plants are used by microorganisms within the rhizosphere,
potentially enhancing the microbial degradation of antibiotics [163].

As an ecological sewage treatment technology, CWs have the advantages of low
operating costs, good quality effluent, and easy maintenance. However, the treatment
efficiency is affected strongly by weather and CWs also require large areas of land and
extended treatment times.

3.7. Microalgae Technique

Microalgae can not only utilize a variety of nutrients in the wastewater (such as
municipal, agricultural, and industrial wastewater) for their own growth but also effectively
remove ammonia, nitrogen, phosphate, heavy metals, and organic pollutants from the
wastewater at low cost [80]. The traditional strategies for improving pollutant removal by
microalgae include the cultivation of mixed microalgae, domestication of microalgae in
extreme environments, or the addition of common substrates such as acetate and formate
to facilitate the degradation of contaminants [164]. The microalgae Chlorella vulgaris was
cultured with 200 mg/L levofloxacin, leading to an increase in the removal rate of 1 mg/L
levofloxacin by 16% after 11 days [165].

At the same time, it was found that microalgae can not only remove antibiotics
through biodegradation, but their excreted photosensitive metabolites (such as extracellular
polymeric substances) can remove antibiotics by indirect photolysis [166]. When exposed
to light, the microalga Chlorella was found to produce ·OH to induce the photolysis of
norfloxacin [167]. Norvill and colleagues reported that the removal of tetracycline in a
pilot-scale algal pool was mainly dependent on indirect photolysis during the day [168].

The mechanisms through which microalgae remove antibiotics can be summarized as
follows and shown in Figure 10. First, the algal surface can strongly adsorb organic pollu-
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tants which can then be removed by photolysis [80,169,170]. Second, algae secrete enzymes
that can accelerate the catalytic degradation of organic pollutants [169,170]. Third, algae
increase the content of dissolved oxygen in water through photosynthetic oxygenation,
increasing the ROS levels and thus promoting photolytic degradation of organic pollu-
tants [169,170]. Fourth, algae and their secretions may act as photosensitizers to induce
the indirect photolysis of organic pollutants [171]. However, studies on the removal of
organic pollutants by microalgae are relatively limited and thus the predominant removal
mechanism is unknown.
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However, treatment with microalgae has several disadvantages and safety risks. First,
microalgal photosynthesis may be inhibited by the toxicity of antibiotics and adverse
wastewater conditions. Second, microalgal growth is dependent on the composition of
the wastewater and the environmental conditions, increasing the complexity of regulating
their use for antibiotic removal. Third, ARGs may accumulate and be transferred after the
antibiotic treatment.

3.8. Hybrid Technology

Hybrid techniques have been developed for antibiotic removal. As shown in Figure 11,
combinations between the use of microalgae, AOPs, CWs, MFC, activated sludge, mem-
brane, and electrochemical methods have been investigated.

The combination of electrochemical methods and AOPs results in electrochemical
AOPs (EAOPs) [172,173]. ·OH can be produced directly in the oxidation reaction at the
anode (electrooxidation/anodic oxidation), and can also be generated indirectly by Fenton’s
reagent at the cathode (electro-Fenton). As shown in Figure 12, there is electrogeneration
of ROS at the anode (Equations (6) and (7)), with subsequent oxidation of the organic
molecules. In the presence of high Cl− ion concentrations, reactive chlorine species (Cl2,
HClO, and/or ClO−) are produced via reactions in Equations (8)–(10) along with ROS.
Organic compounds can be effectively degraded by the reactive chlorine species with
moderate oxidation [172,173].

M(s) + H2O→M(HO·) + H+ + e− (6)

M(HO·)→M=O + H+ + e− (7)

2Cl− → Cl2(aq) + 2e− (8)
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Cl2(aq) + H2O→ HClO + Cl− + H+ (9)

HClO↔ ClO− + H+ (10)
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At the cathode, there is an indirect in situ generation of ·OH through the electro-
Fenton reaction (Equation (11)) [172–174]. The electro-Fenton process can be upgraded
by photochemical technology, leading to a more effective treatment of organics than with
the photoelectric single catalytic effect due to photolysis of [Fe(OH)]2+ (Equation (12)),
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which accelerates the rate of organic mineralization. Moreover, photolysis of Fe(III) com-
plexes can be induced by irradiation (Equation (13)), thus enhancing the efficiency of the
process [172,173].

H2O2 + Fe2+ + H+ → HO· + H2O + Fe3+ (11)

[Fe(OH)]2+ + hv→ HO· + Fe2+ (12)

[Fe(OOCR)]2+ + hv→ R· + Fe2+ + CO2 (13)

A combination of EAOPs and membrane filtration can effectively prevent the problems
of membrane fouling (mainly by the in situ electrochemical process) and concentration
polarization to varying degrees without backwashing [175]. Du et al. combined an in-
tegrated peroxymonosulfate-assisted electrolytic oxidation/coagulation with a ceramic
ultrafiltration process to remove sulfamethazine [176]. The sulfamethazines were degraded
by SO4

− and ·OH, generating large coagulated aggregates (206–275 µm) that significantly
reduced the degree of membrane fouling. Tan et al. [177] employed multi-walled carbon
nanotube-based electrochemical membranes in a mixed system to degrade antibiotics and
found that the removal rates of amoxicillin, sulfamethoxazole, and ciprofloxacin were 98%,
95%, and 20%, respectively, and the removal rates of amoxicillin and sulfamethoxazole
remained high even after four reuses.

Hybrids of CWs with MFCs have been intensively investigated in the past decade [178].
The bed of the CW comprises separate upper aerobic and lower anaerobic zones, which is
similar to the aerobic and anaerobic chambers in MFC. This structural similarity between
CW and MFC makes them compatible for merging, as shown in Figure 13. The merge of
MFCs in CWs is conducive to the tuning of redox activities and electron flow balance in
the aerobic and anaerobic zones in the CW bed matrix, which improves the availability
of electron acceptors. The advantages of CWs–MFCs include high treatment efficiency,
electricity generation, and refractory contaminant alleviation [178]. This novel hybrid
technique has both features and addresses the limitations of the individual CW and MFC
techniques [178]. Table 4 lists the studies on CWs–MFCs for antibiotic removal.
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Table 4. Hybrids of constructed wetlands coupled with microbial fuel cells (CWs–MFCs) for
antibiotic removal.

Antibiotic (Initial
Concentration) Removal Efficiency Key Findings

Sulfadiazine (4 mg/L) [179] -

- Sulfadiazine removal and ARGs abundance
were higher in the closed-circuit operation than
the open circuit;

- Low hydraulic retention time (HRT) led to
higher sulfadiazine accumulation and ARGs
abundance on the electrode;

- Both adsorption and biodegradation
contributed to antibiotic removal.

Sulfamethoxazole (5–100 µg/L),
tetracycline (5–50 µg/L) [180]

99.70–100% (sulfamethoxazole),
99.66–99.85% (tetracycline) at

HRT of 1 day

Plants and circuit connection both accelerated
antibiotic removal.

Sulfadiazine (2 mg/L)
ciprofloxacin (2 mg/L) [181] - A low level of Zn enriched ARGs, while excessive Zn

inhibited antibiotic removal and ARGs proliferation.

Sulfadiazine (2 mg/L)
and ciprofloxacin

(2 mg/L) [182]

Averagely, 80% for sulfadiazine
and 90% for ciprofloxacin

Methane emission declined by 15.29% in CW–MFC
compared with CW.

Tetracycline and sulfamethoxazole
(400–1600 µg/L) [183]

More than 99% for tetracycline
and sulfamethoxazole

- ARGs abundances significantly affected by
effluent antibiotics;

- Power density decreased when antibiotic
concentration increased from 400 to 1600 µg/L.

Sulfamethoxazole
(4 mg/L) [184] Mean 82.37%

- Removal efficiencies of total nitrogen,
ammonia nitrogen, and sulfamethoxazole were
higher for CW–MFC than CW;

- Copy number of sulfamethoxazole ARGs was
much lower for CW–MFC than CW.

Sulfamethoxazole (100 µg/L),
tetracycline (50 µg/L) [185]

96.9–98.2% for sulfamethoxazole
and 80.3–88.0% for tetracycline

Sponge iron (s-Fe0) significantly reduced ARGs and
improved voltage output, power density, columbic

efficiency, and reduced internal resistance of reactor.

Sulfamethoxazole (60 µg/L),
tetracycline (25 µg/L) [186]

88.24–99.4% for sulfamethoxazole,
84.6–97.8% for tetracycline

carbon source species and concentrations, external
resistances, and aeration duration all play vital roles

in removing sulfamethoxazole and tetracycline.

Sulfadiazine (2 mg/L), ciprofloxacin
(2 mg/L) [187]

84.9–95.9% in graphite CW–MFC
and 46.6–62.8% in Mn ore
CW–MFC for sulfadiazine,
>97.8% for ciprofloxacin

- Better COD removal and higher bacterial
community diversity and electricity generation
performance in Mn ore CW–MFC;

- lower concentration of sulfadiazine and ARGs
abundances in effluent of graphite CW–MFC
due to higher graphite adsorption and
filter capacity.

Sulfonamide (4 mg/L) [188] -

Closed circuit operation with low HRT enhanced
sulfonamide mass accumulation on electrodes by

electro-adsorption, and thus higher ARGs
abundance was detected in electrodes and effluent.

Furthermore, the integration of bioelectrochemical systems with CW–MFCs has also
been investigated. Li et al. [189] combined a biofilm electrode reactor with MFC–CW
(BER–MFC–CW), where the biofilm electrode reactor functioned as a pretreatment unit
and the MFC–CW was used for further degradation. The removal rate of sulfamethoxazole
in the biofilm electrode reactor unit was close to 90%, while the total removal rate in the
combined system (BER–MFC–CW) was more than 99%. It was also found that the MFC–
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CW reduced the microbial community diversity and the ARG abundance in the biofilm
electrode reactor. Zhang et al. constructed a BER–MFC–CW for sulfamethoxazole removal,
observing a removal rate of over 99.29%, although the abundance of sul genes in the biofilm
and effluent increased [190]. Zhang et al. reported that MFC–CW had no effect on the
degradation products but enhanced sulfamethoxazole removal, and the methanogenic
communities were found to be influenced by current [191].

Recently, hybrids between MFCs and AOPs have attracted attention [192–194]. For
example, photo-assisted MFCs degrade not only organic electron donors at the anodes but
also organic electron acceptors at the cathodes, together with electricity generation. In the
presence of Fe3+, Fenton–MFCs can eliminate refractory organic substances by ·OH that is
generated by Fenton reaction. Table 5 lists studies on the use of MFC–AOP hybrid systems
for the removal of antibiotics.

Table 5. Studies on the antibiotic removal by the hybrids between MFCs and AOPs.

Integration of MFC with AOPs Features

Bio-Electron-Fenton (BEF)+MFC [192]

- γ-FeOOH graphene as cathode;
- After 40 h treatment, degradation rate of sulfamethoxazole and norfloxacin were

97.4% and 96.1%, respectively;
- Compared with the sludge digestion system, residual in sludge declined from

10.2 to 1.1 and from 31.3 to 3.1 for sulfamethoxazole and
norfloxacin, respectively.

Photo + Fenton + MFCs [193]

- Mo and W immobilized onto graphite felt cathode;
- Under aerobic conditions, photogenerated electrons favored O2•− production

over •OH, in the presence of Fe(III), •OH predominant over O2•−;
- Under anaerobic conditions, photogenerated holes directly involved into

metronidazole oxidation.

Photo + MFCs [194]

- Polyaniline-carbon nanotube/stainless steel (PANi@CNTs/SS) bioanode and
LiNbO3/carbon felt (CF) photocatalytic cathode;

- Maximum open circuit potential and power output of 0.806 V and 0.546 W/m2,
with calculated internal resistance of 340 Ω;

- Ofloxacin removal efficiencies were 86.5%, 81.2%, 76.1%, 70.2% at0.1, 0.2, 0.3, and
0.4 mmol/L.

MFC + Fenton [195]

- Graphite rod with stacked graphite granules used as the electrode;
- Generally, closed circuit showed significantly higher capacity to degrade

sulfamethazine and triclocarban than open circuit in both the batch mode and
the continuous flow.

The combined use of microalgae and bacteria results in the formation of a unique
phycosphere where the relationships between the two types of microorganisms range
from cooperation to competition (Figure 14) [169]. Based on the cooperative interactions
between microalgae and bacteria, a hybrid microalgae-activated sludge system is suit-
able for wastewater treatment for potential resource recovery [196–198]. Cephalosporin
removal was investigated in a hybrid microalgae-activated sludge system, finding removal
efficiencies up to 97.91% [77].

Previous studies have demonstrated that MFCs can effectively remove organic sub-
stances, although nutrient removal is limited due to anaerobic conditions at the anodic
pole [199,200]. To solve these problems, microalgae have been introduced at the anode
or cathode of MFCs; these microalgae perform oxidation reactions under anaerobic con-
ditions at the anode and produce oxygen as electron acceptors at the cathode [201]. To
date, a variety of microalgae have been reported to integrate with MFCs for wastewater
treatment, mainly including the genera Chlorella, Scenedesmus, Microcystis, and Chlamy-
domonas [202,203].
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Based on the cooperative interactions between microalgae and bacteria, hybrid microalgae–
bacteria–MFC systems have been developed to deal with antibiotic pollutants. In these
systems, cooperation between microbial metabolism and electrochemical redox reactions
promotes the removal of antibiotics [199,204]. A novel microalgae–bacteria–MFC system
was designed to simultaneously degrade anodic florfenicol, eliminate cathodic nitrogen,
and generate bioelectricity [204]. Sun et al. [205] employed an algal–bacterial MFC to
degrade florfenicol and ammonia. The results showed the complete removal of NH3-N
within 90 h at the biocathode, while the degradation of florfenicol was enhanced through
the anodic bioelectrochemical reaction; in addition, florfenicol promoted the growth of
Pseudomonas species, leading to a 3.2-fold increase in power output. Furthermore, MFC
systems can eliminate ARB and ARGs [200]. Therefore, a combination of MFC tech-
nology with a microalgal-based process can improve the overall performance, achieve
sustainable wastewater treatment coupled with low greenhouse gas emission, and reduce
sludge production [206,207]. The hybrid MFC–microalgae process is a novel alternative for
wastewater treatment that also guarantees the sustainable recovery of renewable energy
and biological products.

Despite high removal efficiencies and rapid removal rates [208], AOPs have high oper-
ational and maintenance costs and require large-scale applications, as well as the generation
of large amounts of toxic byproducts [170]. To ensure efficient and economical treatment,
studies have proposed combining AOPs with microalgal treatment, an alternative ap-
proach that has been demonstrated to be effective in the removal of antibiotics [140,209,210].
Table 6 shows the integration of microalgae with AOPs for antibiotic removal.

Table 6. Integration of microalgae with AOPs for antibiotic removal.

Integration of Microalgae with AOPs Antibiotic Removal Efficiency Key Findings

Fenton + microalgae [209]

Amoxicillin (96.86–99.86% at 100, 200 and
300 mg/L, less than 90% at 400 and

500 mg/L)
cefradine (93.98–95.5%)

Compared with removal capacity of individual algal
treatment, a higher removal rate and a shorter treatment

time were achieved using combined
Fenton–algal treatment

UV + microalgae [140,210]

Cefradine, 73% (UV treatment), 78%
(UV–algae treatment)

- UV treatment increased the effluent toxicity (1.04
times of the parent compound)

- UV–algae combined treatment reduced the effluent
toxicity (nearly half of that by UV treatment)

84.96–99.84% for amoxicillin, 44.42–63.18%
for cefradine

Optimal application involved UV at 365 nm combined
green algae Scenedesmus obliquus

Fe(III) + microalgae [211]
Enrofloxacin (about 80–50% at 1–9 mg/L)

and ciprofloxacin (about 80–40% at
10–80 mg/L)

Degradation efficiency of enrofloxacin and ciprofloxacin
was better at lower concentrations



Int. J. Environ. Res. Public Health 2022, 19, 10919 23 of 31

4. Conclusions and Perspective

Antibiotics in natural environment can undergo photolysis, hydrolysis, and biodegra-
dation, all of which are affected by various environmental factors, including pH, tempera-
ture, and the environmental medium. However, antibiotic removal by these methods is
low and requires extended times for degradation. Thus, there is an urgency to develop
more effective methods of antibiotic removal to reduce the contamination problem.

Biological methods have been traditionally used for the removal of pollutants. These
have the advantages of low cost and large-scale operation. Unfortunately, antibiotics can
inactivate the bacteria and increase the amounts of ARGs and ARBs, thus compounding
the pollution problem. Adsorption technology and membrane separation technology have
advantages of simplicity and convenience. In terms of adsorption technology, there is
usually a significant gap between static adsorption effect under laboratory conditions and
dynamic adsorption effect in practical engineering. In terms of membrane separation,
the membrane is easily blocked and the application is also limited by the water quality
conditions. AOPs can effectively remove most antibiotics with both high levels of efficiency
and effective degradation. However, AOPs have different effects on different antibiotics and
are susceptible to the complexity of antibiotic wastewater. The formation of intermediates
during the reaction is highly likely. At present, we do not fully understand the toxicology
and potential pathology of these intermediates. In addition, AOPs are also costly, with
complex operational and maintenance issues.

Compared with the traditional biotechnology biotechnological applications, CWs and
microalgal treatment have the advantages of effective antibiotic removal but nevertheless
have the disadvantage of ARG transfer. MESs is not only an effective and reliable technique
for treating antibiotic-containing wastewater but also has great potential for the reduction
in ARGs. The relatively low concentrations of antibiotics in the environment present
difficulties for their removal by traditional treatment techniques. It is hard to achieve ideal
removal by relying solely on one technique. This suggests that the advantages of different
treatment techniques should be combined for the effective removal of antibiotics. Many
studies on hybrid techniques, combining EAOPs, CW–MFC, microalgae-activated sludge,
and AOPs–MFC, have demonstrated their effectiveness.

Research into the different techniques for antibiotic removal has been fruitful, although
most are currently at the laboratory stage. This indicates that there is a significant gap
between the transitions from the laboratory environment to the practical application. It is
important to apply these findings as soon as possible and, in particular, the application
of hybrid technology to achieve effective removal in large-scale operations should be the
focus of future research.

Author Contributions: Conceptualization, S.Z., C.C., Y.D. and F.Y.; Methodology, S.Z., Y.W. and X.Z.;
Software, S.Z., Y.W. and Y.L.; Validation, S.Z., C.C., Y.D. and F.Y.; Formal analysis, J.Y. and Q.G.;
investigation, J.Y., Q.G. and G.C.; resources, S.Z., Y.W., X.Z., Y.L., J.Y., Q.G. and G.C.; data curation,
Y.W., C.C. and Y.L.; writing—original draft preparation, S.Z.; writing—review and editing, C.C., Y.D.
and F.Y.; visualization, S.Z., C.C., Y.D. and F.Y.; supervision, Y.D. and F.Y.; project administration,
Y.D., and F.Y.; funding acquisition, Y.D. and F.Y. All authors have read and agreed to the published
version of the manuscript.

Funding: This research was funded by National Natural Science Foundation of China, grant number
41807399 and 42077355, and Fundamental Cutting-Edge Projects of Research Institute, grant number
2022-jcqyrw-dyz.

Institutional Review Board Statement: Not applicable.

Informed Consent Statement: Not applicable.

Conflicts of Interest: The authors declare no conflict of interest.



Int. J. Environ. Res. Public Health 2022, 19, 10919 24 of 31

References
1. Carvalho, I.T.; Santos, L. Antibiotics in the Aquatic Environments: A Review of the European Scenario. Environ. Int. 2016,

94, 736–757. [CrossRef] [PubMed]
2. Moreno-Bondi, M.C.; Marazuela, M.D.; Herranz, S.; Rodriguez, E. An Overview of Sample Preparation Procedures for LC-MS

Multiclass Antibiotic Determination in Environmental and Food Samples. Anal. Bioanal. Chem. 2009, 365, 921–946. [CrossRef]
[PubMed]

3. Ventola, C.L. The antibiotic resistance crisis: Part 1: Causes and threats. Pharmacol. Therapeut. 2015, 40, 277–283.
4. Xu, Y.; Guo, C.S.; Luo, Y.; Lv, J.P.; Zhang, Y.; Lin, H.X.; Wang, L.; Xu, J. Occurrence and Distribution of Antibiotics, Antibiotic

Resistance Genes in the Urban Rivers in Beijing, China. Environ. Pollut. 2016, 213, 833–840. [CrossRef] [PubMed]
5. Zhang, H.M.; Liu, P.X.; Feng, Y.J.; Yang, F.L. Fate of Antibiotics during Wastewater Treatment and Antibiotic Distribution in the

Effluent-receiving Waters of the Yellow Sea, Northern China. Mar. Pollut. Bull. 2013, 73, 282–290. [CrossRef]
6. Shao, S.; Hu, Y.; Cheng, J.; Chen, Y. Research progress on distribution, migration, transformation of antibiotics and antibiotic

resistance genes (ARGs) in aquatic environment. Crit. Rev. Biotechnol. 2018, 38, 1195–1208. [CrossRef]
7. Zhang, S.; Lv, X.; Han, B.; Gu, X.; Wang, P.; Wang, C.; He, Z. Prevalence of antibiotic resistance genes in antibiotic-resistant

Escherichia coli isolates in surface water of Taihu Lake Basin, China. Environ. Sci. Pollut. Res. 2015, 22, 11412–11421. [CrossRef]
8. Lekunberri, I.; Villagrasa, M.; Balcazar, J.L.; Borrego, C.M. Contribution of bacteriophage and plasmid DNA to the mobilization

of antibiotic resistance genes in a river receiving treated wastewater discharges. Sci. Total Environ. 2017, 601, 206–209. [CrossRef]
9. Stoll, C.; Sidhu, J.P.S.; Tiehm, A.; Toze, S. Prevalence of clinically relevant antibiotic resistance genes in surface water samples

collected from Germany and Australia. Environ. Sci. Technol. 2012, 46, 9716–9726. [CrossRef]
10. Ash, R.J.; Mauck, B.; Morgan, M. Antibiotic resistance of gramnegative bacteria in rivers, United States. Emerg. Infect. Dis. 2002,

8, 713–716.
11. Laroche, E.; Pawlak, B.; Berthe, T.; Skurnik, D.; Petit, F. Occurrence of antibiotic resistance and class 1, 2 and 3 integrons in

Escherichia coli isolated from a densely populated estuary (Seine, France). FEMS Microbiol. Ecol. 2009, 68, 118–130. [CrossRef]
12. Kneebone, J.; Tsang, P.C.W.; Towson, D.H. Rapid Antibiotic Screening Tests Detect Antibiotic Residues in Powdered Milk Products.

J. Dairy Sci. 2010, 93, 3961–3964. [CrossRef]
13. Jammoul, A.; El Darra, N. Evaluation of Antibiotics Residues in Chicken Meat Samples in Lebanon. Antibiotics 2019, 8, 69.

[CrossRef]
14. Farouk, F.; Azzazy, H.M.E.; Niessen, W.M.A. Challenges in the Determination of Aminoglycoside Antibiotics, a Review. Anal.

Chim. Acta 2015, 890, 21–43. [CrossRef]
15. Dawadi, S.; Thapa, R.; Modi, B.; Bhandari, S.; Timilsina, A.P.; Yadav, R.P.; Aryal, B.; Gautam, S.; Sharma, P.; Thapa, B.B.; et al.

Technological Advancements for the Detection of Antibiotics in Food Products. Processes 2021, 9, 1500. [CrossRef]
16. Catelani, T.A.; Tóth, I.V.; Lima, J.L.F.C.; Pezza, L.; Pezza, H.R. A simple and rapid screening method for sulfonamides in honey

using a flow injection system coupled to a liquid waveguide capillary cell. Talanta 2014, 121, 281–287. [CrossRef]
17. Zhang, Y.; Li, X.Q.; Li, H.M.; Zhang, Q.H.; Gao, Y.; Li, X.J. Antibiotic residues in honey: A review on analytical methods by liquid

chromatography tandem mass spectrometry. TrAC Trend. Anal. Chem. 2019, 110, 344–356. [CrossRef]
18. Bogialli, S.; Di Corcia, A. Recent applications of liquid chromatography-mass spectrometry to residue analysis of antimicrobials

in food of animal origin. Anal. Bioanal. Chem. 2009, 395, 947–966. [CrossRef]
19. El Hassani, N.E.A.; Baraket, A.; Neto, E.T.T.; Lee, M.; Salvador, J.P.; Marco, M.P.; Bausells, J.; El Bari, N.; Bouchikhi, B.; Elaissari,

A.; et al. Novel strategy for sulfapyridine detection using a fully integrated electrochemical Bio-MEMS: Application to honey
analysis. Biosens. Bioelectron. 2017, 93, 282–288. [CrossRef]

20. Bu, Q.W.; Wang, B.; Huang, J.; Deng, S.; Yu, G. Pharmaceuticals and Personal Care Products in the Aquatic Environment in China:
A review. J. Hazard. Mater. 2013, 262, 189–211. [CrossRef]

21. Jiang, Y.; Li, M.; Guo, C.; An, D.; Xu, J.; Zhang, Y.; Xi, B.D. Distribution and Ecological Risk of Antibiotics in A Typical
Effluent-receiving River (Wangyang River) in North China. Chemosphere 2014, 112, 267–274. [CrossRef]

22. Xu, J.; Zhang, Y.; Zhou, C.; Guo, C.; Wang, D.; Du, P.; Luo, Y.; Wan, J.; Meng, W. Distribution, Sources and Composition
of Antibiotics in Sediment, Overlying Water and Pore Water from Taihu Lake, China. Sci. Total Environ. 2014, 497, 267–273.
[CrossRef] [PubMed]

23. Bilal, M.; Ashraf, S.S.; Barcelo, D.; Iqbal, H.M.N. Biocatalytic Degradation/Redefining “Removal” Fate of Pharmaceutically Active
Compounds and Antibiotics in the Aquatic Environment. Sci. Total Environ. 2019, 691, 1190–1211. [CrossRef] [PubMed]

24. Charuaud, L.; Jarde, E.; Jaffrezic, A.; Thomas, M.F.; Bot, B.L. Veterinary Pharmaceutical Residues from Natural Water to Tap
Water: Sales, Occurrence and Fate. J. Hazard. Mater. 2019, 361, 169–186. [CrossRef] [PubMed]

25. Ben, Y.J.; Hu, M.; Zhang, X.Y.; Wu, S.M.; Wong, M.H.; Wang, M.Y.; Andrews, C.B.; Zheng, C.M. Efficient Detection and Assessment
of Human Exposure to Trace Antibiotic Residues in Drinking Water. Water Res. 2020, 175, 115699. [CrossRef]

26. Xie, H.; Chen, J.; Chen, Q.; Chen, C.; Du, J.; Tan, F.; Zhou, C. Development and evaluation of diffusive gradients in thin films
technique for measuring antibiotics in seawater. Sci. Total Environ. 2018, 618, 1605. [CrossRef]

27. Zou, S.; Xu, W.; Zhang, R.; Tang, J.; Chen, Y.; Zhang, G. Occurrence and distribution of antibiotics in coastal water of the bohai
bay, China: Impacts of river discharge and aquaculture activities. Environ. Pollut. 2011, 159, 2913–2920. [CrossRef]

28. Yan, C.; Yang, Y.; Zhou, J.; Nie, M.; Liu, M.; Hochella, M.F. Selected emerging organic contaminants in the yangtze estuary, China:
A comprehensive treatment of their association with aquatic colloids. J. Hazard. Mater. 2015, 283, 14–23. [CrossRef]

http://doi.org/10.1016/j.envint.2016.06.025
http://www.ncbi.nlm.nih.gov/pubmed/27425630
http://doi.org/10.1007/s00216-009-2920-8
http://www.ncbi.nlm.nih.gov/pubmed/19633833
http://doi.org/10.1016/j.envpol.2016.03.054
http://www.ncbi.nlm.nih.gov/pubmed/27038570
http://doi.org/10.1016/j.marpolbul.2013.05.007
http://doi.org/10.1080/07388551.2018.1471038
http://doi.org/10.1007/s11356-015-4371-4
http://doi.org/10.1016/j.scitotenv.2017.05.174
http://doi.org/10.1021/es302020s
http://doi.org/10.1111/j.1574-6941.2009.00655.x
http://doi.org/10.3168/jds.2010-3057
http://doi.org/10.3390/antibiotics8020069
http://doi.org/10.1016/j.aca.2015.06.038
http://doi.org/10.3390/pr9091500
http://doi.org/10.1016/j.talanta.2013.12.034
http://doi.org/10.1016/j.trac.2018.11.015
http://doi.org/10.1007/s00216-009-2930-6
http://doi.org/10.1016/j.bios.2016.08.083
http://doi.org/10.1016/j.jhazmat.2013.08.040
http://doi.org/10.1016/j.chemosphere.2014.04.075
http://doi.org/10.1016/j.scitotenv.2014.07.114
http://www.ncbi.nlm.nih.gov/pubmed/25129162
http://doi.org/10.1016/j.scitotenv.2019.07.224
http://www.ncbi.nlm.nih.gov/pubmed/31466201
http://doi.org/10.1016/j.jhazmat.2018.08.075
http://www.ncbi.nlm.nih.gov/pubmed/30179788
http://doi.org/10.1016/j.watres.2020.115699
http://doi.org/10.1016/j.scitotenv.2017.09.330
http://doi.org/10.1016/j.envpol.2011.04.037
http://doi.org/10.1016/j.jhazmat.2014.09.011


Int. J. Environ. Res. Public Health 2022, 19, 10919 25 of 31

29. Mutiyar, P.K.; Mittal, A.K. Risk assessment of antibiotic residues in different water matrices in India: Key issues and challenges.
Environ. Sci. Pollut. Res. 2014, 21, 7723–7736. [CrossRef]

30. Liu, X.; Wang, Z.; Zhang, L.; Fan, W.; Yang, C.; Li, E.; Du, Y.; Wang, X. Inconsistent seasonal variation of antibiotics between
surface water and groundwater in the Jianghan Plain: Risks and linkage to land uses. J. Environ. Sci. 2021, 109, 102–113. [CrossRef]

31. Zainab, S.M.; Junaid, M.; Xu, N.; Malik, R.N. Antibiotics and antibiotic resistant genes (ARGs) in groundwater: A global review
on dissemination, sources, interactions, environmental and human health risks. Water Res. 2020, 187, 116455. [CrossRef]

32. Boy-Roura, M.; Mas-Pla, J.; Petrovic, M.; Gros, M.; Soler, D.; Brusi, D.; Menció, A. Towards the understanding of antibiotic
occurrence and transport in groundwater: Findings from the Baix Fluvià alluvial aquifer (NE Catalonia, Spain). Sci. Total Environ.
2018, 612, 1387–1406. [CrossRef]

33. Shi, J.; Dong, Y.; Shi, Y.; Yin, T.; He, W.; An, T.; Tang, Y.; Hou, X.; Chong, S.; Chen, D.; et al. Groundwater antibiotics and
microplastics in a drinking-water source area, northern China: Occurrence, spatial distribution, risk assessment, and correlation.
Environ. Res. 2022, 210, 112855. [CrossRef]

34. Lewandowski, J.; Putschew, A.; Schwesig, D.; Neumann, C.; Radke, M. Fate of organic micropollutants in the hyporheic zone of a
eutrophic lowland stream: Results of a preliminary field study. Sci. Total Environ. 2011, 409, 1824–1835. [CrossRef]

35. Tong, L.; Huang, S.B.; Wang, Y.X.; Liu, H.; Li, M.J. Occurrence of Antibiotics in the Aquatic Environment of Jianghan Plain,
Central China. Sci. Total Environ. 2014, 497, 180–187. [CrossRef]

36. Guo, X.; Akram, S.; Stedtfeld, R.; Johnson, M.; Mitchell, J. Distribution of antimicrobial resistance across the overall environment
of dairy farms—A case study. Sci. Total Environ. 2021, 788, 147489. [CrossRef]

37. Ellis, J.B. Pharmaceutical and Personal Care Products (PPCPs) in Urban Receiving Waters. Environ. Pollut. 2006, 144, 184–189.
[CrossRef]

38. González-Pleiter, M.; Gonzalo, S.; Rodea-Palomares, I.; Leganés, F.; Rosal, R.; Boltes, K.; Marco, E.; Fernández-Piñas, F. Toxicity of
five antibiotics and their mixtures towards photosynthetic aquatic organisms: Implications for environmental risk assessment.
Water Res. 2013, 47, 2050–2064. [CrossRef]

39. Johansson, C.H.; Janmar, L.; Backhaus, T. Toxicity of ciprofloxacin and sulfamethoxazole to marine periphytic algae and bacteria.
Aquat. Toxicol. 2014, 156, 248–258. [CrossRef]

40. Gorokhova, E.; Rivetti, C.; Furuhagen, S.; Edlund, A.; Ek, K.; Breitholtz, M. Bacteria-mediated effects of antibiotics on daphnia
nutrition. Environ. Sci. Technol. 2015, 49, 5779–5787. [CrossRef]

41. Lin, T.; Chen, Y.; Chen, W. Toxic effect of sulfadiazine on the growth of zebrafish embryos in the water body. J. Safety Environ.
2014, 14, 324–327.

42. Bilal, M.; Mehmood, S.; Rasheed, T.; Iqbal, H.M.N. Antibiotics Traces in the Aquatic Environment: Persistence and Adverse
Environmental Impact. Curr. Opin. Environ. Sci. Health 2019, 13, 68–74. [CrossRef]

43. Zhou, Q.; Cheng, Y.; Zhang, Q.; Liang, J. Quantitative Analyses of Relationships between EcotoxicologicalEffects and Combined
Pollution. Sci. China Ser. C Life Sci. 2004, 47, 332–339. [CrossRef] [PubMed]

44. Li, Z.; Qi, W.; Feng, Y.; Liu, Y.; Ebrahim, S.; Long, J. Degradation mechanisms of oxytetracycline in the environment. J. Integr. Agr.
2019, 18, 1953–1960. [CrossRef]

45. Liu, X.; Lv, K.; Deng, C.; Yu, Z.; Shi, J.; Johnson, A.C. Persistence and migration of tetracycline, sulfonamide, quinolone, and
macrolide antibiotics in streams using a simulated hydrodynamic system. Environ. Pollut. 2019, 252, 1532–1538. [CrossRef]

46. Zhang, Y.; Xu, J.; Zhong, Z.; Guo, C.; Li, L.; He, Y.; Fan, W.; Chen, Y. Degradation of sulfonamides antibiotics in lake water and
sediment. Environ. Sci. Pollut. Res. 2013, 20, 2372–2380. [CrossRef]

47. Baena-Nogueras, R.M.; González-Mazo, E.; Lara-Martín, P.A. Degradation kinetics of pharmaceuticals and personal care products
in surface waters: Photolysis vs. biodegradation. Sci. Total Environ. 2017, 590–591, 643–654. [CrossRef]

48. Aymerich, I.; Acuña, V.; Barceló, D.; García, M.J.; Petrovic, M.; Poch, M.; Sabater, S.; Rodriguez-Mozaz, S.; Rodríguez-Roda, I.; von
Schiller, D.; et al. Attenuation of pharmaceuticals and their transformation products in a wastewater treatment plant and its
receiving river ecosystem. Water Res. 2016, 100, 126–136. [CrossRef]

49. Li, Z.; Sobek, A.; Radke, M. Flume Experiments To Investigate the Environmental Fate of Pharmaceuticals and Their Transforma-
tion Products in Streams. Environ. Sci. Technol. 2015, 49, 6009–6017. [CrossRef]

50. Caracciolo, A.B.; Grenni, P.; Rauseo, J.; Ademollo, N.; Cardoni, M.; Rolando, L.; Patrolecco, L. Degradation of a fluoroquinolone
antibiotic in an urbanized stretch of the River Tiber. Microchem. J. 2016, 136, 43–48. [CrossRef]

51. Gothwal, R.; Shashidhar, T. Antibiotic Pollution in the Environment: A Review. Clean–Soil Air Water 2015, 43, 479–489. [CrossRef]
52. Zaranyika, M.F.; Dzomba, P.; Kugara, J. Degradation of Oxytetracycline in the Aquatic Environment: A Proposed Steady State

Kinetic Model That Takes Into Account Hydrolysis, Photolysis, Microbial Degradation and Adsorption by Colloidal and Sediment
Particles. Environ. Chem. 2015, 12, 174–188. [CrossRef]

53. Arnold, W.A.; McNeill, K. Transformation of pharmaceuticals in the environment: Photolysis and other abiotic processes. Compr.
Anal. Chem. 2007, 50, 361–385.

54. Razuc, M.; Garrido, M.; Caro, Y.; Teglia, C.; Goicoechea, H.; Fernandez-Band, C.B. Hybrid Hard and Soft Modeling of Spectropho-
tometric Data for Monitoring of Ciprofloxacin and Its Main Photodegradation Products at Different pH Values. Spectrochim. Acta
A 2013, 106, 146–154. [CrossRef]

55. Edhlund, B.L.; Arnold, W.A.; Mcneill, K. Aquatic Photochemistry of Nitrofuran Antibiotics. Environ. Sci. Technol. 2006,
40, 5422–5427. [CrossRef]

http://doi.org/10.1007/s11356-014-2702-5
http://doi.org/10.1016/j.jes.2021.03.002
http://doi.org/10.1016/j.watres.2020.116455
http://doi.org/10.1016/j.scitotenv.2017.09.012
http://doi.org/10.1016/j.envres.2022.112855
http://doi.org/10.1016/j.scitotenv.2011.01.028
http://doi.org/10.1016/j.scitotenv.2014.07.068
http://doi.org/10.1016/j.scitotenv.2021.147489
http://doi.org/10.1016/j.envpol.2005.12.018
http://doi.org/10.1016/j.watres.2013.01.020
http://doi.org/10.1016/j.aquatox.2014.08.015
http://doi.org/10.1021/acs.est.5b00833
http://doi.org/10.1016/j.coesh.2019.11.005
http://doi.org/10.1360/03yc0042
http://www.ncbi.nlm.nih.gov/pubmed/15493474
http://doi.org/10.1016/S2095-3119(18)62121-5
http://doi.org/10.1016/j.envpol.2019.06.095
http://doi.org/10.1007/s11356-012-1121-8
http://doi.org/10.1016/j.scitotenv.2017.03.015
http://doi.org/10.1016/j.watres.2016.04.022
http://doi.org/10.1021/acs.est.5b00273
http://doi.org/10.1016/j.microc.2016.12.008
http://doi.org/10.1002/clen.201300989
http://doi.org/10.1071/EN14116
http://doi.org/10.1016/j.saa.2012.12.085
http://doi.org/10.1021/es0606778


Int. J. Environ. Res. Public Health 2022, 19, 10919 26 of 31

56. Snowberger, S.; Adejumo, H.; He, K.; Mangalgiri, K.P.; Hopanna, M.; Soares, A.D.; Blaney, L. Direct Photolysis of Fluoroquinolone
Antibiotics at 253.7 nm: Specific Reaction Kinetics and Formation of Equally Potent Fluoroquinolone Antibiotics. Environ. Sci.
Technol. 2016, 50, 9533–9542. [CrossRef]

57. Koe, W.S.; Lee, J.W.; Chong, W.C.; Pang, Y.L.; Sim, L.C. An overview of photocatalytic degradation: Photocatalysts, mechanisms,
and development of photocatalytic membrane. Environ. Sci. Pollut. Res. 2020, 27, 2522–2565. [CrossRef]

58. Dai, Y.; Liu, M.; Li, J.; Yang, S.; Sun, Y.; Sun, Q.; Wang, W.; Lu, L.; Zhang, K.; Xu, J.; et al. A Review on Pollution Situation and
Treatment Methods of Tetracycline in Groundwater. Sep. Sci. Technol. 2020, 55, 1005–1021. [CrossRef]

59. Wenk, J.; Graf, C.; Aeschbacher, M.; Sander, M.; Canonica, S. Effect of Solution pH on the Dual Role of Dissolved Organic Matter
in Sensitized Pollutant Photooxidation. Environ. Sci. Technol. 2021, 55, 15110–15122. [CrossRef]

60. Zhu, H.M.; Cao, G.D.; Qiang, C.; Fu, Y.K.; Wu, Y.L.; Li, X.; Han, G.R. Hollow ferric-tannic acid nanocapsules with sustained
O(2)and ROS induction for synergistic tumor therapy. Biomater. Sci. 2020, 8, 3844–3855. [CrossRef]

61. Saha, A.; Goldstein, S.; Cabelli, D.; Czapski, G. Determination of optimal conditions for synthesis of peroxynitrite by mixing
acidified hydrogen peroxide with nitrite. Free Radic. Biol. Med. 1998, 24, 653–659. [CrossRef]

62. Ju, L.; Wu, P.; Lai, X.; Yang, S.; Gong, B.; Chen, M.; Zhu, N. Synthesis and Characterization of Fullerene Modified ZnAlTi-LDO in
Photo-Degradation of Bisphenol A Under Simulated Visible Light Irradiation. Environ. Pollut. 2017, 228, 234–244. [CrossRef]
[PubMed]

63. Martin, B.P.; Martal, V.; Marco, G. Theoretical Mechanistic Study of Self-Sensitized Photo-Oxygenation and Singlet Oxygen
Thermal Release in A Dimethyldihydropyrene Derivative. J. Photochem. Photobiol. A Chem. 2017, 333, 156–164.

64. Zhou, J.; Li, M.X.; Luo, L.; Gao, H.; Zheng, F. Photodegradation of Moxifloxacin Hydrochloride Solutions Under Visible Light
Irradiation: Identification of Products and the Effect of pH on Their Formation. AAPS PharmSciTech 2018, 19, 1182–1190. [CrossRef]

65. Hubicka, U.; Zmudzki, P.; Talik, P.; Uromska-Witek, B.; Krzek, J. Photodegradation Assessment of Ciprofloxacin, Moxifloxacin,
Norfloxacin and Ofloxacin in the Presence of Excipients from Tablets by UPLC-MS/MS and DSC. Chem. Cent. J. 2013, 7, 133–144.
[CrossRef]

66. Zhang, Z.C.; Xie, X.D.; Yu, Z.Q.; Cheng, H.F. Influence of chemical speciation on photochemical transformation of three
fluoroquinolones (FQs) in water: Kinetics, mechanism, and toxicity of photolysis products. Water Res. 2019, 148, 19–29. [CrossRef]

67. Ding, Y.; Jiang, W.; Liang, B.; Han, J.; Cheng, H.; Haider, M.R.; Wang, H.; Liu, W.; Liu, S.; Wang, A. UV photolysis as an efficient
pretreatment method for antibiotics decomposition and their antibacterial activity elimination. J. Hazard. Mater. 2020, 392, 122321.
[CrossRef]

68. Babic, S.; Perisa, M.; Skoric, I. Photolytic degradation of norfloxacin, enrofloxacin and ciprofloxacin in various aqueous media.
Chemosphere 2013, 91, 1635–1642. [CrossRef]

69. Batisia, A.P.S.; Cottrell, B.A.; Nogueira, R.F.P. Photochemical Transformation of Antibiotics by Excitation of Fe(III)-Complexes in
Aqueous Medium. J. Photochem. Photobiol. A Chem. 2014, 274, 50–56. [CrossRef]

70. Dzhakipbekov, E.; Sakibayeva, S.A.; Dzhakipbekova, N.; Tarlanova, B.; Sagitova, G.; Shingisbayeva, Z.A. The Study of Physical
and Chemical Properties of Water-Soluble Polymer Reagents and Their Compatibility With Antibiotics. Rasayan J. Chem. 2020,
13, 1417–1423. [CrossRef]

71. Loftin, K.A.; Adamds, C.D.; Meyer, M.T.; Surampallic, R. Effects of Ionic Strength, Temperature, and pH on Degradation of
Selected Antibiotics. J. Environ. Qual. 2008, 37, 378–386. [CrossRef]

72. Chen, W.; Huang, C. Transformation kinetics and pathways of tetracycline antibiotics with manganese oxide. Environ. Pollut.
2011, 159, 1092–1100. [CrossRef]

73. Chen, X.; Yang, Y.; Ke, Y.; Chen, C.; Xie, S. A comprehensive review on biodegradation of tetracyclines: Current research progress
and prospect. Sci. Total Environ. 2022, 814, 152852. [CrossRef]

74. Mitchell, S.M.; Ullman, J.L.; Teel, A.L.; Watts, R.J. pH and temperature effects on the hydrolysis of three beta-lactam antibiotics:
Ampicillin, cefalotin and cefoxitin. Sci. Total Environ. 2014, 466–467, 547–555. [CrossRef]

75. Mitchell, S.M.; Ullman, J.L.; Teel, A.L.; Watts, R.J. Hydrolysis of amphenicol and macrolide antibiotics: Chloramphenicol,
florfenicol, spiramycin, and tylosim. Chemosphere 2015, 134, 504–511. [CrossRef]

76. Trovó, A.G.; Nogueira, R.; Agueera, G.A.; Fernandez-Alba, A.R.; Sirtori, C.; Malato, S. Degradation of sulfamethoxazole in water
by solar photo-Fenton. Chemical and toxicological evaluation. Water Res. 2009, 43, 3922–3931. [CrossRef]

77. Guo, R.; Chen, J. Application of alga-activated sludge combined system (AASCS) as a novel treatment to remove cephalosporins.
Chem. Eng. J. 2015, 260, 550–556. [CrossRef]

78. Xuan, R.C.; Arisi, L.; Wang, Q.Q.; Yates, S.R.; Biswas, K.C. Hydrolysis and Photolysis of Oxytetracycline in Aqueous Solution. J.
Environ. Sci. Health Part B 2009, 45, 73–81. [CrossRef]

79. Shao, S.; Wu, X. Microbial degradation of tetracycline in the aquatic environment: A review. Crit. Rev. Biotechnol. 2020, 40,
1010–1018. [CrossRef]

80. Ubando, A.T.; Africa, A.D.M.; Maniquiz-Redillas, M.C.; Culaba, A.B.; Chen, W.; Chang, J. Microalgal Biosorption of Heavy Metals:
A Comprehensive Bibliometric Review. J. Hazard. Mater. 2021, 402, 123431. [CrossRef]

81. Naik, K.; Mishra, S.; Srichandan, H.; Singh, P.K.; Sarangi, P.K. Plant growth promoting microbes: Potential link to sustainable
agriculture and environment. Biocatalysis Agricul. Biotechnol. 2019, 21, 101326. [CrossRef]

82. Huang, X.; Zhang, X.; Feng, F.; Xu, X. Biodegradation of Tetracycline by the Yeast Strain Trichosporon mycotoxinivorans XPY-10.
Prep. Biochem. Biotechnol. 2014, 46, 15–22. [CrossRef] [PubMed]

http://doi.org/10.1021/acs.est.6b01794
http://doi.org/10.1007/s11356-019-07193-5
http://doi.org/10.1080/01496395.2019.1577445
http://doi.org/10.1021/acs.est.1c03301
http://doi.org/10.1039/D0BM00533A
http://doi.org/10.1016/S0891-5849(97)00365-1
http://doi.org/10.1016/j.envpol.2017.05.038
http://www.ncbi.nlm.nih.gov/pubmed/28549332
http://doi.org/10.1208/s12249-017-0929-4
http://doi.org/10.1186/1752-153X-7-133
http://doi.org/10.1016/j.watres.2018.10.027
http://doi.org/10.1016/j.jhazmat.2020.122321
http://doi.org/10.1016/j.chemosphere.2012.12.072
http://doi.org/10.1016/j.jphotochem.2013.09.017
http://doi.org/10.31788/RJC.2020.1325709
http://doi.org/10.2134/jeq2007.0230
http://doi.org/10.1016/j.envpol.2011.02.027
http://doi.org/10.1016/j.scitotenv.2021.152852
http://doi.org/10.1016/j.scitotenv.2013.06.027
http://doi.org/10.1016/j.chemosphere.2014.08.050
http://doi.org/10.1016/j.watres.2009.04.006
http://doi.org/10.1016/j.cej.2014.09.053
http://doi.org/10.1080/03601230903404556
http://doi.org/10.1080/07388551.2020.1805585
http://doi.org/10.1016/j.jhazmat.2020.123431
http://doi.org/10.1016/j.bcab.2019.101326
http://doi.org/10.1080/10826068.2014.970692
http://www.ncbi.nlm.nih.gov/pubmed/25286144


Int. J. Environ. Res. Public Health 2022, 19, 10919 27 of 31

83. Maki, T.; Hasegawa, H.; Kitami, H.; Fumoto, K.; Munekage, Y.; Ueda, K. Bacterial Degradation of Antibiotic Residues in Marine
Fish Farm Sediments of Uranouchi Bay and Phylogenetic Analysis of Antibiotic-Degrading Bacteria Using 16S rDNA Sequences.
Fisheries Sci. 2006, 72, 811–820. [CrossRef]

84. Fuursted, K. Postexposure factors influencing the duration of postantibiotic effect: Significance of temperature, pH, cations, and
oxygen tension. Antimicrob. Agents Chemother. 1997, 41, 1693–1696. [CrossRef]

85. Kirk, J.L.; Klironomos, J.N.; Lee, H.; Trevors, J.T. The Effects of Perennial Ryegrass and Alfalfa on Microbial Abundance and
Diversity in Petroleum Contaminated Soil. Environ. Pollut. 2005, 133, 455–465. [CrossRef]

86. Wang, C.; Zheng, S.S.; Wang, P.F.; Qian, J. Effects of Vegetations on the Removal of Contaminants in Aquatic Environments: A
Review. J. Hydrodyn. 2014, 26, 497–511. [CrossRef]

87. Onydinma, U.P.; Aljerf, L.; Obike, A.; Onah, O.E.; Caleb, N.J. Evaluation of physicochemical characteristics and health risk of
polycyclic aromatic hydrocarbons in borehole waters around automobile workshops in Southeastern Nigeria. Groundw. Sustain.
Dev. 2021, 14, 100615. [CrossRef]

88. Kumara, K.; Gupta, S.C.; Baidoo, S.K.; Chander, Y.; Rosen, C.J. Antibiotic Uptake by Plants from Soil Fertilized with Animal
Manure. J. Environ. Qual. 2005, 34, 2082–2085. [CrossRef]

89. Migliore, L.; Cozzolino, S.; Fiori, M. Phytotoxicity to and uptake of enrofloxacin in crop plants. Chemosphere 2003, 52, 1233–1244.
[CrossRef]

90. Li, J.; Luo, C.; Zhang, D.; Cai, X.; Jiang, L.; Zhao, X.; Zhang, G. Diversity of the active phenanthrene degraders in PAH-polluted
soil is shaped by ryegrass rhizosphere and root exudates. Soil Biol. Biochem. 2019, 128, 100–110. [CrossRef]

91. Hoang, T.T.T.; Tu, L.T.C.; Le, N.P.; Dao, Q.P. A preliminary study on the phytoremediation of antibiotic contaminated sediment.
Int. J. Phytoremediation 2013, 15, 65–76. [CrossRef]

92. Chen, J.; Liu, S.; He, L.; Cheng, Y.; Ye, P.; Li, J.; Ying, G.; Wang, Y.; Yang, F. The fate of sulfonamides in the process of
phytoremediation in hydroponics. Water Res. 2021, 198, 117145. [CrossRef]

93. Ezeuko, A.S.; Ojemaye, M.; Okoh, O.O.; Okoh, A.I. Technological advancement for eliminating antibiotic resistance genes from
wastewater: A review of their mechanisms and progress. J. Environ. Chem. Eng. 2021, 9, 106183. [CrossRef]

94. Hiller, C.X.; Huebner, U.; Fajnorova, S.; Schwartz, T.; Drewes, J.E. Antibiotic Microbial Resistance (AMR) Removal Efficiencies by
Conventional and Advanced Wastewater Treatment Processes: A Review. Sci. Total Environ. 2019, 685, 596–608. [CrossRef]

95. Gulkowska, A.; Leung, H.W.; So, M.K.; Taniyasu, S.; Yamashita, N.; Yeung, L.W.Y.; Richardson, B.J.; Lei, A.P.; Giesy, J.P.; Lam, P.K.S.
Removal of antibiotics from wastewater by sewage treatment facilities in Hong Kong and Shenzhen, China. Water Res. 2008,
42, 395–403. [CrossRef]

96. Mohapatra, S.; Huang, C.H.; Mukherji, S.; Padhye, L.P. Occurrence and fate of pharmaceuticals in WWTPs in India and
comparison comparison with a similar study in the United States. Chemosphere 2016, 159, 526–535. [CrossRef]

97. Zuccato, E.; Castiglioni, S.; Bagnati, R.; Melis, M.; Fanelli, R. Source, occurrence and fate of antibiotics in the Italian aquatic
environment. J. Hazard. Mater. 2010, 179, 1042–1048. [CrossRef]

98. Kasprzyk-Hordern, B.; Dinsdale, R.M.; Guwy, A.J. The removal of pharmaceuticals, personal care products, endocrine disruptors
and illicit drugs during wastewater treatment and its impact on the quality of receiving waters. Water Res. 2009, 43, 363–380.
[CrossRef]

99. Wang, W.; Zhang, W.; Liang, H.; Gao, D. Occurrence and fate of typical antibiotics in wastewater treatment plants in Harbin,
North-east China. Front. Environ. Sci. Eng. 2019, 13, 34. [CrossRef]

100. Greenham, R.T.; Miller, K.Y.; Tong, A. Removal efficiencies of top-used pharmaceuticals at sewage treatment plants with various
technologies. J. Environ. Chem. Eng. 2019, 7, 103294. [CrossRef]

101. Leng, L.; Wei, L.; Xiong, Q.; Xu, S.; Li, W.; Lv, S.; Lu, Q.; Wan, L.; Wen, Z.; Zhou, W. Use of microalgae based technology for the
removal of antibiotics from wastewater: A review. Chemosphere 2020, 238, 124680. [CrossRef] [PubMed]

102. García, N.D.; Zafra-Gómez, A.; Navalón, A.; González-López, J.; Hontoria, E.; Vílchez, J.L. Removal and degradation character-
istics of quinolone antibiotics in laboratory-scale activated sludge reactors under aerobic, nitrifying and anoxic conditions. J.
Environ. Manage. 2013, 120, 75–83. [CrossRef]

103. Wang, X.; Chen, Z.; Shen, J.; Kang, J.; Zhang, X.; Li, J.; Zhao, X. Effect of carbon source on pollutant removal and microbial
community dynamics in treatment of swine wastewater containing antibiotics by aerobic granular sludge. Chemosphere 2020,
260, 127544. [CrossRef] [PubMed]

104. Liao, X.; Li, B.; Zou, R.; Xie, S.; Yuan, B. Antibiotic Sulfanilamide Biodegradation by Acclimated Microbial Populations. Appl.
Microbiol. Biotechnol. 2016, 100, 2439–2447. [CrossRef] [PubMed]

105. Chen, J.; Liu, Y.; Zhang, J.; Yang, Y.; Hu, L.; Yang, Y.; Zhao, J.; Chen, F.; Ying, G. Removal of Antibiotics from Piggery Wastewater
by Biological Aerated Filter System: Treatment Efficiency and Biodegradation Kinetics. Bioresour. Technol. 2017, 238, 70–77.
[CrossRef] [PubMed]

106. Han, Y.; Yang, L.; Chen, X.; Cai, Y.; Shen, G. Removal of Veterinary Antibiotics from Swine Wastewater Using Anaerobic and
Aerobic Biodegradation. Sci. Total Environ. 2020, 709, 136094. [CrossRef] [PubMed]

107. Kumar, A.; Pal, D. Antibiotic resistance and wastewater: Correlation, impact and critical human health challenges. J. Environ.
Chem. Eng. 2018, 6, 52–58. [CrossRef]

108. Le-Minh, N.; Khan, S.J.; Drewes, J.E.; Stuetz, R.M. Fate of Antibiotics during Municipal Water Recycling Treatment Processes.
Water Res. 2010, 44, 4295–4323. [CrossRef]

http://doi.org/10.1111/j.1444-2906.2006.01222.x
http://doi.org/10.1128/AAC.41.8.1693
http://doi.org/10.1016/j.envpol.2004.06.002
http://doi.org/10.1016/S1001-6058(14)60057-3
http://doi.org/10.1016/j.gsd.2021.100615
http://doi.org/10.2134/jeq2005.0026
http://doi.org/10.1016/S0045-6535(03)00272-8
http://doi.org/10.1016/j.soilbio.2018.10.008
http://doi.org/10.1080/15226514.2012.670316
http://doi.org/10.1016/j.watres.2021.117145
http://doi.org/10.1016/j.jece.2021.106183
http://doi.org/10.1016/j.scitotenv.2019.05.315
http://doi.org/10.1016/j.watres.2007.07.031
http://doi.org/10.1016/j.chemosphere.2016.06.047
http://doi.org/10.1016/j.jhazmat.2010.03.110
http://doi.org/10.1016/j.watres.2008.10.047
http://doi.org/10.1007/s11783-019-1118-3
http://doi.org/10.1016/j.jece.2019.103294
http://doi.org/10.1016/j.chemosphere.2019.124680
http://www.ncbi.nlm.nih.gov/pubmed/31545213
http://doi.org/10.1016/j.jenvman.2013.02.007
http://doi.org/10.1016/j.chemosphere.2020.127544
http://www.ncbi.nlm.nih.gov/pubmed/32673869
http://doi.org/10.1007/s00253-015-7133-9
http://www.ncbi.nlm.nih.gov/pubmed/26563551
http://doi.org/10.1016/j.biortech.2017.04.023
http://www.ncbi.nlm.nih.gov/pubmed/28432952
http://doi.org/10.1016/j.scitotenv.2019.136094
http://www.ncbi.nlm.nih.gov/pubmed/31884273
http://doi.org/10.1016/j.jece.2017.11.059
http://doi.org/10.1016/j.watres.2010.06.020


Int. J. Environ. Res. Public Health 2022, 19, 10919 28 of 31

109. Ganiyu, S.O.; Hullebusch, E.D.; Cretin, M.; Esposito, G.; Oturan, M.A. Coupling of membrane filtration and advanced oxidation
processes for removal of pharmaceutical residues: A critical review. Sep. Purif. Technol. 2015, 156, 891–914. [CrossRef]

110. Nghiem, L.D.; Hawkes, S. Effects of membrane fouling on the nanofiltration of pharmaceutically active compounds (PhACs):
Mechanisms and role of membrane pore size. Sep. Purif. Technol. 2007, 57, 176–184. [CrossRef]

111. Aljerf, L.; Nadra, R. Developed greener method based on MW implementation in manufacturing CNFs. Int. J. Nanomanufacturing
2019, 15, 269–289. [CrossRef]

112. Liang, C.; Wei, D.; Zhang, S.; Ren, Q.; Liu, L. Removal of Antibiotic Resistance Genes from Swine Wastewater by Membrane
Filtration Treatment. Ecotoxicol. Environ. Saf. 2021, 210, 111885. [CrossRef]

113. Aljerf, L. Advanced highly polluted rainwater treatment process. J. Urban Environ. Eng. 2018, 12, 50–58. [CrossRef]
114. Tan, X.; Liu, Y.; Zeng, G.; Wang, X.; Hu, X.; Gu, Y.; Yang, Z. Application of Biochar for the Removal of Pollutants from Aqueous

Solutions. Chemosphere 2015, 125, 70–85. [CrossRef]
115. Zha, S.X.; Zhou, Y.; Jin, X.; Chen, Z. The Removal of Amoxicillin from Wastewater Using Organobentonite. J. Environ. Manage.

2013, 129, 569–576. [CrossRef]
116. Shao, L.; Ren, Z.; Zhang, G.; Chen, L. Facile Synthesis, Characterization of A MnFe2O4/Activated Carbon Magnetic Composite

and Its Effectiveness in Tetracycline Removal. Mater. Chem. Phys. 2012, 135, 16–24. [CrossRef]
117. Dutta, J.; Mala, A.A. Removal of Antibiotic from the Water Environment by the Adsorption Technologies: A Review. Water Sci.

Technol. 2020, 82, 401–426. [CrossRef]
118. Zheng, H.; Wang, Z.; Zhao, J.; Herbert, S.; Xing, B. Sorption of Antibiotic Sulfamethoxazole Varies with Biochars Produced at

Different Temperatures. Environ. Pollut. 2013, 181, 60–67. [CrossRef]
119. Rathod, M.; Haldar, S.; Basha, S. Nanocrystalline Cellulose for Removal of Tetracycline Hydrochloride from Water via Biosorption:

Equilibrium, Kinetic and Thermodynamic Studies. Ecol. Eng. 2015, 84, 240–249. [CrossRef]
120. Yu, Y.; Wang, W.; Shi, J.; Zhu, S.; Yan, Y. Enhanced Levofloxacin Removal from Water Using Zirconium (IV) Loaded Corn Bracts.

Environ. Sci. Pollut. Res. 2017, 24, 10685–10694. [CrossRef]
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