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Abstract: Trace metals from natural and anthropogenic sources impact the atmospheric environment
and enter the soil through dry and wet atmospheric deposition, ultimately affecting human health.
In this study, we established an emission inventory of Pb, As, Cr, and Cd in East Asia (80◦ E–140◦ E,
15◦ N–50◦ N) for the year 2017, including dust and anthropogenic sources from both land and marine.
We modified the Community Multiscale Air Quality (CMAQ) model to provide gridded data on
concentrations, as well as dry and wet atmospheric deposition fluxes of metals, with a focus on
mainland China. The emissions of Pb, As, Cr, and Cd in East Asia were 19,253, 3415, 3332, and
9379 tons, respectively, in 2017, with 55%, 69%, 25%, and 58% distributed in the fine mode. The
spatial distribution of atmospheric concentrations and dry deposition of trace metals was similar to
that of emissions, while the spatial distribution of precipitation-related wet deposition was further
east and greater in the south than in the north. In mainland China, the average bulk-deposition fluxes
of Pb, As, Cr, and Cd were 1036.5, 170.3, 465.9, and 185.0 µg·m−2·year−1, respectively. Our study
provides gridded data on trace metals in mainland China, which can be used for assessing air quality,
human exposure risks, and metal inputs to soils.

Keywords: trace metal (loid); emission inventory; dry deposition; wet deposition; natural and
anthropogenic source; CMAQ simulation

1. Introduction

Major air pollutants in the atmosphere include ozone, carbon monoxide, nitrogen
dioxide, sulfur dioxide, and particulate matter (PM) [1]. PM is of particular concern be-
cause it is a carrier of a wide range of pollutants, such as trace metals [2,3]. PM is typically
classified based on its kinetic diameter. For coarse PM (PM10), the kinetic diameter is
less than 10 µm; for fine PM (PM2.5) the kinetic diameter is less than 2.5 µm. Coarse PM
often originates from sources such as volcanoes, agriculture, mining, roads, waves, storms,
and deserts. Fine PM consists mainly of combustion particles emitted by transportation
and domestic fuel combustion; wood burning; coal-fired power plants; and industries
such as cement, smelters, steel mills, and paper mills. Atmospheric pollutants are often
influenced by local climatic, geological, and soil factors [4], such as natural processes like
the dispersion of crustal minerals [5]. However, human activities remain a major source
of atmospheric pollutants, especially pollutants known to be highly toxic, such as trace
metals [4]. Trace metals and metalloids (hereinafter referred to as “trace metals”) are of
increasing concern due to their high toxicity, non-biodegradability, and high bioavailability
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for crop uptake [6–8]. They can cause problems in agriculture, the atmosphere, and the
water environment, and may eventually accumulate in the human body, leading to severe
health problems [9,10]. Atmospheric emissions of trace metals are often associated with
rapid industrialization, increased urbanization, inappropriate agricultural practices, and in-
appropriate waste-disposal methods [11]. Previous studies have identified human activities,
including industrial activities, energy production, fossil-fuel combustion [12], mining and
metal smelting [13], waste incineration [14], transportation [15], cement manufacturing [16],
and e-waste disposal [17], as the main sources of trace metals in the atmosphere [18–20].

The most common trace metals found in soil are Cd, As, Pb, and Cr. According to
a 2014 national soil survey in China, these metals accounted for 43%, 17%, 9%, and 7%
of all soil quality exceedances, respectively [21]. Cd is the most widely distributed and
bioavailable trace metal in paddy soils, posing a high risk to plant growth and human
health [22–26]. The uptake and accumulation of Cd in plants can then cause serious health
problems for humans through the food chain, as exemplified by the “itai-itai” disease
that claimed the lives of more than 100 people in Japan between 1922 and 1965 [27]. As
can cause a variety of health effects, and epidemiologic studies have reported a strong
association between As exposure and an increased risk of cancer [28]. Pb is found in both
organic and inorganic forms, both of which are equally toxic. However, organic forms
are particularly harmful to living organisms [29]. Cr released into the environment from
human activities is mainly in the hexavalent form [Cr(VI)] [30]. Cr(VI) is a toxic pollutant
classified as a human carcinogen by several regulatory and non-regulatory agencies [30,31].

Atmospheric dry and wet deposition are mechanisms for the removal of atmospheric
trace metals bound to PM from the atmosphere. At the same time, it serves as a way for
trace metals to enter terrestrial and aquatic ecosystems [32–35]. Atmospheric deposition
plays an important role in the accumulation of trace metals in agricultural soils [36,37]. In
Europe, atmospheric deposition has been found to exert a stronger effect on Pb levels in
soil compared to fertilization [38]. In England and Wales, atmospheric deposition is the
main source of trace metals in most agricultural areas, with 78% of Pb, 56% of As, and
53% of Cd in agricultural soils each year coming from atmospheric deposition [37]. Due to
industrialization and subsequent food safety incidents, the contamination of soil with trace
metals has become a major public concern [25,39–41]. Atmospheric deposition has emerged
as an important but not yet accurately assessed natural and anthropogenic source of trace
metals in soil [20,42,43]. Metal contamination in the soil not only impacts the growth and
development of soil organisms but also accumulates in the human body through the food
chain and skin contact, posing a serious threat to human health [44]. Therefore, it is crucial
to accurately determine the atmospheric deposition fluxes of trace metals.

Atmospheric trace metals from anthropogenic sources are more likely to bind to fine
PM than coarse PM [45]. In general, coarse PM is deposited near the source of emissions,
while fine PM is transported over long distances in the atmosphere. So, metals emitted
by anthropogenic sources are characterized by long-range transport [46]. But the coarse
PM emitted by dust also tends to undergo long-range transport, because a dust event is
a strong weather process associated with cold fronts or cyclones [47]. Considering the
long-range transport characteristics of atmospheric trace metals, a regional-scale study of
atmospheric deposition of trace metals is more capable of realizing source prevention and
control of trace metals.

There have been many studies that have focused on atmospheric concentrations and
the deposition of trace metals. The majority of these studies have been field monitor-
ing [19,20]. Some scholars focused on the impact of point sources (e.g., industrial sources,
mines, etc.) on the surrounding environment. Kupka et al. (2021 [48]) reported the effect
of traffic on environmental pollution by collecting soil near roads to measure metal con-
centrations. Farahani et al. (2021 [49]) conducted long-term PM2.5 sampling in central Los
Angeles at sites adjacent to a major interstate freeway, as well as multiple industrial and
commercial centers, and combined it with a positive matrix factorization (PMF) model to
identify the major emission sources. They found that the contribution of mobile emission
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sources to PM2.5-bound metal concentrations increased over the years, and the influence
of industrial activities decreased. There were also measurements conducted at the urban
scale. For example, Wu et al. (2018 [50]) measured atmospheric deposition fluxes of trace
metals in Daya Bay, China, and found that deposition fluxes in the Pearl River Delta region
were at globally high levels. Chen et al. (2019 [19]) reported Cd and Pb deposition fluxes of
1570 and 6 g·hm−2·a−1, respectively, in the Taihu Lake, which were significantly higher
than those in other economically developed regions of China. McNeil et al. (2020 [51])
collected PM2.5 samples from 19 sites of a globally distributed surface particulate matter
sampling network (SPARTAN) to analyze the trace-metals content. The high concentrations
of Pb and As were observed in densely populated cities such as Beijing, Dhaka, Kanpur,
and Hanoi motivated expanded measurements in other cities worldwide. However, field
monitoring is limited by spatial extent. Although some studies have used point-measured
data for kriging interpolation extrapolation [52], and some scholars have characterized
anthropogenic inputs of trace metals to soil through atmospheric metal-concentration
distributions [6], both are subject to large uncertainties.

To fill the gaps regarding gridded atmospheric concentrations, as well as wet and dry
deposition fluxes of trace metals, this study established an emissions inventory of metals
containing Pb, Cd, Cr, and As for the year 2017, including both natural dust and anthro-
pogenic sources. Additionally, this study considered the influence of regional transport on
metal concentration and deposition. The spatial extent of the emission inventory and model
simulation included not only mainland China but also neighboring countries and sea areas.
We modified the code of the multi-pollutant module of CMAQ version 5.4 to simulate the
entire process of these four metallic elements, from emission to deposition, in order to
obtain gridded atmospheric concentrations, as well as dry and wet deposition fluxes data.
The focus was on analyzing their spatial distribution patterns in mainland China.

2. Materials and Methods
2.1. Model Configurations

In this study, the atmospheric concentrations and the dry and wet deposition fluxes
of the four metallic elements were simulated by CMAQ version 5.4. The CMAQ model
configuration used aero7 as the aerosol module [53], and cb6r5 [54] as the gas-phase
mechanism, which contains detailed halogen chemistry [55,56]. The meteorological element
fields for the CMAQ inputs were obtained from the Weather Research and Forecasting
(WRF) model version 4.1.1. Initial and boundary conditions for the simulation region were
created based on the hemispherical seasonal averaged CMAQ output provided by the
CMAS database [57]. The initial meteorological data and boundary conditions used in WRF
v4.1.1 were obtained from the Final (FNL) global atmospheric analysis data (with a spatial
resolution of 1◦ × 1◦ × 1◦ and a temporal resolution of 6 h) provided by the National
Center for Environment Prediction (NCEP), U.S.A. The physical scheme configurations for
the WRF included the Asymmetric Convective Model (ACM) version 2 for the planetary
boundary layer (PBL) scheme [58], the Pleim–Xiu land surface scheme [59], the Rapid
Radiative Transfer Model for General Circulation Models (RRTMG) for short and long
wave schemes [60], the Kain–Fritsch cumulus scheme for cumulus parameterization [61],
and MODIS land-use data (20 categories).

In this study, the multi-pollutant code of the aerosol module and the in-line wind-
blown dust module in CMAQ version 5.4 were modified to add metallic elements as
inert modeling variables that can participate in atmospheric physical processes such as
diffusion, advection, and deposition, but will not participate in any atmospheric chemical
reactions. We added metallic species to the emission inventory by modifying desid_vars.F
and CMAQ_Control_DESID_cb6r5_ae7_aq.nml. Added metals as tracers to the aerosol
module by modifying AERO_DATA.F. Specific modifications have been reported in our
previous study [62].

The simulation area covers East Asia (including the whole China region) and part of
the ocean (80◦ E–140◦ E, 15◦ N–50◦ N), with a horizontal grid resolution of 36 km × 36 km,
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and 27 vertical layers of variable thickness between the horizontal plane and the 100 hPa
altitude layer, with a surface thickness of ~40 m. In the CMAQ model, the two grids on
each lateral boundary of WRF were removed, so that there were 257 × 117 grids in d01.
The simulation was conducted in 2017 with a 5-day spin-up period.

2.2. Methodology for the Establishment of Natural and Anthropogenic Emission Inventories

In this study, emission sources of metallic elements (Pb, As, Cd, and Cr) were cat-
egorized into land-based anthropogenic sources, marine-based anthropogenic sources
(as known as shipping), and land-based natural dust sources to establish metal emission
inventories with the base year of 2017. The metal emission inventory for land-based an-
thropogenic sources was established by multiplying the emission fluxes from each source
in the existing bottom-up PM emission inventory by the mass fraction of metal elements in
PM for the corresponding source sectors. Figure 1 contains a flow diagram of the method.
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Figure 1. Schematic diagram illustrating the procedure followed to create the emissions inventory of
trace metals from land-based anthropogenic sources.

Since PM is classified into a fine mode (particle diameter < 2.5 µm) and a coarse mode
(2.5 µm < particle diameter < 10 µm) and the mass fractions of metal elements differ in
PM of different modes, this study organized the metal emission factors for the two particle
modes and calculated the metal emission inventories separately. The global 0.1 × 0.1◦

gridded fine and coarse PM emission data for 2017 were obtained from the Emissions
Database for Global Atmospheric Research (EDGAR) [63,64], and the mass fractions of
metallic elements in PM from different emission sectors were provided by the SPECIATE
v5.1 database (updated in June 2020) [65,66]. EDGAR provides worldwide emissions of
GHGs as well as air pollutants such as PM, including 7 main sectors and 25 subsectors.
SPECIATE is the U.S. Environmental Protection Agency’s (EPA) repository of speciation
profiles on the species makeup or composition of PM and other pollutants. The profiles
of PM species’ weight fractions are specific to particle-size ranges. Speciation data are
developed through source testing by laboratories and research institutes and are often
published in journal articles. The atomic form results are measured by an X-ray fluorescence
(XRF) technique, and the ionic form results are measured by ion chromatography. This
study first identified the corresponding categories in the SPECIATE database based on
the emission sectors from EDGAR. Then, the median value of speciation profiles for that
category was calculated and used to represent the metal emission factor of the sector. The
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same methodology was used in the previous metal emission inventories [62,67–71]. The
main sectors and sub-sectors and corresponding metal emission factors for each sector are
shown in Table 1 (fine mode) and Table 2 (coarse mode).

Table 1. Emission factors for metals in fine particulate matter (Unit: %).

Main Sector Sub-Sector Pb As Cd Cr

Power Industry
Power Industry 0.04237 0.00989 0.00278 0.02659

Fuel Exploitation 0.02192 0.05000 0.00000 0.00890
Oil Refineries and Transformation Industry 0.01622 0.00600 0.00430 0.08534

Transport
Aviation Cruise 0.00000 0.00000 0.00000 0.02248

Road Transportation Resuspension 0.00954 0.00161 0.00472 0.02499
Road Transportation No Resuspension 0.12387 0.00250 0.00463 0.02645

Industrial
Combustion

Combustion for Manufacturing 0.05000 0.01883 0.00220 0.00650
Fossil-Fuel Fires 0.00670 0.01786 0.04630 0.01828

Iron and Steel Production 0.33800 0.02440 0.03600 1.05399
Non-ferrous Metals Production 3.99266 1.18400 0.36501 0.04058

Non-metallic Minerals Production 0.06063 0.00287 0.00300 0.05314

Agriculture Agricultural Waste Burning 0.03619 0.00381 0.00343 0.00236

Waste
Solid-Waste Landfills 0.00380 0.00020 0.00000 0.00540

Solid-Waste Incineration 1.05000 0.00300 0.00300 0.01750

Buildings Residential 0.01019 0.00096 0.00050 0.00350

Other
Chemical Processes 0.03600 0.01185 0.23400 0.10003

Food and Paper 0.00543 0.00051 0.00458 0.00408
Solvents and Products Use 0.04750 0.00702 0.00773 0.03063

Table 2. Emission factors for metals in coarse particulate matter (Unit: %).

Main Sector Sub-Sector Pb As Cd Cr

Power Industry Power Industry 0.03972 0.00087 0.01792 0.04166
Oil Refineries and Transformation Industry 0.04010 0.00220 0.00600 0.12587

Transport
Aviation Cruise 0.00180 0.01040 0.00000 0.00000

Road Transportation Resuspension 0.14576 0.01155 0.00008 0.02032
Road Transportation No Resuspension 0.07749 0.00526 0.01892 0.01689

Industrial
Combustion

Combustion for Manufacturing 0.11350 0.01433 0.02455 0.00857
Fossil-Fuel Fires 0.07028 0.01033 0.02170 0.04219

Iron and Steel Production 0.23000 0.01300 0.02958 0.32188
Non-ferrous Metals Production 1.42406 1.15050 0.23283 0.03258

Non-metallic Minerals Production 0.07067 0.00892 0.00597 0.03629

Agriculture Agricultural Waste Burning 0.03644 0.00086 0.02294 0.00536

Waste
Solid-Waste Landfills 0.00510 0.00000 0.00290 0.00650

Solid-Waste Incineration 1.05000 0.00523 0.11688 0.04988

Buildings Residential 0.01258 0.00027 0.00000 0.00350

Other
Chemical Processes 0.01627 0.00138 0.02020 0.02088

Food and Paper 0.00613 0.00163 0.00550 0.00338
Solvents and Products Use 0.01334 0.00063 0.00069 0.01150

The ship metal emission inventory was calculated using a bottom-up ship emission
model based on the hourly automatic identification database (AIS) data. The details of
this activity-based ship emission model, the detailed information about the AIS database,
and the low load-adjustment multipliers used in the calculation of ship emissions have
been introduced in our previous studies [72–75]. Metal emission factors were required
to calculate metal emissions from ships using the model. In this study, the emission
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factors of the four metallic elements were collected from several comprehensive emission
measurement studies of marine engines [76–85], as presented in Table A1. According to
the ship classification in the ship emission model, the power-based emission factors were
categorized by engine and fuel type, as described in Appendix A. The final categorized
emission factors used in this study are shown in Table 3.

Table 3. Emission factors for ships used in this study (unit: g·kWh−1).

Engine Type Fuel Type Sulfur Content Pb As Cr Cd

ME SSD HFO 2.7% 9.00 × 10−6 5.29 × 10−6 4.74 × 10−5 9.47 × 10−6

ME MSD
HFO 2.7% 1.06 × 10−5 1.34 × 10−5 5.95 × 10−6 3.88 × 10−5

MDO 0.5% 8.33 × 10−6 2.53 × 10−3 1.39 × 10−3 2.48 × 10−4

ME HSD MDO 0.5% 8.33 × 10−6 8.33 × 10−6 3.33 × 10−4 3.14 × 10−4

AE MSD MGO 0.5% 8.33 × 10−6 8.33 × 10−6 3.33 × 10−4 3.14 × 10−4

Note: ME and AE are the main and auxiliary engines, respectively. SSD, MSD, and HSD are slow-, medium-,
and high-speed diesel, respectively. HFO, MDO, and MGO are heavy fuel oil, marine diesel oil, and marine gas
oil, respectively.

Emissions of trace metals from dust sources were generated by the in-line windblown
dust module during CMAQ runs. By modifying the in-line module to include metallic
elements, metals can run with 20 categories of land-use data from MODIS. For the dust
speciation factor, we set 0.00023 and 0.000029 for the fine and coarse mode of Pb, 0.000047
and 0.000012 for that of As, 0.0000064 and 0.00000065 for that of Cr, and 0.00019 and 0.000056
for that of Cd, respectively, based on previous studies of local measurements [86–91].

For non-trace pollutants, including sulfur dioxide (SO2), nitrogen oxides (NOx), car-
bon monoxide (CO), non-methane volatile organic compounds (NMVOCs), particulate
matter (PM10, PM2.5), and ammonia (NH3), emission inventories were calculated for
both land-based anthropogenic sources and marine ship sources. For land-based an-
thropogenic sources, we used open-access emission inventories. In mainland China, the
Multi-Resolution Emission Inventory (MEIC, http://www.meicmodel.org, accessed on
15 March 2024) in 2017 [92,93] was used, and the MIX emission data in 2010 [94] was used
in Asian regions other than mainland China, both with a grid resolution of 0.25◦ × 0.25◦.
The MEIC model covers five main categories of anthropogenic emission sources in China,
namely power, industrial, transport, residential, and agriculture, and uses different methods
to establish emission inventories for each sector. For example, MEIC employs a unit-based
method to calculate emissions from the power and industrial sectors on a facility-by-facility
basis. It constructs emission inventories for the residential sector based on national-wide
survey data, combined with the Energy Statistics Yearbook. It calculates emissions from the
transport sector based on a high-resolution country-level vehicle emission inventory. The
MIX model also covers these five emissions sources, providing emission data of pollutants
and GHGs from 30 countries and regions in Asia. It was developed using a multi-scale
data coupling approach, coupling and assimilating localized emission inventories such
as MEIC (China), PKU-NH3 (China‘s ammonia emission inventory), CAPSS (Republic of
Korea), ANL-India (India), and REAS2 (Japan, Taiwan). For ship sources, a bottom-up
ship emission model based on AIS data was still used to calculate the emission inventories
for these species. The description of the model and the calculated emission inventories of
non-trace pollutants can be obtained from our previous studies [62,74,95].

3. Results and Discussion
3.1. Emission Inventory
3.1.1. Sector Contribution of Metal Emissions

The metal emission inventory established in this study contained three types of emis-
sion sources, namely land-based anthropogenic sources, dust sources, and ship sources,
and the three sources contributed differently to the metals in the two modes of fine and
coarse. As shown in Figure 2a,c, emissions from land-based anthropogenic sources were

http://www.meicmodel.org
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generally greater than those from ship or dust sources. The relative contribution of land-
based anthropogenic sources to the fine mode emissions of Pb, As, Cd, and Cr exceeded
88% (Cr) and reached up to 93% (Pb), and the relative contribution to the coarse mode
emissions exceeded 52% (Cr) and reached up to 99% (Cd). The PM emitted from dust was
typically larger in particle size and thus contributed mainly to metal emissions in the coarse
mode, contributing 48% of Cr and 37% of As. For metals in the fine mode, the relative
contributions of dust were all below 12% (Cr) and as low as 3% (Cd). The contribution of
ship sources was overall low, with the highest relative contribution occurring for Cd in the
fine mode (5%), followed by As in the fine mode (2%), with very low contributions to the
remaining metals.
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Figure 2. Relative contributions of land anthropogenic, ship, and dust sources to (a) fine mode
and (c) coarse mode emissions of the four metals (Pb, As, Cd, and Cr); stacked histograms of the
absolute contributions of the seven emission sectors of land anthropogenic sources to (b) fine mode
and (d) coarse mode, with the numbers representing the total emissions from all anthropogenic
emission sectors.

Anthropogenic sources were the most significant sources for the emissions of metals.
Based on Section 2.2, this study distinguished seven main sectors of land-based anthro-
pogenic sources, namely power industry, industrial combustion, transport, agriculture,
waste, buildings, and other. Considering that the EDGAR-based categorization standard
includes shipping in the transport sector, the ship-source metal emissions calculated by
this study were summarized in the transport sector. The contribution of each sector to
Pb, As, Cr, and Cd is shown in Figure 2b,d. Industrial combustion was basically the most
dominant anthropogenic source of all the metals, except for Cr in the coarse mode which
was mainly emitted by the power industry. This is in agreement with the findings of Wang
et al. (2019 [96]).

Metals emitted from industrial combustion were, in descending order, Pb
(12,583 tons/year), Cr (3589 tons/year), As (2681 tons/year), and Cd (2251 tons/year),
with fine modes accounting for 52%, 88%, 70%, and 22% respectively. The emissions
from the power industry were also high, especially for Cr (3278 tons/year) and Pb
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(1652 tons/year), of which 60% of Cr and 57% of Pb were distributed in the coarse mode.
In addition to these two sectors that contributed significantly to all metals, some sectors
contributed to specific metals. For example, the waste sector emitted 2177 tons of Pb and
242 tons of Cd. Due to the combustion of lubricating oils in automobile engines, and the
wear and tear of brake pads [97], Pb emissions from the transport sector amounted to
551 tons/year and were mainly distributed in the fine mode (67%). The agriculture sector
had the highest relative contribution to the emission of Cd, amounting to 3.6%, with a total
of 174 tons.

Considering the significant contribution of the industrial combustion sector to metal
emissions, it has become a focus of attention for metal emission reductions. According to
the study on the trend of metal emissions in China from 2012 to 2017 by Bai et al. (2023 [98]),
it was found that among all emission-reduction measures, upgrading industrial boilers,
raising industrial emission standards, and phasing out outdated industrial capacity are
the most effective methods, accounting for 92% of the national metal emission reduction
over these five years. This was also reported in the study by Zhang et al. (2019 [99]),
which further emphasized the importance of promoting cleaner fuels in the residential
sector as well. In the future, emission-reduction measures in the industrial combustion
sector need to be continued, as it remains a major source of metal emissions. In addition to
end-of-pipe emission control for industries, the role of adjusting energy structure should
also be emphasized. In 2017, the base year of our emission inventory, coal still accounted
for the majority of China’s energy consumption. Future policies should focus more on the
introduction of renewable fuels to achieve sustained emission reductions.

There were some studies on metal emission inventories that can be used for the
validation of the inventories established in this study. According to Tian et al. (2015 [100]),
land-based anthropogenic sources in China emitted 2529.0 tons of As, 14,397.6 tons of
Pb, and 7834.1 tons of Cr in 2012. In this study, the metal emissions from land-based
anthropogenic sources in China were 2312.9 tons of As, 13,973.8 tons of Pb, and 5119.6 tons
of Cr in 2017. With advances in industrial technology and Chinese air pollution prevention
and control actions, it is reasonable for metal emissions to be slightly lower in 2017 than in
2012. For specific sectors, China’s Pb and Cd emissions from the iron and steel industry
were 3746.0 and 39.0 tons in 2011 [101] and 2906.1 and 72.0 tons/year in this study (2017),
respectively. Taking into account the differences in the base year and the categorization
criteria for the emission sources, the slight differences between emission inventories do not
affect the credibility of our results.

The particle size distribution of metals on atmospheric PM affects the residence time
of metals in the atmosphere and influences factors such as transport distances and chemical
reactions. Fine particles have a greater impact on human and animal health compared
to coarse particles. This is because fine particles tend to have a longer residence time in
the atmosphere, can be transported over long distances, are more easily able to penetrate
indoor environments, and can even penetrate deep into the lungs [102]. Table 4 shows
the emissions of metals in fine and coarse mode from all three sources (land-based anthro-
pogenic, dust, and ship sources) and the ratio of fine to coarse mode emissions. The metal
with the highest distribution in the fine mode was As, with a ratio of 2.26 and a total of
2367 tons in the fine mode. On the other hand, the lowest was Cr, with a ratio of only 0.33.
This indicated that the emissions of Cr in the coarse mode (2506 tons) were much higher
compared to the fine mode (826 tons), and it was the only metallic element with higher
emissions in the coarse mode. Pb has a more balanced distribution of particle sizes, with
10,605 tons in fine mode and 8638 tons in coarse mode, and the total emissions were the
highest of the four metals. The emissions of Cd in the fine mode were 1.4 times higher than
those in the coarse mode.
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Table 4. Emissions of metals in fine and coarse mode from all sources (unit: tons/year) and the ratio
of fine to coarse mode.

Pb As Cr Cd

Fine Mode 10,605.38 2366.58 825.76 5468.24
Coarse Mode 8648.01 1048.90 2506.03 3911.22

Sum 19,253.39 3415.48 3331.79 9379.46
the Ratio of Fine–Coarse 1.23 2.26 0.33 1.40

3.1.2. Spatial Distribution of Metal Emissions

In East Asia (80◦ E–140◦ E, 15◦ N–50◦ N), metal emissions were higher in Eastern
China, the North China Plain, the coastal cities of Japan and Korea, and Northern India
(as shown in Figure 3), which are related to the more developed industrial activities in
these areas [100,103]. Since the contribution of natural dust sources was taken into account,
it can be seen that in Northwestern China, as well as in Mongolia, the emissions of Cr
and Pb were relatively high and comparable to those in central China. In the sea area,
emissions from ships were mainly concentrated within 200 nautical miles of China, with
significant emissions in the sea around Japan and Korea and also in more remote open
sea areas. Metal emissions in the sea area might have an impact on air quality and even
atmospheric deposition inland under the influence of sea and land breezes [62]. Especially
for the elements As and Cd, the emissions from shipping were comparable to those from
inland areas (e.g., Central and Southwestern China).

Atmosphere 2024, 15, 402 9 of 24 
 

 

highest of the four metals. The emissions of Cd in the fine mode were 1.4 times higher 

than those in the coarse mode. 

Table 4. Emissions of metals in fine and coarse mode from all sources (unit: tons/year) and the ratio 

of fine to coarse mode. 

 Pb As Cr Cd 

Fine Mode 10,605.38  2366.58  825.76  5468.24 

Coarse Mode 8648.01 1048.90 2506.03 3911.22 

Sum 19,253.39 3415.48 3331.79 9379.46 

the Ratio of Fine–Coarse 1.23 2.26 0.33 1.40 

3.1.2. Spatial Distribution of Metal Emissions 

In East Asia (80° E–140° E, 15° N–50° N), metal emissions were higher in Eastern 

China, the North China Plain, the coastal cities of Japan and Korea, and Northern India 

(as shown in Figure 3), which are related to the more developed industrial activities in 

these areas [100,103]. Since the contribution of natural dust sources was taken into ac-

count, it can be seen that in Northwestern China, as well as in Mongolia, the emissions of 

Cr and Pb were relatively high and comparable to those in central China. In the sea area, 

emissions from ships were mainly concentrated within 200 nautical miles of China, with 

significant emissions in the sea around Japan and Korea and also in more remote open sea 

areas. Metal emissions in the sea area might have an impact on air quality and even at-

mospheric deposition inland under the influence of sea and land breezes [62]. Especially 

for the elements As and Cd, the emissions from shipping were comparable to those from 

inland areas (e.g., Central and Southwestern China). 

 

Figure 3. Girded metal emissions from all sources for the year 2017 (36 km × 36 km resolution; units: 

grams per year per grid cell, including land anthropogenic, ship, and dust sources). (a) Pb, (b) As, 

(c) Cr, and (d) Cd. 

At the spatial scale covered by the emission inventory, land-based anthropogenic, dust, 

and ship sources emitted 19,253, 3415, 3332, and 9379 tons of Pb, As, Cr, and Cd, respec-

tively. China was a significant source of metal emissions, emitting 13,868.2, 2295.4, 2328.1, 

and 5081.0 tons/year of Pb, As, Cr, and Cd respectively. The emissions of Pb, As, Cr, and Cd 

from Japan and Korea were 372.3, 38.5, 64.7, and 220.1 tons/year, from India were 2278.4, 

333.0, 538.0, and 910.2 tons/year, and from Southeast Asia were 513.6, 39.7, 125.9, and 231.4 

Figure 3. Girded metal emissions from all sources for the year 2017 (36 km × 36 km resolution; units:
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(c) Cr, and (d) Cd.

At the spatial scale covered by the emission inventory, land-based anthropogenic,
dust, and ship sources emitted 19,253, 3415, 3332, and 9379 tons of Pb, As, Cr, and Cd,
respectively. China was a significant source of metal emissions, emitting 13,868.2, 2295.4,
2328.1, and 5081.0 tons/year of Pb, As, Cr, and Cd respectively. The emissions of Pb, As, Cr,
and Cd from Japan and Korea were 372.3, 38.5, 64.7, and 220.1 tons/year, from India were
2278.4, 333.0, 538.0, and 910.2 tons/year, and from Southeast Asia were 513.6, 39.7, 125.9,
and 231.4 tons/year respectively. At the urban scale in China, Pb emissions from Liaoning
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province were high at 1232.9 tons/year, followed by Hebei (952.8 tons) and Shandong
(814.4 tons) province. The emissions of As from Qinghai province were the highest at
374.7 tons/year. Qinghai is not one of the most industrially developed cities in China, but
the emissions of As are strongly influenced by dust sources, and the source area of dust is
distributed in northwestern China. The emissions of Cr were also significantly influenced
by dust sources, with Tibet province (991.0 tons) having similar emissions to Liaoning
province (877.3 tons), where heavy industry is well developed. The emissions of Cd were
significant in Liaoning and Hubei provinces, with 216.1 and 170.0 tons/year, respectively,
followed by Shanghai and Shandong provinces, both with about 144 tons/year.

3.2. Trace Metals in the Atmosphere

Trace metals in the atmosphere may jeopardize human and vegetation health. The
United Nations Convention on Long-Range Transboundary Air Pollution has studied the
atmospheric concentrations of metals in various countries around the globe, showing that
China has the highest concentrations of Pb and Cd, followed by India [104]. In this study,
the distribution of atmospheric concentrations of Pb, As, Cr, and Cd in East Asia (including
countries such as China and India) was obtained by CMAQ v5.4 simulation. As shown in
Figure 4, the concentrations of all metals were characterized by an inhomogeneous spatial
distribution, which was generally consistent with the spatial distribution of the emissions of
metals (Figure 3). There were areas of high atmospheric concentrations of metals in Eastern
China and northern India, and relatively high metal concentrations in the marginal seas
of China, such as the Bohai Sea, the Yellow Sea, and the East China Sea. Considering that
PM undergoes atmospheric transport before deposition, the atmospheric concentrations
over the sea area might eventually have an impact on the metal deposition fluxes in the
land area as well. In mainland China, the average concentrations of Pb, As, Cr, and Cd
were 7.69, 1.46, 3.53, and 1.04 ng/m3, respectively, and the highest gridded concentrations
reached 792.7 ng/m3 (Liaoning province), 237.0 ng/m3 (Qinghai province), 916.1 ng/m3

(Liaoning province), and 130.5 ng/m3 (Liaoning province), respectively.
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This study focused on mainland China, and the average concentrations of the four
metals in 31 provinces in mainland China are shown in Table 5. The emissions of Pb, As,
Cr, and Cd were highly correlated with the industrial combustion sectors, and therefore,
the concentrations of these metals may be 2–10 times higher in Northern, Eastern, and
parts of Western China (especially in the Beijing–Tianjin–Hebei region, Shandong, Jiangsu,
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Shanghai, Sichuan, and Shaanxi provinces) than in other regions. In 2017, the concentrations
of Pb were high in Eastern China, Central China, and parts of Western China, especially in
Beijing, Tianjin, Liaoning, Shandong, and Jiangsu provinces, with average concentrations
as high as 27.10–49.25 ng/m3. In contrast, the lowest concentration of Pb occurred in Tibet,
at 0.32 ng/m3. The concentrations of Cr were second to Pb, with high concentrations in
Beijing–Tianjin–Hebei, and also in the Yangtze River delta, reaching 15.06–32.58 ng/m3,
and the lowest concentration also occurred in Tibet (0.31 ng/m3). The differences in
the concentrations of As and Cd among different cities were relatively small, ranging
from 0.07–5.81 ng/m3 and 0.02–7.58 ng/m3, respectively, with the highest concentrations
occurring in Liaoning and Beijing. Overall, metal concentrations were relatively high in
Liaoning, the Beijing–Tianjin-Hebei region, and Eastern China (Jiangsu, Shanghai, and
Shandong), and low in Tibet and Xinjiang.

Table 5. Average atmospheric metal concentrations in the provinces of mainland China (unit: ng/m3).

Province Pb As Cr Cd

Beijing 49.25 5.52 27.87 7.58
Tianjin 37.79 4.65 13.16 5.63
Hebei 19.20 2.52 8.26 2.74
Shanxi 16.62 3.30 9.88 2.29

Inner Mongolia 3.11 0.85 1.43 0.42
Liaoning 35.68 5.81 32.58 5.35

Jilin 6.40 1.00 3.63 0.83
Heilongjiang 3.37 0.50 1.58 0.42

Shanghai 20.37 2.52 19.49 3.38
Jiangsu 32.60 4.31 15.06 4.82

Zhejiang 18.84 2.60 9.11 2.70
Anhui 22.21 3.12 9.85 3.10
Fujian 7.88 1.16 2.99 1.10
Jiangxi 11.69 1.68 5.27 1.55

Shandong 27.08 3.74 8.69 3.76
Henan 23.36 3.46 7.39 3.18
Hubei 25.36 3.65 18.10 3.74
Hunan 12.88 1.82 5.84 1.67

Guangdong 11.55 1.46 3.76 1.67
Guangxi 12.87 3.54 2.97 1.57
Hainan 6.10 0.86 2.29 0.80

Chongqing 12.16 1.66 4.14 1.65
Sichuan 6.74 0.96 2.15 0.93
Guizhou 9.30 2.34 2.56 1.14
Yunnan 3.60 0.54 1.66 0.48

Tibet 0.32 0.07 0.31 0.02
Shaanxi 14.61 4.50 3.18 1.82
Gansu 8.33 3.01 1.67 0.99

Qinghai 3.88 1.71 0.70 0.42
Ningxia 7.06 1.63 2.68 1.01
Xinjiang 1.58 0.34 1.28 0.19

3.3. Atmospheric Deposition of Trace Metals
3.3.1. Dry and Wet Deposition

Trace metals bound to PM eventually accumulate on land through the process of dry
and wet deposition [32,33]. Dry deposition is defined as the direct deposition of atmo-
spheric particles on the surface in the absence of snowfall or rainfall events [105,106]. And
dry deposition of atmospheric PM is a potentially important source of pollutants on the sur-
faces of water bodies, soils, or plants [107–109]. Wet deposition is a precipitation-induced
process involving the binding of PM to water droplets in and under clouds [110,111]. Dur-
ing precipitation, fine particles of anthropogenic sources get wiped away due to nucleation
where aerosols or droplets get in the way. In contrast, coarse particles of crustal origin get



Atmosphere 2024, 15, 402 12 of 23

scavenged below the clouds during precipitation [112]. In summary, atmospheric particles
are deposited on the surface during rainfall or snowfall after dissolving in clouds and
attaching to precipitation droplets [105,113]. Different metallic elements come from dry
and wet deposition in different proportions and have different spatial distribution patterns.
In this study, the spatial distribution of dry and wet deposition of four metals, Pb, As, Cr,
and Cd, in mainland China were plotted in Figures 5 and 6, respectively.
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Since dry deposition is less influenced by meteorological conditions (precipitation,
pH, etc.), it is a function of atmospheric concentration and the rate of dry deposition of
PM. Therefore, high dry-deposition fluxes were present in areas with high emissions [108],
with a spatial distribution pattern similar to that of emissions (Figure 3) and atmospheric
concentrations (Figure 4) of metals. The high values of deposition fluxes were mainly
distributed in Eastern and Northern China. The difference was that, for Cr, As, and Pb,
there were significant dry-deposition fluxes in the dust source regions of China (Gobi
Desert, Taklamakan Desert, and Loess Plateau [114]). The residence time of particles in the
atmosphere depends largely on the particle size [115], and therefore, the dry deposition
rate of coarse particles is higher than that of fine particles [116]. Due to their larger particle
sizes and higher dry-deposition rates, dust particles are more susceptible to removal from
the atmosphere through dry deposition. As a result, metallic elements emitted by dust tend
to quickly return to the surface once they are released into the atmosphere. In contrast, Cd
did not show such distribution characteristics, which had a very low contribution from
dust sources. This confirmed our inference that the dry deposition of metals in Northwest
China was mainly from dust sources. In mainland China, the average dry-deposition
fluxes of Pb, As, Cr, and Cd were 668.2, 95.9, 299.5, and 138.0 µg/m2, respectively, and
the maximum gridded dry-deposition fluxes were 98.4 mg/m2 (Shanghai), 17.8 mg/m2

(Guangxi), 18.3 mg/m2 (Hubei), and 25.1 mg/m2 (Shanghai), respectively.
Unlike the spatial distribution of dry deposition, the spatial distribution of wet-

deposition fluxes of metals showed significant differences compared to that of emissions
and atmospheric concentrations. Because wet deposition is a precipitation-related process,
fine PM is more likely to become a condensation nucleus for wet deposition and then be
removed from the atmosphere. Fine PM tends to undergo prolonged atmospheric transport
and is more characterized by regional transport [46]. So, the spatial distribution of wet
deposition reflected the movement of atmospheric PM after it was emitted into the air,
and illustrated the influence of factors other than gravity on the deposition of metals. A
study by Sakata et al. (2006 [117]) demonstrated the contribution of long-range transport
of PM released from the Asian continent to the wet-deposition fluxes of Pb, As, and Cd
in Japan. For mainland China, the deposition fluxes were high in Eastern, Central, and
also Southwestern China. Furthermore, the deposition fluxes were higher in the south than
in the north, a trend also reported in a previous study [117], owing to the correlation of
wet deposition with precipitation. Metals emitted from dust sources were predominantly
distributed in the coarse mode and made minimal contributions to wet deposition, result-
ing in insignificant wet-deposition fluxes of the four metals in and near the dust source
areas. In China, the average wet-deposition fluxes of Pb, As, Cr, and Cd were 368.3, 74.4,
166.4, and 47.0 µg/m2, respectively, and the maximum gridded wet-deposition fluxes were
13.7 mg/m2 (Guangxi), 7.1 mg/m2 (Guangxi), 12.2 mg/m2 (Shanghai), and 2.0 mg/m2

(Shanghai), respectively.

3.3.2. Bulk Deposition

Regardless of dry or wet deposition, the total amount of metals ultimately input to
the soil is determined by atmospheric bulk deposition. In mainland China, the average
bulk-deposition fluxes of Pb, As, Cr, and Cd were 1036.5, 170.3, 465.9, and 185.0 µg/m2, re-
spectively, and the maximum gridded bulk-deposition fluxes were 110.6 mg/m2 (Shanghai),
24.9 mg/m2 (Guangxi), 25.1 mg/m2 (Hubei), and 27.1 mg/m2 (Shanghai), respectively.

According to Figure 7e, China was divided into seven regions, namely Northeast
China, North China, Northwest China, East China, Central China, Southwest China, and
South China. The total dry and wet deposition of the four metals was counted for each of
the seven regions (as shown in Figure 7a–d).
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The percentage of dry and wet deposition (dry or wet deposition fluxes divided by
bulk-deposition fluxes) varied for different metals. For As, the percentage of wet deposition
was higher throughout China, reaching an average of 47%, and up to 58% in Southwest
China. The difference in the contribution of trace metals from dry and wet deposition may
be due to the different particle size distributions of these metal elements. Coarse mode
particles have a much shorter lifetime in the atmosphere due to higher deposition rates
and do not significantly act as condensation nuclei for precipitation formation. As a result,
the dry-deposition fluxes of trace metals associated with larger particles are greater than
their wet-deposition fluxes [117]. Based on the discussion in Section 3.1.1, it was found that
the size distribution of As was the highest in the fine mode, which explained the largest
proportion of wet deposition. However, the emissions of Cr had the lowest percentage of
fine mode and still had a high average proportion of wet deposition (38%), especially in
Southwest China, where the proportion reached 51%. The results of Ye et al. (2018 [118])
showed that the particle size distribution of heavy metals in atmospheric aerosols varies
from region to region. Although there was a higher percentage of Cr elements in the fine
mode throughout the whole simulation region, data on the particle size distribution of the
metals were insufficient at smaller scales, so this part of the study needs further refinement.
For all four metals, the percentage of wet deposition was highest in Southwest China,
which was related to the higher relative humidity and precipitation in this region [119].
Sakata and Asakura (2011 [120]) also showed that wet deposition was the main way of
atmospheric deposition in monsoon regions with abundant precipitation. However, there is
a significant seasonal variation in wet deposition, which is higher in seasons with frequent
precipitation, while dry deposition is stable in all seasons [120]. Overall, dry deposition is
the dominant mode of metal deposition on time scales of years and beyond.

Almost all metals had the highest bulk-deposition fluxes in East China, which was
in agreement with the results of previous studies [19,52]. Metal emissions were high in
East China, and because this study considered marine emission sources, the eastern coast
of China was affected by both continental and marine sources of emissions. Pb, Cr, and
Cd, except for As, all had the lowest bulk-deposition fluxes in Northwest China. Since
the emissions of As were strongly influenced by dust sources, and the distribution of dust
source areas in China are in the Northwest, resulting in the lowest depositional fluxes of



Atmosphere 2024, 15, 402 15 of 23

As not being in that region. Influenced by intensive smelting activities [46,121], Central
China had high bulk-deposition fluxes. For example, the bulk-deposition fluxes of Pb, As,
Cd, and Cr in Hunan province were 12.24, 0.30, 0.39, and 0.90 mg/m2/year, respectively,
which were similar to the measured results of Feng et al. (2019 [122]). South China also had
intensive non-ferrous and non-metallic mineral-mining activities [50,118,122,123], which
similarly resulted in high bulk-deposition fluxes in that region. The bulk-deposition fluxes
of Pb, As, Cd, and Cr in Guizhou province were 1.65, 0.42, 0.26, and 0.51 mg/m2/year,
respectively, which were similar to the measured results of Lin et al. (2022 [124]). A
similar pattern was shown in a previous study [125], with higher metal-deposition fluxes
in South–Central China than in Northern China.

3.4. Limitations of This Study

The metal emission inventory developed in this study used the EDGAR and SPECIATE
databases to calculate emissions of metals from land-based anthropogenic sources. How-
ever, the emission factors used in the EDGAR database for global PM emissions are based
primarily on the air-pollutant emission inventory guidebook of the European Environment
Agency (EEA), which are mainly measured in North America and Europe. Developing
countries tend to have higher emission factors than developed countries because of the
asynchronous application of end-of-pipe treatment technologies or industrial production
technologies. To mitigate uncertainties in emission inventories, continuous updates are
necessary for determining emission factors in developing countries. Although SPECIATE
has a rigorous system for assessing data quality, its wealth of data sources, including
the literature and institutional measurements [65], inevitably leads to inconsistencies in
measurement standards. It should be noted that the emission factors ultimately used in this
study are the median values of each emission sector in the SPECIATE database, minimizing
the impact of extreme data and controlling the uncertainties as much as possible. For ship
emissions, a model based on the AIS database and ship emission factors collected from the
literature were employed. Research results on metal element analysis of PM emitted from
ships are limited, and many studies have been conducted on local ships in European and
American countries. Ships in different regions and countries use different types of fuels.
Therefore, using elemental measurement results from European and American countries to
calculate ship emissions in East Asia may introduce some uncertainties. On the one hand,
there is a need to enhance the measurements of emission factors in various regions. On
the other hand, it is necessary to establish internationally recognized testing standards to
ensure the accuracy and universality of emission-factor testing.

In this study, the CMAQ model was modified to include metallic elements as tracers,
which are considered inert elements for the simulation of atmospheric concentration and
atmospheric deposition. However, during atmospheric transport, metallic elements may
undergo chemical reactions with inorganic ions in aerosols, and they may also change
forms under different pH and humidity conditions, thus affecting their atmospheric con-
centrations and deposition fluxes. This study innovatively incorporated metallic elements
into the modified CMAQ model. But in the future, it is necessary to consider the chemical
processes of the metallic elements and to refine the chemical mechanisms of metals in
the model.

4. Conclusions

Natural and anthropogenic sources influence trace metals bound to different-sized PM
in dry and wet atmospheric deposition. In the long run, this may result in contamination of
the soil environment, which in turn affects human health. Emission inventories of trace
metals that include both natural and anthropogenic sources have yet to be studied. Due to
the difficulty of providing concentration and deposition flux data over large spatial scales
from field monitoring, numerical models offer the possibility of solving this problem. In
this study, emission inventories of four metallic elements (Pb, As, Cr, and Cd) in East Asia
(80◦ E–140◦ E, 15◦ N–50◦ N) were established, and gridded data on emissions, concentra-
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tions, and dry and wet atmospheric deposition of Pb, As, Cr, and Cd were provided by the
modified CMAQ model. The analysis focused on the contribution of different emission
sources to trace metals, the spatial distribution of metal emissions, atmospheric concentra-
tions, and wet and dry deposition in mainland China, as well as the characteristics of wet
and dry deposition in different regions of China.

Emissions of Pb, As, Cr, and Cd in East Asia were 19,253, 3415, 3332, and 9379 tons in
2017, with 55%, 69%, 25%, and 58% distributed in the fine mode, respectively. Industrial
combustion was the most important source of emissions for all four metals, followed by
the power industry. They are important for reducing metal emissions through industrial
boiler upgrades and energy transformation. In mainland China, the emissions of trace
metals were high in Liaoning and Shandong province. Emissions of As and Cr, which were
strongly influenced by dust sources, were also significant in Tibet. The spatial distributions
of both atmospheric concentrations and dry deposition of metals were similar to that of
emissions, mainly in Liaoning province, the Beijing–Tianjin–Hebei region, and Eastern
China (Jiangsu, Shanghai, and Shandong province). However, differences were shown
in the dust source regions. Atmospheric concentrations of metals in this region were not
as significant as emissions and dry deposition because coarse PM settled more readily.
Metals in fine mode are transported over longer distances and are more susceptible to wet
deposition, so the overall spatial distribution of wet deposition of metals was more easterly.
Therefore, it is necessary to take countries, regions, and even oceans around the study area
into account when considering wet-deposition fluxes of metals. Wet-deposition fluxes were
greater in the south than in the north, due to the fact that wet deposition is associated with
precipitation. The ratio of dry to wet deposition of metals varied, which is influenced by
many factors. In general, metallic elements with a greater distribution in the fine mode and
higher solubility are more readily removed from the atmosphere by wet deposition. Among
the four metals covered in this study, Arsenic had the highest percentage of fine mode and
also had the largest proportion of wet deposition (43.7%). The dry to wet deposition ratios
of the remaining three metals were 2.91 (Cd), 1.80 (Pb), and 1.80 (Cr). In mainland China,
the average bulk-deposition fluxes of Pb, As, Cr, and Cd were 1036.5, 170.3, 465.9, and
185.0 µg/m2, respectively. Our study provides gridded data in mainland China of trace
metals for assessing air quality, human exposure risks, and metal inputs to soils.
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Abbreviation

ACM Asymmetric Convective Model
AE Auxiliary Engine
AIS Automatic Identification Database
CMAQ Community Multiscale Air Quality
CO Carbon Monoxide
EDGAR Emissions Database for Global Atmospheric Research
EEA European Environment Agency
EPA Environmental Protection Agency
FNL Final Analysis meteorological data
HFO Heavy Fuel Oil
HSD High-Speed Diesel
MDO Marine Diesel Oil
ME Main Engine
MEIC Multi-Resolution Emission Inventory
MGO Marine Gas Oil
MSD Medium-Speed Diesel
NECP National Centers for Environmental Predictions
NH3 Ammonia
NMVOCs Non-Methane Volatile Organic Compounds
NOx Nitrogen Oxides
PBL Planetary Boundary Layer
PM Particulate Matter
PMF Positive Matrix Factorization
RRTMG Rapid Radiative Transfer Model for General Circulation Models
SO2 Sulfur Dioxide
SPARTAN Surface Particulate Matter Sampling Network
SSD Slow-Speed Diesel
WRF Weather Research and Forecasting model
XRF X-ray Fluorescence

Appendix A

The ship-source metal emission factors used in this study were obtained through
literature research. Many scholars have conducted elemental analyses of PM emitted
from ships. The common analytical method is to collect the exhaust gases emitted from
ships under different operating conditions, obtain the PM in the exhaust gases through
filtration, and further analyze the metal elements content in the PM after pre-processing.
The emission factors of metals from ship sources obtained from the literature are shown in
Table A1. The data collected were converted to the unit g·kWh−1.

Table A1. Emission factors of metals from ship sources reported in previous studies (unit: g·kWh−1).

Engine
Type

Fuel
Type

Sulfur
Content Pb As Cd Cr Period Reference

ME SSD HFO 2.70 9.00 × 10−6 9.60 × 10−6 6.00 × 10−7 3.00 × 10−6 2012 Celo et al., 2015 [78]
ME SSD HFO 2.85 3.00 × 10−6 3.00 × 10−6 5.00 × 10−5 1.00 × 10−5 2007 Agrawal et al., 2008 [76]
ME SSD HFO 2.05 5.59 × 10−5 4.02 × 10−6 5.59 × 10−5 1.86 × 10−5 2007 Agrawal et al., 2008 [77]
ME MSD HFO 1.48 6.00 × 10−6 1.10 × 10−6 5.00 × 10−6

2012 Celo et al., 2015 [78]
ME MSD HFO 2.21 7.10 × 10−6 5.60 × 10−6 2.00 × 10−7 1.90 × 10−5

ME MSD HFO 2.33 1.35 × 10−7 9.93 × 10−6 2017 Corbin et al., 2018 [79]
ME MSD HFO 0.58 1.67 × 10−5

2010 Moldanová et al., 2013 [80]
ME MSD HFO 0.96 1.52 × 10−5

ME MSD HFO 2.70 8.18 × 10−5 1.34 × 10−5 5.95 × 10−6 7.44 × 10−6 2013 Sippula et al., 2014 [81]
ME MSD HFO 0.68 2.57 × 10−6 1.54 × 10−5 1.20 × 10−5 2016 Zhang et al., 2018 [85]
ME MSD HFO 1.60 8.50 × 10−5 1.90 × 10−5 5.40 × 10−6 2.30 × 10−5 2015 Streibel et al., 2017 [82]
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Table A1. Cont.

Engine
Type

Fuel
Type

Sulfur
Content Pb As Cd Cr Period Reference

ME MSD HFO 0.48 5.40 × 10−4 2015 Zetterdahl et al., 2016 [83]
ME MSD MDO 0.10 3.62 × 10−6 2010 Moldanová et al., 2013 [80]
ME MSD MDO 0.13 5.93 × 10−7 7.13 × 10−6 7.42 × 10−6

2015 Zhang et al., 2016 [84]
ME HSD MDO 0.08 4.05 × 10−4 2.22 × 10−4 3.96 × 10−5

AE MSD MGO 0.03 3.47 × 10−5 2010 Moldanová et al., 2013 [80]
AE MSD MGO 0.06 1.00 × 10−6 1.00 × 10−6 4.00 × 10−5 6.00 × 10−6 2007 Agrawal et al., 2008 [76]

Note: ME and AE are the main and auxiliary engines, respectively. SSD, MSD, and HSD are slow-, medium-,
and high-speed diesel, respectively. HFO, MDO, and MGO are heavy fuel oil, marine diesel oil, and marine gas
oil, respectively.

The ship emission models used in this study set the average sulfur content of HFO,
MDO, and MGO fuels to 2.7%, 0.5%, and 0.5%. In previous studies, it was found that the
sulfur content of the fuel is related to the ship emissions of PM, with a correlation coefficient
(R2) of 0.85 [78]. Therefore, in this study, the heavy fuel oil (HFO) emission factors collected
in Table A1 were linearly converted to 2.7%, and the MDO and MGO emission factors were
converted to 0.5% based on their sulfur content. This method was also used in previous
studies [62,95]. The emission factors of metals used in this study are the median values of
the converted data for each fuel type, as presented in Table 3.
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