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Abstract:

 The presence of biochar in soils through natural processes (forest fires, bush burning) or through application to soil (agriculture, carbon storage, remediation, waste management) has received a significant amount of scientific and regulatory attention. Biochar alters soil properties, encourages microbial activity and enhances sorption of inorganic and organic compounds, but this strongly depends on the feedstock and production process of biochar. This review considers biochar sources, the production process and result of pyrolysis, interactions of biochar with soil, and associated biota. Furthermore, the paper focuses on the interactions between biochar and common anthropogenic organic contaminants, such as polycyclic aromatic hydrocarbons (PAHs), pesticides, and dioxins, which are often deposited in the soil environment. It then considers the feasibility of applying biochar in remediation technologies in addition to other perspective areas yet to be explored.
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1. Introduction

The soil environment is able to store, transform and remove pollutants through a combination of biological, chemical and physical processes [1]. Furthermore, it supports populations of microorganisms and other biota that are involved in the cycling of essential elements and nutrients; it also encourages the processing and sequestration of organic carbon. However, the persistent exploration and exploitation of mineral and hydrocarbon resources, inappropriate agrochemical use, uncontrolled combustion, as well as increases in population and urbanisation have led to the introduction or displacement of chemicals into the soil environment [2,3,4]. The environment can become polluted with organic and inorganic chemicals as a result of intended, accidental or naturally occurring events such as manufacturing processes, mineral extraction, poor environmental management and waste disposal activities, application of fertilizer, illegal dumping of wastes, leaking underground storage tanks, abandonment of mines and other industrial activities [1]. In order to classify soil as contaminated, the presence, concentration, environmental behaviour and exposure mechanism/route or a potential toxicity of a chemical to human health or an ecosystem need to be characterised [5]. Subsequently, a suitable method of mitigation is required to render pollutants less mobile and harmful to receptors; this can potentially be achieved by the addition of geosorbents, such as biochar, to contaminated soils.

Soil contamination is often due to a wide range of organic and inorganic compounds; thus, this review considers the use of biochar in contaminated soils as a potential, inexpensive, and natural tool in mitigating/remediating contaminated soil. More specifically, the aims of this paper are to: (i) consider the fate and behaviour of selected contaminants in soil, illustrating their interaction with soil constituents; (ii) examine biochar production properties and interaction with soil; and (iii) highlight the possible ways of enhancing remediation by reducing mobility and bioavailability/bioaccessibility of compounds, using biochar as a management tool.



2. Behaviour of Organic Contaminants in Soil

Frequent and uncontrolled deposition of chemicals in the environment has resulted in the formation of environmental regulations to reduce and control soil contamination. The emergence of regulation and technology has brought about a decrease in primary sources of persistent organic pollutants (POPs) [6]. The loss, persistence and mobility of hydrophobic organic contaminants (HOCs) in soil is controlled by a number of variables, including contaminant physicochemical properties, concentration, soil properties, soil-contaminant contact time, and environmental (climatic) factors [7,8]. Polycyclic aromatic hydrocarbons (PAHs) are an important class of HOCs that are classified as highly degradable, pseudo-persistent or persistent in the environment. Unlike deliberate pesticide application, PAHs are more ubiquitous in the environment as they can be released from PAH-containing materials (soot and coal), pyrogenic or biogenic sources and atmospheric deposition. The partitioning behaviour of PAHs in soils is governed by their water solubility and the amount of organic carbon in soil [9], where the contaminants become physically entrapped within soil organic matter and/or diffuse into nanopore structures [10]. The soil organic matter (SOM) comprises of rubbery and glassy phases, where the latter comprises of black carbon geosorbents [11,12]. Black carbon (BC) is the collective term for thermally altered products ranging from partly charred to highly condensed forms of organic carbon, which includes chars, charcoals, biochars, soots and graphite [13]. BC is recalcitrant and has been shown to influence mobility, extractability and/or bioavailability of HOCs in soil [11,14,15]. Further, biochar has been shown to aid in stabilising and restoring SOM in soils [16].

The persistence of PAHs in soils is additionally attributed to their increasing aromaticity, hydrophobicity and molecular recalcitrance, which may differ due to geographical characteristics and size of area [17,18]. When HOCs, such as PAHs, are released into the environment from either point or diffuse sources, they are subjected to a number of environmental processes: (i) photodegradation, where a chemical may be degraded in sunlight in presence of singlet oxygen, hydroxyl radicals, and other oxidants [19]; (ii) volatilisation may occur, particularly with compounds with higher vapour pressure and at higher temperatures [20]; (iii) when in contact with soils, organic chemicals experience further loss via biodegradation, biota uptake and physical mass transport (soil erosion and run-off) [10]. The mobility of organic compounds in soil and water is governed by their half-life and aqueous solubility, together with the sorption or retardation factor such as Kd, Koc and Kow [21].

Fractions of HOCs can still be retained in soils despite being subjected to loss processes [22,23]. Variations in soil properties can affect the rates and extents of chemical loss [24], whereby the composition of a soil’s mineral and organic matter fractions may enhance or retard the loss of the HOCs [10]. In so doing, removal of the putatively mobile fraction which consists of the easily extractable and/or bioavailable/bioaccessible HOC fractions diminishes with increasing soil contact time [25,26,27]. Persistence and loss are also governed by the characteristics of the HOC, such as polarity, hydrophobicity, aqueous solubility and molecular structure or size [10,17,27,28]. Increases in contaminant-soil contact time (aging), result in the rate of loss decreasing to produce a hockey stick-shaped decay curve [10,24] (Figure 1). To explain this further, when an HOC comes into contact with soil, a portion is rapidly sorbed to soil components (organic matter and clay minerals) through hydrogen and van der Waal forces, whilst remaining fractions take longer time to undergo sorption [29]. Irrespective of the soil constituents and chemical composition, the loss of the organic chemicals from soils has been explicitly described by Semple et al. [29] as being through rapid, slow and very slow desorption. The rapidly desorbable fraction is characterised by weak surface chemical interactions between contaminant and organic matter or clay minerals, whilst the slow desorbable fraction refers to strongly bound (reversible) or diffusionally retarded component, whereas the very slow desorbing fraction (irreversible) refers to a covalently or physically entrapped component [29].

Figure 1. The influence of contact time on the extractability and bioaccessibility of a contaminant. Adapted from [10].



[image: Agronomy 03 00349 g001 1024]








2.1. Impact of Soil Contact Time on Contaminant Mobility and Biota

The soil environment is a three-dimensional structure of water-filled pores, gas-filled pores, and soil particulates (organic matter, sand, silt, clay) [8]. Sorption is referred to as absorption when it penetrates the three-dimensional structure of the matrix, and adsorption when attached to the two-dimensional surface [30]. Linear absorption (partitioning) of HOCs into natural organic matter underestimates the total extent of sorption, but with the addition of non-linear adsorption of HOCs into black carbon nanopore sites, total sorption of HOCs can be deduced [31,32,33]. These studies [31,32,33] utilised the non-linear Freundlich model to best illustrate this phenomena, where the interaction between HOCs and black carbon materials depends on dispersive interactions and separation distance [11]. The sorption of HOCs within the soil matrix is thought to be by partitioning or entrapment within the internal matrix of the SOM [34,35,36]. The SOM is very complex in structure due to varied chemical and microbial processing of biomass, when HOCs containing functional groups similar to those present in SOM gain contact with soil, they undergo similar chemical and microbial processes to become indistinguishable from SOM [36].


2.1.1. Definitions of Bioavailability, Bioaccessibility and Chemical Activity

Although HOCs undergo sorption within the SOM matrix, they are subject to potential release from the reversible sorption sites to become bioavailable, or organisms migrate towards the compounds [37,38]. The total HOC content in soils does not always provide valid information on the potential biodegradable or ecotoxicologically relevant fractions and environmental risk [29,39]. This is because the overestimation of risk may be inferred on basis of the total concentration of the HOC in the soil environment, without taking into account the bioavailability, thermodynamics or transport (pathway) to specific receptors [35,40]. Therefore, in order to assess the risk an organic contaminant may pose to biota, the bioavailable and bioaccessible fractions of the contaminant have to be defined and investigated, as well as the chemical activity of the contaminants in question. Pharmacologists refer to “bioavailability” as the rate and extent of drug absorption or the intact drug molecules bioavailable to the general circulation or site of action [41]. Mammalian toxicologists consider the term to mean availability for crossing cell membrane, and environmental scientists intend the term to represent the accessibility of a chemical for assimilation and potential toxicity [35]. Semple et al. [37] went so far as to describe bioavailability as the fraction of a chemical that is freely available to cross an organism’s membrane from the medium which the organism inhabits at a given time. Bioaccessibility encompasses both the bioavailable fraction and the potentially bioavailable fractions [37]. In the soil environment, bioavailability and bioaccessibility of organic contaminants relates to the ability and rate in which the contaminant interacts with the biosystem of an organism, as well as potential toxic fraction to biota [29,37]. Further, Semple et al. [29] went on to hypothesise that bioavailability describes the rate of uptake or biodegradation, while bioaccessibility describes the extent to which an organic contaminant may be degraded or taken up by soil biota. With respect to remediation, bioaccessibility illustrates the total amount of PAH that can be biodegraded over time. The complex scenario here is that the bioavailability of a compound to one organism may not be same for that of another. Studies have shown that even though bioavailability decreases with an increase in contact time, the bioaccumulation by earthworms differs from bioavailability to bacteria [42,43]. It is thought that most microorganisms can only degrade contaminants which are present in the aqueous phase or when they adhere to SOM containing substrate [44,45]; this subsequently affects the ability of microbes to attack contaminants sorbed due to aging. However, some microorganisms evolve certain strategies to overcome this constraint by secretion of biosurfactants or adhesion to surface of contaminants [35,44] and by degrading SOM [36]. The amount of bioavailable chemical can be determined by (i) the rate of transfer of the compound from soil to living cells, and/or (ii) the rate of uptake and metabolism [10]. Each of these processes is governed by physicochemical properties of the compound, soil type and the living organisms involved, or biological process [25,35]. The bioaccessible fraction may refer to the rapidly desorbable fraction of an organic compound which may differ in soil type [24]. However, increases in soil-chemical contact time result in decreases in desorbing fractions and also produce a non-bioavailable, highly sequestered (non-extractable) fractions in soils (Figure 1) [24,25]. The concentration of the chemical and properties of soil also determines how much could be sorbed within the soil [46,47]. The chemical activity of a contaminant is closely related to fugacity and freely dissolved concentrations; it quantifies the energetic state of the chemical and determines the potential for diffusion, sorption and partitioning [48]. This illustrates the potential for the bioaccumulation and toxicity of the contaminant [48] through diffusion across membrane and phase boundaries [49]. Reichenberg and Mayer [48] and Reichenberg et al. [50] provide illustrative description of chemical activity of organic contaminants. The importance of this phenomenon is based on the fact that the bioconcentration of a particular contaminant in an organism can be determined by the equilibrium partitioning (diffusion or direct contact) between the chemical containing matrix and the organism [51]. Interestingly, the chemical activity is not limited to any environmental medium, regardless of the degree of heterogeneity of the medium [48]; however, the presence of BC, such as biochar, enhances sorption of PAHs, which reduces partitioning and chemical activity of PAHs [52].

In order to manage PAH-contaminated soils, several techniques have been adopted to successfully restrict mobility and toxicity. The exposure and level of contamination can be reduced by either removing the contaminant or rendering it immobile. Bioremediation is the utilisation of microorganisms to biodegrade hazardous organic compounds into harmless substances like CO2 and water [53]. The increase in SOM of contaminated soil can aid remediation by locking up organic pollutants; however, if the SOM was to be degraded by microorganisms or by photochemical degradation [54,55,56], it could eventually result in the remobilisation of organic contaminants into the soil environment, thus the soil would become a source rather than a sink [36]. Indeed soil carbon losses have been observed in different regions of the world, with losses of 0.12 kg cm−2y−1 and net losses of about 2.9 kg cm−2 in the previous 26 years across 2000 sites in England and Wales [57], thus making bound residue of contaminants a postponed problem [36]. Furthermore, the coupling of pollutants to the humic component of SOM may form more toxic compounds, such as dioxins and furans [58]. Therefore, successful management techniques have involved the introduction of recalcitrant SOM into the soil that can enhance the “locking up” of pollutants while providing suitable habitats and substrates for microbial degradation of bioavailable contaminants [59,60,61,62,63,64]. This can be achieved by the addition of biochar to soils [14,65,66].




2.2. Current Uses of Biochar

Lehmann and Joseph [67] defined biochar as a carbon-rich product obtained when biomass, such as wood, manure, or plant residues are heated in a closed system with little or no air. During exploration in the Amazonia, European explorers in the 19th Century discovered dark soils that have been referred to as the “Terra Preta” soils, which are known to contain large amounts of char-derived carbon and exhibit higher levels of microbial activity and improved nutrient availability and crop yield compared to soils with little or no biochar addition [67,68,69]. It has been suggested that the indigenous population in the Amazon adopted the process of mulching, burning, charring and application of charcoal and ash to increase soil quality [70]. Biochar has often been produced under controlled temperatures in the absence of oxygen and applied to soils and, in recent times, it has been favoured as a soil management tool due to its long-term stability and recalcitrant nature with soil sequestration capabilities for economic and environmental benefits [67,68,71].

Biochar is produced with the intent of improving soil productivity, carbon storage, mitigation of climate change or filtration of percolating soil water [67]. The increased research and development on strategies to improve and produce bioenergy from renewable energy sources to contribute to the energy needs of developing and developed societies will contribute to the deposition of biochar-like products into the environment [72]. Additionally, it may be produced as a result of uncontrolled bush burning or wild fires and then deposited onto soil [73], and it has been reported that biochar-amended soils have the ability to retain moisture, increase cation exchange capacity (CEC), increase adsorptive capacity and increase pH [74]. The biochar within such soils is thought to be highly stable for thousands of years, being resistant to biochemical decomposition, but the extent of this recalcitrance may well be dependent on the production process [75]. Therefore, there could be growing applications of biochar to soils for agriculture, waste management, carbon capture and contaminated land remediation.



2.3. Biochar Production

Wood is primarily composed of lignin, cellulose, hemicelluloses. However, all wood species vary in chemical compositions, thus the structure of lignin in softwood differs from that of hardwood [76]. The pyrolysis of biomass can be carried out in a reactor via gasification or carbonisation at varying temperatures and times depending on the intended use of the end product. A wide variety of waste biomass materials (wood, manure, rice husk, sewage sludge, municipal waste) can be used to produce biochar [77,78,79], but this study cannot touch on all of them; however, Verheijen et al. [79] critically discussed the potential types of feedstock and the production procedures (pyrolysis).

During heating, there are mass losses, chemical transformations and structural changes, which largely depend on the duration of heating, initial moisture, wood species and temperature of treatment [78,80]. The final thermal conversion of wood yields three basic products; liquid (liquid hydrocarbon and water), solid (biochar) and gas [81]. Wood feedstock, containing higher lignin content, produce the highest biochar yields at 500 °C compared to lower and higher temperatures of pyrolysis [82]; Table 1 highlights the fate of feedstock in a thermal treatment reactor. The physicochemical properties of the biochar largely depend on the heating temperature. For example, biochar generated at a lower temperature of 350 °C may contain large amounts of favourable nutrients, whilst having lower sorptive capacities than those generated at a higher temperature of 800 °C [83]. This is because the carbon content and aromacity increase with temperature, while oxygen, hydrogen, and polarity decrease with an eventual increase in the volume of micropores [84].


Table 1. Fate of initial feedstock mass in percentage (%) between products of pyrolysis processes [85].



	
Process

	
Liquid (bio-oil)

	
Solid (biochar)

	
Gas (syngas)






	
Fast pyrolysis

	
75

	
12

	
13




	
Temperature at 500 °C




	
Short vapour residence time (seconds)




	
Intermediate pyrolysis

	
50

	
25

	
25




	
Low moderate temperature




	
Moderate vapour residence time (hours)




	
Slow pyrolysis

	
30

	
35

	
35




	
Low moderate temperature (400-600 °C)




	
Long vapour residence time (days)




	
Gasification

	
5

	
10

	
85




	
High temperature >800 °C




	
Long vapour residence time











At low temperatures, between 20 °C and 150 °C, wood dries, resulting in a loss of mass, after which hemicelluloses become modified [80] by deacetylation and depolymerisation, whereby released acetic acid acts as a catalyst in the depolymerisation of the polysaccharides [86,87,88]. There is further dehydration of hemicelluloses resulting in a decrease in the number of hydroxyl groups [89]. At temperatures above 250 °C, lignin carbonisation occurs, thereby resulting in increases in the carbon content forming char, while the concentrations of oxygen and hydrogen decrease [90]. This is accompanied by structural changes and condensation reactions to form lignan [76], with the emission of CO2 and VOCs [80]. High temperatures can induce the polymerisation of the modified chemical products to form larger molecules that are aromatic and aliphatic in nature [79]; furthermore, there are increases in pore volume and surface area at higher temperatures [91,92,93]. However, the feedstock material determines the peak temperatures at which the micropores are opened up within the biochar. This was reported by James et al. [91], where heating at 820 °C resulted in reduction of micropores and surface area of wood when compared to that at 700 °C. This indicates that there may be a peak temperature to open all pores (micro-, meso-, macro-) for each feedstock material; exceeding such temperatures may further encourage reduction in distribution of micropores. To describe this phenomenon, Table 2 elucidates the impact of heating temperature and residence time on specific surface area and total pore volume of different biochar feedstock materials.

Table 2. Characteristics of biochar from different production processes [91,94,95,96].










	Feedstock
	Temperature (°C)
	Residence time
	BET N2 Surface area (m2 g−1)
	Total pore volume (cm3 g−1)
	Ash content (%)





	Orange peel
	250
	6.0 h
	33.3
	0.0202
	1.05



	
	500
	6.0 h
	42.4
	0.0191
	4.27



	
	700
	6.0 h
	201.0
	0.0350
	2.79



	Switch grass
	500
	1.5 s
	21.6
	n/a
	54.60



	Corn stover
	500
	1.5 s
	7.0
	n/a
	49.70



	Switch grass
	500
	2.0 h
	50.2
	n/a
	52.50



	Corn stover
	500
	2.0 h
	20.9
	n/a
	32.40



	P. sylvestris
	300
	1.0 h
	1.0
	0.0017
	n/a



	
	500
	1.0 h
	320.0
	0.1860
	n/a



	B. pendula
	300
	1.0 h
	2.3
	0.0035
	n/a



	
	500
	1.0 h
	6.5
	0.0068
	n/a



	
	700
	1.0 h
	430.0
	0.2530
	n/a



	
	820
	1.0 h
	66.0
	0.0600
	













3. Interactions between Biochar and Soil

When biochar is incorporated into soil, it exhibits natural oxidation through the formation of functional groups, thereby providing sites that can retain nutrients and other organic compounds [97,98]. The oxidation processes include; (1) increases in O and H and decrease in C contents; (2) the formation of O-containing functional groups, and (3) a decrease of surface negative charges [98,99,100]. This potential can be enhanced by the biochar production temperature [88,98] and the use of chemical oxidants [89,101]. However, when biochar particles are aged in soil, further oxidation leads to the evolution of negative charges there by increasing the CEC [102]. Browdowski et al. [103] showed that oxidised biochar particles may be bound to soil minerals through association with clay and silt-sized minerals, small biochar particles bound to minerals and small minerals bound to large biochar particles, thus decreasing the potential of its decomposition. When bound to soil minerals, which often happens rapidly, it can enhance the ability of the soil-biochar complex to sorb organic compounds present in soil. Biochar also interacts directly with organic matter of soil by sorption [102].


3.1. Biochar Adsorption and Stability

The sorptive capacity of biochar to HOCs is controlled by carbonised and non-carbonised fractions and the surface and bulk properties of biochar [104,105]. Sorptive characteristics can equally be affected by hydrophilic groups on biochar [91]. The adsorption of aromatic molecules, such as PAHs to wood chars is rapid and is assisted by π-π electron interactions and pore-filling mechanisms [96], multilayer adsorption, surface coverage, condensation in capillary pores, and adsorption into the polymetric matrix [106]. When a portion of a HOC is sorbed to the exterior surfaces of biochar and other portions are trapped within internal nanopores, it limits the mass transfer of the chemical to microorganisms [107] (Figure 2). Figure 2 shows an illustration of non-bioavailable HOCs entrapped within biochar sorption sites, whilst some fractions are located on desorbable sites for microbial degradation.

Figure 2. Description of HOC availability to microorganisms. Adapted from [11].
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Despite being highly recalcitrant, biochar has the potential to be degraded by microorganisms co-metabolically [108]. This was demonstrated by labelling biochar feedstock with 14C before pyrolysis and exposing the biochar to microorganisms in the presence of glucose. Following the removal of the glucose, biochar decomposition decreased strongly [109]. Hamer et al. [108] also showed that the stability of biochar is attributed to the feedstock, as corn stover and rye char were decomposed more rapidly than wood char. Biochar, derived from mango prunings, has been shown to have a mean residence time of 600 years at 26 °C and 3264 years at 10 °C with low mineralisation rates under field conditions; however, the major loss mechanism of biochar has been attributed to erosion fluxes [110]. When biochar-like particles were mixed with soils, biotic degradation was shown not to exceed 2% after 96 days of mineralisation [111]. Mašek et al. [112] explained that the stability of biochar is tailored to the carbon yield within the solid product and the carbon yield contains both non-stable and stable fractions. Using accelerated aging techniques, the authors showed that the fraction of stable biochar is slightly independent on pyrolysis temperature, whilst the CO2 evolution from incubation of biochar in soil refers to non-stable fractions. The non-stable fraction consists of labile and semi-labile types, where the former represents the part of biochar microbiologically released within months of application and the latter is a large portion of biochar composed of more recalcitrant compounds that can remain for years to decades after application and further be stabilised [112]. However, degradation of biochar occurs through biological, chemical and physical processes [110,112,113], Thus, when considering degradation based on half-life, Spokas [113] further explained that when O:C ratio of biochar is <0.2 then the half-life of biochar will be over 1000 years; whereas, when the O:C ratio is >0.6, the half-life will be less than 100 years. It is therefore very important to determine the O:C ratio of biochar to illustrate the potential extent of stability of biochar in soils. Also, the interaction and fate of organic contaminants with biochar in soil requires proper understanding in order to apply it as a soil amendment.



3.2. Fate and Behaviour of Organic Contaminants within Biochar-Amended Soils

HOCs are considered to be ubiquitous contaminants in nature and are often found in high concentrations at industrial sites, especially those associated with petroleum, gas-production and wood-preserving due to spills, leakages, processing, use and disposal [53]. Other sources include burning of fuels and vegetation, vehicular emissions, volcanic eruption, cigarette smoking, sewage discharge, leachate from garbage, livestock waste, shipping and boating activities and maintenance and forest fires [114]. Amendment of soils with biochar has the potential to be an inexpensive, relatively novel strategy to mitigate the risk of organic compound contamination and exposure in soils. In this regard, the studies described in this section elucidate the sorption, desorption and biodegradation of PAHs, dioxins, furans and pesticides in biochar-amended soils.


3.2.1. Sorption of Organic Contaminants

Several studies have shown that the presence of biochar in soils can enhance the sequestration of organic contaminants. For example, Chen et al. [115] showed that pine needle biochars, produced under increasing temperature of pyrolysis for six hours, contained increasing concentrations of carbon content and surface area due to destruction of aliphatic alkyl and ester groups. The sorption of naphthalene, nitrobenzene and m-dinitrobenzene increased non-linearly with the increase in the temperature of biochar production. Similarly, Bornemann et al. [92] reported increases in the sorption of benzene and toluene onto red gum charcoal produced at higher temperature. This was also supported by Chen and Yuan [116] in pine needle biochar-amended soils spiked with naphthalene, phenanthrene or pyrene. More recently, Oleszczuk et al. [117] reported that addition of either AC or biochar as an adsorbent can mitigate the mass transfer of contaminants from PAH-containing sewage sludge matrix into pore-water. Sewage sludge shows unique nutritional properties due to the presence of plant nutrients within its matrix; however, the presence of bioavailable PAHs can limit the effectiveness of use [118]. Using polyoxymethylene (POM) passive samplers, the increasing concentrations and contact-time of AC or biochar mixed with sewage sludge constantly reduced the freely dissolved PAH content of the sewage sludge due to diffusion of the PAHs from sewage sludge through water and humic layers to micropores of adsorbents [117]. This finding was similar to that of dioxin and furan-contaminated soils where biochar markedly decreased the passive uptake of the toxic contaminants into POM samplers with increase in contact-time and concentration [119]. The increasing heat treatment on biochar feedstock reduces volatile matter, enhances the carbonisation, aromatic structure formation and surface area of the resultant biochar that is highly microporous [92,116,120]. Noticeably, biochar contains both carbonised (glassy) and non-carbonised (rubbery) fractions, where the former is categorised with non-linear competitive adsorption of organic contaminants and the latter is associated with linear non-competitive partitioning of organic contaminants [115,116,121].

When solute concentration is taken into consideration, Chen et al. [115] and Chen and Yuan [116] showed that increasing concentrations of solute results into decreased sorption of solutes across all ranges of biochar, thereby shifting adsorption to partitioning. However, the increased concentration of biochars categorically enhanced adsorption due to increased micropore quantity in amended soils.

The appropriate feedstock for biochar production as a soil amendment for contaminated land mitigation is still a bone of contention. Generally, biomass waste is desirable as a feedstock but research has shown that the type of feedstock used can equally affect the ability of biochar to sorb organic contaminants. With respect to this, Bornemann et al. [92] showed that biochar produced from Phalaris pasture grass had a lower sorptive capacity compared to that of red gum wood biochar. The authors attributed the lower sorptive capacity to a combined effect of lower surface area, higher mineral salts and lower lignin contents of the feedstock and biochar product, which would have affected sorption. Similarly, Oleszczuk et al. [117] showed that paper mill waste reduced freely dissolved PAHs to a greater extent compared to maize stover biochar due to the higher aromacity and carbonisation of the former. Generally, wood biochars contain more phenolic groups due to the higher lignin content of the feedstock and have higher surface areas [122,123]. Additionally, the difference in the particle size of biochar has been thought to have little or no effect on sorption of PAHs due to similar surface areas [124]; however, the smaller the particle size, the shorter the time for sorption equilibrium to be attained [121]. Despite the total reduction in uptake of dioxins and furans into POM samplers in AC or biochar-amended soils, smaller particle-sized amendments show more rapid mass transfer of contaminants to micropore sites [119]. Further, Chai et al. [119] illustrated that although intact coconut AC had a higher surface area, its granular and larger particle-sized forms reduced sorption efficiency when compared to its grounded form and other smaller particle-sized AC and biochars. Sorption strength is thus mainly governed by the internal nanoporosity as more time will be required for organic contaminants to reach micropore regions of larger particle-sized biochars [119,121,124].

Contaminated land tends to contain complex mixtures of both organic and/or inorganic contaminants [2,3,125,126]. The presence of co-contaminants may affect the sorption, desorption, bioaccessibility and biodegradation of the target compound. For example, Wang et al. [127] purchased wood biochar from a supermarket and subjected part of it to further charring under oxygen-limited conditions for 3 h in order to reduce the O functional groups. The sorptive potential of pyrene was assessed in a single system and in a bi-solute system comprising either of the following compounds: phenol, 2,2-methylene-bis (4-methyl-6-tert-butylphenol) (MMBP), phenanthrene and benzo (a) anthracene (BaA). There was a corresponding increase in the aromatic content by 20%, as well as increase in surface area, micropore volumes and polyaromatic sheet rearrangement with a disorder of organic carbon structure. This resulted in low phenol competitiveness to pyrene on non-treated rather than treated biochar due to its lower hydrophobicity, pore distribution, surface chemistry of sorbent and molecular size compared to pyrene. In support of this, the sorption of atrazine decreased in the presence of increasing concentrations of simazine in biochar produced from greenwaste mixture of maple, elm and oak woodchips and barks at 450 °C for an hour [121]. The authors discovered that it was similar for simazine sorption in presence of atrazine due to competitive sorption between the two pesticides on biochar. Based on these findings, biochar sorption of organic contaminants is governed by the feedstock, production process, biochar surface chemistry, nanopore distribution and particle size, sorbate concentration and physicochemical properties, aging period and soil properties. Noticeably, the higher production temperature and concentration of wood biochar and increased aging periods show non-linear adsorption mechanism of sorption due to more carbonised and nanopore fractions. Similarly, the smaller the particle size, the more rapidly HOC equilibrium is reached.



3.2.2. Desorption Mechanism Studies

The desorption of PAHs from soils has been intensely studied in recent years [27,38,65,128]. Zhou et al. [128] studied the desorption of pyrene and phenanthrene from sawdust wood-derived charcoal produced at 400 °C for 4 and 8 h, respectively, to produce two pine-wood charcoal samples (PC2 and PC3). Charcoal characterisation results showed that PC3 was more aromatic with a greater binding force and had greater pore volume than that of PC2 but both had similar specific surface areas. Pre-loading charcoal with humic acids resulted in reduction in pore volume due to a pore-blocking mechanism and altered surface properties. Rapid desorption was observed on the PC2 at high concentrations (2000 mg L−1), thus desorption takes a shorter time at higher pollution levels on such charcoal. However, upon 25 days aging of PAH-charcoal sample, PAH desorption rates reduced. Aging evidently gave time for the PAHs to locate difficult accessible sites and encourage HOC physical entrapment in irreversible sorption sites. Furthermore, the authors disclosed that desorption of phenanthrene was greater than that of pyrene due to their difference in properties, in which phenanthrene was thought to diffuse more rapidly than pyrene into nanopores due to a difference in molecular size.

More recently, Rhodes et al. [65] investigated desorption kinetics of phenanthrene from activated charcoal (AChar)-amended soils using hydroxypropyl-β-cyclodextrin (HPCD) sequential extractions. The different soil types were amended with AChar between 0.1% and 5% concentrations, where increase in concentrations of AChar resulted in a 7.8-fold decrease in rapidly desorbed fraction (%Frap) and corresponding decrease in (slow desorbed fraction) %Fslow. Similarly, as the soil-PAH contact time increased, the %Frap, which represents labile fractions of the compound [38] decreased due to strong pore sorption. The pore sites within such black carbons prove to be impervious to aqueous-based extraction solutions [129] and variations in soil physicochemical properties showed no effect on phenanthrene desorption in AChar-amended soils. Additionally, desorption of low concentrations of phenanthrene (≤5 µg L−1) freshly sorbed to either AC-, biochar- or compost-soil suspensions onto a silicone O-ring was investigated by Marchal et al. [130]. The desorption data showed the freely dissolved phase, partitioning and potential biota uptake. Interestingly, the extent of phenanthrene desorption was dependent on the desorption media and was in the following order: compost > biochar > AC, due to higher surface area and volume of nanopores in AC and biochar [130].

Pyrimethanil desorption behaviour was assessed in soils containing red gum biochar produced at 450 °C (BC450) and 850 °C (BC850) by Yu et al. [131]. The data showed that as concentrations of biochar increased, the degree of non-linear sorption increased, whilst BC850 showed greater extents of sorption compared to BC450 and control soil. When desorption studies were carried out, >50% of pyrimethanil was desorbed from unamended (control) soil, whilst 13.5% and 1.49% of pyrimethanil was desorbed from 5.0% BC450 and 1.0% BC850, respectively. BC850 likewise showed greater effect on desorption due to its higher microporous nature compared to BC450. Strong sorption led to slow and irreversible desorption of the compound from microporous sorption sites, which can reduce plant uptake of pesticides. In order to test this hypothesis, Yang et al. [132] investigated the effect of cotton straw biochar produced at 450 °C (BC450) and 850 °C (BC850) on the dissipation of chlorpyrifos and fipronil in soil-containing Chinese chives (A. tuberosum). Noticeably, pesticide dissipation decreased with increasing biochar concentration, in which a greater effect was observed in B850-amended soil compared to BC450. Following 35 days of incubation, 68% and 58% of chlorpyrifos and fipronil were lost from non-sterile control soil, respectively, whilst 28% and 24% of chlorpyrifos and fipronil were lost from sterile soils, respectively. However, the dissipation of the pesticides was higher in presence of plants than in soil only. The authors suggested that microbial degradation and plant uptake were key factors responsible for the dissipation of the pesticides. Interestingly, the presence of biochar in the soil increased the half-life of the pesticides under non-sterile conditions, in which 1% BC850 reduced the concentration of both pesticides in the plant and increased biomass production. This shows that biochar can serve as a soil amendment, reducing the availability of organic contaminants to biota in soil and the degree of reduction is governed by the biochar type, production process, biochar concentration and chemical property. In summary, increased aging periods, higher production temperature and concentration of biochar enhances sorption of HOCs and subsequently retards desorption of the HOCs thereby reducing the availability and uptake of the contaminants in soil.



3.2.3. Biodegradation

In assessing the bioavailable and bioaccessible fractions of PAHs, HPCD extraction has been shown and described to predict the rates and extents of microbial degradation of PAHs in soils [25,26,47,133,134,135]. Thus, it serves as a biomimetic tool to predict the bioaccessible portion of PAHs in soils [10]. It is believed that the increased sorption of organic contaminants will decrease the bioavailable/bioaccessible fraction of contaminant for uptake and biodegradation [128,131,132]. Rhodes et al. [14] first assessed the extractability of spiked PAHs using HPCD in black carbon (BC)-amended soils. Results showed that amount of extracted 14C-phenanthrene decreased with an increase in black carbon concentration and contact time (Figure 3) with <1% extracted in soils amended with >2% BC. This was, however, suggested to be due to low displacement capacity of HPCD within BC matrices. Furthermore, there was good correlation between amount of 14C-phenanthrene extracted and extents of mineralisation at BC concentrations of 0% and 0.1%. The authors concluded that at high concentrations of such BC, HPCD would not predict biodegradation of the PAH. With respect to Figure 1, the addition of biochar to soils will eventually result in decreases in desorbable and bioaccessible (biodegradable) fractions, whilst increasing the non-extractable fractions as illustrated in Figure 3.

Figure 3. The influence of contact time on the extractability and bioaccessibility of a contaminant in biochar-amended soil.



[image: Agronomy 03 00349 g003 1024]







Similarly, Rhodes et al. [12] investigated biodegradation of 14C-phenanthrene in soils amended with activated charcoal (AChar) and effect of pre-exposure on catabolic development upon mineralisation. Adaptation of indigenous microorganisms in the PAH spiked soils led to a reduction in lag phase with corresponding increase in extents of mineralisation upon aging. Additionally, the increase in lag phases, reduction in fastest rates and extents of 14C-phenanthrene mineralisation was due to increase in concentrations of AChar. There was enhanced sorption and decline in bioaccessibile fraction of the PAH due to limited or slow desorption of 14C-phenanthrene. In conclusion, the authors stated that higher concentrations of AChar reduce the bioaccessible pool of the contaminant resulting in retardation of the development of indigenous microbial catabolic activity within the soil. Figure 4 illustrates the potential effects of increasing biochar concentrations on the bioavailability and bioaccessibility of organic contaminants. Currently, there is limited information in the literature on the impact of biochar on the catabolic activity of PAHs during mineralisation. Marchal et al. [130] investigated the co-metabolic biodegradation of phenanthrene sorbed to suspensions containing either AC, biochar, or compost-amended soils using a Sphingomonas sp. inoculum. Interestingly, the authors discovered that sorption did not inhibit the biodegradation activity of phenanthrene by the bacterial inoculum due to the sufficient numbers of phenanthrene degraders, difference in growth media, and optimal assay conditions. Although the properties of the AC and biochar were not stated, the authors suggested that there is a time window for freshly spiked PAHs to be biodegraded. Biodegradation of spiked volatile petroleum hydrocarbons from NAPLs in wood chip derived-biochar (fast pyrolysis)-amended sandy soil was investigated by Bushnaf et al. [63] and found that biodegradation of water-dissolved available compounds was faster in biochar-amended soil. The adsorption of monoaromatic compounds onto biochar actually enhanced the biodegradation of branched and cycloalkanes, whilst the dissipation of the hydrocarbons was markedly reduced. This illustrates that in a mixed contaminated soil, biochar tends to reduce the availability of strongly sorbing compounds and allows degradation of less sorptive compounds [63]. In using earthworms to measure bioavailability/uptake of dioxins and furans into biota, Chai et al. [119] demonstrated that both AC and biochar can reduce the total concentrations of the contaminants within biota. Currently, there is no universal approach for determining the bioavailability/bioaccessibility of organic contaminants in soil. Similarly, there is no universal approach to measure freely dissolved HOCs; however, using mild extractions and passive samplers such as (PDMS and POM) are vital, the chemical activity of the reversibly bound and freely dissolved (unbound) fractions of a contaminant in equilibrium can be transferred onto the sampler which provides information on bioconcentration in soils [10,29,48,49,50]. This would be vital in determining the direction of diffusion of hydrophilic, sorbing and strongly sorbing contaminants in a complex system [48]. In so doing, the diffusion rates and extents of contaminants in biochar-amended soils can be determined, whereby it is suggested that chemical activity can predict the potential partitioned and freely dissolved concentrations that are available for uptake. Although AC and biochar differ physico-chemically, the extent of sorption, reduction in bioaccessibility and chemical activity by biochar is less than that of AC but follow a similar trend. The advantage of biochar here is that it encourages microbial activity that also encourages contaminant catabolism [63,69], unlike AC [12].

Figure 4. Diagram showing organic chemical flux arising from (A) bioavailable, (B) bioaccessible and (C) non-bioaccessible fractions in soil amended with black carbon at increasing concentrations in presence of biodegradation [29]. An increasing concentration of biochar results in decrease in bioaccessible/bioavailable fractions and biodegradation in soil.
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It is worthy of note that the sources and properties of HOCs differ considerably. For instance, PAHs naturally occur and are anthropogenically distributed, they are associated with soot, coal, coal tar and contain similar functional groups but are degradable [12,14,23]. Pesticides are often synthetic in nature and differ in functional groups and mode of action, some of which are banned due to toxicity and persistence in soils, whilst the degradability of pesticides has been linked to pH of the containing soil [136]. Dioxins and furans are unintentionally produced as byproducts from chemical processes associated with combustion of chlorine-containing materials [137]; they are very toxic and highly persistent in soil [138]. Since these compounds vary in source and properties, the level of sorption, bioavailability and desorption have been shown to vary in type of chemical due to structure and hydrophobicity [139,140]. Therefore, considerable investigation has to be undertaken to determine appropriate type and quality of biochar to be utilised for potential remediation of contaminated soils.




3.3. Application of Biochar in Remediation of Contaminated Soil

In order to remediate contaminated sites, bioremediation has often been employed successfully but, to a large extent, it has been assumed to be time consuming and costly. The utilisation of biochar in such contaminated sites is suggested to be an important tool to enhance remediation by governing the mobility and fate of the pollutants as a soil amendment. It is already known that biochar reduces bioaccessibility, chemical activity and ecotoxicity of organic compounds to receptors [15,52,126,141] and reduce risk of exposure to biota. When physical entrapment occurs, the parent molecule or its metabolite becomes less bioavailable upon aging, chemical bonding (covalent) may result in indistinguishable bound residues [29,36]. A key component of contaminated land mitigation is to identify and remove unacceptable risks or harm to human health and the environment. This paper suggests that with appropriate investigation and application, biochar will evidently be useful in sequestering and reducing associated risk of HOCs, and other inorganics in soils. Thus, it will reduce and disrupt pollutant linkages, the mobility or run-off of such substances that may cause harm or pollution to controlled waters and biological systems. Knowing that no two biochars are same, a major question is what type of biochar will be preferred for a certain contaminant and how long will it retain the contaminant in question when practically applied in the soil environment. In respect to contaminant concentrations and types, there exists a maximum solid-phase irreversible capacity that should be predicted based on biochar micropore distribution and it should be investigated to elucidate whether biochar can introduce more contaminants into soil [142]. Indeed, during the pyrolysis process, volatile organic compounds (VOCs), furans and PAHs can be found within biochar matrix in varying mixtures and concentrations [123,140,143,144]. Thus the presence of these compounds can pose concerns, having potentially deleterious impacts on biota and potentially increasing the concentration of HOCs in biochar-amended soils. However, the total quantities of these compounds can be controlled by selection of feedstock, oxygen availability, production temperature, combustion efficiency, post-production handling and storage under controlled conditions [123,140,145,146]. For instance, Spokas et al. [123] and Freddo et al. [145] showed that at higher temperature of pyrolysis, the total PAHs and VOCs reduced markedly, whilst shorter residence times produced higher PAH concentrations [140]. Although some wood derived biochars show reduced PAH concentrations, during slow pyrolysis, the PAHs generated escape to gaseous phase, whilst short residence time allows the condensation of PAHs on biochar surfaces [140]. Despite the presence of PAHs on biochar surfaces, the total concentrations of PAHs in a wide range of biochars were comparable to background soil levels and well below concentrations found in coal, soot, urban dust and sewage sludge [140,143,145]. However, Hilber et al. [146] found extremely high concentrations of PAHs in elephant grass and coniferous wood derived biochars. The majority of studies on quantitative analysis of PAHs on biochar have been based on total concentrations; for example, Freddo et al. [145] and Hale et al. [140] showed that water-based extractions and bioavailable fractions (POM sampling) of PAHs on biochar were often below the limits of detection or much lower than the total concentrations because PAH fractions could become occluded within the biochar structure. When biochar is applied to agricultural soil, the eventual PAH concentrations will depend on background PAHs in the soil, sorbed PAHs on biochar, and concentration of biochar applied [144]. This explains why application of biochar into some soils has not resulted in the introduction of PAH contamination [130]. Thus, the feedstock, application rate, and production process, as well as post-handling of biochar still need to be investigated in order to know if and how biochar application will introduce contamination when applied to soil. Preferably, wood-derived biochar produced at high temperatures under slow pyrolysis will contain lower concentrations of PAHs [140,144,145]. It is, however, worthy of note that the quality (nanopore distribution and chemical properties) of biochar is of greater importance than the quantity, as it is suggested that the higher quantity can be more expensive and may have deleterious effects on the receiving soil due to the presence of intrinsic hydrocarbons [131,132,147].

Another question relates to the effectiveness of biochar addition due to potential biodegradation and release of pollutants. Long-term degradation studies of different types of biochar containing contaminants should be investigated to provide significant illustration in literature.

Based on the fact that biochar nutrient properties enhances plant growth and microbial activity and have shown to enhance biodegradation of bioaccessible contaminants [63,132,148,149], it can be used in a systematic concept to promote phytoremediation. The macropores serve as a route for adsorbate exposure to the micro- and meso-pore regions, and also as a habitat for microorganisms [61,62,150]. While locking up organic contaminants, the bioaccessible (reversibly bound and freely dissolved) fraction may become degraded by selected plants for phytoremediation, whilst biochar provide nutrients and moisture to enhance a rapid plant growth [132]. Yu et al. [151] showed that mineralisation of pesticides by plants was enhanced by the presence of biochar in soil, which is supported by Yang et al. [132]. Future studies should also investigate if during phytoremediation, which has been regarded as a long process can become rapid with different concentrations and types of biochar. Similarly, the microbial degradation of bioaccessible fractions of organic contaminants can be enhanced in the presence of biochar, whilst the volatilisation is mitigated as per Bushnaf et al. [63]. Stability of biochar has been shown to be long term [110], but the ability or duration of sequestering these pollutants is uncertain.




4. Conclusions

Frequent exploration of natural resources, industrial activities, transport, energy demand and increase in population results in persistent release of organic contaminants into the soil environment [2,3,4]. In particular, PAHs gain contact with soils and are subject to volatilisation, biodegradation, photodegradation and physical transport [10,19]. The fate of HOCs in the environment is of prime importance in order to prevent severe contamination to the environment. As a result, the mobility of the organic compounds is governed by its physicochemical properties, environmental conditions, and the properties of the soil matrix [10,14,21]. Within soil, black carbon materials such as biochar influence the bioavailability and bioaccessibility of these compounds through sorption and entrapment. This influence can be observed through the rates and extents of sorption, desorption and biodegradation of HOCs in biochar-amended soils, whilst the biochar concentration, production conditions, feedstock and chemical properties are also determining factors [28,65,127]. Despite the presence of co-contaminants, biochar still strongly affected the total and bioavailable fractions of PAHs [126,127]. As a result, biochar can be a crucial tool to remove unacceptable risks by disrupting pollutant pathway of HOCs to humans and the environment. The minerals within biochar serve as source of nutrients to microorganisms and plants which can additionally aid the growth of microbes and plants used for biodegradation of PAHs [132,148,150,151]. However, the majority of studies have been proven to be positive only within confined laboratory conditions, thus extensive investigations are required on field contaminated land.






Acknowledgments

The authors are thankful to Petroleum Development and Technology Fund, Nigeria for funding. Additionally, we thank Aller Fernandez for her comments and advice.



References


	1. 
United States Environmental Protection Agency. Available online: http://www.epa.gov/osw/hazard/wastemin/priority.htm (accessed on 28 July 2010).

	2. 
Mielke, H.W.; Wang, G.; Gonzales, C.R.; Powell, E.T.; Le, B.; Quach, V.N. PAHs and metals in soils of inner-city and suburban New Orleans, Louisiana, USA. Environ. Toxicol. Pharmaco. 2004, 18, 243–247. [Google Scholar] [CrossRef]

	3. 
Roy, S.; Labelle, S.; Mehta, P.; Mihoc, A.; Fortin, N.; Masson, C.; Leblanc, R.; Châteauneuf, G.; Sura, C.; Gallipeau, C.; Olsen, C.; Delisle, S.; Labrecque, M.; Greer, C.W. Phytoremediation of heavy metal and PAH-contaminated brownfield sites. Plant Soil 2005, 272, 277–290. [Google Scholar] [CrossRef]

	4. 
Chen, J. Rapid urbanization in China: A real challenge to soil protection and food security. Catena 2007, 69, 1–15. [Google Scholar] [CrossRef]

	5. 
Environment Act 1995 Part II A contaminated land. Section 57. Available online: http://www.legislation.gov.uk/ukpga/1995/25/section/57 (accessed on 22 March 2011).

	6. 
United Nations Economic Commission for Europe (UNECE). Protocol on Persistent Organic Pollutants under the 1979 Convention on Long-Range Transboundary Air Pollution. UNECE (ECB/EB Air/60). 1998. Available online: http://www.unece.org/fileadmin/DAM/env/lrtap/full%20text/1998.POPs.e.pdf (accessed on 12 April 2011).

	7. 
Regitano, J.B.; Koskinen, W.C.; Sadowsky, M.J. Influence of soil aging on sorption and bioavailability of simazine. J. Agric. Food Chem. 2006, 54, 1373–1379. [Google Scholar] [CrossRef]

	8. 
Dimitrov, S.; Nedelcheva, D.; Dimitrova, N.; Mekenyan, O. Development of a biodegradation model for the prediction of metabolites in soil. Sci. Total Environ. 2010, 408, 3811–3816. [Google Scholar] [CrossRef]

	9. 
Pollard, S.J.T.; Hough, R.L.; Kim, K.H.; Bellarby, J.; Paton, G.; Semple, K.T.; Coulon, F. Fugacity modelling to predict the distribution of organic contaminants in the soil:oil matrix of constructed biopiles. Chemosphere. 2008, 71, 1432–1439. [Google Scholar] [CrossRef]

	10. 
Semple, K.T.; Morriss, A.W.J.; Paton, G.I. Bioavailability of hydrophobic organic contaminants in soils: Fundamental concepts and techniques for analysis. Eur. J. Soil Sci. 2003, 54, 809–818. [Google Scholar] [CrossRef]

	11. 
Cornelissen, G.; Gustafsson, O.; Bucheli, T.D.; Jonker, M.T.O.; Koelmans, A.A.; van Noort, P.C.M. Critical review: Extensive sorption of organic compounds to black carbon, coal, and kerogen in sediments and soils: Mechanisms and consequences for distribution, bioaccumulation, and biodegradation. Environ. Sci. Technol. 2005, 39, 6881–6895. [Google Scholar] [CrossRef]

	12. 
Rhodes, A.H.; McAllister, L.E.; Chen, R.; Semple, K.T. Impact of activated charcoal on the mineralization of 14C-phenanthrene in soils. Chemosphere 2010a, 79, 463–469. [Google Scholar] [CrossRef]

	13. 
Schmidt, M.W.I.; Noack, A.G. Black carbon in soils and sediments: Analysis, distribution, implications and current challenges. Global Biogeochem. Cycles 2000, 14, 777–793. [Google Scholar] [CrossRef]

	14. 
Rhodes, A.H.; Carlin, A.; Semple, K.T. Impact of black carbon in the extraction and mineralization of phenanthrene in soil. Environ. Sci. Technol. 2008a, 42, 740–745. [Google Scholar] [CrossRef]

	15. 
Sundelin, B.; Wiklund, A.K.E.; Lithner, G.; Gustafsson, O. Evaluation of the role of black carbon in attenuating bioaccumulation of polycyclic aromatic hydrocarbons from field-contaminated sediments. Environ. Toxicol. Chem. 2004, 23, 2611–2617. [Google Scholar] [CrossRef]

	16. 
Amonette, J.E.; Kim, J.; Russell, C.K.; Palumbo, A.V.; Daniels, W.L. Enhancement of soil carbon sequestration by amendment with fly ash. In Proceedings of International Ash Utilization Symposium, Organised by University of Kentucky Center for Applied Energy Research, The Lexington Center’s Heritage Hall and the Hyatt Regency Lexington, Lexington, KY, USA, 20–22 October 2003.

	17. 
Stroud, J.L.; Paton, G.I.; Semple, K.T. Importance of chemical structure on the development of hydrocarbon catabolism in soil. FEMS Microbiol. Lett. 2007, 272, 120–126. [Google Scholar] [CrossRef]

	18. 
Posada-Baquero, R.; Ortega-Calvo, J.J. Recalcitrance of polycyclic aromatic hydrocarbons in soil contributes to background pollution. Environ. Pollut. 2011, 159, 3692–3699. [Google Scholar] [CrossRef]

	19. 
Andreozzi, R.; Raffaele, M.; Nicklas, P. Pharmaceuticals in STP effluents and their solar photodegradation in aquatic environment. Chemosphere 2003, 50, 1319–1330. [Google Scholar] [CrossRef]

	20. 
2006 was earth’s fifth warmest year. National Aeronautics and Space Administration. Available online: www.nasa.gov/centers/goddard/news/topstory/2006/2006_warm.html (accessed on 22 June 2010).

	21. 
Hildebrandt, A.; Larcorte, S.; Barceló, D. Occurrence and fate of organochlorinated pesticides and PAH in agricultural soils from the Ebro River Basin. Arch. Environ. Contam. Toxicol. 2009, 57, 247–255. [Google Scholar] [CrossRef]

	22. 
Northcott, G.L.; Jones, K.C. Experimental approaches and analytical techniques for determining organic compound bound residues in soil and sediment. Environ. Pollut. 2000, 108, 19–43. [Google Scholar] [CrossRef]

	23. 
Bamforth, S.M.; Singleton, I. Review: Bioremediation of polycyclic aromatic hydrocarbons: Current knowledge and future directions. J. Chem. Technol. Biotechnol. 2005, 80, 723–736. [Google Scholar] [CrossRef]

	24. 
Rhodes, A.H.; Hofman, J.; Semple, K.T. Development of phenanthrene catabolism in natural and artificial soils. Environ. Pollut. 2008, 152, 424–430. [Google Scholar] [CrossRef]

	25. 
Stokes, J.D.; Paton, G.I.; Semple, K.T. Behaviour and assessment of bioavailability of organic contaminants in soil: Relevance for risk assessment and remediation. Soil Use Manage. 2005, 21, 475–486. [Google Scholar] [CrossRef]

	26. 
Rhodes, A.H.; Dew, N.M.; Semple, K.T. Relationship between cyclodextrin extraction and biodegradation of phenanthrene in soil. Environ. Toxicol. Chem. 2008, 27, 1488–1495. [Google Scholar] [CrossRef]

	27. 
Van Noort, P.C.M.; Cornelissen, G.; ten Hulscher, T.E.M.; Vrind, B.A.; Rigterink, H.; Belfroid, A. Slow and very slow desorption of organic compounds from sediment: Influence of sorbate planarity. Water Res. 2003, 37, 2317–2322. [Google Scholar]

	28. 
Kim, I.S.; Park, J.S.; Kim, K.W. Enhanced biodegradation of polycyclic aromatic hydrocarbons using nonionic surfactants in soil slurry. Appl. Geochem. 2001, 16, 1419–1428. [Google Scholar] [CrossRef]

	29. 
Semple, K.T.; Doick, K.J.; Wick, L.Y.; Harms, H. Review: Microbial interactions with organic contaminants in soil: Definitions, processes and measurement. Environ. Pollut. 2007, 150, 166–176. [Google Scholar] [CrossRef]

	30. 
Schwarzenbach, R.P.; Gschwend, P.M.; Imboden, D.M. General Introduction and Sorption Processes Involving Organic Matter. In Environmental Organic Chemistry; John Wiley and Sons Inc: Hoboken, NJ, USA, 2003; p. 277. [Google Scholar]

	31. 
Accardi-Dey, A.; Gschwend, P.M. Assessing the combined roles of natural organic matter and black carbon as sorbents in sediments. Environ. Sci. Technol. 2002, 36, 21–29. [Google Scholar] [CrossRef]

	32. 
Accardi-Dey, A.; Gschwend, P.M. Reinterpreting literature sorption data considering both absorption into organic carbon and adsorption onto black carbon. Environ. Sci. Technol. 2003, 37, 99–106. [Google Scholar] [CrossRef]

	33. 
Cornelissen, G.; Kukulska, Z.; Kalaitzidis, S.; Christanis, K.; Gustafsson, Ö. Relations between environmental black carbon sorption and geochemical sorbent characteristics. Environ. Sci. Technol. 2004, 38, 3632–3640. [Google Scholar] [CrossRef]

	34. 
Pignatello, J.J.; Xing, B. Mechanisms of slow sorption of organic chemicals to natural particles. Environ. Sci. Technol. 1995, 30, 1–11. [Google Scholar] [CrossRef]

	35. 
Alexander, M. Aging, bioavailability, and overestimation of risk from environmental pollutant. Environ. Sci. Technol. 2000, 34, 4259–4265. [Google Scholar] [CrossRef]

	36. 
Barraclough, D.; Kearney, T.; Croxford, A. Bound residues: environmental solution or future problem? Environ. Pollut. 2005, 133, 85–90. [Google Scholar] [CrossRef]

	37. 
Semple, K.T.; Doick, K.J.; Jones, K.C.; Burauel, P.; Craven, A.; Harms, H. Defining bioavailability and bioaccessibility of contaminated soil and sediment is complicated. Environ. Sci. Technol. 2004, 38, 228A–231A. [Google Scholar] [CrossRef]

	38. 
Rhodes, A.H.; McAllister, L.E.; Semple, K.T. Linking desorption kinetics to phenanthrene biodegradation in soil. Environ. Pollut. 2010b, 158, 1348–1353. [Google Scholar] [CrossRef]

	39. 
Macleod, C.J.A.; Morriss, A.W.J.; Semple, K.T. The role of microorganisms in ecological risk assessment of hydrophobic organic contaminants in soils. Adv. Appl. Microbiol. 2001, 48, 171–212. [Google Scholar] [CrossRef]

	40. 
Ortego-Calvo, J.J.; Ball, W.P.; Schulin, R.; Semple, K.T.; Wick, L.Y. Bioavailability of pollutants and soil remediation. J. Environ. Qual. 2007, 36, 1383–1384. [Google Scholar] [CrossRef]

	41. 
Chiou, W.L. The rate and extent of oral bioavailability versus the rate and extent of oral absorption: Clarification and recommendation of terminology. J. Pharmacokinet. Pharmacodyn. 2001, 28, 3–6. [Google Scholar] [CrossRef]

	42. 
Kelsey, J.W.; Kottler, B.D.; Alexander, M. Selective chemical extractants to predict bioavailability of soil-aged organic chemicals. Environ. Sci. Technol. 1996, 31, 214–217. [Google Scholar]

	43. 
White, J.C.; Kelsey, J.W.; Hatzinger, P.B.; Alexander, M. Factors affecting sequestration and bioavailability of phenanthrene in soils. Environ. Toxicol. Chem. 1997, 16, 2040–2045. [Google Scholar] [CrossRef]

	44. 
Stucki, G.; Alexander, M. Role of dissolution rate and solubility in biodegradation of aromatic compounds. Appl. Environ. Microbiol. 1987, 53, 292–297. [Google Scholar]

	45. 
Harms, H.; Bosma, T.N.P. Mass transfer limitation of microbial growth and pollutant degradation. J. Ind. Microbiol. Biotechnol. 1997, 18, 97–105. [Google Scholar] [CrossRef]

	46. 
Gunasekara, A.S.; Xing, B. Sorption and desorption of naphthalene by soil organic matter. J. Environ. Qual. 2003, 32, 240–246. [Google Scholar]

	47. 
Ehlers, G.A.C.; Loibner, A.P. Linking organic pollutant (bio) availability with geosorbent properties and biomimetric methodology: A review of geosorbent characterisation and (bio) availability prediction. Environ. Pollut. 2006, 141, 494–512. [Google Scholar] [CrossRef]

	48. 
Reichenberg, F.; Mayer, P. Two complementary sides of bioavailability: Accessibility and chemical activity of organic contaminants in sediments and soils. Environ. Toxicol. Chem. 2006, 25, 1239–1245. [Google Scholar] [CrossRef]

	49. 
Mayer, P.; Toräng, L.; Glæsner, N.; Jönsson, J.A. Silicone membrane equilibrator: Measuring chemical activity of nonpolar chemicals with poly(dimethylsiloxane) microtubes immersed directly in tissue and lipids. Anal. Chem. 2009, 81, 1536–1542. [Google Scholar]

	50. 
Reichenberg, F.; Smedes, F.; Jönsson, J.A.; Mayer, P. Determining the chemical activity of hydrophobic organic compounds in soil using polymer coated vials. Chem Central J. 2008, 2, 1–10. [Google Scholar] [CrossRef]

	51. 
Mayer, P.; Holmstup, M. Passive dosing of soil invertebrates with polycyclic aromatic hydrocarbons: Limited chemical activity explains toxicity cutoff. Environ. Sci. Technol. 2008, 42, 7516–7521. [Google Scholar] [CrossRef]

	52. 
Reichenberg, F.; Karlson, U.G.; Gustafsson, Ö.; Long, S.M.; Pritchard, P.M.; Mayer, P. Low accessibility and chemical activity of PAHs restrict bioremediation and risk of exposure in a manufactured gas plant soil. Environ. Pollut. 2010, 158, 1214–1220. [Google Scholar] [CrossRef]

	53. 
Wilson, S.C.; Jones, K.C. Bioremediation of soil contaminated with polynuclear aromatic hydrocarbons (PAHs): A review. Environ. Pollut. 1993, 81, 229–249. [Google Scholar] [CrossRef]

	54. 
Giger, W. Micropollutants in the Environment. EAWAG News 40E, 1996, pp. 3–7. Available online: http://library.eawag.ch/eawag-publications/EAWAGnews/40E%281996%29.pdf (accessed on 11 May 2011). [Google Scholar]

	55. 
Knorr, W.; Prentice, I.C.; House, J.I.; Holland, E.A. Long-term sensitivity of soil carbon turnover to warming. Nature 2005, 433, 298–301. [Google Scholar]

	56. 
Conant, R.T.; Drijber, R.A.; Haddix, M.L.; Paton, W.J.; Paul, E.A.; Plante, A.F.; Six, J.; Steinweg, J.M. Sensitivity of organic matter decomposition to warming varies with its quality. Global Change 2008, 14, 868–877. [Google Scholar] [CrossRef]

	57. 
Bellamy, P.H.; Loveland, P.J.; Bradley, R.I.; Lark, R.M.; Kirk, G.J.D. Carbon losses from all soils across England and Wales 1978-2003. Nature 2005, 437, 245–248. [Google Scholar]

	58. 
Bosma, T.; Harms, H. Bioavailability of organic pollutants. EAWAG News 40E, 1996, pp. 28–31. Available online: http://library.eawag.ch/eawag-publications/EAWAGnews/40E%281996%29.pdf (accessed on 11 May 2011). [Google Scholar]

	59. 
Nkana, J.C.V.; Demeyer, A.; Verloo, M.G. Chemical effects of wood ash on plant growth in tropical acid soils. Bioresour. Technol. 1998, 63, 251–260. [Google Scholar]

	60. 
Demeyer, A.; Nkana, J.C.V.; Verloo, M.G. Characteristics of wood ash and influence on soil properties and nutrient uptake: An overview. Review paper. Bioresour. Technol. 2001, 77, 287–295. [Google Scholar] [CrossRef]

	61. 
Downie, A.; Crosky, A.; Munroe, P. Physical properties of biochar. In Biochar for Environmental Management; Lehmann, J., Joseph, S., Eds.; Earthscan: London, UK, 2009; pp. 13–29. [Google Scholar]

	62. 
Thies, J.E.; Rillig, M.C. Characteristics of biochar: Biological properties. In Biochar for Environmental Management; Lehmann, J., Joseph, S., Eds.; Earthscan: London, UK, 2009; pp. 85–105. [Google Scholar]

	63. 
Bushnaf, K.M.; Puricelli, S.; Saponaro, S.; Werner, D. Effect of biochar on the fate of volatile petroleum hydrocarbons in an aerobic sandy soil. J. Contam. Hydrol. 2011, 126, 208–215. [Google Scholar] [CrossRef]

	64. 
Lehmann, J.; Rillig, M.C.; Thies, J.; Masiello, C.A.; Hockaday, W.C.; Crowley, D. Biochar effects on soil biota—A review. Soil Biol. Biochem. 2011, 43, 1812–1836. [Google Scholar] [CrossRef]

	65. 
Rhodes, A.H.; Riding, M.J.; McAllister, L.E.; Lee, K.; Semple, K.T. Influence of activated charcoal on desorption kinetics and biodegradation of phenanthrene in soil. Environ. Sci. Technol. 2012, 46, 12445–12451. [Google Scholar] [CrossRef]

	66. 
Lohmann, R.; Macfarlane, K.J.; Gschwend, P.M. Importance of black carbon to sorption of native PAHs, PCBs, and PCDDs in Boston and New York Harbor sediment. Environ. Sci. Technol. 2005, 39, 141–148. [Google Scholar] [CrossRef]

	67. 
Lehmann, J.; Joseph, S. Biochar for Environmental Management, 1st; Lehmann, J., Ed.; Earthscan: London, UK, 2009; pp. 1–9. [Google Scholar]

	68. 
Winsley, P. Biochar and bioenergy production for climate change mitigation. New Zealand Sci. Rev. 2007, 64, 5–10. [Google Scholar]

	69. 
Steinbeiss, S.; Gleixner, G.; Antonietti, M. Effect of biochar amendment on soil carbon balance and soil microbial activity. Soil Biol. Biochem. 2009, 41, 1301–1310. [Google Scholar] [CrossRef]

	70. 
Steiner, C.; Garcia, M.; Zech, W. Effects of charcoal as slow release nutrient carrier on N-P-K dynamics and soil microbial population: Pot experiments with ferralsol substrate. In Amazonian Dark Earths, Wim Sombroek’s Vision, 1st; Woods, W.I., Teixeira, W.G., Lehmann, J., Steiner, C., WinklerPrins, A., Rebellato, L., Eds.; Springer: Berlin, Germany, 2009; p. 325. [Google Scholar]

	71. 
Ippolito, J.A.; Laird, D.A.; Busscher, W.J. Environmental benefits of biochar. J. Environ. Qual. 2012, 41, 967–972. [Google Scholar] [CrossRef]

	72. 
Gaunt, J.L.; Lehmann, J. Energy balance and emissions associated with biochar sequestration and pyrolysis bioenergy production. Environ. Sci. Technol. 2008, 42, 4152–4158. [Google Scholar] [CrossRef]

	73. 
Lavoué, D.; Liousse, C.; Cachier, H.; Stocks, B.J.; Goldammer, J.G. Modeling of carbonaceous particles emitted by boreal and temperate wildfires at northern latitudes. J. Geophy. Res. 2000, 105, 26871–26890. [Google Scholar] [CrossRef]

	74. 
Ishii, T.; Kadoya, K. Effects of charcoal as a soil conditioner on citrus growth and vesicular-arbuscular mycorrhizal development. J. Jpn. Soc. Hort. Sci. 1994, 63, 529–535. [Google Scholar] [CrossRef]

	75. 
Lehmann, J.; Gaunt, J.; Rondon, M. Bio-char sequestration in terrestrial ecosystems—A review. Mitig. Adapt. Strat. Global Change 2006, 11, 403–427. [Google Scholar]

	76. 
Windeisen, E.; Wegener, G. Behaviour of lignin during thermal treatments of wood. Ind. Crops Products 2008, 27, 157–162. [Google Scholar] [CrossRef]

	77. 
Maiti, S.; Dey, S.; Purakayastha, S.; Ghosh, B. Physical and thermochemical characterization of rice husk char as a potential biomass source. Bioresour. Technol. 2006, 97, 2065–2070. [Google Scholar] [CrossRef]

	78. 
Sohi, S.; Lopez-Capel, E.; Krull, E.; Bol, R. Biochar, Climate Change and Soil: A Review to Guide Future Research; CSIRO Land and Water Science Report 05/09; CSIRO Publishing: Melbourne, Australia, 2009; pp. 5–6. [Google Scholar]

	79. 
Verheijen, F.; Jeffery, S.; Bastos, A.C.; van der Velde, M.; Diafas, I. Biochar Application to Soils. A Critical Scientific Review of Effects on Soil Properties, Processes and Functions; EUR 240099 EN. Office for the Official Publications of the European Communities: Luxembourg, 2009; pp. 1–149.

	80. 
Esteves, B.M.; Pereira, H.M. Wood modification by heat treatment: A review. Bioresour. 2009, 4, 370–404. [Google Scholar]

	81. 
Karagöz, S.; Bhaskar, T.; Muto, A.; Sakata, Y.; Oshiki, T.; Kishimoto, T. Low-temperature catalytic hydrothermal treatment of wood biomass: Analysis of liquid products. Chem. Eng. J. 2005, 108, 127–137. [Google Scholar]

	82. 
Fushimi, C.; Araki, K.; Yamaguchi, Y.; Tsutsumi, A. Effect of heating rate on steam gasification biomass. 2. Thermogravimetric-mass spectrometric (TG-MS) analysis of gas evolution. Ind. Eng. Chem. Res. 2003, 42, 3929–2936. [Google Scholar] [CrossRef]

	83. 
Gundale, M.J.; Deluca, T.H. Temperature and source material influence ecological attributes of Ponderosa pine and Douglas-fir charcoal. Forest Ecol. Manag. 2006, 231, 86–93. [Google Scholar] [CrossRef]

	84. 
Chen, B.; Zhou, D.; Zhu, L.; Shen, Y. Sorption characteristics and mechanisms of organic contaminant to carbonaceous biosorbents in aqueous solution. Sci. China Ser. B Chem. 2008, 51, 464–472. [Google Scholar] [CrossRef]

	85. 
International Energy Agency 2007 Annual Report. Available online: http://www.ieabioenergy.com/LibItem.aspx?id=5761 (accessed on 18 June 2010).

	86. 
Tjeerdsma, B.; Boonstra, M.; Pizzi, A.; Tekely, P.; Militz, H. Charaterization of thermally modified wood: Molecular reasons for wood performance improvement. Holz Roh Werkst 1998, 56, 149–153. [Google Scholar] [CrossRef]

	87. 
Sivonen, H.; Maunu, S.; Sundholm, F.; Jämsä, S.; Viitaniemi, P. Magnetic resonance studies of thermally modified wood. Holzforschung 2002, 56, 648–654. [Google Scholar]

	88. 
Nuopponen, M.; Vuorinen, T.; Jamsa, S.; Viitaniemi, P. Thermal modifications in softwood studied by FT-IR and UV resonance Raman spectroscopies. J. Wood Chem. Technol. 2004, 24, 13–26. [Google Scholar]

	89. 
Weiland, J.J.; Guyonnet, R. Study of chemical modifications and fungi degradation of thermally modified wood using DRIFT spectroscopy. Holz Roh Werkst 2003, 61, 216–220. [Google Scholar]

	90. 
Bourgois, J.; Guyonnet, R. Characterization and analysis of torrefied wood. Wood Sci. Technol. 1988, 22, 143–155. [Google Scholar] [CrossRef]

	91. 
James, G.; Sabatini, D.A.; Chiou, C.T.; Rutherford, D.; Scott, A.C.; Karapanagioti, H.K. Evaluating phenanthrene sorption on various wood chars. Water Res. 2005, 39, 549–558. [Google Scholar] [CrossRef]

	92. 
Bornemann, L.C.; Kookana, R.S.; Welp, G. Differential sorption behaviour of aromatic hydrocarbons on charcoals prepared at different temperatures from grass and wood. Chemosphere 2007, 67, 1033–1042. [Google Scholar] [CrossRef]

	93. 
Zhang, H.; Lin, K.; Wang, H.; Gan, J. Effect of Pinus radiata derived biochars on soil sorption and desorption of phenanthrene. Environ. Pollut. 2010, 158, 2821–2825. [Google Scholar] [CrossRef]

	94. 
Fan, M.; Marhsall, W.; Daugaard, D.; Brown, R. Steam activation of chars produced from oat hulls and corn stover. Bioresour. Technol. 2004, 93, 103–107. [Google Scholar] [CrossRef]

	95. 
Brewer, C.E.; Schmidt-Rohr, K.; Satrio, J.A.; Brown, R.C. Characterization of biochar from fast pyrolysis and gasification systems. Environ. Prog. Sustainable Energy 2009, 28, 386–396. [Google Scholar] [CrossRef]

	96. 
Chen, B.; Chen, Z. Sorption of naphthalene and 1-naphthol by biochars of orange peels with different pyrolytic temperatures. Chemosphere 2009, 76, 127–133. [Google Scholar] [CrossRef]

	97. 
Lehmann, J. A handful of carbon. Nature 2007, 447, 143–144. [Google Scholar] [CrossRef]

	98. 
Cheng, C.H.; Lehmann, J.; Engelhard, M.H. Natural oxidation of black carbon in soils: changes in molecular form and surface charge along a climosequence. Geochim. Cosmochim. Acta 2008, 72, 1598–1610. [Google Scholar] [CrossRef]

	99. 
Allardice, D.J. The adsorption of oxygen on brown coal char. Carbon 1966, 4, 255–266. [Google Scholar] [CrossRef]

	100. 
Baldock, J.A.; Smernik, R.J. Chemical composition and bioavailability of thermally altered Pinus resinosa (red pine) wood. Org. Geochem. 2002, 33, 1093–1109. [Google Scholar] [CrossRef]

	101. 
Kawamoto, K.; Ishimaru, K.; Imamura, Y. Reactivity of wood charcoal with ozone. J. Wood Sci. 2005, 51, 66–72. [Google Scholar] [CrossRef]

	102. 
Hammes, K.; Schmidt, M.W.I. Changes of biochar in soil. In Biochar for Environmental Management, 1st; Lehmann, J., Joseph, S., Eds.; Earthscan: London, UK, 2009; pp. 169–181. [Google Scholar]

	103. 
Brodowski, S.; Amelung, W.; Haumaier, L.; Abetz, C.; Zech, W. Morphological and chemical properties of black carbon in physical soil fractions as revealed by scanning electron microscopy and energy-dispersive x-ray spectrometry. Geoderma 2005, 128, 116–129. [Google Scholar] [CrossRef]

	104. 
Nguyen, T.H.; Cho, H.H.; Poster, D.L.; Ball, W.P. Evidence for a pore- filling mechanism in the adsorption of aromatic hydrocarbons to a natural wood char. Environ. Sci. Technol. 2007, 41, 1212–1217. [Google Scholar] [CrossRef]

	105. 
Obst, M.; Grathwohl, P.; Kappler, A.; Eibl, O.; Peranio, N.; Gocht, T. Quantitative high-resolution mapping of phenanthrene sorption to black carbon particles. Environ. Sci. Technol. 2011, 45, 7314–7322. [Google Scholar] [CrossRef]

	106. 
Werner, D.; Karapanagioti, H.K. Comment on “modeling maximum adsorption capacities of soot and soot-like materials for PAHs and PCBs”. Environ. Sci. Technol. 2005, 39, 381–382. [Google Scholar] [CrossRef]

	107. 
Huang, W.; Peng, P.; Yu, Z.; Fu, J. Effects of organic matter heterogeneity on sorption and desorption of organic contaminants by soils and sediments. Appl. Geochem. 2003, 18, 955–972. [Google Scholar] [CrossRef]

	108. 
Hamer, U.; Marschner, B.; Brodowski, S.; Amelung, W. Interactive priming of black carbon and glucose mineralization. Org. Geochem. 2004, 35, 823–830. [Google Scholar] [CrossRef]

	109. 
Kuzyakov, Y.; Subbotina, I.; Chen, H.; Bogomolova, I.; Xu, X. Black carbon decomposition and incorporation into soil microbial biomass estimated by 14C labeling. Soil Biol. Biochem. 2009, 41, 210–219. [Google Scholar] [CrossRef]

	110. 
Major, J.; Lehmann, J.; Rondon, M.; Goodale, C. Fate of soil-applied black carbon: Downward migration, leaching and soil respiration. Global Change Biol. 2010, 16, 1366–1379. [Google Scholar] [CrossRef]

	111. 
Shneour, E.A. Oxidation of graphitic carbon in certain soils. Science 1966, 151, 991–992. [Google Scholar]

	112. 
Mašek, O.; Brownsort, P.; Cross, A.; Sohi, S. Influence of production conditions on the yield and environmental stability of biochar. Fuel 2013, 103, 151–155. [Google Scholar] [CrossRef]

	113. 
Spokas, K.A. Review of the stability of biochar in soils: Predictability of O:C molar ratios. Carbon Manage. 2010, 1, 289–303. [Google Scholar] [CrossRef]

	114. 
Kluser, S.; Richard, J.P.; Giuliani, G.; De Bono, A.; Peduzzi, P. Illegal Oil Discharge in European Seas; European Alert Bulletin No 7. United Nations Environmental Protection (UNEP): Geneva, Switzerland, 2006; pp. 1–4. Available online: http://www.grid.unep.ch/products/3_Reports/ew_oildischarge.en.pdf (accessed on 22 November 2009).

	115. 
Chen, B.; Zhou, D.; Zhu, L. Transitional adsorption and partition of nonpolar and polar aromatic contaminant by biochars of pine needles with different pyrolytic temperatures. Environ. Sci. Technol. 2008, 42, 5137–5143. [Google Scholar] [CrossRef]

	116. 
Chen, B.; Yuan, M. Enhanced sorption of polycyclic aromatic hydrocarbons by soil amended with biochar. J. Soils Sediments 2011, 11, 62–71. [Google Scholar] [CrossRef]

	117. 
Oleszczuk, P.; Hale, S.E.; Lehmann, J.; Cornelissen, G. Activated carbon and biochar amendments decrease pore-water concentrations of polycyclic aromatic hydrocarbons (PAHs) in sewage sludge. Bioresour. Technol. 2012, 111, 84–91. [Google Scholar] [CrossRef]

	118. 
Fytili, D.; Zabaniotou, A. Utilization of sewage sludge in EU application of old and new methods -A review. Renew. Sustain. Energy Rev. 2008, 12, 116–140. [Google Scholar] [CrossRef]

	119. 
Chai, Y.; Currie, R.J.; Davis, J.W.; Wilken, M.; Martin, G.D.; Fishman, V.N.; Ghosh, U. Effectiveness of activated carbon and biochar in reducing the availability of polychlorinated dibenzo-p-dioxins/dibenzofurans in soils. Environ. Sci. Technol. 2012, 46, 1035–1043. [Google Scholar] [CrossRef]

	120. 
Yang, H.; Sheng, K. Characterization of biochar properties affected by different pyrolysis temperatures using visible-near-infrared spectroscopy. ISRN Spectroscopy 2012, 2012, 1–7. [Google Scholar]

	121. 
Zheng, W.; Guo, M.; Chow, T.; Bennett, D.N.; Rajagopalan, N. Sorption properties of greenwaste biochar for two triazine pesticides. J. Hazard. Mater. 2010, 181, 121–126. [Google Scholar] [CrossRef]

	122. 
Song, J.; Peng, P. Characterisation of black carbon materials by pyrolysis-gas chromatography-mass spectrometry. J. Anal. Appl. Pyrolysis 2010, 87, 129–137. [Google Scholar] [CrossRef]

	123. 
Spokas, K.A.; Novak, J.M.; Stewart, C.E.; Cantrell, K.B.; Uchimiya, M.; DuSaire, M.G.; Ro, K.S. Qualitative analysis of volatile organic compounds on biochar. Chemosphere 2011, 85, 869–882. [Google Scholar] [CrossRef]

	124. 
Hale, S.E.; Hanley, K.; Lehmann, J.; Zimmerman, A.R.; Cornelissen, G. Effects of chemical, biological, and physical aging as well as soil addition on the sorption of pyrene to activated carbon and biochar. Environ. Sci. Technol. 2011, 45, 10445–10453. [Google Scholar] [CrossRef]

	125. 
Semer, R.; Reddy, K.R. Evaluation of soil washing process to remove mixed contaminants from a sandy loam. J. Hazard. Mater. 1996, 45, 45–57. [Google Scholar] [CrossRef]

	126. 
Beesley, L.; Moreno-Jiménez, E.; Gomez-Eyles, J. Effects of biochar and greenwaste compost amendments on mobility, bioavailability and toxicity of inorganic and organic contaminants in a multi-element polluted soil. Environ. Pollut. 2010, 158, 2282–2287. [Google Scholar] [CrossRef]

	127. 
Wang, X.; Sato, T.; Xing, B. Competitive sorption of pyrene on wood chars. Environ. Sci. Technol. 2006, 40, 3267–3272. [Google Scholar] [CrossRef]

	128. 
Zhou, Z.; Sun, H.; Zhang, W. Desorption of polycyclic aromatic hydrocarbons from aged and unaged charcoals with and without modification of humic acids. Environ. Pollut. 2010, 158, 1916–1921. [Google Scholar] [CrossRef]

	129. 
Jonker, M.T.O.; Koelmans, A.A. Extraction of polycyclic aromatic hydrocarbons from soot and sediment: Solvent evaluation and implication for sorption mechanism. Environ. Sci. Technol. 2002, 36, 4107–4113. [Google Scholar] [CrossRef]

	130. 
Marchal, G.; Smith, K.E.C.; Rein, A.; Winding, A.; Trapp, S.; Karlson, U.G. Comparing the desorption and biodegradation of low concentrations of phenanthrene sorbed to activated carbon, biochar and compost. Chemosphere 2013, 90, 1767–1778. [Google Scholar] [CrossRef]

	131. 
Yu, X.; Pan, L.; Ying, G.; Kookana, R.S. Enhanced and irreversible sorption of pesticide pyrimethanil by soil amended with biochars. J. Environ. Sci. 2010, 22, 615–620. [Google Scholar] [CrossRef]

	132. 
Yang, X.B.; Ying, G.G.; Peng, P.A.; Wang, L.; Zhao, J.L.; Zhang, L.J.; Yuan, P.; He, H.P. Influence of biochars on plant uptake and dissipation of two pesticides in an agricultural soil. J. Agric. Food Chem. 2010, 58, 7915–7921. [Google Scholar]

	133. 
Reid, B.J.; Stokes, J.D.; Jones, K.C.; Semple, K.T. Nonexhaustive cyclodextrin-based extraction technique for the evaluation of PAH bioavailability. Environ. Sci. Technol. 2000, 34, 3174–3179. [Google Scholar] [CrossRef]

	134. 
Doick, K.J.; Dew, N.M.; Semple, K.T. Linking catabolism to cyclodextrin extractability: Determination of the microbial availability of PAHs in soil. Environ. Sci. Technol. 2005, 39, 8858–8864. [Google Scholar] [CrossRef]

	135. 
Semple, K.T.; Dew, N.M.; Doick, K.J.; Rhodes, A.H. Can microbial mineralization be used to estimate microbial availability of organic contaminants in soil? Environ. Pollut. 2006, 140, 164–172. [Google Scholar]

	136. 
Bending, G.D.; Lincoln, S.D.; Edmondson, R.N. Spatial variation in the degradation rate of the pesticides isoproturon, azoxystrobin and diflufenican in soil and its relationship with chemical and microbial properties. Environ. Pollut. 2006, 139, 279–287. [Google Scholar] [CrossRef]

	137. 
Anderson, D.R.; Fisher, R. Sources of dioxin in the United Kingdom: the steel industry and other source. Chemosphere 2002, 46, 371–381. [Google Scholar] [CrossRef]

	138. 
Long, M.; Bonefeld-Jørgensen, S.C. Dioxin-like activity in environmental and human samples from Greenland and Denmark. Chemosphere 2012, 89, 919–928. [Google Scholar]

	139. 
Sun, K.; Gao, B.; Zhang, Z.; Zhang, G.; Zhao, Y.; Xing, B. Sorption of atrazine and phenanthrene by organic matter fraction in soil and sediment. Environ. Pollut. 2010, 158, 3520–3526. [Google Scholar] [CrossRef]

	140. 
Hale, S.E.; Lehmann, J.; Rutherford, D.; Zimmerman, A.R.; Bachmann, R.T.; Shitumbanuma, V.; O’Toole, A.; Sundqvist, K.L.; Arp, H.P.H.; Cornelissen, G. Quantifying the total and bioavailable polycyclic aromatic hydrocarbons and dioxins in biochars. Environ. Sci. Technol. 2012, 46, 2830–2838. [Google Scholar] [CrossRef]

	141. 
Spokas, K.A.; Koskinen, W.C.; Baker, J.M.; Reicosky, D.C. Impacts of woodchip biochar additions on greenhouse gas production and sorption/degradation of two herbicides in a Minnesota soil. Chemosphere 2009, 77, 574–581. [Google Scholar] [CrossRef]

	142. 
Kan, A.T.; Fu, G.; Hunter, M.; Chen, W.; Ward, C.H.; Tomson, M.B. Irreversible sorption of neutral hydrocarbons to sediments: Experimental observations and model predictions. Environ. Sci. Technol. 1998, 32, 892–902. [Google Scholar] [CrossRef]

	143. 
Fernandes, M.B.; Brooks, P. Characterization of carbonaceous combustion residues: II. Nonpolar organic compounds. Chemosphere 2003, 53, 447–458. [Google Scholar] [CrossRef]

	144. 
Fabbri, D.; Rombolà, A.G.; Torri, C.; Spokas, K.A. Determination of polycyclic aromatic hydrocarbons in biochar and biochar amended soil. J. Anal. Appl. Pyrolysis 2012. in press. [Google Scholar]

	145. 
Freddo, A.; Cai, C.; Reid, B.J. Environmental contextualisation of potential toxic elements and polycyclic aromatic hydrocarbons in biochar. Environ. Pollut. 2012, 171, 18–24. [Google Scholar] [CrossRef]

	146. 
Hilber, I.; Blum, F.; Leifeld, J.; Schmidt, H.P.; Bucheli, T.D. Quantitative determination of PAHs in biochar: A prerequisite to ensure its quality and safe application. J. Agric. Food Chem. 2012, 60, 3042–3050. [Google Scholar]

	147. 
Keiluweit, M.; Kleber, M.; Sparrow, M.A.; Simoneit, B.R.T.; Prahl, F.G. Solvent-extractable polycyclic aromatic hydrocarbons in biochar: influence of pyrolysis temperature and feedstock. Environ. Sci. Technol. 2012, 46, 9333–9341. [Google Scholar]

	148. 
Kolb, S.E.; Fermanich, K.J.; Dornbush, M.E. Effect of charcoal quantity on microbial biomass and activity in temperate soils. Soil Sci. Soc. Am. J. 2009, 73, 1173–1181. [Google Scholar] [CrossRef]

	149. 
Asai, H.; Samson, B.K.; Stephan, H.M.; Songyikhangsuthor, K.; Homma, K.; Kiyono, Y.; Inoue, Y.; Shiraiwa, T.; Horie, T. Biochar amendment techniques for upland rice production in Northern Laos 1. Soil physical properties, leaf SPAD and grain yield. Field Crops Res. 2009, 111, 81–84. [Google Scholar] [CrossRef]

	150. 
Pietikäinen, J.; Kiikkilä, O.; Fritze, H. Charcoal as a habitat for microbes and its effect on microbial community of the underlying humus. Oikos 2000, 89, 231–242. [Google Scholar]

	151. 
Yu, X.Y.; Ying, G.G.; Kookana, R.S. Reduced plant uptake of pesticides with biochar additions to soil. Chemosphere 2009, 76, 665–671. [Google Scholar] [CrossRef]





© 2013 by the authors; licensee MDPI, Basel, Switzerland. This article is an open access article distributed under the terms and conditions of the Creative Commons Attribution license (http://creativecommons.org/licenses/by/3.0/).







media/file4.png
Biodegradation

Increasing black carbon concentration

—






nav.xhtml


  agronomy-03-00349


  
    		
      agronomy-03-00349
    


  




  





media/file3.png
Contaminant concentration

Soil + Biochar

Desorbable fraction

Non-extractable fraction

Degradable fraction

Time





media/file0.png
Contaminant concentration

Soil

Degradable fraction

Desorbable fraction

Non-extractable fraction

Time





media/file1.png





media/file2.png





